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1.0 THE SCIENCE ASSESSMENT
The Canadian Mercury Science Assessment is the  
first comprehensive scientific evaluation and synthesis 
of mercury (Hg) in the Canadian environment. The 
assessment is the outcome of a partnership between 
the Clean Air Regulatory Agenda (CARA) Mercury 
Science Program, led by Environment Canada, 
and the Canadian Arctic Northern Contaminants 
Program (NCP), led by Aboriginal Affairs and Northern 
Development Canada. The CARA Mercury Science 
Program was developed in 2007 to establish the 
scientific knowledge base to support regulatory 
decision-making for Hg. The intention of the program 
was to (1) determine key indicators of the effects 
of atmospheric emissions of Hg on environmental 
quality and human health; (2) measure current and 
past levels of these indicators; and (3) develop the 
capacity to predict changes in these indicators 
associated with changes in levels of atmospheric 
emissions of Hg or in the receiving environment 

(Morrison, 2011). The geographic focus of the CARA 
Mercury Science Program was south of the Arctic 
Circle. The NCP was established in 1991 in response 
to concerns about human exposure to elevated levels 
of contaminants, such as Hg, in fish and wildlife 
species that are important to the traditional diets of 
northern aboriginal people. Since its beginning, this 
program has supported significant research on the 
transport, transformation, and fate of Hg in Canadian 
Arctic ecosystems (NCP, 2012). The geographic focus 
of the NCP program is north of the Arctic Circle, and 
the program is complementary to the CARA Mercury 
Science Program. Monitoring and research in support 
of these 2 programs provide the foundation of this 
assessment, a foundation augmented by science 
supported by other Environment Canada programs, 
Health Canada, Natural Resources Canada, Fisheries 
and Oceans Canada, provincial and territorial 
governments, the Natural Sciences and Engineering 
Research Council, International Polar Year,  
and industry.
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The predominant form of mercury released into 
the environment from human activities is gaseous 
elemental Hg (GEM or Hg0) (see Nomenclature used in 
this assessment, and What are the forms of mercury 
(Hg)? for a description of the types of Hg). Gaseous 
elemental Hg is relatively stable in the Earth’s 
atmosphere and, as a result, is easily transported 
long distances on wind currents before it reacts with 
particles in the air or materials on the Earth’s surface 
and is deposited on the landscape (Schroeder and 
Munthe, 1998). In the air and on the landscape,  
Hg can be converted into other chemical forms 
through various chemical and biological processes. 
Divalent Hg (Hg2+) forms compounds that are 
more soluble in water or reactive in the air, and 
methylmercury (MeHg), the most toxic form of Hg,  
is the predominant form in fish, wildlife, and  
humans. It can accumulate in biota and biomagnify 
(i.e., increase in concentration) as it travels from 
prey to predator along the food chain. Production 
of MeHg occurs primarily in aquatic environments. 
Consequently, aquatic food chains are particularly 
susceptible to exposure to, and biomagnification  
of, MeHg.

1.1 WHAT IS MERCURY?
Mercury, a heavy metal also known as quicksilver, 
has been identified as a toxic substance under the 
Canadian Environmental Protection Act, 1999. This 
metal occurs naturally in the Earth’s crust and is 
predominantly found in the form of cinnabar (mercuric 
sulphide). Mercury is the only metal in liquid form at 
room temperature and possesses other interesting 
properties. Mercury has 13.6 times the mass of 
an equal volume of water; steel can float on Hg. 
Mercury can enter the biosphere through natural, 
anthropogenic (human activity-induced), and  
re-emitted sources (UNEP and AMAP, 2013). Natural 
sources of Hg include forest fires, volcanoes, ocean/
aquatic emissions, and weathering of the Earth’s 
surfaces. Mercury is released anthropogenically to  

the environment through processes such as coal 
burning, metals smelting, and gold/silver (and 
artisanal) mining, as well as from chlor-alkali 
production using Hg or Hg compounds. It is also 
emitted from incinerators and areas flooded by dams, 
and through the production, breakage, and disposal of 
Hg-containing products. Re-emission of Hg includes 
the re-release of both natural and anthropogenic 
Hg that was previously deposited. Anthropogenic 
emission and re-emission rival or surpass the scale  
of natural Hg releases.

NOMENCLATURE USED IN THIS ASSESSMENT

Hg:  the chemical symbol of mercury is used to 
refer to mercury in general

Hg0:  Hg in its elemental form (Hg with a redox 
state of zero)

Hg2+:  divalent Hg (including HgII)

MeHg:  all forms of (mono-) methylmercury (sum 
of CH3Hg)

DMHg:  forms of (di-) methylmercury (sum of 
(CH3)2Hg)

THg:  the total concentration of all forms of Hg

GEM:  gaseous elemental Hg (Hg0 in a gaseous 
state)

RGM:  reactive gaseous Hg (inorganic gaseous 
forms of H2+)

TPM:  total particulate Hg (Hg2+ bound to 
particles)
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1.2 MERCURY PROCESSES IN 
THE ENVIRONMENT
There are 2 primary processes responsible for the 
biogeochemical transformations of Hg: oxidation/
reduction processes (i.e., Hg0 D Hg2+) and 
methylation/ demethylation processes  
(i.e., Hg2+ D MeHg).

FIGURE 1.1  Schematic diagram of atmospheric mercury processes.

In oxidation Hg0 is transformed to Hg2+ through abiotic 
processes in various media, and in reduction Hg2+ 
is transformed to Hg0 through mainly abiotic (and 
some biotic) processes in various media. Methylation 
is the transformation of Hg2+ into the toxic form of 
MeHg under anaerobic conditions in sediments and 
water, whereas demethylation is the degradation of 
MeHg to inorganic Hg and is driven by photochemical 
or microbial processes. Figure 1.1 shows the main 
atmospheric processes and Figure 1.2 the main 
aquatic processes for Hg.

FIGURE 1.2  Schematic diagram of major transformations and pathways in the mercury cycle for Canadian 
freshwater ecosystems.
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WHAT ARE THE FORMS OF MERCURY (HG)? 

Mercury is a reactive metal that can change chemical forms under different conditions experienced in 
the environment. Each form of Hg has different chemical properties that govern its solubility, reactivity, 
and toxicity. The most important forms of Hg with respect to environmental transport, fate, and effects are 
elemental (Hg0), divalent (Hg2+), particulate, total, and methyl Hg. 

Air

Elemental mercury (Hg0) is volatile and readily partitions between liquid and gas phases. In the air, Hg0 is referred to 
as gaseous elemental mercury (GEM). GEM comprises between 90 and 99% of all Hg in the atmosphere. It can remain 
in the atmosphere for long periods of time (approximately 0.5–2 yr), where it can be transported long distances in air 
currents before it is transformed and deposited on the landscape, thus making it a global pollutant (Schroeder and 
Munthe, 1998).

Reactive gaseous mercury (RGM; divalent Hg2+) is the second most common form of Hg in the air, yet constitutes 
less than 5% of total Hg. It is comprised of inorganic gaseous forms of Hg2+ (e.g., HgO, HgCl2) (Soerensen et al., 2010). 
Currently, RGM is an operationally defined category of Hg because techniques for measuring Hg cannot detect the 
composition of the Hg2+ compounds (Landis et al., 2002). RGM is very reactive and readily dissolves in water, adsorbs 
onto particles, and reacts with other chemicals in the atmosphere or on the surface (Lindberg and Stratton, 1998). 
As a result, it tends to be deposited on the landscape close to the source of emissions. Thus, it has a much shorter 
atmospheric lifetime than GEM (Schroeder and Munthe, 1998). RGM is the form of Hg that dominates fluxes  
(i.e., transfers) of Hg from the atmosphere to aquatic and terrestrial environments (Lindberg and Stratton, 1998).

Total particulate mercury (TPM; divalent Hg2+) is comprised of Hg2+ compounds bound to particles. Divalent Hg is 
the most common form of Hg in terrestrial and aquatic environments (Vost et al., 2012). Like RGM, this category of Hg 
is operationally defined because current measurement techniques cannot distinguish between the different chemical 
compositions of the Hg-particulate complex and is thus reported as TPM. Depending on the chemical form of TPM, it is 
readily deposited from the atmosphere onto the landscape. 

Water, sediments, and soil

Mercury is found mainly in its divalent form (Hg2+), either inorganic or organic, in the dissolved form or bound 
to particles (with some Hg0) (Liu et al., 2012). Elemental Hg, inorganic Hg2+, and MeHg can all enter lakes via the 
atmosphere and in runoff from the surrounding catchment (uplands, wetlands, and upstream lakes). Processes within 
aquatic systems can convert these inorganic forms of Hg to the more toxic form (MeHg). Dissolved gaseous Hg (DGM 
or Hg0) is also a portion of the total Hg pool in aquatic systems.

Methylmercury  
Methyl Hg (MeHg) and dimethyl Hg (DMHg) are important components of total Hg in aquatic systems and sediments 
and are the most toxic and bioaccumulative of the various Hg forms. MeHg is produced primarily in anaerobic 
conditions when divalent inorganic Hg2+ is methylated — transformed through the addition of a methyl group by 
certain microorganisms (mostly bacteria and archaea) capable of methylating Hg2+ (Fitzgerald and Lamborg, 2007; 
Sunderland et al., 2009; Lehnherr et al., 2011; Mason et al., 2012).
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the consumption of large predatory fish and traditional 
wild food sources (“country food”), as well as for 
potentially susceptible groups including developing 
fetuses, infants, and children.

1.4 WHAT HAS CANADA DONE 
ABOUT MERCURY?
In recognition of the potential for anthropogenic 
releases of Hg to harm humans and the environment, 
the federal government has implemented a wide 
range of regulatory and non-regulatory initiatives 
in collaboration with provincial and territorial 
governments, industry, and other stakeholders.  
These actions began in the 1970s and included  
the closure of Hg cell chlor-alkali facilities between 
1970 and 2008; creation of emissions standards 
(Canada-wide standards) for cement kilns, 
incineration, base metal smelting, and coal-fired 
power plants between 1998 and 2006; as well as 
a number of other regulatory and non-regulatory 
restrictions on Hg use and releases (Canada, 2010). 
These actions have resulted in a reduction in domestic 
Hg emissions of approximately 90% since the 1970s 
(Canada, 2010).1 In regions of Canada that were highly 
impacted by domestic emission sources, reductions 
in domestic emissions have resulted in measurable 
decreases in environmental Hg levels (Sunderland  
et al., 2008; Temme et al., 2007).

However, Canada is just one of many contributors 
to the anthropogenic Hg burden deposited on the 
Canadian landscape. Mercury can be transported 
long distances; as mentioned previously, it has been 
estimated that foreign anthropogenic emissions 
contribute 95% of the anthropogenic Hg deposited  
on Canada (Canada, 2010). Hence, global action is 
also needed to address Hg pollution issues in Canada.

In 2010, Environment Canada developed a Risk 
Management Strategy for Mercury that recommended 
undertaking science in support of policy initiatives 
on Hg (Canada, 2010). This strategy recommended 

1   More recent calculations from this assessment show that 
domestic emissions have been reduced 85% from 1990 
to 2010.

1.3 WHY IS MERCURY  
A CONCERN?
Although Hg occurs naturally the environment, human 
activities have released Hg that would not otherwise 
be available to many ecosystems. Further, other 
anthropogenic activities (e.g., reservoir impoundment 
and acid deposition) enhance the methylation of 
Hg. Globally, Hg emissions have increased since the 
industrial revolution and continue to increase (UNEP 
and AMAP, 2013). In North America and Europe, 
emissions of Hg have decreased since the 1970s, 
but those from Asia are still on the rise. Canada is 
susceptible to long-range transport and subsequent 
deposition of Hg from these external sources. 
Currently, anthropogenic emissions contribute to 
40% of the total deposition in Canada, and foreign 
sources account for over 95% of this anthropogenic 
deposition. Canadian emissions contribute to over 
30% of anthropogenic Hg deposition locally  
(see Chapter 4).

Inorganic Hg is transported and deposited into the 
Canadian biosphere, where it may be converted 
to MeHg. In aquatic ecosystems, inorganic Hg that 
is flushed into or deposited into the lakes can be 
transformed to MeHg by bacteria in the sediments 
or surrounding wetlands. As mentioned earlier, in its 
methylated form, Hg can accumulate in biota and 
biomagnify as it travels from prey to predator along 
the food chain. Because the production of MeHg 
occurs primarily in aquatic environments, aquatic food 
chains are particularly susceptible to exposure to, and 
biomagnification of, MeHg. Fish-eating (piscivorous) 
wildlife and humans are exposed the most to Hg 
through consumption. Piscivorous fish represent the 
top of most aquatic food chains and are an excellent 
indicator of MeHg in the environment; they are 
therefore suitable targets for biomonitoring efforts. In 
the last several decades, it has become apparent that 
many lakes across Canada contain fish with levels of 
MeHg sufficiently high to pose a risk to wildlife and 
humans that consume them (Evers et al., 2011; NCP, 
2012). Approximately 90% of annual fish consumption 
advisories posted by provinces/territories are a result 
of high Hg levels. In humans, the average exposure of 
Canadians is low; however, MeHg remains a potential 
public health issue for populations who rely heavily on 
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scientists on the state of Hg research in Canada; and 
identifying priorities for future science. In addition 
to supporting Canada’s domestic policy and science 
priorities, the assessment will provide a scientific 
foundation on which to assess the effectiveness 
of global Hg emission reduction resulting from 
ratification of the Minimata Convention on Mercury.

This assessment builds on several recently published 
regional environmental assessments of Hg, including 
the Canadian Arctic Contaminants Assessment III, 
Mercury in Canada’s North (NCP, 2012), the Great 
Lakes Mercury Synthesis Project (Evers et al., 2011), 
2011), and a Synthesis of Existing Databases for 
Mercury in Northeastern North America (Evers, 2005). 
Preparation of this assessment began in 2008 with a 
series of workshops involving scientists and policy-
makers from the federal, provincial, and territorial 
governments and from universities. These workshops 
led to the development of a table of contents for  
the assessment.

The science assessment is structured to follow Hg 
through the ecosystem from source to sink. It begins 
with anthropogenic emissions of Hg, followed by a 
discussion of the many processes that Hg undergoes, 
including surface exchange, atmospheric, aquatic, 
terrestrial, and marine processes. A discussion of how 
human activities impact Hg dynamics is followed by 
a description of modelling of the ecosystem response 
to Hg inputs. Spatial and temporal trends of Hg levels 
in biota are presented and are followed by an analysis 
of the biological effects of Hg and the ecological risk 
of Hg to selected species. The assessment concludes 
with a full analysis of the human exposure to Hg, and 
of health effects and risk management measures  
in Canada.

In addition, at the initial assessment planning 
meetings, a series of 7 science questions and sub-
questions that articulate the information needs of 
the science and policy communities in Canada were 
developed (see Science questions intended to provide 
information to the science and policy communities 
in Canada). These questions are geared to provide 
a national context for regional environmental Hg 
information. The responses to these questions 
were formulated from the key scientific knowledge 
described in the assessment and are presented in  
the Summary of Key Results.

the following actions: (1) monitor Hg levels in the 
environment; (2) improve our understanding of 
processes that govern Hg transformation; (3) increase 
our ability to predict the fate and transport of Hg; 
and (4) assess and communicate the accumulated 
scientific knowledge in Canada to inform domestic 
and global policy initiatives on the reduction of  
Hg emissions.

Canada is also actively engaged in a number of 
regional and international efforts to address Hg 
pollution. These efforts include participation in the 
Basel Convention on the Control of Transboundary 
Movements of Hazardous Wastes and their Disposal 
and the Protocol on Heavy Metals under the United 
Nations Economic Commission for Europe’s 1979 
Geneva Convention on Long-range Transboundary Air 
Pollution. Canada is a member of the Global Mercury 
Partnership under the United Nations Environment 
Programme and of the Arctic Council, a high-level 
intergovernmental forum among Arctic States and 
communities that addresses issues affecting the 
Arctic, including sustainable development and 
environmental protection. Furthermore, Canada is 
one of 128 countries to date to sign the the Minimata 
Convention on Mercury in October 2013. The 
convention’s primary goal is to protect the human 
health and the environment from anthropogenic 
emissions and releases of Hg and Hg compounds. 
The convention provides for control measures and 
reductions of emissions from products, processes,  
and industries using or releasing Hg.

1.5 WHAT ARE THE GOAL AND 
THE STRUCTURE OF THIS 
ASSESSMENT?
The goal of the Canadian Mercury Science 
Assessment is to synthesize the current state of 
knowledge on environmental Hg pollution in Canada. 
Its purpose is to inform decision-making by policy-
makers and research managers through presenting 
science-based information in the context of the policy-
related questions; establishing a baseline against 
which to measure future changes in Hg levels in the 
environment; informing national and international 
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from the Office of the Executive Director, Air Quality 
Research Division, Science and Technology Branch, 
Environment Canada, Toronto, Ontario.

The full Canadian Mercury Science Assessment, 
The Executive Summary and the Canadian Mercury 
Science Assessment: Summary of Key Results are 
available on the Environment Canada website and 

SCIENCE QUESTIONS INTENDED TO PROVIDE INFORMATION TO THE SCIENCE AND POLICY 
COMMUNITIES IN CANADA

1. Is mercury a risk to ecosystem and human health in Canada?

a. If so, where, how, and to what extent is mercury a risk to these assessment end points?

2.  Are human activities contributing to observed mercury levels, and thus risk, in the Canadian 
environment?

a. If so, what are these activities?

b. Which activities are having the most significant impact on mercury levels in fish in Canada?

c. What are the current and forecasted trends in mercury emissions/releases from these activities?

d.  From a long-range transport perspective, what are the major emission source regions contributing 
to Canada’s mercury burden?

3.  How are atmospheric emissions of mercury linked to methylmercury exposure and accumulation in 
terrestrial and aquatic biota and in humans?

a.  Are Canadian ecosystems responding to recent reductions in domestic atmospheric emissions of 
mercury?

b.  If so, what are the indicators of recovery, where is it occurring and how quickly are ecosystems 
responding?

c. If not, what factors are confounding/masking the expectation of recovery?

d.  Can predictions be made regarding the impact of future changes in atmospheric emissions on 
mercury levels in deposition and methylmercury levels in biota?

4.  What are the linkages between other air pollutant emissions (e.g., acidifying emissions, greenhouse 
gases, etc.) and mercury accumulation in biota?

5.  How might changes in other human activities (e.g., land-use practices) affect the distribution of mercury 
between environmental compartments, methylmercury formation, and the accumulation in biota?

6.  In light of our current understanding of mercury in the Canadian environment, where, and to what 
extent, do we need to continue atmospheric and effects monitoring?

a.  What are the most promising environmental indicators of reductions in anthropogenic emissions of 
mercury?

b. What are the most promising indicators of ecosystem recovery?

7. Where, and on what, should we focus future research efforts for mercury?
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2.1 INTRODUCTION
Mercury (Hg) is a naturally occurring, but toxic, 
element. Even though it is relatively rare, with a 
concentration of about 0.08 mg kg-1 in the Earth’s 
crust (Ehrlich and Newman, 2008), Hg is present  
in trace quantities in most natural resources.  
Apart from natural emissions, anthropogenic activity 
(e.g., electricity generation, smelting, and cement 
production and processing) releases significant 
quantities of Hg into the environment (Pacyna et al., 
2010). Quantifying sources and magnitudes of Hg 
releases and its transport, along atmospheric and 
aquatic pathways, is fundamental to understanding 
the global fluxes of Hg and contamination of 
ecosystems by this metal. Due to the relatively long 
atmospheric lifetime of gaseous elemental mercury 
(GEM), Hg is transported over large distances by 
the atmosphere from sources around the globe 
(Schroeder and Munthe, 1998). Transport on regional 
and continental scales can be facilitated by the 
atmospheric and aquatic environments. Figure 2.1 
provides a summary schematic of the biogeochemical 
cycling of Hg. Consequently, a Canadian assessment, 

including the ecologically sensitive Arctic environment, 
needs to consider both global and local emissions  
of Hg. Among global sources, emissions from Siberia, 
China (by trans-Pacific transport), and the United 
States are of special interest because these are 
the major global source regions affecting Canada. 
Understanding global Hg emissions and their spatial 
distribution is critical to the development of relevant 
and cost-efficient strategies aimed at reducing  
the negative impact of this global pollutant on a 
national level.

Figure 2.2 shows the location of emitters from the  
4 most important industrial sectors, which contribute 
more than half of Canada’s Hg emissions. These 
sectors are iron and steel production, coal-fired 
power plants, non-ferrous metals processing, and 
cement production and processing (see Section 2.3.4 
for details on emissions to air and Section 2.3.5 for 
emissions to water). A subset of the complete list 
of Canadian sectors monitored for Hg emissions 
is available from the National Pollutant Release 
Inventory (NPRI) (Environment Canada, 2013a).

FIGURE 2.1  Mercury cycling in the environment.
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of uncertainties). Mercury emissions inventories 
provide quantitative estimates of Hg released from 
different sources on both local and global scales. 
Data are acquired by monitoring Hg concentrations 
at facilities and calculating estimates from short-
term experiments. Results are also applied to similar 
inventory categories for installations with unknown 
emissions due to lack of data. To obtain global 
estimates for emissions of Hg, data are collected 
and compiled from the following inventories and 
questionnaires (UNEP, 2008):

• Canada: NPRI, a comprehensive pollutant inventory 
that includes Hg;

• United States: Toxics Release Inventory (TRI) and 
National Emissions Inventory (NEI);

• Questionnaire circulated by the United Nations 
Environment Programme (UNEP) for the 2009 
Global Atmospheric Mercury Assessment report;

• UNEP Toolkit for reporting national data;

• European Monitoring and Evaluation Programme 
database on European emissions;

2.1.1 Emissions Inventories

Emissions inventories provide an accounting of 
pollutant emissions released over a given time period, 
either globally or for a given geographic or political 
area. Inventories can include point sources (e.g., 
industrial stacks), area sources (e.g., residential 
wood combustion), and mobile sources (e.g., cars, 
trucks, and rail). These inventories can include 
emissions from both anthropogenic (e.g., industrial, 
commercial, agricultural, and transportation sectors) 
and natural (e.g., forest fire, vegetation, and soil) 
sources (Department of the Environment, Alberta, 
2013). Through international collaboration, countries 
strive to provide comparable collection processes, 
estimation methodologies, definitions of appropriate 
reporting sectors, and other inventory parameters 
in order to compile a complete global inventory. 
Currently, uncertainties arise from different collection 
methodologies (e.g., for measurements and inventory 
data calculation) and from the different sectors 
reporting the data (see Section 2.3.9 for a discussion 

FIGURE 2.2  Map showing the locations of major point source emitters in Canada from iron and steel production 
(diamonds), coal-fired power plants (triangles), non-ferrous processing (circles), and cement production and 
processing (squares).
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2.1.2 Classification of Emissions

Emissions inventories are an important foundation 
for assessing the sources of emissions, supporting 
the development and implementation of reduction 
measures, and evaluating their effectiveness. 
Inventories are also fundamental for several types of 
atmospheric chemical-transport and source-receptor 
models. These models can provide information on 
Hg distribution and deposition rates at both regional 
and global levels. There are 4 major source groups 
of emissions of Hg to the atmosphere: natural, 
anthropogenic, re-emitted Hg, and legacy. It must 
be noted that contributions from the various sources 
cannot be added to find the total quantity of Hg 
emissions because there is overlap.

2.1.2.1 Natural Emissions

Natural emissions of Hg result from its presence in 
the Earth’s crust and are produced by volcanic and 
geothermal activity, soils enriched with Hg-containing 
minerals, forest fires, and erosion of mineral deposits. 
Estimated quantities of natural emissions account 
for between 30 and 50% of total Hg emissions to the 
atmosphere from all sources (UNEP, 2008). A more 
in-depth discussion of natural emissions of Hg can be 
found in Chapter 3a.

2.1.2.2 Anthropogenic Emissions

Globally, stationary combustion is the largest single 
source of Hg emissions, originating mainly from the 
use of coal for energy production. It is also the largest 
source of Hg emissions in Canada, contributing 
about 30% of the total Hg emissions. Together with 
non-ferrous metal mining and cement production 
and processing, it accounts for more than half the 
anthropogenic emissions of Hg in Canada. Figure 
2.2 shows the locations of the major emitters in 
Canada from these sectors. Mercury is released 
as an undesired contaminant during the above 
processes; thus, these sources are also classified as 
unintentional or as primary anthropogenic emissions 
(e.g., UNEP, 2008). Artisanal and small-scale gold 
mining (ASGM) (i.e., small-scale mining by individuals) 
is the second largest global source of Hg and the 
largest intentional source of Hg. In ASGM, elemental 

• European Pollutant Emission Register and 
European Pollutant Emissions and Transfer 
Register for point sources with emissions  
> 10 kg yr-1; and

• reporting through the Arctic Council Action 
Programme.

Regional and global emissions inventories are 
compiled by members of the Hg research community 
using data from the sources listed above as well as 
other data; examples are provided in Section 2.2.

This chapter focuses on anthropogenic emissions 
of Hg to both air and water in Canada. The majority 
of Canadian information comes from emissions to 
air, whereas data on the release of Hg to water are 
scarce. Section 2.2 presents background information 
and a summary of data from emissions inventories on 
both continental and global scales with subsections 
on emissions in the United States, Siberia, and China. 
A description of Canadian emissions, including 
recently acquired data, is available in Section 2.3. 
Trends, projections, and uncertainties that have been 
identified are presented in Sections 2.3.7 to 2.3.9, 
followed by a list of identified knowledge gaps and 
conclusions in Sections 2.4 and 2.5, respectively.
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2.1.2.4 Legacy Emissions

The anthropogenic portion of re-emitted Hg is referred 
to as legacy emissions. Historical emissions, with an 
estimated emission maximum of 2.5 Gg yr-1 in the 
late 19th century, represent a significant amount of 
the Hg that is subject to re-emission. Initial sources 
were the extraction of Hg-contaminated metals such 
as gold and silver and the mining of coal for use in 
combustion. Mining for other metals and large-scale 
manufacturing of steel, cement, and caustic soda also 
represent important sources during this time period. 
The amounts emitted from these sources are relevant 
to current re-emission calculations, as it has been 
shown that emitted Hg can be buried in sediments for 
approximately 2 000 years (Streets et al., 2011).

Figure 2.3 shows the amount and percentage of 
global Hg emissions from natural, anthropogenic, 
and re-emission sources (global legacy emissions 
are listed as part of re-emission sources because 
they are difficult to estimate). Once released to the 
environment, these groups of Hg emissions are 
indistinguishable from each other and all follow 
the same pathways of atmospheric transport, 
transformation, deposition, and re-emission (Friedli et 
al., 2009; Mason and Sheu, 2002; Selin et al., 2007). 
For the remainder of this report, only anthropogenic 
emissions will be discussed. The case study Historical 
Trends of Mercury Pollution from Ice-Core Records 
deals with estimates for legacy emissions in Canada. 
Data for other categories are highly uncertain and 
difficult to estimate and, therefore, a subject of 
ongoing research.

FIGURE 2.3 Global mercury emissions to air from 
anthropogenic, natural, and re-emission sources.

Hg is added to gold that contains silt to produce a 
gold amalgam for separation. To retrieve the gold, the 
amalgam is heated, which causes the evaporation 
of Hg, and releases considerable amounts of Hg into 
the atmosphere and the surrounding environment. 
Recently, the UNEP 2013 Hg assessment estimated 
that 727 t of Hg emissions were produced by ASGM, 
making this category the largest single source of 
Hg emissions from anthropogenic sources on a 
global scale (UNEP, 2013). However, this number is 
still uncertain and controversial and has not been 
reviewed in the scientific literature. Therefore, 
information from peer-reviewed scientific literature 
indicating that the largest source of Hg emissions is 
coal combustion for energy production at stationary 
sources will be considered in this chapter.

Several Hg-containing products (thermometers, 
energy-saving lamps, and dental amalgams) are 
also categorized as intentional and contain varying 
amounts of Hg. These intentional sources are 
sometimes classified as secondary anthropogenic 
emissions (e.g., UNEP, 2008). For the purposes of this 
report, no difference will be made between primary 
and secondary anthropogenic emissions. This is in 
keeping with data sources, such as the NPRI, that do 
not allow for such classifications.

2.1.2.3 Re-emission of Mercury

The concentration of Hg in the atmosphere is 
determined not only by natural and anthropogenic 
sources but also by re-emission from environmental 
reservoirs of previously deposited natural and 
anthropogenic emissions. Re-emission of Hg to air 
occurs via evasion from natural surfaces such as soil, 
vegetation, and water and is considered significant 
compared with primary anthropogenic emissions 
(Corbitt et al., 2011). Re-emission of Hg constitutes 
almost 60% of the total annual Hg emissions and 
represents the single largest uncertainty factor in 
the current knowledge base of emissions because 
it is challenging, if not impossible, to differentiate 
re-emission sources from other sources. Additional 
research is required to prove that re-emission sources 
are, in fact, as high as suggested. So far, this remains 
a controversial issue because no major review is 
currently available in the scientific literature.



20

Canadian Mercury Science Assessment – Chapter 2

2.2.1 Global Anthropogenic Mercury 
Emissions to Air in 2005 by Sector

Total global anthropogenic emissions of Hg to air 
in 2005 were estimated to be 1 921 t (AMAP/UNEP, 
2008). Figure 2.4 shows that the largest source 
of anthropogenic emissions of Hg to the global 
atmosphere (approximately 500 t or 25.9%) was 
the combustion of fossil fuels, mainly coal, in power 
plants and industrial boilers. Mercury emissions from 
gold production were the second largest in the world 
(430 t or 22.6%). Mercury emissions from residential 
heating were the third largest (with 382 t or 19.9%). 
Emissions of Hg from these 3 sectors accounted  
for 1 310 t or 68.4% of the total global  
anthropogenic emissions.

2.2.2 Global Spatial Distribution

The inventory of global anthropogenic atmospheric 
Hg emissions in 2005 can be specified by continent 
and is summarized in Figure 2.5. The highest 
source of anthropogenic Hg emissions was Asia at 
1 310 t or 67.8% of the total global anthropogenic 
atmospheric Hg emissions. Europe was the second 
highest source at 170 t or 9.0% of the total global 
anthropogenic atmospheric Hg emissions. North 
America was the third highest source among global 
anthropogenic atmospheric Hg emitters in 2005, with 
a total of 160 t or 8.3% of the total. Emissions from 
the United States and Canada in 2005 were 95.5 t 
and 6.7 t, respectively, according to figures from 

2.2 GLOBAL MERCURY 
EMISSIONS
Monitoring global Hg emissions and transport is of 
great importance to Canada. The long lifetime of 
GEM, from weeks in the boundary layer and up to 
1.5 years in the troposphere (Soerensen et al., 2010), 
allows Hg to be easily transported from its sources 
around the globe, which typically takes several 
weeks (Jacob, 1999). However, emission quantities 
remain poorly understood because there is a lack 
of national inventories, and estimates have a high 
degree of uncertainty (UNEP, 2008). As a consequence, 
the development of global inventories is required to 
better understand Hg emissions and correctly model 
transport, as well as to understand reactions, sources, 
and sinks. With relevance for Canada, the Arctic 
Monitoring and Assessment Programme (AMAP), along 
with other groups worldwide, such as the Northern 
Contaminants Program (NCP), have made great efforts 
in compiling emissions inventories for the nominal 
years 1990, 1995, and 2000 (Pacyna and Pacyna, 
2002) and 2005 (AMAP/UNEP, 2008; Pacyna et al., 
2010). Recent information on global Hg emissions 
can be found in The Global Atmospheric Mercury 
Assessment: Sources, Emissions and Transport (UNEP, 
2008, 2013) and in AMAP Assessment 2011: Mercury 
in the Arctic (AMAP, 2011).

FIGURE 2.4  Amount and proportion of global anthropogenic emissions of mercury to air in 2005 from various 
sectors (revised from AMAP/UNEP, 2008).
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may have reduced the relative contribution of Hg 
emissions from these sectors in recent years. Equally 
significant are emissions from combustion of poor-
quality coal mixed with various kinds of wastes used 
in small residential units in rural areas to produce 
heat and cook food. Emissions from China account for 
an estimated 40% of the global Hg emissions, with 
estimated anthropogenic emissions of 696 ± 307 t 
(standard deviation)  (Wu et al., 2006; Pacyna et al., 
2010).

2.2.2.2 Mercury Emissions from Siberia

Annual anthropogenic Hg emissions from Siberia are 
approximately 340 t (Vasiliev et al., 1998). Emissions 
from the industrial sector are dominant; chlorine and 
caustic soda plants, followed by gold production, 
contribute 70% and 20% to the total emissions, 
respectively. Biomass burning is also a significant 
source of Hg, estimated at 99 t annually from 1997 to 
2006 (Friedli et al., 2009).

2.2.2.3 US Mercury Emissions

Mercury emissions data from the United States are 
available from the TRI and the NEI. Earlier inventories 
of anthropogenic emissions, summarized by Pai et al. 
(2000) for 1990 in North America, primarily used US 
data from the USEPA. This inventory was later updated 
for a modelling exercise (Seigneur et al., 2001). 
Because of the close proximity of the northeastern 
United States to Canada and its extensive economic 
activity, the regional inventories for that area are of 
specific interest to Canada, and efforts were made 
to have reliable estimates of the emissions (Lee et 
al., 2001; Walcek et al., 2003; Sigler et al., 2006). 
In addition, the scientific literature provides a large 
number of estimates of Hg emissions by sector, 
location, or source, such as fires (Wiedinmyer and 
Friedli, 2007). For modelling studies, USEPA data are 
commonly used (e.g., Holloway et al. (2012) for the 
Great Lakes region and Myers et al. (2013) for the 
southwestern United States.

Mercury emissions reported from the TRI and NEI 
inventories show continual decreases, reflecting 
changes in the inventories and reporting requirements. 
In 2000, the TRI reporting requirements for Hg and 
Hg compounds changed from 11.4 t of manufactured 

the US Environmental Protection Agency (USEPA) 
and Environment Canada (USEPA, 2005) with the 
remainder attributed to Mexico (an estimated 31 t  
in 1999) and the Caribbean (Acosta-Ruiz and  
Powers, 1999).

Among the large-scale emissions coming from Asia, 
China continues to release large quantities of Hg into 
the atmosphere, mostly from the combustion of coal 
and non-ferrous metal smelting (particularly zinc (Zn) 
smelters). China was responsible for approximately 
50% of all Asian emissions; in 2005, Asia emitted 
more Hg than the rest of the world combined 
(Figure 2.5).

2.2.2.1 Mercury Emissions in China

China is estimated to be the largest single emitter of 
Hg worldwide, by a large margin; however, it should 
be noted that as of 2011 China had not developed a 
national Hg emissions inventory, so these emissions 
amounts are based solely on international estimates 
(e.g., Streets et al., 2005; Wu et al., 2006).

Among the industrial sectors in China, electricity 
production and, as a consequence, coal-fired power 
plant emissions (257 t in 2003) are important 
contributors to the total emissions of Hg, combined 
with non-ferrous metal production (321 t); these 
account for 80% of China’s Hg emissions. Both 
sectors have shown growth rates between 3 and 
6% from 1995 to 2003 (Wu et al., 2006). Ongoing 
restructuring and installation of emission control 
devices for air pollutants in the Chinese power sector 

FIGURE 2.5  Amount and proportion of global 
anthropogenic emissions of Hg to air in 2005 from 
different regions; revised from AMAP/UNEP, 2008.
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2.2.3 Global Mercury Release Trends, 
Projections, and Uncertainties

Global emission inventories were developed for the 
2008 AMAP/UNEP report. The analysis of the temporal 
trends in global anthropogenic atmospheric Hg 
emissions from 1990 to 2005 uses these inventories 
and includes a preliminary discussion of the general 
trends by comparing the data available from 1990, 
1995, 2000, and 2005. These estimates of total 
anthropogenic emissions of Hg to air are presented 
in Figure 2.7. While unintentional Hg emissions 
decreased from 1990 to 2005, emissions from 
intentional use increased from 1995 to 2005, which 
has led to a small increase in total emissions for the 
1995–2005 period.

FIGURE 2.7  Estimates of total global anthropogenic 
mercury emissions to air from intentional use and 
unintentional use (Pacyna et al., 2010).

Asia has the largest growth rate of Hg emissions; 
consequently, it contributes up to 70% of the global 
emissions, an increase of 50% from 1990, because of 
large economic growth rates resulting in high demand 
for energy (mostly based on fossil fuel combustion) 
and raw materials. Europe and North America 
show negative trends. As a consequence, global Hg 
emissions are considered stable, with negative trends 
in Europe and North America being compensated for 
by increasing emissions from Asia.

The 2005 global anthropogenic emissions inventory 
was also used as a basis for developing some first-
order scenario emissions inventories for 2020 (AMAP/

or processed Hg, or use of more than 4.5 t of Hg, to a 
requirement to report once the 4.54 kg threshold has 
been crossed. This change in reporting requirements 
led to a 5-fold increase in the reported Hg emissions 
in the United States (see Figure 2.6).

FIGURE 2.6  United States national total mercury 
emissions for 1990 to 2010 from the Toxic Release 
Inventory and National Emissions Inventory (USEPA, 
2008, 2012). One pound (lb.) equals 0.454 kg.

Comprehensive NEI Hg emission estimates are 
available for 2002, 2005, and 2008. The USEPA’s 
Hg website also lists emissions estimates for 1990, 
1996, and 1999. The documentation for the 2008 
NEI, version 2 (v2), inventory site lists a variety 
of point source contributions, of which 4 to 5 t of 
the approximately 55 t of point source emissions 
are taken directly from the TRI (USEPA, 2012). 
The comprehensive data from 2008 show that the 
inventory amount is slightly lower than the facility-
reported emissions to TRI. It is assumed that this 
discrepancy resulted from a difference between 
emission numbers for the point source contribution to 
the 2008 NEI v2 and the ongoing updates provided by 
reporting facilities to the TRI. In the NEI 2008 v2, the 
contribution from non-point sources is almost 5 t or 
9%. Overall, with the given caveats, NEI reports that 
US emissions have decreased by approximately  
72% from 91 to 23 t (200 000 to slightly more than  
50 000 lbs.) from 1990 to 2008 (see Figure 2.6).
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A substantial amount of work has been done to 
evaluate the uncertainty associated with emission 
estimates from major industrial sources, since 
individual sectors are easier to assess and compare 
(Lindberg et al., 2007; Pacyna et al., 2003; Streets 
et al., 2005; Swain et al., 2007). Although estimates 
of current anthropogenic emissions for many other 
pollutants are cited with a greater precision, an 
uncertainty of ± 30% for major industrial sources 
of Hg is widely accepted (Table 2.2; UNEP, 2013). 
Table 2.3 summarizes sector emissions, given as 
an average with the determined range based on the 
uncertainties in emissions estimates. If no range is 
given, then no data were available for the uncertainty 
estimates.

UNEP, 2008). The scenario inventories and modelling 
work based on these inventories are presented in 
Chapter 9. Emissions based on different scenarios 
are described in Table 2.1. Currently, 2 studies have 
attempted to forecast future global anthropogenic 
emissions of Hg to the atmosphere; namely, estimates 
for 2020 under 3 emissions scenarios (AMAP/UNEP, 
2008; Pacyna et al., 2010) and estimates for 2050 
under 4 Intergovernmental Panel on Climate Change 
(IPCC) Special Report on Emissions Scenarios (Streets 
et al., 2009). More such work needs to be done to 
refine our understanding of the likely pathways of 
future Hg emissions.

TABLE 2.1  Global mercury emissions in 2020 and 2050 by scenario and region (Mg yr-1)

Year Scenario
 North

America
 Central and 

South America
Africa

 Europe, Russia,
Middle East

Asia and
Oceania

World Reference

2005 — — — — — — 1439

2020 SQ 142.8 53.6 74.1 222.7 1358.6 1851.9 1

2020 EXEC 66.2 31.0 35.0 112.3 604.4 852.3 1

2020 MFTR 54.3 27.4 27.9 94.6 462.1 666.1 1

2050 A1B 225.9 473.6 509.6 676.5 2970.0 4855.6 2

2050 A2 239.1 415.6 375.5 667.3 2208.5 3905.9 2

2050 B1 121.9 340.4 357.0 358.1 1208.9 2386.2 2

2050 B2 131.3 331.2 308.1 398.0 1461.4 2629.9 2

SQ = status quo assumes that current patterns, practices, and uses that result in the emission of Hg to air will continue. 1-AMAP/UNEP, 2008;  
2- Streets et al., 2009

EXEC = Extended Emissions Control assumes economic progress at a rate dependent on the future development of industrial technologies and emissions 
control technologies.

MFTR = Maximum Feasible Technological Reduction assumes implementation of all available solutions and measures, leading to the maximum degree of 
reduction in Hg emissions and its discharges to any environment.

A1B, B1, and B2 are IPCC emission scenarios used in climate models, mostly characterized by varying degrees of rapid energy and economic growth, of 
population growth, and of introduction of new and efficient technologies.

TABLE 2.2  Uncertainty in mercury emissions estimates by source category

 Industrial source Uncertainty (± %)

 Stationary fossil fuel combustion 25

 Non-ferrous metal production 30

 Iron and steel production 30

 Cement production 30

 Waste disposal and incineration 300 (as much as 3 times)

 Mercury and gold production Unknown

Reprinted from Table 7, Pacyna et al., 2010, with permission from Elsevier.
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emissions was established (the data presented do 
not refer to a specific year). The authors state that 
a high degree of uncertainty is associated with the 
data presented (e.g., caused by the use of estimated 
emission factors from other jurisdictions, the use of 
a single value for the Hg content of coal, etc.). Total 
Hg emissions from all sources were estimated to be 
4 167 kg yr-1, with 20% stemming from fossil fuel 
combustion, 15% from landfill emissions, 11% from 
waste incineration, and 5% from industrial activity 
(Sang and Lourie, 1997). Similar studies do not exist 
for other Canadian provinces and territories. Emissions 
to surface waters were estimated at 2 500 kg yr-1 
(Sang and Lourie, 1997).

Canadian regulations limiting Hg emissions exist at 
federal, provincial, and municipal levels. Canada-wide 
standards for Hg emissions are being implemented for 
major Hg-emitting sectors (coal-fired electric power 
generation, metal smelters, waste incinerators, Hg-
containing lamps, and dental amalgams). Provincial caps 
were established at 1 130 kg yr-1 for 2010 for coal-fired 

2.3 CANADIAN MERCURY 
EMISSIONS
Several studies have provided the cornerstone 
for current estimates of Canadian Hg emissions. 
Emissions from 1990 through 2010 are a combination 
of point source emission and area source emission 
estimates to ensure complete coverage and 
quantification of anthropogenic emissions. Calculated 
emission factors for heavy metals in non-ferrous 
smelters included Hg production data for a number of 
major smelters in the early 1990s (Skeaff and Dubreuil, 
1997). The underlying basis for the calculations is the 
NPRI and the Accelerated Reduction/Elimination of 
Toxics (ARET) (see Section 2.3.1).

Regional inventories include data collected for the 
Maritime provinces (based, in part, on NPRI data) and 
an independently established emissions inventory for 
Ontario (Sang and Lourie, 1997). In the latter study, 
depending on the availability of data, emission factors 
were calculated or estimated, and a snapshot of Hg 

TABLE 2.3  Estimated global anthropogenic emissions of Hg to air in 2005 from various sectors (revised from AMAP/
UNEP, 2008)

Sector
 Emissions in t 

(uncertainty interval)a

 Contribution of total 
emissions to air, %

Coal combustion in power plants and industrial boilers 498 (339–657) 26

Residential heating and other combustion 382 (257–506) 20

Artisanal and small-scale gold production 323 17

Cement production 189 (114–263) 10

Non-ferrous metals (Cu, Zn, Pb) 132 (80–185) 7

Large-scale gold production 111 (66–156) 6

Other waste 74 4

Pig iron and steel, secondary steel 61 (35–74) 3

Waste incineration 42 2

Chlor-alkali industry 47 (29–64) 2

Dental amalgam (cremation)b 27 1

Other 26 1

Hg production 9 (5–12) 0.5

Total 1921 100
a Represents best estimates: estimate (uncertainty interval), or conservative estimate (no associated range); see AMAP/UNEP (2008) for a discussion about 
uncertainties.
b Does not include other releases from production, handling, use, and disposal of dental amalgam.

Cu = copper

Pb = lead
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Point source emissions were compiled from the ARET 
program, a voluntary release-reduction program that 
ran from 1994 to 2000, and the NPRI. This information 
is supplemented with additional data from industrial 
associations, provinces, and territories, as well as 
specific special studies. Area source emissions are 
estimated from activity level statistics and emission 
factors. Every effort has been made to eliminate 
double counting of emissions from point and  
area sources.

During the 1990s, both the ARET and NPRI programs 
captured the larger sources of Hg emissions in 
Canada. In 2000, the threshold for reporting Hg 
releases was changed from 10 t to 5 kg of Hg 
manufactured, processed, or otherwise used. As 
a result of this change, the reported totals of Hg 
released to the air effectively doubled because 
facilities with Hg emissions that had been below the 
reporting requirements began to report releases of 
Hg. Based on emissions data for 2000 onwards from 
these new reporting sources, pre-2000 emission 
estimates were scrutinized and adjusted to ensure 
appropriate accounting of all Hg emissions.

The major Canadian emissions inventories that provide 
data for policy-making were evaluated by Hagreen 
and Lourie (2004). Apart from the NPRI, results from a 
study identifying major Hg-contributing sectors (CCME, 
2000) and a report on selected Hg-containing products 
were investigated. Information on data limitations and 
emissions that remain unaccounted for are published 
(Doiron and Napier, 1998).

power plants (estimated emissions for the sector in 
2010 were 1 580 kg; see Table 2.4). At the provincial 
level, Alberta classifies Hg as a high-priority pollutant, 
especially from coal-fired power plants, with regulation 
aiming at a 50% emission reduction (Valupadas, 2009). 
The City of Toronto limits Hg discharge in Chapter § 
681-2 of the Toronto Municipal Code: Sewers (e.g., for 
sanitary and combined sewers the limit for Hg discharge 
is set at 0.01 mg L-1, and for storm sewer discharge  
the limit is 0.0004 mg L-1). The City of Montréal sets  
Hg emissions to air in Règlement 90 at a maximum  
of 3.9 µg m-3 for average hourly emissions.

2.3.1 National Pollutant Release Inventory

Canadian Hg emissions inventories have been 
available since 1970 to support domestic and 
international policy development. These inventories 
are also used to monitor the implementation and 
evaluate the effectiveness of provincial and national 
policies. Mercury data are part of the comprehensive 
air pollutant emissions inventory that was actively 
maintained from 1990 to 2010 to meet the recent 
requirements under the Canadian Council of Ministers 
of the Environment (CCME, 2006) and other provincial 
initiatives. In addition, NPRI data feed into the heavy 
metals protocol of the United Nations Economic 
Commission for Europe, which explicitly covers Hg 
emissions from anthropogenic sources (UNECE, 2013).

The inventory data presented herein are a complete 
recalculation of emissions from area sources and  
a re-evaluation of estimated facility emissions from 
1990 to 2010. Significant changes resulting from  
this recalculation are discussed in more depth in 
Section 2.3.2.

TABLE 2.4  Major mercury-emitting sectors to air in Canada for selected years

Sector
1990 1995 2000 2005 2010

% kg % kg % kg % kg % kg
Non-ferrous metal mining and smelting 71 24 918 32 4 661 17 1 940 23 1 701 10 542
Electric power generation 6 2 251 14 1 995 36 4 006 29 2 147 30 1 580

Cement and concrete industry 1 458 3 418 4 408 3 211 6 318

Iron and steel industries 3 897 7 965 9 980 9 673 8 420

Waste sectors 11 3 837 29 4 284 19 2 142 19 1 400 24 1 268

Other 8 2 901 16 2 365 16 1 749 16 1 207 22 1 188
 Total emissions 35 262 14 688 11 225 7 340 5 315
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was updated and now uses changes in vehicle 
registrations and model year instead of vehicle 
population estimates.

• Methods to estimate emissions and emission 
factors were updated for the 2007 to 2010 
inventories. These changes affect fuel 
combustion, asphalt production, and ferrous 
foundries. Emissions estimates for asphalt 
production were improved for the entire time 
series by including other asphalt uses, such as 
roofing. Agricultural fuel use (on-farm non-mobile 
equipment) was separated from residential  
fuel combustion.

• A new method was developed for glass 
manufacturing based on soda use to estimate 
the total glass production in Canada. A new 
method for determining the United Kingdom 
emission factor, which is the median of the Paris 
Commission factor (van der Most and Veldt, 1992) 
and the Australian National Pollutant Inventory 
Emission Factor, was also developed.

• The pulp and paper sector estimates were 
provided by a consultant working for the 
Forest Products Association of Canada. Linear 
interpolation of 1990 to 1995 data was linearly 
extrapolated to the current reported values  
from NPRI.

• Emissions from carbon black manufacturing  
were removed. Instead, they were assumed to 
come out of the emissions estimates for fuel 
combustion, which is the usual production 
pathway for carbon black.

• Lime sector emissions were re-estimated based 
on a capacity-derived emission factor from 
facilities currently reporting to NPRI. This was 
applied to the national production and divided 
by facility weighted by capacity. This provided a 
conservative estimate for other facilities that do 
not meet the NPRI reporting threshold.

When the methodologies used in Canada were 
compared with those used in the United States 
(and other countries) during the development and 
improvement of the Canadian Hg emissions inventory, 
some improvements were still required in the 
following areas to better characterize Canadian  
Hg emissions:

2.3.2 Changes in Methodologies

Canada’s Hg emissions inventory and trends have 
needed an update for several years because each 
inventory year beginning with 2000, as well as the 
1990–1999 trends, used different methodologies and 
included unverifiable information sources. The update 
incorporated the latest information reported to the 
NPRI by a facility, updated area source methodologies, 
and additional association and consultant information; 
the inventory was reorganized to the currently used 
schema, which was based on commonalities of 
regulatory (or other) interest, processes used, and 
materials produced.

Specific changes for the re-evaluation of Hg emissions 
by industry sector or Hg-containing products follow:

• The point source emissions review verified the 
source of the data (ARET, NPRI, Environment 
Canada (EC), or other) and checked for 
inconsistencies. Where sufficient information was 
available, emissions by facility were interpolated 
using national or provincial statistical and 
production information. For some minor source 
sectors, where insufficient statistical information 
was available, the average or low reported 
value was carried back to 1990. This affected 
most sectors, such as the non-ferrous metal 
processing, aluminum, chemicals, waste, and 
commercial sectors, to varying degrees.

• The coal-fired electric power production sector 
has undergone testing many times from the late 
1990s to around 2005, and some discontinuity 
was seen in the emissions trends by facility.  
The EC emissions estimate for 1990 to 1999 was 
based on emissions estimates reported for the 
year 2000. Many changes occurred in the sector 
during this period (add-on control devices, coal 
washing, etc.), so estimates are assumed to  
be low.

• The inventory of Hg in products was based on a 
methodology from Minnesota (MPCA, 2001) that 
calculates the pool of Hg available, then assigns  
it by source and estimates the disposition to  
the various waste streams. Emissions from  
Hg-containing products currently include data 
from 1990 to 2010. The methodology for tracking 
the use of Hg-containing automotive switches 
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roast-leach-electrowinning process for Zn (Zoltai, 
1988). In the early 1990s, its Hg emissions were 
19 to 20 t per year but, with the introduction of 
the Sherritt two-stage pressure leach process for 
Zn in 1993 (CCME, 2002), the emissions dropped 
to approximately 8 t and continued to decrease to 
less than 2 t by the mid-1990s. In 2000, copper 
smelting using coal was replaced with propane 
burners (Outridge et al., 2011). By 2000, emission 
levels were down to 1.4 t and continued to decline 
to under 300 kg by 2010. In 2011, no releases to air 
were reported (Environment Canada, 2013a) as a 
result of the closure of the remaining copper smelter 
in 2010 (AECOM, 2013). The data are based on the 
analysis of electrostatic precipitator dust and might 
have underestimated total Hg releases, since GEM 
emissions were not directly monitored (Outridge 
et al., 2011 citing Nilsen, 2003). The reported Hg 
emissions data (including data for Zn) were subject 
to critical verification in a study by Outridge et al. 
(2011) using lake sediment and peat cores in the 
immediate surroundings of the operations. Exposure 
of the surroundings to the smelting operations 
was mostly low and high to low, depending on the 
direction of the prevailing winds. It was determined 
that Hg concentrations increased from the beginning 
of smelting operations in the 1930s and decreased in 
the early 1990s, suggesting that smelting operations 
make a significant contribution to Hg levels in 
the immediate surroundings. Measurement of Hg 
isotope composition has been used to differentiate 
Hg pollution caused by mining and smelting from 
the local geochemical background (e.g., Sonke et 
al., 2010). An isotope composition study of lake 
sediments showed sharp increases in Hg from the 
1930s, peaking in 1990, and decreasing thereafter, in 
accordance with emissions regulations implemented 
in the late 1980s. Concentrations of Hg in sediments 
near the smelter were 400 to 20 000 ng g-1. Results 
were consistent with studies by Outridge et al. (2011) 
and Harrison and Klaverkamp (1990), the latter 
reporting data from 1985. In summary, independent 
studies observed the same trends in Hg concentration 
in peat and lake cores that were reported to the NPRI. 
A number of caveats made a direct comparison of 
absolute emitted quantities challenging (Outridge et 
al., 2011). Current operations at Flin Flon, besides 
mining, include a concentrator, the Sherritt two-stage 
pressure leach process for Zn, and a copper filter 
plant (Collins et al., 1994; Hudbay, 2013).

• Insufficient information is currently available 
to adequately characterize commercial marine 
transportation Hg emissions.

• Reconciliation between reporting facilities and 
area sources requires improvement to further 
reduce the potential for double counting of 
emissions. Currently, reconciliation is performed 
on an emissions basis but could be improved  
with information on production and fuel use  
(and, from it, the estimated Hg content) from 
reporting facilities.

• Many estimates of Hg in products are based on US 
methods with limited Canadian information. Actual 
numbers of Canadian Hg-containing products in 
use are required, as well as information on their 
rate of removal from service and their disposal to 
the various waste streams.

2.3.3 Legacy Mercury Emissions  
in Canada

Historical emissions (1800 to 1995) have been 
studied for the Maritime provinces (Nova Scotia, New 
Brunswick, and Prince Edward Island) by Sunderland 
and Chmura (2000a). Sediment core data indicated 
significant Hg concentrations starting during the 
early 1800s (Buckley et al., 1995). Compared with 
US emissions, which peaked around 1850 (Streets 
et al., 2011), a first maximum in Hg emissions in the 
Maritimes, where coal combustion was at its highest, 
was not reached until the 1940s. Coal was responsible 
for 75% of the cumulative 50 t of Hg emissions 
between 1800 and 1995 until it was replaced by 
alternative fuels, such as refined petroleum products. 
In the 1940s annual Hg emissions peaked at 778–1 
494 kg; the range indicates a large uncertainty. 
The study of historical emissions is important for 
quantification of legacy emissions that make up a 
significant portion of Hg emissions today; for the 
Maritime provinces legacy emissions are estimated to 
be more than 50% of anthropogenic emissions (570–
900 kg from past sources versus 405 kg from modern 
sources) (Sunderland and Chmura, 2000b).

The Hudson Bay Mining and Smelting (HBMS) 
operation in Flin Flon, Manitoba, was a large source  
of Hg emissions in the early 1990s. The Flin Flon 
smelter began operation in the early 1930s using a 
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Results indicate that global Hg pollution in the 
northern hemisphere increased markedly during the 
industrial era, with the largest increase taking place 
after World War II (Schuster et al., 2002; Eyrikh et al., 
2003). Variations in Hg accumulation over the past 30 
to 60 years have been far from synchronous at the 
hemispheric scale (see Figure 2.9). On Upper Fremont 
Glacier in the continental United States (Figure 2.9b), 
total Hg (THg) accumulation peaked in the mid-1980s 
and declined afterwards, at least until the late 1990s. 
This was attributed to decreasing US industrial Hg 
emissions following the implementation of the Clean 
Air Act and subsequent amendments (Schuster et al., 
2002). In contrast, the record from Belukha Glacier 
in the Siberian Altai mountains (Figure 2.9a) shows 
several periods of enhanced THg accumulation in 
the 1940s, 1950s to 1980s, and again in the 1990s. 
Differences between these records indicate that 
various geographic sites are affected by atmospheric 
Hg emitted from distinct sources or transported by 
different pathways.

Glacial records of Hg accumulation from the Arctic 
differ from mid-latitude records. Measurements of 
THg in firn at Summit Station, Greenland (Figure 2.9c), 
suggest that peak Hg accumulation occurred before 
the 1960s (Boutron et al., 1998). In contrast, a 
reconstructed profile of atmospheric GEM above 
Summit Station, developed by Faïn et al. (2009), 
shows a broad period of maximum GEM concentration 
between the mid-1960s and mid-1980s, followed by 
a decline in the 1990s, which is in general agreement 
with global Hg emission trends and mid- to high-
latitude measurements of GEM in the northern 
hemisphere (UNEP, 2008; Steffen et al., 2005).  
Based on the data, it could be suggested that  
earlier THg measurements were insufficient to 
accurately capture temporal trends. Alternatively, it 
could imply that THg accumulation in firn in central 
Greenland is not correlated in a simple way with  
GEM concentrations aloft.

In Canada, 3 sites were investigated during the 
International Polar Year 2007–2008 (Figures 2.9d and 
2.9e): Penny ice cap on southern Baffin Island (67°N; 
Figure 2.9d), Agassiz ice cap (81°N; Figure 2.9e), 
and the Mount Oxford ice field on Ellesmere Island 
(82°N; Figure 2.9e). The record from Penny ice 
cap (Figure 2.9d) shows a slight increase in THg 

Case Study: Historical Trends in Mercury 
Pollution from Ice-Core Records

The following case study provides a historical 
perspective for the 1940–2010 period for Hg species 
concentrations in the Arctic. The accumulation zone 
of glaciers and ice caps can preserve a record of 
past atmospheric Hg concentrations and deposition 
in snow, referred to as “glacial archives” or “long-
term cryospheric records” (e.g., Table 9 in Durnford 
and Dastoor, 2011). The trapped interstitial air can 
be extracted from ice cores, while the firn or icy 
matrix can be analyzed directly for specific Hg forms, 
allowing past variations in the atmospheric Hg burden 
to be reconstructed.

Investigations have been carried out in Greenland 
(Boutron et al., 1998; Mann et al., 2005; Faïn et al., 
2009), in Antarctica (Jitaru et al., 2009), as well as on 
mid-latitude, high-altitude glaciers in the continental 
United States (Schuster et al., 2002), the French 
Alps (Jitaru et al., 2003), the Himalayas (Wang et 
al., 2008), and central Asia (Eyrikh et al., 2003). 
Intercomparisons are challenging because of the use 
of different analytical methods. Long-term records are 
available from Summit Station in central Greenland 
(Faïn et al., 2009), the Upper Fremont Glacier in the 
mid-continental United States (Schuster et al., 2002), 
and from the Belukha Glacier in the Siberian Altai 
mountains (Eyrikh et al., 2003). The locations of these 
sites are shown in Figure 2.8.

FIGURE 2.8  Location of ice-core sites in the northern 
hemisphere and the Canadian Arctic air monitoring 
sites at Alert and Resolute.
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2010) since the mid-1990s (Figure 2.9f). Both the 
TFHg and GEM series reveal a slight, gradual decline 
in the atmospheric Hg burden of the Canadian High 
Arctic over recent decades. However, it is remarkable 
that neither of these time series record the episode 
of higher THg accumulation in the 1990s observed 
in both the Agassiz ice cap and Mount Oxford glacial 
records. This again suggests that THg accumulation 
on polar glaciers (and possibly also on non-polar 
glaciers) is not related to GEM concentrations in a 
simple, straightforward way.

Unlike Baffin Island and central Greenland, the 
Canadian High Arctic islands are known to be most 
affected by polluted air masses advected across the 
Arctic Ocean from Eurasia (Goto-Azuma and Koerner, 
2001). The elevated THg accumulation reflected in 

accumulation since the mid-1960s, punctuated by 
sub-decadal fluctuations. In contrast, the 2 records 
from Ellesmere Island (Agassiz ice cap and Mount 
Oxford) suggest a low variability in THg accumulation 
over the past 65 years, except for a period of 
enhanced deposition in the mid- to late 1990s 
(Figure 2.9e).

The strong similarity between the records from 
Agassiz ice cap and Mount Oxford is of particular 
significance because these records were developed 
and dated independently from 2 sampling sites 
separated by approximately 100 km. The 2 records 
can be compared with total filterable airborne Hg 
(TFHg) measurements from Resolute (74°N) over 
the 1974 to 2000 period (Li et al., 2009) and to GEM 
monitoring data from Alert (82°N; Cole and Steffen, 

FIGURE 2.9  Trends in atmospheric mercury concentration or net accumulation for 1940 to 2010, as documented in 
glacial archives from the northern hemisphere (a) total mercury in the Belukah Glacier, Siberian Altai (redrawn from 
Eyrikh et al., 2003); (b) total mercury in the Upper Fremont Glacier, Wyoming, United States (Schuster et al., 2002); 
(c) total mercury in firn and ice (points and line are from Boutron et al. (1998) and Mann et al. (2005) and gaseous 
elemental mercury, blue shading, is redrawn from Faïn et al., 2009) in interstitial air measured at Summit Station, 
central Greenland; (d) total mercury on Penny ice cap, southern Baffin Island; (e) total mercury on Agassiz ice cap 
and Mount Oxford icefield, Ellesmere Island; (f) total airborne filterable mercury measured at Resolute, Cornwallis 
Island (Li et al., 2009), and gaseous elemental mercury measured at Alert, Ellesmere Island (Cole and Steffen, 2010).
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ice (AMAP, 2011). Also, natural emissions data from 
volcanic activity and weathering of rock suffer from 
large uncertainties, making the overall assessment 
of anthropogenic data challenging (Pyle and Mather, 
2003).

2.3.4 Sources of Mercury Releases to Air 
in Canada

In Canada, Hg emissions to air originate from a variety 
of sources that can be broadly grouped into

• fossil fuel combustion,

• industrial processes, and

• intentional uses of Hg (i.e., Hg-containing  
industrial and consumer products).

Canadian national Hg emissions totals covering all 
sectors and releases to all compartments of the 
environment have decreased from approximately 80 t 
in 1970 to approximately 5.6 t in 2010. The 1990–
2010 data are shown in Figure 2.10 (accounting for 
the threshold change from 10 t to 5 kg) (Environment 
Canada, 2010a). Data for releases to air and water 
are shown in Tables 2.4 and 2.5. Absolute emissions 
to air by sector were 35 t in 1990 and 5.3 t in 2010, 
and emissions to water were 0.7 t in 1990 and 0.3 t 
in 2010. The sharp drop in Hg emissions to air results 
from process changes at the Zn facility in Flin Flon, 
Manitoba (Section 2.3.3), and by 1995 emissions  
of Hg had dropped to approximately 14.7 t from 35 t 
in 1990.

FIGURE 2.10  Trend in total Canadian mercury 
emissions from 1990 to 2010.

the glacial records from the 1990s from Ellesmere 
Island could result from some changes in regional 
Hg emissions from Eurasia (UNEP, 2008) or in the 
transpolar advection during this period, possibly 
modulated by the Arctic Oscillation (Eckhardt et 
al., 2003; Cole and Steffen, 2010). An alternative 
possibility is that other changes in Arctic air chemistry 
contributed to enhancing the THg accumulation 
in firn during the 1990s. For example, increases 
in tropospheric ozone (Oltmans et al., 2006) were 
observed, and tropospheric ozone is an important 
component in the deposition of Hg during atmospheric 
mercury depletion events (Aspmo et al., 2005; Steffen 
et al., 2008).

The reasons for these observed regional discrepancies 
have not yet been resolved. However, they suggest 
that, when deposition and accumulation of airborne Hg 
to the Arctic are concerned, measurements of ambient 
air alone may miss some important fluctuations. 
To discriminate and resolve the relative influence 
of source emission strengths, transport pathways, 
and depositional processes on glacial records of Hg 
accumulation may require integrating data series from 
ice cores with results from atmospheric transport 
modelling efforts (e.g., Durnford et al., 2010).

As demonstrated above, the relationship between Hg 
ice-core data and emission changes is complex. The 
long lifetime of GEM allows for global distribution, and 
changes in emission quantities can be reflected by 
deposition of Hg to the ice (e.g., Shotyk et al. (2003) 
found a 3 times higher Hg burden in the Arctic since 
industrialization, and other data by Schuster et al. 
(2002) suggest a 2- to 7-fold increase). However, 
there are additional variations in Hg in the ice-
core concentrations that cannot be explained by 
air mass movements and the location of emission 
sources alone (Weller, 2009). Post-depositional 
processes involving reactive gaseous Hg (RGM) 
species and scavenging by dust can lead to higher 
Hg concentrations during cold episodes (Jitaru et 
al., 2009). Microbial processing, transformation, and 
movement of species in the form of methylmercury 
(MeHg), RGM, total particulate mercury (TPM), 
and GEM (e.g., into the food web) can result in 
concentration changes that need to be understood 
and accounted for when considering deposition of 
Hg into long-term storage sources such as glacial 
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The concentration of Hg in fuel such as coal varies 
with its origin and quality. Similarly, emissions  
from processing of materials vary with the original  
Hg content and the emission control devices used.  
As a result, dividing Hg emissions into the 3 
broad groups of source areas, as outlined above, 
is challenging. In 2010, fuel combustion sources 
accounted for a little over one-third of total Hg 
emissions, industrial processes for a little under  
one-third, and products account for one-third. The 
relative distribution of Hg emissions from different 
industrial sectors for 2010 emissions inventories is 
depicted in Figure 2.11.

Emissions from the lifecycle of Hg-containing 
products arise from their manufacture, use, and 
disposal. The main groups of products are Hg 
amalgams, Hg switches (e.g., in automobiles), 
batteries, lights, thermometers and thermostats, and 
wheel balancers. Releases of Hg from these products 
can arise from breakage, transportation, recycling, 
and re-use of materials in which the products  
are contained.

FIGURE 2.11  Distribution of the major contributing 
sectors to national mercury emissions to air in 2010. 
Other/combustion are residential fuel and wood 
combustion; Other/industry emissions are from pulp  
and paper and iron ore mining sectors.

TABLE 2.5  Mercury release to water from Canadian sources by sector

Sector
1990 1995 2000 2005 2010

% kg % kg % kg % kg % kg

Aluminum 0.4 3 0.4 3 0.5 3 0.3 2 2.0 7

Cement and concrete 0.0 0 0.0 0 0.0 0 0.0 0 0.0 0

Chemicals 0.8 6 1.6 12 0.9 6 0.0 0 0.1 0

Primary iron and steel 0.5 4 0.5 4 0.7 4 0.5 4 1.1 4

Secondary iron and steel 1.3 9 1.4 10 1.5 9 0.9 6 0.7 2

Mining and rock quarrying 8 55 7 55 9 55 3 22 2 8
Non-ferrous metal smelting and refining 8 57 11 78 5 30 8 56 7 25
Pulp and paper 13 98 13 98 15 90 11 79 23 80

Upstream petroleum 0.3 2 0.3 2 0.3 2 0.0 0 0.0 0

Other industries 2 13 2 16 1 6 1 5 1 3

Electric power generation 2 17 2 17 3 17 2 17 2 7

Marine cargo handling 0.0 0 0.0 0 0.1 0 0.0 0 0.0 0

Other miscellaneous sources 11 78 7 53 7 41 6 40 14 46

Landfills 7 7 6 45 5 32 3 23 6 19

Water and wastewater treatment 46 335 46 335 52 317 64 457 41 138

Open burning 0.1 1 0.1% 0 0.1 0 0.1 1 0.1% 0

 Total water releases 725 729 611 713 340
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TPM. In power plant plumes, the contributions  
of these Hg species vary based on the properties of 
the coal burned, combustion conditions, and emission 
control devices installed (Edgerton et al., 2006).  
These 3 Hg species behave differently in the 
environment (as described in Chapter 4). Therefore, 
an understanding of their concentrations and 
reactions in this environment is necessary. In addition, 
the composition of power plant plumes is currently 
poorly understood.

In the case study, the plume from the 3 640 MW 
coal-fired Nanticoke Generating Station (Nanticoke, 
Ontario) was studied. Results indicated enhanced 
concentrations of GEM in the plume (compared 
with GEM in ambient air) in the range of 6.0 pg m-3 

to 6.4 ng m-3 (average 0.83 ng m-3 ± 30%). Plume 
RGM concentrations ranged from 6 to 530 pg m-3 
(average 130 pg m-3 ± 50%). Concentrations of 
TPM in the plume were found to range from 1 to 
250 pg m-3 (average 50 pg m-3 ± 40%). The relative 
percentages of GEM, RGM, and TPM in the plume 
(82% for GEM, 13% for RGM, and 5% for TPM) 
seemed to be significantly different from stack 
measurements (53% for GEM, 43% for RGM, and 
4% for TPM), with data for the stack measurements 
provided by Lyng et al. (2005), confirming typical 
North American data from Pacyna et al. (2006). It 
has been suggested in modelling studies that in-
plume reactions such as reduction (RGM conversion 
to GEM) mediated by sulphur dioxide (SO2) might be 
responsible for this shift in predominant Hg species 
(Lohman et al., 2006). However, the hypothesis that 
RGM is reduced to GEM could not be confirmed in 
a study by Deeds et al. (2013), since the shift in 
the GEM ratio can be explained by plume dilution. 
Furthermore, RGM concentrations, which are 
very low and close to the detection limit of the 
instrumentation employed, are within the sampling 
and measurement uncertainty arising from different 
procedures. This study highlights the need for 
accurate and precise measurement methodology 
and improved characterization of RGM, since the Hg 
species emissions (and their partition into GEM, RGM, 
and TPM) from Nanticoke play a significant role in 
determining whether operations at Nanticoke are a 
significant source of Hg to the nearby environment  
in the form of reactive RGM.

Product emissions originate in the following sectors 
and categories in the NPRI:

• Iron and steel—electric arc furnaces and  
steel recycling;

• Other industries—electronics, municipal and  
other incineration, human, and miscellaneous 
processes; and

• Waste—landfills, wastewater treatment, and  
open burning.

Further information on the details of products, 
sources, and release points of Hg are available in 
Substance Flow Analysis of Mercury in Products 
(MPCA, 2001).

Currently, the largest source of Hg emissions in 
Canada is fossil fuel combustion for electric power 
generation. Other sources of Hg in Canada come 
from exploitation of natural resources and include 
the processing of minerals in the non-ferrous metal 
smelting and refining sector, cement manufacturing, 
upstream petroleum, as well as iron and steel 
manufacturing. The contributions of the mining sector 
to atmospheric Hg emissions in Canada are small.

Data obtained from measurement studies are  
often incorporated into Hg emissions inventories 
and serve as model studies for similar installations 
where measurements have not been carried out. The 
following case studies illustrate Hg emission profiles 
using electric power generation and emissions from 
landfills as examples. These studies provide insight 
into data acquisition of Hg concentrations found in the 
plume of a coal-fired power plant and into Hg species 
emitted from landfills, respectively. The objective of 
these studies is to better understand the sources, 
processes, and sinks of the Hg species involved.

Case Study: Mercury Concentrations in 
Emissions from a Coal-Fired Power Plant

A detailed description of this study can be found in 
Chapter 4, and key results were published by Deeds 
et al. (2013). In brief, concentrations of different Hg 
species in a power plant plume were measured from 
aircraft. Species included the long-lived GEM and the 
more reactive, short-lived species including RGM and 
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Mercury and Methylmercury in Leachate
The maximum concentration of Hg detected in 
leachate samples collected during the 2008–2011 
sampling programs was 3 000 ng L-1, with an average 
pre-treatment concentration of 700 ng L-1 and an 
average post-treatment concentration of 100 ng L-1 
(see Table 2.6).

A lowering of the laboratory detection limit for both 
the 2010 and 2011 sampling programs provided an 
increase in the number of samples in which the level 
of Hg detected was above the laboratory detection 
limit. Contaminant loadings were not calculated for Hg 
because more than 80% of all results for all sampling 
years were below the reported laboratory detection 
limit. The average on-site removal rate calculated for 
Hg based on the 3 sites with leachate treatment was 
approximately 28%.

The maximum concentration of MeHg detected in 
leachate samples collected during the 2010 through 
2011 sampling programs was 1.6 ng L-1, with an 
average pre-treatment concentration of 0.4 ng L-1 and 
an average post-treatment concentration of 0.1 ng L-1. 
The estimated annual quantity of MeHg released to 
surface water was extrapolated to be approximately 
0.004 kg annually for all of Canada, based on the total 
Canadian leachate produced and the average MeHg 
concentration, estimated to be less than 0.010 kg 
based on the 90th percentile MeHg concentration. 
The average on-site removal rate for MeHg calculated 
based on the 3 sites with leachate treatment was 
approximately 20% (see Table 2.7 for details).

Case Study: Mercury Releases to Air and Water 
from Landfills

A 2011 report prepared for EC by Conestoga-Rovers 
& Associates summarizes the results of sampling 
conducted at a selection of municipal solid waste 
(MSW) landfills in Canada. The purpose of this 
monitoring program was to sample and analyze the 
presence and concentration of target substances, 
including Hg and MeHg, in leachate and Hg in landfill 
gas (LFG). In some cases, the report also estimated 
THg and MeHg releases from the sampled landfills 
and extrapolated from these numbers to estimate  
the annual loadings from all MSW landfills to the 
Canadian environment.

The 12 participating landfill sites for the 2011 
leachate sampling program included 2 sites in 
western Canada and 10 sites in central Canada. 
One central Canadian landfill site sampled during 
2008 was removed and replaced for the 2009/2010 
programs, and 2 additional landfills were added for 
the 2011 program. Three landfill sites have on-site 
leachate treatment to eliminate or reduce levels of 
contaminants (on-site removal) prior to discharge 
to a water body or wastewater treatment plant. 
In 2010, 9 of the 10 landfills sampled for LFG had 
LFG treatment prior to combustion. All participating 
landfills have an annual fill rate greater than 40 000 t 
of MSW per year and have greater than 1 000 000 t 
of waste in place; they also have operating leachate 
collection systems.

TABLE 2.6  Statistics on analytical results for mercury from landfill leachate (2008–2011) with calculated removal rate 
through treatment

Pre-treatment Post-treatment

Number of samples above MDL 7/62 (11%) 1/14 (7%)

Minimum value (mg L-1) ND (0.00002) ND (0.00002)

Maximum value (mg L-1) 0.03 ND (0.0004)

Average value (mg L-1) 0.0007 0.0001

Median value (mg L-1) 0.0001 0.000075

Average on-site removal rate — 28%

The method detection limit (MDL) was 0.00002–0.00040 mg L-1. The removal rate was calculated as the percentage difference between the pre-treatment 
and post-treatment sample concentrations. The MDL wass used in place of reported laboratory non-detection values for calculation purposes. The maximum 
value is calculated using MDL when concentrations are below the reported laboratory MDL. The maximum detected value for a post-treatment sample was 
0.00005 mg L-1.

Not Detected (ND) indicates that the analyte was not detected above the laboratory MDL.
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Further sampling could help refine this estimate in 
order to determine whether landfills are a significant 
source of atmospheric Hg emissions in Canada. 
Measurements of dimethylmercury gas were not 
included in this study. There are several considerations 
in regards to uncertainty for both the statistics 
presented for leachate and LFG. For leachate, the 
detection limit used (800 ng m-3) during the first  
2 years of the program resulted in a majority of the 
sample values being not detected (ND). Similarly, all 
LFG samples during the 2008 monitoring program 
resulted in ND values. Lowering the detection limit 
resulted in an increase in quantifiable results in 2010 
for both leachate and LFG. In 2010 for LFG, 9 of the 
analytical results were invalidated based on laboratory 
quality assurance and quality control performance 
criteria that are used to validate the Hg emissions data 
for the sampling tubes used (OhioLumex, 2010). As 
well, data deemed non-representative were excluded 
from removal rate calculations for both leachate 

Mercury in Landfill Gas
The maximum concentration of Hg detected in LFG 
samples collected during the 2008–2010 sampling 
programs was 920 ng m-3, with an average pre-
treatment concentration of 290 ng m-3 and an average 
post-treatment concentration of 370 ng m-3. The 
maximum concentration of 920 ng m-3 is notably 
higher than the average (Table 2.8).

The total volume of LFG produced (based on 2005 
EC data) was used with the data from this sampling 
program to extrapolate the substance loadings in 
Canada from LFG. The reported loadings are the 
product of the average concentration in pre-treated 
LFG and the estimated annual total volume of 
uncombusted LFG in Canada. The estimated total 
emission of Hg from LFG to the Canadian environment 
based on the average pre-treatment concentration  
is less than 1 kg annually.

TABLE 2.7  Statistics on analytical results for MeHg from landfill leachate (2010–2011) with calculated removal rate 
through treatment

Pre-treatment Post-treatment

Number of samples above MDL 31/32 (97%) 7/9 (78%)

Minimum value (ng L-1) 0.04 ND (<0.05/MDL)

Maximum value (ng L-1) 1.6 0.3

Average value (ng L-1) 0.4 0.1

Median value (ng L-1) 0.25 0.08

Average on-site removal rate — 20%

The method detection limit (MDL) was 0.00005–0.05 mg L-1.

ND = not detected.

TABLE 2.8  Statistics on analytical results for mercury from landfill gas (2008–2010)

Pre-treatment Post-treatment

Number of samples above MDL 14/47 (28%) 10/27 (37%)

Number of samples below MDL 33 17

Minimum value (mg m-3) 0.0000024 0.0000043

Maximum value (mg m-3) 0.00092 0.00090

Average value (mg m-3) 0.00029 0.00037

Median value (mg m-3) 0.00020 0.00009

90th percentile value (mg m-3) 0.00080 0.00080

Average removal rate — 25.8%

Number of samples analyzed = 74.
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for the release of Hg to water because of available 
statistical information and knowledge of the changes 
to recycling efforts and Hg use. This resulted in the 
relative contributions by sector of Hg releases to 
water seen in Figure 2.12 (see Table 2.5 for absolute 
numbers).

FIGURE 2.12  Sector contributions of mercury releases 
to water in 2010.

Wastewater treatment is the major source of Hg 
releases to water; it accounts for between 40 and 
64% of releases from 1990 to 2010. In 2008 there 
were over 3 700 wastewater facilities operating in 
Canada (Environment Canada, 2013b) and in 2010 
only 182 reported to the NPRI, because most of the 
medium-sized to small facilities did not meet the 
threshold reporting criteria. Of those 182, only 36 
reported on Hg; 23 had releases to water, and others 
reported transfers for disposal or recycling. These 
182 reporting facilities served about 55% of Canada’s 
population (Environment Canada, 2013c). The 36 
facilities reporting Hg releases or transfers had a 
combined total of 507 kg Hg released to water or 
transferred, which is more than 3 times the estimated 
Hg releases to the wastewater stream from Hg in 
products. Considering that the 36 facilities reporting 
on Hg in 2010 served less than 40% of the population, 
there are probably additional sources of Hg to the 

and LFG, potentially affecting the accuracy of the 
calculated removal rates (if the excluded data were, 
in fact, valid). The removal rate for LFG is unchanged 
from the 2010 average removal rate because there 
were no pre- and post-treatment LFG data available 
for the 2008 and 2009 sampling programs.

2.3.5 Sources of Mercury Releases  
to Water

Inventories of Hg emissions to water are scarce. A 
comprehensive dataset is not available for global 
releases of Hg to water (UNEP, 2013). In Canada, 
releases of Hg to water are reported under the NPRI 
mandatory reporting program. However, not all 
facilities in each sector report to NPRI, and many 
facilities do not report any water releases for various 
reasons: (1) they may not meet the reporting criteria, 
(2) they have no releases, or (3) they have insufficient 
information to report. Further complicating the 
development of comprehensive inventories is the lack 
of detailed knowledge on the specifics of those water 
releases that have been reported. The information 
lacking includes the origin of the Hg, production, 
release points, water treatment on site, water handling 
procedures on site, and site water run-off. Without 
this detailed knowledge and in-depth examination of 
sources and release points, extrapolation of reported 
water releases to the sector as a whole is challenging. 
Consequently, the estimates calculated from available 
data for releases to water have a larger uncertainty 
than the estimates of releases to air.

In 2000, the reporting threshold for Hg was changed, 
resulting in an increase in reported releases to water 
similar to the increase seen when the reporting 
exemptions for wastewater treatment facilities were 
changed. The option of using backcasting to estimate 
the amount of Hg released to water before the change, 
based on economic and population statistics, was 
not employed because Hg usage was higher before 
the change and abatement efforts have recently 
increased. Thus, backcasting would not produce an 
accurate estimate of previous releases. Therefore, 
to estimate releases prior to 2000, the average of 
the reported releases was used. For Hg-containing 
products, it was possible to use the historical trend 
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FIGURE 2.14  Estimated mercury releases to water  
in Canada.

Case Study: Releases from Wastewater 
Treatment Plants

This case study illustrates the release of Hg species 
from the wastewater treatment sector, which was 
responsible for 41% of all releases to water in 
2010 (Table 2.5). In 2008, under the Chemicals 
Management Plan, EC initiated a national wastewater 
monitoring program, which included monitoring 
of common metals such as Hg. The purpose of 
this program was to improve our understanding of 
the levels of many chemical substances entering 
municipal wastewater treatment plants from 
residential, industrial, commercial, and institutional 
sources and to understand the extent to which these 
substances are removed by wastewater treatment 
processes commonly employed in Canada. Municipal 
wastewater treatment plants are not designed 
to remove chemical substances at trace levels 
(milligrams to nanograms per kilogram), but previous 
work in Europe, the United States, and Canada has 
demonstrated that some substances are removed 
during some treatment processes (Ratola et al., 2012). 
Removal of Hg from wastewater includes volatilization, 
photodegradation, biodegradation, and/or partitioning 
to solids.

The wastewater monitoring program includes 
treatment plants from across Canada representing 
the most common process types used in Canada: 
facultative and aerated lagoons, chemically assisted 
primary treatment, secondary biological treatment, 
and advanced biological nutrient removal treatment. 

wastewater stream than accounted for in the  
products inventory, and additional work is required  
on these sources.

The sector that releases the most Hg to water is 
wastewater treatment; therefore, the most populous 
provinces have the largest proportion of the national 
releases in this category. The reported releases from 
a single pulp and paper facility in Alberta considerably 
increases the total releases for the province. The 
proportion per sector remains similar throughout the 
1990 to 2010 period, except for occasional elevated 
reported releases (Figure 2.13).

FIGURE 2.13  Provincial proportions of mercury 
releases to water in 2010.

Figure 2.14 provides an indication of the trend in 
Hg releases to water from 1990 to 2010. The data 
represent a lower limit of the releases to water 
because the estimates are incomplete. Reported 
releases to water vary considerably from year to year 
but show an overall negative trend, especially starting 
in 2000, despite the change in reporting requirements. 
No projections of future Canadian releases to water 
have been performed.
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since solid concentrations were generally 3 orders  
of magnitude higher than effluent concentrations.  
In general, Hg was removed effectively from influent 
to effluent (median 94% removal across all  
treatment types).

2.3.6 Geographical Distribution of Mercury 
Point Sources Releases

Currently, 170 facilities or point sources report 
emissions under the NPRI mandatory program, 
accounting for 66% (3 429 kg) of the emissions to 
air reported in 2010. In 1990, point source emissions 
accounted for approximately 88% of the emissions 
to air, and the relative portion has been steadily 
decreasing with the continued decrease in Hg 
emissions from facilities; the decrease has been  
faster than for the area source estimates.

Figure 2.15 shows the 2008 spatial distribution of  
Hg emissions in Canada. Most of the facilities from 
major emitting sectors listed in Table 2.4 are visible  
in the red or orange areas. The smaller reporting point 
sources and the area sources and products portions of 
the inventory are in the yellow and light green areas. 

The sample collection protocol is described in a fact 
sheet, Environmental monitoring and surveillance 
in support of the Chemicals Management Plan 
(Environment Canada, 2011). Briefly, composite 
samples of wastewater influent and effluent, including 
grab samples of treated biosolids, were collected for 3 
consecutive days in summer and winter and analyzed 
for THg using standard methods (APHA, 2005). 
Concentrations of THg in wastewater influents (raw 
wastewater from the community) ranged from <0.009 
to 1.67 μg L-1 (n = 209; samples collected from 2009 
to 2012). Concentrations of THg in treated wastewater 
effluents ranged from <0.009 to 0.301 μg L-1 
(n = 209; samples collected from 2009 to 2012).

Biosolids are the final solid product of the separation 
and treatment of suspended solids in wastewater. 
Mercury was detected in all biosolid samples 
(n = 135; samples collected from 2009 to 2012), 
with most of the concentrations ranging from 0.01 to 
1.56 μg g-1. The maximum concentration measured 
in biosolids was 31.4 μg g-1; however, this value 
was much higher than the next-highest value of 
9.02 μg g-1. These results indicate that the most 
important mechanism for removal of Hg during 
wastewater treatment may be partitioning to solids, 

FIGURE 2.15  National 2008 mercury emissions density plot.
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population centres in Canada, including the Windsor–
Quebec region, the prairies, and the British Columbia 
lower mainland.

Most of the area and products sources are distributed 
by population-based surrogates. Figures 2.16 to 2.18 
focus on areas of major economic activity and 

FIGURE 2.16  Windsor–Quebec 2008 mercury emissions density plot.

FIGURE 2.17  Prairie provinces 2008 mercury emissions density plot.
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Region 4, this eastern portion accounts for 55% of 
the emissions (Table 2.9), and the regions bordering 
Canada account for 47% of US emissions.

For comparison, the 2008 USEPA regional emissions 
for the northeastern regions 1, 2, 3, and 5 that border 
the Great Lakes account for a little over one-third 
of the total US emissions (Figure 2.19). Along with 

FIGURE 2.18  British Columbia lower mainland 2008 mercury emissions density plot.

FIGURE 2.19  United States Environmental Protection Agency regions (USEPA, 2013).
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Figure 2.20 shows the trend for Hg emissions in 
Canada from 1970 through 2010. Note that estimates 
and information were available for 1970, 1975, 1978, 
and some for 1980 and 1988; additional information 
was used to supplement the old Hg inventories and 
data, but a rigorous detailed emissions inventory was 
not carried out for this earlier time period. The trend 
line provided for 1970 to 1989 is indicative of the 
trend but with a larger margin of error.

FIGURE 2.20  Trend for mercury to air emissions for 
1970 to 2010 (Environment Canada 2013).

2.3.7 Trends in Releases of Mercury  
in Canada

Based on available data and the recent recalculation 
of Canadian emissions for the 1990–2010 period, 
trends in Hg emissions can be identified. This 
information will aid modellers in establishing 
projections for future periods (Section 2.5). Analysis 
of trends are presented for Canadian emissions then 
discussed in a global context. Furthermore, a broader 
trend analysis of Hg pollution is presented using 
Arctic ice-core records (see the case study Historical 
Trends in Mercury Pollution from Ice-Core Records). 
Data from 1940 to 2010 from several Arctic locations, 
including Canada, illustrate how the Arctic is affected 
by Hg emissions through long-range transport.

Awareness of Hg issues, regulations, technology 
changes, and co-benefits of efforts to reduce other 
contaminants (e.g., through the use of cleaner fuels) 
have reduced emissions by most sectors in Canada. 
Because of economic development and technological 
advances, the relative contributions from various 
sectors to total Canadian emissions are continually 
changing. Table 2.4 lists the relative contributions of 
some of the larger contributing sectors for emissions 
to air.

TABLE 2.9  United States 2008 mercury emissions by United States Environmental Protection Agency region 
(USEPA, 2008)

EPA region Hg emissions, kg
 Continental US 
emissions, kg

 Proportion of 
national, %

EPA Region 1 1 036 1 036 2

EPA Region 2 1 380 1 380 3

EPA Region 3 6 382 6 382 12

EPA Region 4 10 725 10 725 20

EPA Region 5 11 045 11 045 21

EPA Region 6 9 363 9 363 17

EPA Region 7 4 529 4 529 8

EPA Region 8 3 886 3 886 7

EPA Region 9 5 077 5 014 9

EPA Region 10 1 596 —  —

Tribal lands 210 210 0

EPA Region Unknown 29  — — 

Total 55 258 53 570  
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was a dramatic increase in Hg emissions reported  
by facilities, limiting the area source component to 
47% for 2000 and 30 to 35% thereafter.

Overall, there was an 85% reduction in Hg emissions 
between 1990 and 2010. This is primarily due to 
process changes in the non-ferrous metal mining and 
smelting sector, as well as economic and regulatory 
impacts on the sector. The waste sectors have 
reduced emissions by 76%, electric power generation 
by 30% (although its relative contribution increased 
from 6 to 30% between 1990 and 2010), iron and 
steel industries by 54%, and chemical industries 
by 95%. The emissions levels of many smaller 
emitting sectors have remained relatively constant or 
decreased. Due to the steady increase in development 
of the oil sands, the upstream petroleum sector has 
shown relatively large increases but still accounts for 
only about 4.6% of the total Canadian Hg emissions.

Currently, fossil fuel combustion for electric power 
generation is the primary source of Hg emissions, 
contributing 30% to the total emissions (see Table 2.4 
for absolute numbers). The waste sectors contribute 
about 24%, with the current breakdown being 9% 
from incineration, 4.7% from landfills, 2.6% from 
wastewater treatment, and 2.4% from open burning. 
Cement and concrete production make up 6%, non-
ferrous metal mining and smelting make up 10%, 
and iron and steel production represents 8% of total 
emissions. Many additional sectors are emitting Hg 
owing to trace levels of Hg in raw materials and fuels 
as well as releases from the slow phase-out of Hg-
containing products, which can result in additional 
sectors emitting small amounts of Hg. These national, 
provincial, and territorial Hg emissions are available 
on EC’s NPRI website.

Canada’s crude oil has been shown to contain 
relatively small amounts of Hg, approximately 
2.6 ± 0.5 ng g-1 oil (Hollebone and Yang 2007), which 
is reflected in NPRI’s mandatory emissions reporting 
program. Control technologies implemented to reduce 
a variety of pollutant emissions have resulted in the 
lowering of Hg emissions. Most testing for Hg in the 
coal-fired electric power generation sector occurred in 
the late 1990s through 2006/2007, so the estimates 
for this sector are currently well characterized. 
Mercury levels in Canadian coal range from 0.036 to 

The emissions trend line shows that Canada’s 
emissions to air are estimated to have decreased by 
93% since 1970. These reductions are somewhat 
chronological in order because of the closure of 
the Pinchi Lake Hg mine; the introduction of new 
environmental chlor-alkali plant regulations; the 
phase out of Hg use in medicinal products, pesticides, 
and fungicides; process changes at HBMS; the 
implementation of the ARET program; the introduction 
of Canada-wide standards for Hg (affecting several 
industrial sectors); a cosmetics hotlist; and other 
initiatives. A detailed list of these measures is 
available in EC’s Risk Management Strategy for 
Mercury, October 2010 (Environment Canada, 2010b).

Figure 2.21 shows the relative contributions of the 
NPRI, other point source data, and the area source 
estimates for the 1990 through 2010 time period. The 
other point source data are comprised of ARET data 
and estimates provided by associations (cement and 
pulp and paper production). Some facilities reported 
to both ARET and NPRI in the 1994–1999 time period, 
so only the NPRI data were used for presentation 
purposes in Figure 2.21.

FIGURE 2.21  Relative proportions of point and area 
source data to the total mercury emissions to air: 
blue represents National Pollutant Release Inventory 
data; green represents area source estimates; and red 
represents other point source data.

The area source (non-reported by industry or other) 
estimates for the 1990 to 1999 period accounted 
for generally 30 to 95% (average of approximately 
71%) of the Hg emissions to air. After the reporting 
threshold to the NPRI was changed in 2000, there  
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TABLE 2.10  Provincial and territorial total mercury 
emissions and the percentage of the national total for 
selected years

Province 1990 2000 2010

 kg % kg % kg %
AB 1 184 3 1 062 16 1 175 22
BC 3 668 10 1 139 6 549 10
MB 20 169 57 1 231 13 366 7
NB 729 2 436 5 158 3
NL 253 1 184 2 122 2
NS 384 1 261 5 139 3
NT 79 0 4 0 13 0
NU 2 0 2 0 2 0
ON 4 426 13 2 675 31 1 191 22
PE 35 0 27 0 16 0
QC 3 667 10 1 296 15 730 14
SK 662 2 575 7 855 16
YT 4 0 2 0 -1 0

FIGURE 2.22  Trend in provincial emissions to air 
1990–2010.

0.086 mg kg-1 for sub-bituminous coals from Alberta. 
Values 2 to 4 times higher were observed for high-
ash coals, coaly siltstones, shale partings, weathered 
coals, and mineralized coals (Yudovich and Ketris, 
2005). Goodarzi (2002) investigated the Hg content of 
Canadian coals using cold vapour atomic absorption 
spectrometry, since western Canada, Ontario, and 
Nova Scotia rely on electric power production from 
coal. Feed coal samples originated from Alberta and 
Nova Scotia, and the Hg content varied between 
0.03 and 0.05 mg kg-1 for Alberta-mined coal and 
between 0.15 and 0.16 mg kg-1 for Nova Scotia coal. 
In a follow-up study, the ashes of 5 western Canadian 
coal seams were analyzed, and Hg concentrations 
were found to vary between 0.029 and 1.27 mg kg-1 
for coal and L2 bentonite, respectively. A positive 
correlation between ash yield and Hg content was  
also observed Goodarzi and Goodarzi (2004).

Emissions from products currently account for about 
34% of Canada’s total Hg emission. This includes 
emissions from foundries, electric arc furnaces, and 
waste sectors. While the emissions total from products 
has decreased significantly (from about 3.7 t to 1.5 t 
per year), the relative contribution of the emissions 
from products rose to 24% from 11% in 1990.

Emissions estimates from the waste sectors are 
a combination of reported emissions (23%) and 
emissions estimated from the Hg in products (77%). 
The latter percentage is somewhat high, and more 
information is required to better characterize waste 
sector emissions as a whole.

Emissions by sector and their respective programs 
to reduce and regulate Hg emissions, especially by 
provinces, show a similar negative trend from 1990 
to 2010 (Figure 2.12). This is directly related to the 
reduction in processing at the Zn facility in Flin Flon, 
formerly Canada’s largest Hg emission source (Table 
2.10). Figures 2.22 and 2.23 show that all provinces 
and territories, except Saskatchewan, reported 
decreases in Hg emissions (Table 2.10); Alberta’s 
emissions remained the same from 1990 to 2010. 
The increase in Saskatchewan is driven by a doubling 
of Hg emissions from coal-fired electric power 
generation, with small increases in the upstream  
and downstream petroleum sectors.

FIGURE 2.23  Trend in provincial emissions to air 
2000–2010.
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Canada (E3MC) (Environment Canada, 2008), which 
is an integrated model combining an energy demand 
and supply model with a macroeconomic model (The 
Infometrica Model). The E3MC is multi-regional and 
multi-sectoral model for Canadian emissions that 
can simulate the supply of fuels, as well as the price 
and demand. The E3MC was originally developed 
for greenhouse gases (GHGs) and was modified to 
include historical air pollutant (AP) emissions in order 
to project future AP emissions (smog precursors and 
selected toxics). Figure 2.25 shows a schematic of the 
E3MC model.

Emission projections for Hg, APs, and GHGs are 
driven by a number of economic factors (e.g., 
energy demand and supply mix and economic 
growth, among others). The economic projections 
are calibrated to those used by Finance Canada in 
Budget 2012, including the economic outlook. Based 
on Finance Canada’s short-term economic outlook, 
the longer-term projections incorporate productivity 
growth projections (Environment Canada, 2012a) and 
Statistics Canada’s population growth projections 
(Finance Canada, 2012). Similarly, forecasts of major 
energy supply projects from the National Energy 
Board (NEB) were incorporated for key variables and 
assumptions in the model (e.g., oil sands production, 
large hydroelectric capacity expansions, and nuclear 
refurbishment and additions). Supply forecasts are 
based on consultation with industry experts and 
reflect the federal government’s most recent views 
regarding the evolution of Canada’s energy supply 
sector. The projections also incorporate data from the 
National Inventory Report 1990–2010 (Environment 
Canada, 2012b), Natural Resources Canada, and 
the US Energy Information Administration. Further 
details regarding a summary of key economic data 
and assumptions can be found in Canada’s Emission 
Trends 2012 (Environment Canada, 2012a).

Changes in policy and investment in emissions 
control technology are incorporated into the model 
to determine their impact on the economy and on 
the realignment of demands and outputs. Emissions 
projections from E3MC include provincial, territorial, 
and federal measures for both GHGs and APs as of 
spring 2012. These measures affect Hg projections to 
varying degrees. Examples of provincial and territorial 

Emissions from the lifecycle of Hg-containing products 
are estimated to have declined since 1995, as shown 
in Figure 2.24. The relative contribution of products 
to the inventory total changes continually because of 
the Hg contained in individual products, amount of 
products being phased out, influx of new products, 
uptake of recycling, and changing emissions from 
other sources. Product emissions have been declining 
because of discontinued use of Hg in some products, 
increased recycling, stricter Hg removal regulations, 
and lowered amounts of Hg in some products. Some 
examples include the reduced amount of Hg, from 
40 to 8 mg per tube, in fluorescent light tubes, 
discontinued use of Hg switches in vehicles, and 
Ontario’s Hg switch removal regulation. Mercury 
fungicides are no longer registered for use, and 
a large number of incinerators have been closed 
(compared with 1990). Finally, fever thermometers 
containing Hg are no longer sold.

FIGURE 2.24  Emissions to air from the lifecycle of 
mercury-containing products.

2.3.8 Description of Projected Canadian 
Releases

Based on emissions trends in existing data, modelling 
studies have been employed to provide projections of 
Hg emissions into the future. Estimates are based on 
energy demand and resulting economic activity and 
are described in the following sections.

Canadian emissions projections are produced using 
the Energy, Emissions, and Economic Model for 
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Air pollutant emissions projections are created  
via emission coefficients and are derived using the 
last historical year’s emissions and the appropriate 
drivers, as either the fuel used by province and 
sector or the gross output of the particular economic 
sector. Fuel-related emissions link to the quantity 
of fuel as a driver, while process-related (non-fuel) 
emissions are linked to the gross output as a driver. 
The AP emission coefficient is the ratio between 
the latest AP emissions by province, sector, and fuel 
to the matching quantity of fuel used. The derived 
coefficients for AP emissions are then applied to 
the resultant drivers, while incorporating the effects 
of the changes in policy and emissions controls to 
arrive at a preliminary projection of emissions. These 
projections are then verified with EC’s sector experts 
and provincial and territorial authorities through the 
Emissions Working Group of the CCME to ensure 
that all national, provincial, and territorial, policies, 
initiatives, and agreements have been adequately 
accounted for in the model results.

The strength of the E3MC model is at a national 
and aggregate sector level, where it simulates all 
the various aspects. However, when the results are 
broken down to the provincial or finer scales, the 
uncertainty increases owing to assumptions made 
about the state of provincial and territorial economies 
and of the individual sectors. Sensitivity analysis 
is certainly possible with E3MC, although it is not 

GHG measures are the carbon tax in British Columbia 
(updated to $30 t-1), the phase-out of coal-fired 
electric power generation in Ontario, and the cap 
on electricity sector GHG emissions in Nova Scotia. 
Federal GHG measures include electricity performance 
standards for coal-fired electric power generation; 
eco-initiatives, such as ecoENERGY, for renewable 
power; the ecoENERGY retrofit initiative; and 
passenger automobile and light truck GHG emissions 
regulations planned for 2017–2025. Examples of AP 
measures are the Canada-wide acid rain strategy and 
Ontario’s industry emissions reduction plan. For the 
complete list of measures and references, see  
Table A.1.7 in Canada’s Emission Trends 2012 
(Environment Canada, 2012a).

The E3MC model uses historical AP emissions data, 
energy supply and demand, and economic assumptions 
to prepare the model grids with background data  
(spin-up) before performing the projections. The 
assumptions from Finance Canada and the NEB, 
macroeconomic forecasts, and energy demand and 
supply forecasts are created simultaneously (Finance 
Canada, 2012). The model then incorporates both 
provincial and federal measures for GHGs and APs. 
Historical AP emissions are exogenously introduced  
into the E3MC model by province and sector for both 
fuel-related and process emissions.

FIGURE 2.25  Schematic of the E3MC interactions (Environment Canada, 2014).
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2.3.9 Uncertainties in Canadian  
Release Inventories

The level of available detailed measurements and 
estimates varies for each sector providing data to an 
emissions inventory. Further, the methodology used 
to generate emissions data varies depending on the 
source and process involved. As a consequence, 
a number of uncertainties can be identified in the 
described emissions. These uncertainties include 
the accuracy of the statistical methods employed; 
the accuracy of the applied emission factors for 
installations that are poorly characterized; estimates 
of the availability of pollution control devices 
and the efficiency of Hg capture systems; the 
intercomparability of data collection techniques; 
and treatment by different national and international 
reporting agencies (UNEP, 2008).

A quantitative evaluation of the uncertainty of the 
Canadian Hg emissions inventory has not been 
performed. Many of the major emitting sectors 
(e.g., coal-fired electric power generation, cement 
manufacturing, and iron and steel industries) have 
performed testing for Hg emissions. The base metal 
sector has been using a mass balance approach 
that considers the Hg content of the processed ores 
and end products. Continued testing will lower the 
uncertainty but, because of the variability of the 
Hg concentrations in the input materials and fuels, 
some uncertainty will remain. Table 2.11 presents 
the percentage of Hg emissions estimated by the 
various methods for each of the sectors. Mercury 
emissions from aluminum smelting processes include 
Hg contained in bauxite and the use of Hg-containing 
fossil fuels and hydrocarbon auxiliary materials. 
Emissions from aluminum smelting are now listed as 
an Hg source in a recent UNEP report (UNEP, 2013).

performed specifically on Hg. The Hg emissions 
projection is based on the baseline scenario described 
in the Canada’s Emission Trends 2012, which 
includes different emissions scenarios under different 
assumptions. A description of the projections for US 
releases was not available because of lack of data.
Based on model results, Canadian Hg emissions are 
projected to remain relatively constant in the future 
(Figure 2.26). Beyond 2010, significant anticipated 
reductions in emissions from the non-ferrous smelting 
and refining, pulp and paper, and electric power 
generation sectors are offset by anticipated increases 
from “Other Miscellaneous” and “Waste” sectors. 
These anticipated increases assume that there is little 
change in the rate of Hg release from products to 
cause an increase. However, it is difficult to quantify 
any changes from product releases and changes in 
recycling, given that regulations for products have not 
yet been implemented. Memoranda of understanding 
with associations (e.g., dentists) to reduce releases  
of Hg exist, but no legally binding framework has  
been put in place (either nationally or internationally). 
Other minor contributing sectors will have increased 
Hg releases due to population growth and an 
increased demand for materials.

FIGURE 2.26  Historical and projected trends for 
Canadian mercury emissions to air.
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for each individual source would not be expected to 
cause much variation in the sector totals, or even 
in the national totals, owing to small quantities. 
Estimates for area sources are usually developed 
using a variety of emission factors and methods.  
For the most part, these area sources are of lower 
quality emission factor ratings.

The products portion of the emissions inventory 
has the highest uncertainty because these sources 
are based on US numbers and include partitioning 
coefficients for the various emissions sources and 
waste streams. These have generally been balanced 
by the amounts of Hg being imported and used.  
No data are available for the actual numbers of  
Hg-containing devices in use in Canada, which makes 
improving this portion of the inventory difficult. For 

Overall, mass balance accounts for 35% of the 
estimation methods for reported emissions, followed 
by source testing (33%), engineering estimates 
(14%), site-specific emission factors (8%), published 
emission factors (7%), and predictive emissions 
monitoring (2%). Only 0.003 kg has been reported as 
estimated by continuous emissions monitoring (CEM). 
While many of the other listed estimation methods 
may not be as exact as CEM, they are well suited 
to characterizing the mass of Hg by mass balance 
calculations or source testing. These methods are also 
suitable when the initial homogeneity of Hg sources 
is good and production remains relatively constant. 
The remaining estimation methods, which account 
for 32% of the emissions, are usually employed at 
the many small Hg emissions sources. The potential 
error produced by the remaining estimation methods 

TABLE 2.11  Percentage of mercury emissions estimated by the various methods by sector; all values are expressed 
as a percentage

Sector CEM Eng. est.
 Mass

balance
PEM Pub. EFs Site EFs

 Source
tests

Aluminum smelting — 1 82 — 17 — —
Cement and concrete production — 3 29 — 12 1 55

Chemical industries — — — — 100 — —
Iron and steel industries — 1 8 — 2 33 56

Iron ore mining — — — — 0 85 15

Mining and rock quarrying — 8 0 — 42 1 49

Non-ferrous metal mining and smelting 0 0 — 13 0 — 86

Pulp and paper — — — — 81 0 19

Wood — — — — 100 — —
Upstream petroleum — 48 — — 5 — 47

Downstream petroleum — 4 — — 82 13 0

Other industries — — 1 — 49 — 50

Commercial fuel combustion — 34 — — 0 34 32

Electric power generation — 22 70 — 3 5 0

Industrial commercial incineration — — — — — — 100

Municipal incineration — — — — 52 — 48

Other incineration and utilities — — — — 15 — 85

Marine cargo handling — — — — 100 — —
Waste — 62 — — 0 — 38

CEM: Continuous emissions monitoring
Eng. est.: Engineering estimates
PEM: Predictive emissions monitoring
Pub. EFs: Published emission factors
Site EFs: Site-specific emission factors
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the potential for Hg releases. This would be 
followed by a scientific evaluation of the  
potential problem.

• Detailed information on the number of  
Hg-containing products in use in Canada is 
required. Currently, a large portion of the  
products inventory is based on US estimates  
of product usage.

• Mercury from forest fires, including prescribed 
burning and agricultural burning, needs to 
be characterized. Currently, there are very 
few emission factors available and those that 
are available are of questionable quality and 
applicability. The capacity to use more up-to-date 
methods to estimate the emissions also needs  
to be developed.

• There is a lack of Canadian emission factors. 
Most emission factors are developed by the 
United States or other countries, and few have 
been developed for Canada. Work needs to be 
done to characterize Canadian sources beyond 
those that are reporting to the NPRI.

• A better characterization of the actual quantities 
of waste burned is required. While emissions from 
the remaining incinerators are well characterized, 
emissions from accidental fires that occur at 
landfills and other waste burning incidents or 
facilities are not.

• Knowledge and improved understanding of 
Canadian legacy emissions are required to 
better characterize the significant contribution 
of re-emission of Hg. With decreasing current 
anthropogenic emissions in Canada, the relative 
importance of legacy emissions will increase.

• An improved understanding of the uncertainties 
in emission inventories for Hg needs to be 
constrained. Currently, resources are focused on 
uncertainties in inventories of smog pollutants, 
and expansion of this work to other pollutants  
and more uncertain sectors is required.

• More accurate information about chemical 
species composition of Hg emitted from various 
sources needs to be made available.

• Seasonal changes in Hg emissions to the air  
need to be investigated and accounted for in  
the inventories.

instance, the number of automotive Hg switches 
is based on changes in vehicle registrations per 
model year (Hg switches were phased out in 2003 
in Canada and the United States), and estimated 
removals are not based on actual numbers of vehicles 
scrapped in that year or the numbers of switches 
removed. Another example is the use of amalgams in 
dental work: there were no new studies available to 
characterize the number of amalgam versus ceramic 
fillings in place; thus, alternative estimates were used. 
Additional improvements for other product groups 
are required, and more data need to be collected to 
calculate better estimates.

2.4 KNOWLEDGE GAPS AND 
FUTURE DIRECTIONS FOR 
CANADA
The discussions above provide the current state of 
the Canadian pollution inventories for Hg (especially 
the NPRI). The following knowledge gaps have been 
identified and provide a guide for future work in this 
area. Natural emissions have not been considered in 
this chapter but are mentioned to provide context for 
the discussion of re-emission inventories.

For the emissions inventories from 1990 through 
2010, many knowledge gaps remain, including  
the following:

• An evaluation of the comprehensiveness of the 
NPRI reported emissions is necessary. Currently, 
facilities are required to estimate their releases 
based on information that they have available. 
Thus, if no information is available to them, the 
source and emissions may not be reported.

• Detailed information on the reported emissions 
from various sources to the NPRI is required to 
ensure proper reconciliation with area source 
estimates and to facilitate emissions projections.

• Little information is available on how compliant 
emissions are with regulations (where in place) 
and how much Hg is emitted per unit product.

• For some specific sectors, additional testing and 
research are required to evaluate the Hg in the 
original resources (e.g., oil sands) to determine 
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technological changes, and changes in product 
lifecycles. Verification of the reported production data 
or technology performance is required to better assess 
and independently verify actual emissions. Improved 
characterization and content of Hg in fuels, including 
an update of Canada-specific emission factors, would 
considerably improve the quality of emissions data for 
large-scale point source emitters such as coal-fired 
power plants.
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3A.2 MERCURY EMISSIONS  
FROM SOILS
Mercury is a highly toxic and mobile contaminant, 
making it both a regional and global concern. It is 
present in ecosystems in several different forms, 
including gaseous elemental mercury (Hg0), reactive 
gaseous mercury (RGM), total particulate mercury, 
dissolved divalent mercury (Hg2+), and methylmercury 
(MeHg) (Pehkonen and Lin, 1998; Lindberg et al., 
2007). Methylmercury can bioaccumulate and 
biomagnify under natural conditions and poses a risk 
to humans, wildlife, and organisms in aquatic habitats 
(Mergler et al., 2007).

Mercury vapour exists in the soil pore space, primarily 
as Hg0, and in concentrations observed to range 
from 1 to 53 ng m-3 (Johnson and Lindberg, 1995; 
Bahlmann et al., 2006; Gustin et al., 2008; Pirrone 
et al., 2009). Mercury is vertically well-mixed in the 
troposphere, and concentrations at background sites 
range from 1 to 4 ng m-3 (Iverfeldt and Lindqvist, 
1986; Lin and Pehkonen, 1999). Global Hg cycling 
models estimate that between 50% and 70% of the 
Hg in the atmosphere is wet- or dry-deposited onto 
land surfaces (Mason et al., 1995; Mason and Sheu, 
2002; Lindberg et al., 2007). These land surfaces 
have been estimated to re-emit from 14% to 24% 
of the total atmospheric burden (Mason et al., 1995; 
Mason and Sheu, 2002), thus making land surfaces an 
important atmospheric Hg source and sink (Fitzgerald, 
1995; Mason et al., 1995; Da Silva et al., 2009). 
Mercury emissions from soils have been identified as 
a major contributor to global atmospheric Hg. Volatile 
Hg0 can be emitted from soil surfaces, oxidized in 
the atmosphere to Hg2+, dissolved and deposited via 
rainfall, and eventually reduced to Hg0 and re-emitted 
back into the atmosphere from soils (Figure 3.1).

Mercury emissions to the atmosphere can originate 
from numerous natural and anthropogenic sources; 
however, the relative contribution of each of these 
sources to the atmospheric Hg pool is debated in 
the literature. Research during the past decade has 
established the importance of soils in environmental 
Hg cycling, demonstrating that emission from soils 
may contribute substantially (700–1 000 Mg yr-1) 
to the global atmospheric load of Hg (Zhang and 

3A.1 INTRODUCTION
Mercury (Hg) is a naturally occurring, highly toxic, 
and very mobile element present throughout the 
environment. It is considered a global pollutant 
because it can undergo long-range transport via air 
masses, reaching remote regions. Soils, in particular, 
have the potential to be a large source or sink in 
the Hg cycle. While inherent soil characteristics 
(including soil texture, pH, electrical conductivity, 
organic matter, and substrate Hg concentration) and 
climate parameters (including solar radiation, soil 
moisture, and soil temperature) are believed to be 
important variables controlling elemental mercury 
(Hg0) emission from soils, there are insufficient 
studies accounting for these processes. Improved 
measurement methods also are required to explore, 
understand, and quantify the processes involved 
in Hg0 emission from natural soils and to refine 
Hg transport models. Although a large body of 
literature is available on the levels and behaviours 
of Hg0 emissions at the soil-air interface, there 
are no investigations comprehensively addressing 
the physico-chemical processes controlling Hg0 
emissions from Canadian soils.

This chapter is structured in 9 sections. Sections 
2 and 3 discuss Hg0 emissions from soils to 
the atmosphere and the chemical speciation of 
mercury in soils. Sections 4 and 5 detail Hg0 flux 
measurement methods and current discrepancies 
in soil Hg0 flux numbers. Section 6 investigates 
how various abiotic and biotic factors affect soil 
Hg0 fluxes. Hg0 fluxes from soils across Canada are 
presented in section 7. The chapter ends with a 
conclusion (section 8) followed by a discussion of 
knowledge gaps (section 9). Throughout this chapter, 
the term volatile Hg0 rather than gaseous elemental 
mercury (GEM) is used to describe elemental 
mercury in soil because the phase of elemental 
mercury in soil is currently unclear.
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has more than tripled over the past century (Selin et 
al., 2007; Mason, 2009; Pirrone et al., 2009; Smith-
Downey et al., 2010). A comprehensive assessment 
of Hg0 emissions in Canada by Richardson et al. 
(2003) showed that soil contributes 45% of the total 
110 Mg yr-1 natural Hg0 emissions. In Canada, only 
localized estimates of Hg0 inputs to atmosphere from 
natural sources exist. Because of the lack of empirical 
data and the heterogeneous nature of Hg in soil systems, 
accurate emission estimates cannot be made 
(Rasmussen et al., 1998, Richardson et al., 2003).
Generally, background Hg concentrations of soil 
vary widely from place to place. Soils enriched in Hg 
by natural geologic processes may contain 100 to 
200 µg g-1, while background soils generally contain 
between 0.01 to 0.05 µg g-1 (Rundgren et al., 1992; 
Gustin et al., 1995; Schluter, 2000). In a geothermal 
zone in China, soil Hg concentrations < 60 µg g-1 were 
defined as background concentration, and higher 
concentrations as anomalous. In a mineralized area in 
Germany, soil Hg concentrations as high as 1 800 µg 
g-1 were found, clearly exceeding typical background 
concentrations found in other parts of country (< 200 
µg g-1) (Schluter, 2000; During et al., 2009).

Lindberg, 1999; Gustin and Lindberg, 2000; Engle 
et al., 2001; Coolbaugh et al., 2002; Engle and 
Gustin, 2002; Gustin, 2003). Selin and Jacob (2008) 
estimate Hg0 emissions from land at 2 200 Mg yr-

1. Other recent models have used a value of 2 000 
Mg yr-1 (Seigneur et al., 2004; Lindberg et al., 2007; 
Selin et al., 2007). Modelled estimates of global Hg0 
emissions from natural sources vary widely, largely 
due to a lack of sufficient quantitative data on Hg0 
emissions from natural surfaces (Pirrone et al., 2009). 
Based on these studies, on average, forests account 
for 22%, agricultural locations 8%, other vegetated 
regions 27%, deserts and metal-rich locations 30%, 
and volcanoes 5% of total emissions. Most of the 
emissions are from tropical regions (53%), compared 
with temperate regions (39%), with the polar 
regions being a minor source (8%). The emissions 
from oceans, which constitute 70% of the surface 
of the earth, is 2 680 Mg yr-1. In contrast, emission 
from the land (30% of the surface) is 1 850 Mg yr-

1. Therefore, average emissions per surface area 
from the land exceeds that from the ocean (Bash et 
al., 2004; Pirrone et al., 2009). According to recent 
models, the concentration of Hg0 in the atmosphere 

FIGURE 3A.1  Diagram of factors affecting Hg0 emission from soils
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atmospheric deposition on a time scale of months to 
years. The interaction of Hg and organic matter can 
be partially explained by Hg attraction to the cation 
exchange sites and also to nitrogen (N), sulphur (S) 
and oxygen (O)-containing active sites on organic 
matter. Ionic mercury, Hg2+, binds to reduced sulphur 
groups in soil organic matter with very high affinity 
(Skyllberg et al., 2000; Haitzer et al., 2003; Khwaja et 
al., 2006) and is protected against reduction to Hg0 
until the organic matter is decomposed (Wickland et 
al., 2006; Fritsche et al., 2008) or volatilized by fire 
(Friedli et al., 2003; Turetsky et al., 2006).

The third pool, surface-adsorbed Hg, is derived from 
atmospheric deposition of Hg2+ and Hg0 to soil and 
leaf surfaces. Divalent mercury can weakly bind to 
negatively charged clay colloids, but processes such 
as cation exchange and water addition can easily 
displace Hg2+ from soils and lead to evasion (Farella 
et al., 2006). Mercury interacts with soil colloids by 
adsorption-desorption and precipitation-dissolution 
reactions (Schroeder et al., 2005). Adsorption occurs 
by ion exchange and by binding to sorption sites on 
clay colloids. Mercury can associate with hydrated 
ferric oxides in soils by forming 2 bridges with 
hydroxyl groups and can co-precipitate or adsorb 
to phosphate, carbonate, and sulphates (Schuster, 
1991). The surface adsorbed Hg is labile and relatively 
short-lived, providing an important source of soil 
Hg0 emissions. Elemental mercury is not stored in 
soils on long time scales, but is revolatilized to the 
atmosphere.

For Hg2+ to be released from the soil in its elemental 
form (Hg0), reduction must occur via biotic processes 
(Barkay et al., 1989, 2003; Mason et al., 1995, 
Siciliano et al., 2002) or abiotic processes involving 
sunlight and redox reactions with organic acids 
such as fulvic or humic acids (Allard and Arsenie, 
1991; Amyot et al., 1994, Costa and Liss, 1999; 
Schluter, 2000; Pirrone et al., 2001; Smith et al., 
2002; Yang et al., 2007; Terkhi et al., 2008; Gu et al., 
2011). However, the reverse process, oxidation of 
Hg0 to Hg2+, is also important, decreasing Hg0 levels 
in the environmental systems and increasing the 
concentration of Hg2+, the substrate for methylation. 
Abiotic oxidation of Hg0 occurs in the atmosphere 
(Lindberg et al., 2007), natural waters (Siciliano et al., 
2002), and soils (Thoming et al., 2000). Biologically 

3A.3 MERCURY SPECIATION  
IN SOILS
Mercury in the terrestrial environments can occur 
as volatile Hg0, Hg2+, and organic mercury, such as 
MeHg and ethylmercury (Schuster, 1991; Schluter, 
2000; Gabriel and Williamson, 2004). Most forms of 
Hg in soils constitute interchangeable associations of 
Hg2+ with organic or inorganic ligands (e.g., C1-, S2

-, 
and organic matter). Mercury species in soils may 
alter due to changes in soil moisture, temperature, 
electrical conductivity, redox potential, and pH. 
Processes such as chelation, ion exchange, inner 
and outer sphere complex formation, adsorption, and 
co-precipitation are likely to occur with soil organic 
matter (Celi et al ., 1997), and the type of interaction 
depends mainly on the chemical structure of the 
organic matter. Soil Hg can be divided into 3 pools, 
depending on its association in the soil matrix: (1) 
mineral Hg (contained in the soil mineral fraction), (2) 
Hg bound to organic carbon complexes, and (3) Hg 
adsorbed to the surface of soil particles.

Mineral Hg is derived directly from soil parent 
material. Although the total Hg content of the mineral 
fraction of soils is generally low (<0.01 µg g−1) 
(Friedli et al., 2003), because of the large amount 
of soils, this is the largest pool of Hg in the global 
environment (Schluter, 2000; Gustin et al., 2006). 
Soil texture and clay mineralogy (e.g., cinnabar, 
kaolinite, montmorillonite, smectite, and goethite) are 
important in determining the interaction of Hg with soil 
minerals (Parson and Percival, 2005). In a study from 
Kejimkujik National Park, Nova Scotia, the highest Hg 
concentrations were observed in the Ah-horizon (0.46 
µg g-1) followed by the O horizon (0.41 µg g-1), and 
then by the C horizon (0.30 µg g-1) (O’Driscoll et al., 
2005). The release of Hg from the mineral pool to the 
soil atmosphere is controlled by weathering over long 
time scales.

The second pool, organically bound Hg, is derived 
from atmospheric deposition to soils and vegetation. 
Substantial quantities of Hg are thus associated with 
organic matter in terrestrial ecosystems, and large 
pools of atmospherically derived Hg can be retained in 
surface litter (Munthe et al., 1995; Grigal, 2003). The 
organically bound soil Hg is retained Hg derived from 
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trap interferences. However, alternate measurements 
on gold traps reduce the time interval between flux 
measurements from 10–20 minutes to 5–10 minutes, 
thus increasing the resolution to study short time-
scale processes (O’Driscoll et al., 2007).

In contrast, the MBR method requires several 
assumptions in the model to derive a flux 
measurement. Micrometeorological methods are 
founded on the assumption that, given a stationary 
(constant in time) and horizontally homogeneous 
turbulent field, there is an atmospheric layer near the 
surface in which the vertical fluxes of conservative 
quantities are constant with height. As a result, the 
fundamental assumption is that the surface flux of 
the quantity in question is equivalent to the vertical 
flux measured at some height within this atmospheric 
surface layer (Duyzer and Fowler, 1994; Grünhage et 
al., 2000). This method requires the measurement 
of varying environmental conditions (such as wind 
velocity and turbulent mixing) for Hg flux data 
acquisition, which introduces sampling bias; therefore, 
the acquired data may not be correct representative 
of the sampling site (Gustin et al., 1999). Gustin et 
al. (1999) showed that the MBR micrometeorology 
technique measured daytime flux rates approximately 
3 times higher than those measured by flow-through 
chamber methods at the same location.

Several flow-through flux chamber designs have 
been employed in Hg research. Lindberg et al. (1999) 
developed a rectangular Teflon box design that has 
since been employed for Hg flux studies (O’Driscoll et 
al., 2003). Other researchers have employed similar 
rectangular or spherical designs made from various 
plastic (García-Sánchez et al., 2006) and metal 
materials (Schroeder et al., 1989), some of which 
have been covered with Teflon (Poissant and Casimir, 
1998). Choosing the material for a chamber design is 
important, as it affects radiation transmission to the 
substrate and dissipation of heat in the chamber, as 
well as the air flow rate through the chamber (Cobos 
et al., 2002).

While flux chambers may be more accurate for 
small controlled areas, they may not represent 
heterogeneous field conditions as accurately as 
micrometeorological methods (e.g., aerodynamic 
methods, gradient methods, eddy accumulation 

induced oxidation of Hg0 is the least explored step in 
the Hg biogeochemical cycle (Lin et al., 2012). Aerobic 
soil bacteria, Bacillus and Streptomyces species, 
have high levels of Hg0 oxidizing activity, suggesting a 
potential role for microbial oxidation in the cycling of 
Hg in the environment (Smith et al., 1998).

3A.4 SOIL MERCURY FLUX 
MEASUREMENT METHODS
Two main techniques are currently employed for 
in situ soil-to-air flux measurements: (1) dynamic 
chamber methods (Carpi and Lindberg, 1998; Poissant 
and Casimir, 1998; Campbell et al., 2003), and (2) 
micrometeorological or modified Bowen ratio (MBR) 
methods (Lindberg et al., 1995; Poissant et al., 2000). 
No standard shape, size, or turnover time (volume of 
air in chamber/flow rate of air through chamber) has 
been applied for field chambers. Chamber volumes 
have ranged from 1 L to approximately 30 L, and 
turnover time from 0.1 min to approximately 15 min. 
In addition, laboratory gas exchange chambers have 
been used to develop a minimum estimate of flux 
and quantitatively characterize factors controlling Hg 
emissions from various substrates (Lindberg et al., 
1979; Gustin et al., 1997, 1999).

Within each broad class, there are many different 
analytical designs, mathematical assumptions, and 
sources of errors. Flow-through chamber methods 
all operate using the principle outlined by Carpi 
and Lindberg (1998). Mercury flux from a substrate 
surface can be measured from the Hg concentration 
difference between the incoming and outgoing air 
from a chamber placed tightly on the substrate. In this 
technique, the following equation applies:

       (Ci – Co) 
F =  ——— Q
            As

where F is rate of flux (ng m-2 h-1); Co is the Hg 
concentration outside the flux chamber (ng m-3); Ci 
is the Hg concentration inside the flux chamber (ng 
m-3); As is the area of substrate covered by the flux 
chamber (m2); and Q is the flow rate of air through 
the chamber (m3 h-1). Increased replicates of inside 
and outside measurements lead to greater analysis of 
deviation and reduce the likelihood of bias due to gold 
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3a.5 Discrepancies in Soil Hg0 Emission 
Values

Mercury volatilization from the soil is considered to 
be a significant process on a global scale; however, 
the estimate of emissions vary widely (Nriagu, 1989; 
Lindqvist et al., 1991; Fitzgerald, 1995; Lindberg  
et al., 1998; Ebinghaus, 1999; Pacyna et al., 2001). 
In the conterminous United States (48 states south 
of Canada), soil is considered to be enriched in Hg 
when concentrations are > 0.1 µg Hg g-1 (Connor 
and Shacklette, 1975; Cobbett and Van Heyst, 2007; 
Gustin et al., 2008). Carpi and Lindberg (1998) 
estimated that low Hg-containing soils may account 
for the emission of 1 000 Mg yr-1 of Hg0 to the 
atmosphere, and total terrestrial Hg0 emissions may 
equal or exceed the total marine emissions. Mason 
and Sheu (2002) estimated that global emissions of 
natural and previously deposited anthropogenic Hg 
from terrestrial ecosystems account for more than 
1600 Mg yr-1 and are comparable in magnitude to 
annual anthropogenic emissions (2 200 Mg yr-1). 
Although the atmosphere has been most enriched 
by anthropogenic Hg0 emissions, the largest 
reservoirs of Hg are contained in terrestrial soils, 
sediments, and subsurface ocean waters (Selin et 
al., 2007; Mason, 2009; Sunderland et al., 2009). 
Therefore, there are considerable variations in 
published estimates of the contribution of Hg0 to the 
atmosphere from natural soil surfaces. Hence, there 
is a high degree of uncertainty with respect to Hg0 
emissions from terrestrial soils. Since terrestrial soil 
with low Hg concentrations covers large surface 
areas of the globe, even small fluxes of Hg have 
an important impact on scaling calculations (Nater 
and Grigal, 1992). Global anthropogenic emissions 
inventories of Hg0 from major sources, such as 
fossil fuel combustion, waste incineration, and 
metal smelting, have been compiled (Pacyna et al., 
2010) (Chapter 2); however, for Hg0 emissions from 
natural soils, vegetation, and water bodies, only 
order-of-magnitude estimates are currently available 
(Schroeder et al., 1989, Schroeder et al., 2005, 
Sunderland et al., 2009, Smith-Downey et al., 2010).

methods and the MBR method). Micrometeorological 
techniques provide a means of calculating a 
continuous gas flux using the measurement of 
short-term changes in temperature and various gas 
concentrations, with little disturbance of the study 
area surface. A comparison of Hg fluxes between 
studies should be interpreted with great caution. 
For example, one of the very few studies that used 
2 dynamic flux chambers simultaneously within a 
small distance found high variation in the Hg fluxes 
measured in duplicate (Magarelli and Fostier, 2005). 
In situ measurements of Hg0 are time-consuming, 
expensive, and affected by many environmental 
variables. Researchers have conducted soil Hg 
emissions inter-comparison studies using different 
methodologies and operating procedures (e.g., 
micrometeorological methods and dynamic flow-
through chambers) under field conditions with mixed 
results (Kim and Lindberg, 1995; Carpi and Lindberg, 
1998; Poissant and Casimir, 1998).

Currently, there is no standard field methodology for 
measuring Hg0 emission from soils, which makes 
comparisons of measured soil Hg0 emissions carried 
out using different methods difficult. In natural 
terrestrial ecosystems, the behaviour of Hg0 at the 
soil-atmosphere interface is controlled by fundamental 
soil properties (total Hg content, pH, electrical 
conductivity, organic carbon, and soil texture), 
biological processes, and meteorological parameters 
(e.g., temperature, moisture, solar radiation, relative 
humidity, wind speed, and wind direction) (Barkay et 
al., 1989; Carpi and Lindberg, 1997; Bahlmann et al., 
2006; Fritsche et al., 2006; Almeida et al., 2009; Choi 
and Holsen, 2009; During et al., 2009; Baya and Van 
Heyst, 2010; Gu et al., 2011). The interactions among 
these biotic and abiotic factors lead to high spatial 
and temporal variability in Hg0 emissions estimates, 
making it imperative to study these in a variety of 
landscapes over a long time scale. Standardizing the 
measurement methodology and carrying out longer-
term measurements of surface Hg fluxes would 
provide a better understanding of biogeochemical 
mechanisms regulating air-surface Hg0 exchange 
processes, and thus an improved capacity to estimate 
natural Hg emissions in Canada (Rasmussen  
et al., 2005).



62

Canadian Mercury Science Assessment – Chapter 3a

flux versus time suggest that the initial response to 
moisture may exhibit first-order behaviour, although 
no exact process was identified to explain the 
increasing soil moisture effect.

Song and Van Heyst (2005) ruled out biological 
reactions as the main process responsible for the 
enhancement of Hg0 emissions from the soil in 
response to precipitation events, as the Hg0 emission 
process is rapid, whereas biological processes 
typically require time for the microbial community 
to establish, reproduce, and influence volatilization. 
Hence, further research is required to clarify the 
mechanisms by which soil moisture affects Hg0 
emissions in soils. In particular, controlled analysis 
of soil moisture manipulation studies and the effect 
of water-filled pore spaces on Hg0 emissions are 
required to help elucidate the role of precipitation in 
enhancing Hg flux in soils.

3a.4.2 Soil Temperature and Radiation

Many studies have reported a strong relationship 
between temperature and Hg0 emission rates for 
background and contaminated soils (e.g., Carpi 
and Lindberg, 1998; Poissant et al., 1999, 2004; 
Beauchamp et al., 2002; Engle and Gustin, 2002; 
Choi and Holsen, 2009). Researchers have found the 
highest Hg0 emission rates from soils in summer and 
in the afternoon, and the lowest rates in winter and 
during the night. Gustin et al. (2004) and Baya and 
Van Heyst (2010) speculated that these patterns are 
a result of temperature cycles; however, they could 
also be due to radiation cycles or effects of biological 
factors. Furthermore, Carpi and Lindberg (1998) and 
Gustin et al. (2006) also suggested that solar radiation 
has a direct effect on soil-to-air fluxes. However, these 
measurements are complicated due to correlations 
with soil heating in the field by ultraviolet (UV) 
radiation, comprising UV-A (320 to 400 nm), UV-B (280 
to 320 nm), and UV-C (100 to 280 nm) wavebands. 
Solar radiation below 300 nm is not significant at the 
earth’s surface because of absorption by the upper 
and middle atmosphere (Woods, 2008).

3a.6 Variables Affecting Hg0 Emissions 
From Soils

In order to estimate Hg0 emissions from soils, the 
processes controlling emissions and their relative 
influence must be understood. A number of studies 
have attempted to measure the rate at which Hg0 is 
emitted from or deposited to soil in relation to different 
environmental parameters, such as air and soil 
temperature, relative humidity, solar radiation, organic 
matter, and microbiological factors. A summary of the 
impact of these factors on Hg0 emission from soils is 
presented in this section.

3a.4.1 Soil Moisture

Rising soil water content can promote the aqueous 
reduction of Hg2+ to Hg0, with subsequent volatilization 
to atmosphere (Johnson and Lindberg, 1995; Gillis 
and Miller, 2000; Song and Van Heyst, 2005). Previous 
studies have demonstrated that small additions of 
water (similar to what would be experienced during a 
medium-strength rainstorm) can greatly enhance Hg0 
emissions from soils (Gustin and Stamenkovic, 2005). 
Detailed studies of the effects of precipitation events 
on Hg fluxes in soil indicate that Hg flux may depend 
upon the pool of Hg0 available for release from the soil 
to atmosphere (Lindberg et al., 1999; Wallschläger 
et al., 2000; Song and Van Heyst, 2005). A similar 
moisture-related flux effect has been observed with 
the release of organic chemicals such as trifluralin 
(a pesticide) (Bardsley and Walker,1968). Gillis and 
Miller (2000) reported that Hg flux from a sandy 
loam soil increased from -0.4 to 0.15 ng m-2 h-1 with 
increasing soil water content. The fluxes peaked when 
two-thirds of the soil pore spaces were filled with 
water and then decreased slightly until saturation. 
Lindberg et al. (1999) proposed 3 mechanisms that 
could be associated with the enhanced release of 
Hg0 observed with a precipitation event on a dry 
desert soil: (1) physical displacement of Hg0-enriched 
soil gas by water gradually filling the soil pores; (2) 
replacement of Hg0 adsorbed to the soil by water 
molecules; and (3) desorption of Hg2+ bound to the soil 
and subsequent reduction to Hg0 through abiotic or 
biotic factors. The authors suggested that the increase 
in Hg flux was related to soil physical or chemical 
interactions. The shapes of the response curves of 
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did not have a significant effect (p < 0.001) on Hg 
flux from any of the soil samples. UV-B radiation has 
been found to have a much greater effect on Hg flux 
from soils (Bahlmann et al., 2006; Xin and Gustin, 
2007). To account for the differences in Hg flux from 
soil after exposure to the 2 different wavebands of 
radiation, Xin and Gustin (2007) proposed that UV-A 
exposure promotes the release of Hg0 adsorbed to soil 
particles while UV-B directly converts Hg2+ to Hg0 in 
the soil. Solar-radiation-induced Hg flux independent 
of soil temperature is significant, as it means that 
soils can release Hg0 even when the temperatures 
are low in the winter months (Gustin et al., 2002). 
Bahlmann and Ebinghaus (2003) calculated the half-
lives of radiation-induced Hg flux to be 20 and 63 h 
over dry and wet soils, respectively. Under natural 
environmental conditions, the short half-lives of solar 
radiation-induced fluxes may not be an appreciably 
limiting factor, as recharge of Hg0 in the soil is very 
probable, either by diffusion of Hg0 to the soil surface 
or by wet or dry deposition of Hg complexes.
Schluter (2000) proposed that most of the Hg0 emitted 
from soil is from the surface horizons. In these upper 
layers, Hg0 may be desorbed by surface processes 
such as increases in soil temperature, thermal 
exchange of Hg0 sorbed onto soil particles with water 
molecules or sunlight-enhanced reactions in which 
Hg2+ is reduced by humic substances, increasing the 

Solar radiation is expected to cause an increase in Hg 
flux from soils, as it is highly correlated with increased 
soil temperature (Scholtz et al., 2003), which is known 
to enhance Hg flux from soil (Choi and Holsen, 2009). 
This radiation-induced Hg flux may be partially due 
to photochemical reduction mechanisms; however, 
the exact mechanism for photo-induced Hg0 emission 
is unknown. Many authors have hypothesized there 
is a radiation-induced mechanism separate from 
soil temperature that promotes the photochemical 
reduction of Hg2+ and subsequent release of the 
newly formed Hg0 into the atmosphere (Carpi and 
Lindberg, 1997; Gustin et al., 2002; Bahlmann et al., 
2006). This radiation-induced reduction of Hg2+ has 
been observed in aqueous solutions under simulated 
radiation (Liu et al., 2000; Siciliano et al., 2002; 
O’Driscoll et al., 2005, 2006 and 2007). The effect of 
solar radiation on Hg0 volatilization from soil has also 
been investigated, but the precise mechanisms have 
yet to be determined and their importance has yet to 
be quantified.

Exposure to UV-A radiation has been reported to 
have a very minimal effect on Hg flux from soil, with 
flux differing little from that observed during dark 
conditions (Xin and Gustin, 2007; Choi and Holsen, 
2009). Choi and Holsen (2009) observed that UV-A 
radiation coming from a UV tube of 365 nm and 4 W 
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3a.4.3 Soil Organic Matter

Mercury exhibits a great affinity for organic matter 
(both solid and dissolved forms) in terrestrial 
(Schuster, 1991) and aquatic (Ravichandran, 2004) 
environments, owing to the strength of its complexes 
with hydroxide- (OH-), sulphide- (S2

-), and S- containing 
functional groups of organic molecules. Carbon- and 
nitrogen-containing organic functional groups, also 
present in high abundance, are weak binding agents 
with Hg compared with reduced S groups, present 
in lower abundance. Contrary to the above findings, 
O’Driscoll et al. (2006) found that dissolved organic 
matter samples from lakes in Quebec contained more 
ester-bound sulphates than cysteine and methionine 
forms of reduced sulphur. They proposed that 
carboxylic acid functional groups were important to Hg 
dynamics in lake samples because of available and 
reactive binding sites.

Processes such as chelation, ion exchange, inner 
and outer sphere complex formation, adsorption, and 
co-precipitation are likely to occur between Hg and 
soil organic matter (Celi et al., 1997), and the type of 
interaction depends mainly on the chemical structure 
of the organic matter. As a result, the sorption capacity 
for Hg depends not only on the amount of organic 
matter but also its quality. Some strong organic 
ligands are important because they can form highly 
stable bonds with Hg (e.g., reduced sulphide species) 
that may lower the availability of Hg2+ for redox 
reactions or methylation (Reddy and Aiken, 2001; 
O’Driscoll et al., 2005; Dittman et al., 2010; Gu  
et al., 2011).

Results of a study of soil organic matter-Hg2+ 
complexation by Skyllberg et al. (2006) indicated 
that organic components were even more relevant 
in Hg adsorption at higher Hg concentrations. This 
was attributed to the larger adsorption capacity of 
organic matter than of mineral colloids. Lindberg et 
al. (1979) found that the organic-associated fraction 
(extracted with sodium bicarbonate (NaHCO3)) 
accounted for 200 times more Hg than the cation-
exchangeable fraction of Hg-contaminated soil. Based 
on indirect experimental evidence, some speculate 
that S-containing thiol functional groups on natural 
organic matter are the principal ligands binding Hg2+ 
(Schuster, 1991). Skyllberg et al. (2006) conducted a 

pool of gaseous Hg0 available for emission (Pehkonen 
and Lin, 1998; Zhang and Lindberg, 1999; Scholtz 
et al., 2003). Gustin et al. (2006) investigated the 
effect of temperature on soil-air Hg0 exchange for 
low Hg-containing soils (<0.1 µg g-1) in Nevada and 
Oklahoma, United States, under field conditions. 
They found lower Hg0 emissions when soils were dry 
and temperatures were low. However, daytime Hg0 
emissions were greater (0.6 ± 0.9 ng m-2 h-1) than 
those at night (0.2 ± 0.5 ng m-2 h-1) as a result of high 
daytime soil temperatures. Similarly, as temperatures 
increased in April compared with March, the soil Hg 
flux also increased, and a positive correlation was 
found with soil temperature. Mesocosm analyses in 
the same study found that the flux increased from 
-0.3 ng m-2 h-1 in winter to 4.2 ng m-2 h-1 in summer, 
corresponding to increasing temperature, and 
declined from July to October owing to decreasing 
temperature. These studies demonstrate the 
importance of seasonal temperature fluctuations on 
Hg0 emissions.

In another field study of soils (5–10 cm depth) in the 
northeastern United States, Sigler and Lee (2006) 
found higher Hg0 emissions during the mid- to late 
summer, which decreased during the autumn and 
became negative during the winter. They proposed 
that the Hg0 bound to overlying soil layers may be 
desorbed by an increase in soil temperature, thereby 
increasing the pool of gaseous Hg0 available for 
emission in soil air spaces. Gillis and Miller (2000) 
showed that Hg0 emission rates in low-Hg, fine sandy 
loam soil can be largely explained by variations in 
surface soil temperature and by the Hg0 concentration 
gradient between the soil air and the ambient 
air above it. They found that Hg flux was highly 
correlated with 24 h soil temperature (r = 0.88) and 
moderately correlated with air temperature (r = 0.58). 
Poissant and Casimir (1998) studied the temperature 
dependence of Hg fluxes over the soil surface by 
considering Hg flux as a thermally enhanced emission 
process and found a strong correlation (r = 0.87) 
between the reciprocal of absolute temperature of the 
soil (at 5 cm depth) and the natural log (ℓn) of Hg flux. 
Their study suggested that water molecules in the soil, 
which require high levels of activation energy because 
of different diffusion characteristics, or intermediate 
steps such as biotic or abiotic reduction of Hg2+ to Hg0, 
may also be involved in Hg0.
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observed that the production of Hg0 is linked to the 
bioavailable fraction of Hg2+ rather than to total Hg2+. 
Soil properties influence not only the bioavailability of 
Hg2+ but also the rate of microbial transformation and 
affinity of the soil for Hg0. Thus, biotic processes were 
found to have a relatively constant influence on the Hg 
reduction process in soils, whereas abiotic processes 
have a lesser and more variable influence.

The reduction of Hg2+ to volatile Hg0 is a process that 
may limit the Hg concentration of the substrate for 
methylation reactions (Zhang et al., 2001; Fitzgerald 
and Lamborg, 2003) and is mediated by a bacterial 
enzyme, mercuric reductase (merA). Along with 
photochemical processes, merA affects Hg mobility 
and bioavailability by converting water-soluble 
inorganic Hg and MeHg to Hg0. This is a detoxification 
process, as evidenced by the resumption of microbial 
growth after the removal of the gaseous form of Hg0 
(Barkay et al., 2003). Poulain et al. (2007) detected 
merA genes and transcripts in high-Arctic microbial 
biomass that contained microbes inhabiting polar 
environments. This study suggests that Hg-resistant 
organisms are present and active in Arctic coastal 
environments, where critical redox transformations 
of Hg occur and where MeHg is accumulated in the 
marine food chain. Furthermore, models suggest an 
important role for merA in the production of Hg0 in the 
high Arctic. Rolfhus and Fitzgerald (2004) suggested 
that microbial reduction can account for a significant 
component of the Hg redox cycling in temperate 
coastal marine systems (up to 20% of the pool of Hg0).

Fritsche et al. (2008) found that Hg0 fluxes changed 
from emissions of 4 and 0.5 ng m-2 hr-1 to depositional 
fluxes (or negative flux) of 1.2 and 0.5 ng m-2 hr-1 
following sterilization of soil samples by autoclaving. 
The severe heat and pressure of autoclaving could 
have completely depleted the Hg0 available for 
emission or directly stopped Hg0 emissions from the 
soils by inhibiting microbial activity. However, after 
sterilized soil samples were inoculated with a few 
grams of untreated soil, a significant Hg0 emission 
flush from slightly negative values to 30 ng m-2 
hr-1 was observed, indicating intensified microbial 
activity after inoculation. Similarly, a significant 
reduction of Hg0 fluxes from soil was observed in 
chloroform-fumigated samples (from 5–10 ng m-2 hr-1 
to 2–3 ng m-2 hr-1), which also showed inhibition of 

study in soils with high levels of organic matter but 
low levels of total Hg contents and found that Hg was 
complexed by 2 reduced organic S groups (thiols). 
On average, 20% of the reduced organic S groups 
represented high-affinity sites for Hg complexation. 
These high-affinity S groups were thiols, sulphides, 
disulphides, polysulphides, and thiophenes.

Smith et al. (2002) compiled data from the literature 
and reported that the tendency to form Hg-organic 
ligand complexes by these groups decreased in the 
order thiol, amino acid, carboxyl acid at pH 7. Xia 
et al. (1999) concluded that Hg2+ prefers reduced 
S-containing functional groups over other functional 
groups (carboxylic, phenolic, etc.) in humic acid. 
Based on research to date, the relationship, if any, 
between organic functional groups and Hg cycling 
in terrestrial soils is unclear. There are still gaps 
in the literature in the characterization of relevant 
Hg-binding organic functional groups and their 
relationship to Hg speciation and oxidation-reduction 
dynamics in soils.

3a.4.4 Microbiological Factors

The rate of Hg0 emission to the atmosphere depends 
on the size of the Hg0 pool in soils, the supply rate of 
Hg0 from the underlying parent material, and the soil 
characteristics, including total Hg content, porosity, 
soil moisture, soil temperature, and pH (Zhang and 
Lindberg, 1999; Siciliano et al., 2002; Gabriel and 
Williamson, 2004). The reduction of Hg2+ to Hg0 in 
soils depends on ambient environmental conditions. 
Abiotic factors such as photoreduction (Lindberg, 
1997; Bahlmann and Ebinghaus, 2003; Carpi and 
Gustin et al., 2004) in the presence of humic and 
fulvic substances (Schluter, 2000; Ravichandran, 
2004) or in the presence of  reactive Fe+2 adsorbed to 
mineral surfaces, which acts as a reductant (Charlet 
et al., 2002), play an important role. In addition to 
abiotic factors, a wide range of bacteria can detoxify 
inorganic and organic Hg compounds through the 
reduction of Hg2+ to Hg0, which is then lost in the 
vapour phase (Summers and Silver, 1978; Bahlmann 
and Ebinghaus, 2003). Schluter (2000) concluded that 
the induction of biotic Hg reduction seems to require 
high concentrations of bioavailable Hg. In another 
study from the high Arctic, Poulain et al. (2007) 
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natural settings and the complexity of Hg cycling 
necessitate a multidisciplinary, intensive effort 
aimed at better quantifying Hg fluxes and processes 
driving Hg0 exchange between the atmosphere and 
the chemically, physically, and biologically diverse 
surfaces in Canada.

Mercury can accumulate in soils and be released 
to air or water, depending on the geochemical and 
biological conditions. In a study from Kejimkujik 
National Park, Nova Scotia, Boudala et al. (2000) found 
that the Hg fluxes over soil surfaces ranged from -0.3 
to 2.3 ng m-2 h-1. Mean Hg fluxes from forest soils 
varied from 0.4 to 2.2 ng m-2 h-1, while those from 
agricultural fields ranged from 1.1 to 2.9 ng m-2 h-1. At 
an open field site with full sun exposure in the same 
park, Beauchamp et al. (2002) observed a low average 
daily Hg flux of 0.9 ng m-2 h-1 over undisturbed glacial 
till soil, compared with a high Hg flux of 8.0 ng m-2 
h-1 from the same soil mixed over a depth of 2 m. The 
magnitudes of the fluxes are comparable to those 
observed by investigators at other soil sites across 
North America. Fluxes from forest soils in Nova Scotia 
varied from 0.4 to 2.2 ng m-2 h-1 (average of 1.1 ng 
m-2 h-1). These fluxes are similar to those reported by 
other researchers for forest soils in Sweden and in the 
United States (Xiao et al., 1991; Lindberg et al., 1998; 
Zhang et al., 2001), but are lower than those reported 
by Kim et al. (1995), Carpi and Lindberg (1998) and 
Ferrara et al. (1998). Mercury flux measurements 
in Kejimkujik Park were conducted at lower soil 
temperatures than in the latter studies and were 
measured under a closed canopy. Carpi and Lindberg 
(1998) observed changes in fluxes from the forest 
floor, with higher fluxes in April (7.0 ng m-2 h-1) under 
an open canopy, and lower fluxes (2.0 ng m-2 h-1) in 
June under a closed canopy, although temperatures 
were comparable. They attributed this difference to 
changing radiation regimes at the forest floor surface 
as the canopy filled in.

Schroeder et al. (2005) conducted Hg flux 
measurements at 2 agricultural sites in Ontario 
and one pasture site in Quebec. The mean fluxes 
measured from pasture and fallow fields in Ontario 
and Quebec were similar to one another (1.1 to 3.0 
ng m-2 h-1) but lower than those reported by Carpi 
and Lindberg (1998) (12.5 ng m-2 h-1) and Zhang et 
al. (2001) (7.6 ng m-2 h-1) at Nelson and Barn field 

microbial activity. Micro-organisms might reduce Hg2+ 
either directly, in order to detoxify their immediate 
environment, or indirectly, either by releasing 
organic matter bound Hg through decomposition 
or by converting organic substrate into compounds 
capable of Hg2+ reduction, e.g., humic and fulvic acids 
(Fritsche et al., 2008; Obrist et al., 2010). In another 
study, Choi and Holsen (2009) irradiated deciduous 
soils with gamma rays to eliminate biological activity 
and observed higher Hg0 emission fluxes from 
natural than from sterilized deciduous soils. Emission 
differences between sterilized and unsterilized soils 
were fairly constant, suggesting that biotic processes 
play an important role in the Hg0 emission process. 
Biotic reduction contributes to the Hg flux from natural 
water as well as from soils (Schluter, 2000; Barkay 
et al., 2003). Various bacteria strains have been 
shown to mediate reduction of bioavailable Hg by the 
Hg reductase enzyme encoded by the merA gene, 
and several studies have identified Hg reduction by 
heterotrophic bacteria (Mason et al., 1995; Siciliano 
et al., 2002; Rolfhus and Fitzgerald, 2004). A gap in 
this area of research concerns the biotic mechanisms 
controlling volatile Hg0 formation and release in 
natural background soils. The role of soil temperature 
and biotic processes exclusively affecting Hg0 
exchange in terrestrial background soils is not fully 
understood, and no controlled measurements of this 
kind have been made, primarily because of the lack  
of a widely accepted experimental methodology.

3A.5 MERCURY FLUXES FROM 
CANADIAN SOILS
Much of Canada is covered by various types of forest, 
and Hg fluxes from litter-covered forest soils are 
highly variable. Although data on air-surface exchange 
of Hg0 have begun to emerge for certain parts of 
the world (e.g., Sweden and the United States), a 
dataset is needed that reflects the diverse climates 
and environments in Canada. Canada’s total area 
of 997 000 000 ha is made up of approximately 
44% forest, 30.9% tundra and exposed rock, 8.2% 
wetlands, 7.9% freshwater, 6.7% grassland and 
cropland, and 2.3% glaciers, with large amounts 
of these areas being frozen for at least half of the 
year. The scarcity of reliable data on Hg fluxes from 
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(2002) study, compared with the solid in situ bedrock 
monitored in the British Columbia study, as well as 
lower temperatures and reduced sunlight at the 
Canadian site.

The introduction of Hg to agricultural land through 
the application of biosolids may increase the Hg0 pool 
available for volatilization to the atmosphere. Cobbett 
and Van Heyst (2007) used a micrometeorological 
approach to study gaseous Hg fluxes from an 
agricultural field amended with biosolids in southern 
Ontario over a 5-week period. The average Hg0 
flux was low, at 0.1 ± 70.2 ng m-2 h-1; however, 
different agricultural practices produced different Hg0 
concentrations in the study. Local harvesting effects 
from corn fields produced increased levels of Hg0. 
Application of biosolids to an adjacent field produced 
increased levels of RGM. In another study of natural 
background soils of southeast Canada, Bash et al. 
(2004) estimated that the soil emissions ranged 
from near zero to 2.3 ng m-2 h-1, with the higher 
rates corresponding to warmer agricultural sites. In 
agricultural regions, the soil emissions were estimated 
to be as high as 75% of the total terrestrial emissions 
for the southern parts of Canada and 65% for the 
northern parts of the country (Bash et al., 2004). 
Emission rates from soils were lower in forests than 
in agricultural lands due to the insulating effect of 
canopies on forest soils. Removal of vegetation cover 
of soils following intensive agricultural practices such 
as tilling exerts significant impacts on both terrestrial 
and aquatic environments. Monoculture practices and 
excessive soil reworking weaken soil aggregates, 
which become vulnerable to water and wind erosion. 
Worldwide, as much as 10 000 000 ha of arable soils 
disappear each year following erosion (Pickhardt and 
Fisher, 2007). Once Hg enters the soils through wet or 
dry deposition, Hg binds to terrestrial organic matter 
(Lucotte et al., 1995). These Hg-terrestrial organic 
matter complexes can then be transported from 
watersheds to lakes through surface runoff or erosion 
of soil horizons (Louchouarn et al., 1999; Mierle 
and Ingram, 1991; Wiener et al., 2006). In a study 
from Quebec, Caron et al. (2008) modelled the Hg 
in surface versus deep soil layers (S:V ratios), which 
were significantly higher in the agrarian soils (maize 
fields) than in the forested soils. For the agrarian soils, 
the S:V ratios ranged between 0.38 and 1.13, whereas 
for the forested soils, the ratios ranged between 0.19 

sites in Tennessee, United States. Since substrate 
concentrations were similar for the Nelson (0.06 
µg g-1) and Barn (0.11 µg g-1) sites and for fields in 
Ontario (0.01–0.05 µg g-1), the higher fluxes may 
be partially explained by the higher temperatures 
(20–36°C) at the US locations (Carpi and Lindberg, 
1998). Mercury fluxes from sandy substrates at a 
northern remote and a rural site in Quebec averaged 
0.44 and 5.9 ng m-2 h-1, respectively (Poissant et al., 
1998). Both sites were monitored during the month 
of August, but the Hg concentration in the substrate 
at the remote site was not measured. Therefore, it 
is not known whether the differences were due to 
differences in Hg substrate concentration differences, 
or to other factors. In contrast, average Hg fluxes from 
non-mineralized bedrock (granite/glacial till) at various 
sites in Quebec and Nova Scotia ranged from 0.03 
to 1.7 ng m-2 h-1, suggesting that bedrock in these 
locations is not a significant emitter of volatile Hg0 
(substrate concentration ranged from 0.005 to 0.250 
µg g-1) (Poissant et al., 1998; Boudala et al., 2000). 
These fluxes are slightly lower than the range reported 
for unaltered or undisturbed geological units with 
similar substrate concentrations in Nevada, United 
States (Engle and Gustin, 2002; Zehner and Gustin, 
2002; Nacht and Gustin, 2004).

Fluxes from naturally mercuriferous zones in Canada 
were much higher than those from background sites 
more representative of Canada’s landmass. Fluxes 
for all Hg-enriched sites in Canada ranged from 
91.8 to 1 760 ng m-2 h-1 for substrates containing 
elevated Hg concentrations of 125 µg g-1 (in British 
Columbia) to 180 µg g-1 (in Ontario). Fluxes from 
exposed mercuriferous shale units in Yukon (Selwyn 
Basin) and in Ontario (Rove Formation) were 9.1 to 
213.5 ng m-2 h-1 for Hg substrate concentrations of 
0.358 to 1.6 µg g-1. These observations are consistent 
with Hg fluxes reported from shale in Nevada (25.7 
to 31.9 ng m-2 h-1 for substrate concentrations 
ranging from 0.05 to 0.76 µg g-1 (Nacht and Gustin, 
2004)). Average Hg fluxes from a cinnabar-enriched 
site in central British Columbia (Pinchi Fault Zone) 
were 91.8 ng m-2 h-1 (substrate equal to 180 µg g-1), 
which are low compared with values reported by 
Gustin et al. (2002) for crushed ore (2 583 to 5 066 
ng m-2 h-1 for substrate Hg concentrations of 267 µg 
g-1). The difference may be explained by the greater 
surface area of the crushed rock in the Gustin et al. 
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relationships observed in mercuriferous regions. 
Another obstacle is the lack of data describing 
variations in Hg concentrations (and, more importantly, 
Hg speciation) in the surface soil layer. A dynamic 
scheme for scaling up that addresses water levels, 
vegetation, as well as seasonal effects, is needed.

3A.6 CONCLUSIONS
Mercury emissions from natural soils to the 
atmosphere constitute an important part of the 
global Hg cycle. However, the magnitude of Hg fluxes 
from soils is still poorly understood owing to lack of 
accurate and reliable data and of standard field and 
laboratory methods. There are spatial and temporal 
variations in Hg fluxes from soils across Canada under 
different land use practices, making it important to 
evaluate the effectiveness of current Hg models and 
improve emission estimates. Future work in soil Hg 
research should focus on clarifying the effects of 
mercury content, soil temperature, water content, 
radiation, and microbes on Hg0 emissions using 
a combination of controlled techniques and field 
experiments.

3A.7 KNOWLEDGE GAPS
1. Insufficient Hg0 emissions data are available from 

natural soils across Canada to quantify air-surface 
Hg0 exchange from terrestrial surfaces on regional 
or national scales, or to fully document temporal 
variations.

2. More data are needed on air-surface Hg0 
exchange rates from Canadian landscapes with 
varying geology, surface conditions, and soil 
chemistry.

3. Very little is known about Hg speciation in 
Canadian soils, the nature and concentrations 
of the Hg compounds, and reaction kinetics 
controlling Hg species conversions in soil 
solution.

4. Oxidation of Hg0 by abiotic or biotic processes 
may decrease net evasion of Hg0 from terrestrial 

and 0.40. Higher S:V ratios were found in reworked 
surface horizons than in the deeper horizons. The 
researchers demonstrated that most of the Hg in 
suspended particulate matter in the tributaries of 
adjacent Lake St. Pierre was associated with organic 
matter transported to aquatic environments following 
the erosion of agrarian soils.

There are a limited number of measurements of Hg 
flux from snow-covered soils; therefore, the dynamics 
of Hg0 air-snow exchange are not well understood. 
In particular, there are very few results of in situ Hg 
fluxes from snow-covered Hg-rich geological settings. 
Since a significant portion of Canada is covered 
with snow for extended periods, it is important to 
understand how snow affects the flux of Hg0 from 
natural surfaces. Mercury fluxes averaging 0.09 ± 
0.03 ng m-2 h-1 were measured over background soil 
with a fresh snow cover in Elora, Ontario (Schroeder 
et al., 2005). Mercury fluxes from a snow-covered 
surface were very similar for southern Quebec (0.07 
ng m-2 h-1) (Poissant et al., 2004). Estimates of Hg0 
evasion from Canadian Arctic soils are not available, 
although limited data exist for moss-covered 
substrates and bedrock at 2 sites: (1) MacMillan Pass, 
Yukon, where the shale is naturally enriched in Hg, 
and (2) Kuujjuarapik, Quebec, which has background 
levels of geological Hg (Schroeder et al., 2005). 
Emissions of Hg0 from moss-covered mercuriferous 
shale in Yukon (mean: 1.5 ng m-2 h-1, range: -0.60 
to 10.63 ng m-2 h-1) were considerably higher than 
from moss-covered substrate near Kuujjuarapik 
(mean: 0.08 ng m-2 h-1, range: -0.58 to1.3 ng m-2 h-1). 
Gaseous Hg0 emissions from exposed mercuriferous 
shale were even higher (9.1 to 213.5 ng m-2 h-1), and 
exposed sandy substrates from Kuujjuarapik emitted, 
on average, 0.44 ng m-2 h-1 Hg0.

In summary, measurements made at various sites 
across Canada (mainly south of 60° N latitude) have 
revealed a positive correlation between the flux of 
gaseous Hg0 to the atmosphere and the total Hg 
concentration of the mineral substrate (Schroeder et 
al., 2005). Additionally, the percentage of land area in 
Canada with high concentrations of Hg is very small, 
compared with the large land area with low-emitting 
substrates (Hg in soil < 0.1 µg g-1). Thus, it would  
be inappropriate to extrapolate a Hg flux for the  
whole of Canada based on substrate-flux  
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systems; however, this aspect of the Hg 
biogeochemical cycle is poorly resolved.

5. There are limited Hg0 emission data available 
from Arctic ecosystems.

6. Further work is required to determine the relative 
contribution of Hg0 emissions from soils affected 
by mercury pollution.

7. The scarcity of reliable data on Hg fluxes from 
natural settings, and the complexity of the cycling 
of Hg, requires a multidisciplinary modelling 
effort. The use of fugacity and mechanistic 
models should be further developed and 
integrated with spatial analysis techniques such 
as remote sensing, light radar (LIDAR), and global 
information systems (GIS).
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relevant details on these subjects, see Boske et al. 
(2003); Wanga et al. (2004); Perry et al. (2005); Kainz 
and Lucotte (2006); Skyllberg et al. (2006, 2009); and 
Issaro et al. (2009).

3B.2 DATA PROCESSING
The open-file data, generated using Canada’s National 
Geochemical Reconnaissance methodology (NGR; 
Friske and Hornbrook, 1991), were compiled and 
grouped into 30 geographically distinct survey zones 
to enable regional representation and summaries. 
This compilation produced a total of 254 129 THg 
data points for as many geo-referenced stream 
and lake sampling locations (Figure 3b.1). These 
locations were grouped by province, geological 
region, the National Topographic System Index, and 
x,y coordinates. Locations that had elemental data 
for soil and till substrates but lacked data for stream 
and lake sediments were excluded. Each point 
provides local sampling and sediment conditions 
(e.g., general stream and lake morphology, bedrock 
type, and sediment colour), total elemental contents 
for many metals (e.g., Hg, silver (Ag), calcium (Ca), 
cadmium (Cd), copper (Cu), iron (Fe), magnesium (Mg), 
manganese (Mn), lead (Pb), sulphur (S), antimony 
(Sb), selenium (Se), tin (Sn), and zinc (Zn)), and loss 
on ignition (LOI). However, these variables were not 
consistently available for all locations, and values for 
Ca, Mg, and S were available only for a few areas in 
Quebec. The total elemental concentrations analyzed 
were limited to data entries for bulked, dried, sieved, 
and minerally undifferentiated lake and stream 
sediments. Bulking involved removing the top-to-
bottom sediment accumulation from streams, as well 
as the top 30 cm from lake sediments. Relationships 
between THg and other chemical and physical 
variables such as lake depth, lake area, degree of 
sediment suspension in water, terrain type, sediment 
colour, channel width, channel depth, stream order, 
and geographic coordinates were explored using 
multiple regression analyses. To ensure linearity and 
reduce heteroscedasticity (uneven scatter of modelling 
errors), some of the total element concentrations 
were log-transformed. The compiled data were also 
analyzed through geospatial cross-referencing to 

3B.1 INTRODUCTION
This chapter focuses on geographic patterns of 
total mercury (THg) concentrations in lake and 
stream sediments across Canada. This was done as 
part of the Clean Air Regulatory Agenda objective 
to map landscape-wide mercury (Hg) exposure 
and subsequent risks to environmental health. 
The information source refers to the geospatially 
referenced open-file database for sediment, soil, and 
till surveys of the Geological Survey of Canada (GSC) 
at Natural Resources Canada (Natural Resources 
Canada, 2013; see also Friske and Hornbrook, 1991; 
Friske and Coker, 1995).

Typically, sediments are transferred from uplands 
to streams, wetlands, and lakes through wind- and 
water-induced soil and stream-channel erosion 
(Steedman and France, 2000; Mills et al., 2009). 
Overall, stream and lake sediment have both 
allochtonous (formed in places other than where they 
were found) and autochtonous (formed in places 
where they were found) sources. The resulting 
sediment accumulations can be used to discern 
historic to current deposition patterns of Hg and other 
contaminants by location and region and to ascertain 
the extent of biotic and abiotic flux interchanges 
at, for example, the sediment-hypolimnon interface 
(Davis et al., 1997; Lockhart et al., 1998; Rasmussen 
et al., 1998; Gray et al., 2000; Birkett and Lester, 
2005; Kainz and Lucotte, 2006; Munthe et al., 2007; 
Bouffard et al., 2008; Muir et al., 2009; Scudder et al., 
2009; Selin, 2009; Ethier et al., 2010). The following 
demonstrates how sediment THg is affected across 
Canada by aspects of stream and lake sampling 
location: (1) upland versus lowland position; (2) 
geological processes that led to Hg mineralization in 
upland underlying bedrock; (3) rate of atmospheric Hg 
deposition; (4) extent of vegetation cover in upstream 
watersheds; (5) climate as it varies from temperate to 
Arctic and alpine regions; and (6) current and past  
Hg emissions.

This chapter does not address the vertical profiles of 
THg in lake and stream sediments and hence does 
not inform about the dynamics of these processes. 
As well, methylmercury is not discussed because 
it was not part of the above sediment surveys. For 
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Since sediments at each lake and stream sampling 
location are affected by their upstream areas, the 
following 2 attributes were added to the THg analysis: 
(1) upland versus lowland location and (2) wet-area 
coverage per upstream flow-contributing area. 
This was done as follows: At the national scale, a 
digital elevation grid was compiled to systematically 
delineate uplands from wetlands at a resolution of 300 

other information layers, including a Canada-wide 
annual atmospheric Hg deposition model produced 
with the Global/Regional Atmospheric Heavy Metals 
(GRAHM) model (see also Chapter 9; Dastoor, A. and 
Moran, M., pers. comm.); bedrock geology (Wheeler 
et al., 1997; Fulton, 1995); and surface images and 
ecological site classification data to inform about local 
vegetation cover and land use.

FIGURE 3B.1  Overview of the distribution of Geological Survey of Canada (GSC) data for total mercury in stream 
and lake sediments in each GSC survey region (1 to 30). Dots represent x,y locations, overlapped to emphasize the 
general distribution of high versus low total mercury concentrations for lake and stream sediments across Canada. 
The background of the map shows lowlands and main surface water features across Canada (blue shading, based 
on the National Water Atlas, and on digital elevation modelling, at 300 m resolution).
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drainage would be impeded within 50 cm from the soil 
surface, which corresponds to very poor to imperfect 
soil drainage. The regional scale determinations were 
done for parts of the Selwyn Basin in Yukon and parts 
of Cape Breton Island in Nova Scotia. For a conceptual 
overview of the topographic procedures, see Figure 
3b.2. For further information, see Murphy et al. (2011) 
and Nasr et al. (2011).

m (NRCAN, 2007); lowlands were then defined by the 
elevation difference of 10 m or less between the land 
and the nearest mapped flow channels and shorelines. 
At a regional scale, provincial digital elevation 
models, interpolated to 10 m resolution, were used 
to determine the proportion of wet areas (AW) in the 
catchment area (AB) above stream and lake sampling 
locations, with areas considered wet when soil 

FIGURE 3B.2  Upland/lowland and depth-to-water mapping process used (1) to discern uplands from lowlands at 
the national scale, at 300 m resolution (uplands are areas defined to have elevations > 10 m away from their nearest 
flow channels or shorelines), and (2) to determine the wet-area portion (shaded blue) per catchment areas above 
sediment sampling locations, at 10 m resolution (Murphy et al., 2011).
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southwestern Nova Scotia (THg = 390 μg kg-1; Zone 
16). Altogether, there were 462 sampling points  
(341 streams and 121 lakes) with THg values ≥ 1 500 
μg kg-1. Some of these points coincide with past or 
present mining and smelting activities. Geogenic 
anomalies with sediment THg > 1 000 μg kg-1 
occur frequently but not exclusively in (1) British 
Columbia (the Boundary Range, the Nechako and 
Fraser Plateaus, and on Vancouver Island (Zone 1); 
(2) Quebec, especially east of James Bay, in the 
Labrador Trough and the Témiscamingue area; (3) 
Nova Scotia (southwestern mainland, the Cobequid 
Range, and parts of Cape Breton Island), and (4) 
Yukon (Selwyn Basin). These anomalies are due to 
geological processes involving tectonic movement, 

3B.3 OVERALL PATTERNS
The patterns of lake and stream sediment THg across 
Canada are shown in Figure 3b.1. Figure 3b.3 shows 
the lake versus stream sampling locations where THg 
is 500–1 000 μg kg-1 and where THg is ≥ 1 000 μg 
kg-1. Table 3b.1 provides a statistical summary by GSC 
survey zones 1 to 30.

The THg concentrations in lake and stream sediments 
vary across Canada, from 5 to 22 900 μg kg-1. Among 
the survey zones, mean THg concentrations were 
lowest on Bathurst Island, Nunavut (THg = 25 μg kg-1, 
Zone 4) and highest in the Grenville-Témiscamingue 
area of Quebec (THg = 244 μg kg-1, Zone 21) and 

FIGURE 3B.3  Total mercury in sediments by medium. Top left panel represents lakes, top right panel represents 
streams, and bottom panel represents the Geological Survey of Canada stream and lake sampling locations with 
total mercury > 500 μg kg-1 (red) and > 1 000 μg kg-1 (purple).
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Lake to lake, sediment THg varies strongly across 
the boreal shield from Alberta, Saskatchewan, and 
Manitoba to Northern Quebec and Labrador (Zones 
5, 7, 9), from < 20 to 400 μg kg-1 (mean 45 μg 
kg-1). Further south across Ontario and Quebec, 
sediment THg also varies from lake to lake but 
with an average value of 120 μg kg-1 (Zones 10 to 
30). For stream sediments, mean THg is somewhat 
lower but more variable than for lake sediments, 
especially in Zones 2, 11, 13, 14, 16, and 17. This is 
likely due to (1) the gradual and persistent build-up 
of fine- rather than coarse-grained minerals in lake 
sediments, (2) progressive organic matter input from 
terrestrial and aquatic sources, (3) continued organic 
matter decomposition and humification within the 
sediments, and (4) increased Hg insolubilization 
due to mercuric sulphide (HgS) formation (Gray et 
al., 2002; Ravichandran, 2004; Sanei and Goodarzi, 
2006; Skyllberg, 2009). In contrast, sediment THg 
in streams tends to be re-suspended and replaced 
through various processes, including wave action, 
bioturbation, and streambed scouring during ice 
break-up and high-flow events. Sediment-attached 
Hg may also re-enter the water phase while 
attached to particulate and dissolved organic matter 
(Bengtsson and Picado, 2008). Depending on light 
exposure, THg in particulate and dissolved organic 
matter may be subject to photochemically induced 
Hg0 volatilization and evasion.

Mean sediment THg is generally higher in upland 
lakes (113 μg kg-1) and streams (99 μg kg-1) than 
in lowland lakes (75 μg kg-1) and streams (67 μg 
kg-1). These differences become more significant 
with increasing sample size per survey zone. In 
principle, upland sediment THg can be expected 
to be greater than lowland sediment THg because 
sediments derived from upland Hg mineralizations 
would gradually combine with sediments from low Hg 
sources. As a result, sediment THg can be expected 
to decrease with increasing stream order. This order 
increases from 1 to 2, 3, etc., when stream segments 
of the same order join. There would also be greater 
sediment retention, and therefore lower sediment THg 
transference in landscapes with increasing wetland 
and wet-area components (Figure 3b.4).

orogenic uplift, and related uprising of magma and 
geothermal fluids, with the latter leading to heavy-
metal mineralizations into partially fractured bedrock. 
Past accumulations of organically enriched sediments 
in estuaries, depressions, and basins that gradually 
transformed into black shale or coal, bitumen, and 
oil deposits provide additional geogenic sources for 
Hg-enriched stream and lake sediments. For example, 
volcanic under-water plumes led to especially high 
Hg and other heavy metals accumulations within 
the black shales of Yukon’s Selwyn Basin. Further 
tectonic uplift exposed some these accumulations to 
sediment-forming ice, water and wind-induced rock 
and soil erosion.

The concentrations of THg in sediment are generally 
less than 400 μg kg-1 within Canada’s Arctic (e.g., 
Zones 4, 8, and 15) and alpine areas of British 
Columbia and Yukon (Zones 2 to 6). These low THg 
concentrations likely resulted from (1) extensive 
sunlight-induced re-volatilization of Hg accumulation 
from barren, frozen, and unfrozen surfaces (Lalonde 
et al., 2002; Hammerschmidt and Fitzgerald, 2006; 
Kirk et al., 2006); (2) low and mostly wind-induced 
sediment loads from sun-exposed bedrock and 
regolith with low Hg content (Cook et al., 2008); 
and (3) short growing and open-water seasons, 
which curtail the scavenging of atmospheric Hg by 
terrestrial and aquatic vegetation (Diamond et al., 
2003; Lahoutifard et al., 2005; Outridge et al., 2007). 
Typically, vegetation-sequestered Hg increases with 
increasing leaf-area coverage and increasing time 
and dose of Hg exposure (Bushey et al., 2008). Hence, 
increasing vegetation cover per upstream catchment 
area would not only increase the capture and retention 
of atmospherically transported Hg, but also facilitate 
the upstream Hg accumulation through litterfall 
and continued binding of Hg by soil organic matter 
on uplands and in wetlands. Subsequent soil and 
stream-channel erosion, with organic matter being 
the dominant Hg carrier, then generates the following 
sediment THg sequence: sediments from forest soils > 
sediment from meadows > sediment from barrens > 
sediment from ice fields.
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TABLE 3B.1  Total Hg concentrations (μg kg-1) in stream and lake sediments, by survey zone and upland and  
lowland location

n Mean n Mean Crit. Diff a

Upland 2 448 170.4
Lowland 434 137.7
Upland 5 735 132.8 117 42.4

Lowland 3 235 119.1 70 42.5
Upland 299 128.9 5 716 84.2

Lowland 37 129.1 1 719 73.0
Upland 72 123.2 9 557 112.7

Lowland 24 105.8 1 719 95.7
Upland 2 263 123.1

Lowland 979 97.1
Upland 542 103.5 31 550 58.9

Lowland 153 81.4 7 199 56.0
Upland 13 789 86.9 1 116 32.6

Lowland 5 506 80.0 138 27.0
Upland 953 86.8

Lowland 1 001 73.7
Upland 906 59.7

Lowland 392 50.0
Upland 16 330 58.3

Lowland 15 193 50.5
Upland 1 195 48.9

Lowland 3 916 44.4
Upland 1 539 44.7

Lowland 579 42.9
Upland 546 32.9

Lowland 686 25.9
Upland 3 012 35.7

Lowland 960 34.8
Upland 25.7

Lowland 24.1
Upland 245 119.7 110.4

Lowland 110 122.7 106.3
Upland 2 322 387.9 106

Lowland 1 099 400.1 73.6
Upland 50 052 127.6 141.8

Lowland 18 209 116.1 135.2
Upland 73 056 129 119.9

Lowland 28 373 120.5 110
 Total 101 429 126.7 117.9

Upland 96 788 113.0 96.0
Lowland 51 119 90.0 89.0

 Total 147 907 104.6 95.0

98 965
84 886
21 336
106 222

3 941
1 517

25 062
6 854

79 115
19 850

1.9
2.9
2.1

Crit. Diff a

THg in lake sediments

311
92

2 056
634

3.5
8.7

35.5
51.1

10.8
20.7

18.3

Lakes versus streams
Crit. Diff a

23.6
12.3
17.4

 New Brunswick (13) 14.8

11.0

3.3

 Ontario, Central (12) 4.6

 Survey zone (#) Terrain

 Yukon, East (3) 7.7

 Sudbury, Ontario (11) 4.3

50.3

5.3

THg in stream sediments

 All zones 

 Vancouver Island, British Columbia (1)

 Bathurst Island, Nunavut (4)

 Baker Lake, Nunavut (8)

 British Columbia, West & North; Yukon, West (2) 12.3

0.7

26.152

2.5

1.8

47.8

 Ontario, West (10) 4.1

 North-West Territories, Great Bear Lake Northeast (5) 4.2

5.4

 Boreal Plain (7)

 Oxford House, Manitoba (9) 1.3

 Labrador (14)

2.0

 Repulse Bay Peninsula, Nunavut (15) 1.9

4.7

1..6

 Zones with lake & stream data 1.90 2.7

 British Columbia, East (6)

12.5

 Mainland Nova Scotia (16)

 Quebec (18-30)

 Cape Breton, Nova Scotia (17)

	  
a Fisher’s Probable Least Squares Difference (PLSD)
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FIGURE 3B.5  Mean total mercury (Geological 
Survey of Canada survey zones 1–15, areas with total 
mercury > 1 500 μg kg-1 excluded) versus the 2005 
Global/Regional Atmospheric Heavy Metals (GRAHM) 
projections for total atmospheric Hg deposition, with 
best-fit regression line for all survey zones, except 
Zones 3 and 5.

3b.3.1 Regression Details

The results of the regression analyses in Table 3b.2 
show that approximately 40–50% of the log10 THg 
variations can be inferred from other sediment 
variables in the GSC database. In most cases, 
sediment organic matter as represented by LOI is the 
most significant THg regression variable. Heavy-metal 
(Ag, Cd, Cu, Pb, Sb, S, Se, and Zn) concentrations 
also correlate positively with THg (Table 3b.3), but 
the individual correlations vary between zones and 
regions. In some cases, heavy-metal concentrations 
and total sulphur (TS) are the most significant THg 
regression variables, as demonstrated in Table 3b.2 
for the lake sediments near Sakami, Quebec. Adding 
Ca (when available) to the best-fitting variable mix 
also increases the quality-of-fit for THg, presumably 
by correcting for the calcareous part of LOI, when 
present. However, data for Ca and TS were only 
available for select areas in Quebec. Other variables 
that also contribute to THg significantly are sampling 
location (THg stream < THg lake); lake depth 
(positive); stream order, flow rate, width, and depth  

FIGURE 3B.4  Midpoint of each of 10 log10 total 
mercury concentration classes (log10THg) in the stream 
sediments of a detailed study area in Yukon Territory 
versus the wet-area:basin-area ratio AW:AB above each 
of 1 600 selected sediment sampling locations. Also 
shown is the best-fit regression line.

Sediment THg values are typically higher in the more 
populated areas of southern Ontario and Quebec, 
and lower in remote and colder locations towards the 
Arctic and alpine areas. This correlates positively with 
the GRAHM atmospheric Hg deposition rates (total Hg, 
2005 projections), as shown in Figure 3b.5, and this 
is especially so after excluding the non-conforming 
areas in Quebec, Nova Scotia, the Selwyn Basin, and 
east of Great Bear Lake. Within any of the 30 survey 
zones, the 25 × 25 km2 grid GRAHM grid projections 
are too coarse and gradual to detect any within-
zone correlation between the atmospheric THg rates 
and sediment THg. Local factors that can vary the 
relationship between sediment THg and atmospheric 
Hg deposition are as follows: topography, vegetation 
cover, and local disturbance patterns (land use, 
fire, erosion, and industrial/residential development 
history).



87

Canadian Mercury Science Assessment – Chapter 3b

south to north. This is correlated with moving from 
temperate to Arctic and alpine areas. Only the most 
R2-dominating variables were retained for the best-
fitted models in Table 3b.2.

(all negative); and the wet-area:basin-area ratio. 
Across Canada, geographic coordinates are also part 
of the best-fitting variable list, with THg concentrations 
generally decreasing from east to west and from 

TABLE 3B.2  Multiple regression analysis results relating total mercury (THg) or log10 THg to loss on ignition (LOI), 
heavy-metal concentrations, and other variables with significant influence, for selected Geological Survey of Canada 
lake and stream sediment sampling areas.

Variablesa Coeff. SE Variablesa Coeff. SE

log10(THg) Intercept 2.059 0.0094 THg Intercept 0.27 0.01
log10LOI 0.2995 0.0023 LOI 0.0021 0.0003
log10Cu 0.2368 0.0024 Pb 0.01 0.00
log10Zn 0.1343 0.0032 R2 = 0.037, n = 3 349

Lake  area -0.0259 0.0010 THg Intercept 42.90 6.20
Lake depth, m 0.0028 0.0001 LOI 1.85 0.16

R2 = 0.492 Longitude 0.0032 0.0001 Cu 0.57 0.05
n = 102 582 Latitude -0.0184 0.0002 R2 = 0.444, n =  354

log10(THg) Intercept 0.8761 0.0141 log10(THg) Intercept 0.942 0.02

log10LOI 0.4105 0.0039 log10LOI 0.304 0.006

log10Cu 0.1046 0.0043 log10Cu 0.224 0.008

log10Zn 0.3753 0.0049 log10Cd 0.213 0.005

Stream width, m -0.0013 0.0001 log10Zn 0.182 0.009

Stream depth, m 0.0038 0.0004 Stream width, m −0.012 0.001

R2 = 0.415 Longitude -0.001 0.0001 R2 = 0.488 Stream depth, m 0.131 0.009

n = 51 853 Latitude -0.0093 0.0003 n = 22 327 Stream order −0.040 0.003

log10(THg) Intercept 1.37 0.025 log10(THg) Intercept 1.66 0.03
log10LOI 0.154 0.001 log10LOI 0.33 0.02
logPb 0.069 0.001 logNi 0.15 0.03
logNi 0.086 0.001 logSb 0.12 0.02

R2 = 0.427 log10Sb 0.108 0.001 log10Cu 0.20 0.03
n = 70 791 logCa -0.077 0.002 R2 = 0.467 log10Zn 0.13 0.03

n = 1 621 log10Sn 0.13 0.03
log10(THg) Intercept 1.54 0.04 THg Intercept 17.3 2.26

log10LOI 0.12 0.02 LOI, % 0.53 0.04

log10Cu 0.52 0.02 Cu, µg kg-1 0.33 0.01
R2 = 0.385, n = 1,772 log10Sb 0.15 0.02 R2 = 0.462 Lake area, km2 -3.08 0.11

n = 1 296 Lake depth, m 0.75 0.16

log10(THg) Intercept 1.98 0.11 THg b Intercept 1.70 1.20
log10TS 0.26 0.03 Streams,  Bathurst  Island LOI, % 0.503 0.072
log10Cu 0.35 0.05 R2 = 0.415 Zn, µg kg-1 0.123 0.006

R2 = 0.526, n =  218 log10Sb 0.15 0.02 n = 418 Co, µg kg-1 1.44 0.16
THg Intercept 34.4 3.8 log10(THg) Intercept 2.11 0.02

log10LOI 1.29 0.10 log10LOI 0.141 0.008
log10Cu 0.48 0.05 log10Sb 0.301 0.011

R2 = 0.685 log10Ag 93.4 4.9 R2 = 0.685 log10Ag 0.273 0.01
 n =  1 357 log10Cd 38.9 2.2  n =  3 576 logCr 0.163 0.008
log10(THg) Intercept 0.522 0.079 log10(THg) Intercept 0.87 0.02

Lakes, Laronde - Flin Flon log10LOI 0.423 0.037 log10LOI 0.588 0.008
log10Pb 0.426 0.041 logPb 0.115 0.009

R2 = 0.685 logCu 0.234 0.049 R2 = 0.611 logZn 0.072 0.009
 n =  615  n =  7 746

Lakes and streams, Quebec

Streams, Selwyn Basin, 
Yukon

Streams, Temiscamingue, 
Quebec

Mainland lakes, Nova Scotia

Lakes & streams, Cape 
Breton, Nova Scotia

Streams elsewhere except 
Nova Scotia and Quebec

Lakes elsewhere except 
Nova Scotia and Quebec

Lakes northeast of Great 
Bear Lake

Lakes, Snegamook Lake 
area, Labrador

Lakes, Labrador Trough, 
Quebec

Lakes only with TS, Sakami, 
Quebec

Lakes and streams, Sakami, 
Quebec

Streams and lakes, New 
Brunswick 

	  

a Units: LOI and TS in %; all log10(metals) in μg kg-1. Stream order: increases from 1 by 1 each time when streams of same order merge.
b All models are statistically significant with a no effect probability criterion of p < 0.0001, except for the streams on Bathurst Island with p = 0.17.
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The high THg occurrences for lake and stream 
sediments with low LOI values, however, do not have 
a strong influence on the curvilinear patterns of the 
10th, 25th, 50th, 75th to 90th log10 THg percentiles 
per each 10% LOI class, as demonstrated in Fig. 3b.9. 
The generally decreasing trend of log10THg percentiles 
and their best-fitted curves as LOI approaches 100% 
is related to the diminishing influence of geogenic Hg 
sources as the organically sourced Hg contributions to 
the sediment loads increase. The similarity of the 10th 
to the 90th log10 THg percentile curves versus LOI in 
Fig. 3b.9 suggests that organic matter contributes to 
low to high geogenic sediment THg (i.e., THg when 
LOI% is equal to 0) in much the same way, and this is 
especially so for the stream sediments.

Within Quebec, there are as many sediment THg 
versus LOI sampling locations as there are for the 
rest of Canada (Table 3b.1). The following can be 
observed from Figure 3b.8: (1) the overall THg 
variations increase with increasing sampling effort 
per geological province or sub-province; (2) the lower 
portions of the THg versus LOI plots likely represent 
areas with no particular Hg mineralizations; (3) where 
Hg mineralizations occur, there are up to 2 or 3 
orders of magnitude difference in THg levels between 
sampling locations; (4) for the Abitibi-Pontiac and 

3b.3.2 Sediment THg Versus Sediment  
Organic Matter

The sediment THg versus sediment organic matter 
relationship was examined in further detail by way of 
the curvilinear pattern of the log10 THg versus LOI plots 
by province and territories (plots, Figure 3b.6), and 
by Quebec geological provinces/sub-provinces (map, 
Figure 3b.7; plots, Figure 3b.8). A geological province 
is a spatial area with common geological attributes. 
The plots in Figures 3b.6 and 3b.8 show that sediment 
THg generally increases with increasing stream LOI 
up to LOI equal to 50%. Thereafter, the plots flatten 
and even decrease again as LOI approaches 100%. 
In detail, the plots are generally flatter for lakes than 
for streams. In terms of frequency, 90% of all stream 
sediments have LOI values less than 10%. In contrast, 
lake sediment LOI is more evenly distributed across 
the LOI range, with LOI frequencies peaking when LOI 
is about equal to 35% (Figure 3b.9). In comparison, 
the lake and stream sediment THg frequencies both 
peak when THg is about equal to 60 μg kg-1. Some 
of the stream plots have high THg values at low LOI, 
and notably so for some of the alpine areas in British 
Columbia. In addition, there is also a clear separation 
between high versus low stream sediment THg values 
across the 0 to 100 % LOI range for the Abitibi-Pontiac 
and Grenville sampling areas.

TABLE 3B.3  Pearson correlation coefficients between selected total element concentrations (log-transformed) and 
stream-channel and basin area characteristics above 1 600 Yukon Geological Survey of Canada sampling locations 
(adapted from Nasr and Arp, 2011). Coefficients in bold identify significant correlations with a no effects criterion of 
p < 0.001.

a Stream order: increases from 1, increases by 1 when streams of the same order join
b Stream flow rate coding: stagant 0, slow 1, moderate 2, fast 3, torrential 4.

log10(Hg) 1.00
log10(Cd) 0.66 1.00
log10(Ag) 0.48 0.56 1.00
log10(Cu) 0.50 0.60 0.50 1.00
log10(Zn) 0.63 0.82 0.55 0.65 1.00
log10(Sb) 0.40 0.57 0.39 0.44 0.57 1.00
log10(LOI) 0.40 0.31 0.27 0.27 0.34 -0.09 1.00
Stream ordera -0.05 -0.03 -0.08 -0.11 -0.01 0.09 -0.25 1.00
Stream flow rateb -0.22 -0.12 -0.11 -0.11 -0.12 -0.03 -0.42 0.22 1.00

Stream width, m -0.09 -0.07 -0.09 -0.15 -0.05 0.05 -0.24 0.39 0.33 1.00

Stream depth, m -0.18 -0.15 -0.12 -0.16 -0.16 -0.14 -0.07 0.20 0.13 0.23 1.00
(AW/AB)0.5 -0.32 -0.28 -0.13 -0.17 -0.31 -0.22 -0.12 0.01 0.03 0.01 0.08 1.00

(AW/AB)0.5log10(LOI) Stream 
order

Stream 
flow ratea

Stream 
width, m

Stream 
depth, m

log10(Sb)log10(Hg) log10(Cd) log10(Ag) log10(Cu) log10(Zn)
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the Saint Lawrence platforms). This variation likely 
relates to a more extensive bedrock ablation, thereby 
exposing more of the formerly deep-seated magmatic 
intrusions and mineralizations at the surface. Some of 
these trends are illustrated below in further detail for 
the Témiscamingue, Sakami, and Schefferville areas, 
where lake and stream sediment THg ranges from 
less than 20 to greater than 1 000 μg kg-1.

Grenville sampling areas, there is a clear separation 
of high THg values for streams versus low values for 
lakes, which is likely related to the greater mixing and 
persistence of lake than of stream sediments; and (5) 
the older geological provinces and their sub-provinces 
(e.g., Superior, Churchill) show greater THg variations 
in the lake sediments than the more recent bedrock 
formations (e.g., Grenville, Appalaches, Hudson, and 

FIGURE 3B.6  Sediment log10 total mercury concentrations (log10THg, μg kg-1) versus loss on ignition (LOI%) by 
province and territory using the Geological Survey of Canada survey data for lake and stream sediments.
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The increasing trend of THg values from LOI equal to 
0 to towards 50% is similar to the trend of increasing 
THg with increasing dissolved (DOC) and particulate 
organic carbon concentrations in stream and lake 
water. Assuming that LOI is mainly organic matter 
and that the representative value of THg is 200 μg 
kg-1 when LOI is 20%, and hence total carbon (TC) 
would approximately be equal to 10%, the sediment 
THg:TC ratio is 2 mg kg-1. This ratio is similar to the 
THg:TC ratio (1) of the surface sediments of lake 
bottoms across Scandinavia, as reported by Munthe 
et al. 2007, and (2) of dissolved organic matter and 
of water-suspended organic matter (i.e., particulate 
organic matter), as reported by Meng et al., 2005 for 
Nova Scotia stream and lake water samples, and by 
Kolka et al. 2011 for peatland watersheds in the USA. 
With increasing sediment LOI, and with increasing 
dissolved and particulate organic matter within stream 
and lake water, this ratio tends to decrease towards 
approximately 0.4 mg kg-1. In general, the THg:TC 
ratio of Hg-carrying organic matter varies across the 
0.4 to 2 mg kg-1 range, whether organic matter is 
dissolved, suspended, or settled. Kainz and Lucotte 
(2006) reported a similar trend for THg and dissolved 
organic matter at the sediment-water interface for 
lakes with upland catchment having < 15% wetland 
coverage. For lakes with greater wetland coverage, 
sediment-water interface THg would decrease with 
increasing dissolved organic matter concentrations 
(Munthe et al. 2007).

FIGURE 3B.7.  Geological provinces (similar colours, 
major boundaries) and sub-provinces (minor boundaries) 
for Quebec: Superior (pink, mostly Neoarchean), 
Grenville (brown, mostly Mesoproterozoic), Churchill 
(green, mostly Paleoproterozoic), Appalachian Orogen 
or Appalaches (yellow, varying from Cambrian to 
Ordovician to Devonian), Hudson Platform (dark blue, 
Silurian), and the Saint Lawrence Platform (light blue, 
Cambrian to Ordovician). Source: Roy (2012).
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sediment THg concentrations in these lakes are 
about 3 times higher than in southern Quebec and 
Ontario lake sediments, and about 10 times higher 
than in northern and alpine areas (Table 3b.1). The 
southwestern Nova Scotia terrain consists of an 
intricate network of lakes, streams, and wetlands 
downstream from shallow and coarse-textured till-
derived soils lying on tectonically and magmatically 
influenced greywacke (Cambrian), slate (Ordovician) 
and biotite-rich granitoids (Upper Devonian plutons). 
Here, the highest THg levels are generally associated 
with Devonian and Jurassic mineralizations (Smith et 
al., 2005). Sediment THg values are also high in some 
of the streams that drain the geologically complex and 
mineral-rich areas of (1) the Precambrian to Devonian 
Cobequid Range (Pe-Piper and Piper, 2003) and (2) 
the Cambrian to Mississippian bedrock formations at 
Margaree, Cape Breton Island (McNabb et al., 1976). 
Elsewhere, lake and stream sediment THg is quite low 
(Figure 3b.10)

3B.4 REGIONAL ILLUSTRATIONS
The following sections present areas in Canada 
that contain either high or low sediment THg 
concentrations. These regions include the Maritimes 
(Nova Scotia, New Brunswick), including the Gaspé 
Peninsula, various areas in Quebec and Ontario, 
Manitoba/Saskatchewan, the 3 territories, and British 
Columbia.

3b.4.1 Nova Scotia

Nova Scotia has a long history of settlement, forestry, 
mining, and agriculture. Its southwestern region has 
become a particular concern for Hg bioaccumulation 
because of reported aquatic and terrestrial ecosystem 
sensitivities to Hg and atmospheric acid deposition 
(O’Driscoll et al., 2005). This is underscored in Figure 
3b.10 by the occurrences of high lake sediment 
THg along the southern mainland. In fact, the mean 

FIGURE 3B.8  Sediment log10 total mercury concentrations (log10THg, μg kg-1) versus loss on ignition (LOI%) for 
lakes and streams by geological provinces/sub-provinces in Quebec.
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the wet-area portions of landscapes trap Hg-carrying 
sediments but transfer some of the total Hg influx 
further downstream through DOC-carrying stream 
discharge. This confirms that sediment THg levels 
decrease from low- to high-order streams and 
lakes. Comparing the best-fit regression models 
for THg in the Nova Scotia lake sediments reveals 
a strong dependence of THg values on LOI in Cape 
Breton Island streams and lakes but only a weak LOI 
dependence in the mainland lakes.

An analysis of 2 652 stream and lake sampling points 
on Cape Breton Island showed that sediment THg 
levels decrease from high to low as the percentage 
of wet area in the basin increases above each GSC 
sampling location (Table 3b.4). In addition, THg levels 
in lake and stream sediments were higher below 
swamps than below marshes, bogs, or fens (p < 
0.0001; Figure 3b.11. However, DOC-carried THg 
generally increases as the wet-area percentage per 
basin increases (Jutras et al., 2011). Consequently, 

FIGURE 3B.9  Frequency plots of the Geological Survey of Canada survey data for log10 total mercury (top left 
panel) and loss on ignition (top right panel) and in stream and lake sediments for all sampling locations across 
Canada. Also shown: 10th, 25th, 50th, 75th and 90th percentiles and their best-fitted curves for sediment log10 THg 
versus LOI%, grouped by their 0–10, 10–20, 20–30…% LOI classes (bottom panel). Lake and stream sediments are 
plotted separately.
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FIGURE 3B.11  Box and whisker plots for total 
mercury concentrations in Cape Breton Island stream 
sediments by upstream wetland type.

3b.4.2 New Brunswick

In contrast to Nova Scotia, THg concentrations in 
the lake and stream sediment of New Brunswick 
are mostly less than 100 μg kg-1 across the various 
bedrock formations, while a few locations within 
the northern highlands exceed 1 000 μg kg-1 (Figure 
3b.10). These high levels are mainly due to local 
industrial activities such as mining, smelting, and 
electrical power generation. The highest THg level 
of 6 830 μg kg-1 was found downstream from an 
abandoned gold mine at Murray Brook in northern 
New Brunswick (Al et al., 2006). The generally low 
sediment THg concentrations along the igneous to 
volcanic bedrock formations of the southern and 
northern highlands can be attributed to the more 

FIGURE 3B.10  Map for Nova Scotia, New Brunswick, 
and the Gaspé Peninsula showing where lake and 
stream sediment THg (μg kg-1) occur within 500 to 
1000 μg kg-1 (red dots) and greater than 1 000 μg kg-1 
(purple dots; top panel) and the less than 100 μg kg-1 

(green dots, bottom panel), all in relation to the main 

bedrock formations and geological fault lines.

TABLE 3B.4  Characteristics of basins by total mercury concentration ranges for selected lake and stream 
sediments on Cape Breton Island, Nova Scotia

	  

	  

AB AW

n Per basin Across basin
2.40–2.78 143 6.3 0.6 7.1 8.8
1.85–2.40 887 4.7 0.5 8.2 11.4
1.30–1.85 1363 6.9 1.2 13.3 17
1.0–1.30 259 10.1 2.2 15.5 21.8

log10 THg, µg kg-1

ha

Basin area AW:AB, %
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3b.4.3 McGerrigle Mountains, Quebec

The THg anomaly on the Gaspé Peninsula (shown in 
Figure 3b.12) is 50 km wide and stretches over 150 
km southeast to east of the Devonian plutonic invasion 
of the granitic McGerrigle Mountains through the older 
Cambrian-Ordovician bedrock. This invasion is also 
flanked south to east by volcanic extrusions into the 
Early Devonian calcareous bedrock. The exposure 
of the Hg-containing bedrocks would have resulted 
from the Devonian orogenic uplift that occurred north 
to northwest across the peninsula. Within the stream 
sediments, THg typically decreases from low to high 
stream order, as evident by the occasional strings of 
red to green dots in Figure 3b.12. The THg sources 
occur along slopes and flow channels of surface-
exposed bedrock, till, and soil. A regression analysis 
revealed that THg is highly correlated with LOI, but 
only moderately correlated with Ag, Cu, Pb, Sb, and 
Zn. Some of the high THg outliers in this area are due 
to mining activities. The Hg emissions from the copper 
smelter at Murdochville generally drift eastward while 
the highest sediment THg values are found to the west 
towards the volcanic and intrusive rock formations.

recent Cambrian to Devonian bedrock formations. 
Within the Carboniferous plain that extends across 
parts of New Brunswick, Prince Edward Island, and 
Nova Scotia, sediment THg levels are generally low. 
However, some elevated levels do occur downwind 
from electrical power generators that use local high 
S- and Hg-containing coal deposits as an energy 
source. A well-studied example is the Grand Lake 
power generator in New Brunswick that operated from 
the 1930s to 2012 (Bourque et al., 1996; Jardine et 
al., 2008). Within the lake and stream sediments, LOI 
dominates the THg variations, followed by Pb and Zn 
as additional THg predictor variables. Together, these 3 
variables account for 61% of the lake and stream THg 
level variations in New Brunswick (Table 3b.2).

FIGURE 3B.12  Stream sediment THg concentrations within Murdochville area on the Gaspé Peninsula of Quebec 
overlaid on bedrock type and fault lines. Note the high to low THg values scattered across the sedimentary bedrock 
formations to the south and east of the plutonic McGerrigle Mountains, and the high to low THg transitions along 
some of the densely sampled streams.
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filled Timiskaming Graben along the Ottawa River as 
the northern component of the Ottawa-Bonnechere 
Graben complex. Altogether, periodic tectonic uplifting, 
rifting and continuing ablation brought originally 
deep-seated heavy-metal mineralizations to the 
surface. As a result, the terrain to the east east of 
Lake Timiskaming (Figure 3b.13) shows many low 
to exceptionally high stream-to-stream sediment 
THg (THg = 488 ± 588; min. = 10, max. = 9 392 μg 
kg-1; n = 3 530), with THg significantly correlated 
with nickel (Ni), Cu, Zn, Sb, and Sn, but with LOI 
also remaining a strong part of the best-fit log10 THg 
model (Table 3b.2). In contrast, sediment THg within 
the GSC-surveyed streams just south and west of 
Lake Simard on Neoarchean syenite-monzodiorite 
(Figure 3b.13) are much lower and less variable (THg 
= 26 ± 20, min. = 5, max. = 160 μg kg-1; n = 471). 
In comparison, stream sediment THg = 120 ± 53 μg 
kg-1 (min. = 35, max. = 271 μg kg-1; n = 101) on the 
Paleoproterozic intrusive bedrock formations west of 
Lake Timiskaming (Figure 3b.13).

3b.4.4 Témiscamingue/Temiskaming Area, 
Quebec and Ontario

The mostly pristine Témiscamingue area east of the 
Ottawa River from the town of Temiscaming northward 
to the southern portion of Lake Timiskaming (Cloutier, 
2012) is underlain by plutonic bedrock (Neoarchean 
gneiss) that was subject to intense metamorphic 
processes about 2.6 × 109 yr ago (Davis, 2002). After 
a prolonged period of ablational quiescence, this was 
followed by a succession of Paleoproterozoic upheaval 
and magmatic influxes, which led to substantive 
intrusions and heavy-metal mineralizations (notably 
Ag and Co) within the igneous sediments and 
conglomerates east and west of Lake Timiskaming 
(Wilson, 1910). Oceanic submersion produced fossil 
bearing Ordovician-Silurian limestone deposits 460 to 
420 × 106 yr ago across the wider area, with the area 
around the northern part of Lake Timiskaming and 
beyond being an outlying remnant (Dix et al., 2007). 
The Jurassic break-up of the Pangean supercontinent 
about 180 × 106 yr ago finally led to the sediment-

FIGURE 3B.13  Total mercury levels in stream sediments in the Témiscamingue area of Quebec east of the Ottawa 
River, with high, intermediate, and low total mercury variation areas as outlined in areas A, B, and C, respectively.
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LOI-induced variations when TS and LOI are both used 
as regression variables. Hence, THg does not always 
correlate strongly with LOI, which is generally the case 
in areas where geogenic sulphide sources dominate 
other Hg sources. In the somewhat barren and older 
Opinaca Basin to the south and southeast of Sakami, 
lake sediment THg varies from 100 to 1 000 μg kg-1, 
with occasional occurrences above and below  
these limits.

3b.4.5 Sakami, Quebec

In the La Grande volcanic belt north and immediately 
southwest of Sakami, high THg levels (Figure 3b.14) 
in stream and lake sediments likely stem from 
Early Proterozoic faulting, volcanic extrusions, and 
subsequent mineralization (about 2.2 × 109 yr ago; 
Ciesielski, 1991; Mercier-Langevin et al., 2012). 
Here, THg is strongly correlated with Cu but not 
with other heavy elements or LOI (Table 3b.2). LOI 
drops from the list of significant variables when 
the regression analysis is restricted to include only 
locations with TS values. Here, TS overshadows the 

FIGURE 3B.14  Total mercury levels in sediments southwest of Sakami and along the densely sampled  
Opinaca Basin.
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FIGURE 3B.16  Amplified surface image of Figure 
3b.15 (Google, TerraMetrics, Digital Globe). Details 
reveal a general trend of low total mercury levels on 
barren ground and lower total mercury levels in small 
upland lakes and ponds on a Neoarchean tonalite 
(granodiorite) formation. The legend is the same as that 
in Figure 3b.15.

3b.4.6 The Labrador Trough at 
Schefferville, Quebec

The Labrador Trough stretches south-southeast from 
west of Ungava Bay towards Schefferville (Figure 
3b.15) and Labrador City (Ernst, 2007). The trough 
continues southwest to the 100 km impact crater, 
known as Lake Manicouagan, which was formed 
214 × 106 yr ago (Ramezani et al., 2007). This tectonic 
rift contains highly metamorphosed sedimentary and 
Early Proterozoic volcanic rocks that were further 
influenced by upwelling magma 2.2 and 1.9 × 109 
years ago. Geochemical exploration in this area 
has been intensive, as demonstrated by the closely 
spaced GSC survey (Figure 3b.15). Total mercury 
levels in the lake sediments north of Schefferville are 
a mean 190 and maximum 1 400 μg kg-1. High THg 
values are present but scattered, which suggests that 
heavy-metal mineralization exposure is very local. 
The best-fit regression analysis relates THg to LOI, 
Sb, Ag, and Cr (Table 3b.2). The densely sampled THg 
area in the lower portion of Figure 3b.15 shows low 
THg values (THg = 66.7, SD = 34 μg kg-1, n = 255). 
This area is located on a plutonic Neoarchean tonalite 
(granodiorite) formation (Figure 3b.16), demonstrating 
that plutonic rocks are generally low in THg.

FIGURE 3B.15  Total mercury in lake sediments in and around the densely sampled Labrador Trough at Schefferville, 
Quebec. The black line indicates the Quebec-Labrador border.



98

Canadian Mercury Science Assessment – Chapter 3b

(U), Fe, Pb, and fluorine (F) occur to the north and 
south of the Kanairiktok River as it flows east from 
Snegamook Lake (McCuaig and Taylor, 2005). The 
best-fit regression analysis for the lake sediments in 
the area relates THg to LOI, Cu, Ag, and Cd Table 3b.2). 
The mean THg level is 116 μg kg-1 (max = 700 μg kg-

1), considerably lower than north of the Schefferville 
area.

3b.4.7 Snegamook Lake, Labrador

The Central Mineral Belt in Labrador (Figure 3b.17) 
was formed by multiple Archean to Proterozoic 
mineralizing events (2.7–1.2 × 109 yr ago) that 
led to rhyolite-dominated metavolcanic sequences 
interspersed with intrusive rocks. The highest 
mineralization clusters containing Cu, Ni, uranium 

FIGURE 3B.17  Total mercury in stream sediments around a local total mercury hotspot southeast of Snegamook 
Lake in southeastern Labrador.
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values (yellow, orange, and red dots) are generally 
associated with lake catchments on meta- to 
ultramafic bedrock (Maxeiner et al., 2004). However, 
the higher THg values north of La Ronde are located 
on Paleoproterozoic sediments. The most significant 
contributors to the THg variation across this area are 
LOI, Pb, and Cu (Table 3b.2).

3b.4.8 La Ronde, Saskatchewan, and Flin 
Flon, Manitoba

The GSC database contains many lake sediment 
sampling points along the partially barren to forested 
landscape of the Canadian Shield from the Hudson 
Bay to Alberta. Figure 3b.18 shows the THg levels 
from La Ronde to Flin Flon and northward. The 
sampled lakes are all located on Neoarchean to 
Paleoproterozic formations. The higher sediment THg 

FIGURE 3B.18  Total mercury in stream sediments from the La Ronde area in northern Saskatchewan and the Flin 
Flon area in Manitoba. The black line represents the provincial border.
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erosion, and hence sediment production, is low. 
Levels of THg in the sediments are, on average, the 
lowest among the GSC sediment sampling zones 
(Figures 3b.1 and 3b.19). Even at these low levels, 
THg depends significantly on sediment LOI, Co, and 
Zn (Table 3b.2). Sediment LOI is be derived from the 
tundra vegetation that grows along the valleys and 
from aquatic organisms, especially algae.

3b.4.9 Bathurst Island, Nunavut

Bathurst Island is part of the Arctic Cordilleran 
Range. Most of the island is barren and sun-exposed 
during the short summers and covered by snow 
and ice during long winters. The area is subject to 
atmospheric Hg deposition episodes that recur each 
year, but Hg can be released from the area before 
or during snowmelt as a result of photochemical 
reduction reactions (Southworth et al., 2007; Steffen 
et al., 2008). The extent of rock weathering and 

FIGURE 3B.19  Total mercury in stream sediments on Bathurst Island, Nunavut.
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from 10 to 400 μg kg-1 (Figure 3b.20). Large, shallow, 
and clear lakes tend to have low sediment THg levels, 
while small, deep, turbid, and organically enriched 
lakes tend to have high THg levels in the sediment 
(Figure 3b.21). The regression analysis of the data 
from the Great Bear Lake survey area (Table 3b.2) 
reveals that THg level is positively correlated with LOI, 
Cu, and lake depth, but is negatively correlated with 
lake size (Table 3b.2, R2 = 0.46). The highly significant 
Cu and LOI regression coefficients for THg imply 
strong geogenic, as well as atmosphere-vegetation-
mediated Hg contributions, respectively. The latter 
contributions vary among lake watersheds, ranging 
from well vegetated (high LOI) to barren (low LOI).

3b.4.10 Great Bear Lake, Northwest 
Territory

The GSC lake sampling zone northeast of Great 
Bear Lake is underlain by Precambrian sedimentary 
and metamorphic rocks interspersed with igneous 
intrusions, dikes, and sills. Geochemical exploration 
and mining activities in this area have focused on 
procuring nuclear fission materials since the 1940s. 
Studies have shown that THg levels in the Great Bear 
Lake sediment correlates with other heavy elements, 
including U. These correlations were amplified in the 
Great Bear Lake estuaries downstream from mining 
locations (Moore and Sutherland, 1981; Lockhart et 
al., 1998). Within this GSC sampling zone, THg varies 

FIGURE 3B.20  Total mercury in stream sediments in lake sediments northeast of Great Bear Lake.
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An analysis of the GSC data from Yukon revealed the 
following information (Nasr et al., 2011):

• Mean sediment THg is slightly but significantly 
higher in streams flowing through alluvial and 
organic soils than in streams flowing over bare 
rock and through outwash and till deposits; this 
trend is related to greater organic matter binding 
to sediment particles enriched with transition 
elements (Lu and Jaffe, 2001). As a result, dark-
coloured sediments tend to have higher THg 
levels than light-coloured sediments.

• Significantly elevated THg levels occur in stream 
sediments from swamps and flood plains. In 
contrast, THg levels are generally lower in 
sediments taken from streams in hilly and 
undulating terrain. Sediments on peneplains have 
the lowest mean THg level.

• Terrains with trellis streams have significantly 
higher mean THg levels, likely due to freshly 
exposed rock surfaces along steep ridges 
and stream channels. Sediments sampled 
from streams with rectangular, basinal, and 
herringbone flow patterns tend to have lower THg.

3b.4.11 The Selwyn Basin, Yukon Territory

The Selwyn Basin that crosses through Yukon from 
mid-west to southeast contains high concentrations 
of THg and other heavy metals in the sediments 
that lie on clastic Cambrian to Permian black shale 
formations (Figure 3b.22). This widespread anomaly 
has been attributed to the dispersal and settling of 
submarine volcanic plumes during the Precambrian-
Devonian age, when the Selwyn Basin was still filled 
with ocean water. Since then, the basin experienced 
repeated tectonic uplift and volcanic action, giving 
rise to its mountainous terrain and its geospatially 
scattered sulphide mineralization (Goodfellow,  
2007; YGS, undated). Peaks and ridge tops are 
barren, and valleys are forest-covered. As a result, 
90% of the stream sediments have LOI less than 
20%. The higher-elevation peaks are generally 
associated with granitoid plutons, each with low Hg 
content (Garrett, 1974). The gradual Hg evasion from 
the barren weathered and unweathered black shale 
can be a significant source of THg (Schroeder  
et al. 2005).

FIGURE 3B.21  Box-and-whisker plots for total mercury in the lake sediments northeast of Great Bear Lake, lake 
depth, and loss on ignition by lake area, suspension, terrain relief, and sediment colour.
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• The results of the multiple regression analysis  
in Table 3b.2 identified LOI, Cu, Cd, and Zn  
as the strongest contributors to the THg 
variations. Stream-channel width and depth also 
contributed significantly to THg variations, with  
all contributions accounting for approximately  
50% of the log

10 THg variations.

3b.4.12 British Columbia

Stream sediments with THg levels greater than 1 000 
μg kg-1 occur in British Columbia in several areas, 
including Vancouver Island, on the mainland around 
Gold Bridge northwest of Lilloet, and around Pinchie 
Lake northwest of Fort St. James (a centre of past Hg-
mining activities). In each case, sediment levels of THg 
are associated with Triassic, Jurassic, or Cretaceous 
mafic to ultramafic bedrock formations. The THg levels 
(Figure 3b.23) can be summarized as follows:

• Streams draining the high, and especially  
ice-covered, alpine areas produce sediments with 
consistently low THg levels in their sediments 
(THg < 20 μg kg-1).

• Total mercury, Cd, Cu, Zn, and Sb concentrations 
decrease with increasing stream order (Table 
3b.3), likely due to a gradual dilution of the trace-
element content in the sediments with increasing 
distance from metallogenic upland sources.

• Trace-element concentrations are lower in the 
sediments of fast-flowing streams (Table 3b.3; 
Brandvold and McLemore, 1998).

• Sediment LOI decreases with increasing 
channel width and increasing stream order. 
This suggests that upland-to-stream organic 
matter transference and settling decreases from 
small to large stream orders. This is likely due 
to decreasing slopes, decreasing flow rates, 
decreasing litter input across the widening flow 
channels, and increasing Hg volatilization from 
sediments that accumulate in shallow streams 
(Byrnea et al., 2010).

• Sediment THg levels also decrease with 
increasing wet-area portion per basin area above 
the GSC sediments sampling locations. This likely 
reflects greater sediment retention efficiency as 
streams course increasingly through wet areas 
and wetlands.

FIGURE 3B.22  Total mercury around the Selwyn Basin in Yukon Territory. The black line indicates the territorial 
border between Yukon Territory and the Northwest Territories.
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• High population densities did not translate into 
consistently elevated Hg levels in downwind 
areas, in spite of locally elevated Hg emissions 
and topographically elevated forest receptors.

• Sediment THg levels vary widely. Total mercury 
levels that exceed 10 000 μg kg-1 are associated 
with past and present mining locations. However, 
not all mining area locations are part of the GSC 
database, notably the Hg-mining area at Pinchie 
Lake northwest of Fort St. James, and the Myra 
Falls area, west of the southern tip of Buttle Lake 
on Vancouver Island.

FIGURE 3B.23  Total mercury in stream sediments in southwestern British Columbia.
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and towards anoxic locations in lake water should 
be investigated.

• Sediment surveys and sampling strategies 
from geochemical as well as environmental 
perspectives should be refined, especially to 
quantify local Hg source-receptor relationships 
downwind from major Hg sources.

• Case studies of past, current, and planned mining 
activities and processes should be expanded. 
Sediment THg analyses should be used for 
planning geochemical exploration; for analyzing 
and containing the spread of past, current, and 
future mine tailings; and for locating mining sites 
to minimize inadvertent sediment THg deposition.

• The effects of Hg emission control initiatives, 
land-use changes, vegetation cover, and climate 
conditions on THg and related Hg transformations 
in streams and lakes need to be understood and 
anticipated (Indian and Northern Affairs, 2003).

Matters of general concern regarding sediment THg 
transfer to streams and lakes are as follows:

• Continuing particulate Hg transfer from uplands 
to streams and lakes is likely more readily bio-
absorbed than Hg that has already accumulated on 
lake bottoms.

• Lake bottoms that have high sediment THg levels 
should remain undisturbed (no dredging) to 
minimize Hg remobilization.

• Wetlands above streams and lakes should not 
be drained because drainage may reduce Hg 
retention prior to stream and lake entry.

• Gradually increasing air temperatures lengthen 
the growing season and shorten the snow season 
across Canada. This could increase the annual 
sequestration of atmospheric Hg by vegetation, 
followed by increased litter and soil THg 
accumulations.

• Hg so retained would increase Hg loading in 
stream and lake sediments.

• Gradual south-to-north expansion and 
intensification of land-use activities (mining, 
agriculture, forestry, urbanization, and recreation) 
will increase soil and streambank erosion and will 
therefore increase sediment-based transfer of THg 
to lakes and streams.

3B.5 CONCLUSIONS
Total mercury concentrations in stream and lake 
sediments vary across Canada by region and from 
one location to another. The larger variations are 
mainly due to local differing geological contexts. The 
more gradual variations result from atmospheric Hg 
deposition, accumulation of Hg in vegetation and soils, 
and subsequent sediment transport from uplands 
to wetlands, streams, and lakes. Sediment THg 
levels have been found to correlate with LOI, which 
indicates contributions from organic sources such 
as atmospheric Hg scavenged by upland, wetland, 
and aquatic vegetation. This THg is subsequently 
accumulated in organic matter in upland soils and 
wetlands. The relationship between THg and LOI 
is curvilinear and can be overshadowed in cases 
where LOI is low and geogenic Hg sources prevail. 
Total mercury levels in sediments are typically 
highest downstream from current and past mining 
and smelting activities. In general, levels of THg in 
sediments were found to be lowest in the Arctic and 
on high alpine areas. This is suggested to result from 
(1) low, limited, and vegetation-induced sequestration 
of atmospheric Hg, and (2) Hg volatilization due to 
photochemical reduction processes across sun-
exposed barren to snow- and ice-covered landscapes.

Mean levels of background THg (mean of all levels 
measured excluding those above 1 500 μg kg-1) were 
correlated with the GRAHM-modelled deposition 
rates for atmospheric Hg. Across the survey zones, 
mean THg levels were generally higher in lake than 
in stream sediments, but decreased with increasing 
stream order, larger flow channels, increasing flow 
rates, and increasing wet-area portion per basin 
above the sediment sampling locations. Knowing 
these trends should be useful for understanding and 
quantifying how Hg is transferred from uplands to 
wetlands, streams, and lakes. The following are gaps 
in information and steps that should be taken at the 
local and national level:

• There is a need to formulate and quantify 
particulate and dissolved Hg transport from 
uplands to surface waters.

• Flow paths for Hg transfer and methylation 
processes along upland/wetland transition zones 
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SOIL LAYERS 

A mineral horizon

Ae leached mineral soil

Ah organically enriched mineral soil

BC mineral layer in a transition between B and C horizons

Bf and  horizons commonly found in podzolic soils that 
BhfB have certain characteristics

Bm B horizon slightly altered by chemical weathering

C mineral horizon underlying B

L litter layer

F fermentation layer

H humification layer

ABBREVIATIONS
BCF bioconcentration factor

DOC dissolved organic carbon

Hg mercury

Hg0 elemental mercury

Hg2+ divalent mercury

MeHg methylmercury

POC particulate organic carbon

S sulphur

TC total carbon

THg total mercury

TS total sulphur
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growing seasons. Glooschenko and Capobianco 
(1978) showed that Sphagnum spp. contain higher 
Hg concentrations near geogenic Hg sources than 
elsewhere. Gjengedal and Steinnes (1990) and 
Ruhling and Tyler (2004) reported that Hg levels in 
mosses increase with increasing atmospheric Hg 
deposition under open and closed forest canopies. 
Further, Hg accumulation was observed to gradually 
increase in transplanted moss and lichens at high-
elevation sites in Quebec, likely due to Hg-carrying 
cloud drift (Evans and Hutchinson 1996). For soils 
and mushrooms, Hg concentrations were specific 
to location, differing between Hg-contaminated and 
uncontaminated substrates (Svoboda et al., 2000, 
2006; Ettler et al., 2007; Falandysz et al., 2007a, 
2007b; Chudzyński et al., 2009). In fact, Sullivan et 
al. (2004) reported elevated THg concentrations in 
grasses near a coal-burning power station.

Presented as a case study, this chapter provides 
a qualitative and quantitative overview of how 
THg concentrations vary in forest vegetation and 
soils, using the example of a transect study across 
southwestern New Brunswick (Figure 3c.1). Concerns 
about Hg accumulation in terrestrial and aquatic 
biota in this area in New Brunswick have been 
expressed by Pilgrim et al. (2000), Evers et al. (2007), 
National Atmospheric Deposition Program (NADP, 
2009), and Burt and Wells (2010). In this location, 
frequent and persistent summer fog adds to canopy-
level Hg capture along the coast, especially on 
southwest-facing cliffs and shorelines (Weathers et 
al., 2000; Ritchie et al., 2006). This study analyzed 
THg concentrations in samples collected from trees, 
shrubs, herbs, grasses, ferns, mosses, mushrooms, 
and forest floor and soil layers. The sampling 
locations were an island in the Bay of Fundy (Grand 
Manan), along the mainland coast (Point Lepreau to 
New River Beach), and 100 km north of the coast 
(Fredericton).

3C.1 INTRODUCTION
The biomonitoring of mercury (Hg) accumulation 
and Hg concentration in forest soils and vegetation 
provides important information to assess how much 
atmospherically transported Hg is sequestered 
across forested landscapes, including wetlands 
(Miller et al., 2005; Kolka et al., 2011). Attributing 
a direct relationship between the atmospheric 
deposition of Hg, as opposed to other sources, and 
the levels in the landscape is difficult because Hg 
undergoes variable biophysical and biochemical 
transformation and transference processes. These 
processes occur as Hg passes from the forest foliage 
to the forest floor, to the underlying mineral soil 
layers and roots, and then into organisms that feed 
on roots and soil organic matter (Berg et al., 2006; 
Gramatica et al., 2006; Bash et al., 2007; Kos et al., 
2012;). In general, lichens, mosses, mushrooms, 
and soils provide obvious targets for monitoring 
atmospherically deposited substances, including Hg. 
For example, Bushey et al. (2008), Selvendiran et 
al. (2008), and Laacourie (2013) demonstrated that 
total mercury (THg) levels in foliage increase during 
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3C.2 BACKGROUND
Forest canopies are known to sequester atmospheric 
Hg in particulate, wet, and gaseous forms (Frescholtz 
et al., 2003; Miller et al., 2005; Bash et al., 2007; 
Stamenkovic and Gustin, 2009). During dry conditions, 
some of the gaseous Hg enters the foliage diffusively, 
through the stomates, especially Hg removed from 
the internal air by photo-oxidation. Particulate Hg can 
land on leaf surfaces and other canopy structures 
including elongated and fibrous organisms such 
as Usnea (Old Man’s Beard) (Halonen, 2000; Garty, 
2001). Intercepted fog and rain leave Hg residues in 
the canopy, where they may be complexed by organic 
substances. Much of the retained Hg in the canopy 
may then either be washed down during heavy fog 
and rain events by dripping from foliage, epiphytes, 
twigs, and branches, or may form part of litterfall 
(Grigal et al., 2000; Grigal, 2003). As well, some of the 
canopy-intercepted Hg may be revolatilized (Mowat et 
al., 2011; Blum et al., 2012).

Stemflow, throughfall, and litterfall add to the Hg pools 
in the forest floor (Rea et al., 2001; Ericksen et al., 
2003; Risch et al., 2012), moss carpets (Sun et al., 
2007), and snow packs. In certain forms, Hg deposited 

The following research questions were addressed:
1. Which factors explain the variation in THg levels 

in vegetation and soils under the prevailing 
atmospheric deposition conditions?

2. Which factors affect the sequestration of Hg with 
sulphur-containing substances?

3. How does THg accumulation in the vegetation and 
soil pools relate to the typical input/output rates 
of atmospheric Hg deposition, soil weathering, 
leaching, and Hg revolatilization?

This case study provides information on how THg 
concentrations in vegetation and soils across a 
forested landscape are affected by vegetation, 
location, tissue type, development, THg, and total 
sulphur (TS) content in the substrates preferred 
by various species. In addition, an overview of the 
typical THg pool sizes by vegetation and soil layers in 
relation to Hg sequestration and transference rates 
is presented. For a detailed review of Hg in soils 
and vegetation, refer to Amirbahman and Fernandez 
(2012).

FIGURE 3C.1  Sampling locations in New Brunswick forest for vegetation, soil moss, and fungal fruiting bodies.
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A portion of the Hg accumulated in the soil may be 
derived from geogenic sources. Background THg 
concentrations in soil parent materials are generally 
low (e.g., Parsons et al., 2008, 2012, 2013) and 
decrease in glacial drifts with increasing distance 
from sulphide ore deposits (Goodwin, 2005; Campbell, 
2006). Some of the mineral-bound Hg may become 
bioavailable through soil weathering, but much of 
the Hg thus released becomes complexed by organic 
matter (Xia et al., 1999; Liu, 2008).

The uptake of Hg from soil, lichen, and moss pools 
(Patra and Sharma, 2000) raises concerns about 
potentially detrimental effects of Hg bioaccumulation 
on terrestrial and aquatic organisms (Gnamuš et al., 
2000; Duffy et al., 2001; U.S. National Parks, 2006; 
Martínez-Trinidad, 2013). Mercury is strongly held by 
sulphur (S)-containing litter and soil organic matter, 
and root uptake of Hg by vascular plants tends to be 
low in general (Adriano, 2001; Schwesig and Krebs, 
2003; Tomiyasu et al., 2005; Tangahu et al., 2011), 
which may be due in part to ectomycorrhizal Hg 
uptake and retention (Taylor, 2000; Demirbas, 2001). 
Therefore, forest fungi provide a bioaccumulation 
pathway for soil-accumulated Hg (Hg2+ as well as 
MeHg) via the consumption of mycelia-ingesting 
earthworms by birds and mammals, as well as the 
consumption of Hg-accumulating mushrooms by 
wildlife and people (Kalac et al., 1996; Hinton, 2002; 
Isildak et al., 2004; Toljander et al., 2006; Chudzyński 
et al., 2009; Zhang et al., 2009; BRI, 2012).

onto snow can be re-emitted to the atmosphere (Kirk 
et al., 2006; Faïn et al., 2012). In addition, some of the 
Hg accumulated in mosses and the forest floor can 
also be subject to volatilization (Moore et al., 1995; 
Schetagne et al., 2003). However, in temperate to 
boreal forests, the rate of evasion from the forest floor 
is generally low due to shading and cool temperatures 
(Schwesig and Krebs, 2003; Choi and Holsen, 2009). 
Some of the Hg stored in the moss and forest floor 
therefore enters the mineral soil below through 
biomixing and leaching (Demers et al., 2007).

Most Hg in the forest floor and the mineral soil below 
is retained by organic matter through strong Hg-S 
binding and adsorption of organically complexed 
Hg on mineral surfaces (Gabriel and Williamson, 
2004; Hall and St. Louis, 2004; Chadwick et al., 
2006). Other contributing factors include soil pH, 
because the leaching of organically complexed Hg 
increases with increasing pH, and lowering of the 
redox potential. The latter factor facilitates both 
the reduction of divalent mercury (Hg2+) to volatile 
elemental mercury (Hg0) and the methylation of Hg2+ 
to methylmercury (CH3Hg+, MeHg) in the presence 
of sulphate and iron-reducing bacteria (Revis 
et al., 1990; Cai et al., 1999; Kerin et al., 2006; 
Ravichandran, 2004; Amirbahman and Fernandez, 
2012). Mercury that accumulates in soil as Hg0 
evades in part through wetting and re-wetting 
displacements (Johnson et al. 2003). Typically, Hg 
concentrations in the forest floor increase from the 
litter layer (L) to the fermentation layer (F) to the 
humification layer (H), owing to increased organic 
matter decomposition and humification (Saiz et al., 
2007). Consequently, Hg concentrations are generally 
highest in the H layer or the underlying organically 
enriched Ah layer, when present. Below Ah layers, 
THg concentrations tend to decrease towards subsoil 
(Davis et al., 1997; Fu et al., 2010). Only a small 
portion of the Hg retained in the soil enters streams, 
wetlands, and lakes through groundwater flow (Meng 
et al., 2005). Forest fires can lead to significant 
THg losses from forest vegetation and the forest 
floor (Navratil et al., 2009), but THg losses from 
the underlying mineral soil layers are more limited 
(Mitchell et al., 2012) and depend on fire intensity 
(Amirbahman and Fernandez, 2012).
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senescent)). Biomass and THg in the soil pools were 
estimated using typical literature-reported values for 
soil mass, density, and TC and THg concentrations  
for each vegetation and prominent forest soil layer.

3C.4 MERCURY IN VARIOUS 
COMPONENTS

3c.4.1 Mercury in Vegetation

The concentrations of THg in the sampled vegetation 
components are shown in Table 3c.1 and Figure 
3c.2. In the samples collected, the concentrations 
varied strongly by tissue type and are listed from 
lowest to highest as follows: low: deciduous foliage, 
flowers, berries and fruits, wood (stems); increasing 
concentrations: coniferous foliage, ferns, aquatic 
vegetation, erbs, grasses and sedges, twigs and  
bark, liverwort, moss, shelf fungi (conks), lichens,  
and mushrooms (except Cantharellus, Craterellus,  
and Russula).

Typically, annually regrown deciduous foliage 
contained less THg than perennial conifer needles, 
confirming results from Grigal (2003) and Kolka et 
al. (1999, 2011). Larch had the lowest foliar THg 
concentration, while black spruce had the highest. 
Twig and foliar concentrations followed the same 
trend, but the twig THg level was approximately half 
the foliage THg level, except in larch, for which the 
twig THg level was approximately double foliar THg 
levels (Figure 2c.2, middle panel). The mean THg level 
in coniferous foliage increased with age. In addition, 
THg in first-year conifer needles was greater than THg 
in annual hardwood leaves.

Among the lichens, the Usnea species showed the 
highest THg accumulation (Table 3c.1), likely because 
of their beard-like structure and their preference for 
foliage-free twigs and branches. Jardine et al. (2009) 
reported a highly significant relationship between THg 
in Usnea and distance from a coal-burning power 
plant in central New Brunswick (log10 THg (ppm) = 
-0.422 to 0.0253; relationship with log10 distance 
(km), R2 = 0.421, p < 0.001). Mercury absorption 

3C.3 METHODS
Samples were collected from 100 × 100 m2 plots 
sited from the forest edge to the forest interior at 
the locations shown in Figure 3c.1. Samples were 
collected from mid-summer to early fall and included 
504 vegetation samples; 84 soil profiles yielding  
695 soil samples by layer (the layers include  
the L, F, and H layers of the forest floor, and the 
underlying A layer of the mineral soil, varying from 
leached (Ae) to organically enriched (Ah)); 170 moss 
carpet samples (beds) including 4 common species 
(Pleurozium schreberi, Polytrichum juniperinum, 
Ptilium crista-castrensis, and Sphagnum spp.); and 
727 fungal fruiting bodies (caps and stalks of 29 
species) that emerged from the litter layers or from 
the moss beds. For general reference purposes, 
mineral soil samples deeper than A (i.e., Bf, Bm, BC, 
C), peat from bogs, and sediments from stream and 
coastal salt-water lagoons were also collected near 
the sampling locations. In addition, soil layer depth 
and density as well as moss bed biomass (oven-dried, 
photosynthetic layer only, with the remainder being 
part of the forest floor) were also determined. Forest 
cover at the soil and vegetation sampling locations 
varied from mixed woods (conifers dominant) to 
tolerant hardwoods. The bedrock type was primarily 
silicaceous igneous (Jurassic basalt on Grand Manan, 
Precambrian meta-sedimentary bedrock along the 
coast, and Carboniferous sedimentary bedrock at the 
inland location) and was covered by combinations of 
ablation till on basal till. The soils varied from shallow 
podzols and brunisols on the uplands to gleysols in 
wet areas (CanSIS, 2008).

Laboratory analyses for THg were performed on 
freeze-dried samples (method EPA 7473, using 
a DMA-80 analyzer, and total carbon (TC) and S 
analyses, using a LECO-CNS 2000). Hence, THg could 
be related to the varying total C and S levels across 
the samples. The statistical analyses involved basic 
summaries, analysis of variance, and both single 
and multiple regression analyses. The analyses were 
performed by soil layer type (fine earth fraction only, 
particles < 2 mm sieve), by geographical location 
(island, coast, and mainland), by moss species  
(green tissue only), and by fungal species (cap versus 
stalk and developmental stage (immature, mature, 
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subsequent transport to foliage, by vascular plants is 
generally low in comparison with mycelial Hg uptake 
and subsequent Hg transport to the fungal fruiting 
bodies (Nasr et al., 2011, 2012).

Lichens and mosses had higher THg concentration 
along the coast than at the inland locations (Figure 
3c.2). This result can be likely attributed to fog and 
cliff enhancement, which enables the capture of 
atmospheric Hg. Lower THg concentrations were 
observed in aquatic vegetation and sediments from 
freshwater locations than from brackish locations.

and retention are facilitated in lichens because of 
their high protein and high Hg-binding S-amino acid 
content (Branquinho, 2001).

With the exceptions of Cantharellus, Craterellus, 
and Russula ssp., mushrooms had generally higher 
THg levels than shelf fungi (conks). This difference 
is likely due to the higher THg accumulation in soils 
than in wood (Table 3c.1). Similarly, ground flora 
foliage generally had higher THg levels than canopy 
foliage, likely due to precipitation. Moore et al. (1995) 
observed a similar trend. Root uptake of Hg, and 

TABLE 3C.1  Summary statistics for the total mercury concentrations in various soil, sediment, and vegetation 
samples collected from the coastal transect study in southwestern New Brunswick

        Vegetation components  
Concentration, ng g-1

n Mean Min Max SD

Vegetation; 
miscellaneous  
upland & wetland

Peas, rosehips 2 3.6 2.2 4.9 1.9 
Deciduous foliage (alder, apple, white birch) 4 4.6 1.9 7.1 2.7 
Flowers (aster, dandelion) 4 4.8 2.0 8.1 2.7 
Flowers (apple blossom) 2 5.3 3.4 7.1 2.6 

Berries (bunch berry, creeping strawberry, 
raspberry, sarsaparilla)

18 7.5 1.0 17.5 5.0 

Shrub foliage (Chamaedaphne calyculata, 
Gaultheria, Kalmia angustifolia)

17 11.4 2.5 45.9 10.4 

Sedge 3 14.3 5.2 31.4 14.8 
Fern (fiddlehead stage) 4 14.9 0.8 37.8 17.0 
Labrador tea, foliage 4 21.5 14.1 34.8 9.2 
Grass 9 25.2 1.4 91.2 27.7 

Liverwort (Bazzania, Ptilidium) 7 59.5 41.7 74.6 13.4 

Aquatic vegetation
Chaetomortha, Nelagonium, Cystodonium, 
Purpureum, Laminaria, Saccharina 5 16.1 1.0 64.0 27.0 

Coniferous foliage: 
balsam fir; black, red, 
and white spruce; 
cedar

1st year 30 6.6 0.6 20.3 4.7 
2nd year 30 11.7 5.2 32.0 5.9 
3rd year 29 18.3 6.5 48.9 9.3 
4th year 18 23.8 8.7 49.8 10.9 

Wood: cedar, fir, larch, 
red and white spruce, 
white pine

Stems 41 4.8 0.7 11.1 1.5 
Twigs 19 47.3 13.0 93.7 24.0 
Bark 29 46.0 17.2 97.6 21.1 

Mosses
Ptilium crista-castrensis 46 79 28 137 28
Sphagnum spp. 71 152 91 215 27
Polytrichum juniperinum 28 185 113 258 37
Pleurozium schreberi 25 267 147 400 54

Lichens
Reindeer moss, Wax paper lichens 34 124 10 337 74
Old Man’s Beard (Usnea) 99 244 24 635 116
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TABLE 3C.1  Continued 

        Vegetation components  
Concentration, ng g-1

n Mean Min Max SD

Conks (Shelf fungi)
Inner flesh 2 64.1 61.2 66.9 4
Surface 7 251 241 552 14

Mushrooms, 
saprophytic fungi

Psathyrella foenisecii 4 736 120 578 218
Maramius oreades 5 963 146 2420 970
Entoloma strictius 2 1 133 798 1 467 473

Mushrooms, 
ectomycorrhizal 
fungi, by genus

Cantharellus 30 74 12 249 66
Craterellus 9 133 68 222 53
Russula 92 242 3 2 860 406
Hydnum 28 249 76 546 121
Tylopilus 10 297 30 530 156
Leccinum 66 399 50 2 876 489
Suillus 74 414 30 2 927 611
Lactarius 71 482 17 2 145 443
Amanita 84 712 30 4 855 783
Xanthoconium 13 962 200 2 025 482
Cortinarius 192 1 336 98 10 475 1 201
Bankera 44 1 761 308 3 698 853
Boletus 23 2 836 459 5 805 1 653

Soil layer
L 211 141 19 536 80

F 272 260 12 818 120
H 35 299 87 616 138

Ah, Ae 237 105 13 789 81
Bf, Bm, BC, C 277 88 22 296 43
Gravel 4 2.9 2.5 3.3 0.5

Peat 10 168 141 212 35

Sediments, mineral
Brackish water lagoons 4 8.6 7.1 10 1.7

Freshwater streams 4 20.3 19.2 21.3 1.2

Sediments, organic
Brackish water lagoons 12 11.6 6.6 15.8 3.9

Freshwater streams 4 51.1 38.8 63.4 14.2
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increase in THg concentrations with increasing state 
of organic matter decomposition and humification 
(e.g., increase from L to F, H, and Ah layers is due 
to greater loss of C via carbon dioxide production 
rather than to lower Hg loss via Hg volatilization). 
The trends could also result from some volatilization 
of organically bound Hg when exposed to open sun 
conditions for the beaches and shoreline lagoons. 
Finally, THg concentrations in the soil parent materials 
were generally low. A multiple regression analysis 
(R2 = 0.49) was conducted for soil THg concentration 
according to the following equation:

3c.4.2 Mercury in Soil

THg concentrations in the soil samples from the 
forest floor, peat, organic sediments in streams, 
mineral soils and sediments, lagoon sediments, and 
gravel were measured (Table 3c.1 and Figure 3c.2). 
Organic sediments, peat, and forest floor samples had 
higher THg concentrations than mineral soil samples, 
and the gravel samples had the lowest values. On 
average, THg concentrations increased from the L 
layer to the F layer to the H layer (i.e., from the top 
to the bottom in the forest floor). These trends were 
likely due to retention of Hg by organic matter or an 

FIGURE 3C.2  Overview of total mercury concentrations (THg) in vegetation, soil, and sediment samples (top); total 
mercury concentrations in foliage and twig samples (middle); and location effects on THg in lichens, mosses, and 
sediments (bottom).
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In particular, THg in the F and H layers, on average, 
exceeded the THg in the L and A layers by 89.5 
and 137.1 μg kg-1, respectively. The presence of 
Pleurozium and Sphagnum beds further increased soil 
THg by 58.3 and 44 μg kg-1, respectively. Increasing 
the forest floor depth (LFH-thickness by 1 cm would 
decrease THg in each of the L, F, H, and A layers by 
10.9 μg kg-1). Hence, locations with thicker forest 
floor layers tend to have lower soil THg concentrations 
(Figure 3c.3, middle panel). Raising soil TS by 
1% increased soil THg level by 588 μg kg-1, while 
increasing soil TC by the same amount decreased 
soil THg level by 1.2 μg kg-1. The positive relationship 
between THg and TS (R2 = 0.157; p < 0.0001; Figure 
3c.3, bottom panel) corroborates the idea that TS 
contributes to Hg accumulation due to strong Hg–SH–
organic matter bonding (Xia et al., 1999; Skyllberg et 
al., 2003). Excluding soil TS from the analysis made 
TC a strong positive contributor to soil THg owing to 
the strong correlation between soil TS and TC, i.e., soil 
(TS, %) = 0.0071 TC (soil, %)0.76, R2 = 0.90.

By location, the overall sequence of the total Hg 
concentrations in the L, F, H, and A layer soils was as 
follows: THg (island, coded 1) greater than THg (coast 
soil, coded 0) greater than THg (inland, coded -1). This 
sequence may be due to the frequent mid-summer 
fog exposure along the steep cliffs on Grand Manan. 
The results collected indicate that, on average, island 
and inland soil THg differed from coastal THg by 
+33.8 and -33.8 μg kg-1, respectively.

3c.4.3 Mercury in Mosses

THg concentrations in several moss beds were 
investigated by species (Table 3c.1 and Figure 3c.4). 
THg concentrations were reported from highest to 
lowest as follows: Pleurozium schreberi (a feather 
moss), Polytrichum juniperinum (a cap moss), 
Sphagnum spp. and Ptilium crista-castrensis  
(a plume moss).

In the sample areas, mosses covered approximately 
one-quarter of the forest floor, with a biomass of 4.4 
t ha-1 in the moss bed areas. As reported by Carter 
and Arocena (2000), Pleurozium beds experience 
higher temperature and vapor pressure deficits than 
Ptilium beds; the former moss is more efficient in 
retaining incoming metal ions while the latter adds 
water enriched with dissolved organic material and 

THg (soil, μg kg-1) = 160.8 + 89.5 F layer +  
137.1 H layer - 10.9 LFH-thickness (cm) + 588 TS 
(soil, %) + 58.3 Pleurozium + 44 Sphagnum -  
1.2 TC (soil, %) + 33.8 Location

where each layer (L, F, H, or A) was coded 1 when 
applicable. This equation quantifies how soil THg 
varied by soil layer type, LFH-thickness, TS (soil),  
and TC (soil).

FIGURE 3C.3  Total mercury concentrations by soil 
layer type and location, including island, coast and 
mainland (top panel), by soil layer thickness (middle 
panel), and by soil TS (bottom panel). Adapted from 
Nasr and Arp, 2011.
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FIGURE 3C.4  Total mercury concentrations by moss 
species and study location, including island, coast, 
and mainland (top panel); total mercury and carbon 
concentrations by moss species in the F layer of the 
forest floor (bottom panel). Adapted from Nasr and 
Arp, 2011.

metals to the mineral soil below. Hence, Pleurozium is 
more effective in retaining Hg than Ptilium. In contrast, 
Sphagnum grows quickly under wet and sun-
exposed conditions and, generally, overtops slowly 
growing species (Foster, 1984). Therefore, Sphagnum 
retains incoming water and organically sequestered 
metal ions, including Hg (Matilainen et al., 2001). 
However, the Hg concentration build-up in Sphagnum 
is restricted by growth dilution. Polytrichum and 
Ptilium generally grow on well-drained micro-sites 
(e.g., rocks, logs, mounds, and forest litter) with 
Polytrichum, being endohydric rather than ectohydric, 
having root-like structures to facilitate capillary 
uptake of water and metal ions including organically 
complexed Hg from the underlying substrates. For all 
mosses, litter falling on moss carpets add to moss 
THg levels. Typically, mosses grow through freshly 
fallen litter (Frego and Carleton, 1995; Uchida et al., 
2001) and add to Hg uptake through bed-internal litter 
decomposition and mineralization processes. In detail, 
moss THg levels and the THg:C ratio not only varied by 
species (Figure 3c.4, bottom panel), but also increased 
with increasing moss TS, as well as with increasing 
THg and decreasing TS in the underlying F layer. 
These results were determined using the following 
regression equation (R2 = 0.90):

THg (mosses, μg kg-1) = 206.0 - 178.8 Ptilium - 
112.7 Sphagnum - 69.6 Polytrichum + 0.15 THg  
(F layer, μg kg-1) +339 TS (mosses, %) - 243.2 TS 
(F layer, %)

each species coded 1 when present or 0 when 
absent. Therefore, moss THg levels were highest in 
Pleurozium beds. A location-dependent effect on Hg 
level in mosses from coast or inland to island could 
not discerned (Figure 3c.4, top panel). This trend was 
obscured by an insufficient moss sampling size across 
the 4 species and the 3 sampling areas. Typically, 
moss THg levels increase with increasing proximity  
to Hg emission sources (Migaszewski et al., 2010;  
Kos et al., 2012).
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TABLE 3C.2  Best-fit multiple regression models for total mercury or log10 total mercury variations in the soil, 
mosses, and mushrooms as well as for bioconcentration factor

Dependent variable Regression variable
Regression 
coefficient

Standard 
error

t value R2 PCDV

log10 (Hg, μg kg-1)  

in mosses

Intercept 206.6 15.3 13.5

Ptilium crista-castrensisa -178.8 7.7 -23.3 0.556 -0.90

Sphagnum spp. a -112.7 7.7 -14.6 0.693 -0.79

Polytrichum juniperinuma -69.8 7.5 -9.3 0.79 -0.64

THg (F layer, μg kg-1) 0.17 0.02 6.9 0.879 0.53

TS (moss, %) 339 76.2 4.5 0.888 0.37

TS (F layer, %) -243.2 56 -4.4 0.903 -0.30

log10 (Hg, μg kg-1)  

in soil layers

Intercept 160.8 12.3 13.1

F layer (THg, μg kg-1) 89.5 6.9 12.9 0.221 0.41

H layer (THg, μg kg-1) 137.1 14.8 9.3 0.321 0.31

Substrate thickness (cm) -10.9 1.2 -9.1 0.391 0.30

Locationc 33.8 4.2 8.1 0.431 0.27

TS (soil, %) 588.2 76.5 7.7 0.454 0.26

Pleurozium schreberib 58.3 10.6 5.5 0.468 0.19

Sphagnum sp.b 44 8.2 5.3 0.485 0.18

TC (soil, %) -1.2 0.30 -4.5 0.498 0.16

log10 (Hg, μg kg-1)  

in fungal fruiting bodies

Cortinariusb 0.73 0.04 18.8 0.145 0.77

Bankerab 0.82 0.06 14.3 0.247 0.67

DSd 0.25 0.03 9.76 0.353 0.53

Cantharellusb -0.80 0.09 -9.17 0.471 -0.09

log10 TC (F layer,%) 0.8 0.11 6.95 0.456 0.11

log10 TS (F layer,%) -0.67 0.12 -5.61 0.471 -0.09

log10 TS (Fungi,%) 0.47 0.09 5.17 0.753 0.32

log10 THg (F layer, μg kg-1) 0.4 0.07 5.44 0.764 0.21

Lactariusb 0.26 0.05 4.73 0.784 0.29

Cap, stalke -0.07 0.02 4.28 0.799 0.26

log10 (BCF) for fungal 

fruiting bodies

Intercept 0.83 0.1 7.99

DSd 0.25 0.03 7.81 0.114 0.408

Cantharellusb -0.83 0.11 -7.41 0.245 -0.388

Cortinariusb 0.31 0.05 6.75 0.338 0.358

Russulab -0.41 0.06 -6.69 0.429 -0.355

Bankerab 0.64 0.11 5.94 0.52 0.32

Cap, stalke -0.22 0.04 -5.74 0.556 0.31

Locationd 0.25 0.05 5.31 0.582 0.289

Polytrichum juniperinumb 0.28 0.06 4.92 0.617 0.269

Boletusb 0.85 0.18 4.86 0.641 0.266

TS (F layer, %) -1.69 0.46 -3.70 0.654 -0.205

Pleurozium schreberib 0.19 0.06 3.41 0.666 0.19

Note: all data had p values < 0.0007. BCF = bioconcentration factor; DS = developmental stage; PCDV = partial correlation with dependent variable;TC = total 
carbon; THg = total mercury; TS = total sulphur. 
aCode for Ptilium crista-castrensis, Sphagnum spp., Pleurozium schreberi, Polytrichum juniperinum: present 1, absent 0.
bCode for Cantharellus, Cortinarius, Russula, etc.: present 1, absent 0. 
cCode for location: mainland -1, coast 0, island 1. 
dCode for developmental stage (DS): emergent 1, mature 0, senescent -1
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The actual BCF values ranged from 0.1 to 45, with 
Bankera, Boletus, and Cortinarius having the higher 
values, and Russula spp., Cantharellus cibarius, 
Tylopilus plumbeoviolaceus, Craterellus tubaeformis, 
Amanita vaginata, Amanita fulva, Suillus viscidus, 
Hydnum repandum, Lactarius camphorates,  
and Leccinum scabrum having the lower values. 
According to this latter equation, BCF appears to be 
strongly influenced by fungal genus, being positive 
for Boletus, Cortinarius, and Bankera, and negative 
for Cantharellus and Russula. The presence of 
Polytrichum and Pleurozium beds also added to 
BCF, while increases in TS (F layer) lowered BCF. 
Increased fungal THg uptake from Polytrichum and 
Pleurozium beds is likely explained by a significant 
presence of mycelial biomass, which is appreciably 
higher in the non-photosynthetic than photosynthetic 
moss bed compartments (Davey et al., 2009).

In understanding Hg uptake for each species and 
subsequent transport of mycelial Hg to fungal fruiting 
bodies, there appears to be a relationship between 
mycelial Hg bioaccumulation, mycelial range, and 
mycelial longevity. For example, low Hg accumulators 
such as Cantharellus cibarius have short-lived mycelia 
(less than 2 months) and are generally limited to 
the upper 5 cm of the forest floor (Danell and Eaker, 
1992). Russula, which also have low THg and BCF 
values, have a somewhat larger 5–12 m mycelium 
range away from their symbiotic tree base (i.e., fine 
root tips; Peter et al., 2001). In contrast, Cortinarius 
and Suillus produce long-lived and wide-ranging 
mycelia (Koide et al., 2005). Cortinarius, with higher 
THg and BCF values, has mycelia growing from F 
layer into A layer soil, while Suillus, with the lower 
THg and BCF values, has mycelia growing in B layer 
soils where overall Hg is less available (Landeweert 
et al., 2003). Similarly, Amanita virosa and Amanita 
vaginata have mycelia growing in F layer and B 
layer soils, respectively (Dickie et al., 2002), with the 
former having THg and BCF values 3 times higher 
than the latter. Boletus mycelia generally grow in the 
organically enriched Ah layer, which likely contributes 
to their high THg and BCF values.

3c.4.4 Mercury in Fungal Fruiting Bodies

Total mercury levels in the fruiting bodies of the fungal 
samples varied by several orders of magnitude by 
family, genus, and species (Table 3c.1 and Figure 
3c.5). The regression analysis for THg in mushrooms 
produced the following equation (Table 3c.2; R2 = 
0.80):

log10 (THg, mushrooms, ppb) = 0.73 Cortinarius + 
0.82 Bankera + 0.26 Lactarius - 0.80 Cantharellus 
+ 0.25 DS + 0.07 Cap/Stalk + 0.47 log10TS (Fungal 
flesh, %) + 0.4 log10 THg (F layer, ppb) + 0.80 
log10 TC (F layer,%) - 0.67 log10 TS (F layer,%)

This equation underscores that Cortinarius, Bankera, 
Lactarius, and Cantharellus (each coded 1 when 
present and 0 when absent) had particularly high THg 
concentration values. Cap versus stalk (coded 1 and 
0, respectively) and developmental stage (DS; coded 
1, 0, and -1 for emergent, mature, and senescent, 
respectively) also had significantly influences on THg 
as well, such that cap THg is greater than stalk THg 
and emergent THg is greater than mature THg, which 
is greater than senescent THg, with Boletus edulis, 
Cortinarius armillatus, Cortinarius semisanguineus, 
and Xanthoconium separans as non-changing DS 
exceptions (Nasr and Arp, 2012). The increasing THg 
concentrations from stalk to cap are likely due to a 
higher allocation of structural hydrocarbon to stalks 
(Collin-Hansen et al., 2007; Kojo and Lodenius, 1989; 
Minagawa et al., 1980). In reference to soil results, 
this latter equation indicates that mushroom THg 
increased with increasing THg and decreasing TS 
concentrations in the forest floor. Increased F layer 
THg indicates increased Hg availability for mycelial 
uptake, while increased F layer TS indicates increased 
THg retention against mycelial uptake. Analysis of 
the bioconcentration factor (BCF) as the ratio of THg 
(mushrooms) to THg (F layer) produced the following 
equation (R2 = 0.67):

log10 (BCF) = 0.83 + 0.85 Boletus + 0.31 
Cortinarius + 0.64 Bankera - 0.83 Cantharellus - 
0.41 Russula + 0.25 DS + 0.22 Cap/Stalk + 0.28 
Polytrichum + 0.19 Pleurozium - 1.69 log10 TS (F 
layer) + 0.25 Location



124

Canadian Mercury Science Assessment – Chapter 3c

FIGURE 3C.5.  Total mercury concentrations (THg) in ectomycorrhizal fungi fruiting bodies by taxonomical order: (a) 
family (top panel); (b) genus (middle panel); (c) species (bottom panel). Adapted from Nasr and Arp, 2011.
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Estimating the geogenic THg pool by setting the 
THg concentration of the soil parent material 
(mostly glacial till) equal to 20 µg kg-1 (lower limit 
in Clifford et al., 2010) leads to an estimate of the 
atmospherically derived THg soil pool of 342 g ha-1 
(Table 3c.3). Comparing this value with the foliage 
THg pool (0.32 g ha-1) suggests that it would take 
about 1 000 years of foliage layers to bring the soil 
to its current THg accumulations. This time frame is 
similar to that for soil organic matter, which generally 
ranges from a few years in the L layer to 1 000 years 
or more with increasing soil depth and increasing 
association between organic matter and clay minerals 
(Becker-Heidmann and Scharpenseel, 1992). The 
corresponding soil THg accumulation due to soil 
weathering is about 0.2 to 3 g ha-1, and the amount 
lost from the soil through leaching and volatilization 
is about 20 and 10 to 70 g ha-1, respectively. This 
suggests that forest-sequestered atmospheric Hg 
accumulates and gradually adds to an existing 
geogenic Hg pool of approximately 220 g ha-1. Note 
that the THg atmosphere-sequestered:TC ratio 
increases from 0.009 (wood) and 0.075 (foliage) to 
0.28, 0.58, and 0.83 mg kg-1 in the L, F, and H layers, 
respectively, and to 2.0–3.8 mg kg-1 in the mineral 
soil layers. These numbers are generally consistent 
with the 0.5–2.0 THg: POC range for run-off, interflow, 
and bog and stream water, as documented by Kolka 
et al. (2001, 2011) and Shanley et al. (2008). A similar 
range applies to stream and lake sediments (Nasr and 
Arp, CARA 2013). Hence, most of the atmosphere-
sequestered THg pools in the mineral soil layers 
listed in Table 3c.3 appear to exist in an organically 
complexed form, and are transferred in this form to 
streams and sediments in similar THg:TC proportions.

The THg pools for foliage, mosses, and fungi are 
quite small. They are, nevertheless, dynamic in 
re-accumulating Hg year after year, providing 
an annually refreshed platform for Hg uptake by 
herbivores and omnivores. The recent Biodiversity 
Research Institute (BRI, 2012) report provides the 
extent of terrestrial bioaccumulation in invertebrates, 
songbirds, and bats, by relating blood THg to species-
specific forage preferences. Analogous to the entries 
listed in Table 3c.1, blood THg levels increase as 
the forage preferences move from canopy level 
(foliage-dominated food chain) to the ground level 
(decomposer-dominated food chain).

3C.5 POOL SIZES, TRANSFERENCE 
RATES, AND MASS BALANCES
Typical biomass, TC, and THg pool sizes by vegetation 
component (foliage, wood, and roots) and by soil 
layer, as affected by depth and density, are shown in 
Table 3c.3. As shown, the total g ha-1 amounts for THg 
are highest in mineral soil, followed by forest floor, 
followed by vascular vegetation; moss and fungal 
mycelia followed next with similar levels, and fungal 
fruiting bodies are lowest. The soil pool sizes are 
generally large in comparison with literature-reported 
upland vegetation and soil THg input and output rates:

1. Atmospheric Hg deposition rates are about 170 mg 
ha-1 yr-1 (e.g., Schelker et al., 2011).

2. Soil Hg weathering rates vary from 0.2 to 3 mg 
ha-1 yr-1 (St. Louis et al., 1996; Grigal, 2003).

3. Forest floor leaching losses are approximately 
120 mg ha-1 yr-1, assuming an average dissolved 
organic matter concentration of 50 mg L-1, a forest 
floor leaching rate of 1 000 mm yr-1, and THg (g 
L-1) = 0.86; dissolved organic carbon (DOC, mg 
L-1) = 0.67 (Meng et al., 2006; Jutras et al., 2011). 
This corresponds to the 120–150 mg ha-1 yr-1 

estimates by Demers et al. (2007).

4. Biologically and photochemically induced Hg 
volatilization from forest soils varies from about 
10 to 70 mg ha-1 yr-1 (e.g., Choi and Holsen, 2009; 
Hartman et al., 2009).

5. Stream-based Hg losses from forested upland 
watersheds, mediated by particulate organic 
carbon (POC) and DOC, are 10% of combined 
THg throughfall, stemflow, and litter fall (Grigal 
et al., 2000; Nelson et al., 2007; Kolka et al., 
2011). For erosion-prone areas (watersheds 
with open ground, high precipitation rates), this 
proportion increases to 50% (Shanley et al., 
2008). Approximately 20 mg ha-1 yr-1 of THg enters 
streams in combination with DOC (Schelker et al., 
2011). Hence, much of the DOC-leached Hg from 
the forest floor remains in the mineral soil below.

6. While forested uplands store most of the 
atmospherically deposited THg, this is not the case 
for the wetland portions of the uplands, in which 
most of the THg deposited from surroundings and 
the atmosphere enters streams or is volatilizes 
(Selvendiran et al., 2008). 
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TABLE 3C.3  Estimated representative values for soil and vegetation total carbon (TC) and total mercury (THg) 
concentrations and pools by biomass compartment and by soil and moss layer

Biomass 
compart-
ment, soil 
layer, or 
moss layer

Depth 
a, b

(cm)

Densitya

(g cm-3)

Total 
biomassa

(t ha-1)

TC
(%)

TC
(t ha-1)

THga

(µg 
kg-1)

THg
(g ha-1)

Min.
Biomass

(t ha-1)

THg Gg

(g ha-1)
TMASh

(g ha-1)

THg/
THg 

foliage
(mg kg-1)

TMAS/
TC

(mg kg-1)

Foliage - - 8 53.2d 4.3 40 0.32 - - 0.32 1.0 0.075

Wood - - 100 52d 52.0 4.8 0.48 - - 0.48 1.5 0.009

Bark 18 55 9.9 46 0.83 - - 0.83 2.6

Coarse roots - - 24 50d 12.0 47 1.14 - - 1.14 3.5 0.095

Fine roots 
(< 5 mm) 2 49.5d 1.2 300b 0.72 0.72 2.3 0.61

Biomass 
total - - 154 51.4 79 - 3.5 - - 3.5 10.9 0.04

L 2 0.12 24 49.5 11.9 141 3.4 - - 3.4 10.6 0.28

F 5 0.15 75 44.9 33.7 259 19.4 - - 19.4 60.7 0.58

H 3 0.18 54 36.8 19.9 305 16.5 - - 16.5 51.5 0.83

Ah 4 1.10 440 5.0 22.0 144 63.4 402 8.0 55.3 172.9 2.51

Ae 4 1.30 520 0.6 3.1 40 20.8 515 10.3 10.5 32.8 3.37

Bhf 10 1.10 1 100 2.8 30.8 102 112.2 1047 20.9 91.3 285.2 2.96

Bf 10 1.25 1 250 1.8 22.5 88 110.0 1211 24.2 85.8 268.0 3.81

BC 20 1.40 2 800 0.5 14.0 35 98.0 2776 55.5 42.5 132.8 3.03

C 30 1.70 5 100 0.1 5.1 22 112.2 5091 101.8 10.4 32.4 2.03

Soil total 88 - 11670 - 162.9 - 555.8 11042 220.8 342.0 1,068.6 2.10

Mosses - - 1f 45.1 0.5 200 0.2 - - 0.2 0.63 0.44

Mushrooms - - 0.017 c

45.5

0.008 720 0.012 - - 0.012 0.04 1.58

Mycelium - - 0.8 d, e 0.38 244e 0.24 - - 0.24 0.76 0.54

THgG = total mercury geogenic; TMAS = Total mercury atmosphere-sequestered; TMAS/TC = Total mercury atmosphere-sequestered/total carbon. aThis 
study, supplemented by Johnson & Lindberg (1992), Cairns et al. (1997), Li et al. (2003), Xing et al. (2004), Hazlett et al. (2005), Neilson et al. (2007). bWang 
et al. (2012): THg decreasing from ≈ 400 µg kg-1 for fine root tips to ≈ 200 µg kg-1 for higher-order fine roots. cKranabetter and Kroeger (2001). dBååth (1980). 
eSöderström (1979). fPorada et al. (2013). gTHg geogenic is set at 20 µg kg-1, i.e., lower limit for THg in forest soils and soils on glacial tills (Clifford et al. 
2010). hTHg atmosphere-sequestered = THg - THg geogenic. 

Biomass details: Johnson and Lindberg (1992): Representative TC averages for biomass and soil organic matter across temperate to boreal forest types; 
coniferous higher, deciduous lower.  Cairns et al. (1997): Below-ground root biomass ≈ 0.2 above-ground biomass; fine-root fraction ≈ 0.15, range ≈ 0.03 to 
0. 25, coniferous < deciduous. Li et al. (2003): RB (coniferous) = 0.222 AB ; RB (deciduous)= 1.58 AB0.615; FRB = 0.354 exp(-0.060 RB) + 0.072 (all). RB: 
Root biomass, FRB: Fine-root biomass, AB: Above-ground biomass. Neilsen et al. (2007): Stand-level biomass increases with stand age, ranging from 180 to 
240 t ha-1 yr-1 at maturity; a New Brunswick case study. Porada et al. (2013): Global per hectare estimate for mosses and lichens.
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accumulates in soils and vegetation, and decreases 
with increasing distance from Hg sources (Sullivan et 
al., 2005; Selin and Jacob, 2008).

Comparing the sizes of THg-derived pools suggests 
that the gradual soil build-up of atmospherically 
deposited Hg likely occurs over a period of at least 
1 000 years, given the relatively small layer-by-layer 
Hg input and even smaller output rates per year. This 
build-up would gradually add to the existing geogenic 
THg pool, and is estimated to be about two-thirds 
of the entire soil-based THg pool. The geogenic 
THg pool portion would even be larger proportion in 
soils where (1) the soil parent materials include Hg-
enriched minerals (i.e., > 20 μg kg-1); (2) the rate of 
atmospheric Hg sequestration is low owing to open, 
barren, and permanently frozen surface conditions; 
and (3) soils and soil substrates are contaminated by 
of anthropogenic Hg additions (Parsons et al., 2012, 
2013). Additional work on the mineral versus organic 
THg components in soils would sharpen the above 
analysis and complement current efforts to estimate 
site and watershed THg pools and mass balances.
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regions during the polar spring (Cobbett et al., 2007; 
Kirk et al., 2006).

A schematic of the atmospheric Hg cycle is shown 
in Figure 4.1. Mercury is emitted to the atmosphere 
from anthropogenic (Chapter 2) and natural sources 
(Chapter 3). This Hg is then dispersed by air currents 
(transport); converted to GEM, RGM, or TPM by 
chemical and physical processes (transformation); 
or removed from the atmosphere by wet and dry 
deposition. Once deposited to surfaces such as water, 
soil, vegetation, or snow, Hg can be returned to the 
atmosphere by further transformations (re-emission; 
see Chapters 5–9). These may include sunlight-
induced reactions, forest fires, biological processes, 
or snowmelt. Such transformations are generally 
considered natural emissions but may be enhanced by 
historical anthropogenic activities.

Canadians have been at the forefront of atmospheric 
Hg research in recent decades. Advances in 
measurement techniques for atmospheric Hg since 
the early 1990s have improved the understanding 
of its sources and cycling in the environment. A 
large part of these advances result from Canadian 
technology and innovation in the development of 
the Tekran® Hg vapour analyzer and subsequent 
measurement systems. This technology has supported 
Canadian researchers’ leadership in atmospheric Hg 
sciences in temperate and polar environments. For 
example, by using these instruments the discovery 
that the polar atmosphere experiences unusually 
rapid oxidation of GEM and deposition of Hg during 
the spring period was made (Schroeder et al., 1998). 
This discovery, made in the Canadian Arctic, provided 
new insight into the atmospheric lifetime of Hg and 
its overall cycle of transport, transformation, and 
deposition. Furthering this understanding was the 
development of sophisticated atmospheric Hg models, 
including Environment Canada’s Global/Regional 
Atmospheric Heavy Metals Model (GRAHM). Coupled 
with processes and measurement information, GRAHM 
has produced considerable information about the 
distribution and deposition of Hg in the atmosphere 
(Dastoor et al., 2008; Dastoor and Larocque, 2004; 
Durnford et al., 2010), although the model is still 

4.1. INTRODUCTION: OVERVIEW 
OF ATMOSPHERIC MERCURY
Mercury (Hg) is found in the atmosphere in several 
different forms. The 3 forms that are primarily 
discussed in this chapter are termed “speciated Hg” 
and are as follows: (1) gaseous elemental mercury 
(GEM) or Hg0; (2) reactive gaseous mercury (RGM), 
which consists of oxidized inorganic gaseous Hg 
species such as Hg+ or divalent mercury (Hg2+); and 
(3) Hg associated with particles or total particulate 
mercury (TPM).1 Occasionally, the sum of GEM and 
RGM is referred to as total gaseous mercury (TGM). In 
addition, mercury deposited from the atmosphere to 
the surface is measured as either total mercury (THg) 
or methylmercury (MeHg), the highly toxic organic 
form of Hg that accumulates in organisms.

The chemical and physical properties of GEM, 
RGM, and TPM determine their behaviour in the 
atmosphere. For example, GEM is much less 
chemically reactive and less water-soluble than 
RGM; therefore, it is present at much higher levels 
(95–98% of atmospheric Hg globally) and stays in 
the atmosphere for several months, allowing it to be 
transported around the globe. By contrast, TPM is 
bound to particles and RGM is water-soluble. Because 
of these properties, after they are emitted or formed 
by chemical reactions, they are usually removed from 
the air in a matter of hours or days by precipitation 
(wet deposition), in the gas phase, or in contact with 
surfaces (dry deposition). Therefore, RGM makes up 
only approximately 0.2−1.0% of total atmospheric Hg, 
and TPM represents 0.2–2.0% (Peterson et al., 2009; 
Rutter et al., 2009; Schroeder and Munthe, 1998). 
Higher proportions of RGM (up to 13%) and TPM (up 
to 18%) have been observed in areas where they have 
been directly emitted, such as in highly polluted areas 
such as Mexico City (Rutter et al., 2009), or where 
oxidants of Hg are unusually high, such as in Arctic 

1  Currently, the actual chemical identities of RGM and 
TPM are not well determined. For this chapter, RGM and 
TPM are operationally defined as the fraction of gaseous 
Hg that can be separated from the air by a potassium 
chloride-coated denuder and Hg associated with particles 
collected on a quartz filter, respectively.
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of atmospheric Hg levels with time — from rapid 
changes over a day to long-term trends over many 
years — and implications for Hg emissions and 
processes are described in Section 4.4. Finally, since 
much of the data presented in this chapter has not 
previously been published, measurement techniques 
and quality control procedures are detailed in  
Section 4.5.

limited by many unknowns (Subir et al., 2011, 2012). 
The model complements monitoring programs 
that measure Hg in air and precipitation across the 
country. Long-term research monitoring is crucial 
for policy-makers and is generally the starting point 
for in situ processes research and modelling. Finally, 
identifying the physical and chemical forms of Hg in 
the atmosphere and the reactions that move Hg from 
one form to another is crucial to our understanding of 
the atmospheric Hg cycle. Laboratory experiments and 
instrumental development continue to be pursued to 
this end.

This chapter will review the knowledge about 
atmospheric Hg concentrations, trends, processes, 
models, and methodologies that has been gathered 
in Canada over the past several years. In Section 4.2, 
the chemical and physical processes that transform 
and ultimately remove Hg from the air are reviewed. 
Section 4.3 describes the network of Canadian 
measurements and model results to give an overview 
of Hg levels in air and precipitation across the country 
and their possible source regions. The variability 

FIGURE 4.1  Simple schematic of atmospheric mercury cycle.
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Several theoretical and experimental studies have 
investigated this reaction (Calvert and Lindberg, 2005; 
Hynes et al., 2009; Tossell, 2003, 2006); however, 
experimentally, high-resolution microscopy techniques 
confirmed the major product of Hg0

(g) oxidation by 
ozone is solid mercuric oxide, HgO(s) (Ariya et al., 
2002a; Ariya et al., 2009; Pal and Ariya, 2004a; Snider 
et al., 2008). Note that the laboratory studies observed 
HgO in solid form, whereas the existing theoretical 
calculations compute the gas-phase HgO, which has 
never been observed under laboratory conditions.

The hydroxyl (OH) radical is a photochemical oxidant 
that plays a dominant role in the oxidation of gaseous 
chemicals in the troposphere. There is limited, but 
consistent, kinetic data for the reaction between Hg 
and the OH radical, and thus it is considered to be the 
dominant reaction in many models (if the lower limit 
for the O3 reaction rate constant is used) (Lin et al., 
2006). The available rate constants of Hg0

(g) oxidation 
by OH radicals are summarized in Table 4.1.

Homogeneous and heterogeneous chemistry can 
occur for both O3 and OH reactions. The reaction of 
Hg0

(g) with OH and O3 should, in theory, produce HgO(g), 
but these reactions are known to be endothermic 
(Tossell, 2003), and their intermediates have been 
predicted to dissociate back to reactants under 
atmospheric conditions (Goodsite et al., 2004; Tossell, 
2003). However, condensed matter such as HgO(s) has 
been shown to be a product of these reactions under 
certain laboratory conditions, which indicates that 
these reactions could occur heterogeneously in the 
presence of aerosols (Pal and Ariya, 2004a; Snider et 
al., 2008; Subir et al., 2012). Further, Hg0 oxidation by 
both O3 and OH has been observed to be more rapid 
in the aqueous phase than in the gas phase (Gardfeldt 
et al., 2001; Iverfeldt and Lindqvist, 1986; Lin and 
Pehkonen, 1997; Munthe, 1992), as summarized in 
Table 4.2. 

4.2. ATMOSPHERIC MERCURY 
TRANSFORMATION AND 
DEPOSITION

4.2.1 Chemical Transformation and 
Reactions in the Atmosphere

In the atmosphere, chemical transformations 
among the 3 oxidation states of mercury (Hg0, Hg+, 
and Hg2+) occur through oxidation, reduction, and 
photochemistry in the pure gas phase. In addition, 
heterogeneous reactions occur in the aqueous phase 
of cloud droplets and at the air/water, air/aerosol, 
and air/snow interfaces. Despite recent advances in 
understanding the photochemistry, thermodynamics, 
and kinetics of Hg compounds, there are very limited 
data on the heterogeneous reactions at the molecular 
scale, which preclude definitive conclusions on Hg 
cycling (Subir et al., 2011, 2012). Therefore, in this 
section we focus on oxidation and reduction reactions 
of Hg in the gas phase and liquid phase.

Gas-phase redox chemistry is dominated by the 
oxidation of Hg0. The oxidants responsible include, 
but are not limited to, ozone (O3), hydroxyl radical 
(OH), hydrogen peroxide (H2O2), and reactive halogens 
such as chlorine (Cl and Cl2), bromine (Br and Br2), 
hypobromite (BrO-), and iodine (I and I2). Oxidation 
reactions of Hg with O3, OH, and halogens, as well as 
some reduction reactions, are discussed below. Table 
4.1 summarizes the range of rate constants currently 
available for Hg reactions in the gas phase.

4.2.1.1 Oxidation Reactions of Gaseous 
Elemental Mercury

4.2.1.1.1 Reaction with Ozone (Hg0 + O3 à 
Products) and OH Radical (Hg0 + OH à Products)

The gas-phase reaction between O3 and Hg0 has been 
the subject of numerous laboratory and theoretical 
studies. Table 4.1 summarizes the rate constants 
for these reactions. Theoretical studies (Shepler 
and Peterson, 2003; Tossell, 2003) suggest that the 
production of HgO(g), from the reaction between Hg0

(g) 
and O3(g), appears to be unlikely in the pure gas phase. 
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TABLE 4.1 Summary of gas-phase mercury reactions

Gas-phase oxidation Range of rate constants
cm3 molecules-1 s-1

References

( )

0
( )g gHg OH+

~10-13 to ~10-14 (exp.)
~10-13 (theo.)

 (Bauer et al., 2003; Goodsite et al., 2004; Lin, 2006; Lin and
 Pehkonen, 1997; Pal and Ariya, 2004b; Snider et al., 2008;

Sommar et al., 2001; Tossell, 2003)

( )

0
3 ( )g gHg O+

~10-18 to ~10-20 (exp.) (293 K ≤  T ≤  303 K)

~10-40 (theo.)

 (Ariya et al., 2002a; Hall, 1995; Hynes et al., 2009; Iverfeldt and
 Lindqvist, 1986; P’yankov, 1949; Pal and Ariya, 2004a; Shepler

 and Peterson, 2003; Slemr et al., 2003; Snider et al., 2008; Spicer
et al., 2005; Sumner et al., 2005; Tossell, 2003, 2006)

( )

0
( )g gHg Cl+

~10-11 to ~ 10-13 (exp.)
~10-12 (theo.)

(Ariya et al., 2002a; Donohoue et al., 2005; Hynes et al., 2009)

( )

0
( )g gHg Br+

~10-12 to ~ 10-13 (exp.)
~10-12 to ~ 10-13 (theo.)

 (Ariya et al., 2002a; Ariya and Ryzhkov, 2003a; Donohoue et al.,
 2006; Goodsite et al., 2004; Holmes et al., 2006; Hynes et al.,

2009; Khalizov et al., 2003; Shepler and al., 2007)

( )

0
( )g gHg F+ NRO (exp.); ~10-12 (theo.) (Sumner et al., 2005)

( )

0
( )g gHg I+ NRO (exp.) (Greig et al., 1970)

( )

0
( )g gHg BrO+ ~10-13 to ~ 10-15 (exp.) (Raofie and Ariya, 2003, 2004a; Spicer, 2002)

( )

0
( )g gHg ClO+ ~10-17 (exp.) (Spicer et al., 2005)

( )

0
( )g gHg HCl+

( ) ( )g gHgCl HCl+

~10-19 (exp.)
~10-26 to ~10-33 (theo.)

(Hall and Bloom, 1993)

( )

0
2 2( )g gHg H O+ ~10-16 to ~10-19 (exp.) (Tokos et al., 1998a)

( )

0
2 ( )g gHg F+ ~10-15 (exp.) (Sumner, 2005)

( )

0
2 ( )g gHg Cl+ ~10-17 to ~10-19 (exp.)

 (Ariya et al., 2002a; Ariya et al., 2008b; Bullock, 2005; Calhoun
and Prestbo, 2001; Sumner, 2005; Yan et al., 2005)

( )

0
2 ( )g gHg Br+

NRO to < 10-17 (exp.)
~10-31 (theo.)

(Ariya et al., 2002b; Balabanov et al., 2005)

( )

0
2 ( )g gHg I+ < 10-19 (exp.) (Raofie et al., 2008)

( )

0
3 ( )g gHg NO+ < 10-15 (exp.) (Sommar et al., 1997b)

NRO = no reaction observed; Exp. = experimental; Theo. = theoretical; NA = not applicable.
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TABLE 4.2  Summary of aqueous-phase reactions

Oxidation reactions Rate constant Reference

0
( ) 3( ) ( )     aq aq aqHg O HgO  4.7(± 2.2) × 107 M-1 s-1 (Munthe, 1992)

0
( ) ( ) ( )  II
aq aq aqHg OH Hg  2.4 × 109 M-1 s-1 (Gardfeldt et al., 2001)

0
( ) ( ) ( ) ( )  aq aq aq aqHg OH Hg OH    2.4 (± 0.3) × 1010 M-1 s-1 (Lin and Pehkonen, 1997)

( )

0 2
( ) ( ) ( ) ( ) OCl  

aqaq aq aq aqHg Hg Cl OH       2.09 (± 0.06) × 106 M-1 s-1 (Lin and Pehkonen, 1998a)

( )

0 2
( ) ( ) ( ) ( ) OCl  

aqaq aq aq aqHg Hg Cl OH       1.99 (± 0.05) × 106 M-1 s-1 (Lin and Pehkonen, 1998a)

2
( ) 2( ) ( ) ( ) Br 2aq aq aq aqHg Hg Br     0.20 (± 0.03) M-1 s-1 (Wang and Pehkonen, 2004a)

2
( ) ( ) ( ) ( ) ( ) HOBraq aq aq aq aqHg Hg OH Br       0.28 (± 0.02) M-1 s-1 (Wang and Pehkonen, 2004a)

2
( ) ( ) ( ) ( ) OBr 2aq aq aq aqHg Hg Br      0.27 (± 0.04) M-1 s-1 (Wang and Pehkonen, 2004a)

Reduction reactions

Hg 2+
(aq) +  HO2(aq)  → Hg+

(aq) +  O2(aq)  + H +
(aq)  0 or 1.1 × 104 M-1 s-1  (Gardfeldt and Jonsson, 2003;

Pehkonen and Lin, 1998)

Hg 2+
(aq) +  O2

−
(aq)  → Hg+

(aq) +  O2(aq)
0 or 1.1 × 104 M-1 s-1  (Gardfeldt and Jonsson, 2003;

Pehkonen and Lin, 1998)

HgSO3(aq) → Hgo
(aq) +  S VI( ) 0.0106 s-1 or 0.6 s-1 (Van Loon et al., 2000)

(Munthe et al., 1991)

Hg SO3( )2

2−

(aq)
→ Hgo

(aq) +  S VI( ) << 10-4 s-1 (Munthe et al., 1991)

Hg OH( )2(aq)
+UV → Hgo

(aq) +  Products 3.7 × 10-7 s-1 (Xiao et al., 1994)

and Br2 (Ariya et al., 2002a). The oxidation of Hg0 by F2 
and I2 has also been investigated (Raofie et al., 2008; 
Sumner et al., 2005). While the products HgI2 and HgOI 
from I2 have been observed in experimental settings, 
the apparent reaction coefficients appear to be very 
slow and are considered negligible for the global 
atmospheric Hg pool. However, where highly reactive 
iodine sources are present, such as over iodine-rich 
biologically reactive ocean surfaces, these reactions 
should not be neglected.

4.2.1.1.2 Reaction with Molecular Halogens (Hg0 

+ (Cl2/Br2/I2/F2) à Products)

Rate constants for the reaction of Hg0 with molecular 
chlorine (Cl2) are shown in Table 4.1. Even when the 
upper limit of these gas-phase rate constants is used, 
the contribution of this reaction to the oxidation of Hg0 
is negligible due to the low concentration of Cl2 in the 
atmosphere. The same is true for the reaction of Hg0 
with Br2 and the rate constants for the reaction of Hg0 

+

+

+ ++ –

++ +
+ –

+ ++ ––– +

+ +
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2004b). Based on the small rate constants of these 
reactions (Table 4.2) and on comparisons with the rate 
constants of other oxidants, these studies concluded 
that aqueous-phase oxidation of Hg0

(g) by Br2, HOBr, 
and OBr- is not a significant source of the observed 
Hg0 oxidation in the polar regions.

4.2.1.1.5 Reaction with Peroxide and Nitrate (Hg0 
+ H2O2/NO3 à Products)

The only reported gas-phase kinetic rate constant of 
the Hg0 + H2O2 reaction is that of Tokos et al. (Tokos 
et al., 1998b) and is relatively slow. Further, the gas-
phase product of this reaction is still unknown. The 
rate constant of Hg oxidation with nitrate (NO

3
-) radical 

has been investigated (Sommar et al., 1997a) but was 
subject to wall effects. The reaction was assumed 
to proceed through the formation of HgO

(g) and 
nitrogen dioxide (NO2(g)), which is thermodynamically 
unfavourable (Hynes et al., 2009). Further studies 
were conducted (Sumner et al., 2005), but the 
products of the reactions were not monitored.  
As a result, the mechanism of Hg0

(g) oxidation  
by NO3

- is still unknown.
 

4.2.1.2 Atmospheric Reduction Reactions

The reduction of Hg+ and Hg2+ to Hg0
(g) is another 

important component of the atmospheric Hg cycle. 
Since these species are soluble, reduction is generally 
assumed to take place in the aqueous phase and 
results in volatile Hg0 released to the atmosphere. 
These reactions occur in lakes and oceans but also 
in clouds, rain droplets, snow, and particles that 
contain significant water content. In the aqueous 
phase, the primary identified reductants are bisulphite 
(HSO

3
-), hydroperoxyl radical (HO2(aq)), oxygen (O2

-

(aq)) or organic intermediates, summarized in Table 
4.2. Other photoreduction pathways of Hg2+ involve 
various halides and organo-Hg2+ complexes. Organic 
ligands such as formate, acetate, and oxalate in 
water play a minimal role in reduction of Hg2+ under 
atmospheric conditions because they require strong 
UV irradiation (Pehkonen and Lin, 1998). Reactions for 
selected soluble and semi-soluble compounds such 
as dicarboxylic acids have been tested. The effects 
of light, pH, dissolved oxygen, and chloride ion on 
reaction rates were also investigated (Lin and Ariya, 
2008). There has been evidence of photoreduction 
in snow (Lalonde et al., 2003; Poulain et al., 2004); 

4.2.1.1.3 Reaction with Atomic Halogen Radicals 
(Hg0 + (F/ Cl/ Br/ I) à  Products) 

The dominant oxidants of Hg0
 in the marine boundary 

layer and the upper troposphere are Cl and Br atoms. 
Radical chlorine reactions are rapid, but these radicals 
are not observed at high enough concentrations 
(e.g., in polar regions) to make this reaction a major 
contributor to observed rapid oxidation. Br atom 
is considered a dominant oxidant for Hg0 in the 
atmosphere because of its high concentration and its 
sufficiently rapid rate coefficient (Ariya et al., 2004; 
Ariya et al., 2002a). It is known to be a key player in 
the polar Hg-depletion events as well as in the marine 
boundary layer and the upper troposphere (Ariya and 
Ryzhkov, 2003b; Holmes et al., 2006). Some modelling 
studies (Holmes et al., 2010; Holmes et al., 2006) 
suggest that the bromine reaction is the dominant 
reaction throughout the troposphere; however, this 
has not yet been fully evaluated. The reaction between 
Hg0 and F atoms, on the other hand, is considered 
negligible (Sumner et al., 2005). The reaction of 
Hg0 with I atoms was studied (Greig et al., 1970), 
but no quantitative result was obtained because an 
insufficient amount of HgI was produced. From this 
result, the authors concluded that the combination 
reaction between Hg0 and I is very slow due to the  
fast recombination of I atoms. However, reactions  
of Cl and I, where significant sources of I and Cl  
are available, should also be considered possible 
oxidation pathways.

4.2.1.1.4 Reaction with Halogen Products 

The rate constant for the reaction of Hg0 and the BrO 
radical has been determined by relative rate methods 
and is thought to be very rapid (Raofie and Ariya, 
2003; Spicer, 2002). Studies have suggested that the 
products of this reaction can be Hg+, Hg2+, HgBr and 
HgBrO, or HgOBr (Raofie and Ariya, 2004b), although 
the formation of HgBr is similar to that of HgO and 
is unlikely formed in the gas phase. The data for the 
reaction with the ClO

(g) radical is limited to one study 
(Spicer et al., 2005), and the rate constant reported 
was too small to have an impact on Hg oxidation.

Reactions of Hg0 with aqueous halogen compounds 
such as HOCl- and OCl- (Lin and Pehkonen, 1998b) 
were also studied, as were reactions of Hg+

(aq) with 
Br2(aq), HOBr(aq) and OBr-

(aq) (Wang and Pehkonen, 
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FIGURE 4.2  Maps of dry (top panel), wet (middle 
panel), and total annual deposition (bottom panel) from 
the Global/Regional Atmospheric Heavy Metals Model 
for 2006.

however, little is known about the reactants involved 
in reduction reactions or their rates. As well, the role 
of organic intermediates in electron transfer leading 
to reduction has also been proposed. Reactions have 
been proposed, but the actual products of atmospheric 
Hg reduction reactions have yet to be adequately 
characterized (Subir et al., 2011, 2012).

4.2.2 Depositional Processes

Mercury can be removed from the air through both 
wet and dry depositional processes. Wet deposition 
occurs when Hg is removed by precipitation and 
deposits to the surface. RGM and TPM, being soluble 
species, are readily scavenged by precipitation, 
whereas GEM wet deposition is relatively very small. 
Dry deposition occurs when a chemical species, 
either a gas or a particle, is removed from the 
air through the contact with the ground surface, 
buildings, or vegetation. The mechanisms controlling 
dry deposition differ for various Hg species (Lindberg 
et al., 2007) and for different surface types. Dry 
removal of GEM occurs mostly over vegetated areas 
and is controlled by foliage surface uptake (Bash 
et al., 2007; Bash and Miller, 2007; Lindberg et al., 
1992). Model results from GRAHM showing wet, 
dry, and total deposition across Canada in 2006 are 
presented in Figure 4.2. This figure (bottom panel) 
shows that the highest total annual Hg deposition 
occurs around the temperate coastal areas and close 
to pollution-affected areas (e.g., southern Ontario, 
Quebec, Alberta, and the Maritime provinces). As 
well, higher Hg deposition also occurs around some 
point source areas. Results from GRAHM indicate 
that Canada received approximately 118 tonnes (t) of 
total Hg deposition in 2006, of which approximately 
73 t were dry deposited and approximately 45 t 
were wet deposited. In comparison, wet deposition 
has been estimated to account for between 50 and 
90% of the Hg entering surface waters (Prestbo and 
Gay, 2009). However, a significant part of total dry 
deposition in the model is of GEM, a portion of which 
is subject to rapid revolatilization at various surfaces. 
Revolatilization from snow and ice is removed from 
these estimates, but revolatilization from other 
surfaces is not. Therefore, the dry deposition estimate 
of approximately 73 t is an upper bound for the net 
amount of mercury dry deposited.
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4.2.2.1 Dry Deposition Estimation Using the 
Inferential Method

A common approach to estimating dry deposition 
is the so-called inferential method, in which the dry 
deposition flux (F) of an Hg species is the product 
of its air concentration (C) and its dry deposition 
velocity (Vd). Such an approach was used in GRAHM 
to produce a spatial distribution of dry deposition 
and in studies of monitored ambient concentration 
to produce dry deposition estimates at individual 
locations. Several concerns related to this approach 
were identified in existing studies. These include 
(1) measurement uncertainties in the monitored 
speciated Hg concentrations (Gustin and Jaffe, 2010) 
and the exclusion of coarse particles from TPM 
(Zhang et al., 2012a); (2) large discrepancies between 
modelled and measured surface-layer speciated Hg 
concentrations (Kos et al., 2013; Zhang et al., 2012b); 
(3) large uncertainties in modelled Vd values (Zhang 
et al., 2009); and (4) frequent bidirectional air-surface 
exchange of GEM. A brief discussion of these concerns 
is provided below.

Wet deposition is relatively straightforward to 
measure by collecting precipitation and analyzing 
its mercury content (Section 4.5); therefore, it has 
been measured at several locations across Canada. 
The spatial coverage of wet deposition across the 
country and a comparison with model results are 
discussed in Section 4.3. In contrast, dry deposition 
is more complicated to assess, and measurements 
are sparse. Due to the scarcity of these data, dry and 
total deposition amounts across Canada are primarily 
available through large-scale modelling. Currently, 
most dry deposition of Hg is inferred (estimated) 
either using concentrations of atmospheric Hg 
species and meteorological measurements or using 
micrometeorological methods, including gradient 
and modified Bowen ratio techniques (Poissant et 
al., 2004). The only method employed to directly 
measure dry deposition of Hg to vegetation involves 
measuring fluxes of Hg to the landscape in litterfall 
and throughfall and comparing these with Hg fluxes in 
precipitation in adjacent open areas. These methods, 
and the current state of knowledge on dry deposition 
of Hg in Canada, are discussed in the following 
sections. Figure 4.3 shows an overall schematic of 
wet and dry processes within the forest.

FIGURE 4.3  Diagram of wet and dry depositional processes of mercury within forested areas.
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However, GEM dry deposition can be significant 
or even dominant over vegetated areas if ambient 
RGM and TPM concentrations are not very high. The 
frequent and poorly characterized bidirectional air-
surface exchange of GEM makes the estimation of 
net GEM dry deposition difficult and subject to large 
uncertainties.

Case Study: Mercury Dry Deposition Modelling 
Using Monitored Speciated Concentrations and 
the Inferential Method

Dry deposition rates of Hg were estimated using the 
inferential method for 2008-2009 at 19 monitoring 
sites in eastern and central North America (Zhang 
et al., 2012a). Two of the sites investigated in this 
study were Canadian: the Experimental Lakes Area 
(ELA), Ontario, and Kejimkujik, Nova Scotia. The 
dry deposition fluxes of GEM, RGM, TPM, and total 
Hg were investigated. In these estimates, only fine 
particulate Hg (<2.5 mm) was included as TPM, since 
the monitored Hg concentration data included only 
fine particles. The hourly Vd for GEM, RGM, and TPM 
were calculated using Environment Canada’s dry 
deposition model, which is driven by surface-layer 
meteorological data archived from the Canadian 
weather forecast model output. The 2- or 3-hourly 
GEM, RGM, and TPM concentrations were monitored 
using the Tekran® Hg speciation instrument, and 2- 
or 3-hourly dry deposition fluxes were calculated and 
aggregated into annual values. Annual upward fluxes 
of GEM that result from both re-emission of previously 
deposited Hg and emission from natural sources 
were generated from GRAHM and deducted from the 
estimated annual GEM dry deposition to obtain the net 
annual GEM flux for the dry deposition budget.

Dry deposition of the sum of RGM and TPM was 
estimated in the range of 0.4–8.1 mg m-2 yr-1 for the 
19 sites in the study, with RGM contributing 0.3–7.8 
mg m-2 yr-1 and TPM contributing 0.1–0.8 mg m-2 
yr-1. The estimated annual GEM flux was in the range 
of 13–35 mg m-2 yr-1, 2 orders of magnitude higher 
than those of RGM and TPM. Accounting for GEM 
re-emission and natural emissions calculated from 
the GRAHM model, the net dry deposition of GEM 
was estimated in the range of 4.8–23.3 mg m-2 yr-1 

for most of the sites except Kejimkujik. The overall 

Uncertainties in the estimated dry deposition 
can result from uncertainties in the measured 
concentrations. Instruments measuring speciated Hg 
concentrations may contain analytical artifacts, which 
cause measurement errors of 10-40% (Gustin and 
Jaffe, 2010). Exclusion of the coarse fraction of TPM 
can cause an underestimate of TPM dry deposition 
by a factor of 2 to 4. However, it may result in only 
a small underestimate of total Hg dry deposition 
because TPM makes only a small contribution 
compared with GEM and RGM (Zhang et al., 2012a).

Zhang et al. (2012b) found that several Hg transport 
models estimated concentrations of RGM and TPM 2 
to 10 times higher than recent monitored speciated 
concentration data in the Great Lakes region. 
Therefore, the estimate of dry deposition of RGM 
and TPM from these Hg transport models could be 
substantially overestimated. However, the fact that the 
measured concentration data used for this technique 
are operationally defined and are not produced using 
standard calibration methods (Steffen et al., 2008) 
should be seriously considered when comparing 
these 2 estimates. In a recent study, Kos et al. 
(2013) discussed the uncertainties in measured and 
modelled estimates of concentrations of Hg species. 
They noted significant measurement uncertainties 
related to sampling efficiency, composition of sample, 
interfering species, and calibration errors. In addition, 
the Hg transport models were found to significantly 
overestimate the oxidized Hg concentrations near 
emission sources, likely due to inaccurate estimates 
of Hg speciation in the emissions or due to failure to 
take into account in-plume reduction processes. The 
current version of GRAHM has improved speciation 
of Hg at sources, reducing the discrepancy between 
modelled and measured concentrations of RGM and 
TPM to within the uncertainty limits of measurements 
(Kos et al., 2013).

Uncertainties in the estimated dry deposition for 
RGM and TPM caused by uncertainties in modelled 
Vd are expected to be mostly within a factor of 2, 
based on dry deposition model intercomparison 
studies (see references in Zhang et al., 2012a). It 
is worthwhile to point out that many earlier studies 
included only RGM and TPM in the dry deposition 
budget, since GEM is frequently an emitted species. 
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Hg0 and Hg+2 into the biosphere. A direct method of 
estimating Hg dry deposition to a forested landscape 
is to measure fluxes of Hg in litterfall and throughfall 
to the landscape and compare these with Hg fluxes 
in precipitation in adjacent open areas (Demers et 
al., 2007; Graydon et al., 2008; Grigal et al., 2000; 
St. Louis et al., 2001). Litterfall consists of leaves, 
needles, twigs, bark, and cones/nuts/seeds (Meier 
et al., 2006). Throughfall is the excess water that 
falls through the canopy from wet leaves. Additional 
fractions of total dry deposited Hg are deposited 
directly to underlying soils or are emitted back to 
the atmosphere. Mercury flux in litterfall represents 
a large portion of total Hg dry deposition to forested 
landscapes (Johnson and Lindberg, 1995; St. Louis 
et al., 2001). This approach involves measuring Hg 
concentrations in litterfall and throughfall samples 
and the corresponding litterfall dry mass fluxes and 
throughfall volumes (Risch et al., 2011). The flux of Hg 
in open area precipitation is subtracted from the gross 
throughfall Hg flux to determine the net throughfall Hg 
flux. Net throughfall and litterfall Hg fluxes are then 
added to estimate the net dry deposition of Hg to the 
forested landscape.

Pools of Hg in forest canopies are believed to be 
largely atmospheric in origin (Ericksen et al., 2003; 
Fleck et al., 1999; Frescholtz et al., 2003; Mosbaek et 
al., 1988). Foliar (leaf) surfaces are dynamic in nature; 
while they function as an overall sink for atmospheric 
Hg, they can also act as a source (Gustin et al., 2008). 
Atmospheric Hg species that dry deposit to foliage 
include GEM, RGM, and TPM. All of these species 
likely contribute to the Hg mass in plant foliage (and 
consequently in litterfall) through both stomata (pores 
in the leaf and stem epidermis used for gas exchange) 
and non-stomatal pathways/uptake (Risch et al., 
2011). RGM has a high Vd, ranging from 0.5–6 cm s-1 
(Zhang et al., 2009), and thus is rapidly sorbed onto 
leaf surfaces. TPM is sorbed onto leaf surfaces after 
deposition via impaction and sedimentation processes. 
Both RGM and TPM can traverse the cuticle and enter 
the epidermis, where they may be retained. GEM can 
be absorbed to the foliage via stomata and across 
leaf cuticles (Converse et al., 2010; Stamenkovic and 
Gustin, 2009). While GEM has a much lower Vd (annual 
average of < 0.1 cm s-1) than either RGM (> 1 cm s-1) 
or TPM (~0.2 cm s-1), studies by Zhang et al. (2009, 

estimated dry deposition rates for RGM, TPM, and 
GEM were 0.5, 0.25, and 15.6 mg m-2 yr-1 at ELA and 
1.1, 0.3, and 33 mg m-2 yr-1 at Kejimkujik. It should 
be noted that uncertainties in the GEM dry deposition 
estimates are much higher than those for RGM and 
TPM because its re-emission and natural fluxes and 
mechanisms of its gas exchange with vegetation are 
poorly understood.

The estimated RGM and TPM dry deposition 
were assessed using limited surrogate-surface 
measurements collected at several sites in the 
northeastern United States. The differences between 
estimated and measured values were generally 
smaller than 30% after removing concentration 
differences. The estimated GEM and total dry 
deposition are in good agreement with throughfall/
litterfall measurements collected at both US and 
Canadian sites (Risch et al., 2011; Zhang et al., 
2012a), providing some confidence in the estimated 
net GEM dry deposition.

This study concluded that GEM dominates the total 
dry deposition budget at most locations. At locations 
close to large point sources, where RGM and TPM 
concentrations are relatively high, RGM+TPM and 
GEM are near-equal contributors to the total dry 
deposition. In other words, GEM dry deposition was 
not nearly as sensitive to local sources. Rather, Vd for 
GEM, and therefore GEM dry deposition, is strongly 
dependent on land type and meteorological conditions. 
For example, dry deposition of RGM+TPM was among 
the lowest at several rural or remote sites (ELA, 
Kejimkujik), while net GEM dry deposition at these 
locations was among the highest. Thus, higher levels 
of total dry deposition are not limited to sites close to 
emission sources because of the dominance of GEM 
dry deposition. This effect is seen in the GRAHM dry 
deposition estimates for the Maritime and west coast 
regions (Fig. 4.2).

4.2.2.2 Litterfall and Throughfall Methods of 
Estimating Dry Deposition of Mercury

Terrestrial vegetation covers a significant portion of 
the Earth’s surface and can therefore influence Hg 
deposition to, and movement through, the landscape. 
Terrestrial plants act as conduits of atmospheric 
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Hg deposition rates at the ELA were also compared 
with modelled dry deposition rates (Zhang et al., 
2012a).

Open area wet deposition loadings between 1992 
and 2010 were 3.6 ± 1.7 μg m-2 for THg and 0.05 ± 
0.02 μg m-2 for MeHg. To directly compare loadings of 
THg and MeHg in the open with those in throughfall, 
data collected at the Lake 658 watershed (site of the 
Mercury Experiment to Assess Atmospheric Loading 
in Canada and the U.S.; 2001–2007) and at the 
Canadian Air and Precipitation Monitoring Network 
(CAPMoN) site (2008–2010) were used. These 2 sites 
had automated collectors in the open and under the 
forest canopy that were operated simultaneously. 
Over this 10-year period, average annual deposition 
loadings in the open were 3.3 ± 1.6 μg m-2 for THg 
and 0.04 ± 0.02 μg m-2 for MeHg (Figure 4.4).

Deposition rates of THg and MeHg for throughfall 
were generally 2–4 times and 0.8–2 times higher, 
respectively, than deposition of these species in the 
open (Figure 4.4; Table 4.3), indicating the importance 
of forest canopies to total Hg deposition rates to 
landscapes. At the old growth balsam fir and black 
spruce sites, average throughfall THg loadings were 4 
times higher than THg deposition in the open. Under 
young jack pine forests, average THg deposition was 
1.4 times higher than in the open. The wetland site 
showed intermediate throughfall THg loading rates 
(2.7 times deposition in the open). Although the 
relatively open deciduous canopy had the lowest THg 
loading rate of any of the forests studied, it had 1.5 
times more THg deposited than in the open. Annual 
average throughfall MeHg deposition followed the 
same general pattern as THg deposition, with the 
highest value measured under the old growth canopy, 
followed by the wetland canopy (1.4 times open) and 
jack pine canopy (1.1 times open). Methylmercury 
loadings under the deciduous canopy were on average 
lower than in the open, suggesting that there may be 
net retention or loss of MeHg within this forest type. 
This lower deposition may result from the nature 
of this very open deciduous canopy. Wet-deposited 
MeHg is higher in deciduous than in dense coniferous 
canopies; whereas, under the open canopy, it may be 
subject to photoreduction processes and re-emission 
as Hg0.

2012b) suggest that GEM can substantially contribute 
to the total Hg dry deposition over vegetated surfaces 
because of its prominence in the atmosphere (> 95%).

The litterfall+net throughfall method of estimating 
dry deposition has limitations. This method provides 
an estimate of net dry deposition rather than total 
or gross dry deposition to landscapes below forest 
canopies, because re-emission of Hg subsequently 
photoreduced on canopy foliage is not taken into 
account. Also, dry deposition of Hg directly to the 
forest floor is not taken into account. In addition, the 
uptake of GEM emitted from the underlying soils 
to the litterfall and throughfall cannot be quantified 
using this method; if there is significant uptake, this 
technique would overestimate rates of dry deposition 
from new atmospheric sources (Zhang et al., 2009) 
and experimental evidence cited therein). Finally, 
unlike inferential and micrometeorological techniques, 
litterfall and throughfall measurements do not provide 
any information on whether the net dry deposited 
Hg was either gaseous (GEM or RGM) or bound to 
particles (TPM).

All approaches to measuring dry deposition are still 
considered experimental, and large uncertainties 
remain (Lindberg et al., 2007). For this reason, the 
best and recommended approach is the use of 
multiple techniques at individual sites to facilitate 
intercomparisons that constrain the estimates of total 
and net dry deposition Hg fluxes.

 

Case Study: Annual Total Mercury and 
Methylmercury Loading Rates in Open Area 
Precipitation, Throughfall, and Litterfall at the 
Experimental Lakes Area

Deposition of total mercury (THg) and methylmercury 
(MeHg) were investigated at the remote Experimental 
Lakes Area (ELA) in the boreal ecozone of northwest 
Ontario between 1992 and 2010 (Graydon et al., 
2008; Mowat et al., 2011). This case study presents 
long-term net loadings of THg and MeHg in open area 
precipitation and in throughfall and litterfall under 
4 different boreal forest types. As well, this study 
includes estimates of THg and MeHg dry deposition 
based on the difference between loadings in the open 
and in the combined throughfall and litterfall. Litterfall 
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Litterfall represented the larger input of THg and MeHg 
to the landscape on an annual basis (Figure 4.4; Table 
4.3). Litterfall THg and MeHg deposition rates were 
not significantly different under the 4 types of forest 
canopy.

Using the direct method of estimating dry deposition 
(thoughfall + litterfall - open area deposition), the 
annual THg dry deposition amounts under forest 
canopies ranged from 9 to 20 μg m-2. The dry 
deposition of MeHg was also calculated and ranged 
from 0.07 to 0.12 μg m-2. Total net deposition of 
THg was approximately 3 and 8 times higher for the 
deciduous and old growth forests, respectively, than in 
adjacent open areas. Total net MeHg loadings in these 
forests were 2 to 3 times higher than in nearby open 
areas.

Zhang et al. (2012b) estimated dry deposition of 
speciated mercury (RGM, TPM and GEM) at the ELA 
for the years 2008 and 2009 using the inferential 
method (Case Study: Mercury Dry Deposition 
Modelling Using Monitored Speciated Concentrations 
and the Inferential Method). This method combined 2 
data sources: measured speciated Hg concentrations 
and hourly speciated Vd, calculated from archived 
Canadian weather forecast model interpolated 
meteorology (as described in Case 1). At the ELA 
site, modelled net GEM dry deposition was higher 
by a factor of 1.8 than the measured litterfall Hg 
deposition. Long-term litterfall, throughfall, and open 
area wet deposition records for this site (Graydon 

FIGURE 4.4  Total mercury (THg) and methylmercury 
(MeHg) deposition levels in (1) open area precipitation; 
(2) throughfall (stacked solid bars), and (3) litterfall 
(stacked crosshatched bars) under 4 different forest 
types at the Experimental Lakes Area including 
wetland, jack pine, old growth, and deciduous. The 
grey shaded area represents sampling undertaken 
within the framework of the Environment Canada Clean 
Air Regulatory Agenda Mercury Program.

TABLE 4.3  Open area wet deposition, throughfall, and litterfall deposition of total mercury and methylmercury under 
4 different forest types at the Experimental Lakes Area

Site/forest type
Flux, μg m-2 ± standard deviation

Type of deposition,
Hg species

Open Young jack 
pine

Mature 
spruce/fir

Deciduous 
maple/birch

Wetland spruce/
alder

Wet deposition THg 3.3±1.6 4.7±1.5 12.6±3.8 4.9±0.8 8.7±2.6

Wet deposition MeHg 0.04±0.02 0.05±0.01 0.08±0.02 0.04±0.02 0.06±0.02

Litterfall THg
-

9.7±1.9 10.8±1.9 7.8±1.6 10.3± 3.2

Litterfall MeHg
-

0.07±0.02 0.08±0.02 0.06±0.02 0.08±0.03
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different processes involved, to quantify atmospheric 
Hg concentrations and fluxes within the forest canopy 
in order to measure the Hg accumulation in foliage 
throughout the growing season, and to determine the 
importance of throughfall and litterfall. The reference 
site was located at the St. Anicet research station 
in southern Quebec, which is a flat, grassy rural 
area surrounded by farms (mainly corn row crops), 
pastures, and some wooded areas (Poissant, 1997). 
The maple tree site was established in an upland 
forest approximately 300 m from the main station and 
is primarily second- or third-growth trees dominated 
by sugar maples (Poissant et al., 2008a).

A preliminary study showed that TGM was significantly 
lower in the forest (1.03 ± 0.21 ng m-³) than at the 
reference site (1.41 ± 0.21 ng m-³), suggesting 
that the maple forest ecosystem is an effective 
atmospheric Hg scavenger. Direct measurements 
supported this scavenging theory and showed an air/
foliage gas exchange of -0.39 ± 0.38 ng m-² h-1 from 
July to October, 2004. The lowest TGM concentrations 
in this area resulted from atmospheric Hg chemical 
reactions and/or atmospheric Hg deposition, whereas 
the higher values stem from atmospheric Hg sources 
and transport (Poissant et al., 2008a). In light of these 
results, an extended study was held at this site in 
2006 to increase the understanding of Hg speciation 
and fate in maple forest.

et al., 2008; Graydon et al., 2009) enabled Zhang et 
al. to better estimate the dry deposition budget. The 
litterfall annual deposition (8.6 mg m-2 yr-1) for the ELA 
for the years corresponding to the modelling exercise 
was on the low end of the previously published 
long-term estimated range (8 to 12 mg m-2 yr-1). 
This lower estimate is likely more representative of 
the entire area. As discussed above, net throughfall 
deposition ranged between 0.15 and 0.85 times 
litterfall deposition, depending on tree species and 
age. Zhang et al. tweaked the model slightly by using 
the median litterfall and net throughfall deposition, 
employing the total of litterfall and net throughfall, and 
omitting the non-measured soil deposition/emission. 
This resulted in an annual dry deposition estimate of 
~15 mg m-2 yr-1. Thus, this modelled estimate of dry 
deposition for the ELA was in good agreement with 
dry deposition estimates from long-term litterfall and 
throughfall measurements. This estimate is also in 
good agreement with the estimates from the GRAHM 
mercury model, which simulates dry deposition at ~ 
14 mg m-2 yr-1 in this region.

Case Study: Mercury Concentrations and Foliage/
Atmosphere Fluxes in a Maple Forest Ecosystem 
in St. Anicet, Quebec

The goals of this study were to better understand the 
fate of Hg in natural forest ecosystems, to identify the 

FIGURE 4.5  A comparative study of the mercury species measured in a maple forest and a reference site, St. 
Anicet, Quebec, summer 2006. Species include gaseous elemental mercury (GEM or Hg0) (left panel), reactive 
gaseous mercury (RGM) and total particulate mercury (TPM) (right panel).
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A relationship between Hg flux and soil temperature 
was reported, and the strength of this relationship 
increased when calculated over bare soil (from r = 
0.53 to 0.85). There was a correlation between air-
ground Hg flux and water vapour pressure over old 
litterfall (r = 0.63) but not between air-ground flux 
and solar radiation, likely because of leaf cover on the 
ground. Overall, litterfall acted as a Hg sink from the 
atmosphere in the maple forest, and the forest floor 
was not a significant Hg source.

FIGURE 4.6  Concentrations of total gaseous mercury 
(TGM) fluxes measured on the maple forest floor under 
various substrates: old litterfall (orange), bare soil 
(brown), fresh litterfall (green) and snow (grey) in St. 
Anicet, Quebec, from September 11 to December 12, 
2006. Soil temperature is shown by the burgundy line.

Surprisingly, there was no significant difference 
in the concentration of Hg in the soil between the 
maple forest and the reference site (63 and 59 ng 
g-1, respectively). Based on these measurements, 
litterfall did not contribute significantly to Hg in topsoil 
at this location. This suggests that Hg in litterfall 
may not be retained in terrestrial ecosystems but 
rather that Hg in the litter is stripped off by wet 
precipitation and may contribute Hg to aquatic 
ecosystems (St. Louis et al., 2001). Table 4.4 provides 
a summary of wet deposition in the maple forest and 
at the reference site for studies in 2005 and 2006. 
Mercury deposition was estimated directly by wet/

The median concentrations of speciated Hg (RGM, 
TPM, and GEM) inside the maple forest from May to 
December 2006 are shown in Figure 4.5. Overall, the 
sum of RGM, TPM, and GEM was lower in the forest 
than at the reference site at 1.41 and 1.50 ng m-³, 
respectively. Previously, Hg speciation measurements 
have shown the accuracy of this technique and 
established very low detection limits (Poissant et al., 
2004). At the reference site, significant relationships 
were found between GEM and TPM (r = 0.66) as 
well as between GEM and RGM (r = 0.63). However, 
the correlation between GEM and RGM was lower (r 
= 0.32) in the forest, while that between GEM and 
TPM remained similar (r = 0.58). This suggests a 
perceptible impact of the maple forest on the Hg 
cycle. Indeed, forest foliage can impact throughfall, 
settling out and trapping dust, pollen, and gases 
from surrounding air, as well as contributing to dry 
deposition.

During the leaf-growing season, Hg in leaves 
increased from 8.7 ng g-1 to 30.8 ng g-1, and Hg 
accumulation generally reflected the age of the leaf 
(Poissant et al., 2008a). Maple forests appear to be 
very efficient at scavenging atmospheric Hg through 
uptake into their foliage. Assuming these trees are 
representative of all sugar maples in North America 
(scaling up to approximately 12 500 000 ha of forest), 
an estimate of atmospheric Hg accumulation via 
this pathway is 600 kg yr-1. This amount represents 
approximately 0.5% of the total Hg emissions in 
Canada and the United States (approximately 120 t; 
(Cohen et al., 2004). This study shows that the maple 
forest is a regionally significant atmospheric Hg sink, 
as a biological, chemical or physical mediator.

While the maple forest was determined to be a sink 
for Hg, the question of whether the Hg contained in 
litterfall is released to the atmosphere and whether 
it is a significant contributor of Hg to terrestrial 
and aquatic ecosystems remained. In 2006, field 
measurements mainly showed negative fluxes 
(due to TGM uptake by the maple forest floor), and 
these TGM fluxes were strongly correlated with the 
substrate (Figure 4.6). The fluxes were as follows: old 
litterfall (-0.258 ± 0.156 ng m-² h-1); bare soil (-0.325 
± 0.097 ng m-² h-1); new litterfall (-0.393 ± 0.338 ng 
m-² h-1) and fresh snow (-0.776 ± 0.102 ng m-² h-1). 
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4.7, calculated dry deposition between the 2 sites 
showed no consistent pattern: it was similar at both 
sites in 2005 and slightly higher in the maple forest 
in 2006. Dry deposition within the forest increased 
with foliar growth and started to decrease over its full 
lifespan; whereas, dry deposition outside the forest 
was controlled by factors such as bare soil ploughing 
during the growing season and combustion around 
the bare soil in the colder seasons (Figure 4.7 right).

Overall, this study concluded that the maple forest 
is a regionally important atmospheric Hg sink. When 
compared with an open site, differences in Hg uptake 
are found. The litterfall within the maple forest acts 
as an Hg sink from the atmosphere, and sugar maple 
leaves accumulate Hg through wet deposition in 

dry collectors. Wet deposition of Hg was higher in 
the maple forest than at the reference site and can 
be attributed to a 30–50% increase in Hg input due 
to throughfall. Furthermore, seasonal trends in Hg 
deposition showed distinctive patterns for both sites 
(Figure 4.7). The variability in Hg wet deposition 
was higher at the end of summer (maximum foliage 
cover) than at other times when canopy cover was 
lacking (Figure 4.7 left). The transfer of Hg to the 
maple forest from the atmosphere is demonstrated 
by the high Hg concentration in pore water (between 
13.82 and 19.26 ng L-1) compared with surface water 
of the surrounding aquatic ecosystem (between 
1.0 and 9.9 ng L-1) and with rain water (7.3 ± 3.9 
ng L-1). Mercury concentrations in discharge water 
were lower than in precipitation. As shown in Figure 

FIGURE 4.7  Comparative study of the wet (throughfall) (left panel) and dry deposition (right panel) of mercury 

measured in a maple forest and a reference site, St. Anicet, Quebec, in the summer and fall, 2006.

TABLE 4.4  A comparative study of the wet (throughfall) and dry deposition measured in a maple forest and a 

reference site, St. Anicet, Quebec, during 2 consecutive growing seasons (2005 and 2006)

Wet deposition, µg m-² yr-1 Dry deposition, µg m-² yr-1

Reference site Maple forest Reference site Maple forest

2005 2006 2005 2006 2005 2006 2005 2006

Mean 3.48 6.21 6.79 8.97 1.59 1.20 1.36
1.06

Median 2.70 5.20 4.17 9.49 1.03 1.29 1.15
1.02

Minimum 0.45 1.04 0.05 2.27 0.49 0.26 0.48
0.33

Maximum 9.96 14.64 28.11 20.08 3.74 2.16 4.10
2.03

SD 2.45 4.23 6.98 4.85 1.04 0.59 0.80 0.55
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the cycle of Hg in the Arctic spring is shown in Figure 
4.8. More detailed schematics of this process can be 
found elsewhere (AMAP, 2011a; Lindberg et al., 2002; 
Poissant et al., 2008b; Steffen et al., 2008).

FIGURE 4.8  Simplified schematic of an atmospheric 
mercury depletion event.

Figure 4.9 illustrates the change in Hg distribution 
during an AMDE at Alert. GEM (blue) decreases as 
it is oxidized by halogen atoms. Subsequently, TPM 
(green) and RGM (pink) concentration levels rise. At 
the end of the event, GEM levels rise while TPM and 
RGM drop off. As discussed in Section 4.2.1, direct 
evidence for the oxidation of Hg in the gas phase has 
been gathered through laboratory measurements 
(Ariya et al., 2002a; Donohoue et al., 2006; Pal and 
Ariya, 2004a; Raofie and Ariya, 2003) and theoretical 
calculations (Goodsite et al., 2004; Khalizov et al., 
2003; Shepler et al., 2005) of reaction rates and 
reaction products. These findings are reviewed in 
more detail elsewhere (Ariya et al., 2009; Ariya et 
al., 2008c), but a summary of selected findings 
is presented in Table 4.5. This table illustrates 
how each oxidation reaction depends on both the 
oxidant concentration and the rate coefficient for a 
given reaction. For example, the Hg0 reaction with 
Br is slower than the reaction with Cl by a factor 
of 2–25, but since the concentration of Br during 
“bromine explosions” during the Arctic spring can be 
~100–2 000 times higher than that of Cl (Cavender 
et al., 2008), the reaction with Br is considered 
more important. In fact, models of atmospheric Hg 
chemistry suggest that oxidation by Br radicals alone 

higher concentrations than the surrounding water 
pools. The role of the fraction of Hg that remains 
bound to the organic matter and is transported 
in groundwater was not investigated and can be 
identified as a knowledge gap.

4.2.3 Arctic-specific Atmospheric 
Depletion Processes of Mercury

The polar regions (including the Canadian Arctic 
and sub-Arctic) are known to experience rapid 
transformation of atmospheric Hg in the spring 
through a phenomenon termed an atmospheric 
mercury depletion event (AMDE) whereby GEM 
is depleted from the air (Ebinghaus et al., 2002; 
Schroeder et al., 1998; Steffen et al., 2008)). GEM 
is the dominant form of Hg transported to the Arctic 
through the atmosphere. AMDEs are a series of 
photochemically initiated reactions in the lower 
troposphere that result in the conversion (oxidation) of 
GEM to shorter-lived forms of Hg (RGM and TPM) that 
can be deposited on terrestrial and aquatic surfaces. 
This unexpected phenomenon was observed for 
the first time in Alert, Nunavut, in 1995 (Schroeder 
et al., 1998), coincident with previously identified 
ozone depletion events (Barrie et al., 1988). Ozone 
depletion events are thought to be caused by catalytic 
loss of ozone through reaction with halogen atoms, 
and show negative correlations with concentrations 
of bromine oxide in the boundary layer and total air 
column (Simpson et al., 2007). In 2008, experts in 
this field of research summarized the most recent 
understanding of these processes (Steffen et al., 
2008). Research from this and other reviews has 
shown that the initiation of AMDEs requires Hg in the 
atmosphere, cold temperatures, a stable inversion 
layer, sunlight, and reactive halogens (Dommergue et 
al., 2009; Nguyen et al., 2009; Poissant et al., 2008b). 
Sea salt in ice or snow provides a large source of 
halogen species that, under certain conditions, can 
react to form atoms/radicals such as Br, bromine 
monoxide (BrO), Cl, and chlorine monoxide (ClO) to 
feed the photochemical reactions. In these reactions 
GEM is oxidized to RGM, which either associates 
with aerosols (forming TPM) and/or is deposited onto 
surfaces, primarily snow and ice during polar spring 
when these reactions occur. A simplified schematic of 
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FIGURE 4.9  An example of the distribution of 
atmospheric mercury species during atmospheric 
mercury depletion events in April (top panel) and May 
(bottom panel) 2007 (each tick represents 1 day). Blue 
represents gaseous elemental mercury (GEM), pink 
represents reactive gaseous mercury (RGM), and green 
represents total particulate mercury (TPM).

can account for the rapid oxidation of GEM that 
occurs during AMDEs, when GEM concentrations 
can sometimes drop by a factor of 10 in a matter 
of hours (Ariya et al., 2004; Goodsite et al., 2004; 
Holmes et al., 2010; Holmes et al., 2006; Skov et 
al., 2004). It is also clear from Table 4.5 that there 
is a great deal of uncertainty associated with many 
of the rate coefficients. Some of the discrepancy 
between different experiments has been attributed 
to reactions on the walls of reaction chambers, 
suggesting not only that the gas-phase reaction rates 
may be inaccurate but also that additional reactions 
on the surface of particles, snow, ice, and ocean 
water may contribute to GEM oxidation in the polar 
atmosphere (Subir et al., 2011). Additionally, there 
is limited data for the temperature-dependence of 
these reactions (Donohoue et al., 2006; Donohoue 
et al., 2005; Goodsite et al., 2004). Regardless of 
their source, these large uncertainties in reaction 
rates must be narrowed in order to accurately model 
Hg oxidation during AMDEs and throughout the 
year. Finally, although Ariya et al. (2002a) identified 
mercuric chloride (HgCl2) and mercuric bromide 
(HgBr2) as the products of the Hg+Cl and Hg+Br 
reactions in the laboratory, the actual products of Hg 
reactions in the ambient environment have not yet 
been characterized.

TABLE 4.5  A summary of selected experimental and theoretical reaction rate coefficients for the oxidation of 
gaseous elemental mercury and estimated gaseous elemental mercury lifetime based on estimated oxidant 

concentrations (Ariya et al., 2008a; Ariya et al., 2009) in polar spring

   Oxidant
Estimated concentration,  

molecules cm-3

Rate coefficient for reaction  
with GEM, cm3 molecules-1 s-1

GEM chemical lifetimea  
with oxidant

   Br 1 x 107 – 108 4 × 10-13 – 3 × 10-12 < 1 h to 3 d

   Cl 1 x 104 5 × 10-13 – 1 × 10-11 115 d to 5.9 yr

   BrO < 5 × 108 1 x 10-15 – 10-13 > 5 h to > 23 d

   OH 1 x 105 – 106 9 × 10-14 – 3 × 10-13 36 d to 3.6 yr

   O3 1 x < 1012 1 x 10-20 – 10-18 11 d to 4 yr
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models now incorporate AMDEs into their chemical 
mechanisms, although there is still a lack of complete 
understanding of the chemical processes that drive 
deposition and re-emission of Hg in this environment 
(Dastoor et al., 2008; Durnford et al., 2010; Holmes et 
al., 2010). The above-noted discrepancies in reports 
of Hg deposition to the snowpack in the Arctic have 
led researchers to create a snow exchange model 
that includes atmospheric deposition. Durnford and 
Dastoor (2011b) analyzed the basic mechanisms 
of the air-snow exchange of Hg to develop a model 
parameterization for the fate of deposited Hg in the 
Arctic. Based on field and laboratory data and model 
results, they created a conceptual mechanism of 
the physical and chemical processes governing the 
fate of deposited Hg. All GEM deposited onto snow-
covered surfaces is likely revolatilized immediately. 
However, the snowpack likely retains most, if not all, 
of the deposited TPM. The fate of RGM deposited onto 
the snowpack is far more complicated because it is 
likely to undergo a series of chemical reactions within 
the snowpack (Durnford and Dastoor, 2011a) and can 
also penetrate deeper in the snowpack, where it may 
be protected from further exchange (Durnford et al., 
2012). For instance, RGM can be reduced to GEM, 
which may then be oxidized back to RGM again, since 
oxidation of GEM tends to dominate over reduction 
of RGM in daylight. Hydrogen peroxide acts as both 
a reductant (in pH neutral snow) and an oxidant (in 
acidic snow) (Lahoutifard et al., 2006; Lahoutifard 
et al., 2005), and halides in the snowpack are found 
to stabilize the oxidized Hg therein (Durnford and 
Dastoor, 2011a). Only GEM from the top ~2 cm of 
the snowpack is emitted to the atmosphere, but 
emission increases significantly at the onset of 
snowmelt (Durnford and Dastoor, 2011a). At this 
point, a considerable fraction of the snowpack’s 
burden of oxidized Hg can be expelled in the 
meltwater (Dommergue et al., 2010). These physical 
and chemical processes of Hg in the snow vary with 
differing environmental conditions. For instance, 
coastal sites may retain deposited Hg as a result of 
halogen species present, and snow under canopies 
may have higher levels of THg than adjacent open 
areas (Poulain et al., 2007b). Recently, it was shown 
that less Hg is emitted from the sea ice than from the 
inland snowpack after deposition (Steffen et al., 2013) 

aLifetime corresponds to the time required to oxidize 
63% of initial Hg0 with each oxidant (e-folding 
lifetime).

Deposition of Hg during AMDEs has been studied, 
and the amount and timing of the largest deposition 
of mercury to snowpack was shown to depend on 
atmospheric conditions and Hg speciation (Steffen et 
al., 2014). In Alert, the highest deposition of Hg to the 
snow occurs in May, although this does not preclude 
deposition of Hg during other months.

Once removed from the air, the fate of Hg deposited 
during AMDEs is less clear (Chapter 5). An increase 
in the concentration of Hg in the snow around the 
time of depletion events has been reported (Steffen 
et al., 2008)(and references therein). As well, studies 
have concluded that some of the deposited RGM is 
reduced to GEM, some of which is re-emitted to the 
atmosphere while some remains, or is re-oxidized, 
at the surface of or within the snowpack (Durnford 
and Dastoor, 2011a; Steffen et al., 2013). Studies 
of photochemistry of Hg within the snowpack have 
shown that reactions occur within the first few 
centimetres of the snow surface. Flux measurements 
indicate that there is net deposition of Hg to the 
snow in early spring, followed by a net emission of 
Hg from the snowpack in the summer (Cobbett et al., 
2007; Constant et al., 2007; Dommergue et al., 2007; 
Dommergue et al., 2003; Ferrari et al., 2005; Lalonde 
et al., 2002; Poulain et al., 2004). Global and regional 
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4.3 SPATIAL DISTRIBUTIONS 
OF TOTAL GASEOUS MERCURY, 
REACTIVE GASEOUS MERCURY, 
TOTAL PARTICULATE MERCURY, 
AND MERCURY IN PRECIPITATION

4.3.1 Canadian Atmospheric Mercury 
Monitoring Through Direct Measurements

In the past 18 years, considerable atmospheric 
Hg monitoring and research has taken place 
across Canada through both ongoing networks 
and independent research programs. Over time, 
the parameters measured have evolved, and the 
breadth and volume of data collected are significant. 
Most monitoring began as independent research 
programs to measure TGM in the early 1990s. 
Realizing the benefits of a community, researchers 
joined forces to create the Canadian Atmospheric 
Mercury Measurement Network (CAMNet) in 1994. 
CAMNet was operated by Environment Canada from 
1994 to 2007, with between 7 and 15 sites across 
Canada. Later, some of these sites were transferred 
to the CAPMoN, which still operates these sites 
today.2 Table 4.6 shows the TGM measurements 
taken across Canada. In 1996, the United States-led 
Mercury Deposition Network (MDN) began collecting 
wet deposition samples for total mercury (THg) and, 
at some sites, MeHg. The MDN is part of the US 
National Atmospheric Deposition Network (NADP), 
with over 100 sites currently in operation. Canada 
has joined forces with the MDN and has had up to 
18 precipitation monitoring sites operating as part 
of the network in Canada (Table 4.7). During the 
early 2000s, to meet increasing research needs, 
considerable advancements were made in instrument 
capabilities to collect and analyze Hg species in the 
air. From 2002 onward, some CAMNet sites (later 
to become part of the Clean Air Regulatory Agenda 
mercury science program sites (see chapter 1) began 

2  CAMNet is not currently operating as an official 
Environment Canada network. CAPMoN operates 4 sites 
that measure TGM; the reminder of the sites still in 
operation are not part of the CAPMoN network but are run 
independently or through other networks.

indicating that the sea ice snowpacks, which contain 
high levels of halogens, also retain more deposited 
Hg. As well, according to model results by Durnford 
et al. (2012), the concentration of THg in seasonal 
snowpacks is strongly affected by the burial of Hg 
with fresh snow, and the concentration increases 
with increased amounts and frequency of snowfall. 
In contrast, deeper snowpacks can dilute the 
concentration of THg in the ionic pulse of meltwater 
from the snowpack.

Emissions of GEM from snow have been measured 
following AMDEs, and appear to depend on 
exposure to sunlight (UV-B radiation) (Lalonde 
et al., 2003; Poulain et al., 2004; Steffen et al., 
2002). However, little is known about the reactants 
involved in reduction reactions or their rates; as well, 
photoreduction of Hg on surfaces, rather than within 
the water itself, has not been studied (Subir et al., 
2011).

Atmospheric chemistry in the Canadian Arctic during 
the polar spring has been studied for over 15 years. 
It is well known that Hg is deposited to the snow and 
ice surfaces in the spring and that many reactions 
contribute to this deposition. There is further evidence 
that some of Hg involved in that process is driven 
off the surfaces, while some is retained and subject 
to other reactions. Our understanding of this unique 
atmospheric deposition and subsequent transfer from 
the surface has improved over time; however, it is 
incomplete, and significant knowledge gaps limit our 
understanding of the factors that drive Hg fluxes in 
the Arctic environment.
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collected for only a few months, as summarized in the 
data collection timelines shown in Figure 4.11. Some 
sites measure Hg in both air and precipitation, while 
others measure either air or precipitation.

Because of the variety of instruments and collection 
set-ups, the data in this assessment have been 
divided into 3 groups: (1) TGM data, (2) speciation data 
(RGM, TPM, and GEM) and (3) total Hg in precipitation 
(weekly samples). The methods employed are 
discussed in more detail in Section 4.5.

continuous measurements that could distinguish 
among GEM, RGM, and TPM (Table 4.8). In 2009, 
an additional network was created under the NADP 
umbrella, called the Atmospheric Mercury Network 
(AMNet), to measure atmospheric Hg speciation 
concentration in the United States. Some sites making 
these measurements in Canada are collaborators 
with AMNet. Figure 4.10 provides a map of all the 
active and inactive sites across Canada. While the 
map shows more than 30 sites widely spread across 
the country, at some locations measurements were 

FIGURE 4.10  Map of Canadian atmospheric and wet deposition mercury monitoring stations.
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FIGURE 4.11  Time periods of mercury measurements at Canadian monitoring sites.
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TABLE 4.6  Stations measuring total gaseous mercury in Canada and mean daily values over the entire 
measurement period

Station Network Long.,
ºW

Lat.,
ºN

 No. of
days

 Measurement period 
for data included here

 Mean TGM,
ng m-3

 Mean TGM
2005a

Little Fox Lake YK NCPb 135.63 61.35 1 686 Jun 2007 – Oct 2011 1.28 -

Reifel Island BC CAMNet 123.17 49.10 1 759 Mar 1999 – Feb 2004 1.67 1.67

Saturna BC CAPMoN 123.13 48.78 641 Mar 2009 – Dec 2010 1.43 -

Whistler BC INCATPAc 122.93 50.07 1 086 Aug 2008 – Oct 2011 1.21 -

Meadows AB None 114.64 53.53 821 May 2005 – Dec 2008 1.51 -

Genesee AB None 114.20 53.30 2 154 Mar 2004 – Dec 2010 1.53 -

Fort Chipewyan AB CAMNet 111.12 58.78 398 Jun 2000 – July 2001 1.36 1.36

Esther AB CAMNet 110.20 51.67 1 032 Jun 1998 – Apr 2001 1.65 1.65

Bratt’s Lake SK CAPMoN 104.71 50.20 3 372 May 2001 – Dec 2010 1.44 1.53

Flin Flon MB CARA 101.88 54.77 891 Jul 2008 – Jun 2011 3.75 -

Windsor ON None 83.01 42.18 727 Jan 2007 – Dec 2008 1.93 -

Burnt Island ON CAMNet 82.95 45.81 3 533 May 1998 – Dec 2007 1.55 1.58

Egbert ON CAMNet 79.78 44.23 5 135 Dec 1996 – Dec 2010 1.58 1.67

Buoy ON CAMNet 79.45 43.40 76 Jul – Sep 2005 1.70 -

Kuujjuarapik QC CAMNet 77.73 55.30 3 677 Aug 1999 – Sep 2009 1.68 -

Point Petre ON CAMNet 77.15 43.84 4 070 Nov 1996 – Dec 2007 1.75 1.78

St. Anicet QC CAMNet 74.28 45.12 5 607 Aug 1994 – Dec 2009 1.60 1.64

St. Andrews NB CAMNet 67.08 45.09 3 936 Jan 1996 – Jul 2007 1.38 1.42

Kejimkujik NS CAMNet 65.21 44.43 5 479 Jan 1996 – Dec 2010 1.40 1.45

Mingan QC CAMNet 64.17 50.27 1 461 Jan 1997 – Dec 2000 1.57 -

Southampton PE CAMNet 62.58 46.39 731 Jan 2005 – Dec 2006 1.23 -

Alert NU CAMNet 62.33 82.50 6 196 Jan 1995 – Dec 2011 1.51 1.55

Long = Longitude; Lat = Latitude
aTemme et al., 2007; bNCP = Northern Contaminants Program; cIntercontinental Atmospheric Transport of Anthropogenic Pollutants to the Arctic 
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TABLE 4.7  Stations measuring mercury in precipitation in Canada and mean monthly concentration (volume-

weighted means), precipitation, and deposition over the entire measurement period

Station Network
 Long.,

ºW
 Lat.,
ºN

 Measurement period 
for data presented here

Total Hg,
ng L-1

 Mean monthly
 precipitation,

mm

 Mean Hg
 deposition μg m-2

month-1

Reifel Island BC MDN 123.17 49.10 Apr 2000 – Feb 2004 5.6 68 0.38

Saturna BC MDN 123.13 48.78 Sep 2009 – Jan 2011 4.5 91 0.41

Fort Vermilion AB GSC 116.02 58.38 Dec 2006 – Jan 2008 4.3 22 0.10

Genesee AB MDN 114.20 53.30 Jul 2006 – Jan 2011 12.8 32 0.44

Crossfield AB GSC 114.00 51.29 May 2006 – Dec 2007 9.3 23 0.21

Henry Kroeger AB MDN 110.83 51.42 Oct 2004 – Jan 2011 11.7 25 0.35

Esther AB MDN 110.20 51.67 Apr 2000 – May 2001 14.2 14 0.21

Bratts Lake SK MDN 104.72 50.20 Jun 2001 – Jan 2011 11.2 26 0.37

Flin Flon MB - 101.88 54.77 Sep 2009 – Dec 2010 59.9 30 4.87

Churchill MB GSC 94.07 58.75 Jun 2006 – Dec 2007 5.3 15 0.11

ELA ON MDN 93.72 49.66 Nov 2009 – Jan 2011 9.6 69 0.77

Burnt Island ON MDN 82.95 45.81 Nov 2001 – Mar 2003 9.2 61 0.50

Egbert ON MDN 79.78 44.23 Mar 2000 – Jan 2011 8.4 57 0.47

Dorset ON MDN 78.93 45.22 Jan 1997 – Dec 1998 9.7 57 0.53

Point Petre ON MDN 77.15 43.84 Nov 2001 – Mar 2003 9.1 58 0.51

Chapais QC MDN 74.98 49.82 Dec 2009 – Jan 2011 6.4 71 0.46

St. Anicet QC MDN 74.03 45.20 Apr 1998 – Aug 2007 7.9 70 0.55

St. Andrews NB MDN 67.08 45.08 Jul 1996 – Dec 2003 6.6 86 0.56

Kejimkujik NS MDN 65.21 44.43 Jul 1996 – Jan 2011 5.2 111 0.58

Mingan QC MDN 64.23 50.27 Apr 1998 – Aug 2007 5.0 77 0.38

Stephenville NL MDN 58.57 48.56 Feb 2010 – Jan 2011 5.6 97 0.50

Cormak NL MDN 57.38 49.32 May 2000 – Jul 2010 4.2 94 0.39

Long. = Longitude; Lat. = Latitude; GSC = Geological Survey of Canada
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and chemical and physical processes, including 
deposition. Anthropogenic emissions are distributed 
according to the best available inventories (AMAP/
Wilson et al., 2010; Pacyna et al., 2010), while natural 
emissions from land and ocean (Mason, 2009) 
depend on factors such as historical deposition, 
vegetation cover, and radiation levels. Factors such as 
scavenging are parameterized (accounted for) through 
predicted cloud water and precipitation as well as 
through wet deposition results from scavenging of 
RGM and TPM in and below the clouds. Dry deposition 
of RGM is parameterized using the multiple resistance 
analogy approach (Zhang et al., 2003) and of TPM 
is parameterized as a function of particle size and 
density (Zhang et al., 2001). Deposition and surface 
emissions of Hg are treated as separate schemes 
in the model, except emissions from snow and 
meltwater, for which a multi-layer, dynamic exchange 
scheme for air/snow/meltwater Hg flux is employed. 
A bidirectional scheme for the exchange of surface 
fluxes of GEM is being developed for future versions  
of GRAHM.

In future, data collected from these networks 
and programs will be used by national (Clean 
Air Regulatory Agenda (CARA), Canadian Arctic 
Northern Contaminants Program, and CAPMoN) and 
international programs (Global Mercury Observation 
System, MDN, Minamata Convention on Mercury) 
to understand current and future trends regarding 
the concentration and processes of atmospheric Hg. 
These programs will drive the assessment of emission 
reduction regulation.

4.3.2 Modelling of Atmospheric Mercury  
in Canada

The GRAHM model is described in detail in Chapter 
9 and elsewhere (Dastoor et al., 2008; Dastoor 
and Larocque, 2004; Durnford et al., 2010). 
Briefly, it builds from Environment Canada’s Global 
Environmental Multiscale–Global Deterministic 
Prediction System weather forecasting model (Côté et 
al., 1998a; Côté et al., 1998b) and adds Hg emissions 

TABLE 4.8  Stations measuring speciated mercury in Canada and mean values over the entire measurement period

Station
Long.,

ºW
Lat.,

ºN
 No. of
Days

 Measurement period
for data included here

 Mean
GEM,
ng m-3

 Mean
RGM,
pg m-3

 Mean
TPM,

pg m-3

 Mean
TGMa

ng m-3

Genesee AB 114.20 53.30 221 Jan – Sep 2009 1.40 5.0 4.5 1.35

Flin Flon MB 101.88 54.77 211 Jul 2010 – May 2011 2.06 3.4 10.4 1.91

Churchill MB 94.07 58.75 130 Mar – Aug 2004 1.52 100.9 168.5 1.46

ELA ON 93.72 49.66 1373 May 2005 – Dec 2010 1.39 1.0 4.4 1.24

Mississauga ON 79.65 43.54 248 Jan – Dec 2009 1.40 3.7 6.5 1.30

Dorset ON 78.93 45.22 434 Jul 2008 – Mar 2010 1.38 2.7 5.9 1.27

St Anicet QC 74.28 45.12 1677 Jan 2003 – Dec 2010 1.52 3.0 17.5 1.46

Kejimkujik NS 65.21 44.43 559 Jan 2009 – Dec 2010 1.34 0.5 4.2 1.23

Halifax NS 63.67 44.67 435 Oct 2009 – Dec 2010 1.68 2.1 2.3 1.53

Alert NU 62.33 82.50 2630 Jan 2002 – Dec 2011 1.26 21.8 41.1 1.33

Lat = latitude; Long = longitude
aTGM = GEM + RGM
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4.3.3 Spatial Patterns of Mercury  
in Canada

4.3.3.1 Total Gaseous Mercury

The distribution of TGM daily average concentrations 
at 21 measurement sites is summarized by the box-
and-whisker plot in Figure 4.12. The median TGM 
concentrations for the sites ranged between 1.22 and 
1.76 ng m-3, which is within or below levels measured 
at other background sites in the northern hemisphere 
(Slemr et al., 2003; Slemr et al., 2011). The bulk of 
TGM is GEM, with an atmospheric lifetime on the 
order of a year (Schroeder and Munthe, 1998); TGM 
concentrations are expected to be fairly uniform at 
background sites far from emission sources, except 
at sites where other atmospheric processes dominate 
(Temme et al., 2007).

From Figure 4.12, the lower end of the TGM 
concentration range is found at 2 high-elevation sites 
near the west coast (Whistler and Little Fox Lake) and 
3 Maritime sites (Kejimkujik, Southampton, and St. 
Andrews). The sites that show the most variable TGM 
concentrations include Alert and Kuujjuarapik, where 
local air chemistry in the spring and emissions from 
the surface and ocean in late spring and summer lead 
to frequent and large fluctuations in TGM. As well, 
sites affected by local pollution such as Windsor, Point 
Petre, St. Anicet, and Flin Flon show right-skewed 
distributions (i.e., the mean concentration (dot in the 
box) is higher than the median (centre line in the box)) 
due to periodic episodes of high TGM concentrations. 
Similarly, the concentration data from the Lake 
Ontario Buoy, which was downwind of US emissions 
sources, and the Edmonton-area sites at Genessee 
and Meadows, which are downwind of local coal-fired 
power plants, also show right-skewed distributions. 
Kuujjuarapik shows a right-skewed distribution, which 
is likely a result of the increased GEM levels in the 
spring and summer following the AMDE season and 
possibly some local emissions. In contrast, TGM at 
Alert is left-skewed due to the periodic loss of GEM 
during AMDEs, which has a greater effect on TGM 
levels than surface emissions. These seasonal cycles 
are discussed in more detail in Section 4.4.2.

To compare the model estimates to the measurements 
for the base year (2006), Canadian anthropogenic 
emissions of Hg for 2006 (NPRI, 2012) were blended 
with global anthropogenic emissions for 2005 (Pacyna 
et al., 2010), since global emissions for 2006 are 
unavailable. For details about Canadian anthropogenic 
emissions, refer to Chapter 2. The annual global 
anthropogenic emissions used in the model were 
approximately 1 924 t for 2005, annual Canadian 
anthropogenic emissions were approximately 7 t for 
2006, and annual emissions from global natural and 
re-emission sources for 2006 were approximately 
3 875 t. The model is integrated for an initial “spin-
up” period of several years to arrive at equilibrium 
atmospheric Hg levels before simulating the study 
year. Atmospheric concentrations of GEM, RGM, 
and TPM and their dry and wet deposition fluxes 
are simulated by the model at 15 km horizontal 
resolution for the year 2006. Net deposition is 
calculated as the total yearly gross deposition of Hg 
minus revolatilization from snowpack and meltwater. 
Because it is poorly understood, revolatilization of 
some of the annually deposited GEM from other 
surfaces, such as soils and aquatic bodies, is not 
subtracted from deposition. Thus, the net deposition 
represents the upper limit of the amount of new Hg 
added to the surface within the year. For sake of 
simplicity, net deposition from the model is referred  
as deposition in this assessment.

The GRAHM model is an invaluable tool for 
providing Hg data for areas and time periods where 
measurements are not available. It is also used to 
evaluate the impact of emissions from different 
global regions on Hg deposition and concentrations 
in Canada (Section 4.3.4.2) and to predict the impact 
of future changes in emissions. The uncertainties in 
model results result from incomplete understanding 
of Hg processes as well as errors in emissions and 
in the measurements used to constrain and evaluate 
the models. Comparisons between modelled and 
measured data (Section 4.3.3) test the model’s 
accuracy, resolution and inputs, such as emissions, 
and help improve the model’s performance.
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concentrations from 1.1 to 1.5 ng m-3 across the 
country, with the highest values in British Columbia, 
Hudson Bay, and in polluted areas such as southern 
Ontario and Flin Flon. The lowest values were found 
in the Canadian Archipelago extending to northern 
Quebec and Labrador. The model compares well with 
most measurements at the mid-latitude sites and at 
Alert. Predicted TGM levels at Kuujjuarapik are low 
because the model does not capture the high spring 
concentrations seen in the observations. This is likely 
due to high re-emissions of Hg from melting snow 
or runoff during this season, which may not be well-
represented in the model. The model also has a slight 
bias toward higher values in the Maritime region, 
because it does not always capture marine air masses 
influenced by GEM oxidation (involving halogens), 
which can result in lower concentrations of Hg.

Overall, TGM levels and distributions at these 
Canadian sites compare well with previously reported 
analyses (Kellerhals et al., 2003; Temme et al., 2007). 
For reference, mean TGM concentrations are listed in 
Table 4.6 and compared, where applicable, with mean 
concentrations up to 2005, as reported in Temme et 
al. (2007). Small decreases in TGM at sites for which 
the data extend past 2005 result from long-term 
trends discussed in Section 4.4.3.

To augment and interpret the measurement data, 
the GRAHM model was used to predict TGM 
concentrations for 2006 across Canada. The resulting 
annual mean concentrations are shown in Figure 
4.13, along with annual mean measured TGM 
concentrations at sites that were active throughout 
2006. The model predicts a range in TGM surface 

FIGURE 4.12  Box-and-whisker plots comparing total gaseous mercury (TGM) measurements at all sites in Canada. 
Time periods covered by measurements are listed in Table 4.6.
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throughout 2006.

While the map in Fig. 4.13 shows predictions for 
2006 only, TGM concentrations are not expected 
to vary greatly from year to year. Therefore, 
observations at variance with the predictions should 
be noted. Measurements from later years show 
lower concentrations at Little Fox Lake and Whistler 
than at most interior sites, in contrast with higher 
concentrations predicted by the model. Additionally, 
the Maritime sites in general (Southampton, St. 
Andrews and Kejimkujik) are generally found to have 
lower concentrations than interior sites, which were 
not predicted by GRAHM for 2006.

4.3.3.2 Speciated Mercury

Measurements of atmospheric Hg concentrations of 
RGM, TPM, GEM, and TGM (calculated as GEM + RGM) 
are summarized in Table 4.8. Box-and-whisker plots 
of RGM and TPM are shown in Figure 4.14.

FIGURE 4.13  Modelled annual mean gaseous 
elemental mercury (GEM) calculated from the 2006 
Global/Regional Atmospheric Heavy Metals Model 
and from the annual means of total gaseous mercury 
measurements at Canadian sites that were active 

FIGURE 4.14  Comparison of reactive gaseous mercury (RGM) and total particulate mercury (TPM) at mercury 
speciation stations. Time periods covered by measurements are listed in Table 4.7. 



166

Canadian Mercury Science Assessment – Chapter 4

of AMDEs, during which GEM is oxidized to RGM 
periodically. While at Churchill very high RGM and 
TPM concentrations were recorded only occasionally, 
at Alert the probability distribution in Figure 4.14 
represents data from several years and includes 
low RGM concentration measurements from fall and 
winter. Data from Churchill were collected only for 
1 spring and summer and therefore are weighted 
toward the spring months, when RGM and TPM values 
are high. Both sites have RGM and TPM distributions 
skewed toward higher concentrations (mean > 
median), since both sites observe a local “source”; 
in this case, formation of RGM by local or regional 
chemistry.

Speciated Hg was measured at Flin Flon starting 
in July 2010, a few weeks after the shutdown of 
the copper smelter. Concentrations of RGM and 
TPM were elevated above background levels (i.e., 
levels measured at ELA) and were likely due to 
residual effects from the smelter activities, such 
as remobilization of GEM and TPM from soils and 
subsequent oxidation to RGM. Levels were similar 
to other rural sites affected by regional pollution 
sources, such as St. Anicet and Genesee. The mean 
TGM concentration measured with the speciation 
system south-southwest of the smelter was higher 
than at other sites (1.91 ng m-3) but lower than at the 
TGM-only site south-southeast of the smelter during 
the same period (3.17 ng m-3), likely because the 
south-southwest site is usually upwind of the source. 
The speciation data were collected for less than 1 
yr, and the TGM data were measured over a longer 
and different time period. Details of the Flin Flon 

Reactive gaseous mercury, primarily emitted from 
pollution sources or formed through the oxidation 
of GEM in the atmosphere is relatively short-lived, 
with an estimated lifetime of up to a few days 
(Schroeder and Munthe, 1998). Therefore, remote 
sites far from emission sources and unaffected by 
certain atmospheric reactions, such as ELA and 
Kejimkujik, report very low levels of RGM. In fact, the 
RGM concentrations at these locations are below the 
manufacturer’s detection limit, approximately 2 pg 
m-3, more than 75% of the time. Further, some sites 
affected by local emission sources at certain times 
(such as Mississauga, Dorset, St. Anicet, and Halifax) 
have median RGM levels below this detection limit 
(Figure 4.14). Genesee and Flin Flon have higher RGM 
levels due to local sources of Hg pollution (see Case 
Studies), but not as high as those reported in the 
Arctic at Alert and Churchill.

Total particulate mercury is formed by Hg adsorbed 
to particles in the air and can have a longer residence 
time in the atmosphere than RGM, depending on the 
conditions. Thus, it can be transported further from 
emission sources than RGM (Schroeder and Munthe, 
1998). Concentrations of TPM in Canada are often 
higher than RGM (Table 4.8). Most sites across Canada 
have low mean TPM levels, with the exception of the 
Arctic; namely, at Alert and Churchill. Neither RGM 
nor TPM have an obvious spatial pattern across the 
country, although observations of these species are 
limited. Since RGM and TPM are operationally defined, 
comparisons between different sites are challenging. 
For example, the specific compounds that make up 
RGM may vary between sites. If those compounds are 
retained with different efficiencies by the collectors, 
some of what is considered RGM at one site may be 
measured as GEM at another (see Section 4.5 for 
detailed methodologies). In addition, TPM is measured 
as particles smaller than 2.5 μm, so differences in the 
size of background aerosol at different sites (e.g., due 
to changes in humidity or the age of particles) would 
also affect the relative amounts of TPM measured by 
the instrumentation.

At Alert and Churchill, the 2 sites bordering sea ice, 
RGM and TPM levels spike in the spring as a result 
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at 22 sites in Canada. These site locations differ from 
those for the atmospheric measurements, and only 13 
are in common for both types of sampling. The mean 
monthly wet deposition for all sites, excluding Flin 
Flon, was approximately 0.4 μg m-2 month-1 (range 
0.10–0.77 μg m-2 month-1 or 1.2-9.2 μg m-2 yr-1). 
As with TGM measurements, precipitation data at 
Flin Flon include time periods when the smelter was 
operational, and thus the Hg deposition rates were 
10–30 times higher than at other sites. The values 
excluding Flin Flon are similar to or lower than those 
for MDN sites across North America outside of the 
southeastern US, where deposition rates for 2005 
were on the order of 10–20 μg m-2 yr-1 (Prestbo and 
Gay, 2009).

measurements are discussed in more detail in Case 
Study: Flin Flon: Impact of Point Source Reductions.

4.3.3.3 Mercury in Precipitation

Mercury concentrations in precipitation are shown 
in Figure 4.15, and monthly wet deposition rates 
in Figure 4.16. Concentrations were calculated as 
monthly volume-weighted means (i.e., adding up 
the total mass of Hg in precipitation events over 
the month and dividing by the total volume of 
precipitation). Monthly wet deposition is the total 
amount of Hg deposited during the month per sampled 
area and depends on both the amount of precipitation 
and its Hg concentration. Table 4.7 shows the Hg 
concentration and deposition rates for precipitation 

FIGURE 4.15  Box-and-whisker plots comparing mercury concentrations in precipitation at 21 sites in Canada. Time 
periods covered by measurements are listed in Table 4.7.
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should be noted that ELA and 10 other sites collected 
less than 2 yr of data, and thus our ability to discern 
general spatial patterns from these data is somewhat 
limited.

The GRAHM model was also used to simulate wet 
deposition amounts across Canada for 2006. As 
shown in Figure 4.2, wet deposition amounts are 
expected to be fairly uniform across the country with 
the exception of localized areas of high Hg deposition 
along the west coast and coastal areas in the western 
Arctic and sub-Arctic. The model predicted a small 
gradient across the mid-latitudes, with higher 
deposition in the east than in the west, and this was 
confirmed by observations for 2006. Compared to 
TGM, wet deposition amounts tend to vary more from 
year to year due to differences in precipitation, so 
observations from other years are not compared with 
this model. Based on these model results, further 
measurements of wet deposition along the British 
Columbia coast are recommended.

The lowest wet deposition rates were observed at 
Fort Vermilion and Churchill, the most northerly of 
the sites, where concentrations of Hg in precipitation 
were also low. Sites with low precipitation in Alberta 
and Saskatchewan had high concentrations of Hg 
in the precipitation but low overall deposition. Low 
precipitation may lead to low wet deposition but 
high concentrations of Hg, as both TPM and RGM 
can build up in the air or on cloud droplets before 
being collected in rain or snow. At this time, there 
are few speciation measurements to confirm this 
hypothesis. In contrast, sites near the west and east 
coasts, where total precipitation was high, had low 
concentrations of Hg in precipitation (due to dilution) 
but higher wet deposition than the drier remote 
sites. Finally, with the exception of ELA, sites closer 
to industrial activity in Ontario and Quebec had fairly 
high concentrations of Hg in rain and snow (similar 
to the western sites) and the highest wet deposition 
as a group. The ELA showed the highest average wet 
deposition of all the sites except Flin Flon; however, it 

FIGURE 4.16  Box-and-whisker plots comparing monthly mercury wet deposition at the sites. Time periods covered 
by measurements are listed in Table 4.7.
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concentrations (≤ 2.5 µm), particulate ions (calcium, 
magnesium, potassium, sodium, Cl-, ammonium, 
NO3

-, and SO4
2-), trace gases (sulphur dioxide [SO2], 

and nitric acid), ground-level O3, and meteorological 
variables. Pollutants and meteorological data other 
than speciated Hg (described in Section 4.5.1) were 
obtained from the CAPMoN site at ELA.

The receptor-based methods used in the study 
consisted of analysis of concentration trends, 
correlation analysis, principal components analysis, 
K-means and hierarchical cluster analysis, and 
HYSPLIT back trajectory modelling (Draxler and Rolph, 
2003). Principal components analysis (PCA) is a data 
reduction method that groups a set of variables into 
a smaller set of factors to explain the variability in 
the dataset containing speciated Hg, other pollutants, 
and meteorological variables. This statistical model 
is suitable for analyzing multiple pollutant and 
meteorological variables at once and has been used 
in several source-receptor studies of speciated 
Hg. The output from PCA consists of the rotated 
factor loadings, which are correlation coefficients 
between the variables and each factor. K-means and 
hierarchical cluster analysis were used to classify the 
measurements into clusters based on a statistical 
algorithm that minimizes the variation within clusters 
and maximizes variation between clusters. Cluster 
analysis was chosen for this study because the data 
clusters can be directly compared with the factors 
generated from PCA to check for consistencies and 
discrepancies between the data models. Clusters 
generated from K-means and hierarchical methods 
were characterized into potential sources by 
identifying specific variables with elevated average 
values in each cluster.

The factors from PCA and data clusters were assigned 
to sources by examining signature pollutants 
(indicators) present in each factor or cluster. The 
factors from PCA are shown in Table 4.9. Factor 1 
(F-1) is associated with elevated SO2, nitric acid 
(HNO3), NO3

-, and SO4
2- levels, which are indicators 

of transport of industrial and combustion emissions, 
and potassium, a signature of wood combustion and/
or biomass burning. F-1 is also somewhat associated 
with GEM, indicating that this combustion or industrial 
source may be a GEM source. The second factor, 

4.3.4 Source Attribution of Atmospheric 
Mercury

4.3.4.1 Source-Receptor Relationships

Source-receptor relationship studies investigate the 
relationship of pollution levels in a “receptor” region 
to emissions entering the region from a foreign 
“source.” Assessing a source-receptor relationship 
for atmospheric Hg for a given area can advance our 
understanding of sources, transformation, transport, 
and fate of Hg in the environment, as well as provide 
scientific evidence for Hg control policies.

Source-receptor studies can be categorized into 
2 types: receptor-based and source-based. This 
first section discusses the relationship using 
receptor-based methods that mainly use ambient 
measurements at a receptor region to infer potential 
sources and quantitatively apportion contribution. This 
method is represented by 2 case studies conducted in 
Ontario and Alberta. The Ontario case study attributed 
sources of Hg to industrial and combustion emissions 
(i.e., regional power plants, metal processing plants, 
paper mills, and cement plants), local highway 
influences, emissions of previously deposited Hg, and 
background pollution. The Alberta case study showed 
a direct influence of regional coal-fired power plants 
on RGM and TPM levels. However, it attributed TGM/
GEM levels to global background influences and 
82% of the mercury loadings in the area could be 
attributed to 4 significant factors. The second type 
of source-receptor relationship studies (source-
based) uses emission rates and profiles as well as air 
quality models to predict the concentration of Hg at a 
receptor site (Cheng et al., 2012). The GRAHM global 
Hg model is used to assess these relationships using 
Canadian locations as the receptor sites.

Case Study: Source Attribution of Atmospheric 
Mercury at the Experimental Lakes Area

The relationship between sources and speciated 
atmospheric Hg measured at the ELA was investigated 
from May 2005 to December 2006 using various 
receptor-based methods (Cheng et al., 2012). The 
data used in the study included GEM, RGM, and TPM 



170

Canadian Mercury Science Assessment – Chapter 4

Cluster analysis methods applied to this dataset 
indicated sources similar to those found in the PCA 
analysis, with an additional factor (cluster) attributed 
to background pollution. Back trajectory modelling 
illustrated that this remote site is affected by distant 
Hg point sources such as power plants, metal 
processing plants, paper mills, and cement plants 
located in Canada and the United States, as well as to 
urban areas in the mid-west United States.

This analysis highlighted challenges faced in using 
receptor-based methods. For example, variables 
representing transport of industrial/combustion 
emissions were often found in the clusters or factors 
that also represented photochemical production 
of RGM or crustal/soil emissions, suggesting that 
industrial and combustion sources were a constant 
influence on atmospheric Hg concentrations at the 
ELA site. It is therefore difficult to separate and 

F-2, had high factor loadings of all Hg species as 
well as O3, with moderate loadings of SO2 and HNO3. 
These may be associated with urban or industrial 
pollution events with higher oxidation chemistry; 
ground-level O3 is a potential oxidant of GEM to form 
RGM. However, F-2 may also have a signal from coal 
combustion, which typically contains high SO2 and 
RGM. The third factor, F-3, is associated with high 
calcium and magnesium levels as well as moderate 
TPM levels, and is related to crustal/soil dust 
emissions; this dust may contain previously deposited 
Hg or may scavenge gas-phase Hg. Finally, sodium 
and Cl-, high levels of which were in F-4, are typically 
associated with sea-salt aerosols and road-salt dust; 
the moderate TPM component in F-4 may indicate 
gaseous Hg condensation on road-salt particles 
transported from nearby highways. Combined, these  
4 factors account for about 70% of the variability in 
the dataset.

TABLE 4.9  Rotated factor loadings (correlation coefficients) from principal components analysis (only factor 
loadings ≥ 0.25 are shown)

 Industrial and 
 combustion 

emissions

 Photochemical
 production of RGM

 atmospheric oxidants

 Re-emission 
of GEM

 Influence of road salt 
 on GEM

Significant factors F-1 F-2 F-3 F-4

 GEM 0.48 0.60

TPM 0.62 0.26 0.39

 RGM 0.87

 SO2 0.37 0.25 0.29

 HNO3 0.76 0.31 0.33

 Ca2+ 0.32 0.87
 Mg2+ 0.92
 K+ 0.53 0.45
 Na+ 0.91
 Cl- 0.81
 NH4

+ 0.95
 NO3

- 0.65
 SO4

2- 0.88

 O3 0.31 0.80

Temperature 0.57 -0.58

Relative humidity -0.81 -0.26

% variance explained 22.6 19.0 15.5 13.3
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FIGURE 4.17  Map and location of Lake Wabamun air 
monitoring stations and coal-fired power plants.

Hourly mean TGM data collected at Genesee and 
Meadows between 2004 and 2010 have a large 
range, with maximums of 27.87 and 7.72 ng m-3 at 
Genesee and Meadows, respectively, and minimums 
of 0.64 and 0.46 ng m-3 at Genesee and Meadows, 
respectively. The large range of values indicates high 
variability, due to the influence of local emission 
sources. The TGM seasonal trend for both locations 
is shown in Figure 4.18. The Meadows site shows a 
maximum TGM concentration in the early spring and 
minimum in the late summer. Genesee shows the 
same late summer minimum but reports a maximum 
(as well as the highest variability) in February. This 
maximum at Genesee resembles common trends 
in Alberta for primary pollutants that are stagnant 
under low mixing heights and winter inversions. The 
data from Meadows do not show this trend, with 
the highest average TGM reported in the spring. 
Analysis of the diurnal trends for TGM measured 
at both sites agrees with previous studies (Gabriel 
et al., 2005; Kellerhals et al., 2003; Snyder et al., 
2008) that observed midday maximums and early 
morning minimums, shown in Figure 4.19. This 
pattern is typical of rural regions, where atmospheric 
Hg chemistry can be influenced by photochemistry, 
boundary layer conditions, and surface-air exchange 
(Gabriel et al., 2005).

quantify these sources. In addition to these challenges, 
model and data limitations were also apparent in this 
analysis. For instance, a model limitation showed 
that the sources identified from PCA represented 
only a portion of the dataset (approximately 70%), 
leaving 30% of the variance in the data unexplained. 
In terms of data limitations, the data obtained for 
this study were not ideal for identifying specific 
types of industrial or combustion emissions, since air 
pollutants such as NO3

- and SO4
2- could have come 

from multiple types of sources. Further study of the 
specific types of industrial and combustion sources 
using receptor-based methods would require ambient 
air measurements of trace metals, reactive gases, and 
organic carbon concentrations.

Case Study: Source Attribution of Mercury Levels 
at Lake Wabamun, Alberta

The Lake Wabamun area in Alberta has the highest 
concentration of coal-fired power plants in the 
country (Figure 4.17). This case study investigates the 
potential attribution of Hg in this area to these power 
plants. The plants are labeled A-D on Figure 4.17. 
(Power plant A was shut down March 2010). Together, 
they are the largest industrial source of atmospheric 
Hg emissions in the province of Alberta, emitting 606 
kg yr-1 of Hg. These power plants also emit large 
quantities of SO2 and oxides of nitrogen (NOx) into the 
air locally and regionally (NPRI, 2006). The rural area 
is also characterized by agricultural activity, oil and 
gas production, and coal mining. Edmonton is the 
nearest city, located 60 km to the east of the study 
site; to the west are small towns and foothills leading 
to the Rocky Mountains and Jasper National Park. The 
discussion below pertains to TGM concentration data 
collected at 2 sites in the West Central Airshed, on 
either side of the power plants at Genesee between 
2004 and 2010 and at Meadows between 2005 
and 2008 (see Table 4.6). Speciated Hg data were 
collected only at Genesee between 2009 and 2010. 
Data for NOx, SO2, O3, particulate matter ≤ 2.5 µm 
(PM2.5), wind direction, and wind speed were obtained 
from the Clean Air Strategic Alliance Data Warehouse, 
which provides quality-controlled data for public use 
(CASA, 2011).



172

Canadian Mercury Science Assessment – Chapter 4

TGM, NOx, SO2, O3, and PM2.5. The data were divided 
into 4 wind quadrants, similar to the bounds defined 
in Mazur et al. (2009): 0–89° (NE), 90–179° (SE), 
180–269° (SW), and 270–359° (NW). Results of the 
factor analysis resulted in 4 significant factors that 
accounted for 81.5% of the variance, as shown in 
Table 4.10 (Guo et al., 2004; Thurston and Spengler, 
1985). Factor loadings for each wind quadrant are 
discussed below.

Few PCA studies have been done using Hg species 
because of the limited data available (Cheng et al., 
2009; Huang et al., 2010; Lynam and Keeler, 2006). 
However, since the TGM instrument was co-located 
with criteria air contaminant measurements collected 
by the West Central Airshed, sufficient data were 
available in this case; therefore, a Pearson-type PCA 
analysis was employed on air quality parameters 
measured at Genesee, including GEM, RGM, TPM, 

FIGURE 4.18  Seasonal trends of total gaseous mercury (TGM) concentrations through period of measurement. 
Updated from Mazur et al. (2009) to include all data from Genesee 2004–2010 and Meadows 2005–2008. Error bars 
represent standard deviation. 

FIGURE 4.19  Diurnal trends of total gaseous mercury (TGM) concentrations from Genesee (2004–2010) and 
Meadows (2005–2008). Error bars represent standard deviation.
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wind quadrants indicate a potential source from 
these directions. Possible sources of PM2.5 and TPM 
include a nearby gravel road, the city of Edmonton 
to the northeast, and significant agriculture activity 
to the northeast, southeast, and southwest. Factor 
4 is characterized by loadings of SO

2, RGM, and the 
western wind direction. Of the 4 factors identified 
through this PCA analysis, Factor 4 displayed the 
strongest connection with wind direction, which 
suggests a source coming from the northwest. SO

2 
and RGM are typically associated with coal-fired 
combustion (Huang et al., 2010), and thus Factor 4 
was attributed to the coal-fired power plants as  
the source.

Overall, the Genesee and Meadows TGM datasets 
show a signature from the coal-fired power plants 
through the large range in concentration. The seasonal 
Genesee TGM trend also indicates a subtle influence 
of the coal-fired power plants on TGM concentrations. 
PCA of the Genesee TGM and speciated Hg datasets 
indicates that there is significant covariance between 
SO

2 and RGM from the coal-fired power plants and 
that the TGM and GEM signatures represent global 
circulation rather than local sources. Generally, 
concentrations of TGM and GEM in the Wabamun area 
are predominantly driven by global background levels, 
while RGM and TPM concentrations are influenced on 
a local or regional scale.

Factor 1 is characterized by strong positive loadings 
of both TGM and GEM, which is expected, considering 
that GEM makes up >95% of Hg in the atmosphere 
(Slemr et al., 1985). This factor is not dominant in 
any wind quadrant, which reflects the source of 
TGM in northern hemispheric circulation rather than 
from a local source. Mazur et al. (2009) showed that, 
despite the proximity of the Genesee station to the 
coal-fired power plants, the overall average TGM 
concentration at Genesee was similar to that at the 
CAMNet sites (see Figure 4.12). Factor 2 shows an 
anti-correlation between NO

x and O3, which inter-
react photochemically in the atmosphere. Factor 2 
also shows a directional component, with modest 
loading from the northwest and southeast wind 
directions, indicating the influence from a local 
source; in particular, the coal-fired power plants to 
the northwest of the Genesee monitoring station. 
Factor 3 is characterized by atmospheric particles, 
as shown by its association with higher TPM and 
PM

2.5. Loadings were moderate for each quadrant 
except the southwest. There was a moderately 
negative factor loading calculated for the northwest 
wind quadrant. This was unexpected, as coal-fired 
power plant combustion has the potential to emit 
particulate matter; however, particulate matter release 
has been substantially reduced from facilities that 
have implemented emission controls. The positive 
loadings of Factor 3 in the northeast and southeast 

TABLE 4.10  Principal components analysis factor loadings for measurements in the Genesee area

 FACTOR 1 FACTOR 2 FACTOR 3 FACTOR 4

Significant factors TGM/GEM Photochemistry Particles Sulphate and RGM

GEM 0.905 0.012 0.067 0.153

RGM 0.142 -0.238 0.099 0.863

TPM 0.099 -0.173 0.822 0.194

TGM 0.918 -0.016 -0.039 0.056

NOX 0.301 0.803 0.205 0.239

SO2 0.091 0.367 0.008 0.816

O3 0.317 -0.802 0.142 0.197

PM
2.5 -0.058 0.193 0.865 -0.055

Variability, % 23.7 19.3 18.8 19.7

Cumulative % 23.7 43.0 61.8 81.5

Note: bolding indicates the factor that is most impacted by a given component
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TABLE 4.11  The average estimated deposition from 
all global sources per province and region by the 
GRAHM model

Province/Region
 Deposition 
(μg m-2 yr-1)

Canadian Arctic 4.5

Yukon sub-Arctic 7

North West Territories sub-Arctic 7.5

Nunavut sub-Arctic 6.5

British Columbia 11

Alberta 13

Saskatchewan 13.5

Manitoba 15

Ontario 19

Quebec 16

Newfoundland 17

 New Brunswick, Nova Scotia, 
and Prince Edward Island

22

Figure 4.20 shows that in northern and western 
Canada the total contribution from East Asian 
emissions (24 to 26%) to annual Hg deposition is 
twice that of the next biggest contributor, the United 
States (7 to 12%), which is followed by Europe (6 to 
7%). In eastern Canada, the contribution from East 
Asia (20 to 23%) is slightly lower than that in northern 
and western Canada, but the contribution from the 
United States is approximately twice that reported 
in the other regions (15 to 22%). Eastern Canada 
is downwind of the densely populated east coast 
region of the United States (Temme et al., 2007), 
which can explain this difference. The European 
emissions contribution in eastern Canada (5 to 6%) is 
comparable to its contribution in northern and western 
Canada. Mercury deposition from Canadian sources 
tends to be highest in western Canada, particularly in 
Alberta (6%) and Saskatchewan (5%), but is equally 
high in New Brunswick, Nova Scotia, and Prince 
Edward Island (the Maritime provinces) (5%). This 
is likely a result of several coal-fired power plants 
situated near Lake Wabamun in Alberta (see Case 
Study: Source Attribution of Mercury Levels at Lake 
Wabamun, Alberta, and Chapter 9 for more details). 

4.3.4.2 Source-Based Relationships

The GRAHM model was used to evaluate how much 
of the Hg deposited to each province or territory in 
Canada originated from each of 9 regions of the globe: 
Europe, Canada, United States, East Asia, South Asia, 
Central Asia, Africa, South America, and Australia and 
Oceania, considered together. The most recent global 
estimates of anthropogenic emissions available were 
from 2005 (Pacyna et al., 2010). Total net deposition 
was estimated by model simulations using full global 
emissions (anthropogenic and natural/re-emissions). 
To estimate the contributions from each source region, 
model simulations were performed by removing 
anthropogenic and/or natural emissions and re-
emissions from that region from the global emissions, 
thus removing the impact of that region on deposition. 
The deposition contribution from each source region 
was then estimated by assessing the difference 
between deposition of the model simulations with  
“all emissions” and “without emission from that 
source region”. The percent contribution of deposition 
from each source region to the total deposition from 
global sources per receptor region are shown in Figure 
4.20. The bars in the figure show contributions from 
anthropogenic and other terrestrial sources (natural/
re-emission) from individual source regions. The 
darker shades represent anthropogenic emissions, 
and the lighter shades represent natural/re-emission. 
The remaining contribution (approximately 25%) to the 
total deposition in Canada is from oceanic emissions. 
The model estimates approximately 115 t of total 
deposition of mercury in Canada in 2005 and the 
average estimated deposition in each province/region 
is listed in Table 4.11 and shown in Figure 4.2.  
The maximum deposition was found in the vicinity 
of Hg-emitting facilities in Alberta (coal-fired power 
plants) and in Saskatchewan/Manitoba (Hudson 
Bay Mining & Smelter). The background deposition 
is highest in southern Ontario and Quebec because 
of the impact from anthropogenic emissions in the 
eastern United States
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FIGURE 4.20  Relative contributions from individual source regions to net mercury deposition as simulated by the 
Global/Regional Atmospheric Heavy Metals Model for 2005 in: Arctic and sub-Arctic Canada (top panel), western 
Canada (middle panel), and eastern Canada (bottom panel). 
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in Manitoba contributed over 25% of deposition 
near source in 2005. The contribution of Hg emitted 
during anthropogenic processes in the United 
States to deposition is highest close to the United 
States/Canada border, with Hg from these sources 
constituting 15 to 20% of the deposited Hg in Ontario 
and Quebec and 10 to 15% in New Brunswick 
and Nova Scotia. Although the contribution of Hg 
emitted from the United States is greatest in Ontario 
and Quebec, the strong latitudinal gradient of this 
contribution, together with the greater surface areas 
of these provinces, yield a lower contribution when 
averaged over all of Ontario or Quebec (Figure 4.20).

The largest contribution to deposition from European 
anthropogenic activities (up to 4%) is found in 
northern and western Canada and is related to Arctic 
circulation. The relative contribution to deposition from 
anthropogenic emissions in East Asia ranges from 17 
to 20% in western Canada but only from 13 to 17% in 
eastern Canada. The greater contribution in western 
Canada, together with a lower contribution in coastal 
British Columbia, suggests that much of the Hg from 
East Asia deposited in Canada first reaches Yukon, 
then travels south on the lee side of the Rockies.  
This finding agrees with results from Durnford et al. 
(2010). Lower relative contributions from East Asia in 
southern Ontario and Quebec are partially a result  
of higher total deposition in this region because of 
higher contributions from US anthropogenic sources 
(Figure 4.2).

The same anthropogenic source regions were 
assessed by the GRAHM model for surface-air GEM 
concentration levels. The results for 4 important 
source regions are shown in Figure 4.22. Comparing 
Figures 4.21 and 4.22, the spatial patterns for the 
relative contribution of each source region to the GEM 
levels are similar to those reported for deposition. 
The Canadian contribution to the concentration of 
GEM is less than 1% outside of the range of influence 
of Canadian point sources. (The Flin Flon smelter 
alone contributed over 8% of concentrations near 
the source.) The contribution from anthropogenic 
sources in the United States to GEM levels is greatest 
in southern Ontario (7 to 9%). In southern Quebec and 
the Maritime provinces, the contribution is as high as 
4.5%. For both Canadian and US emission sources, 

The metal smelter at Flin Flon, which was closed in 
2010, is located on the border between Saskatchewan 
and Manitoba, and the Maritime provinces are 
downwind from the densely populated Windsor–
Montreal corridor.

Figure 4.20 also illustrates the contribution of current 
anthropogenic sources compared with natural 
and re-emission sources in the 9 source regions. 
Although Africa, South America, and Australia and 
Oceania contribute little to Hg deposition across 
Canada from current anthropogenic processes, their 
natural emissions and re-emissions contribute a 
non-negligible amount. The long lifetime of GEM 
permits southern hemispheric emissions of Hg to be 
transported long distances and mix into the global 
background air.3 In emissions from Europe and 
South Asia, anthropogenic and natural emissions/
re-emissions contribute equally to deposition 
across Canada, while approximately two-thirds of 
the deposition contributions from East Asia and 
Central Asia are from anthropogenic emissions. In 
contrast, the relative contributions to Hg deposition 
of anthropogenic and natural sources in the United 
States and Canada vary with the receptor region. 
In the Arctic and sub-Arctic, more of the deposited 
Hg is emitted from natural than from anthropogenic 
processes, with the exception of Hg from East Asian 
sources. In mid-latitude Canada, the deposition 
contributed by both emission types is comparable. 
This difference is a result of the geographical 
concentration of anthropogenic sources in the  
mid-latitude United States and Canada.

Figure 4.21 maps the 2005 results for Hg deposition 
from only anthropogenic sources in 4 key regions: 
Canada, the United States, Europe, and East Asia. 
In general, Hg emitted through anthropogenic 
processes in Canada contributes less than 1% of 
the Hg deposition across Canada. However, in the 
vicinity of major point sources the contribution can 
be significant. For example, the Flin Flon smelter 

3   The lifetime of GEM in the model is estimated as the 
time (months or years) it takes to achieve steady-state 
concentrations. Each model simulation is carried out until 
steady state is reached, which is ~5 yr for the current 
configuration of the model.
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Canada and 14 to 16% in eastern Canada, similar to 
the contribution to deposition.

In Canada, current global anthropogenic emissions 
contribute to approximately 40% of total deposition. 
Approximately 60% of the deposition in Canada 
comes from other global terrestrial (approximately 
35%) and oceanic (approximately 25%) emissions, 
which include natural emissions and re-emissions of 
historically deposited Hg from previous anthropogenic 
and natural sources. Over 95% of the anthropogenic 
deposition of Hg in Canada results from foreign 
anthropogenic sources. The East Asian, US, European, 
and South Asian contributions are approximately 40%, 
17%, 8%, and 6%, respectively. The relative amounts 
change when the percentage of total deposition 
(including both anthropogenic and natural/re-emitted) 
is reported. For instance, 38% of the total deposition 
of Hg in Canada results from foreign anthropogenic 

their relative contributions from anthropogenic 
processes to GEM levels in Canada are lower than the 
deposition findings. Since the US and Canada are local 
sources for some parts of Canada, deposition results 
from both atmospheric GEM oxidized in the region 
and oxidized Hg directly emitted during anthropogenic 
processes. For non-local sources, deposition primarily 
follows the in situ oxidation of atmospheric GEM. 
Any oxidized Hg emitted during anthropogenic 
processes in Asia or Europe has likely been deposited 
before reaching Canada (as a result of the shorter 
atmospheric lifetime of oxidized Hg).

The European emissions contribution to surface 
GEM is uniform from east to west across Canada. 
The contribution decreases from 4.1% in the Arctic 
to 3.1% at lower latitudes, suggesting that GEM 
from European sources arrives via the Arctic. The 
contribution from East Asia is 16 to 17% in western 

FIGURE 4.21  Spatial distribution, as simulated by the Global/Regional Atmospheric Heavy Metals Model for 2005, 
of the relative contribution to net mercury deposition from mercury emitted during anthropogenic processes in: 
Canada (top left panel), the United States (top right panel), Europe (bottom left panel), and East Asia  
(bottom right panel). 
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environment, accounting for around 30–45% of 
new anthropogenic Hg emissions to the atmosphere 
annually (AMAP/UNEP, 2008; Pirrone et al., 2010). 
Modelling the atmospheric Hg cycle relies on global 
Hg emissions inventories, which are, in turn, based 
on an average Hg partitioning from coal-fired power 
plants of 50% GEM, 40% RGM, and 10% TPM (Pacyna 
et al., 2006). This partitioning can vary considerably 
based on the blend of coal burned, the conditions 
during coal-firing, and the emissions controls installed 
in the plant (Edgerton et al., 2006; U.S.EPA, 1998). 
Recent field studies indicate that Hg in precipitation 
downwind of North American power plants is not 
elevated (Prestbo and Gay, 2009; Seigneur et al., 
2003), seemingly at odds with the average quantity 
of oxidized Hg potentially emitted from these plants 
based on the global emission inventories.

An aircraft-based study was undertaken to assess Hg 
partitioning in the plume emitted from the 3 640 MW 

sources, with East Asia contributing 16%, the United 
States contributing 6.8%, Europe contributing 3.2%, 
and South Asia contributing 2.4% of total deposition. 
Canadian anthropogenic emissions contribute to 
approximately 4.0% of the total anthropogenic 
deposition (or 1.6% of total deposition) in Canada; 
however, in the vicinity of the major point sources, the 
contribution from the domestic sources can exceed 
the contributions from foreign sources.

Case Study: Emissions of Mercury from the 
Nanticoke Coal-fired Power Plant

The partitioning of Hg in emissions from the coal-
fired Nanticoke Generating Station in Ontario was 
studied as part of the Health Canada Toxic Substances 
Research Initiative Metals in the Environment 
Research Network in 2000. This study was conducted 
because of the important role that coal combustion 
plays as a source of anthropogenic Hg to the 

FIGURE 4.22  Spatial distribution, as simulated by the Global/Regional Atmospheric Heavy Metals Model for 2005, 
of the relative contribution to the concentration of atmospheric surface-level gaseous elemental mercury (GEM) from 
mercury emitted during anthropogenic processes in: Canada (top left panel), the United States (top right panel), 
Europe (bottom left panel), and East Asia (bottom right panel).
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Stack SO2 concentrations were measured using a 
continuous emissions monitoring system for January 
and September 2000 (data provided by Ontario 
Power Generation). The SO2 concentrations were also 
monitored from the aircraft, concurrent with the GEM 
measurements. Dilution factors were estimated to 
range from 2 × 10-5 to 3 × 10-3, with a median of (5 
± 3) × 10-4. Dilution factors were used to calculate 
in-stack mercury concentrations (XSTest) from plume 
excess Hg concentrations (Xex) where X = GEM, RGM, 
or TPM.

In-stack Hg speciation testing in 1999 by Ontario 
Power Generation on flue gases at the Nanticoke 
station show an average partitioning of 53% GEM, 
43% RGM, and 4% TPM (Lyng et al., 2005). These 
values are similar to the average Hg partitioning for 
North American coal-fired plant emissions (Pacyna 
et al., 2006). The average Hg partitioning observed 
in the aircraft study in the Nanticoke plume (82% 
GEM, 13% RGM, and 5% TPM) is distinct from the 
average Hg partitioning in the Nanticoke stacks. 
The in-plume GEM concentrations can be explained 
by plume dilution after emission. The discrepancy 
between in-stack and in-plume RGM concentrations is 
statistically significant, yet may not be associated with 
a repartitioning to GEM. Sampling biases associated 
with the differing techniques used to measure RGM in 
stack and in plume may reconcile the concentration 
discrepancy.

Median stack Hg concentrations estimated from in-
plume measurements are compared with reported 
in-stack concentrations of GEM, RGM, and TPM in 
Table 4.12. In spite of considerable variability in plume 
Hg and uncertainty in the Hg measurement, there 
is significant agreement between total in-stack Hg 
estimated from plume measurements and measured 
in-stack (1-sided t-test of equivalence with unequal 
variance, p > 99%, υ = 7). Estimated in-stack Hg 
concentrations from plume measurements (XSTest) are 
corrected only for plume dilution and do not account 
for chemical or physical transformations of Hg after 
emission. If Hg transforms between GEM, RGM, 
and/or TPM in the plume after emission, then XSTest 
concentrations will not be equal to measured stack 
(XSTmeas) concentrations at the time of emission.

coal-fired generating station. A detailed description of 
the study can be found elsewhere (Banic et al., 2006). 
Measuring Hg partitioning in plume by aircraft avoids 
near-surface influences on Hg chemistry, such as 
poorly defined emissions from sources other than the 
plume under investigation, as well as dry deposition 
to the surface. Thirteen flights were made into the 
Nanticoke plume between January 17 and 28, 2000, 
and 12 flights were made between September 12  
and 21, 2000. GEM measurements were available  
for January 27–28 and September 12–21, while RGM 
and TPM measurements were collected throughout 
the winter and summer flights. The Nanticoke plume 
was sampled up to 40 km downwind, up to 2 h after 
emission, in a variety of meteorological conditions. 
The in-stack and in-plume Hg speciation data were 
compared. The GEM, RGM, and TPM concentrations 
were measured with a Tekran® 2537 automated 
mercury analyzer (details in Section 4.5), potassium 
chloride (KCl) denuder, and a quartz fibre filter, 
respectively.

The samples collected were a mixture of both plume 
and ambient air. Plume GEM concentrations were 
elevated compared with ambient GEM concentrations, 
but typically by less than 2 times, suggesting that the 
plume is rapidly diluted in the first several minutes 
after emission. The GEM enhancement due to the 
plume (GEM

ex) was calculated as the difference 
between the value in plume (GEMp) and in ambient 
air (GEMa). The GEMex concentrations were compared 
with enhancements in oxidized and particulate 
Hg in the plume to determine the evolution of Hg 
partitioning in the plume with time. Plume-added 
GEM

ex concentrations ranged from 0.006 to 6.4 ng 
m-3 (± 30%), with a mean value of 0.83 ng m-3. Plume 
RGM concentrations ranged from 6 to 530 pg m-3 

(± 50%), with a mean value of 130 pg m-3. In-plume 
RGM concentrations were significantly elevated 
above ambient concentrations in the surrounding 
atmosphere. For both GEM and RGM there were 
no observable trends in RGM with plume ageing. 
Plume TPM concentrations ranged from 1 to 250 pg 
m-3 (± 40%), with a mean value of 50 pg m-3. High 
concentrations (>100 pg m-3) were limited to the 
summer campaign and were not coincident with 
elevated RGM concentrations during the same  
time period.
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discrepancy results solely from inherent errors in the 
in-stack and in-plume RGM measurement techniques. 
It remains unclear whether Hg speciation in the plume 
or stack best describes the emissions from Nanticoke 
and whether these emissions are a significant source 
of Hg to the nearby environment.

4.4 TEMPORAL VARIABILITY AND 
TRENDS OF TOTAL GASEOUS 
MERCURY, REACTIVE GASEOUS 
MERCURY, TOTAL PARTICULATE 
MERCURY, AND MERCURY IN 
PRECIPITATION
Levels of Hg in air and precipitation across Canada 
vary on timescales from hours to decades. Short-
term temporal changes such as diel and seasonal 
patterns can arise from changes in weather factors 
(e.g., temperature, winds, sunlight, and precipitation) 
or emission sources that change quickly over time. 
Therefore, differences between night and day or 
between summer and winter may yield information 
about how and when Hg moves from the surface to 
the atmosphere or vice versa at a particular location. 
Long-term trends reflect changes in the overall Hg 
budget — whether emissions, deposition, or both — 
on both local and global scales.

Diel and seasonal patterns as well as long-term 
temporal trends at sites where Hg has been measured 
for several years are presented below. These patterns 
and trends have been reported in the literature for 

The distribution of GEMST derived from in-plume 
measurements and from in-stack measurements 
was not significantly different (Mann-Whitney U 
test, np=126, ns = 3, p = 0.80), suggesting that the 
observed GEM is relatively constant after emission 
from the Nanticoke power plant. Despite a smaller 
sample size, TPM also appears to be conserved after 
emission (Mann-Whitney U test, np = 17, ns = 3, p = 
0.92). However, the discrepancy in RGM is statistically 
significant.

Lohman et al. (2006) proposed that the apparent loss 
of in-plume RGM after emission observed by Edgerton 
et al. (2006) was a result of chemical reduction 
of RGM to GEM. If this conversion had occurred 
in the current study, in-stack GEM concentrations 
estimated from plume measurements, corrected 
for only plume dilution, would therefore be greater 
than measured in-stack GEM concentrations, but 
this was not the case. In-stack GEM concentrations 
estimated from plume dilution factors and in-plume 
GEM measurements generally agreed with measured 
in-stack GEM concentrations, suggesting that plume 
dilution alone is sufficient to account for the observed 
GEM concentrations in the plume and that reduction 
of RGM to GEM does not increase plume GEM 
concentrations after emission.

Plume RGM concentrations are lower than would 
be expected based on dilution alone. Previous 
studies have observed a similar discrepancy in RGM 
concentrations in plumes from other coal-fired power 
plants and have suggested that RGM may be reduced 
back to GEM during or after emission. However, we 
see no clear evidence for this repartitioning of Hg in 
the Nanticoke plume. There is a small chance that the 

TABLE 4.12  Median in-stack mercury concentrations (XST), estimated from plume excess mercury concentrations 
and accounting for plume dilution (“in plume”) and directly measured (“in stack”)

 In-stack mercury concentration, µg Hg m-3

Location GEMST RGMST TPM(P)ST THgST
a

In plume 0.9 ± 0.5 0.11 ± 0.07 0.04 ± 0.02 1.0 ± 0.5

In stack 0.8 ± 0.1 0.75 ± 0.08 0.09 ± 0.05 1.6 ± 0.2

Uncertainties are median absolute deviations from the median, representing the inner 50% of the data.
aTotal mercury (THgST) determined as the sum of median concentrations of GEM, RGM, and TPM.
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because data from all seasons have been averaged in 
the overall profile, thus muting the intensity. The diel 
patterns reported here are consistent with previous 
reports (Kellerhals et al., 2003; Poissant et al., 2005). 
Kellerhals et al. (2003) reported that diel cycles 
at 10 sites had amplitudes of 3–13% of the mean 
(differences between the maximum and minimum 
hourly values) and that this amplitude was highest 
during the summer at most sites. The pre-dawn 
minimum and afternoon maximum pattern found 
in this review was also reported for 7 sites in 2003 
(Kellerhals et al., 2003). The authors attributed this 
cycle to 2 factors: (1) nighttime deposition of TGM 
from the shallow nocturnal boundary layer followed 
by mixing with TGM-rich air aloft when the nocturnal 
inversion breaks down, and (2) surface emission 
of TGM during the daytime following photolytic 
processes in soils or snow (Lalonde et al., 2002; 
Poissant and Casimir, 1998; Poulain et al., 2007a; 
Poulain et al., 2004). This pattern has also been 
observed at other non-urban sites in North America 
(e.g. Choi et al., 2008; Nair et al., 2012).

selected sites (Blanchard et al., 2002; Cole and 
Steffen, 2010; Kellerhals et al., 2003; Kim et al., 2005; 
Poissant et al., 2005; Temme et al., 2007), but the 
discussion below is the most complete analysis of 
data from all sites in Canada and includes the most 
recently available. 

4.4.1 Diel Patterns of Mercury

4.4.1.1 Diel Patterns in Total Gaseous Mercury 
and Gaseous Elemental Mercury

Diel patterns reflect the daily cycling of Hg in the air 
at a given site. Plots of diel patterns for all 22 sites 
where TGM is measured are shown Figure 4.23. In 
this and all following figures, Alert is assigned to 
Atlantic Standard Time (UTC minus 4 hours), since the 
maximum solar radiation occurs at noon in that time 
zone. Figure 4.23 shows that 14 of the 22 sites have 
a similar daily TGM pattern with a pre-dawn minimum 
and afternoon maximum. The afternoon peak is broad 

FIGURE 4.23  Diel cycles in total gaseous mercury (TGM) averaged over total measurement period at all sites. 
Hour 0 is from 24:00–1:00 local time.
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remains unclear what drives the diel patterns at these 
4 Canadian sites.

4.4.1.2 Diel Patterns in Speciated Mercury

Diel patterns of RGM, TPM, and GEM at 9 sites are 
shown in Figure 4.24. Cycles of speciated mercury 
at Flin Flon are discussed in Case Study: Flin Flon: 
Impact of Point Source Reductions.

RGM concentrations at all sites peaked in the 
afternoon. This suggests that short-lived RGM is 
formed through photo-oxidation of GEM in the 
atmosphere. An afternoon maximum may also be due 
to higher RGM concentrations in the free troposphere 
(e.g., Fain et al., 2009b; Swartzendruber et al., 2006) 
that mix down to the surface during the day. Higher 
concentrations aloft could arise from the slower 
nighttime dry deposition above the nocturnal boundary 
layer. These 2 mechanisms — in situ photo-oxidation 
and mixing with higher RGM levels above — could 
explain the consistent diel pattern across North 
American sites (Choi et al., 2008; Engle et al., 2010; 
Liu et al., 2007; Nair et al., 2012). At certain sites, 
such as Genesee, local emission sources that release 
RGM above the nocturnal boundary layer, so that 
these releases are not mixed into the surface air until 
daytime (Poissant et al., 2004), could contribute to the 
observed pattern as well. The y-axis scales on both 
the Alert and Churchill plots in Figure 4.24 should be 
noted, as the concentrations of RGM at these sites are 
significantly higher than at the others. This is a direct 
result of the atmospheric chemistry at these locations 
in the spring. Also, it should be noted that the 
periods of data collected differ between sites (Figure 
4.11). At Alert, the diel cycle of RGM is dominated 
by relatively large variability in the spring, when 
minimum and maximum concentrations can vary 
by up to 35 pg m-3 (30% of the mean), with a broad 
peak in the afternoon. However, RGM concentrations 
vary widely at all times of day, and remain elevated 
throughout the night in the early spring when there 
is still a day/night cycle, suggesting that RGM has a 
lifetime of at least several hours, if not days, leading 
to elevated concentrations throughout the region. 
RGM levels at Alert could therefore be influenced by 
regionally elevated RGM and TPM, but depleted GEM 
(Bottenheim and Chan, 2006), with an additional 

Flin Flon (not shown in Figure 4.23) had a similar 
pattern and is discussed in Case Study: Flin Flon: 
Impact of Point Source Reductions. The TGM diel 
cycle at St. Anicet, Quebec, is slightly different, 
with a second peak around 22:00. At Alert, TGM 
concentrations were much more stable, with a 
variation of about 0.05 ng m-3 or 3%, likely because 
the site is in constant light or constant darkness 
for most of the year (Steffen et al., 2005) and solar 
radiation is less intense. TGM peaked in Alert around 
11:00, similar to the time of the peak for most of 
the sites, but dropped quickly after noon, reaching 
a minimum around 20:00 and slowly increasing 
throughout the night and morning. This pattern was 
strongest in the spring, with an amplitude of 15%  
in April.

The remaining 6 sites had atypical diel patterns. 
TGM concentrations at Little Fox Lake did not 
vary with time of day, while Southampton was the 
only site with a late morning minimum. While no 
meteorological data were available for Southampton, 
the diel pattern of TGM was almost exactly opposite 
the diel pattern in wind speed at the nearby weather 
station at St. Peter’s, 6 km to the northeast. At Reifel 
Island, Saturna, and on the Lake Ontario Buoy, TGM 
concentrations peaked in the early, mid-, and late 
morning, respectively, then dropped through the 
afternoon to an evening minimum. Windsor also saw 
minimum TGM concentrations in the evening, rising 
to a broad peak between 03:00 and 13:00. This 
pattern at Reifel Island was previously attributed to 
changes in wind direction over the day, with daytime 
sea breezes bringing clean air from the ocean and 
nighttime land breeze transporting the TGM-rich 
plume from Greater Vancouver past the site (Kellerhals 
et al., 2003). The other 3 sites are also influenced 
by sea and lake breezes and are near metropolitan 
areas. Urban areas in North America that report similar 
diel cycles in TGM or GEM include Detroit, Michigan 
(Liu et al., 2007), and Birmingham, Alabama (Nair et 
al., 2012). It has been postulated that the decrease 
in urban GEM concentrations through the day is due 
to higher surface concentrations of Hg (from nearby 
sources) that are increasingly diluted by cleaner air 
from above as the day warms and vertical mixing is 
enhanced (Nair et al., 2012). However, this pattern is 
not seen at all urban sites (e.g. Engle et al., 2010). It 
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TPM patterns at other sites in North America are also 
inconsistent (Choi et al., 2008; Liu et al., 2007; Nair et 
al., 2012; Poissant et al., 2005; Weiss-Penzias et al., 
2009). One factor that may influence the TPM cycle 
is the vertical gradient of TPM concentrations (Nair 
et al., 2012). If surface TPM concentrations are fairly 
low, and if there is dry deposition in the nocturnal 
boundary layer, TPM may increase in the morning 
when vertical mixing brings more Hg in from aloft. 
This is consistent with an increase in the morning and 
stable concentrations during the day, as at Halifax 
(although, as noted, the differences are small). In 
contrast, if there are local surface emissions, TPM 
levels may build up during the night and drop in the 
morning. This pattern was not seen at any of the 
sites presented here. In an alternative mechanism, 
increased RGM (from photochemistry in the afternoon) 

contribution from local photochemistry (Lindberg 
et al., 2002). RGM concentrations at Churchill are 
similarly elevated throughout the day and night, with a 
peak in the afternoon, again suggesting contributions 
from non-local as well as local chemistry.

Diel patterns of TPM are less consistent between sites 
than those of RGM. Particulate Hg is more strongly 
influenced by factors other than sunlight, such as 
partitioning (Amos et al., 2012), and its longer lifetime 
than RGM dampens its diel cycle. At some sites, such 
as Dorset, St. Anicet, Kejimkujik, and Genesee, TPM 
is higher in the afternoon than at other times, though 
the time of maximum TPM varies. At other sites such 
as ELA, Mississauga, and Halifax, concentrations 
vary little during the day (<1 pg m-3). Only Churchill 
shows a minimum in TPM levels during the daytime. 

FIGURE 4.24  Diel cycles of speciated mercury at 9 measurements sites (mean values for each hour). Axis scales 
for reactive gaseous mercury (RGM) and total particulate mercury (TPM) vary.
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overall seasonal discussion. At 12 of the 21 total sites 
(Reifel Island, Fort Chipewyan, Genesee, Esther, Burnt 
Island, St. Andrews, Kejimkujik, Egbert, Point Petre, 
Bratt’s Lake, and St. Anicet), maximum concentrations 
are seen in late winter/early spring (February, March, 
or April) and minimums in the fall (September or 
October). This finding is consistent with previous 
results from Canada (Blanchard et al., 2002; Kellerhals 
et al., 2003; Temme et al., 2007) and throughout the 
northern hemisphere (Choi et al., 2008; Iverfeldt, 
1991; Kim et al., 2005; Nair et al., 2012). This 
dominant pattern has previously been attributed to 
multiple factors, such as enhanced winter emissions 
from anthropogenic sources (primarily coal burning), 
less vertical mixing in winter to clean out TGM emitted 
from surface sources (Blanchard et al., 2002; Kim et 
al., 2005), and increased oxidation and precipitation 
in summer (Kock et al., 2005; Slemr and Schell, 
1998). However, modelling indicates that oxidation 
and precipitation are not significant factors in the 
TGM seasonality. Rather, high revolatilization of Hg 
from snow significantly elevates GEM concentrations 
in winter in mid-latitudes. The evasion of Hg from 
snow, meltwater runoff, and other surfaces increases 
with increasing solar radiation; this may cause the 
maximum in GEM to occur in late winter and early 
spring. Terrestrial and oceanic emissions are at a 
maximum in summer. Therefore, the minimum in GEM 
concentrations generally occurs in fall when these 
various emission processes are least active. Five 
additional sites, not shown in Figure 4.25 (Saturna, 
Whistler, Little Fox Lake, Meadows, and Mingan), 
had seasonal patterns similar to the dominant one 
discussed above, with slight differences in timing, 
likely due to greater variability within these shorter 
measurement periods.

Alert showed the strongest seasonality, with a 
minimum in the spring (April/May), maximum in 
the summer (July), and average concentrations in 
the fall and winter (Steffen et al., 2005). The spring 
depression is consistent with the AMDEs that occur 
at this site, and the summer maximum is likely 
emission from various sources (Fisher et al., 2012; 
Steffen et al., 2005). Kuujjuarapik also shows a 
summer maximum resulting from similar atmospheric 
processes as Alert, but the minimum is broader, 
extending from October to March.

may increase TPM during the day if some of the RGM 
is scavenged by particles. This would be consistent 
with patterns at Dorset, Kejimkujik, Genesee, and 
Alert. However, it should be noted that mean TPM 
concentration at Alert is dominated by peaks in March 
and April, while RGM concentrations are dominated by 
values in May. Nevertheless, the photo-oxidation that 
produces high RGM in May likely produces high TPM 
in March and April, when there is more particulate 
matter available and temperatures are colder, so 
that the diel cycles are similar. At Churchill, the diel 
cycle in TPM is opposite to that in RGM, suggesting 
that reactive Hg species generated during AMDEs 
around this site partition between the gas and particle 
phase, depending on the temperature, with more Hg 
adsorbed to particles during the cooler night hours. 
The erratic changes in all speciated Hg measurements 
from one hour to the next are a function of the short 
measurement period and the high variability in 
concentrations as AMDEs begin and end.

As expected, since GEM makes up the bulk of 
TGM, diel cycles in GEM are similar to those of 
TGM discussed above. All but 2 sites (Alert and 
Mississauga) exhibited the typical non-urban diel 
cycle of minimum GEM at dawn and maximum GEM 
at midday or early afternoon. GEM in Mississauga 
followed the opposite cycle, with low values during the 
day and higher concentrations at night. This is more 
typical of urban sites, where local emissions build up 
TGM levels in the nocturnal boundary layer until they 
are diluted by cleaner air during the day when there 
is more mixing from aloft (Kim et al., 2005; Liu et al., 
2007; Nair et al., 2012).

4.4.2 Seasonal Variability of Atmospheric 
Mercury

4.4.2.1 Seasonal Patterns in Total Gaseous 
Mercury

In Figure 4.25, monthly median TGM concentrations 
are plotted for the 11 sites with at least 5 yr of data. 
Sites with shorter data coverage periods are excluded 
for clarity, but the cycles are discussed below. The 
data from the Lake Ontario Buoy reflect only 3 months 
of measurements and thus are not included in the 
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Maps of modelled GEM concentrations for the 
representative months of January, April, July, and 
October of 2006 are shown in Figure 4.26. Included 
in Figure 4.26 are measured monthly average 
concentrations of GEM or TGM (dots), as available.  
As noted in Section 4.3.3, some spatial patterns, such 
as low concentrations in the Maritime region, are not 
captured by the model. However, the over-prediction 
is consistent through the year, and the seasonal 
patterns are in good agreement at these sites. While 
not all months are shown, modelled seasonal cycles 
of GEM across mid-latitudes showed a maximum in 
January or February and a minimum in September, in 
good agreement with observations, for the reasons 
discussed above. A detailed comparison of modelled 
and measured monthly TGM concentrations is 
provided in Chapter 9. The model results also show 
widespread depression in GEM concentrations across 
northern Canada in spring due to AMDEs, followed by 
oceanic emissions from the Arctic Ocean and Hudson 
Bay in the summer. These emissions impact Alert 
and Churchill, respectively, resulting in high summer 
concentrations, as shown in the data.

TGM concentrations at Southampton and Windsor, 
both with only 2 yr of data, appear to have a bimodal 
seasonal pattern with low values of TGM in the spring 
and fall and high values in the summer and winter. 
The reason for this seasonality at Southampton is 
currently unclear; the time series is relatively short 
and highly variable. Very high values in the summer 
at Windsor during pollution episodes are responsible 
for the summer high. Similarly, Point Petrie was 
previously reported to have a summer maximum 
in TGM concentrations due to periodic elevated 
concentrations of TGM in the summer (Blanchard 
et al., 2002; Kellerhals et al., 2003); measurements 
of TGM that cover a longer time period have shown 
the spring maximum reported here. Finally, Flin 
Flon shows much higher TGM concentrations than 
any other site, with maximums in spring (April) and 
summer (July) and minimums in the late fall/early 
winter. Observations from this particular site will be 
discussed in detail in Case Study: Flin Flon: Impact of 
Point Source Reductions.

FIGURE 4.25  Seasonal cycles in total gaseous mercury (TGM) at the 11 sites with more than 5 yr of data. Cycles 
from Alert and Kuujjuarapik differ from the dominant pattern and are therefore highlighted.
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TGM instruments, and the cycles in GEM agree with 
the TGM cycles discussed above. Measurements at 
Churchill covered March through August; they were 
lowest in March and April and highest in June as a 
result of AMDE chemistry, similar to measurements 
at Alert. The remaining 4 sites had maximum GEM 
concentrations in March (Mississauga, Dorset, 
and Halifax) or April (ELA) and minimum GEM 
concentrations in August (Dorset), September (ELA), 
or October (Mississauga, Halifax). These cycles are in 
agreement with the dominant TGM patterns across the 
country, as discussed above.

Reactive gaseous Hg concentrations were highest 
in the spring (March, April, or May) at all sites 
other than Flin Flon. Minimum RGM concentrations 
occurred in September or October at most sites, 
with the exceptions of Dorset (August) and Halifax 
(December–February). At Alert and Churchill, RGM was 
elevated in springtime due to AMDE activity. This RGM 

4.4.2.2 Seasonal Patterns in Reactive Gaseous 
Mercury and Total Particulate Mercury

Seasonal variability in measured GEM, RGM, and TPM 
is shown by monthly plots in Figure 4.27. Of the 10 
sites, 3 (Genesee, Flin Flon, and Churchill) do not have 
measurements covering the entire year, so discussion 
of seasonal cycles at these sites is limited by the 
data coverage. Flin Flon “seasonal” patterns may 
not be typical. Speciated Hg measurements began 
in July, shortly after shutdown of the copper smelter, 
which is likely why the highest GEM, RGM, and TPM 
concentrations were measured in July. Flin Flon is 
discussed in detail in Case Study: Flin Flon: Impact of 
Point Source Reductions.

As shown in Figure 4.27, GEM concentrations at 
the remaining 9 sites follow similar patterns to 
TGM concentrations as expected. Four of the sites 
(Genesee, St. Anicet, Kejimkujik, and Alert) also have 

FIGURE 4.26  Maps of modelled and measured (dots) monthly mean total gaseous mercury (TGM) and gaseous 
elemental mercury (GEM) for the months January (top left panel), April (top right panel), July (bottom left panel), and 
October (bottom right panel) in 2006.
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RGM may offset this increased source. Wet deposition 
is highest in summer at most sites (Section 4.4.2.3), 
and dry deposition is expected to be much higher 
during summer and fall when vegetation is in full 
leaf (Zhang et al., 2009). The seasonal cycle in dry 
deposition is included in the model, as the scheme 
takes into account seasonal land use changes such 
as snow cover and vegetation. Another factor may be 
a sampling artifact in the measurement of RGM, in 
which higher levels of O3 in ambient air can reduce 
the measured RGM value (Lyman et al., 2010). Since 
O3 concentrations are highest in summer, this artifact 
may suppress RGM concentrations during summer 
(Baker and Bash, 2012) and account for some of the 
discrepancy between measured and modelled RGM  
in July.

enhancement may even spill over into parts of eastern 
Canada, as shown by GRAHM model results for April 
of 2006 (Figure 4.28), and contribute to the observed 
spring RGM peak across the country. While the model 
appears to overpredict April RGM concentrations at 
Alert, 2006 saw unusually low spring RGM and TPM 
concentrations compared to the long-term record 
(see discussion in Section 4.4.3.2). Typical mean 
April RGM concentrations are similar to the model 
predictions. However, the model predicts slightly 
higher RGM levels at mid-latitudes in the summer 
than in the spring, particularly in western Canada. In 
contrast, measured RGM levels dropped at all sites 
from spring to summer. While the conversion of GEM 
to RGM should be higher in summer due to more 
sunlight and more oxidants, increased deposition of 

FIGURE 4.27  Seasonal cycles for 9 sites of gaseous elemental mercury (GEM), reactive gaseous mercury (RGM), 
and total particulate mercury (TPM), as represented through monthly means.
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sites. Moreover, there is no seasonal variation in the 
anthropogenic emissions used in the model, which 
has an impact on the model-simulated seasonal 
cycles of RGM and TPM, particularly close to the  
local sources.

Finally, at many sites, the peaks in GEM, RGM, and 
TPM coincide. This could point to common sources 
(such as coal combustion or other anthropogenic 
pollution at non-remote sites) or sinks (such as wet or 
dry deposition) (Blanchard et al., 2002).

Total particulate Hg concentrations, like RGM, were 
high in March and April at the sites affected by AMDE 
(Alert and Churchill), both in the measurement data for 
multiple years (Figure 4.27) and in model results for 
2006 (Figure 4.29). Five sites unaffected by AMDE also 
saw maximum TPM concentrations in these months: 
Genesee, ELA, Dorset, Kejimkujik, and Halifax. Similar 
to RGM, higher TPM concentrations in the summer 
across the mid-latitudes were predicted by GRAHM 
(Figure 4.29), in contrast with measurements at these 
sites. Mississauga and St. Anicet had elevated TPM 
levels throughout the winter, with concentrations 
peaking in December and January. These sites 
are fairly close to urban centres and may be more 
affected by local emissions trapped closer to the 
surface in the winter, when mixing heights are lower. 
The model results show a minimum in TPM and RGM 
in December or January across Canada (Figures 
4.28 and 4.29). This is inconsistent with the overall 
patterns in the measurement data (Figure 4.27), 
although observations in 2006 were limited to a few 

FIGURE 4.28  Reactive gaseous mercury (RGM) concentrations as modelled (the Global/Regional Atmospheric 
Heavy Metals Model) and measured (dots) monthly means for January (top left panel), April (top right panel), July 
(bottom left panel), and October (bottom right panel) 2006.
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in that precipitation, the seasonal cycles of these 
2 parameters are shown along with the cycles of 
wet deposition. For the sites not shown, seasonal 
patterns at Genesee and Henry Kroeger, Alberta, 
were similar to those at Bratt’s Lake, Saskatchewan; 
patterns at St. Anicet and Mingan, Quebec, and 
Cormak, Newfoundland, resembled those at Egbert, 
Ontario; patterns at St. Andrews, New Brunswick, 
were similar to those at Kejimkujik, Nova Scotia. The 
summer maximum in wet deposition is predominant, 
as discussed. However, examining the patterns of 
THg and precipitation amount reveal that, at Bratt’s 
Lake, the wet deposition maximum corresponds to 
the maximum in precipitation, whereas at Kejimkujik 
the maximum wet deposition occurs during the 
season of minimum precipitation but highest THg. At 
Egbert, a peak in both THg and precipitation inevitably 
results in a period of maximum wet deposition. The 
pattern at Reifel Island indicates that the amount of 
precipitation is the dominant factor in determining the 
wet deposition cycle at that site.

4.4.2.3 Seasonal Patterns in Wet Deposition of 
Mercury

The seasonal patterns of wet deposition of Hg (total 
Hg in rain and snow) at 22 sites were calculated by 
summing weekly samples over each calendar month. 
Monthly values were then averaged over all years 
of sampling. The seasonal pattern of wet deposition 
showed maximum deposition in the summer (May–
August) at 20 of 22 sites. The exceptions, Reifel 
Island, British Columbia, and Dorset, Ontario, had 
maximums in the fall, during October and September, 
respectively. Twelve of the 22 sites reported here 
recorded less than 3 yr of data, which increases 
the uncertainty in the seasonal cycling because of 
potentially large interannual variability in precipitation 
amounts. Seasonal cycles for 4 of the 10 sites 
with at least 3 yr of data are shown in Figure 4.30, 
illustrating representative patterns from those 10 
sites. Since wet deposition flux depends on the total 
monthly precipitation and the concentration of THg 

FIGURE 4.29  Total particulate mercury (TPM) concentrations as modelled (Global/Regional Atmospheric Heavy 
Metals Model) and measured (dots) monthly means for January (top left panel), April (top right panel), July (bottom 
left panel), and October (bottom right panel) 2006.



190

Canadian Mercury Science Assessment – Chapter 4

Since GEM concentrations do not vary significantly 
across Canada, chemically produced oxidized Hg 
concentrations are also not very variable; therefore, 
the spatial variation in wet deposition is primarily 
controlled by the precipitation amount because of its 
larger spatial and temporal variation compared to the 
variation in Hg concentrations in precipitation. For 
example, annual precipitation amounts and therefore 
wet deposition fluxes are lower in mid-west Canada 
compared to the eastern Canada.

4.4.3 Long-term Time Trend Analysis of 
Mercury

Worldwide atmospheric measurements of TGM 
up to the early 2000s suggest that concentrations 
of atmospheric Hg increased from the 1970s to a 
peak in the 1980s and then decreased to a plateau 
around 1996 to 2001 (Slemr et al., 2003). Similarly, a 
reconstruction of GEM levels in firn air from Greenland 

Wet deposition from the GRAHM model for January, 
April, July and October of 2006 is shown in Figure 
4.31. At non-coastal sites, wet deposition peaks in 
the model in the summer and is at a minimum in the 
winter, in general agreement with observed patterns. 
A comparison with measurements at specific sites 
is shown and discussed in Chapter 9. In general, 
the magnitude and seasonal cycle of wet deposition 
of Hg are well predicted by the model. Being a 
meteorological and chemical transport model, the 
model includes processes for cloud and precipitation 
formation. The uncertainties in models’ estimated 
wet deposition is a combination of inaccuracies in 
simulated ambient concentrations of oxidized Hg 
and precipitation amounts. Simulated oxidized Hg 
concentrations in air are well correlated with observed 
and simulated Hg concentrations in precipitation 
(not shown here) and therefore have similar spatial 
variations. The Hg concentrations in precipitation (both 
modelled and observed) are also generally higher 
(not significantly) close to local emission sources. 

FIGURE 4.30  Seasonal cycles of wet deposition of mercury, compared with total mercury concentrations and 
precipitation patterns for 4 representative sites with at least 3 yr of data.
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which is recommended when there are missing values 
and when the data are not normally distributed; both 
of these conditions apply to these datasets.4

4   In the seasonal Kendall method, data from the 12 months 
are treated as 12 separate datasets. For each month, 
the presence of a trend is confirmed or rejected by the 
Mann-Kendall test, and a slope is estimated using Sen’s 
nonparametric estimator of slope. An overall annual trend 
is estimated from the monthly trend statistics; however, 
this estimate may be questionable if the monthly trends 
are not homogeneous. Thus, to ensure reliability of the 
data, a test for seasonal homogeneity was performed as 
well. If seasonal trends were homogeneous, the results 
were used to determine an overall trend for the entire 
period. If they were not homogeneous, or when there 
was insufficient data in certain months, only trends for 
individual months were reported. The disadvantage of this 
technique is that it produces a linear trend over the entire 
period and can miss complex patterns such as a decrease 
followed by an increase.

indicated that GEM (the primary component of TGM) 
increased from the 1940s to the 1970s and reached 
a plateau around the mid-1990s (Fain et al., 2009a). 
In Canada, long-term trends in TGM (Cole et al., 2012; 
Cole and Steffen, 2010; Steffen et al., 2005; Temme 
et al., 2007) and Hg in precipitation (Prestbo and 
Gay, 2009) for some sites have been reported in the 
literature. The Canadian trends presented below are 
updated with the most comprehensive and recently 
available TGM, precipitation, and Hg speciation data.

A minimum of 5 yr of data were required to perform 
the trend analysis. The time period over which data 
are reported differs for each location. As a result, 
linear trends were estimated for all available data 
from each site rather than limiting the analysis to 
only overlapping time periods. Trends were calculated 
using the seasonal Kendall test for trend and the 
related Sen’s slope calculation (Gilbert, 1987; van 
Belle and Hughes, 1984). This method is an extension 
of the non-parametric Mann-Kendall test for trend, 

FIGURE 4.31  Wet deposition concentrations as modelled (Global/Regional Atmospheric Heavy Metals Model) 
and measured (dots) monthly means for January (top left panel), April (top right panel), July (bottom left panel), and 
October (bottom right panel) 2006.
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measurements and monitoring at Cape Point, South 
Africa (Slemr et al., 2011). Of the 11 sites, only 
Genesee did not have a significant decrease in TGM 
over the measurement period.

Seasonal trend analysis for TGM exemplified for 2 
sites, Reifel Island and Kejimkujik, is shown in Figure 
4.32. An overall decreasing trend of -0.055 ng m-3 yr-1 
or -55 pg m-3 yr-1 was determined at Reifel Island from 
5 yr of data. The trends in all months were combined 
when there was sufficient homogeneity to determine 
an overall trend. To illustrate the result, the time 
series of monthly median TGM is shown for both sites 
in the bottom panels of Figure 4.32, where the red 
line indicates the slope. The results from Kejimkujik 
show that, even in a dataset that has greater 
seasonal variability, a longer time period narrows the 
uncertainty (red error bars) in the seasonal trends and 
the differences among months.

4.4.3.1 Time Trends in Total Gaseous Mercury

For TGM concentration trends, the analysis used 
monthly median concentrations, with the requirement 
that 75% of the month must have valid data. 
Overall trend results for all sites with more than 
5 yr of data are listed in Table 4.13. Ten of the 11 
sites experienced concentration decreases ranging 
from -0.9 to -3.3% yr-1, although time periods 
varied between 5 and 17 yr. These decreases are 
comparable to a reported trend in background TGM 
concentration at Mace Head, Ireland, of -1.8% ± 0.1 
yr-1over the period 1996 to 2009 (Ebinghaus et al., 
2011). The 6 sites that best overlap with that time 
period (Egbert, Point Petre, St. Anicet, St. Andrews, 
Kejimkujik, and Alert) recorded decreases of 0.9–1.8% 
yr-1. Interestingly, TGM in the southern hemisphere 
declined at a faster rate of approximately -2.7% yr-1 
from 1996 to 2009, based on data from shipboard 

TABLE 4.13  Total gaseous mercury (TGM) trends (95% confidence limits in parentheses) at sites with more  

than 5 yr of measurements and results from Temme et al.(2007).

Site Time period
TGM trend,
pg m-3 yr-1

TGM trend,
% yr-1 Time perioda TGM trenda

pg m-3 yr-1

TGM trenda

% yr-1

Reifel Island 1999–2004 -55
(-70 to -40)

-3.3
(-4.2 to -2.4) 1999–2004 -37 (NS) -2.03 (NS)

Genesee 2004–2010 -6
(-21 to +1) (NS)

-0.4
(-1.4 to +0.1) (NS) – – –

Bratt’s Lake 2001–2010 -37
(-48 to -23)

-2.5
(-3.4 to -1.6) 2001–2005 +6 (NS) +0.43 (NS)

Burnt Island 1998–2007 -15
(-22 to -7)

-1.0
(-1.4 to -0.4) 1998–2005 -11 -0.67

Egbert 1996–2010 -20
(-27 to -16)

-1.3
(-1.7 to -1.0) 1996–2005 -4 -0.24

Kuujjuarapik 1999–2009 -40
(-55 to -23)

-2.4
(-3.4 to -1.4) – – –

Point Petre 1996–2007 -29
(-38 to -20)

-1.7
(-2.2 to -1.2) 1996–2005 -37 -1.81

St. Anicet 1995–2009 -24
(-29 to -19)

-1.5
(-1.8 to -1.2) 1997–2005 -26 -1.46

St. Andrews 1996–2007 -30
(-42 to -20)

-2.2
(-3.1 to -1.5) 1996–2004 -12 -0.82

Kejimkujik 1996–2010 -14
(-20 to -6)

-1.0
(-1.4 to -0.5) 1996–2004 +5 +0.37

Alert 1995–2011 -14
(-18 to -10)

-0.9
(-1.1 to -0.6) 1995–2005 -5ns -0.31 (NS)

RURAL-
AFFECTED

St. Anicet, Point 
Petre, Egbert

-24
(-27 to -20) -1.5 – – –

RURAL-EAST Kejimkujik, 
St. Andrews

-17
(-21 to -10) -1.2 – – –

NS = Not statistically significant.
a Data from Temme et al., 2007
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RURAL-EAST (Kejimkujik and St. Andrews), RURAL-
WEST (Reifel Island, Esther, and Bratt’s Lake), and 
ALL. Alert and Burnt Island were only in the group 
“ALL.” Based on the same grouping, and substituting 
Genesee for Esther in the group “RURAL-WEST”, the 
trend test was extended to look for trends within these 
groups. The test for homogeneity between stations 
was performed first and, if the trends were not 
significantly different between stations within a group, 
an overall median trend was determined. Based in 
this test, stations in the group RURAL-WEST and ALL 
had trends that were significantly different from each 
other, so an overall trend was not determined. The 
RURAL-AFFECTED group had an overall trend of -24 
pg m-3 yr-1 or -1.5% yr-1 and the RURAL-EAST group 
had an overall trend of -17 pg m-3 yr-1 or -1.2% yr-1 

(see Table 4.13). For both of these groups, trends were 
more negative than those calculated by Temme et al. 
(2007), similar to findings for individual sites.

The GRAHM model was also used to evaluate long-
term changes in surface-level GEM. Using global 
anthropogenic Hg emission fields produced by the 

Table 4.13 shows a comparison of these newly 
calculated trend results with those published by 
Temme et al. (2007). In the earlier analysis, trends 
were determined using a seasonal decomposition 
technique to remove the seasonal cycle. The treated 
data were then smoothed and fitted with a linear 
regression. Significant trends were found at 6 
sites: Burnt Island, Egbert, Point Petre, St. Anicet, 
St. Andrews, and Kejimkujik. At the other sites, 
trends were not significant, due to insufficient data 
to attribute a trend or to failure of the seasonal 
decomposition technique (i.e., Alert). There is 
agreement (within uncertainties) when the trends are 
compared at 3 sites (Burnt Island, Point Petre, and 
St. Anicet). Bratt’s Lake and Alert show changes in 
the trends from not significant to significant declines. 
The results from the 3 remaining sites show an 
increasingly negative trend, likely due to the additional 
3 to 5 yr of data (Egbert, St. Andrews, and Kejimkujik).

Temme et al. (2007) also performed a PCA that 
grouped several Canadian stations into 4 groups: 
RURAL-AFFECTED (St. Anicet, Point Petre, and Egbert), 

FIGURE 4.32  Long-term trends in total gaseous mercury (TGM) by season (top) and monthly median GEM with 
overall annual trend (bottom) at Reifel Island and Kejimkujik. The error bars show 95% confidence limits.
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FIGURE 4.33  Change relative to 1990 of the concentration of atmospheric surface-level gaseous elemental mercury 
averaged over a) Arctic, b) west sub-Arctic, c) east sub-Arctic, d) western mid-latitude, and e) eastern mid-latitude 
Canada. The 5 regions together cover Canada and some adjacent areas.
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values, and the trend over the remainder of the period 
(1995–2005) was less negative (-0.2 to -0.6% yr-1). 
These modelled rates are somewhat less negative 
than the measured trends at most sites (Table 4.12). 
However, the declining trend in GEM concentrations 
appears to have accelerated at most sites since 2005 
(Table 4.13), and those most recent years are not 
simulated by the model, which may explain much of 
the difference.

The observed decline in TGM concentrations across 
Canada stands in contrast to the emissions estimates 
for the past 15 years, suggesting that global 
anthropogenic Hg emissions have increased (Streets 
et al., 2011). If these emission budgets are accurate, 
either natural emissions have decreased or there has 
been increased deposition of Hg, either globally or 
near emission sources. The following sections discuss 
long-term trends in RGM and TPM (which contribute 
to both wet and dry deposition fluxes) and trends in 
measured wet deposition of Hg.

4.4.3.2 Time Trends in Speciated Mercury

Three sites in Canada — Alert, St. Anicet, and ELA 
— have been collecting speciated mercury data for 
more than 5 yr, as shown in Figure 4.34. Daily mean 
concentrations of RGM, TPM, and GEM were used to 
calculate seasonal trends at these sites in months 
with sufficient valid data. A positive trend indicates a 
year-to-year increase in concentration for that month 
(Figure 4.35). While an overall trend was not reported 
for these data because of some missing monthly 
trends, a few interesting features in the seasonal 
trends were observed for RGM, TPM, and GEM, as 
discussed below.

Arctic Monitoring and Assessment Programme 
(AMAP) for 1990, 1995, 2000, and 2005 (Pacyna et 
al., 2006; Pacyna et al., 2010) and keeping natural 
emissions constant (Mason, 2009), the model was 
run with the appropriate meteorological data for 
each year. The global anthropogenic emissions for 
the years between reported years were interpolated 
using the emissions for available years. The resulting 
GEM concentrations for 5 regions of Canada (which 
include some surrounding areas) are shown in Figure 
4.33. Overall, GEM levels in 2000 were 10–12% 
lower than 1990 concentrations. From 2000 to 2005, 
GEM concentrations levelled off or increased slightly. 
For the entire 15-year period, the average rate of 
decrease ranged from -0.8% yr-1 in the Arctic and 
eastern sub-Arctic to -0.6% yr-1 in western mid-
latitude Canada. Based on AMAP emissions, changes 
in anthropogenic emissions of Hg from 1990 to 2005 
were +4.6% yr-1 in East Asia, -4.3% yr-1 in Europe, 
and -2.6% yr-1 in North America. While the East Asian 
emissions increased at an almost constant rate from 
1990 to 2005, the decreases in European and North 
American emissions were strongest from 1990 to 
2000 and from 1990 to 1995, respectively. By 2005, 
East Asian emissions contributed the lion’s share 
of Hg observed across Canada, and this may be 
reflected in the GEM concentration trend. Controlled 
model trends were used to distinguish the impact of 
changing emissions from the influence of changing 
meteorological factors on the GEM trends from 1990 
to 2005. The decline in GEM concentrations in the 
Arctic was found to be explained equally by changes 
in meteorological factors (-6%) and by changes in 
anthropogenic emissions (-6%), resulting in overall 
decline of 12% from 1990 to 2005. A declining 
trend in Hg evasion from snowpack due to changes 
in the snow cover and depth was found to be the 
primary meteorological factor in the decline in GEM 
concentrations in the Arctic.

Comparing modelled and measured GEM (or TGM) 
trends is difficult, since consistent emissions 
inventories used in the model span 1990 to 2005, 
while measurements began in 1995 and continued 
up to 2011 at several sites. By 1995, when the first 
automated measurements begin, modelled GEM 
concentrations were already 6–8% lower than 1990 



196

Canadian Mercury Science Assessment – Chapter 4

In contrast, measurements of TPM are generally 
higher than RGM at these locations, and therefore a 
few more valid monthly trends were reported in the 
seasonal trend analysis. Trends were variable and, 
for the lower-latitude sites, found to be significant in 
both positive (increasing) and negative (decreasing) 
directions, depending on the month. At ELA, TPM 
decreased in June, the only month with sufficient 
data coverage. At St. Anicet, TPM decreased in July, 
increased in October and January, and did not show 
a significant trend in December. The magnitude of 
these trends ranged from -0.2 to +1.6 pg m-3 yr-1 or 
-3 to +12% yr-1. At Alert, TPM showed a significant 
increase in the months when concentrations were 
the highest overall, namely March and April. The 

FIGURE 4.34  Reactive gaseous mercury (RGM) and 
total particulate mercury (TPM) concentrations at sites 
with more than 5 yr of monitoring.

For the Alert data, which showed significant 
amounts of RGM from February to July, the highest 
concentrations every year were seen in May (median 
110 pg m-3). Measurements from May over the 10 yr 
of monitoring have shown an RGM increase of 7.5 ± 
3.5 pg m-3 yr-1, or 6.8% yr-1. Concentrations of RGM 
in April and July also increased significantly, although 
the absolute changes were much smaller than in May 
due to lower levels of RGM. The trends calculated 
for March and June RGM (Figure 4.35) are not 
significantly different from 0 (i.e., there is no trend at 
the 95% confidence level). RGM measurements at ELA 
and St. Anicet were below estimated detection limits 
for most of the year, and thus trends are not reported 
for those sites. In general, seasonal trends were not 
calculated for months in which more than half of the 
measurements were below instrumental detection 
limits or for months that did not have valid data 
covering at least 75% of the month for at least 5 yr.

FIGURE 4.35  Seasonal trends in reactive gaseous 
mercury (RGM), total particulate mercury (TPM) and 
gaseous elemental mercury (GEM) at the Experimental 
Lakes Area (ELA), St. Anicet and Alert (pg m-3 year-1). 
A positive trend indicates a year-over-year increase 
in concentrations for that month. Missing trends are 
due to insufficient data above the detection limit. Note 
scale change for GEM. Sites with more than 5 yr of 
measurements are shown.
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4.4.3.3 Time Trends in Mercury in Precipitation

To assess changes in the wet deposition of Hg, 
trends were calculated for the concentration of Hg in 
precipitation (volume-weighted monthly means), the 
total monthly precipitation amount, and the resulting 
monthly wet deposition.5 Data from Egbert, St. Anicet, 
St. Andrews, Kejimkujik, Mingan, and Cormak are 
reported. The gaps in data from Bratt’s Lake and 
Henry Kroeger limited the trend calculation using  
this technique.

The results, shown in Figure 4.36, reveal that trends 
in Hg wet deposition at all sites are not significantly 
different from 0 (95% confidence limits). Four sites 
report a significant decrease in the concentration of 
Hg in precipitation (Egbert, St. Anicet, St. Andrews, and 
Kejimkujik). Mingan and Cormak had decreases that 
were not significantly different from 0. As previously 
mentioned, deposition is a function of both Hg 
concentration and amount of precipitation, as seen 
at St. Anicet, where a decrease in Hg concentration 
and an increase in precipitation resulted in a non-
significant change in the wet deposition of Hg.

Overall time trends for Hg concentrations in 
precipitation are reported for 6 sites: Egbert, St. 
Anicet, St. Andrews, Kejimkujik, Mingan, and Cormak. 
The trends are shown in Table 4.14 along with trends 
previously reported using data from the MDN up to 
2005 (Table 4.14) (Prestbo and Gay, 2009). The St. 
Andrews trend reported for the period 1996–2003 
is small but decreasing and should be identical 
for the 2 analyses. However, an inconsistency was 
found between the 2002 concentration reported in 
Prestbo and Gay (2009) and the value in the current 
MDN database, and thus the trend value is flagged. 
At Egbert, the trend from the current analysis found 
a significant decrease of 2.1% yr-1, which differs 
from the “no trend” reported earlier. At Cormak, 
the new 10 yr trend is decreasing at a slower rate, 

5   A minimum of 75% coverage was required in the 
month for the monthly values to be considered valid. 
Weekly samples that covered a change in the calendar 
month were partially attributed to each of the 2 months, 
weighting the sample in each monthly average (or sum) 
according to the number of days from that week that 
belonged to the month in question.

trend in March was 10 ± 6 pg m-3 yr-1 or 10% yr-1 
and in April was approximately 7 pg m-3 yr-1 or 7% 
yr-1, based on median concentrations of 99 and 98 
pg m-3, respectively. Trends in the remainder of the 
months were also positive (May, July, August) or not 
significant. As with RGM, no negative or decreasing 
trends in TPM were observed at Alert.

The overall decreasing trend of TGM reported 
across the country was also evident in the GEM 
measurements at ELA, St. Anicet, and Alert. The latter 
2 sites showed more variability in the GEM than TGM 
trends at the same sites. This was likely due to a 
shorter measurement period for this speciation data 
compared with the TGM data.

The spring trends in speciated Hg at Alert are 
of interest because of their link to atmospheric 
photochemistry and ocean conditions at this time  
of year. An increase in RGM and TPM during the  
AMDE season could indicate an overall increase 
in oxidation of GEM by halogen radicals. However, 
trends in GEM over the same period did not decrease 
consistently (GEM decreased in March and May but 
increased in April), as would be expected from an 
increase in the oxidation rate. Also, these trends are 
qualitatively uncertain as a result of the short time 
period and the operational definition of RGM and  
TPM measurements.

A long-term trend study from Resolute Bay, Northwest 
Territories, was based on observations of filterable 
Hg (manual samples of Hg collected by passing air 
through particle filters, which likely reflects TPM and 
RGM combined) from 1974 to 2000 (Li et al., 2009). 
This study reported a decrease of approximately 
3% yr-1 in total filterable Hg in summer and fall, 
which is in keeping with the worldwide decrease 
in Hg emissions from anthropogenic activities 
between 1983 and 1995 and with reports on other 
atmospheric data (Slemr et al., 2003). Considerable 
variability was found in the data during the winter 
and early spring months, suggesting some influence 
of AMDEs in the samples. These data precede the 
continuous measurements presented here and 
suggest that trends may be changing in recent 
decades.
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1.7% yr-1, than the previous 5 yr trend, 4.4% yr-1. 
Finally, trends reported from St. Anicet, Kejimkujik, 
and Mingan have not changed significantly with 
the addition of more recent data. For these 6 sites, 
additional tests for spatial homogeneity, similar to 
the seasonal homogeneity tests, were performed to 
determine whether there was an overall trend across 
eastern Canada. Results showed that trends for wet 
deposition, Hg concentrations, and precipitation 
amounts were not significantly different from site 
to site. However, trends in wet deposition flux and 
precipitation amounts for the entire group were not 
significantly different from 0. Only Hg concentration in 
precipitation had a significant trend for the group, with 
an overall decrease estimated at -0.13 ± 0.04 ng L-1 
yr-1 or -2.1 ± 0.6% yr-1.

At the 2 long-term sites in western Canada, Bratt’s 
Lake and Henry Kroeger, low precipitation levels 
in the winter and few data points restricted either 
the performance of a seasonal Kendall test or 
determination of an overall trend. However, a Mann-
Kendall test for trend was performed over the entire 
time period and revealed no significant trend in  
wet deposition or Hg precipitation concentrations  
at either site.

FIGURE 4.36  Overall trends in wet deposition, 
mercury concentration, and total precipitation at 6 
sites with more than 5 yr of mercury precipitation 
measurements. Error bars represent 95% confidence 
limits.

TABLE 4.14  Trends in the concentration of mercury in precipitation (THg) (95% confidence limits in parentheses)  

at sites with greater than 5 yr of measurements.

Site Time period
Hg trend, a

ng L-1 yr-1

Hg trend,
% yr-1

Time period
2009b

Hg trend 2009,b

% yr-1

Egbert 2000–2010 -0.18
(-0.31 to -0.05)

-2.1
(-3.7 to -0.6) 2000–2005 NS

St.Anicet 1998–2007 -0.22
(-0.41 to -0.05)

-2.8
(-5.2 to -0.6) 1998–2005 -1.5

St.Andrews 1996–2003 -0.25
(-0.43 to -0.02)

-3.7
(-6.5 to -0.3) 1997–2003 -1.9a

Kejimkujik 1996–2010 -0.12
(-0.17 to -0.06)

-2.2
(-3.3 to -1.2) 1997–2005 -2.0

Mingan 1998–2007 -0.13
(-0.23 to +0.01) (NS)

-2.5
(-4.6 to +0.2) (NS) 1998–2005 NS

Cormak 2000–2010 -0.07
(-0.15 to +0.01) (NS)

-1.7
(-3.5 to +0.3) (NS) 2000–2005 -4.4

a May have error in dataset; b Prestbo and Gay (2009)

NS = Not significant.
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FIGURE 4.37  Change relative to 1990 of net mercury deposition averaged over: a) Arctic, b) west sub-Arctic, c) east 
sub-Arctic, d) western mid-latitude, and e) eastern mid-latitude Canada. The 5 regions together cover Canada and 
some adjacent areas.
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A comparison of modelled and measured deposition 
is challenging at this time. As with GEM (or TGM) 
data, the overlap in time is relatively short. This is 
even more problematic for deposition than for GEM 
concentrations, since the interannual variability 
is greater. Comparisons between modelled and 
measured wet deposition trends for specific sites, 
where they do overlap, are discussed in Chapter 9. 
Broadly, in the mid-latitudes, where wet deposition 
is subject to long-term monitoring, the model 
shows little change after 1995 (Figure 4.37). This 
is consistent with the observed non-significant wet 
deposition trends at the sites listed above (Egbert, St. 
Anicet, St. Andrews, Kejimkujik, Mingan and Cormak) 
over varying time periods between 1996 and 2010.

The wet deposition trends presented here for Canada 
as well as those for the United States (Prestbo and 
Gay, 2009) do not show a large-scale increase in 
wet deposition of Hg in eastern mid-latitude North 
America. Therefore, the decreases observed in TGM 
concentrations at these Canadian sites cannot be 
explained by increased wet deposition in this region. 
Increased deposition in other areas, as predicted by 
the model for northern regions, could be offsetting 
increasing global anthropogenic emissions. As 
well, the increasing trend in RGM and TPM in the 
high Arctic could help explain the increase in the 
modelled deposition results. Increased monitoring 
of wet deposition in northern regions is needed 
to provide constraints on the model and track the 
response in this region to changes in emissions and 
climate. Alternatively, significant decreases in natural 
emissions (Slemr et al., 2011; Soerensen et al., 
2012) or re-emissions of recently deposited Hg could 
also result in a declining trend in air concentrations. 
The modelling results show that changing snow 
conditions, possibly due to climate change, have 
resulted in decreased GEM concentrations in the 
Arctic; these results support the view that natural/re-
emissions may have changed in recent years.

Case Study: Trends in Arctic Total Gaseous 
Mercury Compared with Lower Latitudes

The Canadian Arctic is an area of particular interest, 
in part because of the unique atmospheric chemistry 
that takes place in the spring (AMDEs) (Section 

Four of the long-term precipitation collection sites also 
measure TGM (Egbert, St. Anicet, St. Andrews, and 
Kejimkujik). A comparison of the TGM concentrations 
in air and Hg concentrations in precipitation show 
that they have both significantly decreased at all 4 
sites. Comparing the trends quantitatively, the TGM 
concentrations at Egbert, St. Anicet, and St. Andrews 
agreed with trends in precipitation concentrations 
within the uncertainties, although measurement time 
periods were not identical. At Kejimkujik, the decrease 
in Hg concentration in precipitation (-2.2% yr-1) was 
significantly more negative than the decrease in 
TGM concentration (-1.0% yr-1) over the same time 
period. Similar results were reported for earlier trend 
comparisons (Temme et al., 2007).

As with the GEM and TGM concentration trends 
discussed in Section 4.4.3.1, the GRAHM model was 
used to evaluate the response of dry, wet, and net Hg 
deposition in 5 regions across Canada (Arctic, eastern 
and western sub-Arctic and eastern and western 
mid-latitudes) to changing emissions from 1990 to 
2005. Net deposition was estimated as the sum of 
dry and wet deposition less seasonal re-emissions 
from snowpack and meltwater, as trends in these 3 
components contribute to the net deposition trends. 
Both wet and dry deposition declined during the 
1990s in all regions in the model. After 2000, wet 
deposition in all regions and dry deposition in the 
Arctic and sub-Arctic increased to 2005, while dry 
deposition in the mid-latitudes continued to decrease 
but at a slower rate. Wet deposition trends were 
related to trends in the amount of precipitation. Re-
emissions from snow and meltwater, which reduce 
the net deposition amount, declined in all regions 
to varying degrees as a result of changes in snow 
amounts and characteristics, which in turn depend on 
surface temperature and wind speeds. The resulting 
regional net deposition trends are shown in Figure 
4.37. By 2005, net deposition had increased in the 
Arctic (mean +0.5% yr-1) and eastern sub-Arctic 
(+1.6% yr-1) relative to 1990. In the western sub-
Arctic, the decrease in net deposition from 1990 to 
1998 was comparable to the subsequent increase; 
thus there was no overall trend. Deposition at mid-
latitudes decreased from 1990 to 2005 by about 
0.8–0.9% yr-1, reflecting the impact of reductions in 
North American emissions.
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in the inset to Figure 4.38: Alert -0.9% (range -1.4 to 
0) yr-1 , Kuujjuarapik -2.0% ± 1.0 yr-1, Egbert -2.2% 
± 0.5 yr-1, St. Anicet -1.9% ± 0.1 yr-1, and Kejimkujik 
-1.6% ± 0.7 yr-1. At St. Anicet, seasonal trends agreed 
well with each other and therefore an overall trend 
could be determined with better precision than at the 
other 4 sites (as shown by the error bars). The overall 
trend at Alert is clearly less negative than the trends 
at Egbert and St. Anicet, but not significantly different 
from those at Kuujjuarapik and Kejimkujik. Trends at 
sites other than Alert agreed well with the reported 
decrease in background TGM concentration at Mace 
Head, Ireland, of -1.8% ± 0.1 yr-1 over the period 
1996 to 2009 (Ebinghaus et al., 2011), although the 
time period used for Mace Head was longer. TGM in 
the southern hemisphere declined at a faster rate of 
approximately -2.7% yr-1 from 1996 to 2009, based 
on data from shipboard measurements and monitoring 
at Cape Point, South Africa (Slemr et al., 2011).

Measurements at Egbert, St. Anicet, Kejimkujik, and 
Alert began in 1995 or 1996. Trends at these sites, 
calculated over the entire measurement period, were 
less negative than when the analysis was limited 
to 2000–2009 data, although the differences were 

4.2.3) and in part because of the history of elevated 
Hg levels in Arctic people and wildlife (AMAP, 2005, 
2011a, b). As global anthropogenic emissions of 
Hg change, and as the Arctic environment changes 
dramatically, assessing the long-term changes in 
the concentration of Hg in the Arctic atmosphere is 
critical to fully understand impacts on this fragile 
environment.

The long-term trends of Hg in the atmosphere 
in northern Canada from Alert (high Arctic) and 
Kuujjuarapik (sub-Arctic) were compared with those at 
mid-latitudes from Egbert, St. Anicet, and Kejimkujik 
(Cole et al., 2013). The seasonal Kendall test and 
Sen’s estimator of slope were applied to the data from 
2000 to 2009, inclusive. This time period was chosen 
based on overlapping data for a 10 yr period and on 
the length of the shortest dataset, for Kuujjuarapik. 
Overlapping data from all 5 sites allows for a direct 
comparison of the trends.

The resulting seasonal (monthly) trends based on daily 
average concentrations are shown in Figure 4.38. 
Overall trends based on the entire dataset, reported as 
percentages with 95% confidence limits, are shown 

FIGURE 4.38  Trends in total gaseous mercury (TGM) for 2000-2009 at all sites with data during 
this decade (ng m-3 year-1). Overall annual trends (in percent per year; inset) are median values 
from the trends calculated for each month. Error bars represent 95% confidence limits.
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Case Study: Flin Flon: Impact of Point Source 
Reductions

The Hudson Bay Mining and Smelting (HBMS) 
Company’s base metal smelter in Flin Flon, Manitoba, 
was one of the largest sources of atmospheric Hg 
emissions in Canada as well as a large source of SO

2 

emissions. On June 11, 2010, the smelter was shut 
down and before its closure, Hg emissions over the 
last decade averaged 1 093 ± 261 kg yr-1; whereas 
after the smelter closed, the company reported no 
emissions (Figure 4.39). Although the smelter is now 
closed, the site is still used for pre-concentrating ore 
from mines in the Flin Flon area and contains a large 
tailings impoundment.

FIGURE 4.39  Reported mercury emissions to the 
National Pollution Release Inventory from the Hudson 
Bay Mining and Smelting Company’s base metal 
smelter in Flin Flon, Manitoba.

Environment Canada operated several atmospheric 
Hg monitoring stations near the smelter, as well as 
conducting field investigations of surface Hg fluxes 
(see Chapter 8). Atmospheric TGM measurements 
were initiated in July 2008 and continue in 2014; 
however, only data up to July 2011 are included in this 
case study. Atmospheric Hg speciation measurements 
were made from July 2010 to July 2011 (post-
smelter closure only), and precipitation was measured 
from September 2009 to January 2011. The TGM, 
precipitation, and SO

2 measurements were made 
0.5 km south-southeast of the 251 m HBMS smelter 
stack, while the speciation measurements were made 
1.9 km south-southeast of the stack.

The TGM concentrations (mean 4.1 ± standard 
deviation 3.6 ng m-3) measured before the smelter 
closure were roughly 3-fold higher than at other 

significant at the 95% confidence limit only at Egbert 
and St. Anicet (Table 4.12). In other words, TGM 
concentrations appear to have decreased at a faster 
rate after 2000.

Compared with the lower-latitude sites, seasonal 
TGM trends at Alert were more variable from month 
to month, as shown in Figure 4.38. From October 
through March, trends at Alert were not significantly 
different from the other sites. In contrast, trends 
in April, May, and July at Alert were significantly 
higher than at any other site and were the only 
increasing (positive) trends observed in these 
datasets. Seasonality in the trends was observed 
at Kuujjuarapik, where the year-to-year decrease in 
TGM concentrations based on data from November 
to May was faster than the decrease based on data 
from June to October. As well, at Egbert, the TGM 
concentrations in February and March declined 
most rapidly in comparison with the other months. 
However, the increasing trends at Alert in some 
months and the more gradual decline in TGM 
concentrations overall suggest that atmospheric Hg 
in the Arctic may be experiencing different long-
term changes than that in other regions. This is not 
entirely unexpected, given that Hg undergoes unique 
atmospheric processes during this time period and 
that the Arctic is experiencing significant climate 
change. In fact, spring increases in TGM at Alert have 
previously been attributed to changes in the timing 
of the AMDE chemistry (Cole and Steffen, 2010). 
However, Kuujjuarapik also experiences the AMDE 
chemistry and yet has not experienced the same 
spring increases in TGM. Furthermore, a positive 
trend was seen at Alert in July, which is outside of 
the AMDE season, so AMDE chemistry alone may not 
explain the upward trend reported. For example, it 
has been postulated that riverine discharge of Hg into 
the Arctic Ocean may account for elevated levels of 
atmospheric Hg in the summer (Fisher et al., 2012). 
The influence of other factors, such as changes 
in ocean flux (either upward or downward) as ice 
cover changes, or differing source regions for Arctic 
TGM compared with other regions, must also be 
addressed. Finally, we note that the large variability 
of TGM concentrations in the Arctic, particularly in the 
spring and summer, implies that longer monitoring 
times may be required in order to be confident in the 
long-term trends.
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TABLE 4.15  Seasonal mean mercury concentrations 
reported from Flin Flon, Manitoba

Hg species Smelter 
status Season Mean 

concentration

TGM, ng m-3 Pre-closure Winter 3.18
Spring 5.32

Summer 5.62
Fall 3.47

TGM, ng m-3 Post-closure Winter 1.77
Spring 3.77

Summer 5.09
Fall 2.40

RGM, pg m-3 Post-closure Winter 1.00
Spring 4.90

Summer 5.80
Fall 2.30

TPM, pg m-3 Post-closure Winter 4.80
Spring 14.6

Summer 17.3
Fall 5.80

monitoring stations in Canada (Section 4.3.3) and 
clearly reflect the influence of local input to the 
air. This finding is supported by PCA showing a 
correlation with SO2 concentrations during the period 
of smelter operation (Eckley et al., 2013). Table 4.6 
shows the range of TGM concentrations measured in 
Canada, Table 4.15 shows the TGM seasonal mean 
concentrations at Flin Flon, and Figure 4.40 compares 
the Flin Flon TGM measurements with those at the 2 
closest monitoring stations, ELA and Bratt’s Lake. After 
the smelter closed, the TGM concentrations decreased 
by 20% (3.3 ± 2.4 ng m-3) but remained roughly 
2-fold higher than at all other monitoring sites in 
Canada. Total gaseous Hg concentrations, before and 
after the smelter closure, were variable, with frequent 
spikes (Figure 4.40). For example, the highest 5% of 
the measurements before the closure were over 10 ng 
m-3 (maximum 61 ng m-3) and after the closure were 
over 7 ng m-3 (maximum 39 ng m-3), which are 10- to 
20-fold higher than maximum values observed in 
remote locations (Temme et al., 2007).

FIGURE 4.40  Total gaseous mercury (TGM) concentrations measured before and after the Hudson Bay Mining 
and Smelting smelter closure. For comparison, TGM concentration data are also shown from 2 monitoring stations 
located in rural/remote regions: the Experimental Lakes Area, Ontario, and Bratt’s Lake, Saskatchewan.
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Atmospheric Hg speciation measurements in Flin Flon 
were conducted only after the closure of the smelter. 
The RGM concentrations were higher than values 
measured at the pristine, remote ELA site but were 
lower than measurements conducted at other sites 
around Canada (see Tables 4.7 and 4.15). The TPM 
concentrations were also higher than those at ELA, 
as well as those at other remote sites in Canada, but 
similar to those influenced by urban/industrial areas 
such as St. Anicet.

RGM showed a diel pattern with higher concentration 
during the day than at night. TPM did not show 
any diel pattern (Figure 4.42). Both the RGM and 
TPM data exhibited seasonal cycles, with high 
summer and low winter concentrations. The winter 
concentrations of RGM and TPM measured in Flin 
Flon were significantly lower than values measured 
at the ELA (RGM 1.6 ± 2.1 pg/m3; TPM 7.1 ±13.5 
pg m-3). The diel and seasonal patterns suggest that 
that the RGM originated from natural processes, 
which is also supported by the lack of a relationship 
between RGM and SO2 concentrations (regression 
analysis p = 0.13, n = 1 567). Some of this RGM likely 
originated from GEM released from contaminated soil 
and/or tailings during snow-free conditions, which 

The TGM data before the smelter closure showed clear 
diel and seasonal patterns, with higher concentrations 
during the day than at night and higher concentrations 
in the summer than in the winter (Figure 4.41). 
Similar patterns were also observed after the smelter 
closure and, because the smelter operated 24 hours 
a day, the diel/seasonal patterns in the data suggest 
the influence of surface emissions of TGM. Several 
studies of Hg emissions have identified that surface 
TGM emissions increase with levels of solar radiation, 
air/soil temperature, and soil moisture (Carpi and 
Lindberg, 1997; Coolbaugh et al., 2002; Eckley et al., 
2011). The influence of these variables is reflected in 
the narrow diel curve during the winter when daylight 
is shorter (08:00 to 18:00) and the broader curve 
during the summer when daylight is longer (04:00 to 
22:00). The larger midday TGM values in the spring 
likely reflect the influence of increased soil moisture 
during snowmelt, enhancing surface emissions. 
While the spring TGM had the largest amplitude, the 
mean spring TGM concentration was not significantly 
different than that in the summer (Table 4.15). The 
surface fluxes of TGM may originate from Hg-enriched 
soils from contemporary and historic deposition and 
from the HBMS tailings impoundment (Eckley et al., 
2011).

FIGURE 4.41  Diel and seasonal trends in total gaseous mercury (TGM) concentration data measured for 1 yr before 
the Hudson Bay Mining and Smelting smelter closure. Error bars represent standard deviations.
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concentration was 152 ng L-1 (range 30–676 ng L-1) 
and after closure it was 72.5 ng L-1 (range 11–526 
ng L-1). Figure 4.43 shows the results from these 
measurements and compares them with Hg in 
precipitation at ELA and Bratt’s Lake. A meaningful 
comparison of concentrations before and after closure 
is impossible because of differences in the sample 
size and the seasons when data were collected 
(i.e., pre-closure period was fall and spring; post-
closure period was summer and fall). However, the 
concentration ranges before and after the closure 
clearly remain elevated compared with background 
sites such as ELA and Bratt’s Lake (Table 4.7).

was then converted to RGM in the atmosphere by 
photochemical compounds (Engle et al., 2008; Engle 
et al., 2010; Weiss-Penzias et al., 2009). The elevated 
summer RGM and TPM concentrations may have been 
due to forest fires (Wang et al., 2010), which were 
particularly large during the summer of 2010 when 
measurements were conducted (>50 000 ha burned 
~40 km from Flin Flon).

Precipitation measurements were made from 
September 2009 to November 2010 (excluding 
mid-December to mid-March). Before the smelter 
closure, the volume-weighted mean Hg precipitation 

FIGURE 4.43  Total mercury concentration in precipitation measured in Flin Flon, Manitoba, before (left) and after 
(right) the smelter closure. For comparison, total mercury concentrations in precipitation are shown for 2 rural 
reference locations: the Experimental Lakes Area, Ontario, and Bratt’s Lake, Saskatchewan.

FIGURE 4.42  Diel reactive gaseous mercury (RGM) (top panel) and total particulate mercury (TPM) (bottom panel) 
concentrations measurements for each season in the Flin Flon, Manitoba, area after the smelter closure.  
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is no longer Canadian-owned, all manufacturing and 
research and development of the technology remain 
in Canada and are a feather in the Canadian scientific 
cap. The methods used to measure and analyze TGM, 
GEM, RGM, TPM, and wet deposition are outlined in 
the following discussion.

4.5.1 Atmospheric Mercury Measurements

In Environment Canada’s CAMNet and CAPMoN 
networks TGM is measured using the automated 
Tekran® 2537 mercury vapour analyzer (Poissant, 
1997; Steffen et al., 2008; Temme et al., 2007). The 
air is sampled at flow rates between 1.0 and 1.5 L 
min-1 and is passed through a Teflon filter (47 mm 
diameter; 0.45 µm) at the sample line inlet to remove 
particulate matter. Inside the analyzer, the Hg in the 
sample air is pre-concentrated by amalgamation 
on gold cartridges (5–30 minute pre-concentration 
times). Mercury is removed from the gold cartridges 
by thermal desorption and is detected using cold 
vapour atomic fluorescence spectrometry (CVAFS). 
The analyzer has 2 gold cartridges, which allow 
sampling and analysis to occur simultaneously, 
resulting in the continuous measurement of Hg in the 
air stream. The instruments are calibrated daily using 
an internal Hg source and verified during routine site 
audits by manual injections of Hg from an external 
source. The data are quality controlled using the 
Environment Canada Research Data Management and 
Quality Control (RDMQ) system (Steffen et al., 2012). 
Limited studies suggest that TGM measurements 
consist of GEM and RGM (Slemr et al., 2009; Temme 
et al., 2003); however, it is possible that under 
certain environmental conditions and sample inlet 
configurations, the RGM is removed.

Speciated Hg measurements (including GEM, RGM, 
and TPM) in Canada’s monitoring networks are 
made using the Tekran® Mercury 1130, 1135, and 
2537. Speciation units are front end units to the 
2537 that physically separate the 3 fractions of Hg 
and are described in detail elsewhere (Landis et al., 
2002; Steffen et al., 2008). Briefly, air is pulled into 
the analyzer through a Teflon® coated elutriator and 
impactor designed to remove particles >2.5 µm at 
flow rates of 10.0 L min-1 (particle size cut-off varies 

Some portion of the Hg released from the HBMS 
facility was deposited locally, which resulted in 
elevated concentrations in the surrounding landscape 
(Henderson and McMartin, 1995; Henderson et al., 
1998; McEachern and Phillips, 1983; McMartin et 
al., 1999; Outridge et al., 2011). The revolatilization 
of this Hg back to the atmosphere after the smelter 
closure may be contributing to continued elevated Hg 
concentrations in the air and precipitation. Discussion 
of Hg surface-air fluxes at Flin Flon is included in 
Chapter 8.

4.5 ATMOSPHERIC HG 
MEASUREMENT TECHNIQUES
Some of the most significant advances affecting 
atmospheric Hg research in the past decade have 
been the widespread availability of atmospheric 
measurement instrumentation, research on reaction 
kinetics, and quantification techniques for the isotopic 
signature of Hg (Lindberg et al., 2007). While there 
are still some limitations related to many of these 
techniques (Gustin and Jaffe, 2010; Gustin et al., 
2013), the advances have allowed the development 
of large-scale measurement networks (Keeler et 
al., 2009; Kellerhals et al., 2003; Lindberg et al., 
2007; Prestbo and Gay, 2009; Temme et al., 2007), 
representing a significant part of the research 
undertaken on Hg in the atmosphere in the past  
15 years.

Canadian researchers (along with international 
partners) have been instrumental in developing 
methods and techniques currently used around the 
world for measurement, analysis, and treatment of 
atmospheric Hg data. Because Canadian innovation 
and technology have played such a key role, we 
include this section on measurement techniques 
in the atmospheric chapter of this assessment. 
Instrument manufacturer Tekran® developed most 
of the atmospheric instrumentation described below 
and used to collect the data discussed in this chapter. 
Originally a Canadian company, Tekran’s® research 
and development was initiated at the Ontario Ministry 
of the Environment and Environment Canada. Although 
the company, now Tekran® Instruments Corporation, 
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The KCl denuders in the Tekran® speciation system 
have been widely used for RGM measurements 
for over a decade. However, recent research found 
that, in the presence of environmentally relevant 
concentrations of ozone, the denuders can release 
significant amounts of RGM as Hg0 (Lyman et al., 
2010). This can result in an under-reporting of RGM 
concentrations, with the extent of the bias dependent 
on ambient O3 concentrations. While the Tekran® 
speciation system using KCl denuders remains the 
most widely employed method for RGM measurement, 
these results highlight the need for further method 
testing and refinement and for field calibration 
methods.

Most precipitation samples in Canada are collected 
and detected using an MDN-approved NCON-
Atmospheric Deposition Sampler (Model # 00-125-2) 
(Vermette et al., 1995). This sampler is open to the 
atmosphere only during precipitation events; an 
optical precipitation sensor uncovers and covers the 
sample container. The sampling system/train consists 
of a borosilicate glass funnel connected to an acid-
cleaned, wide-bore (3 mm) capillary tube using a 
ground glass fitting. The other end of the capillary 
tube is expanded to form a sphere with a small hole 
that allows water to drain into a 2 L borosilicate glass 
bottle pre-charged with dilute hydrochloric acid (HCl) 
(Prestbo and Gay, 2009). The funnel and capillary tube 
are used to reduce the sample exposure to the open 
atmosphere and to limit the loss of Hg dissolved in the 
precipitation sample. The acid preserves the sample 

with flow rate). The sample air flows over a KCl-
coated quartz denuder to trap the RGM in the 1130 
unit and then passes over a quartz particulate filter to 
trap TPM in the 1135 unit. GEM passes through both 
the 1130 and 1135 units and is carried into the 2537 
analyzer (at a flow rate of 1 L min-1) for analysis. As a 
result of their very low concentrations, RGM and TPM 
are accumulated at a high flow rate for 1 to 3 h, while 
the GEM is collected every 5 min. Reactive gaseous 
Hg and TPM are subsequently thermally desorbed 
and pyrolyzed to GEM and then analyzed by the 2537, 
which does not allow for continuous measurements. 
Exact identification of RGM and TPM fractions are 
still unknown and thus are operationally defined. 
Therefore, in lieu of RGM and TPM standards, rigorous 
procedures during and after sample collection/
analysis have been put in place to ensure standard 
methods are used at all site locations (Steffen et al., 
2012).

The analytical detection limits of the Tekran® 2537 
analyzer (<0.1 ng m-3 or 0.75 pg of mercury collected 
based on a 7.5 L sample volume, according to the 
manufacturer) are more than 1 order of magnitude 
below ambient TGM/GEM concentrations (typically 
>1 ng m-3). For RGM and TPM data collected with 
the Tekran® 1130, 1135, and 2537 system, the 
detection limits are determined from an analyzer’s 
annual dataset and are based on 3 times the 
standard deviation of the 2 cool-cycle blanks (zero 
air (i.e., Hg free air) samples) following desorption. 
However, under ideal operating conditions, the 
cool-cycle blanks can be reported as 0 and result in 
unrealistically low calculations of the detection limit. 
Because the RGM and TPM species are analyzed 
using a Tekran® 2537, the detection limits for these 
species cannot be lower than 0.4–1.2 pg m-3 in a 
600–1 800 L sample volume in order to obtain 0.75 
pg of total Hg collected. However, the detection 
limits can often be higher (e.g., approximately 2 pg 
m-3) depending on the noise (non-0 blanks) of the 
system. Discussions regarding determination of the 
instrument detection limits are currently ongoing. For 
individual RGM and TPM measurements, the RDMQ 
process validates or invalidates measurements, 
taking into consideration the magnitude of the 
species concentrations relative to the blank values  
for each desorption.
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4.5.2 Alternative Measurement Techniques 
for Atmospheric Mercury Speciation

Current analytical techniques for atmospheric Hg 
provide information only on total Hg, GEM, RGM, 
and TPM. The detailed chemical characterization/
speciation of RGM is essential in understanding 
properties such as solubility, gas-to-particle 
partitioning, as well as processes such as 
biomagnification and bioaccumulation in aquatic 
systems. Oxidized Hg has proven more difficult to 
directly measure, in part because of its extremely low 
concentration in air (10–12 g m–3) and the ease with 
which it is lost to surfaces before analysis. In fact, 
the success of CVAFS for detection of GEM has led 
to almost universal measurement of RGM by capture 
on KCl-coated denuders (as discussed above). While 
this provides useful information on the total amount 
of Hg present in the RGM reservoir, it destroys any 
information about the speciation of Hg present. Given 
the differences in solubility, vapour pressure, and 
reactivity of different species of oxidized Hg (e.g., 
HgCl2 vs. HgO); this chemical information may be 
crucial to its fate in the atmosphere.

Despite over 20 years of demand by scientists 
and attempts by various companies, there is no 
commercially available technique for routine 
performance of detailed Hg chemical speciation by 
an end-user. While analytical techniques for trace 
metals speciation have been around for decades, 
few laboratories possess the expertise to apply these 
techniques for various commercial applications. 
As demand for more refined information grows, 
so will the need for trace metals speciation. Many 
governments have recently instituted ambient air 
monitoring programs in response to concerns about 
Hg. At McGill University, new prototype systems are 
being developed based on a novel patent-pending 
technology. The systems consist of a portable flow-
system device with several interfaces, including a 
gold-, glass-, and/or sulphur nanoparticle-based 
substrate to capture (adsorb) various Hg compounds 
in both air and water/snow/ice matrices. The 
device is coupled to a modified soft-ionization 
mass spectrometer to obtain both qualitative and 
quantitative chemical speciation data for Hg contained 
in the sample. The technique is capable of detecting 
several different types of Hg compounds.

by preventing microbial activity and keeps the Hg2+ in 
solution to prevent volatilization. The sample collection 
system housing is insulated and temperature-
controlled in the winter with a small space heater. The 
heat warms the collection funnel and melts snow and 
ice. During warm periods, a fan pulls in filtered air to 
moderate the inside temperatures. Field operators 
collect samples once a week using clean techniques 
and replace the entire sampling train with fresh 
equipment that that has been rigorously cleaned. All 
sample analysis and glassware cleaning is performed 
by the Mercury Analytical Laboratory (HAL) at Frontier 
Global Sciences. The weekly precipitation amount 
is recorded for deposition determination using a 
precision precipitation gauge (NOAH IV, ETI Instrument 
Systems, Inc).

Precipitation samples at the laboratory are analyzed 
using the U.S. Environmental Protection Agency 
method 1631. Bromine chloride (BrCl) in HCl is added 
to the sample bottle to oxidize all forms of Hg to 
Hg2+. Stannous chloride (SnCl2) is added to reduce 
Hg+2 to Hg0 and the sample is purged with ultra-pure 
nitrogen onto gold-coated silica traps. A dual gold 
trap amalgamation technique is used to concentrate 
and focus the Hg. The Hg is removed from the gold 
traps via thermal desorption and is analyzed using 
CVAFS and quantified by peak height. Field blanks, 
system blanks, and laboratory blanks are all routinely 
analyzed as part of quality assurance procedures. 
The laboratory performs weekly standard reference 
material and spike recovery tests. Sample Hg 
concentrations are blank-corrected, and the method 
of detection limit is approximately 0.1 ng L-1 based 
on 3 standard deviations of the laboratory blanks. 
All data are reviewed and validated by the Mercury 
Analytical Laboratory. The total Hg precipitation 
measurements include both inorganic and organic 
forms of Hg as well as dissolved and particulate 
fractions. At some selected sites MeHg is also 
measured separately in the precipitation samples. The 
MeHg samples contain both dissolved and particulate 
fraction and are analyzed at the same laboratory as 
the total Hg samples. The MeHg samples are analyzed 
following U.S. Environmental Protection Agency 
method 1630 and have a laboratory detection limit  
of 0.002 ng L-1.
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of atmospheric Hg (Aspmo et al., 2005; Gustin and 
Jaffe, 2010; Landis et al., 2002; Lyman et al., 2010), 
yet few researchers have identified formal procedures 
to evaluate data quality. QA of the wet deposition 
data is well documented (Prestbo and Gay, 2009). 
These QC processes include rigorous field, laboratory, 
and system blanks as well as data correction from 
standard reference materials. The following sections 
discuss comparative studies of the QC methods 
employed for atmospheric Hg data.

4.5.3.1 Quality Control of Atmospheric 
Mercury Data and Comparison

Environment Canada discussions to ensure 
uniformity and comparability across the CAMNet 
network resulted in the development of a standard 
operating procedure (SOP) (Steffen and Schroeder, 
1999). This SOP included some standardized post-
data collection QA/QC procedures, implemented 
in a computer program that automatically reviews 
the data. This Research Data Management Quality 
(RDMQTM) QC software program was developed by 
Environment Canada (McMillan et al., 2000) and 
was initially used by CAPMoN for acid rain samples. 
RDMQTM, which operates on a Statistical Analysis 
Software (SASTM) platform, was modified for TGM 
measurements. It standardizes the QA/QC process 
by applying predetermined criteria to identify 
concentration and instrument fluctuations. Once data 
are evaluated with RDMQ, they are submitted to the 
Canadian National Atmospheric Chemistry (NAtChem) 
Database, a publicly accessible database (Sukloff et 
al., 2006). RDMQ has been successfully employed by 
Environment Canada researchers to produce high-
quality long-term datasets for TGM (Kellerhals et al., 
2003; Steffen et al., 2005; Temme et al., 2007).

In response to increasing research needs, Tekran® 
developed the 1130/1135 front end units to 
differentiate among RGM, TPM, and GEM (Landis et 
al., 2002). As a result of the lack of standards for 
RGM and TPM, rigorous SOPs and data treatment are 
required to allow comparability among datasets. In 
2007, the NADP’s AMNet initiated the development of 
a similar QC software program, called AMNet Quality 
Control (AMQC), for speciated Hg measurements. 
A study comparing RDMQTM and AMQC software 

As mentioned above, existing Hg detection systems 
include a gold trap to concentrate the Hg from the 
sample stream followed by thermal desorption, 
detection, and quantification. Typical detectors 
used are CVAFS, cold vapour atomic absorption 
spectroscopy, or inductively coupled plasma 
mass spectrometers. These systems report total 
or elemental Hg concentrations but are unable to 
provide accurate concentrations of Hg-containing 
molecular species at the nano-, pico- and femtomolar 
levels. Another challenge is to separate the species 
of interest from the matrix while preserving them 
in their original chemical form. Analyte extraction is 
complex when species are separated through sample 
preparation steps rather than using instrumental 
techniques (gas or liquid chromatography). Solid-
phase microextraction has been shown to be a valid 
alternative for analysis of certain Hg species (MeHg, 
Hg2+) (Mester et al., 2000). Sample preservation and 
preparation are the most difficult steps of speciated 
Hg analysis. Therefore, there is a need for a system 
that can routinely identify and quantify the many 
different species of Hg in air and aqueous systems. 
The new systems being developed at McGill can 
provide much-needed information on Hg chemical 
speciation at environmental levels.

4.5.3 Quality Control of Mercury Data

The collection and analysis of high-quality 
environmental data is always a challenging task. 
Before the early 1990s, atmospheric Hg samples were 
collected manually (Munthe et al., 2001; Schroeder 
et al., 1995), requiring long collection times and 
producing small data sets. Since that time, most 
atmospheric Hg sampling is undertaken primarily by 
automated instruments (Tekran®) that operate with 
much shorter collection times (Ebinghaus et al., 1999; 
Landis et al., 2002). This advancement in continuous 
measurement technology has brought about a better 
understanding of Hg processes in the atmosphere 
(Gustin and Jaffe, 2010), but it produces large 
datasets (in comparison with the manual methods 
previously used) requiring significant data processing. 
Thus, the need to develop quality control (QC) and 
quality assurance (QA) treatment procedures for these 
large datasets has become apparent. Several authors 
have identified the uncertainties in the measurement 
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cartridge integrity, sample volume test, and log books 
were investigated at each site. If each of these factors 
met the audit protocol standard levels, then the site 
was deemed acceptable, and no action was taken. If 1 
or more of these factors did not meet standard levels, 
the site principal investigator was informed, and 
modifications were made to the instruments.

The results of the 2011 audit indicated that, except 
for a few minor issues, the Canadian atmospheric Hg 
measurement program is continuing to produce robust 
and scientifically defensible TGM and Hg speciation 
datasets. The few minor deficiencies identified have 
been communicated to site supervisors for correction.

4.5.3.3 Precipitation Mercury Samples 
Interlaboratory Comparison

In addition to the Hg in precipitation measurements 
collected as part of CAPMoN/MDN networks, 
measurements have also been conducted by others, 
and these data are included in this assessment. 
The Geologic Survey of Canada (GSC), Environment 
Canada’s Water Quality Monitoring and Surveillance 
(WQMS), and the University of Alberta have all reported 
data. As discussed above, all precipitation samples 
collected as part of CAPMoN/MDN are sent to the 
HAL (Frontier Global Sciences) for analysis. The other 
sites’ samples are analyzed in different laboratories, 
all of which have been associated with interlaboratory 
comparisons with HAL. The GSC follows the same 
procedures described for the CAPMoN/MDN locations, 
and data are analyzed at the University of Manitoba 
(Sanei et al., 2010). The WQMS samples are analyzed 
at Flett Research Ltd. (Winnipeg, Manitoba), which 
participates in the United States Geological Survey’s 
Precipitation Chemistry Quality Assurance Project, a 
monthly interlaboratory comparison program for Hg 
in precipitation, which includes HAL among its 10 
participating laboratories. The data from the samples 
used in the interlaboratory comparison are available at 
https://bqs.usgs.gov/precip/mdn_interlab_overview.
php. Thus, the samples analyzed at Flett Research 
Ltd. are comparable to analyses at the HAL. In 
addition to interlaboratory calibrations, WQMS, and 
CAPMoN/MDN precipitation collection, samplers 
were co-located for 17 months between April 2008 
and September 2009 at the Egbert research station. 

programs was initiated to determine the level  
of agreement in data so that the data generated  
using these 2 measurement programs can be  
used seamlessly.

An overall summary of the RDMQ and the AMQC 
protocols has been published (Steffen et al., 2012). 
The authors reported that main flagging criteria for 
each program were similar. The main differences 
were that AMQC approached this task in a centralized 
fashion, in which all data goes to a central body and is 
subjected to QC from there. The RDMQ approach was 
more site-specific, “hands on,” and labour-intensive. 
In addition, a comparison of the 2 QC techniques was 
performed on the same datasets. The final datasets 
produced from a mid-latitude site were comparable, 
and the authors recommended that either program be 
used to QC the atmospheric speciated Hg data when 
collected at these sites. When data were collected 
from a site with extreme variability and very high 
atmospheric speciation concentrations, the authors 
recommended that the RDMQ (more site-specific) 
approach was prudent.

4.5.3.2 Total Gaseous Mercury Site Audit

Another method to ensure comparability among data 
from differing locations is to conduct a site audit. 
In the spring of 2011, an audit was conducted at 
several Canadian sites measuring TGM, RGM, TPM, 
and GEM as part of the CARA Mercury Program. 
The sites included in this audit were Flin Flon, 
Manitoba; Creighton, Saskatchewan; Bratt’s Lake, 
Saskatchewan; St. Anicet, Quebec; ELA, Ontario; and 
Kejimkujik, Nova Scotia.

All audited sites use the Tekran® 2537 automated 
Hg analyzer for TGM measurements and follow 
the CAPMoN/CAMNet SOPs. Mercury speciation 
measurements that incorporate the Tekran® speciation 
system followed the AMNet SOP. The previous audit 
of atmospheric Hg sites was conducted in 2000 and 
was limited to TGM measurements. This was the first 
audit to include speciated Hg measurements. Each of 
the site audits was performed using the same auditors 
and procedures to ensure data quality and inter-site 
comparability. Factors such as site inspection, leak 
tests, sample line integrity, permeation rate check, 
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compared. However, the range of valid CAPMoN/MDN 
concentrations (2.8 to 33.5 ng L-1) indicated that  
they were similar to those reported by the University 
of Alberta sampler (2.0 to 26.8 ng L-1) over the same 
time periods. It was concluded that the University 
of Alberta and CAPMoN/MDN measurements are 
comparable.

4.6 SUMMARY AND  
KNOWLEDGE GAPS

4.6.1 Summary and Conclusions

This chapter has provided a summary of the 
atmospheric research undertaken in Canada on  
the transport, transformation, and deposition of Hg. 
A national picture of atmospheric Hg concentration, 
deposition, and modelling activities, coupled with 
8 specific case studies, demonstrates the breadth 
of work being conducted in Canada by government 
and university scientists. Both spatial and temporal 
distributions revealed significant trends of Hg in air 
and precipitation in Canada. A summary reflecting 
the significant input that Canada has had on the 

The results showed that the concentration data and 
precipitation amounts measured were well correlated 
(concentration regression coefficient = 0.92, r2 = 0.94; 
precipitation amount regression coefficient = 1.1, r2 

= 0.94), and mean values over the comparison period 
were not significantly different (CAPMoN and WQMS 
concentration mean 9.4 ng L-1 p = 0.92; precipitation 
amount CAPMoN: 17.3 mm, WQMS: 17.8 mm, p 
= 0.4). The University of Alberta ELA precipitation 
samples were analyzed at the university’s Low-
level Mercury Analytical Laboratory, which regularly 
participates in and shows good agreement during 
interlaboratory comparisons (mean difference <10%, 
n = 8 comparisons of water samples). In addition, 
a CAPMoN/MDN precipitation sampling system 
was co-located at the ELA from spring to fall 2010. 
Comparison of the precipitation volume collected by 
both samplers during this time period was similar 
(University of Alberta: 676 mm; CAPMoN/MDN: 633 
mm). However, comparisons of Hg concentration in 
precipitation were complicated by problems with 
the CAPMoN/MDN sampler, which reported that only 
11 of 24 samples measured were considered valid 
due to debris in samples, sample handling problems, 
and site operation problems. Further, the sample 
collection intervals for the systems were different; 
thus, individual measurements cannot be directly 
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GRAHM; this is likely due to uncertainties in marine 
Hg emissions and/or chemistry. Spatial patterns 
of Hg measurements and model results show the 
influence of local and regional sources and sinks. For 
example, high air concentrations of Hg species and 
higher Hg deposition are seen in the vicinity of the 
Flin Flon smelter and in the populated Great Lakes 
region. AMDE chemistry in the spring influences 
seasonal patterns in atmospheric concentrations and 
deposition over the sub-Arctic and high Arctic regions. 
Reactive gaseous Hg shows a spatial concentration 
pattern that is higher in the west and lower eastward, 
with the exception of the Arctic and ELA. In contrast, 
TPM concentrations show little spatial signature 
across Canada. Precipitation concentrations are 
consistent across the country with some higher 
areas such as Genesee, Alberta; Esther and Bratt’s 
Lake, Saskatchewan; and Dorset, Ontario. Modelling 
shows that wet deposition is fairly uniform across 
the country except for areas of high Hg deposition 
reported along the west coast and in coastal areas 
in the western Arctic and sub-Arctic. Compared with 
TGM, wet deposition amounts tend to vary more from 
year to year due to differences in precipitation, so 
observations from other years are not compared with 
this model.

Two case studies investigated the attribution of 
sources of Hg using a receptor-based approach. It was 
shown that the remote ELA site receives Hg pollution 
from a variety of natural and industrial sources. In the 
RGM/TGM data, Western Alberta was shown to reflect 
Hg signatures from coal-fired power plants; GEM 
data showed the signature of global circulation of Hg. 
Using a source-receptor approach, the GRAHM model 
evaluated how much of the Hg deposited in Canada in 
2005 originated from various regions of the globe and 
estimated approximately 115 t of Hg was deposited 
during that year. The maximum deposition was found 
in the vicinity of Hg-emitting facilities in Alberta 
and in Saskatchewan/Manitoba. The background 
deposition is highest in southern Ontario and Quebec 
due to the impact from anthropogenic emissions in 
the eastern United States. In northern and western 
Canada, the total contribution to annual deposition 
is highest from East Asian emissions and less, but 
measurable, from the United States and Europe. In 
Canada, current global anthropogenic emissions 

development of measurement techniques for 
atmospheric Hg completes this chapter.

Mercury is emitted to the atmosphere through 
natural and anthropogenic emission as well as re-
emission from previous deposition, which makes 
it challenging to fully understand the impacts of 
industrial emission reductions. Mercury undergoes 
several chemical and physical transformations in the 
air that lead to enhanced deposition. Results show 
that the atmospheric conversion of GEM to RGM and 
TPM is likely driven by the hydroxyl radical, atomic 
halogens, and halogen products. The depositional 
processes of Hg have been both modelled and 
measured; these approaches are shown to compare 
well. The dry deposition model of Hg concluded 
that GEM dominates the total dry deposition budget 
at most locations; however, when RGM and TPM 
concentrations are elevated, RGM+TPM and GEM 
are equal contributors to the total dry deposition. 
The throughfall/litterfall method to estimate dry 
deposition is described in this chapter, showing that 
this is an effective method to calculate deposition 
of Hg in forested areas. The importance of forests in 
scavenging atmospheric Hg has been described, and a 
case study showed, for example, that the maple forest 
is an important atmospheric Hg sink in Hg cycling, as 
a biological, chemical, and physical mediator. Another 
key atmospheric process discussed is the conversion 
of GEM to RGM and TPM in the high Arctic and the 
impact of this unique process on the Hg cycle in this 
region. This was a Canadian discovery made in 1995 
at Alert, Nunavut, and was fundamental in changing 
the way scientists considered the atmospheric lifetime 
of Hg.

The history of atmospheric Hg monitoring is described 
in a synthesis of all Hg data collected in Canada. 
National measurements of TGM show concentrations 
generally in the range of 1.2 to 1.9 ng m-3 over 
the past 15 years or so, similar to hemispheric 
background levels. The GRAHM model predicts TGM 
surface concentrations from 1.1 to 1.5 ng m-3 across 
the country for 2006. The model compares well with 
most measurements at the mid-latitude sites and at 
Alert for 2006. However, the Maritime sites in general 
are found to have lower concentrations than the 
interior, which is a pattern that is not predicted by 
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an increasing modelled trend of net deposition of Hg 
in the Arctic and sub-Arctic regions. These results 
are consistent with the increasing trend of Hg in 
Canadian Arctic and sub-Arctic biota seen in observed 
data. In the mid-latitudes, in regions such as Great 
Lakes region that are closer to point sources, the 
model estimated both air concentrations of GEM 
and deposition to have declined from 1990 to 2005, 
owing to the overall reduction in North American 
emissions. Both air concentrations of TGM and Hg 
concentrations in precipitation declined at most sites 
since the mid-1990s, while wet deposition trends 
were not significant over somewhat shorter time 
periods. Trends in speciated Hg were investigated, and 
some increases in measured RGM and TPM over the 
years were reported at Alert. These trends in RGM and 
TPM in the high Arctic could help explain the increase 
in the modelled deposition results. The ELA and St. 
Anicet showed no significant trends in RGM (due to 
the low concentrations), but reported some trends  
in TGM.

Overall, the observed decline in TGM concentrations 
across Canada is in contrast to emission estimates 
for the past 15 years that suggest that global 
anthropogenic Hg emissions have increased. If 
these emission budgets are accurate, then either 
natural emissions have decreased or there has been 
increased deposition of Hg, either globally or near 
emission sources. A unique latitudinal comparison 
showed that the decreasing trend in GEM in the high 
Arctic is significantly less than the trends reported 
in temperate regions. This notable difference 
suggests that atmospheric Hg in the Arctic may be 
experiencing different long-term changes than in 
other regions. Further, trend analysis showed that TGM 
concentrations appear to have decreased at a faster 
rate after the year 2000, suggesting that more recent 
changes in emissions or atmospheric make-up are 
affecting the trends.

Some of the most significant advances in atmospheric 
Hg research in the past decade are a direct result 
of the development of measurement methodologies 
within Canadian research. Instrumentation to collect 
atmospheric Hg, standard procedures to employ the 
technology, and data management standards have 
been developed in Canada over the past decade 

contribute to approximately 40% of total deposition. 
The remaining 60% of deposition originates from 
other global terrestrial (approximately 35%) and 
oceanic (approximately 25%) sources. Over 95% 
of the anthropogenic deposition of Hg in Canada 
results from foreign anthropogenic sources. The East 
Asian, United States, European, and South Asian 
contributions are approximately 40%, 17%, 8%, and 
6%, respectively. The most significant contribution to 
Canadian Hg emissions was investigated in a case 
study from Flin Flon, Manitoba. The results from 
this study show that, after the smelter was closed, 
emissions of TGM decreased but local concentrations 
mainly remained well above background levels for the 
northern hemisphere. Another case study investigated 
how Hg partitions within the plume emitted from a 
smoke stack at the Nanticoke coal-fired power plant. 
Significant in-plume dilution of Hg was reported, in 
comparison with in-stack dilution; it was concluded 
that measurement of stack emissions is not the best 
indicator of deposition of Hg to the nearby area.

Spatial and temporal trends showed seasonal patterns 
for fewer than half the locations, with a maximum 
TGM concentration in the late winter/early spring, 
likely resulting from spring melt and increased solar 
radiation. The remainder of the sites showed different 
seasonal patterns. Alert showed a unique seasonal 
signature, with a minimum during spring, reflecting 
atmospheric chemistry, and a maximum during 
summer, which is yet to be fully understood. The most 
comprehensive long-term trends in atmospheric Hg 
in Canada were evaluated for all Hg species and wet 
deposition. Decreasing trends of TGM were shown 
for all sites (with sufficient data) to range between 
0.7 and 3.3% yr-1, consistent with other decreases 
reported in the northern hemisphere but in contrast 
to global anthropogenic emission trends. Modelled 
trends indicated that GEM in the Arctic decreased 
by 10–12% between 1990 and 2000 in response to 
changes in meteorological factors and anthropogenic 
emissions. A decrease in Hg emissions from the 
snowpack, due to changes in the snow cover and 
depth, was found to be the primary meteorological 
factor in the decline in GEM concentrations in the 
Arctic. On the other hand, the combination of reduced 
emissions from snow and increases in wet deposition 
(due to increasing trend in precipitation) results in 
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to observation networks in order to provide a  
clear picture of local and regional cycling of Hg and  
to improve deposition calculations in the model.  
The lack of knowledge of the fate of deposited Hg  
in the soils, lakes, and forests limits our current  
ability to model the impact of changes in retention  
and re-emission and, therefore, the atmospheric  
Hg burden.

While considerable advancements in understanding 
Arctic atmospheric processes have been made, 
the rapid climate change in this region warrants 
immediate action to fully address the gaps in 
information. These gaps include developing 
better methods to determine source regions of 
Hg; assessing the process impacts of changing 
temperature and sea ice conditions on Hg cycling; 
understanding atmospheric distribution and its 
impact on deposition; and adding sites for long-term 
measurement, especially in areas of planned  
resource development.

Sufficient long-term measurements of Hg and  
study of source attribution of atmospheric Hg are 
lacking in Canada. There are few studies investigating 
the impacts of emissions in areas of current or 
growing industries (e.g., the Great Lakes region 
and the oil sands development area). Although the 
Flin Flon smelter was closed, we found that Hg 
emissions to the air remain well above those in other 
regions in Canada. Research on future impacts of 
current and past industries is warranted in order 
to develop emission control regulations. As well, 
isotopic signatures of Hg have been used extensively 
in the ELA to understand Hg movement though the 
ecosystem, and this technology needs to be developed 
further to apply to source attribution of atmospheric 
Hg.

Emission/re-emission of Hg to the air from surfaces 
is poorly understood on a national scale and is 
highly dependent on climate. Increased emphasis 
on flux measurements and processes is needed to 
understand the contribution of Hg resulting from 
emission and re-emission in Canada.

Mercury modelling has significantly improved 
recently, but there is indeed additional room for 

and are now used globally. A method to identify and 
quantify atmospheric Hg species is being developed 
but is not yet available.

This chapter synthesizes the scientific research on 
atmospheric Hg conducted within Canada and reports 
a national picture of research undertaken in the past 
20 years.

4.6.2 Knowledge Gaps

There are many spatial and temporal gaps in 
measurement data (including TGM as well as 
speciated atmospheric Hg measurements) that limit 
our ability to fully construct a national picture of 
atmospheric Hg in Canada. The diversity in Hg levels 
across Canada and within seasons is apparent in this 
assessment. To be able to assess temporal trends 
of Hg in Canada and properly reflect the impacts of 
regulatory changes, a commitment to continuing and 
improving our long-term measurements is needed. 
While levels of TGM have declined in the past several 
years, levels of RGM and TPM have not (due to 
pollution-contributing processes); thus, it is important 
that considerable attention be paid to the long-term 
trends in atmospheric Hg speciation.

Despite recent advances in understanding the 
photochemistry, thermodynamics, and kinetics of Hg 
compounds, there remain limited data on the identity 
of atmospheric Hg species and their reactions on a 
molecular scale. This lack of information precludes 
definitive conclusions on Hg cycling and limits our 
ability to predict future impacts and changes to 
emissions and climate with any great certainty.

While wet deposition of Hg from the atmosphere is 
reasonably well understood, dry deposition remains 
uncertain. A large part of this uncertainty results 
from the lack of chemical identification of RGM 
and TPM. New methods to directly measure dry 
deposition are needed, and increased emphasis 
on elucidating Hg species in the air is warranted. 
Deeper understanding of wet deposition processes 
in the Arctic is crucial because deposition rates are 
predicted to be significantly increasing in this region. 
Speciated Hg observations must continue to be added 
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improvement in providing information to expand 
and validate our national model. Specifically, Hg 
emissions, particularly natural emissions and  
re-emissions, and their speciation are a significant 
knowledge gap. Further information about Hg 
chemical mechanisms and kinetics would advance 
the capability of the global model and increase 
predictive capabilities. There is a need to improve 
measurement techniques for atmospheric Hg and, 
most importantly, to develop a system that can 
routinely identify and quantify the many different 
species of Hg in air and water systems.

Over 95% of the anthropogenic deposition of Hg in 
Canada results from foreign anthropogenic sources. 
Canada recently signed the Minimata Convention 
on Mercury to reduce Hg globally (October 2013), 
developed by the United Nations Environment 
Programme. Canada is not a large anthropogenic Hg 
emitter and can develop emission control strategies 
and policies within its borders to reduce local impacts 
on the environment. However, the only way to control 
Hg coming into our country is to continue to improve 
our monitoring of and research on Hg in order to 
be able to hold other countries accountable for Hg 
contamination in Canada.
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Canadian landscape (Figure 5.1). The majority of small 
catchment studies examining Hg-related processes 
in vegetation, soil, and runoff have been located in 
the Boreal Shield ecozone at major research centres; 
for example, the Experimental Lakes Area (ELA) in 
northwestern Ontario and the Dorset Environmental 
Science Centre in south-central Ontario. Several other 
process-based studies, including those examining 
the effects of wildfire on Hg retention and release, 
have taken place in the Boreal Plains, Mixedwood 
Plains, Atlantic Maritime, Montane Cordillera, and 
Northern Arctic ecozones. Studies that have focused 
on snowpack processes have been carried out in the 
Taiga Shield ecozone along the shores of Hudson Bay, 
the Boreal Shield, and the Northern Arctic. Larger-
scale studies that have measured Hg export from 
large Canadian rivers effectively transcend multiple 
ecozones; for example, the Churchill River, with a 
catchment across the Hudson Plains, Taiga Shield, 
Boreal Shield, and Boreal Plains ecozones.

5.1 INTRODUCTION
The transport, transformation, and fate of mercury 
(Hg) in terrestrial upland and wetland ecosystems play 
important roles in determining the amount of highly 
toxic bioavailable methylmercury (MeHg) delivered to 
lakes and rivers. Terrestrial vegetation regulates the 
delivery of Hg to the ground surface, and soils retain a 
large proportion of historically deposited Hg, delaying 
the export of inorganic Hg to downstream aquatic 
ecosystems. Wetland ecosystems, on the other hand, 
are often important sources of MeHg because of their 
typically saturated and anaerobic soil conditions, 
which promote the microbial methylation of Hg.

In Canada, Hg in terrestrial upland and wetland 
ecosystems has been studied at a variety of scales, 
from processes in small headwater catchments to 
yields from some of the largest rivers in the world. 
Mercury-focused field studies have been carried out in 
many of the 15 terrestrial ecozones that make up the 

FIGURE 5.1  Map of the ecozones of Canada with the locations of the terrestrial studies discussed in this chapter 
overlaid (ecozone data modified from GeoGratis portal, 2012, Natural Resources Canada. Available: http://geogratis.
cgdi.gc.ca/geogratis/Home?lang=en).



234

Canadian Mercury Science Assessment – Chapter 5

its transport, transformation, and fate. Figure 5.2 
also shows processes discussed in other chapters. 
Mercury enters watersheds primarily as divalent 
inorganic Hg (Hg2+), mainly via atmospheric deposition 
(see Chapter 4), to a much lesser extent via geological 
weathering (see Chapter 3), and rarely via isolated 
point source inputs. MeHg is also deposited from the 
atmosphere, although this flux tends to be a relatively 
small fraction of total Hg deposition. Divalent mercury 
(Hg2+) deposited to watersheds can have several fates: 
(1) reduction to elemental Hg (Hg0) and subsequent 
re-emission to the atmosphere; (2) short- or long-term 
retention or permanent sequestration in watershed 
compartment pools, such as vegetation, shallow 
organic soils, and deep mineral soils; and (3) transport 
via subsurface and surface runoff and erosion to 
downstream water bodies. These processes all affect 
the magnitude and timing of Hg2+ delivery to sites of 
microbial methylation in watersheds; for example, 
in wetland soils, stream beds, and lake sediments 
and anoxic hypolimnia. Ultimately, the amount of 
MeHg available for uptake by biota and humans is 
determined by the relations between the amount of 
Hg2+ in the biosphere, the location and capacity of 
methylation processes that produce MeHg, and the 
hydrological processes that deliver MeHg to rivers  
and lakes.

The goal of this chapter is to describe the current 
state of knowledge of the transport, transformation, 
and fate of Hg in undisturbed terrestrial ecosystems 
in Canada. While the focus of this report is on results 
from Canadian studies, we present the material in a 
global context by making comparisons to results from 
similar sites outside of Canada.

5.2 FOLLOWING A MOLECULE  
OF MERCURY
This chapter is organized to allow the reader to 
follow a molecule of Hg through a typical Canadian 
watershed, from deposition to the points where it 
is methylated and/or exported to lakes and oceans. 
While every attempt has been made to provide a 
holistic picture of Hg cycling in terrestrial upland 
and wetland ecosystems, we draw the reader’s 
attention to the preceding chapters on background 
fluxes of Hg from soils (Chapter 3) and atmospheric 
processes (Chapter 4), as well as to the following 
chapters on freshwater aquatic processes (Chapter 
6) and marine ecosystems (Chapter 7), which 
contain complementary information. Figure 5.2 
summarizes the movement of Hg through the 
terrestrial environment and the processes that affect 

DEFINITIONS

Equilibrium: Equilibrium occurs when inputs of a chemical to a system are equal to outputs from the 
system, resulting in no net change in the size of pools of the chemical in ecosystem compartments. For 
example, soil Hg concentrations that are at equilibrium maintain the same vertical pattern in the soil profile 
over time (i.e., the input load from litter, wet deposition, and dry deposition have balanced the output load 
from leaching, runoff, and erosion).

Concentration: Mass of Hg per unit mass of soil or mass of Hg per unit volume of water

Load: Mass per unit time, same as Export and Flux (concentration × discharge)

Pool: Mass per unit area, same as Areal Mass

Yield: Mass per unit area per unit time
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Hg in, and re-emission from, terrestrial ecosystem 
compartments, and (2) THg and MeHg concentrations 
(net result of deposition, uptake, re-emission. and loss 
processes) in Canadian terrestrial forest canopies and 
ground vegetation.

5.3.2 The Mercury Experiment to Assess 
Atmospheric Loading in Canada and the 
United States

Terrestrial pools of Hg represent the net accumulation 
of Hg over long periods of time from both geogenic 
and atmospheric sources. As a result, the stores of 
Hg in upland vegetation and soils greatly exceed 
the quantity of Hg deposited annually to landscapes. 
These pools of Hg can then act as Hg sources, 
independently of current Hg deposition, to aquatic 
systems. In fact, many lakes receive a significant 
portion of their annual Hg input in runoff from upland 
areas (Harris et al., 2007). Numerous mass balance 
studies have determined that upland regions of 
watersheds are overall sinks for atmospheric Hg 
(Johansson et al., 1991; Munthe and Hultberg, 2004). 
However, these studies have provided little information 

5.3 TERRESTRIAL VEGETATION

5.3.1 Introduction

Forest canopies and ground vegetation play an 
important role in depositing and re-emitting Hg to 
and from the atmosphere and terrestrial ecosystems. 
Several important aspects of this interaction are 
presented elsewhere in this assessment. For example, 
Chapter 4: Atmospheric Processes, Transport, Levels, 
and Trends (Section 4.2.2: Depositional Processes) 
presents a discussion of the sources of Hg in plant 
tissues and the nature of terrestrial foliage as dynamic 
exchange surfaces. Chapter 4 also presents an 
extensive discussion of wet and dry Hg deposition 
processes and rates of total mercury (THg) and MeHg 
deposition in precipitation that passes through the 
forest canopy (throughfall) and senescent vegetation 
(litterfall) at Canadian sites. In contrast, this section of 
this chapter focuses on post-depositional processes 
relating to Hg and terrestrial vegetation, including (1) 
kinetic data derived from novel Canadian experiments 
to determine whole-ecosystem stable Hg isotope 
loading, which are used to examine retention of 

FIGURE 5.2  Schematic of major transformations, processes, and pathways in the Hg cycle for Canadian terrestrial 
environments. Sections of this chapter and others where these are discussed are noted in parentheses beneath 
each label.
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FIGURE 5.3  Schematic shows the basic design of the 
Mercury Experiment to Assess Atmospheric Loading in 
Canada and the United States (METAALICUS).

FIGURE 5.4  Aerial view of the upland, wetland, and 
lake to which different stable isotopes of Hg were 
added during the Mercury Experiment to Assess 
Atmospheric Loading in Canada and the United States 
(Lake 658 at the Experimental Lakes Area, 
northwestern Ontario, Canada).

about the mobility of Hg2+ from individual deposition 
events, or the residence times of newly deposited 
Hg2+ in different watershed compartments, because 
it was analytically impossible to distinguish newly 
deposited Hg from the older Hg historically deposited 
to landscapes. Novel “loading” experiments with 
stable Hg isotopes have allowed researchers to trace 
the movement and biogeochemical transformations of 
newly deposited Hg within ecosystems (Graydon et al., 
2006; Harris et al., 2007; Hintelmann et al., 2002).

The most comprehensive of these experiments was 
the Mercury Experiment to Assess Atmospheric 
Loading in Canada and the U.S. (METAALICUS) 
conducted at the ELA in northwestern Ontario. This 
study combined a whole-ecosystem experimental 
approach with the use of enriched stable Hg isotope 
“spikes” to investigate the magnitude and timing 
of the response of MeHg concentrations in fish to 
changes in atmospheric Hg2+ loadings. Between 2001 
and 2006, upland and wetland portions of the Lake 
658 watershed were sprayed annually with enriched 
200Hg2+ (upland) and 198Hg2+ (wetland) spike solutions. 
Upland and wetland spikes were applied with a crop-
duster aircraft, immediately before or during natural 
rain events. The lake itself was spiked from a boat 
after sunset with enriched 202Hg2+ in the propeller 
wash of an electric motor. The overall target spike 
application rate to all 3 areas was 22 mg m-2 yr-1, 
approximately 6 times the long-term (1992–2006) 
average for open area wet deposition to the area of 
3.6 mg m-2 yr-1 (Graydon et al., 2008). In the Lake 658 
uplands, the average application rate was 18.5 mg m-2 
(Sandilands et al., 2008).

Different watershed compartments were loaded with 
different enriched isotopic spikes (Figures 5.3 and 
5.4) to determine the residence time of Hg within 
watershed vegetation and soils, as well as specific 
sites and relative rates of redox and methylation 
processes and fluxes of Hg between different 
watershed compartments (Sandilands et al., 2005). 
Throughout this chapter, experimentally added 
isotopic Hg is referred to as “spike Hg,” whereas all 
other Hg is termed “ambient Hg.”
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pathways and processes. One such process is the 
photoreduction of Hg2+ and MeHg to Hg0, which can 
then be emitted to the atmosphere. Using dynamic 
flux chamber methods, emissions of applied spike 
Hg2+ and MeHg as Hg0 have been observed in both 
ecosystem- and smaller-scale experiments. Within the 
METAALICUS watershed, spike Hg2+ retained in upland 
canopy foliage was emitted from the foliage as Hg0 
(Graydon et al., 2006). The driver of Hg photoreduction 
and emission processes was believed to be UVA and/
or visible wavelengths, as the observed fluxes from 
foliage were lowest in dark chambers and during use 
of films that removed ultraviolet (UV)-A wavelengths. 
Mowat et al. (2011) observed demethylation and 
subsequent volatilization of 199Hg0 when Me199Hg was 
applied to canopy foliage in simulated precipitation. 
These authors also observed greater 199Hg0 emission 
from conifer needles than from deciduous foliage.

Differences in the thickness of the waxy cuticle or 
microenvironments on foliar surfaces between species 
may affect Hg2+ and MeHg binding. Additionally, 
foliage structure may affect the amount of direct light 
received by foliar surfaces. For example, the complex 
and densely packed needle structure of coniferous 
trees provide more shade from direct UV radiation. 
However, measured spike Hg0 emission rates alone 
could not account for the rapid decrease in or the final 
observed foliar spike of Hg2+ concentrations in the 
METAALICUS watershed, suggesting that processes 
other than photoreduction and re-emission remove 
Hg from foliage. For example, as precipitation and 
wind pass through forest canopies, washing and 
mechanical weathering also removes some portion 
of the previously wet- or dry-deposited Hg2+ or MeHg 
bound to foliar surfaces, some of which contributes 
to throughfall (water that passes through the forest 
canopy) deposition of these Hg species.

Mass balance calculations on the forest canopy 
of the METAALICUS watershed indicated that the 
largest percentage loss of spike Hg from the canopy 
in any given year was from photoreduction and re-
emission to the atmosphere (upland: 45%; wetland: 
71%), followed by litterfall (upland: 14 %; wetland: 
10%), and throughfall fluxes (upland: 12%; wetland: 
9%) and longer-term retention of spike in the forest 
canopy (11% for both upland and wetland) (Figure 5.6) 
(Graydon et al., 2012).

5.3.2.1 Canopy Vegetation

Vegetation acts as a conduit for Hg to travel from the 
atmosphere to watersheds. Trees and the ground 
vegetation below them are the first watershed 
compartments to come in contact with Hg in air and 
from precipitation. Terrestrial vegetation is comprised 
of organic matter, which has the capacity to retain 
deposited Hg over variable timeframes, delaying the 
delivery of Hg to adjacent aquatic systems via runoff. 
These retention times have significant implications 
for the effectiveness of reductions in industrial Hg 
emissions, as they affect the size and timeframes of 
resulting reductions in fish Hg concentrations.

New Canadian studies conducted at the whole-
ecosystem scale using stable Hg isotopes have yielded 
kinetic data that are helping to constrain estimates 
of Hg retention times in terrestrial ecosystem 
compartments. For example, half-lives (t1/2; the time 
required for the original concentration to decline by 
half) of spike Hg2+ in conifer and deciduous canopies 
within the METAALICUS watershed averaged (mean ± 
SD) 180 ± 40 days and 110 ± 30 days, respectively 
(Table 5.1). The shorter half-life of Hg in deciduous 
foliage is due to the annual autumn senescence and 
drop of all deciduous foliage. In contrast, coniferous 
needles drop asynchronously after lifespans of several 
years in some species. Smaller-scale individual tree-
spraying experiments using spike Me199Hg and 198Hg2+ 
have shown that a portion of MeHg wet-deposited 
to forest canopies was also retained on foliage for a 
period of time (average t1/2 on spruce and jack pine 
foliage of 204 ± 66 and 187 ± 101 days, respectively; 
Table 5.1) (Mowat et al., 2011). These experiments 
also showed faster declines in foliar Me199Hg and 
198Hg2+ concentrations on deciduous (birch) than on 
coniferous (jack pine and spruce) foliage (Figure 5.5). 
Loss of Hg2+ and MeHg from canopy foliage during 
winter was low or even negligible, likely because of 
(1) lower solar radiation incident on foliage (from both 
lower sun angles and snow cover), resulting in lower 
photoreduction rates of these Hg species (Grigal, 
2002); and (2) low temperatures that likely reduce 
chemical transformations of MeHg or Hg2+ on and 
within plant tissue.

Wet- or dry-deposited Hg2+ or MeHg, initially bound 
to canopy foliage, can be removed by several 
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FIGURE 5.5  Retention of Me199Hg and 198Hg2+ on spruce, jack pine, and birch foliage following a 2006 spraying 
event. Data points are ln of the ratio of initial post-spray Hg spike concentration remaining on foliage at the time of 
sampling (mean ± SD) (modified from Mowat et al., 2011).

TABLE 5.1  Decline rate constants (k) and half-lives (t1/2) of spike methylmercury (MeHg) and inorganic mercury (Hg2+) 
on foliage of tree species and ground vegetation based on long-term monitoring following simulated wet-deposition 
events with stable isotopes of mercury

Tree species/
vegetation type

Length of  
experiment, days

k, day-1 t1/2, days, mean 
± SD

Reference

MeHg
Jack pine 295 0.0037 187 ± 101 Mowat et al., 2011

Spruce sp. 295 0.0034 204 ± 66 Mowat et al., 2011

Hg2+

Jack pine 295 0.0046 151 ± 75 Mowat et al., 2011

Spruce sp. 295 0.0043 161 ± 49 Mowat et al., 2011

Conifers 700 0.0039 180 ± 40 Graydon et al., 2012

Deciduous trees 700 0.0063 110 ± 30 Graydon et al., 2012

Ground vegetation 700 0.0008 890 ± 620 Graydon et al., 2012

Blueberry 3000 0.0010 745 ± 224 Graydon et al., 2009

Lichen 3000 0.0011 676 ± 171 Graydon et al., 2009

Moss 3000 0.0009 698 ± 70 Graydon et al., 2009
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Elevated photoreduction and turbulence in the forest 
canopy likely drove the greater losses of spike Hg 
there than from the shaded and sheltered ground 
vegetation. Ground vegetation may also have higher 
leaf area indices and lower average foliage turnover 
rates (e.g., in lichen and moss mats on the forest 
floor) than forest canopies, both of which would lead 
to more efficient scavenging and retention of spike 
Hg by ground vegetation following rain events. For 
these reasons, as well as the fact that Hg is constantly 
being added to the forest floor in throughfall and 
litterfall, the concentrations of spike Hg increased in 
ground vegetation over the course of the METAALICUS 
experiment (Figure 5.7), in sharp contrast to spike Hg 
in the forest canopy, most which was lost annually, as 
described above.

5.3.2.2 Ground Vegetation

The average t1/2 of spike Hg on METAALICUS 
watershed ground vegetation was 890 days (range  
of 740–1120 days or ~2–3 yr) which was more than 
4 times the average t1/2 of spike Hg on coniferous 
(180 ± 40 days) and deciduous (110 ± 30 days) 
canopy vegetation (Table 5.1). The average t1/2 of 
spike measured on METAALICUS ground vegetation 
was similar to the average t1/2 calculated for 4 
Hg spikes applied to ground vegetation during a 
METAALICUS pilot study carried out within a nearby 
micro-catchment (U1F) at the ELA between 1999 
and 2002 (704 ± 52 days; Table 5.1) (Graydon et al., 
2009).

FIGURE 5.6  Proportion of the total upland (top) and wetland (bottom) canopy spike Hg pools initially present in 
forest canopies after annual spray events accounted for by re-emission, throughfall and litterfall fluxes, and retention 
until the following year, from the Mercury Experiment to Assess Atmospheric Loading in Canada and the United 
States, Lake 658 (Graydon et al., 2012).
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(Moore et al., 1995). Studies also suggest that plants 
of lower stature generally tend to have greater 
concentrations of Hg than higher-stature trees at the 
same location (Rasmussen, 1995). Mercury content 
of leaves/needles of many tree species has also been 
shown to increase over the course of the growing 
season (Barghigiani et al., 1991; Bombosch, 1983; 
Fleck et al., 1999; Graydon et al., 2009b; Rasmussen, 
1995; Rasmussen et al., 1991; Wyttenback and Tobler, 
1988). For example, Rasmussen (1995) found that 
the concentrations of THg in southern Ontario balsam 
fir and white spruce needles more than doubled 
within each growing season. While Rasmussen et al. 
(1991) found that height above ground did not have 
a significant effect on needle Hg concentrations, 
Graydon et al. (2009) observed significantly higher 
concentrations of THg in needles of both black spruce 
and jack pine collected at a height of 1 m than at 
3 m. The trend of higher foliage having lower THg 
concentrations may result from exposure to lower 

5.3.3 Concentrations of Ambient Total 
Mercury and Methylmercury in Canadian 
Terrestrial Vegetation

Ambient Hg in the foliage of terrestrial plants is 
derived primarily from the atmosphere and represents 
the net result of all the deposition/uptake and 
re-emission/loss processes that occur on and in 
foliar surfaces. Mercury concentration in terrestrial 
vegetation depends on plant species and tissue type 
(Moore et al., 1995). When terrestrial plants are placed 
in ecological groupings, they show the following trend 
in Hg concentrations (Table 5.2):

grasses and herbs < tree and shrub leaves < aquatic 
macrophytes < Sphagnum mosses < lichens< fungi

Mercury concentrations tend to be higher in non-
vascular than in vascular plants and increase with 
proximity of the plant’s habitat to the water table 

FIGURE 5.7  Modelled pools of upland (top) and wetland (bottom) spike Hg in canopy vegetation (left) and ground 
vegetation (right) within the watershed in the Mercury Experiment to Assess Atmospheric Loading in Canada and the 
United States. Grey bars indicate spike Hg mass due to the current-year application, whereas black bars indicate 
spike Hg remaining within the canopy from previous applications (Graydon et al., 2012).
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and weathered leaf tissues, as observed in the 
METAALICUS study. Consequently, the concentration 
of Hg in throughfall is often significantly higher than 
that in open area wet deposition (see Chapter 4). 
Precipitation falling on the tops of trees in forested 
areas therefore has a lower concentration of Hg2+ 
than foliage closer to the ground. Treetops are 
also exposed to more direct UV radiation (required 
for photoreduction of Hg2+ to Hg0 and subsequent 
volatilization to the atmosphere) than foliage lower in 
the shaded canopy.

atmospheric Hg0 near the top of the canopy than near 
the forest floor. For example, gradients of decreasing 
Hg0 with height within and above the forest canopy, 
presumably due to high soil Hg0 emissions, were 
measured in the Walker Branch watershed (Oak 
Ridge, Tennessee) (Lindberg et al., 1992). However, 
a gradient in recycled Hg0 concentration above the 
forest floor is not the only possible explanation for 
observed differences in THg concentrations across 
height gradients. As precipitation moves through 
the canopy, it washes Hg2+ from foliar surfaces 

TABLE 5.2  Total mercury concentrations in terrestrial vegetation in Canada

Species Tissue
Location/

region
n THg, ng g-1 

± SD
MeHg, ng 
g-1 ± SD

Reference

Trees and large shrubs

Tree and shrub Leaves and 
needles

Northwestern Ontario
 (ELA) 9 14.2 ± 6.1 0.13 ± 0.06 Moore et al., 1995

Balsam fir
(Abies balsamea) NR Southern Ontario

(Huntsville) 125 14.13 ± 3.22 NR Rasmussen et al., 1991

Balsam fir
(Abies balsamea) Boughs Northwestern Ontario

(ELA) 165 20 ± 10 NR Graydon et al., 2012

Fir
(Abies spp.) Bole Northwestern Ontario

(ELA) 3.62 0.23 Hall and St. Louis 2004

White spruce
(Picea glauca) NR Southern Ontario

(Huntsville) 55 13.87 ± 7.18 NR Rasmussen et al., 1991

Black spruce
(Picea mariana) Boughs Northwestern Ontario

(ELA) 103 17 ± 7 NR Graydon et al., 2009

Black spruce
(Picea mariana) Boughs Northwestern Ontario

(ELA) 110 19 ± 8 NR Graydon et al., 2012

Black spruce
(Picea mariana) Bole Northwestern and 

Southern Quebec
13 – 37 
(range) NR Zhang et al 1995

Jack pine
(Pinus banksiana) Needles Northwestern Ontario

(ELA) 14.07 0.09 Hall and St. Louis 2004

Jack pine
(Pinus banksiana) Boughs Northwestern Ontario

(ELA) 98 12 ± 5 NR Graydon et al., 2009

Jack pine
(Pinus banksiana) Boughs Northwestern Ontario

(ELA) 140 13 ± 5 NR Graydon et al., 2012

Tamarack
(Larix Laricina) NR Southern Ontario

(Huntsville) 11 10.37 ± 9.02 NR Rasmussen et al., 1991

Birch
(Betula papyrifera) Leaves Northwestern Ontario

(ELA) 7.13 0.16 Hall and St. Louis 2004

Birch
(Betula papyrifera) Boughs Northwestern Ontario

(ELA) 37 8 ± 2 NR Graydon et al., 2012

Sugar maple
(Acer saccharum 
Marsh)

NR Southern Ontario
(Huntsville) 95 9.47 ± 2.85 NR Rasmussen et al., 1991

Red maple
(Acer rubrum) NR Southern Ontario

(Huntsville) 23 7.40 ± 2.70 NR Rasmussen et al., 1991

Red maple
(Acer rubrum) Boughs Northwestern Ontario

(ELA) 23 9 ± 5 NR Graydon et al., 2012

Mountain maple
(Acer spicatum) Boughs Northwestern Ontario

(ELA) 23 7 ± 4 NR Graydon et al., 2012

Pin cherry
(Prunus pensylvanica) Boughs Northwestern Ontario

 (ELA) 20 4 ± 2 NR Graydon et al., 2012

Alder (Alnus crispa) Leaves Northwestern Ontario
(ELA) 12.84 0.02 Hall and St. Louis 2004

Alder (Alnus sp.) Boughs Northwestern Ontario
 (ELA) 17 10 ± 7 NR Graydon et al., 2012
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TABLE 5.2  Continued

Species Tissue
Location/

region
n THg, ng g-1 

± SD
MeHg, ng 
g-1 ± SD

Reference

Small shrubs and herbs
Upland ground 
vegetation

Mixed species/ 
above ground

Northwestern Ontario
(ELA) 96 83 ± 34 NR Graydon et al., 2009

Upland ground 
vegetation

Mixed species/ 
above ground

Northwestern Ontario
(ELA) 427 86 ± 34 NR Graydon et al., 2012

Blueberry
(Vaccinium spp.) Leaves Northwestern Ontario

(ELA) 5.75 0.19 Hall and St. Louis 2004

Bunchberry (Cornus 
canadensis) Plants Northwestern Ontario

 (ELA) 9.77 0.30 Hall and St. Louis 2004

Labrador tea (Ledum 
groenlandicum) Leaves Northwestern Ontario

(ELA) 27.13 0.45 Hall and St. Louis 2004

Club mosses NR Southern Ontario
(Huntsville) 16 79.81 ± 52.69 NR Rasmussen et al., 1991

Sedges/macrophytes NR Northwestern Ontario
 (ELA) 4 10.2 ± 6.8 1.99 ± 3.01 Moore et al., 1995

Wetland ground 
vegetation

Mixed species/ 
above ground

Northwestern Ontario
(ELA) 54 47 ± 12 NR Graydon et al., 2012

Mosses

Pleurocarpous mosses NR Southern Ontario
(Huntsville) 8 75.32 ± 25.13 NR Rasmussen et al., 1991

Acrocarpous mosses NR Southern Ontario
(Huntsville) 18 29.63 ± 13.86 NR Rasmussen et al., 1991

Feather mosses NR Northwestern Ontario
(ELA) 5 80.3 ± 49.5 38.65 ± 

58.32 Moore et al., 1995

Pleurozium spp. NR Northwestern Ontario
(ELA) 64.64 1.43 Hall and St. Louis 2004

Pleurozium schreberi NR New Brunswick 25 267 ± 54 NR Nasr and Arp, 2011

Ptilium crista-
castrensis NR New Brunswick 46 79 ± 28 NR Nasr and Arp, 2011

Polytrichum spp. NR Northwestern Ontario
(ELA) 93.85 0.40 Hall and St. Louis 2004

Polytrichum 
juniperinum NR New Brunswick 28 185 ± 37 NR Nasr and Arp, 2011

Sphagnum spp. Hummock Northwestern Ontario
(ELA) 2 36.3 ± 10.7 0.45 ± 0.35 Moore et al., 1995

Sphagnum spp. NR Northwestern Ontario
(ELA) 52.57 0.55 Hall and St. Louis 2004

Sphagnum sp. NR New Brunswick 71 152 ± 27 NR Nasr and Arp, 2011

Lichens

Lichens NR Southern Ontario
(Huntsville) 9 37.03 ± 13.14 NR Rasmussen et al., 1991

Lichens NR Northwestern Ontario
(ELA) 2 31.9 ± 21.1 6.13 ± 8.31 Moore et al., 1995

Cladina spp. NR Northwestern Ontario
(ELA) 33.17 0.56 Hall and St. Louis 2004
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retention of Hg in snowpacks. Mercury release in 
snowmelt is discussed in detail in section 5.8.2.

5.4.1 Transformation and Re-emission of 
Elemental Mercury from Snowpacks

Regardless of location, redox reactions control 
the fate of Hg deposited on and the amount of Hg 
remaining in snow packs during snowmelt; this Hg 
is ultimately delivered to soils and water bodies. The 
photoreduction of Hg2+ to gaseous Hg0 is an especially 
important process in snowpacks because the resulting 
increase in Hg0 concentration at the air-snow interface 
promotes its volatilization to the atmosphere (Amyot 
et al., 2004; Lalonde et al., 2002). The reverse photo-
oxidation of Hg0 to Hg2+ may hamper this release of 
Hg to the atmosphere (Lalonde et al., 2002); however, 
this oxidation reaction is considered less important 

5.4 MERCURY CYCLING IN 
SNOWPACKS
Snowpacks are important temporary pools of Hg on 
most Canadian landscapes in the winter (Steffen et al., 
2008). Since the discovery of atmospheric mercury 
depletion events (AMDEs) in the 1990s (Schroeder 
et al., 1998), a considerable amount of research 
has focused on Hg in the Arctic cryosphere (see 
Chapter 4, Arctic specific processes/depletion events) 
because snow and ice are the immediate receptors 
of atmospheric Hg. Additional research on Hg cycling 
in snowpacks, including re-emission, retention, 
transformation, and release in snowmelt, has been 
carried out in the Arctic, sub-Arctic, and at more 
temperate, southerly latitudes (Lalonde et al., 2003, 
2002; Poulain et al., 2007b).This section focuses 
specifically on the transformation, re-emission, and 

TABLE 5.2  Continued

Species Tissue
Location/

region
n THg, ng g-1 

± SD
MeHg, ng 
g-1 ± SD

Reference

Fungi

Mushrooms NR Southern Ontario
(Huntsville) 4 144.39 ± 

79.56 NR Rasmussen et al., 1991

Amanita NR New Brunswick 84 712 ± 783 NR Nasr and Arp, 2011

Bankera NR New Brunswick 44 1761 ± 853 NR Nasr and Arp, 2011

Boletus NR New Brunswick 23 2836 ± 1653 NR Nasr and Arp, 2011

Cantharellus NR New Brunswick 30 74 ± 66 NR Nasr and Arp, 2011

Cortinarius NR New Brunswick 192 1336 ± 1201 NR Nasr and Arp, 2011

Craterellus NR New Brunswick 9 133 ± 53 NR Nasr and Arp, 2011

Hydnum NR New Brunswick 28 249 ± 121 NR Nasr and Arp, 2011

Lactarius NR New Brunswick 71 482 ± 443 NR Nasr and Arp, 2011

Leccinum NR New Brunswick 66 399 ± 489 NR Nasr and Arp, 2011

Russula NR New Brunswick 92 242 ± 406 NR Nasr and Arp, 2011

Suillus NR New Brunswick 74 414 ± 611 NR Nasr and Arp, 2011

Tylopilus NR New Brunswick 10 297 ± 156 NR Nasr and Arp, 2011

Xanthoconium NR New Brunswick 13 962 ± 482 NR Nasr and Arp, 2011

NR=Not reported.
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determined for 3 of the studies, were relatively low (< 
5 ng L-1). The high variability in THg concentrations at 
these sites and others may be due to differences in 
snow-formation processes and snow type (Douglas 
et al., 2008). Several researchers have reported that 
when the concentration of THg in the snowpack is 
elevated during AMDEs, there can be a 50 to 90% 
loss of that Hg within a few days (Constant et al., 
2007; Ferrari et al., 2005; Kirk et al., 2006; Lindberg 
et al., 2002; Sherman et al., 2010). Mercury freshly 
deposited in snow is highly reactive (Constant et al., 
2007; Lalonde et al., 2003, 2002; Outridge et al., 
2008; Poulain et al., 2007a, 2004; Sherman et al., 
2010); and a large portion of the Hg deposited during 
AMDEs is quickly re-emitted to the atmosphere 
through the photoreduction of Hg2+ to gaseous Hg0 
within the surface snowpack (Lalonde et al., 2002; 
Poulain et al., 2004). Observations of strong midday 
emission fluxes of Hg0 following AMDEs are also 
consistent with photoreductive processes (Brooks et 
al., 2006; Faïn et al., 2007; Ferrari et al., 2008, 2005; 
Sommar et al., 2007; Steffen et al., 2002).

Reviews by Durnford and Dastoor (2011) and Steffen 
et al. (2008) have discussed possible mechanisms for 
photoreduction processes in snow. These processes 
seem to be mediated mainly by UV-B radiation, 
although visible and UV-A radiation can play a modest 
role (Dommergue et al., 2007; Faïn et al., 2007; 
Johnson et al., 2008; Poulain et al., 2004). As a result, 
the amount of solar radiation reaching snowpacks is 
the primary driver of Hg2+ reduction to Hg0. In addition 
to solar radiation, a sufficient supply of reductant is 
also required (Dommergue et al., 2007; Lalonde et 
al., 2002). Durnford and Dastoor (2011) identified 
hydrogen peroxide, hydroperoxyl radicals, molecules 
related to humic acids, sulphite-based compounds, 
and oxalic acids as potential candidates, based on the 
published literature.

5.4.2 Mercury Retention in Snowpacks

Retention of Hg within the snowpack also depends, at 
least in part, on snowpack chemistry (Figure 5.8) (St. 
Louis et al., 2007). The presence of halogens in snow 
may act to retain Hg in oxidized states in snowpacks, 
and, indeed, elevated snow Hg concentrations are 
more often found in coastal environments where a 

than the reduction reaction. These oxidation-reduction 
processes are well described in a number of detailed 
reviews of the environmental photochemistry of Hg 
(Ariya et al., 2009; Vost et al., 2011; Zhang, 2006). A 
few of these findings are highlighted here.

Lalonde et al. (2002) initially described Hg 
photoreduction in snow at temperate latitudes; 
however, few studies have followed up on her work 
to investigate the role of Hg photoredox processes on 
Hg budgets in temperate snowpacks. One exception 
was a study by Poulain et al. (2007), set in a forested 
Canadian Shield lake catchment (Lake Cromwell, 
Quebec, Canada). These authors examined the spatial 
distribution and partitioning of Hg in snowpacks 
under different forest canopy types over time. They 
used a mass balance approach to compare Hg 
pools in snowpacks with wet deposition measured 
by precipitation collectors. Total Hg concentrations 
measured in snow under canopies were higher 
than in adjacent open areas (Poulain et al., 2007b). 
Canopies significantly reduced volatilization of Hg0 
from snowpacks by reducing the photoreduction of Hg 
in snow, mainly through shading and decreasing the 
wind ventilation of snowpack that would otherwise 
promote Hg0 evasion. Poulain et al. (2007) also 
suggested that canopies may increase the oxidant 
content of the snowpack, further hampering net 
Hg0 production. This study concluded that most 
Hg deposited in snow to frozen lake surfaces is 
lost by photoreduction before snowmelt, whereas 
Hg deposited on the forested watershed is largely 
retained in snowpacks, presenting a threat to 
receiving systems.

In Arctic marine coastal systems, AMDEs deposit 
Hg to snowpacks, and researchers have confirmed 
the deposition of Hg during or after depletion events 
by measuring the concentration of THg in the snow 
(Kirk et al., 2006; Poissant et al., 2008; Steffen et al., 
2008). This research has been conducted mainly at 
4 sites in the Canadian Arctic: Resolute on Cornwallis 
Island, Alert on Ellesmere Island, Kuujjuarapik in 
northern Quebec, and Churchill, Manitoba. These 
studies show that snow THg concentrations can vary 
more than 500-fold, from 0.3 ng L-1 to as high as 156 
ng L-1, at Arctic sites. Although maximum observed 
concentrations could be high, average concentrations, 
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(Nelson et al., 2010; Poulain et al., 2007a, 2007b; 
Steffen et al., 2008). Concentrations are commonly 
highest in the surface layer (Dommergue et al., 2003a; 
St. Louis et al., 2007), although the middle stratum 
and depth hoar can also be dominant reservoirs of 
Hg in some settings, as post-depositional processes 
throughout the entire depth of the snowpack may 
influence Hg accumulation. At sites with forest canopy, 
results suggest that Hg concentrations are highest 
under conifer canopies and lowest at sites with no 
vegetation cover (Nelson et al., 2010). Some portion 
of the Hg in temperate terrestrial snow packs might 
be derived not from new atmospheric deposition, 
but rather from underlying soil surfaces. Nelson et 
al. (2008) sprayed soil surfaces with 202 Hg2+ just 
before the first snowfall to explore whether some 
snowpack Hg might be explained from soil emissions. 
The appearance of the 202Hg spike in the snowpack 
(0–64% of the total Hg mass in the snowpack) 
suggests that movement of Hg from the soil into 
the snowpack is possible. Table 5.3 gives examples 
of THg concentrations measured in snowpacks in 
Canadian studies. Any Hg remaining in snowpacks at 
the end of winter represents the net effect of all the 
above described processes. This portion of deposited 
or mobilized Hg is available for melt and runoff into 
adjacent wetlands and water bodies (see Section 
5.8.2).

deposition of sea salt can be expected (Douglas and 
Sturm, 2004; Poulain et al., 2007a; St. Louis et al., 
2007). With respect to photo-oxidation of Hg0, the 
main oxidants currently considered are hydrogen 
peroxide, bromine and chlorine radicals, ozone, 
hydroxyl radicals, alkenes, and alkyl nitrates.

Burial of Hg through snow accumulation, wind 
redistribution, sublimation, condensation, and ice-
layer formation are other processes that promote 
retention of Hg in the snowpack (Douglas et al., 2008). 
While deposition occurs at the snow surface, Hg can 
be redistributed within the accumulated snowpack. 
Migration of Hg0 within the snowpack and subsequent 
oxidation could result in accumulation of Hg within 
deeper layers (Dommergue et al., 2003b; Fain et 
al., 2006). Other processes such as percolation and 
settling of particulate Hg may also be important 
(Figure 5.9) (Durnford and Dastoor, 2011). Melt events 
may redistribute Hg toward deeper layers, away from 
the high-energy surface of the snowpack.

Concentrations of Hg in snow reported in the literature 
range widely and depend not only on depositional and 
post-depositional processes, but also on the collection 
location (e.g., open site, under canopy, or coastal), 
collection type (e.g., snow throughfall or snowpack), 
time since last snowfall, and sampling strategy 

FIGURE 5.8  Modelled speciation of mercury in snowpacks over a range 
of chloride (Cl-) concentrations. Unconnected red dots are total mercury 
concentrations in snowpacks throughout the Canadian high Arctic, relative to 
chloride (Cl-) concentrations in the snowpacks (St. Louis et al., 2007).
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TABLE 5.3  Examples of average total mercury concentrations found in snow at Canadian research sites

Location n Study period
THg,ng L-1 
(range, if 
reported)

Description of measurements Reference

Cornwallis 
Island, 
Nunavut

21 June 2004 0.3 ∙ Surface snow from 11 sites along a 
coastal-inland transect

∙ 58% particulate

Poulain et al. 
(2007a)

Station de 
Biologie, 
Université 
de Montréal, 
Quebec

96 January–
March 2005

4.1 ∙ Surface snow under coniferous canopy
∙ 72% particulate

Poulain et al. 
(2007b)

2.4 ∙ Surface snow under deciduous canopy
∙ 82% particulate

1.5 ∙ Surface snow over a frozen lake
∙ 69% particulate

Sainte-Foy, 
Quebec

135 January–
February 2000

3.05
(0.2-12.4)

∙ Over a frozen lake in a suburban area Lalonde et al. 
(2002)

Experimental 
Lakes Area, 
Ontario

225 February 2000 0.85
(0.5-2.3)

∙ Snowpack over a frozen lake
∙ A maximum of 2.8 ng L-1 measured in 

freshly fallen surface snow

Lalonde et al. 
(2003)

Note that THg concentrations reported for coastal sites in relation to Hg depletion events (e.g., Dommergue et al., 2003; St. Louis et al., 2005; Lahoutifard et 
al., 2005, 2006) are not included (see Chapter 4 further details). For more examples of studies in eastern temperate North America, see Nelson et al. (2010).

FIGURE 5.9  Schematic showing the physical and chemical processes that govern the behaviour of cryospheric 
mercury (Durnford and Dastoor, 2011). GEM = gaseous elemental mercury, TPM = total particulate mercury,  
RGM = reactive gaseous mercury.
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biomass combustion. While the largest Hg pool in 
most ecosystems tends to be in mineral soils, the 
smaller pools found in vegetation and surface litter 
are more combustible (Grigal, 2003; Krabbenhoft et 
al., 2005). Thus, several studies have shown that the 
largest sources of Hg emissions during wildfires are 
from litter and surface organic soils, with negligible 
losses from underlying mineral soil (Engle et al., 
2006; Obrist et al., 2009). Following fire, Hg stocks 
re-accumulate in the vegetation with succession 
and recovery of leaf area, which influences gas and 
aerosol deposition and Hg capture by foliage (Munthe 
et al., 1995; Rea et al., 2002; Woodruff and Cannon, 
2010).

Large amounts of Hg are released into the air 
during fires because Hg species volatilize at low 
temperatures. For example, most Hg species 
volatilize between 100 and 300°C (Biester and 
Scholz, 1997). Typical flame temperatures near the 
base of high-intensity fires, such as crown fires, 
are around 1 100°C for brief durations (Wotton et 
al., 2012). Temperatures associated with lower-
intensity smoldering fires can be cooler but must 
exceed 240°C to sustain combustion. Because the 
majority of Hg losses during burning are associated 
with litter and surface organic soils, fire severity, 
a qualitative measure of the physical change in an 
area caused by burning, might be a better predictor 
of total Hg release than fire intensity, the rate at 
which a fire produces heat (Biswas et al., 2007). 
Mercury released during fires is predominantly Hg0, 
although as much as 15% of total Hg emissions may 
be released as total particulate Hg (TPM) (Finley et 
al., 2009; Friedli et al., 2001; Obrist et al., 2008). 
Obrist et al. (2008) found that Hg0 dominated total 
Hg emissions during the flaming combustion of 
low moisture fuels, while smoldering combustion 
of wetter fuels resulted in high  particulate Hg 
emissions. Hence, smoldering of thick peat layers 
could result in high THg (Turetsky et al., 2006) and 
TPM emissions (Obrist et al., 2008), with important 
human health consequences (Rappold et al., 2013). 
Given the deep organic soils that blanket many 
northern ecosystems (e.g., boreal forests and 
peatlands) (Goodale et al., 2002; Gorham, 1991), this 
loss pathway may be particularly relevant in Canada.

5.5 ELEMENTAL MERCURY 
EMISSIONS FROM LANDSCAPES 
DUE TO WILDFIRES
The exchange of Hg between landscape features 
and the atmosphere is a dynamic and bi-directional 
process. Understanding and quantifying the 
emission of Hg0 from landscapes to the atmosphere 
is especially important because this process 
removes Hg that may eventually become available 
for methylation and biomagnification through food 
webs. The Hg0 emitted from landscapes to the 
atmosphere can be derived from natural sources or 
from anthropogenic sources or both (Gustin et al., 
2008). Natural sources include geologic matter and 
mineralization of other substrates containing high 
concentrations of Hg. Anthropogenic-source Hg has 
been recently or historically wet- or dry-deposited to 
the landscape. It is believed that fluxes of Hg from 
soils and foliage in uncontaminated regions represent 
both anthropogenic-source and natural-source Hg 
(Gustin et al., 2008). The processes driving Hg0 
emission from different landscape compartments 
are discussed throughout this chapter in sections 
specific to those compartments (vegetation (section 
5.3), snowpacks (section 5.4) and litter (section 5.6)). 
In this section, we provide a review of Canadian 
research on Hg0 emissions from landscapes due 
only to wildfires. Elemental mercury (Hg0) emissions 
from soils are focused on in Chapter 3 and are not 
covered in the soil section in this chapter. Emissions 
from freshwater aquatic ecosystems are discussed in 
Chapter 6.

Mercury emissions from wildfires have been 
recognized as a significant component of the global 
Hg cycle for at least the past decade, although global 
estimates of emissions stemming from biomass 
burning vary widely from about 100 to 1000 Mg 
yr-1 (Brunke et al., 2001; Friedli et al., 2001; Weiss-
Penzias et al., 2007; Wiedinmyer and Friedli, 2007). 
In boreal regions in North America, Hg emissions 
from biomass burning are estimated at 22 Mg yr-1 
(Friedli et al., 2009). Mercury emissions from wildfires 
are determined by the amount of Hg stored in the 
ecosystem before burning, as well as fire, weather, 
and landscape attributes that affect the severity of 
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it would be available for methylation processes and 
subsequent uptake into aquatic food webs (Chapter 
6). In contrast, small and less heat-intensive fires may 
result in less Hg0 produced and more Hg2+ retained in 
pools in the catchment that are easily mobilized and 
transported into adjacent streams and lakes. In other 
studies, forest fires have caused small increases in 
nitrogen isotope ratio δ15N of aquatic organisms (Allen 
et al., 2005; Garcia and Carignan, 2005; Spencer et 
al., 2003); however, these studies attributed higher 
δ15N values to inputs of inorganic nitrogen from the 
catchment rather than to food web alterations (Allen et 
al., 2005; Garcia and Carignan, 2005).

Elevated Hg concentrations in sediment (Caldwell et 
al., 2000) and fishes (Garcia and Carignan, 2005) have 
been identified in water bodies located in catchments 
partially burned by forest fire, where mechanisms that 
increase Hg accumulation by fish have recently been 
identified. For example, Kelly et al. (2007) observed 
that a forest fire in a mountain watershed in Alberta 
caused a large short-term release of Hg2+ and MeHg 
to streams and a lake. This direct release and runoff 
of Hg initiated a small pulse of MeHg in invertebrates, 
which contributed to enhanced Hg accumulation by 
fish. However, the much greater observed effect of 
the forest fire on fish Hg concentrations was indirect 
and due to food web restructuring. Kelly et al. (2007) 
observed a 5-fold increase in whole-body burdens 
of Hg accumulated by rainbow trout (Oncorhynchus 
mykiss) after the forest fire and estimated that up 
to 88.5% of this increase was caused by increased 
nutrient concentrations in the lake, which in turn 
enhanced productivity and restructured the food web. 
This restructuring increased the trophic positions of 
fish and, subsequently, the Hg concentrations in their 
tissues. Climate change and prescribed burning are 
predicted to increase future forest fire occurrence in 
North America, and increased MeHg concentrations  
in fish may be a consequence of this increase.

Despite recent advances in the study of Hg 
emissions during wildfires, there are a number of key 
uncertainties. Estimates of fire-related Hg emissions 
based on plume studies tend to be smaller than 
estimates based on soil inventories, which could 
signify methodological problems, or reflect the fact 
that different measurement methods are capturing 
different aspects of emissions (Biswas et al., 2008). In 
general, transformations of Hg species in fire plumes 
or during transit are poorly understood (Finley et al., 
2009). Finally, the large range in global Hg emissions 
attributed to fire indicates that our understanding 
of how to estimate regional or global Hg emissions 
from measurements of individual forest fire events is 
inadequate. Given that fire frequency (Flannigan et al., 
2009) and severity (Turetsky et al., 2011) are expected 
to increase in boreal and other regions as climate 
continues to change, Hg emissions from biomass 
burning are likely to increase in the future.

Forest fire causes alteration of soil, vegetation, and 
hydrology in catchments, and post-fire impacts on 
runoff, water chemistry (i.e., nutrients, dissolved 
organic carbon (DOC), sulphate (SO4

2-), and pH), and 
water temperature have been well documented 
(Bayley et al., 1992; Gresswell, 1999). Fire-
mobilized nutrients (usually nitrogen and sometimes 
phosphorus) (Carignan and Steedman, 2000) can 
enhance productivity in adjacent lakes (Spencer et 
al., 2003). In a study in the Canadian Shield of central 
Quebec, Hg levels in aquatic organisms in lakes with 
burned catchments (n = 9) were compared with those 
in unimpacted reference lakes (n = 20) (Garcia and 
Carignan, 1999). Lakes classified as “burned” had 
between 50 and 100% of their catchments burned 
with high-intensity fires (i.e., complete consumption 
of <2.5 cm diameter vegetation and surface humus). 
MeHg concentrations in zooplankton from burned 
(mean, 97 ng g–1 dry weight) lakes did not differ from 
those in reference lakes (mean, 112 ng g–1 dry weight) 
(Garcia and Carignan, 1999). Similarly, standardized 
Hg concentrations in 560 mm northern pike (Esox 
lucius) in burned and reference lakes did not differ. 
This was true whether or not Hg concentrations were 
normalized for trophic position (Garcia and Carignan, 
2000). Intense burning may result in volatilization of 
Hg primarily to the atmosphere as Hg0, rather than 
export to streams, rivers, and lakes as Hg2+, where 
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There is a strong association between Hg and carbon 
(C) (Meili, 1991) in litterfall mass decomposition that 
strongly influences the distribution and magnitude of 
Hg stores in litterfall. For example, Obrist et al. (2011) 
observed increasing Hg accumulation in litter layers 
with increasing latitude across the United States and 
hypothesized that this pattern was partially due to  
the slower rates of litter decomposition at colder, 
northern latitudes. However, this trend persisted despite 
standardization of Hg concentrations per unit C (i.e., 
Hg:C ratios) and an inverse relation between latitude and 
Hg industrial emission rates. These findings suggest that 
yet another process might also be driving the distribution 
of Hg in litter across latitudinal gradients.

Laboratory experiments suggest that Hg can be 
released from leaf tissues when organic carbon (OC) 
is mineralized during decomposition. For example, in 
a controlled laboratory incubation study with litterfall 
from 4 different US sites, Pokharel and Obrist (2011) 
measured 5–23% losses of Hg mass during litterfall 
decomposition over 18 months. Litter dry mass 
declined for all species during the incubation, whereas 
Hg concentrations did not change (except in the case 
of aspen litter, which increased in Hg concentration). 
The authors attributed the loss of Hg mass to Hg0  
re-emission to the atmosphere.

 
While Hg is eventually released from leaves during 
decomposition, concentrations of Hg in decomposing 
leaf litter on forest floors is significantly higher than in 
freshly fallen litter, according to many observations. 
Studies at the ELA (Table 5.4) and elsewhere (Demers 
et al., 2007; Pokharel and Obrist, 2011) examining 

5.6 MERCURY CYCLING IN 
FOREST LITTER
Leaf litter and organic soil layers are important sites 
for the sorption of atmospherically deposited Hg and 
hence contain some of the largest inventories of Hg 
in terrestrial landscapes (Grigal, 2002; Obrist et al., 
2011; Schwesig and Matzner, 2001). The binding of 
Hg within these pools delays downward translocation 
of Hg into lower soil horizons and delays export in 
runoff (Graydon et al., 2009b; Harris et al., 2007; 
Hintelmann et al., 2002; Oswald, 2011). Mercury is 
strongly associated with organic matter (OM) (Aastrup 
et al., 1991; Grigal, 2003; Meili, 1991; Obrist et al., 
2009) and, as a result, following deposition in litterfall 
and throughfall, the behaviour and mobility of Hg 
can depend largely on rates of decomposition and 
carbon cycling (Driscoll et al., 1995; Grigal, 2002; 
Mierle and Ingram, 1991). In this section, the current 
understanding of the role of litter decomposition in the 
fate and transport of Hg is summarized. This synopsis 
is based mainly on research conducted outside of 
Canada with the exception of Heyes et al. (1998) and 
Hall and St. Louis (2004).

Litter decomposition rates (expressed as % dry 
mass loss) vary across Canada, generally increasing 
from northern to southern sites (Moore et al., 1999). 
Two main factors interact to determine leaf litter 
decomposition rates on forest floors: (1) micro- and 
macro-climatic conditions to which litter is exposed 
(e.g., temperature, moisture (Aerts, 1997; Moore et 
al., 1999) and light (Zepp et al., 1995)); and (2) litter 
quality (e.g., lability, chemical composition; Melillo 
et al., 1989; Moore et al., 1999). At the global scale, 
climatic conditions are the primary factors influencing 
litter decomposition rates (Aerts, 1997; Moore et al., 
1999). In contrast, at regional scales experiencing 
similar climate conditions, litter quality is the dominant 
factor controlling rates of litter decomposition. 
Different litter types tend to decompose differently 
(Table 5.4), but field studies have shown that 
decomposition rates cannot be generalized from litter 
type. For example, Hall and St. Louis (2004) observed 
that deciduous leaves decomposed faster than 
coniferous needles at the ELA in northwestern Ontario, 
whereas Demers et al. (2007) observed the opposite 
trend in an upland forest in the Adirondack region of 
New York, United States.
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5.7 MERCURY CYCLING IN 
UPLAND SOILS

5.7.1 Introduction

Catchment areas are important receptors for 
atmospheric Hg deposition, which may eventually 
reach aquatic ecosystems such as wetlands, lakes, 
and rivers. Mercury deposited onto terrestrial areas 
and not re-emitted to the atmosphere moves through 
vegetation and litter, eventually reaching soils (Grigal, 
2003). The dominant forms of Hg adsorbed to soil and 
in soil solution are Hg2+ and Hg0 (Schuster, 1991). In 
most terrestrial systems, the predominant form of Hg, 
Hg2+, is associated with OM (Schuster, 1991; Skyllberg 
et al., 2000), including soil organic matter (SOM). 
SOM is a strong Hg adsorbent because it has a large, 
negatively charged molecular surface area; it has a 
high cation exchange capacity; and it forms strong 
bonds between humic matter ligand functional groups 
(e.g., -SH, -COOH) and Hg2+ (Gabriel et al., 2012). Once 
incorporated into the soil landscape through binding to 
OM, Hg is transferred between different carbon pools 
(e.g., SOM and dissolved organic matter (DOM)) and 
is ultimately re-emitted once the carbon is respired, 
transported to aquatic ecosystems in runoff, or retained 
in long-lived carbon pools (Smith-Downey et al., 2010). 
Therefore, it is important to understand the factors and 

the decomposition of various species of leaf litter 
in litterbags placed on the floor of upland forests 
for 1 to 3 yr have reported that as litterfall mass 
declines both the mass and concentration of Hg in 
litter increase. Pokharel and Obrist (2011) observed 
8 to 64% enrichment of Hg concentrations in litter 
samples incubated in the field compared with the 
same litter types incubated in the laboratory. They 
presumed that this enrichment was due to sorption 
of Hg from atmospheric deposition under field 
conditions. Similarly, experiments with stable Hg 
isotopes in simulated precipitation have shown that 
litter and organic soil pools can strongly bind Hg and 
delay the downward transfer of new atmospheric 
Hg to water bodies (Graydon et al., 2009b; Harris et 
al., 2007; Oswald, 2011). There is also evidence that 
Hg concentrations in litter can “equilibrate” with Hg 
concentrations in the underlying soils. For example, 
Hall and St. Louis (2004) observed that decomposing 
litter on upland soils in northwestern Ontario, Canada, 
was either a source or a sink for THg, depending on 
the type of tissue and the initial THg concentration 
(Table 5.4). In that study, litter from species where 
initial THg concentrations were greater than 30 ng 
g-1 represented a source of THg to the surrounding 
environment, whereas tissues that had initial 
concentrations of less than 30 ng g-1 increased in  
THg mass (Figure 5.10).

FIGURE 5.10  Percentage of original mass of total mercury (THg, top panel) and methylmercury (MeHg, bottom 
panel) remaining in litterbags at the end of field incubation as a function of the initial tissue total mercury or 
methylmercury concentrations, respectively (modified from Hall and St. Louis, 2004).
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and Hg pools in undisturbed upland soils in Canada 
are reviewed. Mercury emissions from soils are not 
included, as that topic is covered in Chapter 3. As 
well, the impacts of disturbance (e.g., fire, logging, 
flooding) or point source pollution on Hg levels in soils 
are discussed in Chapter 8. Finally, Hg levels and 
MeHg production in wetland soils are discussed in the 
wetlands section of this chapter.

5.7.2 Mercury Concentrations, 
Mercury:Carbon Ratios, and Mercury Pools

5.7.2.1 Total Mercury Concentrations

Total mercury concentrations in uncontaminated soils 
usually range from a few ng g-1 to a few hundred 
ng g-1 (Grigal, 2003; Obrist et al., 2011). In forested 
uplands, organic soil horizons usually have higher THg 
concentrations than overlying litter and the underlying 
mineral soil layers (Akerblom et al., 2008; Demers et 
al., 2007; Friedli et al., 2007; Grigal, 2003; Grimaldi 
et al., 2008; Hintelmann et al., 2002; Nasr and Arp, 
2011; Obrist, 2012; Obrist et al., 2009; Oswald et al., 
2014). THg concentrations reported in the literature for 
Canadian soils (Table 5.5) are in a similar range and 
show the same general pattern with depth as those 
reported for other regions in Europe and the United 
States (Grigal, 2003; Obrist, 2012).

processes that affect the concentrations and spatial 
distribution of Hg in the soil landscape to accurately 
predict the response of aquatic ecosystems to 
reductions in anthropogenic emissions and disturbance 
(Harris et al., 2007; Smith-Downey et al., 2010).

Despite widespread research on Hg in the 
environment, relatively few studies have investigated 
Hg concentrations and cycling in uncontaminated and 
undisturbed upland soils in Canada. Canadian soils 
are classified according to the properties of the soils 
themselves and, therefore, reflect the nature of the 
soil environment and the effects of the dominant, soil-
forming processes (Soil Classification Working Group, 
1998). Factors such as climate, parent materials, 
hydrology, and vegetation type, which are reflected in 
the highest level of soil classification, are also likely 
to affect Hg concentrations and cycling in soil (Grigal, 
2003; Obrist et al., 2011). Of the 10 soil orders found 
across Canada (Figure 5.11), Hg studies have taken 
place in only a few (e.g., Chernozemic soils in Alberta, 
Luvisolic soils in Prince Albert National Park, Brunisolic 
soils at the ELA, and Podzolic soils in New Brunswick). 
Mercury studies in soils of other orders and in other 
regions, such as podzols in Quebec, organic soils in 
the James Bay Lowlands, and the cryosolic soils that 
cover most of the Hudson Bay Lowlands and Canadian 
Arctic, are clearly lacking. In this section, the studies 
that have measured Hg concentrations, Hg:C ratios, 

TABLE 5.4  Summary of results from 2 field litter decomposition studies at the ELA in northwestern Ontario

Percent of original value (%)
Dominant 
species

Length of 
incubation, 

months

Final 
dry litter 

mass

Final THg 
mass

Final THg 
concentration

Final MeHg 
mass

Final MeHg 
concentration

Sprucea 30 77 112 147 54 56
Sedgea 30 23 52 237 6 33
Mossa 30 94 72 77 19 9
Birchb 26 43 215 574 44 102
Pineb 26 54 129 252 258 476
New woodb 26 86 199 233 197 229
Old woodb 26 97 92 97 222 230
Alderb 26 47 123 265 607 1292
Blueberryb 26 51 290 579 102 198
Bunchberryb 26 17 96 507 14 85
Labrador teab 26 48 117 245 30 62
Sphagnumb 26 77 53 90 57 74
Polytrichymb 26 73 62 80 72 99
Pleuroziumb 26 94 91 84 70 75
Lichenb 26 103 77 75 66 64

References: aHeyes et al., 1998; bHall and St. Louis 2004
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the atmosphere was not possible. The retention of 
newly deposited Hg in surface organic soils implies 
that upland systems will have a delayed response 
to decreases in atmospheric Hg deposition due to 
emission reductions. More studies examining the 
relationship between Hg propagation through soils, 
carbon cycling, and continued Hg sorption are required 
in other areas of Canada with different soil types.

5.7.2.2 Methylmercury Concentrations

Unsaturated forest soils typically have a low potential 
for Hg methylation because they lack anaerobic sites 
suitable for SO4

2- and iron reduction (Hintelmann et 
al., 2002). Branfireun and Roulet (2002) reported 
MeHg concentrations of 0.23 ng g-1 and 0.04 ng g-1 
in surface organic and mineral soils, respectively, in 
the uplands of a small Precambrian Shield headwater 
catchment at the ELA (Table 5.5), which are in the 
same range as those reported for other boreal forest 
sites in Europe and the United States (Obrist, 2012). 
Hintelmann et al. (2002) investigated the methylation 
of newly added isotopic Hg in upland soils at the 
ELA and found no isotopic MeHg during the 48 h 
after isotope application; however, 3 soil cores taken 
approximately 3 months after the isotope application 
had 0.01–0.03 ng g-1 of isotopic MeHg uniformly 
distributed over the top 14 cm of the core, indicating 
that some methylation had taken place, probably 
during periods of soil saturation.

Few studies have explored the processes involved in 
Hg mobility in upland soils in Canada. A recent study 
in the METAALICUS watershed investigated differences 
in the propagation of ambient Hg and spike Hg (see 
Definitions) through upland soils (Oswald et al., 
2014). Spike Hg to ambient Hg concentration ratios, 
expressed as a percentage, decreased with depth 
across the study area, from 7.7% in surface organic 
soils (0–5 cm, including some litter), to 0.9% and 
1.2% in lower humified and mineral soils, respectively. 
These findings illustrate how newly deposited Hg 
is still mainly associated with surface organic soils; 
very little is transported to the deeper mineral soils. 
Two potential explanations for differences between 
spike and ambient Hg in their vertical distribution 
over the soil profile are (1) an increase in ambient Hg 
concentration in the well-humified organic layer due 
to preferential loss of C via decomposition compared 
to Hg; and (2) greater accumulation of ambient Hg 
in deeper organic soils due to long-term sorption of 
atmospheric deposition (Pokharel and Obrist, 2011). 
The first explanation relies on the fact that spike Hg 
has been in the system for a relatively short period of 
time; hence, it has likely been unaffected by carbon-
cycling dynamics to the same degree as ambient 
Hg, while the second explanation relies on the fact 
that spike Hg was applied only intermittently to the 
watershed, so continued sorption of spike Hg from 

FIGURE 5.11  Soil order map of Canada displaying the distribution and areal extent of the 10 Canadian soil orders 
(as defined by the Canadian System of Soil Classification). Scale is 1:53 333 333 (Government of Canada, 2010).
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Oswald et al. (2014) estimated average pool sizes of 
THg to be 312 mg m-2 in the surface organic layer, 3 
364 mg m-2 in the lower, humified organic layer, and 
4 999 mg m-2 in the top 15 cm of the mineral layer. 
Estimates of the areal mass of Hg in forest floor 
organic soil layers and mineral layers in Sweden, 
the United States, and Germany vary considerably 
depending on the thickness of soil that is considered 
(~ 500 to 4 000 mg m-2 in forest floor organic soil 
layers and ~3 000 to 10 000 mg m-2 in the upper 
mineral layers (Grigal, 2003). The mass of Hg in deep 
mineral soil horizons is a major source of uncertainty 
in soil pool estimations in Canada.

Although Hg and SOM concentrations are often 
positively correlated, soil bulk density and SOM are 
inversely related (Ouimet and Perie, 2008). Hence, 
an emphasis on concentrations instead of pools can 
distort our view of Hg abundance in different soil 
layers (Grigal, 2003). Even low concentrations of Hg, 
for example, in mineral soils with a relatively high 
bulk density, can lead to a substantial mass when 
accumulated over several metres (Grigal, 2003). In 
Canada, only a few of the studies summarized in 
Table 5.5 also estimated the areal mass of THg in 
the soil landscape or individual soil horizons. The soil 
pool of native THg was estimated between 1 368 
and 1 985 mg m-2 for a 680 m2 experimental soil plot 
at the ELA (Hintelmann et al., 2002). Turetsky et al. 
(2006) estimated that 3 410 mg m-2 of Hg is stored 
in organic soils in boreal forested uplands across 
western Canada. Harris et al. (2007) estimated that 
960 mg m-2 is contained in organic soils in the uplands 
of the METAALICUS watershed. Friedli et al. (2007), 
comparing THg concentrations and pools in organic 
soil between 2 stands of vegetation regrown after 
fires, estimated 1 010 mg m-2 of Hg under a 39 yr 
stand and 2 920 mg m-2 of Hg under a 130 yr stand. 
In a sub-catchment of the METAALICUS watershed, 
Oswald et al. (2014) estimated average pool sizes of 
THg to be 312 mg m-2 in the surface organic layer, 3 
364 mg m-2 in the lower, humified organic layer, and 
4 999 mg m-2 in the top 15 cm of the mineral layer. 
Estimates of the areal mass of Hg in forest floor 
organic soil layers and mineral layers in Sweden, 
the United States, and Germany vary considerably 
depending on the thickness of soil that is considered 
(~ 500 to 4 000 mg m-2 in forest floor organic soil 
layers and ~3 000 to 10 000 mg m-2 in the upper 
mineral layers (Grigal, 2003). The mass of Hg in deep 
mineral soil horizons is a major source of uncertainty 
in soil pool estimations in Canada.

5.7.2.3 Mercury: Carbon Ratios

Empirical relationships between Hg concentration 
and SOM in surface organic soils in forests in Europe 
and the United States all show similar changes in Hg 
concentration with changes in SOM, approximately 
0.22 mg g-1 (Grigal, 2003). However, the stoichiometry 
of the Hg-SOM relationship commonly varies in the 
soil profile, with more Hg per unit mass of SOM 
deeper into the mineral horizons (Grigal, 2003). In 
Canada, few studies have measured Hg:SOM or 
Hg:soil organic carbon (SOC) ratios in dry upland 
soils. Average Hg:SOC ratios of 0.23 mg g-1 for the 
surface organic layer, 0.71 mg g-1 for the lower organic 
layer, and 2.00 mg g-1 for the mineral layer were 
measured in a sub-catchment of the METAALICUS 
watershed, showing a distinct pattern of increasing 
Hg:SOC with depth in the soil profile (Oswald et al., 
2014). These results are lower than values reported 
for more layers at 2 Swedish sites (~0.54 to 0.93 mg 
g-1); the difference may be due to higher historical Hg 
deposition in Sweden compared with northwestern 
Ontario, but are within the range of values reported for 
the lower organic (~0.37 to 1.51 mg g-1) and mineral 
(~1.2 to 1.7 mg g-1) layers (Akerblom et al., 2008).

5.7.2.4 Mercury Pools

Although Hg and SOM concentrations are often 
positively correlated, soil bulk density and SOM are 
inversely related (Ouimet and Perie, 2008). Hence, 
an emphasis on concentrations instead of pools can 
distort our view of Hg abundance in different soil 
layers (Grigal, 2003). Even low concentrations of Hg, 
for example, in mineral soils with a relatively high 
bulk density, can lead to a substantial mass when 
accumulated over several metres (Grigal, 2003). In 
Canada, only a few of the studies summarized in 
Table 5.5 also estimated the areal mass of THg in 
the soil landscape or individual soil horizons. The soil 
pool of native THg was estimated between 1 368 
and 1 985 mg m-2 for a 680 m2 experimental soil plot 
at the ELA (Hintelmann et al., 2002). Turetsky et al. 
(2006) estimated that 3 410 mg m-2 of Hg is stored 
in organic soils in boreal forested uplands across 
western Canada. Harris et al. (2007) estimated that 
960 mg m-2 is contained in organic soils in the uplands 
of the METAALICUS watershed. Friedli et al. (2007), 
comparing THg concentrations and pools in organic 
soil between 2 stands of vegetation regrown after 
fires, estimated 1 010 mg m-2 of Hg under a 39 yr 
stand and 2 920 mg m-2 of Hg under a 130 yr stand. 
In a sub-catchment of the METAALICUS watershed, 
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TABLE 5.5  Total mercury and methylmercury concentrations in soils at Canadian forested upland sites

Location, Soil order(s)a Dominant canopy 
vegetation

Soil layer(s) THg, ng g-1 dry 
weight, range or 

mean
n

MeHg, ng g1 
dry weight, 

mean
 n

Reference

Multiple sites along a 
transect extending from 
southeastern to central 
Alberta, Chernozemic and 
Luvisolic

Not reported LFH 79–155, 7 – Dudas and 
Pawluk (1976)Ah 20–35, 15 –

B 18–71, 10 –
C 30–70, 27 –

Churchill River (diversion 
area), Manitoba, not 
reported, but likely Luvisolic 
and possibly Cryosolic

Trembling aspen, Balsam 
poplar, Paper birch, Jack 

pine

Surface 
Organic

95.8b, 77 – Bodaly et al. 
(1987)

Ah 98.6b, 54 –
Mineral (clay) 34.2b, 58 –

Flin Flon, Manitobac, 
Brunisolic

Jack pine, Black spruce, 
White spruce, Balsam fir

Organic 400, 1 – Henderson et 
al. (1995)Mineral 60, 1 –

ELA, Ontario, Brunisolic Jack pine, Black spruce, 
Paper birch

Surface 
organic

– 0.23, 3 Branfireun and 
Roulet (2002)

Mineral (sand/
silt)

– 0.04, 3

ELA, Ontario, Brunisolic Jack pine, Black spruce Composite: 
0–14 cm

144, 24 0.58 Hintelmann et 
al. (2002)

ELA, Ontario, Brunisolic Jack pine Surface 
Organic

162, 3 0.6, 3 Mailman and 
Bodaly (2005)

9 sites across Manitoba 
and Saskatchewan, 
dominant soil order not 
reported

Jack pine, Black spruce Organic 240, not reported – Turetsky et al. 
(2006)

Prince Albert National Park, 
Saskatchewan, Luvisolic

Pine spp., Spruce spp., 
Aspen

Composite: Of, 
Om, Oh

100–160d, 13
120–300e, 4
160–250f, 5

– Friedli et al. 
(2007)

Mineral (clay) 9.2d, 4
8.8e, 4

25.2f, n not reported

–

ELA, Ontario, Brunisolic Black spruce, Balsam fir, 
Red maple, Paper birch, 

Jack pine

Composite: 
organic and 

mineral

160, 88 – Harris et al. 
(2007)

Multiple sites in New 
Brunswick, Podzolic

Red spruce, Black spruce, 
White pine, Balsam fir, 

Aspen, White birch, Yellow 
birch, Red maple, Sugar 

maple

L 19–536 (141), 211 – Nasr and Arp 
(2011)F 12–818 (260), 272 –

H 87–616 (299), 35 –
Mineral 

(mostly A)
13–382 (110), 141 –

ELA, Ontario, Brunisolic Black spruce, Balsam fir, 
Red maple, Paper birch

Composite: L 
and Of

111, 169 – Oswald, 2011
Oswald et 

al. 2013 (in 
preparation)

Composite: F, 
H, Om, and Oh

243, 186 –

Composite: Ah 
and Bm

32.7, 141 –

aAccording the Canadian System of Soil Classification
b Mean calculated from concentrations reported for unflooded soil horizons from 13 sites in 1981.
c THg concentrations are from soil samples collected more than 40 km away from a base metal smelter and are considered to represent background levels; 
however, give the relatively high concentrations of THg compared with other studies, contamination may still be an issue at this distance.
d,e,f Hg contents are for soils collected under forest stands at 3 different stages of succession after fire: d young stand (39 yr), e old stand (133 yr), f very old 
stand (180 yr).
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growth coniferous canopies; however, the statistical 
significance of the differences varied among soil 
layers.

5.7.3.2 Large-Scale Mercury Patterns

Obrist et al. (2011) conducted a systematic 
investigation of Hg concentrations in biomass, 
litter, and soils across 14 forest sites in the United 
States and found that soil Hg concentrations were 
positively correlated with soil carbon, latitude, 
precipitation, and soil clay content, which together 
explained up to 94% of Hg concentration variability. 
Interestingly, latitudinal increases in soil Hg were in 
contrast to latitudinal decreases in Hg atmospheric 
deposition, which the authors attributed to the 
overriding importance of soil carbon in shaping the 
distribution of Hg in forests at continental scales. 
To the authors’ knowledge, no study has addressed 
large-scale distribution patterns of Hg in upland 
soils across Canada. This represents a major gap 
in our knowledge of the impacts of atmospheric 
deposition and potential impacts of disturbance on 
Hg re-emissions to the atmosphere and Hg delivery 
to aquatic ecosystems. However, a recent study 
(Nasr and Arp, 2011) did examine trends in THg 
concentrations in fungal fruiting bodies, mosses, and 
soil substrates at 3 sites in southern New Brunswick 
that fell roughly along a transect perpendicular to the 
Bay of Fundy coastline (see Chapter 3c). Typically, 
soil THg concentration decreased with increasing soil 
depth (Table 5.5), suggesting that soil THg was likely 
due to atmospheric deposition rather than gradual 
release from soil mineral weathering. The authors 
also found that THg concentrations in the L, F, H, 
and A horizons of Podzolic upland soils reflected the 
atmospheric deposition gradient for precipitation and 
air pollutants, with the highest Hg concentrations 
measured offshore on Grand Manan Island, followed 
by lower concentrations along the coast, and lowest 
concentrations at a mainland site. They also found 
that soil THg concentrations were positively related 
to total C and total sulphur (S) content of the soil, 
but were inversely related to the thickness of the 
forest floor (LFH). The decreasing trend of THg 
with increasing forest floor depth was likely due to 
differences in overall turnover rate of OM: deeper 
layers usually have lower turnover rates, and would 

5.7.3 Spatial Patterns

Despite significant gains in understanding the 
sensitivity of forest ecosystems (especially in boreal 
regions) to Hg contamination, there is still a need to 
understand the factors that control the spatiotemporal 
dynamics of Hg within watersheds (Gabriel et al., 
2012) and over entire ecoregions. Specifically, over 
larger scales, we need to understand whether factors 
other than atmospheric deposition drive surface Hg 
accumulation and whether Hg spatial patterns indicate 
urban or industrial pollution versus background 
atmospheric deposition need to be understood. Over 
smaller scales, knowledge of the factors causing 
spatial variation in soil Hg pools and of the flow of 
water through catchments is critical for understanding 
how the soil landscape contributes Hg to downstream 
aquatic ecosystems. Many studies have recognized 
that SOM is a strong adsorbent of metals such as 
Hg (Grigal, 2003; Kolka et al., 1999; Munthe et al., 
2007; Schuster, 1991). Spatial variation in soil THg 
concentrations are typically attributed to variation 
in SOM concentration (Grigal, 2003). In turn, spatial 
variation in SOM concentrations is related to variations 
in climate and vegetation, at regional scales, and 
variations in topography, drainage, and vegetation, at 
smaller scales (Sommer, 2006; Webster et al., 2011).

5.7.3.1 Small-Scale Mercury Patterns

Gabriel et al. (2012) showed that SOC is the primary 
factor controlling the spatial variation of Hg in the 
O and A soil horizons of 10 watersheds within the 
Superior National Forest in Minnesota, United States. 
However, in the B/E mineral horizons, OC appeared 
to play a lesser role in Hg spatial variation. At the 
ELA, Oswald et al. (2014) examined the spatial 
distribution of SOC and soil THg pools across a 7.75 
ha sub-catchment of the METAALICUS watershed 
and found that the observed spatial patterns could 
not be systematically attributed to spatial patterns in 
topography or drainage conditions, as is commonly 
expected. For example, areas of the catchment with 
larger upslope contributing area or higher topographic 
wetness index did not necessarily contain the largest 
pools of SOC and THg. Rather, canopy type was the 
strongest predictor of SOC and THg spatial variation. 
In general, these pools were higher under old 
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upland soils is closely coupled with the transport 
of DOM and particulate organic matter (Kolka et 
al., 2001; Meili, 1991; Mierle and Ingram, 1991; 
Ravichandran, 2004; Schuster et al., 2008; Shanley et 
al., 2008), as a result of the strong binding between 
Hg2+ and reduced sulphur sites within natural OM 
(NOM) (Skyllberg et al., 2000). Mercury contained in 
upland soils can be released to stream water when 
near-stream saturated areas connect organic soils 
with the stream (Dittman et al., 2010; Grigal, 2002). 
Elevated fluxes of Hg and OM are often observed 
during periods of high flow, such as snowmelt and 
storm events (Allan et al., 2001; Demers et al., 2010; 
Dommergue et al., 2003a; Haynes and Mitchell, 2012; 
Mitchell et al., 2008a; Schuster et al., 2008; Shanley 
et al., 2008), and these periods often represent a 
large portion of the annual mass of Hg2+ exported to 
downstream zones of methylation, such as wetlands 
and lakes.

In Canada, hydrological processes that deliver 
precipitation and snowmelt from upland environments 
to freshwater ecosystems are extremely varied and 
depend heavily on climate, bedrock geology, surficial 
geology, soil type and depth, and topographic and 
drainage characteristics of the region (Devito et al., 
2005). At finer spatial scales (e.g., sub-catchment or 
hillslope) at which many Hg-hydrology studies have 
been conducted, the dominant hydrological processes 
that affect water cycling are more strongly influenced 
by some of these factors than by others. For example, 
in areas with significant wetland coverage, quick 
flow generation over saturated organic soils means 
that soil type is important; in areas with vertical 
water flow through deep, coarse substrates, surficial 
geology is important. Such area-specific factors can 
be more important than regional scale factors such as 
climate and bedrock geology. Ultimately, all the factors 
discussed above affect the location and depth of 
water movement through soils, and hence the  
types of soil that Hg will interact with on its journey 
down gradient.

Over the last 2 decades, Canadian research studies, 
mainly focused in the Boreal Shield ecozone of 
Canada, have shed light on some of the most pressing 
questions related to upland Hg export processes (Allan 
et al., 2001; Branfireun and Roulet, 2002; Dommergue 

therefore not concentrate as much Hg as fast as in 
the decaying layers. In general, THg:C and THg:N 
concentration ratios should increase with advancing 
state of decay, and would therefore, be lower in 
the L-layer, higher in the F-layer, higher yet in the 
H-layer, and highest in the mineral soil layers where 
the degree of OM humification increases from the A 
to C horizons (Trumbore, 2000). The strong positive 
relationship between THg and total S (R2 = 0.157; p 
< 0.0001) confirmed that total S likely contributed 
to Hg retention due to strong Hg–thiol –OM bonding 
(Skyllberg et al., 2003; Xia et al., 1999).

5.8 HYDROLOGICAL CONTROLS 
ON MERCURY TRANSPORT IN 
UPLANDS

5.8.1 Introduction

Terrestrial uplands contain a large reservoir of Hg in 
soils, derived from decades of elevated atmospheric 
deposition (Harris et al., 2007; Mason et al., 1994; 
Munthe et al., 2007). Mercury export from upland 
soil landscapes has been recognized as an important 
pathway for entry of Hg to aquatic ecosystems in 
many watersheds (Demers et al., 2010; Dittman et 
al., 2010; Grigal, 2002; Harris et al., 2007; Kolka et 
al., 2001; Mitchell et al., 2009; Schuster et al., 2008; 
Shanley et al., 2008). The transport of Hg through 
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and flushed out during snowmelt (Nelson et al., 
2010). Surprisingly, few studies at Canadian sites 
have examined Hg concentrations and fluxes in 
snowmelt (Table 5.6). Allan et al. (2001) measured 
Hg concentrations and fluxes in a first-order upland 
catchment dominated by exposed bedrock and soil-
filled depressions during the 1992 snowmelt period, 
which reflected runoff from a 64 cm snowpack 
accumulation (39% above the 1970–1999 average 
snow accumulation). Mean MeHg concentration in 
snowmelt from the entire catchment was similar to 
the concentration in runoff during the growing season; 
however, the mean THg concentration (consisting of 
both MeHg and non-methylated Hg), was lower in 
snowmelt compared with runoff later in the season 
(Table 5.6).

To our knowledge, Allan et al. (2001) is the only study 
to examine snowmelt Hg dynamics at a forested 
upland site in temperate Canada; however, studies 
in the United States and Sweden have expanded 
our understanding of Hg dynamics during this 
important period (Bishop et al., 1995b; Demers et 
al., 2010; Haynes and Mitchell, 2012; Mitchell et 
al., 2009; Schelker et al., 2011; Schuster et al., 
2008), and several of them are discussed here. 
Bishop et al. (1995) found that 34% of the annual 
THg flux and 12% of the annual MeHg flux from a 
catchment in northern Sweden occurred during the 
3-week snowmelt period. They also observed that 
MeHg, but not total OC or THg, was diluted with flow 
throughout the spring flood, suggesting a limitation 
of MeHg available for transport. In a snowmelt 
study in the Adirondack region of New York, United 
States, Demers et al. (2010) showed that shifts in 
flow pathways shifted the source and quality of 
DOC in runoff, and impacted the transport of Hg 
from uplands to receiving waters. They also showed 
that MeHg may be produced in the forest floor over 
winter and flushed from soils during snowmelt. 
Haynes and Mitchell (2012) investigated the effects 
of interannual variability in snowmelt hydrology on 
Hg transport at several hillslope sites at the Marcell 
Experimental Forest in northern Minnesota. They 
found that interannual differences in THg export were 
predominantly flow-driven, and due to differences in 
snow accumulation between study years. They also 
observed considerable spatial variability in snowmelt 

et al., 2003a; Ghorpade, 2010; Harris et al., 2007; 
Hintelmann et al., 2002; Loseto et al., 2004a; Mierle 
and Ingram, 1991; Oswald and Branfireun, 2014; 
St. Louis et al., 1996, 1994); however, hydrological 
controls on Hg export from upland landscapes have 
been studied more extensively in the United States 
(e.g., Babiarz et al., 1998; Shanley et al., 2008; 
Schuster et al., 2008; Mitchell et al., 2009; Demers 
et al., 2010; Dittman et al., 2010; Schelker et al., 
2011; Riscassi et al., 2011; Riscassi and Scanlon, 
2011; Shanley and Chalmers, 2012; Haynes and 
Mitchell, 2012) and Europe (e.g., Bishop et al., 1995a, 
b; Schwesig and Matzner, 2001; Eklöf et al., 2012). 
In the following sections, current understanding of 
the hydrological controls on Hg transport in terrestrial 
uplands is reviewed, with a particular focus on results 
from Canadian study sites. The discussion focuses 
on the dominant hydrological processes influencing 
Hg concentration dynamics during snowmelt and 
summer storm events, which are high-flow periods 
characteristic of many Canadian landscapes. A 
brief discussion of recent research on the role of 
carbon quality and its relationship to Hg mobility in 
undisturbed upland soils is included. Hydrological 
controls on MeHg production and mobility in wetlands 
are discussed in the wetlands section of this chapter.

5.8.2 Episodic High-Flow Periods

Episodic high-flow periods can flush pore water from 
upland soils and deliver dissolved and particulate 
Hg to downstream freshwater systems and sites of 
methylation (Chapter 6). In regions with relatively high 
amounts of snowfall, the spring snowmelt period can 
represent the largest annual water and solute flux; 
however, transport after some summer storms can 
account for a large portion of the annual Hg and DOC 
export, especially after prolonged dry periods (Babiarz 
et al., 1998; Schuster et al., 2008; Shanley et al., 
2008).

5.8.2.1 Snowmelt

Snowfall and snowpack Hg pools can represent up 
to 50% of Hg export in snowmelt runoff, although 
the source of the meltwater Hg could be previously 
deposited Hg that was stored in watershed soils 
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TABLE 5.6  Summary of total mercury and methylmercury concentrations in upland soil-water, runoff/discharge, and 

snowmelt measured at Canadian study sites

Location Description of measurements
MeHg, ng 

L-1 THg, ng L-1 % MeHg Reference

Dorset, Ontario Range of concentration measured in 
discharge entering 2 lakes

– 0.5–28a – Mierle and 
Ingram (1991)

ELA, Ontario Range of mean annual 
concentrations in upland runoff 

(1990/91 to 1992/93)

0.031–
0.055

8.82–13.45 0.23–0.60c St. Louis et al. 
(1996)

ELA, Ontario Range (mean) of concentrations 
measured in snowmelt from a first-

order catchment (1991–1994)

0.02–0.13 
(0.05)

4.57–14.58 
(7.82)b

0.64c Allan et al. 
(2001)

Range (mean) of concentrations 
measured in rising discharge from a 
first-order catchment (1991–1994)

0.02–0.14 
(0.05)

6.14–13.16 
(9.37)b

0.53c

Range (mean) of concentrations 
measured in declining discharge 

from a first-order catchment  
(1991–1994)

0.02–0.07 
(0.03)

7.50–16.29 
(12.57)b

0.24c

ELA, Ontario Range of concentrations measured 
in runoff from an upland micro-

catchment

0.05–0.23a 8–20a 0.4 Hintelmann et 
al. (2002)

ELA, Ontario Range (mean) of concentrations 
measured in discharge through  

an upland weir (1995–1996)

<0.12–0.26 
(0.11)

– – Branfireun 
and Roulet 

(2002)

Kuujjuarapik/
Whapmagoostui, 
Quebec

Concentration measured in one 
snowmelt sample

0.09 11.9 0.76c Dommergue 
et al. (2003)

Cornwallis Island, 
Nunavut

Range of concentrations measured 
in snowmelt (highest values) and 

low-flow discharge (lowest values) 
along 3 tributaries

<0.02–0.14 <0.25–4.4 3–15.4 Loseto et al. 
(2004)

ELA, Ontario Range of concentrations measured 
in the <0.7 mm fraction of shallow 

soil-water between spring and 
autumn 2009

– 10–50a – Ghorpade 
(2010)

ELA, Ontario Range (mean) of concentrations 
measured in shallow subsurface 

soil-water over the growing season 
(2007/08)

– 3.1–154.3 
(21.0)

– Oswald et al. 
(2014)

Range (mean) of concentrations 
measured in deep subsurface soil-

water over the growing season 
(2007/08)

– 4.7–57.2 
(11.5)

–

Range (mean) of concentrations 
measured in catchment discharge 
over the growing season (2007/08)

– 5.0–33.8 
(16.7)

–

a Values are estimated from figures.
b Concentration of non-methylated Hg (THg - MeHg).
c % MeHg not reported in paper, so we have estimated it based on the mean or range numbers.



259

Canadian Mercury Science Assessment – Chapter 5

5.8.2.2 Summer Storm Events

During the growing season, Hg from upland soils 
is lost in 3 types of streamflow: baseflow, low 
streamflow between snowmelt and storm events, 
and stormflow (Grigal, 2002). Baseflow generally has 
low concentrations of Hg, since it represents water 
flowing out of groundwater aquifers that contain little 
DOM or Hg (Grigal, 2002). Stormflow includes runoff 
contributions from channel precipitation, overland flow 
(e.g., over bedrock or saturated areas), and interflow, 
which is subsurface stormflow that has moved 
through the soils on its way to streams (Grigal, 2002). 
Interflow through organic-rich soil layers, especially 
in areas near streams that are high in SOM, DOM, 
and potentially Hg, is often reported as the dominant 
flow mechanism that transports Hg-OC complexes to 
streams during storms (Grigal, 2002 and references 
therein). Mierle and Ingram (1991) conducted one of 
the first studies to demonstrate the close relationship 
between Hg and DOC in headwater streams draining 
watersheds with organic-rich soils on the Precambrian 
Shield in southern Ontario. Subsequently, many other 
studies have also reported similar relationships in 
other regions (Dittman et al., 2010; Oswald and 
Branfireun, 2014; Oswald, 2011; Schuster et al., 2008; 
Shanley et al., 2008). In Canada, however, relatively 
few studies have investigated the importance of 
watershed characteristics and hydroclimatic variability 
on Hg and OC dynamics during storm events. In 
the following sections, the pertinent findings of 
these studies and others that report MeHg and THg 
concentrations in upland soil-water or runoff during 
the growing season (Table 5.6) are discussed. As 
well, a brief review of studies from outside of Canada 
that have furthered our understanding of hydrological 
controls on upland Hg transport is provided. The 
important findings from the METAALICUS study, which 
have shed light on differences in the transport of 
newly and historically deposited Hg from uplands to 
aquatic systems, are discussed.

To the authors’ knowledge, all of the studies that have 
examined Hg concentration dynamics and related 
hydrological processes in upland soil-water and runoff 
have taken place at the ELA. St. Louis et al. (1994) 
measured MeHg and THg concentrations (Table 5.6) 
in streamflow leaving a 5.73 ha upland catchment at 

hydrology and runoff THg concentrations during the 
spring melt period among 3 adjacent hillslope plots, 
which may have resulted from differences in surface 
organic soil depth or slope morphology, both of which 
affect the extent of hydrological connectivity between 
the hillslope and near-stream saturated areas.

Similar to temperate regions, few studies have 
examined Hg concentration dynamics during 
snowmelt in northern Canada, where snow and frozen 
soils dominate the landscape for much of the year. 
Dommergue et al. (2003) conducted an extensive Hg 
study in April 2002, before and during the annual melt 
of a snowpack at a sub-Arctic site along the eastern 
shore of Hudson Bay. Although the focus of the study 
was quantifying Hg0 emissions from the snowpack 
during the melt period, they also collected snowpack 
samples and one snowmelt sample (Table 5.6), which 
allowed them to estimate that during a snowmelt day 
more than 90% of Hg present in the snow surface 
is likely released with meltwater. Further north in 
Canada’s Arctic, Loseto et al. (2004) compared MeHg 
production and export from wetlands during the 
summer to MeHg export from snowmelt water, as 
2 possible sources of MeHg to Arctic lakes. Despite 
relatively low MeHg concentrations in both sources 
(Table 5.6), they found that MeHg yields in tributaries 
draining snowmelt were higher, due to high discharge 
rates, than those measured in temperate catchments 
containing wetlands. Compared with wetland sources 
of MeHg in the summer, snowmelt water was the most 
significant source of MeHg to aquatic ecosystems 
located on Cornwallis Island; however, the origin of 
the MeHg is still unknown. At more temperate sites, 
large fluxes of Hg during snowmelt are thought to be 
caused by high concentrations of DOC (Demers et al., 
2010) and particulate organic carbon (POC; (Bishop 
et al., 1995b) flushed through the soil landscape; 
however, DOC concentrations measured by Loseto et 
al. (2004) were low.

Research is needed on the effects of interannual 
variability in snowmelt hydrology (e.g., snowpack 
development, soil freezing, and flow path dynamics) 
on Hg transport in the spring at Arctic, sub-Arctic, 
and temperate sites in Canada, especially when 
considering the potential effects of global climate 
change on these processes.
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increasing the Hg2+ loading to a well-characterized 
680 m2 forested upland micro-catchment at the ELA 
using a stable isotope of Hg. The authors found that 
the fraction of spike Hg present as spike MeHg in 
runoff from the micro-catchment approximately 1 
month after application was significantly greater than 
the fraction of ambient Hg present as ambient MeHg 
(Table 5.6), suggesting that newly deposited Hg could 
be more available for methylation reactions than 
ambient Hg during periods conducive to methylation 
in upland soils (i.e., periods of soil saturation). 
Hintelmann et al. (2002) also monitored spike and 
ambient MeHg concentrations in runoff during a 
precipitation event that started 2 days after the spike 
Hg was applied. The authors found that spike Hg 
concentrations in runoff decreased exponentially 
during the initial rainstorm and remained at constant 
low concentrations (~0.05 ng L-1) for the remainder 
of the season, indicating a major difference between 
the mobility of the spike and ambient Hg. The small 
fraction (0.25%) of spike Hg that was initially exported 
in runoff was attributed to spike Hg bound to DOM  
or particles that were easily flushed out during  
rain events.

After 3 years of the METAALICUS study, Harris et al. 
(2007) found that 54% of the annual ambient THg 
loading to Lake 658 was from the uplands, which 
was more than twice the annual loadings to the 
lake from direct atmospheric deposition. In contrast, 
less than 1% of the spike Hg applied to the uplands 
was exported to the lake in runoff. These findings 
highlighted the importance of uplands as the dominant 
inorganic Hg source to certain lakes, but led to more 
questions about the hydrological and biogeochemical 
controls on the timing and magnitude of upland 
ambient and spike Hg fluxes (Harris et al., 2007; 
Krabbenhoft, 2005; Munthe et al., 2007).

After 6 years of spike Hg application to the watershed, 
Oswald et al. (2014) conducted a study to examine 
the propagation of spike and ambient Hg through the 
upland soil landscape into runoff. Spike Hg to ambient 
Hg concentration ratios, expressed as a percentage, 
decreased from 7.7% to 1.2% with depth in the soil 
profile and decreased further to 0.3% in shallow 
soil-water and in catchment runoff. These results 
confirmed that the majority of spike Hg was still bound 

the ELA throughout the high-flow spring and low-flow 
summer period. They found no significant correlation 
between MeHg or THg concentrations and flow rates 
in the catchment. THg concentrations were generally 
higher in the fall than in the spring and early summer, 
and they speculated that this may have been due to 
flushing of Hg accumulated as dry deposition during 
the dry summer period. This pattern has also been 
reported in subsequent studies (Dittman et al., 2010; 
Oswald, 2011) and attributed to the flushing of Hg 
and DOM accumulated in decomposing organic soils 
over warm, dry periods. Allan et al. (2001) examined 
MeHg and non-methylated Hg concentrations in 
runoff during 2 summer storm events in the U1F 
upland catchment at the ELA. In general, they found 
that MeHg concentrations were more variable than 
non-methylated Hg concentrations (calculated as 
the difference between THg and MeHg) in episodic 
runoff, and that concentrations of both Hg species 
generally increased as discharge from the catchment 
increased. They speculated that temporal variations in 
Hg concentrations were the result of changes in the 
proportions of runoff coming from different landscape 
units (e.g., bedrock-dominated versus soil-dominated 
areas) in the catchment, and cautioned that these 
variations must be accounted for in mass balance 
estimates. Branfireun and Roulet (2002) monitored 
MeHg concentrations in runoff from an upland area 
and other landscape units in a headwater catchment 
to assess the hydrological controls on the interannual 
variability of MeHg fluxes and to assess the relative 
roles of different landscape units in status of the 
catchment as a whole as a source or sink for MeHg 
(Table 5.6). In 1995, a relatively dry year, flow from 
the uplands was episodic, and MeHg concentrations 
remained less than 0.12 ng L-1. In contrast, MeHg 
concentrations measured in flow from the uplands  
in 1996, a relatively wet year, reached 0.26 ng L-1.  
The mean of all measured MeHg concentrations 
in upland runoff was 0.11 ng L-1. In assessing the 
relative roles of different landscape units as sources 
or sinks of MeHg from the catchment, the authors 
determined that a portion of mineral hillslope bound  
or demethylated the MeHg flowing through it.

In a pilot study for the METAALICUS project, 
Hintelmann et al. (2002) examined the relative 
importance of newly deposited Hg by experimentally 
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shifts in the concentration-discharge relationships of 
Hg and DOC, suggesting that considering runoff is too 
simplistic. Correct predictions of the effects of climate 
warming on lake chemistry must consider the balance 
between runoff generation and the development 
of mobile DOC and Hg pools on longer time scales. 
Many of the findings described above suggest that a 
climate characterized by long dry spells punctuated 
by heavy rain events would result in large pulses of 
Hg to aquatic ecosystems from watershed runoff. 
Upland Hg export models should be calibrated over a 
range of climatic conditions to incorporate shifts in the 
concentration-discharge relationship. Furthermore, 
multi-year studies examining the proportion of annual 
Hg export contributed during flow events preceded by 
dry conditions are needed.

5.8.3 Dissolved Organic Matter  
Character and Mercury Mobility in  
Upland Forest Soils

As already established, DOM is an important vector 
of carbon and Hg transport through soils. There are 
indications that reduced sulphur species within DOM 
may influence Hg binding and hence the ability of 
DOC to export Hg (Allan et al., 2001; Skyllberg et 
al., 2006; St. Louis et al., 1994). DOM is a complex 
mixture of organic compounds and, because of its 
reactive nature and susceptibility to decomposition, 
the mixture of organic complexes that makes up DOM 
evolves as water moves through a watershed. This 

to surface organic soils. The authors also examined 
concentration-discharge relationships for dissolved 
spike and ambient Hg and DOC over a 6-month study 
period (Oswald and Branfireun, 2014). Between May 
and October 2008, they found that the concentration-
discharge relationships for ambient and spike Hg and 
DOC had little predictive ability; however, the inclusion 
of additional hydrological predictor variables, such as 
the volume of water stored in the soil 1 week before 
solute concentrations were measured in stream water, 
strengthened the relationship. As antecedent water 
storage decreased, ambient and spike Hg and DOC 
concentrations increased, and vice versa, suggesting 
that the pool of potentially mobile solutes grew during 
extended dry periods. At the flow-event scale, Oswald 
and Branfireun (2014) compared the total export of 
dissolved ambient and spike Hg and DOC between 2 
events with similar total runoff volumes, one in the 
spring with relatively wet soils and one in the autumn 
with relatively dry soils. Despite similar discharge 
volumes for both events, the autumn storm delivered 
significantly larger loads of ambient Hg, spike Hg, and 
DOC to the downstream lake than the spring event. 
The authors speculated that DOC accumulated in 
shallow, organic-rich soils during the warm and dry 
late summer period and was eventually flushed out, 
along with Hg, once sufficient precipitation allowed 
for flow to connect organic soils to the stream. In 
contrast, during extended wet periods, such as the 
snowmelt period before the spring event, continuous 
flushing depleted dissolved THg and DOC from the 
soil, resulting in lower soil-water and stream water 
Hg and DOC concentrations. These findings are 
similar to those of Dittman et al. (2010), who observed 
the largest THg and DOC export from an upland 
catchment in the Adirondack region of New York, 
United States, during summer, which they attributed 
to higher temperatures driving biological activity that 
increased the decomposition of OM and the solubility 
of DOC.

A common assumption is that, as catchments become 
drier in a warmer climate, there will be less upland 
runoff and, thus, less DOC will reach freshwater 
systems (Schindler, 2009). By this reasoning, Hg fluxes 
should also decrease. However, these assumptions are 
based on the idea that discharge dominates Hg fluxes. 
Several studies have now shown distinct seasonal 
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highly degraded organic material in those matrices. 
These differences suggest that land use in the 
watershed has implications for transport of NOM and 
Hg and emphasize the importance of understanding 
the quality of NOM moving through upland systems 
to lakes. In the METAALICUS watershed, Ghorpade 
(2010) found that ambient Hg was preferentially 
associated with the larger, higher molecular weight 
(HMW) DOM complexes (Figure 5.12). Larger 
complexes are generally less mobile; hence, Hg bound 
to these fractions is expected to be less available for 
export. Ghorpade (2010) found that, whereas both Hg 
and DOM concentrations decreased as water moved 
toward the watershed outflow, the distribution of Hg 
between the HMW and low molecular weight fractions 
remained constant, and the importance of the HMW 
fractions prevailed. The HMW DOM fraction contains 
robust aromatic structures and can therefore affect 
the availability of Hg to biological processes, including 
methylation in receiving waters. When present, spike 
200Hg was also found primarily in the HMW fraction 
(Figure 5.12), suggesting the mechanism of transport 
for newly deposited Hg was the same as for older Hg, 
but the newly deposited Hg had not yet reached soil 
areas where it could be mobilized with DOM.

continuous evolution complicates the identification of 
the component of DOM responsible for Hg transport 
in terrestrial uplands. To study the interaction 
between Hg and DOM, methods that preserve the 
fractionation of Hg within DOM are required, for 
example, absorbance analyses (Dittman et al., 2010; 
Eklöf et al., 2012), exchange resins, and molecular 
weight fractionation (Babiarz et al., 2003; Ghorpade, 
2010). Measurements of DOM character using 
emission spectroscopy, such as chromophoric DOM 
(CDOM), and detailed compound-specific analysis, for 
example, using lignin biomarkers (Ouellet et al., 2009; 
Teisserenc et al., 2010), can provide insight into the 
evolution of Hg and DOM as they move through upland 
soil landscapes to lakes.

Ouellet et al. (2009) found correlations between 
Hg concentrations and total lignin content in the 
water column of 6 boreal lakes in Quebec that had 
some form of disturbance in their watershed (e.g. 
agricultural or logging), implying that Hg in lakes is 
predominantly terrestrially derived and associated 
with fresh terrestrial OM inputs. Teisseranc et al. 
(2010) found a direct correlation between Hg and the 
diagenetic state of material in the sediment of 10 
boreal lakes with undisturbed watersheds in Quebec; 
however, in contrast to Ouellet et al. (2009), they 
found that Hg was more strongly associated with 

FIGURE 5.12  Ambient Hg in the low molecular weight and high molecular weight fractions of dissolved organic 
carbon (DOC) at subsurface flow sites, hydrological convergence zones, and overland flow at the catchment outlet.
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mesotrophic wetlands had much higher demethylation 
potentials, leading to lower net accumulation of MeHg 
in the long term (Tjerngren et al., 2012). Further work 
is needed to determine the types of wetlands, as well 
as the climatic, hydrological, and biogeochemical 
conditions in which methylation is favoured over 
demethylation, or vice versa. Advances in microbial 
genetic research may provide a new platform (e.g., 
gene probes) from which to study methylation and 
demethylation, as our understanding of the genetic 
basis for demethylation (Barkay et al., 2003) and, 
more recently, methylation (Parks et al., 2013) 
continues to improve.

In the central Hudson/James Bay Lowland, ongoing 
hydrological and biogeochemical research has 
focused on establishing both the baseline natural 
distribution of THg and MeHg in peatlands and 
surface waters (B. Branfireun, Western University, 
Ontario, personal communication and unpublished 
data). Preliminary findings are that, despite the 
fact that most large piscivorous fish (e.g., pike and 
walleye) exceed, and sometimes greatly exceed, 
Canadian consumption guidelines for Hg, surface 
water concentrations of THg and MeHg are very low 
(generally <1 ng L-1 and 0.05 ng L-1, respectively). The 
relationships among THg, MeHg, and DOC are not as 
definitive as in other parts of Canada, and the role of 
peatlands as sources of MeHg to surface waters is not 
nearly as self-evident as it is in the numerous studies 
of Precambrian Shield watersheds. The connection 
between the aquatic food web and the methylating 
environment in this landscape is influenced by a much 
more complex surface hydrology than previously 
thought, and the surface water hydrology and 
chemistry are strongly influenced by groundwater 
discharging from limestone aquifers underlying 
the extensive peatlands. This research has also 
determined that, for all stream orders, interannual 
variability in climate and runoff dynamics have a 
major effect on annual Hg fluxes, which obviates 
any small changes that might be driven by land-use 
change in the region. The need for further research 
connecting the landscape, surface waters, and 
aquatic food web in this part of Canada has led to the 
development of the Natural Science and Engineering 
Research Council’s Canada Network for Aquatic 
Ecosystem Services.

5.9 METHYLMERCURY 
PRODUCTION AND MOBILITY  
IN WETLANDS

5.9.1 Methylmercury Production

Unlike the dry, aerobic soils in well-drained upland 
regions of catchments, wetlands are typically 
saturated for all or part of the year, resulting in hydric, 
anaerobic soils that promote the microbial methylation 
of Hg2+. Mercury methylation is predominantly driven 
by the activity of anaerobic bacteria, particularly 
SO4

2- reducers, but also likely iron reducers and 
methanogens (Compeau and Bartha, 1985; Gilmour 
et al., 1992; Kerin et al., 2006; Parks et al., 2013). 
In Canada, MeHg production or accumulation has 
been studied in a number of different wetland types, 
including peatlands (Branfireun et al., 1996; Mitchell 
et al., 2008b; St. Louis et al., 1996), riverine or riparian 
wetlands (Goulet et al., 2007), freshwater swamps 
(Galloway and Branfireun, 2004), coastal marshes 
(O’Driscoll et al., 2011), beaver impoundments (Roy 
et al., 2009), Arctic wetland ponds (Lehnherr et al., 
2012a, 2012b; Loseto et al., 2004b), and temperate 
created wetlands (Sinclair et al., 2012). Such studies 
have demonstrated, through mass balance studies or 
observations of elevated MeHg concentrations, the 
importance of wetlands in MeHg production (Table 
5.7). Only very recently have data been published 
on in situ Hg methylation and demethylation rates in 
wetlands, as assessed through enriched Hg stable 
isotope incubations (Lehnherr et al., 2012b; Tjerngren 
et al., 2012).

In high Arctic pond wetlands, Lehnherr et al. (2012b) 
found that MeHg concentrations in sediment were 
largely controlled by high methylation rate potentials 
(median ~5% per day) and the bioavailability of 
inorganic Hg in sediments, with little control of MeHg 
accumulation through demethylation potentials, 
which were homogenously low across their studied 
wetlands. Conversely, in Swedish boreal wetlands, 
Tjerngren et al. (2012) found that, depending on 
wetland type, demethylation potentials could be very 
important in controlling the accumulation of MeHg. 
While methylation dominated in intermediate fens, 
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of high MeHg concentration in areas of groundwater 
discharge within a peatland. Mitchell et al. (2008b) 
found that methylation hotspots were located primarily 
around the outer edges (termed the lagg) of a number 
of peatlands, where there is a direct hydrological 
linkage between the surrounding upland forest 
and the peatland. The spatial patterning of MeHg 
hotspots is likely due to the spatially heterogeneous 
hydrological delivery of SO4

2-, labile carbon, and 
bioavailable Hg (or some combination thereof) to 
wetland sites. These reactants are in relatively large 
supply in upland soils compared with supply in the 
nutrient-poor, anaerobic, and low pH peatland soils 
that harbour methylating bacteria. Some variability in 
the presence and size of MeHg hotspots exists along 
the lagg, which appears related to the magnitude 
of SO4

2-, DOC, and Hg flux to the lagg site from 
the contributing upland area (Mitchell et al., 2009; 
Richardson et al., 2010).

Methylmercury hotspots in wetlands are important to 
understand for a number of reasons. Environmentally, 
the peatland lagg is also the most important zone of 
runoff generation, meaning that MeHg may be highly 
mobile as well as being produced at disproportionately 
high levels in lagg hotspots. Furthermore, because 
MeHg hotspots are close to the surrounding upland, 
impacts within the surrounding upland (e.g., forest 
management and land-use change) could have 
numerous consequences for MeHg production 
within peatlands and delivery MeHg to sensitive 
downstream aquatic ecosystems. Finally, an accurate 
understanding of location and strength of MeHg 
hotspots in the landscape is important from a 
mechanistic modelling perspective (Ambrose et al., 
2005; Branfireun et al., 1998).

5.9.4 Methylmercury Mobility

Only a few studies have investigated Hg transport 
pathways or transport rates within wetlands, although 
it is extremely important to understand how wetland 
export of Hg may affect downstream ecosystems. 
Wetlands are generally sinks for THg and sources of 
MeHg (Branfireun and Roulet, 2002; St. Louis et al., 
1996, 1994). The binding of Hg to OM in wetland soils 
results in only a small fraction of the total Hg pool 
being hydrologically mobile. Log KD (the logarithm 

5.9.2 Role of Sulphate

A few studies have tracked MeHg concentrations 
at the plot scale in peatlands over time, particularly 
in relation to the addition of SO4

2- (Branfireun et 
al., 2001, 1999; Mitchell et al., 2008b). All of these 
studies have shown that MeHg concentrations in pore 
water increase significantly and rapidly in response to 
SO4

2- inputs. Larger-scale, full-peatland experimental 
work in the southern boreal region in Minnesota has 
also shown a strong link between atmospheric SO4

2- 
deposition and MeHg production (Coleman-Wasik 
et al., 2012; Jeremiason et al., 2006). These longer-
term and larger-scale studies have confirmed many 
of the results found at the plot scale, particularly the 
positive relationship between SO4

2- deposition and 
MeHg accumulation (Jeremiason et al., 2006). Of 
greater practical and environmental policy importance 
are the findings of Coleman-Wasik et al. (2012), who 
demonstrated that MeHg concentrations decrease 
rapidly back to background levels (e.g., over 2–3 
years) after elevated SO4

2- deposition ceases. While 
the bioavailability of Hg is considered an important 
driver in the methylation process, these studies 
cumulatively demonstrate that sulphate-reducing 
bacteria play an important role in Hg methylation in 
peatland systems, that Hg methylation appears to be 
sulphate-limited in peatland systems, and that internal 
cycling of sulphur in peatland systems cannot support 
continuing accumulation of MeHg if SO4

2- deposition 
were to be further controlled.

5.9.3 Hotspots

Peatlands have been the focus of the various wetland 
types for most MeHg studies, likely because of the 
vast coverage of peatlands within Canada (Gorham, 
1991). In peatlands, biogeochemical hotspots for the 
production of MeHg occur primarily at ecosystem 
and hydrological interfaces (e.g., upland-wetland 
boundaries or areas of surface water-groundwater 
interaction). Hotspots are defined as “patches that 
show disproportionately high reaction rates relative to 
the surrounding matrix” (McClain et al., 2003). From a 
MeHg standpoint, authors have also at times equated 
hotspots with disproportionately high concentrations, 
although this interpretation should be taken with 
some caution. Branfireun et al. (1996) found areas 
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mobile than background Hg, this tracer study was 
the only one of its kind to irrefutably show substantial 
advective transport of MeHg and inorganic Hg via 
subsurface pathways in a wetland. The importance of 
surface versus subsurface hydrological pathways for 
movement within and out of wetlands has received 
little attention in Canada; however, subsurface 
pathways have been shown to be important in some 
wetlands in Sweden (Bishop et al., 1995a). Branfireun 
et al. (1996) found that surface water pathways were 
most important for MeHg flux from a peatland into an 
adjacent lake, with groundwater flow paths being of 
minor importance.

of soil-bound to pore water concentration) of THg is 
usually more (~4) than that for MeHg (~3), indicating 
that MeHg is more mobile than THg (Branfireun et 
al., 2005; Heyes et al., 2000). Branfireun et al. (2005) 
applied an enriched Hg tracer (99.2% 202Hg) to a 
littoral peatland at the ELA to assess its mobility and 
methylation. Tracer Hg rapidly travelled vertically 
to 10–15 cm depth (~1 day). Horizontal transport 
toward the adjacent lake was also observed but was 
slower and on the order of a few metres over several 
weeks. The tracer also methylated and moved beyond 
the tracer application area toward the adjacent 
lake within 3 months. Although tracer Hg was more 

TABLE 5.7  Summary of total mercury and methylmercury concentrations in peat soil, pore water, stream flow, pond 

water, surface water and sediment measured at Canadian study sites

Location, 
wetland type

Description of 
measurements

MeHg, ng L-1 or ng 
g-1 dry weight

THg, ng L-1 or ng g-1 
dry weight

% MeHg Reference

ELA, Ontario, 
peatland

Concentrations measured in 
peat soil samples obtained 
at multiple depths (1–44 cm 

below surface) before flooding

0.08–3.89 7.4–141.0 0.1–47.4 Rudd and 
St. Louis, 

unpublished 
data

ELA, Ontario, 
peatland

Peatland pore water 
concentrations measured 

in recharge, discharge, and 
lateral flow zones at multiple 

depths

0.03–7.26 – – Branfireun et 
al. (1996)

Concentration in stream base 
flow

(0.42) – –

Concentration in stream 
storm flow

(0.37) – –

ELA, Ontario, 
valley-bottom 
wetland 1

Range of mean annual stream 
flow concentrations  

(1990/91 to 1992/93)

0.117a 11.40a 1.0 St. Louis et al. 
(1996)

ELA, Ontario, 
valley-bottom 
wetland 2

0.249–0.355 6.26–11.35 2.2–5.7

ELA, Ontario, 
riverine wetland

0.081–0.145b 2.62–3.43b 3.1–4.2

ELA, Ontario, 
basin wetland

0.456–0.727 3.50–4.83 1.5–19.3

Beverly Swamp, 
southern Ontario, 
freshwater 
swamp

Concentrations measured 
in non-event stream flow 

across 5 sites

detection 
limit–0.47

0.01–7.37 1.7–19.6c Galloway and 
Branfireun 

(2004)

Concentrations measured in 
event stream flow across 5 

sites

detection 
limit–0.18

1.15–18.16 0.2–7.5c
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Cornwallis Island, 
Sommerset 
Island, and Bylot 
Island, Nunavut, 
wetland ponds

Concentrations measured in 
soil from 16 wetland sites

detection 
limit–0.32 (0.065)

10–250 (46) 0.01–1.04 
(0.18)

Loseto et al. 
(2004)

St. Francois Bay 
wetland, Quebec, 
riparian wetland

Concentrations measured in 
peat pore water to a depth of 

10 cm below the surface

detection limit–
1.94d

0.8–4e 1–95 Goulet et al. 
(2007)

Concentrations measured in 
sediment cores (0–10 cm 

below surface)

0.22–1.73d 24–54e 0.9–3.2f

ELA, Ontario, 
peatlands

Concentrations in peatland 
pore water (2.5–7.5 cm 

below water table) at W239

detection 
limit–7.62 (0.62)g

1.6–15.0 (5.5)g 0.3–59.9 
(15.9)g

Mitchell et al. 
(2008b)

Concentrations in peatland 
pore water (2.5–7.5 cm 

below water table) at W658

detection 
limit–2.78 (0.43)g

1.9–22.5 (8.4)g 0.5–32.4 (6.7)g

Laurentian region, 
Quebec, beaver 
impoundment

Concentrations measured 
in inlet stream flow of 17 

beaver ponds

< 0.03–3.15 (0.42) 0.57–3.43 (1.60) 26h Roy et al. 
(2009)

Concentrations measured 
in outlet stream flow of 17 

beaver ponds

0.10–4.53 (1.19) 0.92–6.55 (2.53) 47h

Minas Basin, 
Nova Scotia, 
coastal marshes 
and intertidal 
mudflats

Concentrations measured 
in non-vegetated intertidal 

mudflat sediments

(0.0027) 0.5–23.7 0.008–0.14 O’Driscoll et al. 
(2011)

Concentrations measured 
in coastal wetland mineral 

sediments

0.014–0.715 
(0.249)

1.2–50 (17.4) 0–2.9 (0.9)

Ellesmere Island, 
Nunavut, wetland 
ponds

Concentrations measured in 
unfiltered pond water from 2 

different ponds; 2005 data

0.04–1.5 0.4–3.7 4–53 Lehnherr et al. 
(2012a,b)

Barrie, Ontario, 
temperate marsh

Concentrations measured 
in natural wetland surface 

water

0.20–0.29 0.45 to 0.52 36–58 Sinclair et al. 
(2012)

Concentrations measured in 
natural wetland sediment

1.4–1.5 49.9–94.9 1.4–3.0

a 1990/1991 mean annual concentration.
b 1990/1991 and 1991/1992 mean annual concentrations.
c % MeHg calculated using mean MeHg and THg concentrations for each site.
d Concentrations originally reported in units of pmol g-1 and pmol L-1 (1 pmol MeHg ≈ 0.216 ng MeHg).
e Concentrations originally reported in units of pmol g-1 and pmol L-1 (1 pmol THg ≈ 0.201 ng THg).
f % MeHg was not reported in the original study and so is estimated here based on the minimum and maximum values for MeHg and THg concentrations.
g Median values are given in brackets.

h % MeHg was not reported in the original study and so is estimated here based on the mean MeHg and THg concentrations.

TABLE 5.7  Continued

Location, 
wetland type

Description of 
measurements

MeHg, ng L-1 or ng 
g-1 dry weight

THg, ng L-1 or ng g-1 
dry weight

% MeHg Reference
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5.10.1 Small Canadian Catchments

Total Hg and MeHg yield studies from wetland-
dominated watersheds or coastal wetlands in Canada 
are few. It remains difficult to reliably estimate 
the significance of MeHg produced in wetlands 
to downstream aquatic ecosystems in many 
Canadian landscapes. Published daily MeHg yields 
from peatland-dominated watersheds range from 
approximately 2.7 to 15 mg ha-1 per day (Branfireun et 
al., 1996; Mitchell et al., 2008a; St. Louis et al., 1994) 
but can be larger (14–35 mg ha-1 per day; Mitchell et 
al., 2008b) over short and intense hydrological periods 
such as spring snowmelt. From a hardwood swamp 
in southern Ontario, Galloway and Branfireun (2004) 
found a similar MeHg yield of ~5 mg ha-1 per day.

One exception to the paucity of small catchment 
THg and MeHg yield studies is that by St. Louis et 
al. (1996), which determined the source-sink status 
of 4 terrestrial boreal forest catchments containing 
different types of wetlands (purely upland, valley-
bottom, headwater/basin, and riverine). Average 
THg yields from the 4 catchment types ranged 
between 0.68 and 2.1 μg m-2 yr-1 (Table 5.8). All 4 
catchment types studied were sinks for THg, and the 
range of net THg retention among catchments was 
small (1.9–3.7 μg m-2 yr-1) (Figure 5.13). Average 
MeHg yield from the purely upland catchment was 
0.008 μg m-2 yr-1. This catchment was consistently 
a sink for MeHg, with most (~80%) of the MeHg 
that entered the catchment being either stored or 
demethylated (Figure 5.13). Thin upland soils at the 
ELA tend to be aerobic and, therefore, may favour 
demethylating bacteria rather than methylating 
bacteria, which require anaerobic environments. 
Wetland areas were identified as important sources of 
MeHg to downstream ecosystems. In contrast to THg, 
different wetland types exhibited large and consistent 
differences in their MeHg source strength, which 
may have been related to differences in the internal 
hydrology of the wetlands. The catchment containing 
a basin wetland was the largest source of MeHg 
(average yield of 0.185 μg m-2 yr-1), even during a low 
water yield year (1990/91, Figure 5.13). The riverine 
wetland catchment showed the lowest yields of MeHg 
(0.022 μg m-2 yr-1) because of inflow of lake water 
with low MeHg concentrations from an upstream 

5.10 SMALL CATCHMENT 
AND LARGE RIVER EXPORTS 
OF TOTAL MERCURY AND 
METHYLMERCURY
The magnitude and dynamics of THg and MeHg 
export at the catchment-scale effectively represent 
the combined influence of atmospheric, hydrological, 
and biogeochemical processes in the various 
compartments discussed in previous sections  
(e.g., vegetation, soils, and runoff) and different 
landscape units (e.g., wetlands and uplands).  
A catchment’s status as a source or a sink of THg  
or MeHg depends on its input-output mass balance. 
For example, when there is less THg leaving a 
catchment in stream water than all the measured 
inputs to the watershed, the catchment is classified  
as a sink for THg. Calculating catchment THg and 
MeHg yields (mass of Hg per unit catchment area  
per unit time) are an effective way of comparing 
the source/sink status of different catchments. For 
example, average annual yields of THg reported for 
Canadian watersheds (Table 5.8) range from 0.09 
μg m-2 yr-1 (Nelson River) to 5.17 μg m-2 yr-1 (Yukon 
River). These relatively small ranges in THg yield 
indicate of similar source strengths for different 
landscapes across Canada. Likewise, MeHg yields 
(Table 5.8) ranged from 0.006 μg m-2 yr-1 (Lake 
240 basin at the ELA) to 0.125 μg m-2 yr-1 (Churchill 
River). Comparisons of THg and MeHg yields between 
different landscape units provide more detailed 
information on the role of these units in MeHg 
production and mobility. Yields of MeHg depend 
on the proportion of wetland area in catchments 
(St. Louis et al., 1996). Mass balance studies, from 
which the net yield of MeHg from wetland-dominated 
watersheds can be calculated, are more reliable in 
determining a wetland’s role in MeHg production 
than the observation of elevated concentrations.  
In the following 2 sections, Canadian studies that 
have estimated THg and MeHg yields for small 
catchments containing wetlands and major rivers  
are reviewed.



268

Canadian Mercury Science Assessment – Chapter 5

TABLE 5.8  Annual methylmercury and total mercury exports and yields from small Canadian catchments and major 

Canadian rivers

Catchment/ 
river basin

Average annual 
export, mg yr-1

Average annual yield, 
μg m-2 yr-1

Water or 
calendar 
year(s)

Watershed 
area, km2

Reference

MeHg THg MeHg THg

Lake 240 basin 43 2 237 0.006 0.31 1990/91 7.23 St. Louis et al., 
1994

Upland 0.43 93 0.008 1.63 1990/91–
1992/93

0.057 St. Louis et al., 
1996

Valley-bottom 
wetland 1

43 3 010 0.025 1.80 1990/91 1.703 St. Louis et al., 
1996

Valley-bottom 
wetland 2

32 1 160 0.058 2.10 1990/91–
1992/93

0.553 St. Louis et al., 
1996

Riverine wetland 178 5 571 0.022 0.68 1990/91–
1991/92

0.981a St. Louis et al., 
1996

Headwater/ basin 
wetland

74 562 0.185 1.40 1990/91–
1992/93

0.402 St. Louis et al., 
1996

Zero Order 
Upland 1

0.07–0.15 9.6–
21.2

0.0122–
0.0268c

1.73–
3.81d

1993–1994b 5.55 × 106 Allan et al. 2001

MeHg, kg 
yr-1

THg, 
kg yr-1

MeHg, μg 
m-2 yr-1

THg, μg 
m-2 yr-1

St. Lawrence No data 1 189 No data 0.89 1995–1996 1.30 × 106 Quémerais et al., 
1999; Schuster 
et al., 2011 and 

refs therein

Churchill 4 37 0.125 1.16 2003–2005 3.20 × 104e Kirk et al., 2009

Nelson 9 113 0.007 0.09 2003–2005 1.32 × 106f Kirk et al., 2009

Yukon N/C 4 372 N/C 5.17 2001–2005 8.50 × 105 Schuster et al., 
2011 and refs 

therein

Mackenzie 15g 2 167 0.008g 1.28 2003–2005 1.71 × 106 Leitch et al., 
2007; Schuster 
et al., 2011 and 

refs therein

a Total watershed area above the riverine wetland outflow is 8.211 km2 (Lake 240 watershed of 7.23 km2 + riverine wetland watershed of 0.981 km2).
b Based on 2 events in August 1993 and September 1994.
c The authors calculate this range by multiplying the annual minimum and maximum runoff coefficient by the annual precipitation deposition and the mean 
volume-weighted Hg concentration.
d The authors provide minimum and maximum data for MeHg and non-methylated Hg. Data for THg calculated assuming that THg is the sum of MeHg and 
non-methylated Hg.
e Watershed area diverted to the Nelson River (derived from the National Atlas of Canada) subtracted to obtain the Churchill watershed area.
f Diverted watershed area from the Churchill River watershed (derived from the National Atlas of Canada) added to the Nelson River watershed area.
g Filtered MeHg only.

N/C – not calculated
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significant in coastal zones where it can be laterally 
and vertically transported to marine water columns 
and sediments (see Chapter 6). Differences in Hg yield 
(Table 5.8) range over an order of magnitude among 
the large Canadian rivers, discussed below. In their 
comparison of the relatively high-Hg yield from the 
Yukon River with other large rivers in North America, 
Schuster et al. (2011) suggested several reasons 
for the differences, including (1) different rates of 
atmospheric deposition over the drainage basins, 
(2) higher Hg concentrations in drainage basins with 
thawing permafrost, (3) lower Hg concentrations 
for rivers with flow control structures that can trap 
particulate Hg, (4) higher Hg concentrations in rivers 
that receive glacial meltwater inputs, and (5) low Hg 
concentrations as a result of infrequent sampling that 
misses high-flow periods that transport the majority 
of Hg.

5.10.2.1 Mackenzie River

The Mackenzie River is the second largest river 
in Canada (mean discharge ~10 300 m3 s-1) and 
transports the heaviest sediment load of any river 
flowing into the Arctic Ocean. The strong seasonality 
of the Mackenzie River flow, its large and diverse 
watershed (1.71 × 106 km2), and the effects of ice 
and large floodplain areas combine to determine Hg 
export to the Arctic Ocean. The Mackenzie River has 
a seasonal flow pattern that is unique to large north-
flowing rivers. During the winter period (October 

lake (Lake 240). Valley-bottom wetland catchments 
1 and 2 showed average MeHg yields of 0.025 and 
0.058 μg m-2 yr-1, respectively. Both catchments were 
net sinks for MeHg during the low water yield year 
(Figure 5.13), but valley-bottom wetland catchment 
2 became a net source of MeHg during the following 
2 years of relatively high water yields (1991/92 and 
1992/93). These findings illustrate that, although 
wetlands are sources of MeHg, this does not mean 
that every catchment containing a wetland is annually 
a net MeHg source. Whole catchment budgets depend 
on the relative proportions of uplands and wetlands 
within the catchment and on year-to-year variability in 
hydrology, because upland areas are sinks for MeHg.

5.10.2 Major Canadian Rivers

In Canada, rivers flow into 5 marine systems: the 
Pacific, Arctic, and Atlantic oceans, Hudson Bay, 
and the Gulf of Mexico. While there are few data 
on riverine export of Hg, some studies have been 
conducted on Canadian rivers: the Nelson and 
Churchill Rivers, which drain into western Hudson 
Bay; the Mackenzie and Yukon Rivers, which drain 
into the Arctic Ocean; and the St. Lawrence River, 
which drains into the Atlantic Ocean (Figure 5.14). 
These are some of the largest rivers in Canada, 
accounting for approximately 30% of the 106 136 
m3 s-1 mean annual river discharge in Canada 
(Environment Canada, 1993). Although atmospheric 
deposition is the main source of Hg to the open 
ocean (Mason et al., 2012), Hg of terrestrial origin is 

FIGURE 5.13  Annual net retention of total mercury (THg, a) and net output of methylmercury (MeHg, b) for a purely 
upland catchment and for 4 catchments containing 3 different types of wetland. Details of the inputs and outputs to 
the catchments are presented in St. Louis et al. (1996).
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in the lower Mackenzie River is predominantly 
particle-bound (73–87%), and concentrations are 
approximately 2 to 8 times higher than during winter 
low flow. During this high-flow period, delta floodplain 
areas at the mouth of the river are inundated with 
river water due to in-channel ice jamming. There is 
preliminary evidence that temporary storage of water 
in the delta floodplain may affect export of THg and 
MeHg to the Arctic Ocean via processes including 
sedimentation and Hg methylation (Graydon et al., 
2009a). After the ice clears and river discharge peaks 
in June, runoff within the Mackenzie River basin 
originates from lower in the soil profile, and erosion 
decreases as river velocities and water levels decline. 
Consequently, Hg and MeHg concentrations decline 
rapidly late in the open-water season (Graydon et al., 
2009a; Leitch et al., 2007).

The geography, hydrology, and climate of the 

to May), the river is at a low-flow state because its 
basin is covered with snow and ice and releases 
little surface runoff. During this time, concentrations 
of both THg (filtered: 1.0 ± 0.9 ng L-1, unfiltered: 7.8 
± 6.3 ng L-1) and MeHg (filtered: 0.02 ± 0.01 ng L-1, 
unfiltered: 0.04 ± 0.01 ng L-1) are generally low in 
the downstream reaches of the river (Graydon et al., 
2009a).

In spring, thaw progresses south to north in the 
Mackenzie River basin. Tributaries draining the 
montane, western portions of the basin, flow intensely 
during this period and deliver large quantities of 
suspended rock and soil material to the Mackenzie 
River. These mountain tributaries can have up to 2 
times higher particle-bound Hg concentrations than 
the Mackenzie River upstream of their confluences 
(Leitch et al., 2007). With this tributary water 
and effects of in-channel ice scour included, Hg 

FIGURE 5.14  Map showing the 5 ocean drainage areas in Canada and the major river basins, including the 5 
discussed in this section (Natural Resources Canada, 2007).
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concentrations of particulate and dissolved THg and 
MeHg in waters of the upper Yukon River and its 
tributaries during spring and summer 2004 (Halm 
and Dornblaser, 2007). Despite large variability in the 
filtered/particulate THg ratios among sites along the 
river, on average, THg concentrations were equally 
partitioned between the dissolved and particulate 
fractions (49 ± 28%, n = 32). However, the observed 
range in particulate THg (<0.06–26.3 ng L-1) was 
much higher than that for the dissolved fraction 
(0.3–6.4 ng L-1). High variability of THg measurements 
reflects their association with particulate matter in the 
river, which follows a highly variable, seasonal pattern 
(Figure 5.15). Suspended sediment in the Yukon 
River and its tributaries was primarily composed of 
inorganic material, with OC representing less than 
5% of suspended particle concentrations. However, 
for a subset of tributaries where POC concentrations 
in water were available, POC was strongly correlated 
with both suspended sediment (r2 = 0.92, p < 0.001) 
and particulate THg (r2 = 0.83, p < 0.001). Particulate 
MeHg trends could not be determined because very 
few samples were above the analytical detection limit 
of 0.07 ng L-1.

Dissolved THg and MeHg were not correlated with 

Mackenzie River create an extremely challenging 
environment for accurate measurement of river flow 
and associated estimates of riverine Hg export. At 
present, there are few estimates of THg and MeHg 
export from the Mackenzie River. Leitch et al. (2007) 
calculated an annual export of 2 900, 1 200 and 2 400 
kg yr-1 of THg in 2003, 2004, and 2005, respectively 
and an annual export of 22 and 7 kg yr-1 of MeHg in 
2003 and 2004, respectively. Graydon et al. (2009) 
calculated 2.5-month export estimates (June to 
August 2004) of 1 200 kg THg and 8 kg MeHg. 
Revised estimates of THg and MeHg export from the 
Mackenzie River are expected in the near future; these 
will be based on advanced river modelling and more 
comprehensive seasonal sampling of the Mackenzie 
River (Northern Contaminants Program, 2013).

5.10.2.2 Yukon River

The Yukon River drains the fourth largest watershed 
in North America (8.5 × 105 km2), flowing from its 
upper reaches in British Columbia and Yukon into 
Alaska,United States, where it discharges into the 
Bering Sea (mean discharge ~6400 m3 s-1).

The United States Geological Survey measured 

FIGURE 5.15  Relationships between log-transformed concentrations of suspended sediment and particulate and 
dissolved total mercury (left panel) and of dissolved organic carbon and dissolved total mercury (right panel) in river 
water of the upper Yukon River basin (Halm and Dornblaser 2007).
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River was particulate-bound (39% ± 23%), which 
likely reflects high sediment loads from large regions 
of cropland in the Nelson River catchment, as well 
as bank erosion due to high flows post-diversion for 
hydrological power production. In the Churchill River, 
however, most THg was in dissolved form (78 ± 15%) 
and is likely DOC-bound Hg originating in surrounding 
wetlands. In fact, both the Nelson and Churchill Rivers 
had high DOC concentrations and were therefore 
large exporters of DOC to Hudson Bay (1 480 ± 723 
× 103 and 392 ± 309 × 103 tonnes yr-1, respectively). 
Despite higher Hg concentrations and yields in the 
Churchill River, average THg and MeHg exports to 
Hudson Bay from the Churchill River (37 ± 28 kg 
and 4 ± 4 kg yr-1, respectively) were less than half of 
exports from the Nelson River (113 ± 52 kg and 9 ± 4 
kg yr-1) because of differences in flow (Table 5.8).

5.10.2.4 St. Lawrence River

The St. Lawrence River is the primary conduit for 
drainage of the Great Lakes Basin. The river receives 
water primarily from the outflow of Lake Ontario and 
the Ottawa River and drains into the estuary (mean 
discharge ~10 100 m3 s-1) and Gulf of St. Lawrence. 
Quémerais et al. (1999) sampled the St. Lawrence 
River at Québec City 79 times during 1995–1996 
and reported concentrations of filtered (dissolved) 
and particulate THg. MeHg was not measured during 
this study. Average dissolved and particulate THg 
concentrations were 0.6 and 2.3 ng L-1, respectively, 
and were within the range of concentrations reported 
for other relatively unaffected rivers in North 
America and Europe (Quemerais et al., 1999). Using 
THg concentration data (Quemerais et al., 1999), 
water export data (Benke and Cushing, 2005), and 
watershed area data from Natural Resources Canada 
(2011), Schuster et al., (2011) estimated that the St. 
Lawrence River exported 1 189 kg of THg annually 
and that the river basin yield for THg was 0.89 μg m-2 
yr-1 (Table 5.8).

suspended sediment concentration in the upper Yukon 
River and its tributaries. Rather, dissolved THg and 
MeHg were associated with DOC from the watershed 
(Figure 5.15, right panel). River water DOC ranged 
widely from 0.8 to 20.6 mg L-1 among stations and 
explained 27% of the variation in dissolved THg. 
This is similar to recent findings of large seasonal 
variability in DOC concentrations in the river (Wickland 
et al., 2012). Dissolved MeHg concentrations 
(maximum concentration of 0.11 ng L-1) were 
positively correlated with DOC (Spearman rho = 0.58, 
p < 0.001) and were only above analytical detection  
in high-DOC waters, ranging between 6.9 and  
20.6 mg L-1).

Schuster et al. (2011) measured particulate and 
dissolved THg near the mouth of the Yukon River at 
Pilot Station, Alaska, between 2001 and 2005 during 
ice cover and open-water conditions. The authors 
calculated a 5-year mean annual flux of THg of 
4 372 kg yr-1, which had 8% dissolved THg and 92% 
particulate THg fractions. Compared with other large 
Canadian rivers, the Yukon River had the highest yield 
of THg from its watershed (Table 5.8).

5.10.2.3 Churchill and Nelson Rivers

Annual exports of Hg were determined for 2 Canadian 
sub-Arctic rivers, the Nelson and the Churchill, that 
flow into Hudson Bay (Kirk and St. Louis, 2009). In the 
1970s, roughly 75% of flow from the Churchill River 
was diverted into the Nelson River for hydroelectric 
power development. In recent years, discharge 
from the Nelson River (3 550 m3 s-1) has been about 
7 times that from the Churchill River (550 m3 s-1) 
(Kirk and St. Louis, 2009). Based on continuous 
measurements from 2003 to 2007, THg and MeHg 
concentrations were low in the Nelson River (mean 
± standard deviation: 0.88 ± 0.33 and 0.05 ± 0.03 
ng L-1, respectively) but higher in the Churchill River, 
particularly for MeHg (1.96 ± 0.8 and 0.18 ± 0.09 ng 
L-1, respectively). After subtracting watershed area 
diverted to the Nelson River, THg and MeHg yields 
from the Churchill River were 1.16 and 0.125 μg m-2 
yr-1, respectively. Yields of THg and MeHg from the 
Nelson River system (with diverted area added; 0.09 
and 0.007 μg m-2 yr-1, respectively) were lower than 
for the Churchill. A large portion of THg in the Nelson 
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Research in western Canada on the effects of wildfires 
has shown that smoldering of thick peat layers could 
result in high THg and particulate Hg losses from the 
soil landscape due to re-emissions. However, in the 
absence of losses due to burning, once Hg reaches 
the ground surface through litterfall and throughfall, 
it is slowly incorporated into the soil profile through 
leaching and litter decomposition processes. Research 
at the ELA has found that the Hg sink-source status 
of decomposing litter depends on tissue type and 
initial THg concentration. Furthermore, METAALICUS 
research has shown that the propagation of newly 
deposited Hg through boreal soils to freshwater 
ecosystems is delayed relative to historically 
deposited Hg. In the short-term, newly deposited Hg 
is retained in litter and near-surface organic soils, and 
very little is transported in runoff. The gradual export 
of Hg historically stored in terrestrial soils is expected 
to delay the full reduction of MeHg concentrations in 
fish in response to emissions reductions.

The retention and mobility of Hg in soils could 
be affected by changes in climate that affect soil 
decomposition rates and hydrological flow. Canadian 
studies focused on the hydrological controls on Hg 
mobility in upland soils have shown that seasonal  
and interannual variability in hydroclimatic conditions 
(e.g., soil wetness and magnitude of stormflow) 
produce variable mass flux of THg from headwater 
catchments. As well, the mass flux of THg and MeHg 
depend in part on the flow pathways that water 
follows through watersheds; for example, surface flow 
over saturated depressions or subsurface flow through 
well-drained slopes. Mercury research in Canadian 
wetlands has contributed significant knowledge 
regarding the importance of wetlands as sites of MeHg 
production and export on the landscape. Studies at the 
ELA have shown that hotspots of MeHg production in 
wetlands occur primarily at ecosystem or hydrological 
interfaces; for example, at upland-wetland boundaries 
or areas of surface water-groundwater interaction. 
Canadian plot-scale wetland studies have also shown 
that Hg methylation is sulphate-limited. At larger 
catchment scales, Canadian studies have shown that, 
although wetlands are important sources of MeHg, 
not every catchment containing a wetland will be an 
annual net MeHg source. Rather, whole catchment 
MeHg budgets depend on the relative proportions of 
uplands and wetlands within the catchment and on 

5.11 SUMMARY AND KEY 
KNOWLEDGE GAPS
The goal of this chapter was to describe the current 
state of knowledge of the transport, transformation, 
and fate of Hg in undisturbed terrestrial ecosystems 
in Canada. In following a molecule of Hg through 
the different ecosystem compartments of a typical 
Canadian watershed, this chapter has illustrated 
the complexity of upland and wetland Hg cycling, 
both in terms of our ability to accurately measure 
Hg concentrations and fluxes in different ecosystem 
compartments and in terms of our understanding of 
the natural processes that govern these variables. 
While considerable terrestrial Hg research has been 
conducted in Canada, this chapter has demonstrated 
that much of it has been focused in specific regions; 
hence, we lack a full understanding of how upland 
and wetland Hg cycling varies across Canada. 
In this final section, the significant findings and 
knowledge gaps brought forward in this chapter  
are summarized.

5.11.1 Summary of Significant Findings

Vegetation acts as a conduit for Hg to travel from 
the atmosphere to watershed litter, soils, and 
runoff. Research from the METAALICUS study at 
the ELA has shown that terrestrial vegetation can 
retain atmospherically deposited Hg up to several 
years, depending on species type. This research 
has also shown that the largest percentage loss of 
newly deposited Hg from canopy vegetation is from 
photoreduction and re-emission to the atmosphere, 
followed by litterfall and throughfall fluxes, and 
longer-term retention in the forest canopy. Snowpacks 
are also important temporary pools of Hg on most 
Canadian landscapes in the winter. Canadian research 
has shown that the photo-induced reduction of 
Hg2+ to volatile Hg0 is an important process that 
can rapidly decrease Hg levels in snow packs after 
deposition. However, research in the boreal forest in 
Quebec has shown that canopy vegetation hampers 
the volatilization of Hg0 from snowpacks by reducing 
photoreduction through shading and decreased  
wind ventilation.
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wetlands, and upstream lakes) (Chapter 5). Once Hg 
is in a lake, 2 overarching processes, which combine 
various biotic and abiotic mechanisms, are primarily 
responsible for the biogeochemical transformations of 
Hg.

These processes are as follows:

Oxidation and reduction processes 
(e.g., Hg0 D Hg2+) [6.1]

Methylation and demethylation processes
(e.g., Hg2+ D MeHg) [6.2]

These can be simplified as:
Hg0 D Hg2+ D MeHg [6.3]

It is important to highlight that MeHg is produced 
primarily from Hg2+, not Hg0, through the addition 
of a methyl group by micro-organisms (mostly 
bacteria and archaea) capable of methylating Hg2+. 
However, the balance among these biogeochemical 
transformations determines the net production 
and accumulation of MeHg in freshwater aquatic 
ecosystems, and hence the ultimate concentrations of 
MeHg available for bioaccumulation in organisms and 
biomagnification through food webs (Figure 6.1).

In this chapter, the processes that lead to the net 
production of MeHg in Canadian aquatic ecosystems 

6.1 INTRODUCTION
Every province and territory in Canada has had to 
issue consumption advisories to sports fishers and 
First Nations communities that rely on freshwater 
fishes as a nutritious food source because of 
concentrations of methylmercury (MeHg) that 
exceed the 0.5 mg kg-1 limit set by Health Canada. 
MeHg is the form of Hg of most concern to human 
health because it is a strong vertebrate neurotoxin, 
which also affects the cardiovascular, immune, 
and endocrine systems (Chapter 14). MeHg 
bioaccumulates in organisms and biomagnifies in 
concentration as it moves up the food chain. Human 
exposure to this toxin is primarily through the 
consumption of fish and seafood. The net amount 
of MeHg in aquatic ecosystems determines the 
concentration of MeHg to which organisms at the base 
of aquatic food webs, such as primary producers, are 
exposed. Consumption of these organisms by grazers 
and higher trophic-level organisms initiates the 
biomagnification of MeHg through food webs.

MeHg may be produced in aquatic ecosystems, or 
may enter these systems via precipitation (Chapter 
4) or runoff from surrounding watersheds (Chapter 
5). Elemental Hg (Hg0), divalent inorganic Hg (Hg2+), 
and MeHg can all enter lakes via the atmosphere and 
in runoff from the surrounding catchment (uplands, 

FIGURE 6.1  Schematic of major transformations and pathways in the mercury cycle for Canadian freshwater 
ecosystems.
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6.1.1 Concentrations of Mercury in 
Unimpacted Canadian Freshwater 
Ecosystems

In Table 6.1, the concentrations of unfiltered total Hg 
(THg, including all forms of Hg in a sample) and MeHg 
found in selected unimpacted Canadian freshwater 
ecosystems are listed (see study locations in Figure 
6.2). Concentrations of THg are typically very low (i.e., 
on average below 5 ng L-1) but can be higher in major 
river systems with high sediment loads, such as in the 
Mackenzie River (Northwest Territories) and Peel River 
(Yukon) (also see Chapter 5). Concentrations of MeHg 
are also typically low in these unimpacted freshwater 
ecosystems (i.e., on average below 0.10 ng L-1). 
However, wetlands are known sites for microbial 
MeHg production, and both wetlands and lakes with 
significant wetlands in their watersheds can have 
much higher concentrations of MeHg. The percentage 
of the THg in the form of MeHg (%MeHg) also can be 

are discussed. The chapter begins with a review of 
photomediated reduction (section 6.2.1) and oxidation 
(section 6.2.2), as these processes first affect the 
fate of Hg entering a freshwater system, as well as 
MeHg photodemethylation (section 6.2.3) and mercury 
photochemical processes in different types of aquatic 
ecosystems (section 6.2.4). Next, the processes of 
Hg2+ uptake, methylation, and demethylation are 
discussed (section 6.3), including cellular uptake of 
Hg2+ by microbes capable of methylating Hg2+ (section 
6.3.3), the environmental factors that affect net MeHg 
production (section 6.3.4), sites of MeHg production in 
freshwater systems (section 6.3.5), and the reductive 
and oxidative processes of MeHg demethylation 
(section 6.3.6). After discussing the major processes 
involved in the net production of MeHg, we review 
mass balance studies of MeHg production (section 
6.4). This chapter concludes with a discussion of 
future research directions that will improve our 
understanding of net MeHg production in freshwater 
ecosystems in Canada (section 6.5).

FIGURE 6.2  Map of Canadian freshwater sites that have been sampled for concentrations of mercury species  
(see also Table 6.1).
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5%, but can exceed 25% in freshwater ecosystems 
with significant amounts of wetlands associated with 
them (Table 6.1).

used as a general gauge of net MeHg production in 
freshwater ecosystems. The %MeHg in unimpacted 
Canadian freshwater ecosystems is typically below 

TABLE 6.1  Mean surface water concentrations of total mercury and methylmercury in representative Canadian 
rivers, streams, lakes, and wetlands

Location Date n  pH, mean
± SD

DOM,
 mean ± SD or

range
mg L-1

 Unfiltered concentration,
mean ± SD or range

ng L-1

 % MeHg,
 mean or

range
Source

MeHg THg

Rivers and streams

Yukon River, YT 2004 3 7.9 ± 0.1 2.8 ± 1.8 <0.04 2.2 ± 2.4 <2 1

Yukon River
tributaries, YT

2004 14 7.8 ± 0.2 5.1 ± 5.1 <0.04–0.11 1.5 ±1.2 <2–7 1

Mackenzie River, NT 2003–05 37 0.09 ± 0.03 7.0 ± 4.3 1.3 2,3

Mackenzie River, NT 2007–10 6 0.08 ± 0.05 13.8 ± 8.0 0.6 4

Mackenzie River
tributaries, NT

2003–05 20 6.3 ± 2.9 2

Peel River, NT 2007–10 1 0.13 ± 0.12 18.8 ± 12.2 0.7 4

Cornwallis Island
streams, NU

1994–2006 7 8.2 ± 0.1 1.5 ± 1.1 0.07 ± 0.06 1.2 ± 1.1 5.8
5,6,7

Ellesmere Island
streams, NU

2005 4 0.04 ± 0.03 1.1 ± 0.7 3.6 8

Devon Island river, NU 2006 1 8.0 0.9 0.05 0.2 25 5

Churchill River, MB 2003–07 33 20.5 0.18 ± 0.09 2.0 ± 0.8 9 9

Nelson River, MB 2003–07 63 15.1 0.05 ± 0.03 0.9 ± 0.3 5.6 9

 North Saskatchewan
River, AB

27 0.06 ± 0.05 1.54 ± 2.63 5.0 9

Large rivers in
Nunavik, QC

2005–07 3 1.1 ± 0.1 10

Baker Lake outflow, NU 2005–07 1 0.72 10

Lakes

Cornwallis Island, NU 2002–07 18 8.1 ± 0.1 1.1 ± 0.6 0.04 ± 0.01 0.6 ± 0.3 6.7
 6,7, 11,
12, 13

Devon Island, NU 2006 6 8.3 ± 0.3 2.0 ± 1.6 0.04 ± 0.02 0.5 ± 0.2 8.0 11

Somerset Island, NU 2005–07 1 7.8 0.5 0.02 0.7 2.9
 11, 12,

13

Ellesmere Island, NU
 2003,

2005–07
25 8.2 ± 0.4 2.8 ± 2.7 0.05 ± 0.03 0.9 ± 0.5 5.6

 8, 12, 13,
14

Kent Peninsula, NU 2005–07 3 4.6 ± 2.1 0.5 ± 0.1 12, 13

Victoria Island, NU 2005–07 1 5.6 0.6 12, 13

Mackenzie Valley, NT 1998–2002 18 8.1 ± 0.4 11.5 ± 5.4 0.07 ± 0.04 1.8 ± 0.7 3.9 15

Mackenzie Delta, NT 2004, 2010 6 0.10 ± 0.05 2.3 ± 0.6 4.3 3, 4

Kusawa Lake, YT 2008–11 10 7.4 ± 0.1 1.2 ± 0.5 ND 0.6 ± 0.2

Frozen Ocean, NS 2005 1 4.9 5.6 4.8 16, 17

Pebbleloggitch, NS
2000, 2005

2010
2
3

4.4 ± 0.1
4.6 ± 0.1

7.08 ± 0.03
13.07 ± 4.09

0.09 ± 0.01
0.06 ± 0.01

4.2 ± 0.9
4.6 ± 0.3

2.1
1.3

 16, 17,
18
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Big Red, NS 2005 1 4.2 13.1 0.26 7.4 3.5 16

Big Dam East, NS
2005
2009

1
3

5.9
6.2 ± 0.1

2.9
4.45 ± 0.83

0.04
0.02 ± 0.20

2.8
1.5 ± 0.2

1.4
1.3

16, 18

Peskawa, NS 2005 1 4.7 4.1 0.09 3.8 2.4 16

Big Dam West, NS
2000, 2005

2010
2
3

5.2 ± 0.1
5.1 ± 0.2

5.6
12.63 ± 5.43

0.1 ± 0.01
0.06 ± 0.05

4.0 ± 1.5
4.6 ± 1.5

2.5
1.3

 16, 17,
18

Peskowesk, NS
2005
2010

1
3

4.8
5.0 ± 0.2

3.6
6.9 ± 1.1

0.11
0.02 ± 0.01

2.7
3.4 ± 0.5

4.1
0.5

16, 17

North Cranberry, NS
2000, 2005

2010
2
3

5.1 ± 0.01
5.5 ± 0.1

2.9 ± 0.01
4.33 ± 0.24

0.11 ± 0.02
0.05 ± 0.02

1.51 ± 0.6
1.2 ± 0.3

7.3
4.2

 16, 17,
18

Beaverskin, NS
2000, 2005

2010
2
3

5.3 ± 0.05
5.8 ± 0.04

2.2 ± 0.01
2.83 ± 0.34

0.05 ± 0.01
0.01 ± 0.005

1.1 ± 0.6
0.9 ± 0.2

4.5
1.1

 16, 17,
18

Puzzle, NS
2005
2010

1
3

5.3
5.7

2.9
3.90

0.03
0.03 ± 0.03

0.9
1.1 ± 0.3

3.3
2.7

16
17

Grafton, NS 2005 1 5.9 4.1 4.3 16

Kejimkujik Lake, NS 2008–11 8 5.1 ± 0.3 12.5 ± 4.5 0.12 ± 0.06 6.8 ± 3.8 1.8 25

Nunavik, QC 2005–07 2 1.2 ± 0.7 3.2 ± 0.03 12, 13

Lac Edouard, QC 2009–11 8 6.2 ± 0.1 6.2 ± 0.9 0.06 ± 0.04 2.2 ± 0.2 2.7 12, 13

Lac Ouescapis, QC 2010–11 4 7 ± 0.1 7 ± 0.3 ND 2.4 ± 0.4 12, 13

Blanc, QC 2005 5.2 6.0 0.17 2.31 7.4 19

Pyrole, QC 2005 5.7 7.1 0.57 3.25 17.5 19

Marois, QC 2005 7.5 3.3 0.06 0.44 13.6 19

Morency, QC 2005 7.4 3.5 0.04 0.63 6.3 19

Parker, QC 2005 6.9 10.5 0.22 3.35 6.6 19

Pin Rouge, QC 2005 6.9 6.8 0.11 1.96 5.6 19

St. George, QC 2005 8.1 7.6 0.06 1.37 4.4 19

Waterloo, QC 2005 7.5 8.0 0.09 1.63 5.5 19

Harp Lake, ON 2008–11 2 6.5–7 5.4–6.6 ND 0.73–1.43 25

Mary Lake, ON 2008–11 5 6.8 ± 0.2 5.5 ± 0.4 0.04 ± 0.01 1.5 ± 0.3 2.7 25

Opeongo Lake, ON 2010–11 4 7 ± 0.04 5.4 ± 0.3 ND 1.8 ± 1.1 25

Peninsula Lake, ON 2008–11 6 7.1 ± 0.2 11.1 ± 7.4 ND 0.7 ± 0.1 25

Winnange Lake, ON 2009–11 5 7 ± 0.1 3.8 ± 0.7 ND 0.59 ± 0.1 25

Lake 240, ELA, ON 1990–92 >20 6.9 580 0.05 ± 0.01 1.7 ± 0.8 2.8 20

Lake 658, ELA, ON 2001–09 80 0.15 ± 0.076 1.86 ± 0.861 20

Southern
Saskatchewan Lakes

2006–07 8 9.0±0.4 30.5±12.5 0.61±0.64 4.42±7.21
 19.9 ±

11.4
21

Granite Lake, SK 2010–11 4 7.7±0.03 11.9 ± 1.1 0.8 ± 0.4 25

Buffalo Lake, AB 2010–11 4 8.9 ± 0.1 28.2 ± 3.8 ND 0.9 ± 0.1 25

Deer Lake, BC 2008–11 2 7.3–7.4 2.2–2.2 ND 1.13–2.08 25

Frederick Lake, BC 2008–11 8 7 ± 0.3 2 ± 0.3 ND 2.3 ± 0.9 25

Salsbury Lake, BC 2009–11 7 6.4 ± 0.2 2.9 ± 0.8 ND 2.4 ± 0.4 25

TABLE 6.1  Continued

Location Date n  pH, mean
± SD

DOM,
 mean ± SD or

range
mg L-1

 Unfiltered concentration,
mean ± SD or range

ng L-1

 % MeHg,
 mean or

range
Source

MeHg THg
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Salt Lakes

Chaplin Lake, SK
(SO4 = 45.3 ± 7.4 g L-1)

2006 3 9.3±0.2 194.9±21.0 1.67±0.96 6.14±4.92
 35.9 ±

30.8
21

Little Manitou Lake, SK 
(SO4 = 31.2 g L-1)

2006 1 8.6 196.0 0.140 9.74 1.4 21

Success Lake, SK 
 (SO4 = 16.8 ±
2.7 g L-1)

2006–07 3 9.2±0.1 75.2±30.1 0.06±0.03 0.52±0.45 7.5 ± 3.5 21

Wetlands

Ellesmere Island, NU 2002 2 7.2–7.5 2.2 ± 2.4 <0.02–0.08 0.7 ± 0.1 2.9–11.4 6

Cornwallis Island, NU 2002 4 1–4.5 0.06 ± 0.03 1.0 ± 0.2 6.0 6

Devon Island, NU 2006 4 7.0 ± 0.2 22.4 ± 8.2 4.4 ± 1.3 22

Lake 979, ON
(Riverine wetland)

1990–92 >20 0.11 ± 0.05 3.01 ± 1.24 3.7 20

Lake 632, ELA, ON
(Basin wetland)

1990–93 >30 0.62 ± 0.47 4.22 ± 1.25 14.7 20

Prairie wetland
ponds, SK

2006–2011 36 8.1 ± 0.6 40.8 ± 21.7 1.09 ± 1.08 3.15 ± 1.53
 32.5 ±

17.8
21, 22

Beaver ponds,
Canadian Shield, QC

2006 17 6.1 7.92
1.19

(0.10–4.53)
2.53

(0.92–6.55)
47 24

Ponds

Cornwallis Island, NU 2006 1 8.5 0.9 0.3 0.4 11

Devon Island, NU 2006 4 8.3 ± 0.2 4.6 ± 2.0 0.08 ± 0.05 1.0 ± 0.4 8.0 11

 Northern Ellesmere
Island, NU

2003, 2005 21 8.4 ± 0.4 18.7 ± 12.1 0.53 ± 0.68 2.2 ± 2.0 24.0 8, 14

DOM = dissolved organic matter; ELA = Experimental Lakes Area; ND = not determined. 1-Halm and Dornblaser, 2007; 2-Leitch et al., 2007; 3-Graydon et al., 
2009; 4-Emmerton et al., 2013; 5-Chételat, 2010; 6-Loseto et al., 2004; 7-Semkin et al., 2005; 8-Lehnherr et al., 2012; 9- Kirk and St. Louis, 2009; 10-Hare 
et al., 2008; 11- Chételat et al., 2008; 12- Gantner et al., 2010a; 13- Gantner et al., 2010b; 14-St. Louis et al., 2005; 15- Evans et al., 2005; 16 - O’Driscoll et 
al., 2005; 17-Clayden et al., unpublished data; 18-O’Driscoll et al., unpublished data; 19- Chételat et al., 2011; 20-St. Louis et al., 1996; 21- Hall et al., 2009; 
22- Oiffer and Siciliano, 2009; 23 - Hall, unpublished data; 24-Roy et al., 2009; 25 - Environnent Canada, unpublished data

TABLE 6.1  Continued

Location Date n  pH, mean
± SD

DOM,
 mean ± SD or

range
mg L-1

 Unfiltered concentration,
mean ± SD or range

ng L-1

 % MeHg,
 mean or

range
Source

MeHg THg
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ecosystems, the redox chemistry of Hg is primarily 
controlled by photochemical processes (Vost et al., 
2012). Generally, photoreduction dominates over 
photo-oxidation; therefore, photochemically mediated 
redox transformations of Hg tend to have the net 
effect of making Hg less available for methylation 
and more likely to escape surface waters through air-
water gas exchange. Photodemethylation of MeHg, 
resulting in its decomposition, discussed in section 
6.2.3, is a third important photochemical conversion in 
aquatic ecosystems, resulting in a reduction of MeHg 
availability for bioaccumulation.

These photochemical conversions have been 
revealed through both descriptive and experimental 
approaches (e.g., Amyot et al., 1997a; Amyot et 
al., 1997b). Descriptive methods have included in 
situ measurements of changes in Hg species in 
surface waters of lakes over time (minutes, hours, 
days, and months), and measures of changes in 
solar radiation incident upon lake surfaces. Depth 
profiles of Hg species and of light attenuation 
have also been described, for day and night times. 
Experimental approaches have been dominated by 
in-lake incubation experiments in which the reactant 
(Hg2+, Hg0, or MeHg) has been added to water 
samples in bottles transparent to solar radiation, and 
its loss over time has been quantified to calculate 
rates of photochemically driven change. In other 

6.2 MERCURY PHOTOCHEMISTRY 
IN FRESHWATER ECOSYSTEMS: 
REDUCTION, OXIDATION, AND 
DEMETHYLATION
In natural environments, Hg exists primarily in one 
of 2 oxidation states, Hg0 and Hg2+. Chemical and 
biological oxidation-reduction (i.e., redox) reactions 
are responsible for the interconversion between Hg0 
and Hg2+. Reduction of Hg2+ (i.e., gaining electrons) to 
gaseous Hg0 in aquatic ecosystems is an important 
conversion. Gaseous Hg0 is volatile as a result of its 
high vapour pressure (e.g., Henry’s coefficient ranged 
from 0.18 to 0.40 over a temperature range of ~5°C 
to 35°C in Milli-Q water; Andersson et al., 2008) and 
low aqueous solubility (56 µg L-1 at 25°C); it can thus 
escape into the atmosphere from the surface of water 
bodies through air-water exchange. Photochemical 
reduction, discussed in more detail in section 6.2.1, 
effectively decreases the amount of Hg2+ available 
for methylation and, therefore, limits the formation 
of MeHg that is then available for bioaccumulation in 
organisms. Oxidation of Hg0 (i.e., loss of electrons) to 
form Hg2+ is also an important conversion, discussed 
in section 6.2.2, but for the opposite reasons: Hg2+ can 
be reduced through both biological and photochemical 
pathways, although, in the sunlit portion of freshwater 

FIGURE 6.3  A. Quantum energy and surface solar flux for a typical oligotrophic lake (Lake 239) at the Experimental 
Lakes Area in northwestern Ontario. B. Reduction in solar radiation with depth in Lake 239. Note that most ultraviolet 
radiation does not penetrate past 1 m depth below the surface because of the relatively high concentrations of 
chromophoric dissolved organic matter (W.F. Donahue, unpublished data).
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depth of these algae. Subsurface peaks of Hg0 have 
also been observed in Lake Ontario at depths greater 
than 50 m, well below the thermocline (Siciliano 
et al., 2003). Siciliano and colleagues found that a 
portion of photobiological dissolved Hg0 production 
is mediated by photoproduced hydrogen peroxide, 
which regulates Hg oxidase activity, thus contributing 
to the diurnal patterns in Hg0 observed in freshwaters 
(Siciliano et al., 2002). Dark reduction of Hg2+ by 
reduced humic substances in anoxic environments 
(e.g., near the sediment-water interphase) has also 
been reported (Gu et al., 2010). In surface waters (i.e., 
photic zone), photoreduction dominates biological 
reduction; however, in deep waters where light does 
not penetrate (i.e., aphotic zone), biological reduction 
is the principal mechanism of Hg2+ reduction.

In addition to the intensity and quality of solar 
radiation, key drivers of photoreduction include the 
nature and quantity of DOM in water. DOM absorbs 
solar radiation in water, resulting in the attenuation of 
light with depth (Figure 6.3B) and limiting the depth at 
which photoreduction processes can effectively occur. 
In addition, DOM may directly and indirectly mediate 
Hg photoreactions. It is still unclear whether the 
mechanism by which DOM affects photo-processes is 
intramolecular (i.e., through DOM binding of Hg2+), or 
intermolecular, or both (Vost et al., 2012). Coincidental 
photolysis of DOM may provide highly reactive organic 
or oxygen species (“free radicals”) that can react with 
Hg2+, increasing rates of photoreduction in an indirect, 
secondary, intermolecular reaction. Alternatively, 
DOM can also complex Hg2+, a direct mechanism 
that may increase or decrease Hg2+ availability for 
intramolecular photoreactions (Vost et al., 2012). For 
example, an intramolecular reaction in which DOM 
absorbs photons, reducing DOM-bound inorganic 
Hg2+, would increase availability of reducible Hg with 
increasing DOM concentrations. However, conflicting 
results have been found regarding the importance 
of DOM in photoreduction processes. At low DOM 
concentrations, DOM may favour photoreduction of 
Hg2+ to gaseous Hg0; after a certain threshold, higher 
concentrations of DOM would slow the process, either 
through binding (Gu et al., 2011) or by absorbing 
solar radiation and decreasing the photon flux in lake 
waters. Further research is still needed to clarify these 
mechanisms (Vost et al., 2012). Although it is difficult 

experiments, changes in Hg2+ and Hg0 concentrations 
were monitored without the addition of a reactant, 
to describe natural rates of photochemically driven 
change. There are numerous manipulations of this 
basic design, such as shielding bottles with ultraviolet 
(UV)-specific filters (or foil to completely omit light), 
as well as adding dissolved organic matter (DOM) 
extracts, radical scavengers, and key major ions such 
as iron species (ferric, Fe3+) and chloride (Cl-). These 
experiments have helped improve our understanding 
and clarify the mechanisms of photochemical 
processes involved in redox transformations of Hg 
(Vost et al., 2012).

6.2.1 Inorganic Mercury Photoreduction in 
Freshwater Ecosystems

A direct relationship between solar radiation and 
the reduction of Hg2+ to gaseous Hg0 is commonly 
found in surface waters (Amyot et al., 2001; Garcia 
et al., 2005), suggesting that photoreduction is the 
most important reduction process near the air-water 
interface of lakes. The rate of Hg2+ photoreduction has 
been shown to follow pseudo-first-order kinetics in 
surface waters (Xiao et al., Stromberg and Lindqvist, 
1995; O’Driscoll et al., 2006a). Photoreduction rates 
obtained in Canadian aquatic systems are compiled 
in Table 6.2. UV radiation, which consists of photons 
with higher energy than photons in the visible range 
of the solar spectrum (Figure 6.3A), is the main driver 
of Hg2+ photoreduction, although visible radiation may 
also be involved (Amyot et al., 1997a; Amyot et al., 
1997b; Garcia et al., 2005). Because photoreduction 
is driven primarily by solar radiation, gaseous Hg0 
concentrations in surface waters normally follow 
a diel cycle, with higher concentrations typically 
occurring around midday when solar radiation is at 
its peak intensity (O’Driscoll et al., 2003; Garcia et al., 
2005). Furthermore, Hg0 concentrations are usually 
highest near the air-water interface and decrease 
with depth as a result of the concomitant attenuation 
of light (Figure 6.3B). Occasionally, Hg2+ reduction 
may occur via (photo)biological processes that involve 
mixotrophic algae (algae that combine photosynthesis 
with heterotrophy to satisfy nutritional requirements) 
(Poulain et al., 2004). In such cases, a subsurface 
peak in Hg0 concentrations may be observed at the 
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complexation to Hg2+ in photoreductive processes. 
Furthermore, a pH effect has been observed in which 
protons (H+) compete with Hg2+ for binding sites on 
DOM (see below), making Hg more readily available 
for photoreduction at low pH.

Finally, the presence of certain ions has also 
been shown to play a major role in mediating the 
photoreduction of Hg2+. For example, Zhang and 
Lindberg (2001) found that, in Lake Superior, Fe3+ 
greatly increased photoreduction rates, possibly 
because the photolysis of Fe3+ leads to the production 
of highly reactive free radicals that can reduce 
Hg2+. The implication of Fe3+ in Hg2+ photoreduction 
processes is supported by many laboratory-based 
studies (e.g., Lin and Pehkonen, 1997; Deng et al., 
2009). On the other hand, Cl- was found by Si and 
Ariya (2008) to significantly slow the production of 
Hg0, while promoting the reverse reaction of Hg0 
oxidation (Amyot et al., 1997b). These findings are 
supported by the observation that the rate constant 
of photoreduction is lower in ponds with high Cl- 
compared with ponds with low Cl- (Table 6.2, Poulain 
et al., 2007).

to compare measured Hg2+ rates across studies 
because of methodological differences, within specific 
studies (e.g., Vost et al., 2012 and O’Driscoll et al., 
2006a) the highest photoreduction rate constants 
were observed in surface waters with the lowest DOM 
concentrations (Table 6.2).

The quality of DOM is also an important factor in 
photochemical processes. With its many coloured (or 
chromophoric) groups, a large portion of which are 
typically dissolved humic substances (Del Vecchio 
and Blough, 2004), DOM may strongly interact with 
solar radiation, particularly with UV-A. Indeed, Garcia 
and co-workers (2005) have shown that higher-
energy UV-B radiation is responsible for higher rates 
of gaseous Hg0 production than UV-A radiation in 
nutrient-poor, clear oligotrophic lakes, whereas in 
humic-rich, dark-watered lakes, UV-A radiation drives 
more Hg0 production. Several studies have pointed 
to carboxyl functional groups as key structures in 
DOM that are involved in the photoreduction of Hg2+ 
to gaseous Hg0 (Si and Ariya, 2008; O’Driscoll et 
al., 2006b). Laboratory experiments by Si and Ariya 
(2011) noted the importance of alkanethiols and their 

TABLE 6.2  Examples of photoreduction rates measured in Canadian freshwater ecosystems

Location No. of 
sites

pH, 
mean

DOM, 
mean,
mg L-1

DGM
concentration, 

mean ± SD,  
fmol L-1

DGM
production rate, 
mean ± SD or 

range,
fmol L-1 h-1

Photoreduction
rate constant,,

h-1

Source

Lakes

Cornwallis Island, NU 5 1

Amituk Lake 8.2 1.6 158 ± 15 0 –

Amituk Lake 8.2 1.6 203 ± 21 0 –

Merretta Lake 8.0 2.3 303 ± 6 16 –

North Lake 8.3 1.1 290 ± 28 17 –

North Lake 8.3 1.1 617 ± 37 24 –

Ontario lakes, ON 4 2

Ranger Lake 6.1 5.0 192 ± 1 46 ± 1 –

Fawn Lake 5.7 5.6 45 ± 3 11 ± 2 –

Plastic Lake 5.7 2.2 209 ± 19 85 ± 8 –

Lake Erie 8.3 2.6 159 ± 11 0 ± 3 –
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Big Dam West Lake, NS 2 5.1 8.9 – – Ga: 0.00163–
0.00219

N: 0.453–0.505

3

Big Dam East
Lake, NS

2 6.4 3.3 – – G: 0.00327–
0.00394

N: 0.045–0.73

 North Cranberry Lake,
NS

1 5.1 4.9 – – G: 0.00246
N: 4.56

Grafton Lake, NS 1 6.4 5.6 – – G: 0.00181
N: 1.04

Puzzle Lake, NS 1 5.4 5.4 – – G: 0.00313
N: 1.51

Big Red Lake, NS 1 4.6 14.7 – – G: 0.00181
N: 0.0000128

Mountain Lake, NS 1 5.2 5.3 – – G: 0.00342
N: 83

Beaverskin Lake, NS 1 5.5 1.5 – – G: 0.815
N: 0.181

Peskowesk Lake, NS 1 4.8 2.3 – – G: 0.307
N: 0.643

Pebbleloggitch Lake, NS 1 4.5 10.2 – – G: 0.0816
N: 0.436

Williams Bay, ON 1 7.8 4.7 – – UVAb: 0.20
UVB: 0.23

4

Sharpes Bay, ON 1 7.7 5.6 – – UVA: 0.21
UVB: 0.31

4

Brooks Bay, ON 1 7.7 8.1 – – UVA: 0.19
UVB: 0.24

4

Anstruther Lake, ON 1 7.1 4.3 – – UVA: 0.27
UVB: 0.25

4

North Lake, ON 1 7.7 ND – – UVA: 0.76
UVB: 0.92

4

Lake 239–ELA, ON 4 6.6 6.6 249 199.4 – 5

 Canadian Shield lakes,
QC

4 6.9–
7.6

4.3–8.9 528–1570 69–159 – 6

Lake 658–ELA, ON 1 6.65 9.0 400–1200 110–281 7

 Central Quebec lakes,
QC

4 5.7–
6.4

3.2–
13.7

<500  0.03–0.15 fmol
L-1 kJ-1 m2

8

 Whitefish Bay, Lake
Superior

1 8.0 2.4 144 ± 60 26–47 9

TABLE 6.2  Continued

Location No. of 
sites

pH, 
mean

DOM, 
mean,
mg L-1

DGM
concentration, 

mean ± SD,  
fmol L-1

DGM
production rate, 
mean ± SD or 

range,
fmol L-1 h-1

Photoreduction
rate constant,,

h-1

Source
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Rivers

St. Lawrence
River, QC

8 15.4 x 104 2.2 ± 0.2
(UV and Vis)

10

St. Lawrence
River, QC

6 11

St. Pierre Lake 154 42–78

 Yamaska River and St.
François River

219–24 26, 48

Ottawa River, ON 1 7.5 7.3 UVA: 0.24
UVB: 0.38–0.64

4

St.Lawrence
River, ON

1 7.9 1.4 UVA: 1.1
UVB: 1.6

4

Raison River, ON 1 7.7 30.4 UVA: 1.1
UVB: 0.55

4

Wetlands

Cornwallis Island, NU 1 8.2 1.8 238 28 1

Bay St. François, QC 3 334 ± 50 19–41 11

 Around Lake 658–ELA,
ON

1 6.65 20 89–101 7

Arctic ponds

Freshwater
 (conductivity 
0.3 mS cm-1)

1 8.03 1.2 (UV and Vis) 12

Saltwater
 (conductivity 
5 mS cm-1)

1 8.05 0.4 (UV and Vis) 12

DGM = dissolved gaseous mercury; DOM = dissolved organic matter; UV = ultraviolet; Vis = visible light.

a G = rate constant of gross photoreduction measured in the absence of Hg0 oxidation; N = rate constant of net photoreduction, i.e., the net result of 
simultaneously occurring Hg2+ reduction and Hg0 oxidation.

b UVA refers to the rate constant measured in samples exposed to UV-A radiation and UVB refers to the rate constant measured in samples exposed to UV-B 
radiation.

1 - Amyot et al., 1997; 2 - Amyot et al., 1997b; 3 – Vost, 2012; 4 - O’Driscoll et al 2006a; 5 - Amyot et al., 2004; 6 – Garcia et al., 2005; 7 - Poulain et al., 

2004; 8 - O’Driscoll et al., 2004; 9 - Zhang and Lindberg, 2001; 10 - Amyot et al., 2000; 11 - Garcia et al., 2006; 12 - Poulain et al., 2007

TABLE 6.2  Continued

Location No. of 
sites

pH, 
mean

DOM, 
mean,
mg L-1

DGM
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DGM
production rate, 
mean ± SD or 
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fmol L-1 h-1

Photoreduction
rate constant,,

h-1

Source
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photochemical versus dark or biological oxidation 
is not known. Much of what we do know is from 
studies by Lalonde et al. (2001, 2004) in the shallow, 
brackish estuary waters of the St. Lawrence River, 
Quebec. There, rates of photo-oxidation in the water 
column were found to exceed rates of Hg0 evasion to 
the atmosphere during summer days (see Table 6.3 
for examples of photo-oxidation rates in Canadian 
systems). Although the visible spectrum plays a role, 
Lalonde and co-workers (2004) showed that UV-A 
radiation may be the most important driver of photo-
oxidation. However, doubling the UV radiation did 
not increase the rate of photo-oxidation, suggesting 
that another factor was limiting rates. For example, 
hydroxyl radicals (·OH), an intermediary photochemical 

6.2.2 Elemental Mercury Photo-oxidation 
in Freshwater Ecosystems

Photoreduction of Hg2+ to gaseous Hg0 may result in 
evasion of Hg0 to the atmosphere. However, photo-
oxidation may convert Hg0 back to Hg2+ (Garcia et 
al., 2005), which is then available for methylation to 
MeHg, before evasion can take place. Unlike Hg2+ 
photoreduction, the process of Hg0 photo-oxidation 
is poorly understood. There have been few studies 
examining the photo-oxidation process, and many 
knowledge gaps still remain. For example, Hg0 
oxidation can also take place in the dark (Garcia et 
al., 2005) and be microbially mediated (Siciliano 
et al., 2002); however, the relative importance of 

TABLE 6.3  Examples of photo-oxidation rates measured in Canadian freshwater ecosystems

Location n pH DOM,
mg L-1

DGM
concentration,

fmol L-1

Oxidation
rate constant,

h-1

Source

Lakes

Canadian Shield lake, QC 1 3.5 357.9 0.02–0.07 1

Big Dam West Lake, NS 2 5.1 8.9 Ga: 0.00142–0.00198 2

Big Dam East Lake, NS 2 6.4 3.3 G: 0.00164–0.00342 2

North Cranberry Lake, NS 1 5.1 4.9 G: 0.00217 2

Grafton Lake, NS 1 6.4 5.6 G: 0.00161 2

Puzzle Lake, NS 1 5.4 5.4 G: 0.00282 2

Big Red Lake, NS 1 4.6 14.7 G: 0.00167 2

Mountain Lake, NS 1 5.2 5.3 G: 0.00304 2

Beaverskin Lake, NS 1 5.5 1.5 G: 0.00000476 2

Peskowesk Lake, NS 1 4.8 2.3 G: 0.00000534 2

Pebbleloggitch Lake, NS 1 4.5 10.2 G: 0.0958 2

Rivers

St. Lawrence River 3 3

Cap Rouge 4.0–4.3 7.3 × 105 0.23 (UV and Vis)

Rivière des Escoumins 3.5 8.0 × 105 0.26 (UV and Vis)

Rivière du Gouffre 3.8–4.0 8.5 × 105 0.26 (UV and Vis)

Baie-Saint-Paul 7.8 4–6 2.0 × 105–2.0 × 106 0.67 (UV and Vis) 4

DGM = dissolved gaseous mercury; DOM = dissolved organic matter; UV = ultraviolet; Vis = visible light.

a G = the rate constant of gross oxidation measured in the absence of Hg2+ reduction.

1 - Garcia et al., 2005; 2 - Vost, 2012; 3 - Lalonde et al., 2001; 4 – Lalonde et al., 2004



299

Canadian Mercury Science Assessment – Chapter 6

substrate (Hg2+ or Hg0). Although the rate constants 
of Hg2+ photoreduction and Hg0 photo-oxidation are 
similar (Table 6.2 and Table 6.3), especially when 
comparing studies that used similar methodology, 
because Hg2+ concentrations are typically greater 
than Hg0 concentrations in surface freshwaters, 
photoreduction is expected to proceed at a faster rate 
than photo-oxidation in most systems.

6.2.3 Photodemethylation of 
Methylmercury in Freshwater Ecosystems

Photodemethylation is the process by which MeHg is 
degraded photolytically by solar radiation (Sellers et 
al., 1996), resulting in its conversion to gaseous Hg0 
and Hg2+ (Chen et al., 2003). Further field studies are 
still required to identify the relative quantities of Hg0 
and Hg2+ produced by photodemethylation in natural 
waters. This information is critical for researchers 
to understand and predict the ultimate fate of 
photodemethylated Hg. For example, if Hg0 is the 
primary product of photodemethylation, then the Hg0 
produced could be removed from aquatic ecosystems 
and transferred to the atmosphere through air-water 
gas exchange. Conversely, if Hg2+ is the primary 
product of photodemethylation, it would have a longer 
residence time in aquatic ecosystems because Hg2+ 
is not volatile. Furthermore, the Hg2+ produced could 
instead be remethylated to MeHg (see section 6.3), 
which would then be available for biomagnification 
through food webs.

Photodemethylation rates have typically been 
quantified experimentally by spiking water samples 
in UV-radiation-transparent containers (e.g., Teflon 
bottles and bags) with a small known quantity 
of MeHg, exposing these samples to a radiation 
source, and measuring the loss of MeHg over time. 
In these experiments, photodemethylation rates 
have demonstrated a first-order dependence on 
MeHg concentration, meaning that higher MeHg 
concentrations result in faster photodemethylation 
rates (Lehnherr and St. Louis, 2009).

Photodemethylation has also been shown to be 
strongly dependent on both irradiation intensity 
and quality, similar to Hg2+ photoreduction and Hg0 

oxidant, may play an important role in mediating the 
process, whereas superoxide anion radicals (·O2)  
— another photochemical intermediary — did not 
significantly alter rates (Lalonde et al., 2004). Siciliano 
and co-workers found that the photoproduction of 
hydrogen peroxide (H2O2) may also be involved in 
regulating the oxidation of Hg0 to Hg2+ in freshwater 
aquatic ecosystems (Siciliano et al., 2002). Lalonde 
et al. (2001) earlier suggested that Cl- had a role 
in stabilizing Hg in its oxidized state, allowing the 
transfer of an electron to an acceptor such as 
semiquinone (an organic radical). These findings 
were later confirmed by Garcia et al. (2005) and Si 
and Ariya (2008), who demonstrated that reoxidation 
of elemental Hg0 back to Hg2+ was induced by the 
presence of Cl- and dissolved O2. This mechanism 
may explain, in part, why the rate constant of net 
Hg2+ photoreduction measured in brackish ponds 
was lower than in freshwater ponds (Table 6.2, 
Poulain et al., 2007) and why photo-oxidation rates 
increased downstream in the St. Lawrence River as 
Cl- concentrations increased (Lalonde et al., 2004). 
This reoxidation process is therefore likely important 
in Canadian coastal freshwater ecosystems receiving 
atmospheric deposition of sea spray. However, in most 
Canadian lakes and rivers studied to date, reduction 
dominates oxidation, demonstrated by dissolved 
gaseous mercury production rates consistently 
greater than 0 (Table 6.2). Furthermore, the rate of 
Hg photochemical conversions is the product of the 
appropriate rate constant and the concentration of the 
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fluxes, UV radiation (primarily UV-A) was responsible 
for 58% and 79% of the MeHg photodemethylated 
in lakes containing clear and coloured water, 
respectively, and was therefore more important 
than visible light (Lehnherr and St. Louis, 2009). 
The difference between clear and coloured lakes is 
explained by the deeper visible light penetration in 
the water column in clear lakes, causing a greater 
proportion of photodemethylated MeHg on a whole-
lake basis than in coloured-water lakes. Further 
experiments conducted in an Alaskan lake confirmed 
that photodemethylation is driven by a combination 
of UV and visible radiation, with wavelengths in the 
320–480 nm range (UV-A and near visible) playing an 
important role (Hammerschmidt and Fitzgerald, 2010).

Rates of MeHg photodemethylation (Table 6.4) have 
been found to be similar in filtered and unfiltered 
waters collected from the same lake (Sellers et al., 
1996, Hammerschmidt and Fitzgerald, 2006, Lehnherr 
and St. Louis, 2009), suggesting that suspended 
particulate matter does not play an important role 
in this process beyond attenuating and scattering 
solar radiation. However, as in Hg2+ photoreduction 
and Hg0 photo-oxidation, DOM and ions play roles in 
MeHg photodemethylation. As discussed above, DOM 
preferentially absorbs UV radiation and is thus an 
important factor controlling the depth of UV radiation 
penetration in lakes. Ferric ion (Fe3+) appears to 
stimulate MeHg photodemethylation in lake waters 
through photo-Fenton processes (Hammerschmidt 
and Fitzgerald, 2010). The photo-Fenton reaction, 
or photoreduction of Fe3+, leads to the production of 
•OH, which can then in turn degrade MeHg (Chen 
et al., , 2003). In laboratory studies, •OH generated 
by the photolysis of nitrate (NO3-) was also found to 
degrade MeHg (Gårdfeldt et al., 2001; Chen et al., 
2003). However, in situ •OH concentrations in most 
freshwater aquatic ecosystems are too low to explain 
observed photodemethylation rates. Singlet oxygen 
(a reactive form of dissolved oxygen generated by 
the irradiation of DOM) can also degrade MeHg (Suda 
et al., 1993) and is likely more important than •OH 
in driving the photodemethylation process in most 
systems (Zhang and Hsu-Kim, 2010).

Finally, Black and co-workers observed a 21% decline 
in the rate constant of photodemethylation (kpd) over 

photo-oxidation. Laboratory experiments using both 
less realistic light sources (e.g., a Hg lamp with an 
emission band at 254 nm) and natural light simulators 
(e.g., a xenon lamp equipped with a filter to block 
wavelengths <290 nm) have been performed to 
demonstrate that MeHg is primarily degraded by UV 
radiation (Inoka 1981, Suda et al., 1993, Gårdfeldt et 
al., 2001, Chen et al., 2003). However, very little UV 
radiation under 290 nm actually reaches the surface 
of the earth (Figure 6.3A). In addition, as already 
described above, DOM plays an important role in 
regulating light attenuation and photon flux in natural 
waters. Therefore, in situ field experiments performed 
under natural radiation conditions have been 
especially important in improving our understanding 
of the photodemethylation process. For example, in 
situ photodemethylation rates measured at various 
depths in the water column are normally correlated 
with the photon flux at those depths; however, rates 
sometimes correlate with visible light (400–700 nm) 
(Sellers et al., 1996, Hammerschmidt and Fitzgerald 
2006), and sometimes with UV-A radiation (320–400 
nm) (Lehnherr et al., 2012). Furthermore, surface 
water samples incubated in the absence of solar 
radiation undergo no loss of MeHg, demonstrating that 
in surface lake waters MeHg demethylation is entirely 
light-mediated (Sellers et al., 1996; Sellers et al., 
2001; Lehnherr and St. Louis, 2009, Hammerschmidt 
and Fitzgerald, 2006; Hammerschmidt and Fitzgerald, 
2010).

Lehnherr and St. Louis (2009) examined the effect of 
irradiation quality on photodemethylation by using UV-
specific filters to experimentally manipulate the light 
wavelengths to which samples were exposed during 
incubations in a boreal lake. Not surprisingly, samples 
exposed to all wavelengths, including UV-B (280–320 
nm), UV-A, and visible radiation, had the highest 
photodemethylation rates. However, UV-B was not an 
important driver of photodemethylation because it is 
rapidly attenuated with depth in the water column 
of many boreal lakes (Figure 6.3B). Furthermore, 
rates of MeHg photodemethylation decreased by an 
order of magnitude in the absence of all UV radiation. 
Using a model that incorporated waveband-specific 
photodemethylation rate constants (i.e., kpd-UVB, 
kpd-UVA, kpd-Visible), and UV and visible light 
attenuation coefficients to calculate whole-lake 
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Because light is attenuated with depth in a water 
body (Figure 6.3B), the average photon flux (light 
quantity) that interacts with Hg species in a water 
body is a function of both the depth of that water body 
and the transparency of the water to light. From the 
discussion above, Hg species are more reactive to UV 
radiation than to visible light, because photons in the 
UV range have more energy than photons in the visible 
range (Figure 6.3A) and are therefore better able to 
initiate the transfer of electrons and break chemical 
bonds, such as the Hg-C bond in MeHg. However, UV 
radiation is more rapidly attenuated with depth than 
visible light (Figure 6.3B), due to its rapid absorption 
by DOM, again highlighting how the depth of a water 
body might influence rates of Hg photochemical 
transformations. Thus, DOM plays an important role 
in Hg photochemistry, by controlling how rapidly 
light is attenuated with depth as well as which 
wavelengths are more efficiently attenuated. From 
these observations, photochemical processes might 
play a more important role in Hg cycling in shallow 
and clear water bodies (e.g., streams with low DOM 
and suspended particulate matter content or shallow 
clear ponds) than in deep or tea-coloured water 
systems (lakes or wetlands) with high DOM content. 
Finally, because higher Cl- concentrations tend to 
result in lower rates of photoreduction (Si and Ariya, 
2008; Amyot et al., 1997) and photodemethylation 

a salinity increase from 5 to 25 (Practical Salinity 
Scale) (Black et al. 2012), which is consistent with 
the observation that photodemethylation rates in the 
Arctic are lower in marine waters (Lehnherr et al., 
2011) than in freshwater ponds (Lehnherr et al., 2012) 
(Table 6.4). Zhang and Hsu-Kim (2010) attributed 
the decrease in photodemethylation rates observed 
at higher Cl- concentrations to a shift in the main 
ligand binding to MeHg, resulting in the formation 
of a MeHgCl complex that is less susceptible to 
photodegradation. However, in natural waters,  
DOM likely dominates MeHg complexation, even  
at low DOM concentrations and high salinity  
(Blacket al., 2012).

6.2.4 Mercury Photochemical Processes in 
Different Types of Aquatic Ecosystems

There are common factors affecting Hg2+ 
photoreduction, Hg0 photo-oxidation, and MeHg 
photodemethylation; namely, (1) light intensity, 
attenuation and quality; (2) DOM quantity and quality; 
and (3) concentrations of ions such as Cl- and Fe3+. 
Therefore, some inferences on the importance of 
various photochemical processes in different types of 
aquatic ecosystems can be made.

TABLE 6.4  Examples of photodemethylation rates measured in surface Canadian freshwaters

Location Number
of sites

pH DOM,
mg L-1

Photoreduction rate  
constant (kpd) Source

d-1 m2 mol photon-1

Lakes
Experimental Lakes Area, ON 2

Lake 240 6.5–7.3 6.6–7.7 0.09–0.27 NA 1

Lake 979 6.0 10.8 0.17 Uncorrected:3.69 
× 10-3

Corrected: 4.41 
× 10-3

2

Freshwater ponds/wetlands
Ellesmere Island, NU 2 3

Pond 1 8.4 13.5 0.11 3.2 × 10-3

Pond 2 8.2 8.2 0.13 3.6 × 10-3

NA = not applicable.  1 - Sellers et al., 2001; 2 - Lehnherr and St. Louis, 2009; 3 - Lehnherr et al., 2012
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of bioavailable Hg2+, low pH, and the presence 
of a potential methyl donor compound such as 
methylcobalamin (e.g., Celo et al., 2006)). However, 
these conditions are rarely met in unperturbed 
Canadian lakes. As a result, rates of abiotic Hg2+ 
methylation are generally considered insignificant 
to the net production of MeHg in Canadian aquatic 
ecosystems.

The efficiency of biotic Hg methylation can be 
thought of as a function of 2 main factors: (1) the 
concentration of Hg2+ bioavailable for methylation; and 
(2) the activity of the microbial community capable of 
methylating Hg2+ to MeHg (Hintelmann, 2010).

MeHg production = (bioavailable Hg2+) × (activity of 
methylating microbes)  [4]

The following section on Hg2+ methylation includes 
a brief description of methods used to measure 
Hg2+ uptake and methylation. It then focuses on the 
factors affecting Hg2+ bioavailability and uptake into 
methylating micro-organisms and concludes with 
a discussion of factors controlling the activity of 
microbes carrying out methylation. However, Hg2+ 
bioavailabily, uptake, and microbial methylation, as 
well as the factors controlling these processes, are 
not independent of each other. For example, increased 
activity of micro-organisms methylating Hg2+ can 
in turn increase Hg2+ bioavailability by producing 
and releasing low-molecular-weight organics and 
by lowering extracellular pH, both of which enhance 
the bioavailability of Hg2+, described in further detail 
below. Although not all Hg2+ is available for uptake by 
methylating organisms, the amount of MeHg produced 
is positively correlated with the concentration of Hg2+ 
in the immediate environment of methylating micro-
organisms (Furutani and Rudd 1980). As a result, a 
direct and positive relationship also exists between 
Hg2+ and MeHg in most freshwater systems (e.g., 
Watras et al., 1995b; Lehnherr et al., 2012).

6.3.2 Measurement Methods

Most studies of MeHg production have been unable  
to separate microbial activity from Hg2+ bioavailability; 
therefore, in many cases, factors affecting 
bioavailability are inferred rather than directly 
measured. A number of studies (e.g., Barkay et al., 

(Black et al., 2012; Zhang and Hsu-Kim, 2010; 
Lehnherr et al., 2011) while favouring Hg0 photo-
oxidation (Lalonde et al., 2001; Garcia et al., 2005), 
Hg photo-oxidation is expected to be more important 
in brackish waters such as estuaries than in other 
freshwater ecosystems. On the other hand, both Hg2+ 
photoreduction and MeHg photodemethylation have 
been shown to be enhanced by the radicals produced 
through Fe3+ photoreduction, and therefore these 
processes are likely to be of greater important in  
Fe-rich surface waters.

6.3 INORGANIC MERCURY 
UPTAKE AND METHYLATION, 
AND METHYLMERCURY 
DEMETHYLATION IN 
FRESHWATER ECOSYSTEMS

6.3.1 Introduction

Hg2+ methylation refers to the conversion of 
Hg2+ to MeHg. This is one of the key steps in 
the biogeochemical cycle of Hg, in which Hg is 
transformed into a more toxic and more readily 
bioaccumulated and biomagnified Hg species by 
organisms in aquatic and terrestrial food webs. The 
methylation of Hg2+ to MeHg is mainly a biotic process 
primarily by dissimilatory sulphate- and iron-reducing 
bacteria belonging to the δ-Proteobacteria (Compeau 
and Bartha, 1985; Kerin et al., 2006; Graham et 
al., 2012; Parks et al., 2013) and to a lesser extent 
by methanogens (archaea) (Hamelin et al., 2011; 
Parks et al., 2013). Two of the genes responsible 
for methylating Hg2+ (hgcA and hgcB) have recently 
been identified, and a mechanism for methylation has 
been proposed. The mechanism involves a methyl 
group transfer to Hg2+ by the hgcA protein followed 
by regeneration of this enzyme through reduction by 
the hgcB protein (Parks et al., 2013). Furthermore, 
methylation may be associated with the transport of 
Hg2+ across the cell membrane (Parks et al., 2013; 
Poulain and Barkay, 2013). Abiotic methylation of 
Hg2+ can occur under certain conditions in aquatic 
ecosystems (e.g., combined high concentrations 
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Rudd and colleagues at the Freshwater Institute in 
Winnipeg, Manitoba, pioneered the techniques that 
have allowed researchers to gain most of our current 
understanding about the processes of methylation of 
Hg2+ and demethylation of MeHg (e.g., Furutani and 
Rudd, 1980). Measurements of Hg2+ methylation can 
be made by adding a known quantity of Hg2+, labelled 
with a radioactive isotope (e.g., 203Hg2+) or enriched 
stable isotope (e.g., 201Hg2+), to the substrate of 
interest (e.g., lake sediments), and monitoring the 
subsequent quantity of MeHg (e.g., Me203Hg or 
Me201Hg) produced. Similarly, measurements of 
MeHg demethylation can be made by adding a known 
quantity of MeHg labelled with either a radioactive 
isotope (e.g., Me203Hg and 14MeHg) or an enriched 
stable isotope (e.g., Me201Hg) to the substrate 
of interest, and monitoring its decline over time. 
There is a major difficulty in quantifying actual Hg2+ 
methylation rates, because when either radioactive 

1997; Golding et al., 2002, 2008; Daguené et al., 
2012) have used genetically engineered “bioreporter 
bacteria” as a direct approach to quantifying the 
bioavailability of Hg2+ for methylation. Bioreporter 
bacteria are genetically engineered to produce light 
in correspondence to the amount of Hg2+ entering 
the bacterial cells (Selifonova et al., 1993). This 
light can be quantified using a luminometer. The 
detection of intracellular Hg2+ is sensitive enough 
to allow experiments to be carried out at low Hg2+ 
concentrations, similar to those found naturally in 
Canadian waters. At present, the 2 bacteria genetically 
engineered to be bioreporters are Escherichia coli 
and the aquatic species Vibrio anguillarum. These 
bioreporter bacteria are not Hg2+ methylators but, 
like many methylating species, are gram-negative 
and thus share many cell-wall and membrane 
characteristics important for the uptake of Hg  
(section 6.3.3).

TABLE 6.5  Examples of Hg2+ methylation and MeHg demethylation rates measured in Canadian freshwater 
ecosystems

Site Measured methylation rates,  
% per day

Measured demethylation 
rates, % per day Source

Sediments
High Arctic wetland ponds, 
Ellesmere Island, NU

range: 0.5 to 33
(median = 5)

range: ND to 1000
(median = 130)

1

Lake 658, ON
(average over 0–8 cm)

4.0 ± 3.3 (n = 27) – 2

Lake 658, ON
(average over 0–4 cm)

5.3 ± 3.7 (n = 24) – 2

Lake 239, ON
(average over 0–4 cm)

2.1 ± 1.1 (n = 6) – 2

Water column
Lake 658, ON 0.11 to 15 ND (<11) 3

Lake 442, ON 0.99 to 5.5 ND (<11) 3

Red Chalk Lake, ON 0.26 to 1.1 ND (<11) 3

Plastic Lake, ON 0.80 to 4.3 ND (<11) 3

Lake 115, inside floating 
peat mats, ON

0.0 to 2.4 (mean 0.94) – 4

Periphyton
Lake Croche, QC 0.004 to 0.014 5

Lake St. Pierre, QC 0.0015 to 0.080 0.018 and 0.217 6

ND = none detected. 1 - Lehnherr et al., 2012; 2 - C.C. Gilmour, pers. comm.; 3 - Eckley and Hintelmann, 2006; 4 - Benoit et al., 2003; 5 - Desrosiers et al., 
2006; 6 - Hamelin et al., 2011



304

Canadian Mercury Science Assessment – Chapter 6

less-available forms dominate (Benoit et al., 1999). 
Uptake of negatively charged species such as HgS2

2- 
complexes occurs at reduced rates (Golding et al., 
2002). Lower pH has also been shown to enhance Hg 
uptake rates (Kelly et al., 2003; Golding et al., 2008). 
Base cations may also decrease Hg uptake by binding 
to the lipopolysaccharide layer and decreasing the 
permeability of the outer cell membrane (Daguene et 
al., 2012).

An advantage of studies with bioreporter bacteria is 
that they can be conducted at the trace concentrations 
found in most methylating environments, and Hg2+ 
at trace concentrations might not behave the same 
as Hg2+ at higher concentrations. This difference in 
concentration during experiments may explain why 
researchers have reported results inconsistent with 
passive diffusion being the primary pathway of Hg2+ 
uptake. Many findings support additional pathways: (1) 
both positively charged and uncharged Hg species can 
be taken up by bacteria; (2) transport can occur by 
diffusion and active transport; (3) the characteristics 
of uptake are different under aerobic and anaerobic 
conditions; and (4) uptake is enhanced by small 
organic molecules such as amino acids.

Active transport can occur when Hg2+ is bound to 
certain ligands; for example, both Hg2+ uptake and 
methylation by the iron-reducing bacterium Geobacter 
sulfurreducens were enhanced in the presence of 
low concentrations of the sulphur-containing amino 
acid cysteine (Schaefer and Morel, 2009). Schaefer 
et al. (2011) further demonstrated experimentally 
that Hg2+ uptake occurs by active transport using G. 
sulfurreducens and the sulphate-reducing bacteria 
Desulfovibrio desulfuricans. They also established 
that Hg2+ uptake by G. sulfurreducens was highly 
dependent on the characteristics of the thiols that 
bound Hg2+. These findings suggest that biological 
mechanisms are very important for the uptake 
and methylation of Hg2+ by microbes and that the 
formation of specific Hg complexes in anoxic waters 
affects the efficiency of microbial Hg2+ methylation. 
Schaefer et al. (2011) also observed a strong 
relationship between Hg methylation and MeHg  
export from the cell, suggesting that these 2 
processes may serve to avoid the build-up and  
toxicity of intracellular Hg.

or stable Hg isotopes are added to a substrate, it 
does not immediately partition between solid and 
liquid phases and bind with various ligands in the 
same manner as Hg2+ already naturally present in 
the sample. This experimental difference is partially 
alleviated by pre-mixing the spike with sample water 
(e.g., lake water or extracted pore water) and allowing 
it to pre-equilibrate before spike injection (Gilmour and 
Riedel, 1995). Thus, radioactive or stable Hg2+ isotopes 
are not perfect tracers, and rates (Table 6.5) measured 
using isotope techniques provide a relative, rather 
than absolute, estimate of Hg2+ methylation, which is 
useful for comparing rates across different locations 
and types of aquatic ecosystems. Quantifying rates of 
demethylation using this technique does not appear 
to be subject to the same difficulty. A portion of the 
discussion below describing the current knowledge 
of the processes of Hg2+ methylation and MeHg 
demethylation in freshwater ecosystems has been 
derived from experiments using these techniques.

6.3.3 Inorganic Mercury Uptake

Two models for Hg uptake by Hg2+ methylating 
organisms have been developed: (1) passive diffusion 
of small neutrally charged Hg-ligand complexes, such 
as HgCl2 or HgS complexes, and (2) active transport 
of specific Hg-ligand complexes such as Hg-amino 
acid complexes (Benoit et al., 1999; Graham et al., 
2012; Schaefer and Morel, 2009). Under passive 
diffusion scenarios, the availability of Hg to methylate 
bacteria is controlled by the concentration of neutral 
dissolved Hg complexes (Barkay et al., 1997; Benoit 
et al., 1999; Benoit et al., 2001; Drott et al., 2007). 
In oxic waters, HgCl2 is the primary neutral species 
(Morel et al. 1998). However, its abundance in 
DOM-containing natural waters is very low, because 
the affinity of Hg2+ for sulphhydryl groups on DOM 
molecules is much higher than its affinity for Cl-. In 
anoxic waters, the presence of sulphide, which has a 
very high affinity for Hg2+, results in the formation and 
prevalence of uncharged HgS0, bisulphide Hg(SH)2

0, or 
polysulfide HgSn

0 complexes. These neutrally charged 
Hg sulphide complexes may be important for bacterial 
uptake in anoxic waters (Benoit et al., 1999; Jay et 
al., 2000; Benoit et al., 2001; Drott et al., 2007) but 
also exist together with insoluble forms that have 
low bioavailability. Under many conditions, these 
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consequence of increasing the temperature by 10°C) 
of 2.25 (for temperature increase from 5 to 15°C) 
for sulphate reduction, a process related to Hg2+ 
methylation, in littoral sediments in Lake Constance  
in Europe.

6.3.4.2 Oxygen/Redox

Sulphate- and iron-reducing bacteria are thought to 
be the primary methylating micro-organisms of Hg2+ 
in Canadian aquatic ecosystems. Sulphate reduction is 
a process carried out strictly under anoxic conditions. 
However, some evidence suggests that sulphate-re-
ducing bacteria may be more tolerant to oxygen than 
initially thought (Baumgartner et al., 2006), although 
this does not mean that they can harness energy by 
oxidizing organic matter under oxic conditions. Iron re-
duction occurs primarily in anoxic sediments, although 
some micro-organisms may slowly reduce Fe3+ in the 
presence of oxygen (Arnold et al., 1990). Furthermore, 
recent data suggests that methanogens, another 
group of anaerobic bacteria, can also methylate Hg2+ 
(Hamelin et al., 2011). Therefore, certain redox condi-
tions (-0.05 to -0.22 Eh (V)) are required for biotic 
Hg2+ methylation, resulting in anaerobic regions of 
freshwater ecosystems being the primary sites of Hg2+ 
methylation. Lake sediments are important sites of 
methylation because they are typically anaerobic with-
in millimetres to centimetres of the sediment-water 
interface, even if the overlying water is oxygenated, as 
in the epilimnion (e.g., Kelly and Rudd 1984; Sweerts 
et al., 1986). Bottom hypolimnetic waters of lakes can 
also be sites of Hg2+ methylation (Eckley and Hintel-
mann, 2006). These waters become anaerobic during 
summer owing to 2 processes: thermal stratification 
of lakes prevents bottom waters from mixing with the 
atmosphere and decomposition of organic matter in 
hypolimnetic sediments leads to biological oxygen 
demand. Peaks of MeHg have been seen at the oxic-
anoxic interface in the water column (Watras 1995a), 
coinciding with the peak in Hg2+ methylation potential 
(Eckley and Hintelmann, 2006). Recently, it was dem-
onstrated that MeHg concentrations in pond waters 
were correlated with various proxies of redox-depen-
dent (anaerobic) microbial activity, such as methane 
concentrations and the NO3

-:NH4+ ratio (Lehnherr et 
al., 2012). As discussed above, Hg2+ speciation and, by 
extension, bioavailability, is also dependent on redox 

6.3.4 Environmental Factors Affecting 
Inorganic Mercury Methylation

Many environmental factors individually and 
interactively affect Hg2+ bioavailability and the 
activity of Hg-methylating bacteria, and thus the net 
production of MeHg. Such factors include temperature, 
redox conditions, pH, organic matter sulphur, and 
nitrate. Studies that have investigated the control of 
these factors on Hg2+ methylation are discussed in 
this section.

6.3.4.1 Temperature

Temperature is an important factor controlling the 
rates of microbial Hg2+ methylation because microbial 
activity is positively correlated with temperature up 
to an optimum temperature of ~35°C (Winfrey and 
Rudd 1990). As a result, rates of Hg2+ methylation 
tend to peak mid- to late summer in Canadian 
(and US) aquatic ecosystems (Ramlal et al., 1993; 
Hintelmannet al., 1995; Watras et al., 1995a; Watras 
et al., 1995b; Kelly et al., 1997; St Louis et al., 
2004). However, Hg2+ methylation can continue year-
round, even in ice-covered Canadian lakes, where 
temperatures at the sediment-water interface are 
typically 4°C (e.g., St. Louis et al., 2004, Kelly et al., 
1997). At the landscape scale, Hg concentrations in 
planktivorous, omnivorous, and piscivorous fishes 
were found to be inversely related to lake size in 6 
remote lakes in northwestern Ontario that ranged in 
surface area from 89 000 to 35 000 ha (Bodaly et 
al., 1993). In this study, higher water temperatures 
in the smaller lakes during the open-water season 
influenced the methylation:demethylation ratio, 
resulting in higher fish Hg levels in the smaller lakes 
(Bodaly et al., 1993). Across those 6 lakes, rates of 
Hg2+ methylation were positively related to water 
temperature, whereas rates of MeHg demethylation 
were inversely related to temperature, resulting 
in the ratio of methylation:demethylation being 
strongly temperature-dependent (Bodaly et al., 1993). 
However, MeHg demethylation rates can also increase 
with temperature in some cases (Matilainen et al., 
1991), suggesting that the effect of temperature 
on net MeHg production may vary from site to site. 
Bak and Pfennig (1991) calculated a Q10 value (rate 
of change of a biological or chemical system as a 
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Benoit et al., 2003) as a result of the stimulating 
effect of organic carbon and nutrients on microbial 
methylation activity. Furthermore, dissolved organic 
carbon concentrations are often positively correlated 
with MeHg concentrations in freshwaters (e.g., 
Watras et al., 1995b). DOM also influences MeHg 
production by forming complexes with Hg2+, affecting 
its availability to methylating micro-organisms. While 
small organic ligands can enhance Hg2+ uptake 
by bacteria through active transport (Golding et 
al., 2002), high-molecular-weight DOM can limit 
availability of Hg2+, possibly through the formation  
of complexes that are too large to cross the cell  
wall of bacteria (Barkay et al., 1997). In this way,  
Hg bioavailability to bacteria and methylation may 
be inhibited at high DOM concentrations as a result 
of increased complexation of Hg by organic ligands, 
particularly in the neutral pH range (Gilmour et al., 
1992; Choi and Bartha, 1994; Barkay et al., 1997; 
Ravichandran et al., 1999). At low pH, DOM is less 
negatively charged and, therefore, less likely to 
complex Hg2+, which makes Hg more available to 
methylating micro-organisms (Miskimmin et al., 
1992; Barkay et al., 1997). DOM stimulated Hg2+ 
methylation in studies in estuaries (Lambertsson et 
al., 2006), wetlands (Windham-Myers et al., 2009), 
and freshwater sediments (Drott et al., 2008), where 
organic matter can either limit or enhance MeHg 
production. For example, Windham-Myers et al. 
(2009) demonstrated that the experimental removal 
of wetland vegetation led to decreased MeHg 
production in sediments. Experimentally measured 
methylation rates were an order of magnitude lower 
in unproductive lakes compared to productive lakes 
in Sweden (Drott et al., 2008). On the other hand, 
MeHg production was negatively correlated with 
porewater dissolved organic carbon concentrations 
in a boreal peatland (Mitchell et al., 2008a), and the 
addition of organic carbon to peatland soils did not, 
on its own, stimulate MeHg production (Mitchell 
et al., 2008b). This negative correlation between 
organic carbon and methylation rates may mean 
methylation in these peatlands was limited not 
by organic matter (the electron donor in microbial 
metabolism) but by the availability of electron 
acceptors such as sulphate. Thus, DOM can have 
contrasting effects on MeHg production, and which 
effect is dominant depends on the environment/
ecosystem and DOM quality.

conditions. Under anaerobic conditions, the presence 
of ligands containing reduced sulphur groups may 
enhance Hg2+ uptake and methylation (Schaefer et al., 
2011).

6.3.4.3 pH

MeHg concentrations in lake water and at the 
sediment-water interface have been found to 
increase with decreasing pH (e.g., Winfrey and 
Rudd, 1990; Gilmour and Henry, 1991). Possible 
explanations for this relationship are that (1) the 
bacteria responsible for methylating Hg2+ are more 
prevalent in the microbial community at low pH 
(Winch et al., 2008), or (2) the bioavailability of Hg2+ 
increases with decreasing pH (Kelly et al., 2003; 
Golding et al., 2008). For example, active transport 
of Hg2+ across cell membranes is enhanced with 
decreasing pH (Winfrey and Rudd, 1990). Kelly and 
co-workers showed in laboratory experiments that 
even relatively small changes in pH (7.3−6.3) resulted 
in large increases in Hg2+ uptake by an aquatic 
bacterium (Kelly et al., 2003). The increased rate of 
uptake was directly proportional to the concentration 
of H+. They concluded that pH appeared to affect an 
active transport mechanism by which Hg2+ is taken 
up by the cells. Lowering the pH of Hg solutions 
mixed with natural DOM or with whole-lake water 
also increased bacterial uptake of Hg2+. H+ can 
also compete with Hg2+ for binding sites on DOM 
molecules. Typically, Hg2+ bound to DOM is not readily 
bioavailable; however, as H+ concentrations increase 
with decreasing pH, less Hg2+ is bound to DOM and 
Hg2+ becomes more bioavailable to bacterial cells, 
which in turn can facilitate Hg2+ methylation (Kelly et 
al., 2003). Hence, in the water column, low pH may 
stimulate methylation by leading to the protonation of 
certain DOM binding sites, thus promoting binding of 
Hg2+ directly to microbial cells (Winfrey and  
Rudd, 1990).

6.3.4.4 Organic Matter

Organic matter interacts with Hg in several different 
ways, affecting its transport, transformation, 
and bioavailability. High levels of organic matter 
in sediments are related to higher methylation 
rates in water and sediments (Ullrich et al., 2001; 
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6.3.4.5 Nitrate

Nitrate (NO3
-) has also been suggested to control 

microbial methylation and MeHg production in 
freshwater ecosystems, mainly by controlling redox 
conditions and favouring certain microbial pathways. 
For example, an inverse relationship between 
concentrations of NO3

- and MeHg has been observed 
in bottom hypolimnetic waters of a temperate, 
eutrophic lake with elevated NO3

- concentrations due 
to wastewater inputs (Lake Onondaga, northeastern 
United States) (Todorova et al., 2009). Because 
NO3

- is thermodynamically favoured over SO4
2- as 

an electron acceptor during microbial respiration 
of organic matter, higher NO3

- concentrations can 
lead to decreased activity of sulphate-reducing 
bacteria and, by extension, decreased rates of Hg2+ 
methylation. NO3

- has also been hypothesized to 
regulate the release of MeHg from sediments by 
controlling the oxidation state of Fe and manganese 
(Mn) (Todorova et al., 2009). Although MeHg can 
adsorb to Fe/Mn oxyhydroxides in sediments, those 
complexes can be reduced in the absence of NO3

-, 
releasing any adsorbed MeHg to overlying waters 
(Todorova et al., 2009). However, it is unclear whether 
NO3

- controls on MeHg production are primarily a 
feature of lakes with anthropogenically elevated NO3

- 
concentrations, or whether NO3

- is also relevant to 
MeHg production in pristine freshwater ecosystems. 
A negative relationship was reported between MeHg 
concentrations in Arctic ponds and the ratio of NO3

- to 
NH4

+; however, that relationship likely is a reflection of 
how the redox impacts Hg2+ methylation (Lehnherr et 
al., 2012).

6.3.5 Sites of Methylmercury Production

In freshwater ecosystems, biotic Hg2+ methylation 
occurs primarily in anaerobic environments such as 
sediments (Compeau and Bartha, 1985; Gilmour et 
al., 1992; Choi and Bartha, 1994) and hypolimnetic 
waters (Watras et al., 1995a; Eckley et al., 2005). 
Methylation can also occur in the root zone of floating 
macrophytes (Mauro et al., 1999), macrophyte- and 
sediment-associated periphyton (Cleckner et al., 
1999; Mauro et al., 2002), and epilithic biofilms 
(Desrosiers et al., 2006); however, on a mass 
production scale, these sites tend to contribute little to 
the overall MeHg pool in freshwater Canadian lakes.

6.3.4.4 Sulphur

The balance between oxidized (e.g., sulphate SO4
2) 

and reduced (e.g., hydrogen sulphide H2S) forms 
of sulphur can play a major role in rates of Hg2+ 
methylation in aquatic ecosystems. For example, low 
SO4

2- concentrations can limit rates of SO4
2- reduction 

by the sulphate-reducing bacteria that are able to 
methylate Hg2+ (Gilmour et al., 1992; King et al., 2000, 
2001et al.). However, studies using pure cultures of 
sulphate-reducing bacteria have shown that Hg2+ 
methylation rates were highest when sulphate was 
absent and the sulphate-reducing bacteria were 
obtaining energy by a commonly used alternative 
mechanism that involves a syntrophic association with 
methanogenic bacteria, another group of anaerobes 
(Pak and Bartha, 1998). Rates of Hg2+ methylation 
may also be inhibited at high SO4

2- concentrations, 
because the resulting high rates of SO4

2- reduction 
lead to increased sulphide concentrations, which 
impact rates of Hg methylation through the formation 
of charged Hg-S complexes (e.g., Hg(SH)- and HgS22-). 
These complexes are less bioavailable than neutral 
Hg-S complexes (Gilmour et al., 1998; Benoit et al., 
2003), resulting in decreases in MeHg production. 
The optimal SO4

2- concentration for Hg2+ methylation 
to occur ranges from 10 to 300 µmol L-1, whereas the 
optimal sulphide concentration is quite low, around 10 
µmol L-1 (Drott et al., 2008; Benoit et al., 1999; Benoit 
et al., 2001). These optimal ranges are also affected 
by Fe and organic matter concentration, which affect 
S and Hg2+ complexation and availability (Munthe 
et al., 2007). High concentrations of DOM generally 
reduce Hg2+ bioavailability, as described above. In 
the presence of sulphide, though, HgS complexes 
can dominate aqueous Hg speciation. Neutral HgS 
complexes are highly bioavailable to Hg-methylating 
bacteria. Deonarine and Hsu-Kim (2009) suggested 
that the bioavailable neutral Hg-S species may 
be nanoparticulate β- HgS(s) or polynuclear Hg-S 
clusters rather than the aqueous HgS0 (or HOHgSH0) 
monomers previously proposed. In laboratory 
experiments, Graham and co-workers found no 
enhancement in Hg methylation by D. desulfuricans 
when β-HgS(s) formation was prevented, leading 
them to hypothesize that HgS nanoparticles, stabilized 
against aggregation by DOM, are bioavailable to Hg-
methylating bacteria (Graham et al., 2012).
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6.3.5.2 Methylmercury Production in the  
Water Column

Numerous studies have documented higher 
concentrations of MeHg in bottom hypolimnetic 
waters than in surface epilimnetic waters of lakes 
(Korthals and Winfrey, 1987; Watras et al., 1995a; 
Eckley et al., 2005). During summer months, many 
Canadian lakes become thermally stratified, physically 
isolating the hypolimnion from the atmosphere and 
cutting off its supply of oxygen through air-water 
gas exchange. Anaerobic conditions subsequently 
develop in the hypolimnion due to biological oxygen 
demand by sediment micro-organisms. Eckley et al. 
(2005) suggested that inorganic Hg2+ methylation 
begins in sediments and moves upwards as the redox 
boundary moves into the water column as summer 
progresses. In the water column, Hg2+ methylation 
was found to occur at distinct rates and at discrete 
depths, with a peak typically observed just below the 
oxycline (Figure 6.4) (Watras et al., 1995a; Korthals 
and Winfrey, 1987; Eckley and Hintelmann, 2006), 
where peak rates of sulphate reduction and the 
greatest diversity of sulphate-reducing bacteria were 
also found (Watras et al., 1995a; Eckley et al., 2005). 
As described above, several studies have identified 
sulphate-reducing bacteria, as well as iron-reducing 
bacteria, as key methylators of inorganic Hg2+ (King 
et al., 2000; Fleming et al., 2006). Migration of 
sulphate-reducing bacteria and other microbes into 
the water column brings them closer to the source 
of important substrates (such as sulphate) that have 
significant atmospheric sources. However, as the 
oxycline moves further away from the sediments, 
Hg2+ methylation activity at the oxycline tends to 
decrease, as Hg2+ methylating microbial communities 
are diluted with distance from the sediments where 
they are most abundant (Eckley and Hintelmann, 
2006). Following fall water column turnover in lakes, 
when the entire water column becomes isothermal 
and well oxygenated, water-column Hg2+ methylation 
typically ceases (Eckley and Hintelmann, 2006). As 
would be expected, several studies have shown that 
methylation occurs at very low rates (Matilainen and 
Verta, 1995) or does not occur at all, in oxygenated 
epilimnetic water of lakes (Korthals and Winfrey, 1987; 
Eckley and Hintelmann, 2006). However, biological 
oxygen demand can render waters under winter ice 
anaerobic if the lake is shallow, and there is no flow 
of oxygenated water from upstream sources. St. Louis 

Additional details on sites of MeHg production in 
Canadian freshwater ecosystems that have not 
already been discussed are presented below.

6.3.5.1 Methylmercury Production  
in Sediments

Sediments in freshwater aquatic ecosystems are 
important zones of Hg2+ methylation (Ramlal et al., 
1993; Krabbenhoft et al., 1998; Munthe et al., 2007), 
although variation in Hg2+ methylation rates can be 
high among different sediment environments and 
types. For example, Ramlal et al. (1993) showed that 
Hg2+ methylation was far slower in cold profundal 
sediments underlying oxygenated hypolimnetic waters 
of lakes than in warmer littoral sediments underlying 
oxygenated epilimnetic waters. In many temperate 
freshwater systems, anoxic conditions develop at the 
sediment–water interface in June (Rudd, 1995; Watras 
et al., 2005). Maximum Hg2+ methylation rates have 
been observed at this redox boundary and typically 
decrease with increasing sediment depth (Matilainen 
and Verta, 1995; Rudd, 1995; Drott et al., 2008). 
For sediments to maintain sulphate reduction, they 
require fresh inputs of sulphate, primarily through 
contact with overlying oxygenated water. In eplimnetic 
sediments this process may be ongoing; however, 
in deeper sediments this contact may occur only 
during well-mixed/turnover periods. Bioturbation in 
deeper sediments may enhance net MeHg production 
by increasing the size of the sediment reservoir 
with favourable redox conditions and by increasing 
exchange with overlying waters (Benoit et al., 2006), 
which would both enhance the supply of sulphate 
into sediments and the efflux of MeHg to lake waters. 
Generally, Hg2+ methylation is highest near the oxic-
anoxic boundary of lakes, which is typically found 
within the first few centimetres below the sediment-
water interface in surface epilimnetic sediments or in 
the metalimnion of lakes that develop anoxic bottom 
waters. These environments provide the right redox 
conditions while also remaining close to surface waters 
and sources of fresh labile organic matter and sulphate. 
Typically, microbial demethylation in sediments is more 
efficient than methylation, but, because there is much 
less MeHg than Hg2+ in sediments (approximately only 
0.5–3.0% of all Hg in sediments is MeHg (Hintelmann, 
2010)), Hg2+ methylation and net MeHg production are 
favoured over demethylation.
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shows an expanded view of the bottom 2 m of the 
water column. Figure adapted from Eckley and 

Hintelmann (2006).

6.3.5.3 Methylmercury Production  
in Periphyton

Periphyton biofilms, which constitute an important 
food source for primary consumers in littoral habitats 
(Hecky and Hesslein, 1995; McIntyre et al., 2006; 
Cremona et al., 2009), have also been shown to be 
sites of Hg2+ methylation in Canadian freshwater 
ecosystems (Desrosiers et al., 2006). Methylation 
rates of Hg2+ have been measured in the laboratory 
with periphyton grown on artificial Teflon substrates 
deployed in the rocky littoral region of an oligotrophic 
Canadian boreal shield lake (Lake Croche, Quebec). 
These experiments found that Hg methylation rates 
were positively related to temperature (Desrosiers et 
al., 2006). Methylation experiments using different 
inhibitor amendments showed a decrease in Hg2+ 
methylation rates when algae, bacteria, or sulphate-
reducing bacteria were inhibited, demonstrating that 
different micro-organisms assemblages in the biofilm 
appear to be capable of methylating Hg2+ (Desrosiers 
et al., 2006). In the most detailed study to date, Hg2+ 
methylation rates were quantified by Hamelin et al. 
(2011) in periphyton biofilms growing on aquatic 
plants in wetlands of Lake St. Pierre, an enlargement 
of the St. Lawrence River (Quebec). Concentrations 
of MeHg were 1–2 orders of magnitude higher in 
periphyton than in lake sediments at the site (Goulet 
et al., 2007; Caron and Lucotte, 2008), with the 
proportion of MeHg to total Hg in periphyton ranging 
from 3 to 50% depending on the macrophyte host 
and the sampling period (Hamelin et al., 2011). 
Methylation and MeHg demethylation rates were also 
measured by in situ Hg stable isotope incubations 
of periphyton-macrophytes complexes. These 
experiments showed that methylation occurred rapidly 
(within 12 to 48 h), with periphyton methylation rates 
in Lake St. Pierre comparable to what was found in 
sediments and periphyton from the Everglades in 
Florida (Gilmour et al., 1998; Cleckner et al., 1999), 
in periphyton from Brazil (Mauro et al., 2002), and in 
periphyton growing on the artificial Teflon substrates 
described above (Desrosiers et al., 2006). In Lake 
St. Pierre, methylation rates were not temperature-
dependent, whereas demethylation rates were 
negatively related to temperature, being 3 times 

et al. (2004) observed a large spike in %MeHg in a 
flooded peatland/pond in the spring following a winter 
in which the open-water region was totally anoxic 
because upland water inputs had dried up. These 
results suggested that microbial methylation was still 
occurring in the relatively cold sediments or water 
column during the ice-covered winter period.
Because of relatively high carbon, nutrient and Hg2+ 
concentrations, as well as microbial densities in 
sediments, Hg2+ methylation potentials are typically 
greater in sediments than in the water column 
(summarized in Ullrich et al., 2001). However, mass 
balances and modelling efforts from several lakes 
have suggested that MeHg production in the water 
column can be an important input to an overall lake 
MeHg budget (Parks and Hamilton, 1987; Eckley et al., 
2005; Muresan et al., 2008; Qureshi et al., 2009).

FIGURE 6.4  Example of the relationship between 
dissolved oxygen (D.O.) and inorganic mercury 
methylation potential (expressed as % of incubation 
spike methylated per day) in a boreal lake in 
northwestern Ontario in July and September. Note 
that the peak in Hg2+ methylation potential follows 
the decrease in D.O. up the water column over 
the summer. No methylation was observed in the 
oxygenated epilimnion (sampled at ~4 m). The inset 
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Hg2+ and organo-mercurials (including MeHg). 
Reductive demethylation involves the sequential 
action of 2 enzymes: organomercurial lyase (encoded 
by mer-B gene) and mercuric reductase (encoded 
by mer-A gene) (Barkay et al., 2003; Schaefer et al., 
2002). The mer-detoxification pathway is induced or 
regulated by ambient MeHg concentrations as follows 
(eq. 5):

CH3Hg+ à(OML) Hg2+ + CH4  à(MR) Hg0  [5]

A broad-spectrum of Hg-resistant micro-organisms, 
including gram-negative and gram-positive bacteria 
that contain both mer-B and mer-A genes, can 
demethylate MeHg under aerobic or anaerobic 
conditions via the process shown in equation [5] 
(Barkay et al., 2003).

6.3.6.2 Oxidative Demethylation

Oxidative demethylation is mediated by anaerobic 
bacteria and includes the oxidation of the methyl 
group on MeHg to CO2, with or without concurrent CH4 
production (Oremland et al., 1995). The mechanism is 
currently unknown but may be analogous to methanol 
or monomethylamine degradation by methanogens 
(equation 6) or to acetate oxidation by sulphate-
reducing bacteria (equation 7), and thus, does not 
represent an active detoxification response (Marvin-
DiPasquale and Oremland, 1998)

4CH3Hg+ + 2H2O + 4H+ à  
3CH4 + CO2 + 4Hg2+ + 4H2    [6]

SO4
2- + CH3Hg+ + 3H+ à  

H2S + CO2 + Hg2+ + 2H2O                  [7]

Oremland et al. (1995) and Marvin-DiaPasquale et 
al. (2000) suggested that both methanogens and 
sulphate-reducing bacteria could simultaneously 
demethylate MeHg via oxidative demethylation, 
proposing that MeHg is simply co-metabolized along 
with small organic substrates (e.g., Cl compounds) 
and does not represent an energy-yielding substrate 
for either group.

The relative importance of reductive versus oxidative 
demethylation under aerobic and anaerobic conditions 

higher at 18°C than at 23°C. Plant-host relationships 
had an effect on net Hg2+ methylation rates because 
they influenced light attenuation within macrophyte 
beds, with higher available light leading to higher 
MeHg production (Hamelin et al., unpublished 
data). Methylation was not detected in the host 
plants themselves. Furthermore, in Lake St. Pierre, 
methylation experiments with specific metabolic 
inhibitors, followed by 16S rRNA gene sequencing, 
demonstrated for the first time the importance of 
methanogens as Hg2+ methylators in periphyton 
(Hamelin et al., 2011). However, the contribution of 
Hg2+ methylation in periphyton to the overall MeHg 
load of lakes has not yet been quantified, and it is 
expected to vary widely depending on the periphyton 
biomass and density at any given site.

6.3.6 Methylmercury Demethylation

Demethylation of MeHg is an important process 
in Canadian aquatic ecosystems (Table 6.5) 
because it removes MeHg that would have been 
available for bioaccumulation in organisms and 
subsequent biomagnification through food webs. 
Photodemethylation is an abiotic process that 
removes significant amounts of MeHg from surface 
waters of aquatic ecosystems; it has already been 
reviewed in detail. In sediments and dark bottom 
waters, where MeHg accumulates following Hg2+ 
methylation, photodemethylation likely has little 
impact on MeHg demethylation. However, MeHg can 
also be microbially demethylated in lake sediments 
(Oremland et al., 1991), the water column of lakes 
(Schaefer et al., 2004), and in periphyton. There are 2 
known pathways for microbial MeHg demethylation: 
reductive and oxidative demethylation (Oremland 
et al., 1995; Marvin-DiPasquale et al., 2000), which 
are based on the redox state of the carbon products 
of demethylation, carbon dioxide (CO2) and methane 
(CH4), respectively.

6.3.6.1 Reductive Demethylation

Reductive demethylation is the process in which MeHg 
is biologically reduced to gaseous Hg0. Reductive 
demethylation can be accomplished by Hg-resistant 
bacteria that have the ability to detoxify both inorganic 
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(Figure 6.1). The net difference between inputs and 
outputs is used to measure how much MeHg the 
aquatic ecosystem is yielding per unit area. Mass 
balance studies are also useful to identify where the 
MeHg is generally being produced and what types 
of aquatic ecosystems are the most efficient at 
methylating Hg2+. Unfortunately, mass balance studies 
are expensive because they require large amounts of 
infrastructure (e.g., hydrological weirs, precipitation 
collectors, etc.) and must often continue for several 
years to reveal interannual variation in production 
and degradation rates. As a result, very few mass 
balance studies of unimpacted freshwater ecosystems 
have been conducted in Canada. More of these 
studies are needed to improve our understanding 
of MeHg sources to different types of freshwater 
ecosystems. Table 6.6 summarizes the results of 2 
studies conducted in Canadian freshwater aquatic 
ecosystems. The first was conducted on Lake 240, 
an oligotrophic boreal shield lake with a surface area 
of 44.1 ha and a maximum depth of 13 m, situated 
in northwestern Ontario at the Experimental Lakes 
Area (ELA) (Sellers et al., 2001). While the Lake 240 
watershed is characterized by wetlands, no wetlands 
drain directly into Lake 240. The second study was 
conducted on Pond 1 in Quttinirpaaq National Park 
on northern Ellesmere Island. Pond 1 is a wetland 
complex comprised of a central pond surrounded by 
a sedge meadow located along the shore of ultra-
oligotrophic Lake Hazen and is representative of 
the general characteristics, vegetation, and water 
chemistry of wetlands in the region. It has a total 
surface area of 0.6 ha and a maximum depth of 1 m. 
It had no inflow or outflow streams (during the study 
period) and generally receives the majority of its water 
from snowmelt runoff (Lehnherr et al., 2012).

Both studies revealed that external inputs of MeHg 
to lakes and ponds are small (<5%) relative to the 
internal production of MeHg (in sediments or the water 
column), and that photodemethylation is the major 
process driving the loss of MeHg in the water column, 
especially in shallow systems. In addition to internal 
production, wetlands are known to be important 
sources of MeHg to downstream ecosystems (e.g., 
St. Louis et al., 1996). However, even lakes with 
numerous or large wetlands in their catchment do 
not necessarily receive the majority of their MeHg 

was monitored (Oremland et al., 1991). The results 
indicated that both aerobic and anaerobic micro-
organisms demethylated MeHg in sediments but 
that either group may dominate in a particular 
sediment type. For example, aerobic demethylation 
in estuarine sediments appeared to proceed by the 
reductive organomercurial-lyase pathway, because 
CH4 (equation 5) was the sole product (i.e., no CO2 
or H2S was formed; equations 6 and 7). However, 
aerobic demethylation in freshwater sediments, as 
well as anaerobic demethylation in all sediments 
studied, produced primarily CO2. This indicates the 
presence of an oxidative pathway, possibly one in 
which MeHg serves as an analog of one-carbon 
substrates. Therefore, while reductive demethylation 
via the mer-operon pathway may occur mainly under 
aerobic estuarine conditions, oxidative demethylation 
occurs under both aerobic and anaerobic freshwater 
conditions and is associated with a range of microbial 
processes including denitrification, sulphate reduction, 
and methanogenesis (Oremland et al., 1995).

6.4 MASS BALANCE STUDIES OF 
METHYLMERCURY PRODUCTION 
IN CANADIAN FRESHWATER 
ECOSYSTEMS
Mass balance studies of MeHg production have been 
very valuable for determining where MeHg is being 
produced and decomposed in freshwater aquatic 
ecosystems. The mass balance approach is well 
suited for quantifying the net production of MeHg in 
sediments and the subsequent export of MeHg into 
overlying lake waters (integrated over space and 
time). It does not have to rely on direct measurements 
of Hg2+ methylation and MeHg demethylation in 
sediments, which are not always representative of 
true rates because of spike effects and highly variable 
spatial distribution of methylation/demethylation 
rates within a single water body. Mass balance 
studies compare the inputs of MeHg to freshwater 
aquatic ecosystems (e.g., in precipitation and runoff 
from the surrounding watershed) to the losses of 
MeHg (e.g., via outflow or through demethylation in 
the water column, particularly photodemethylation) 
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its biomagnification through the food webs. One 
such experiment, the Mercury Experiment to Access 
Atmospheric Loading in Canada and the United States 
(METAALICUS), was conducted at the ELA beginning in 
2001. There, 3 enriched stable isotopes of inorganic 
Hg were applied experimentally to the forested 
uplands (200Hg2+), wetlands (198Hg2+), and lake 
surface (202Hg2+) of Lake 658 over a 7-year period 
(2001–07), after which the lake has been allowed to 
recover. The isotope applications increased local Hg2+ 
deposition on an annual basis by a factor of about 
7 – the equivalent of wet deposition rates in eastern 
North America. Unfortunately, mass balance results 
from only the first 3 years of loading were published 
(Harris et al., 2007). These results showed that fish 
MeHg concentrations responded quickly to changes 
in Hg2+ loading; however, almost all of the increase 
in fish MeHg concentrations came from the Hg2+ 
deposited directly to the lake surface (Harris et al., 
2007). In the upland portions of the watershed, <1% 
of the Hg2+ isotope was exported to the lake. A new 
“steady state” was not reached within the first 3 years 
of the loading experiment, and in fact, lake Hg isotope 
concentrations were still rising in lake biota, and 
watershed Hg isotope exports to the lake were slowly 

from wetland sources. Similar to the results in Lake 
240 in the ELA (Sellers et al. 2001), a mass balance 
study of a boreal lake in Wisconsin (Eckley et al., 
2005) has shown that internal MeHg production is the 
largest source, followed by inflow from wetlands, and 
wet deposition/runoff from upland regions. Although 
there are very limited data from rivers, a recent mass 
balance model developed for the St. Lawrence River 
showed that the largest MeHg source is the input from 
upstream reaches and that MeHg removal is primarily 
through advection to downstream reaches (Lessard et 
al., 2013), reflecting the flow-through nature of river 
ecosystems. MeHg inputs from production in bottom 
sediments and removal of MeHg from river waters 
by settling of sedimentary particles were relatively 
less important in the MeHg mass balance of the river 
(Lessard et al., 2013).

Whole-ecosystem experiments involving Hg stable 
isotope loading are also proving to be extremely 
effective in revealing the movement of Hg through 
watersheds, the mechanisms and interactions 
involving oxidation and reduction, and Hg methylation 
and demethylation. They can also reveal the timing 
of processes leading to the production of MeHg and 

TABLE 6.6  External and internal fluxes of MeHg for Lake 240 (Experimental Lakes Area) during the stratification 
period of June–October 1995 (Sellers et al., 2001), and for Pond 1 (northern Ellesmere Island) during July 2005 and 

2007 (Lehnherr et al., 2012)

Flux Lake 240 Pond 1

Fluxes
Fate of 
inputsa Fluxes

Fate of 
inputs

mg ng m-2 d-1 % mg ng m-2 d-1 %

Sum of external inputs (∑I) 13b 0.25 – 0.4c 0.03 –

Outflow (O) 3 0.06 1 0 0 0

Photodemethylation (P) 54 1.0 20 179 15 94

Water column accumulation (∆M) 220 4.2 79 11 1.1 6

Internal production (IP)d 264 5.1 – 189 17 –

a Both external inputs and internal production.
b Includes stream inputs and wet deposition onto the surface of the lake.
c Includes wet deposition onto surface of pond (i.e., no inflow to pond).
d IP = ∆M - ∑I + P + O (where internal production can occur in sediments or the water column).
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ecosystem loading experiments can be extremely 
powerful and far more informative than experiments 
on isolated, individual components of ecosystems, 
such as sediment cores or short-term bottle- or bag-
based incubation experiments. Only extremely small 
quantities of isotopic Hg2+ (i.e., equivalent to quantities 
in normal atmospheric deposition) need to be added 
to experimental ecosystems for these types of studies 
to be informative. Such studies therefore represent no 
additional or substantial threat to the environment.

The emerging use of the natural fractionation of Hg 
isotopes may hold promise for further understanding 
Hg biogeochemical processes in Canadian aquatic 
ecosystems, as well as for fingerprinting emission 
sources that lead to the deposition of Hg2+ to these 
systems. There are 7 stable isotopes of Hg naturally 
found in the environment, and these occur in specific 
ratios, primarily controlled by the natural abundance 
of each isotope. Researchers are slowly learning 
which biogeochemical and photochemical processes 
fractionate Hg isotopes, thus altering the isotope ratios 
of Hg in various environmental compartments (e.g., air, 
sediment, or fish tissues). Fractionation of Hg isotopes 
can be mass-dependent (e.g., biomagnification) or 
mass-independent (e.g., Hg2+ photoreduction and 
MeHg photodemethylation), depending on the process 
involved (Bergquist and Blum, 2007). The type of 
fractionation and extent of fractionation of Hg isotopes 
can be informative, revealing the relative importance 
of biogeochemical transformations leading to Hg 
bioaccumulation in food webs (Bergquist and Blum 
2007). A full understanding of Hg isotope fractionation 
may lead to a better understanding of how Hg cycles 
in Canadian freshwater ecosystems, and how human 
activities are altering those natural processes.
Finally, recent progress in understanding the genetic 
basis of Hg2+ methylation (Parks et al., 2013) has also 
opened the door to develop new tools to understand 
MeHg production, such as molecular biomarkers that 
could be used to detect and quantify Hg2+ methylation 
(Poulain and Barkay, 2013). Additionally, knowing 
which genes are responsible for methylation opens up 
a new approach to identify the environmental factors 
that promote or inhibit methylation by triggering 
expression of the methylation genes. Therefore, these 
molecular techniques may provide new insights 
into the mechanism of Hg2+ methylation in different 

increasing (Harris et al., 2007). A publication detailing 
the full 7-year loading and 4-year recovery periods is 
currently being drafted.

6.5 FUTURE RESEARCH 
DIRECTIONS FOR IMPROVING 
OUR UNDERSTANDING OF NET 
METHYLMERCURY PRODUCTION 
IN CANADIAN FRESHWATER 
ECOSYSTEMS
In this chapter, detailed processes of Hg oxidation 
and reduction and Hg methylation and demethylation 
have been described including where these processes 
occur in Canadian freshwater ecosystems. The 
balance between these processes determines the net 
production and accumulation of MeHg in freshwater 
ecosystems and the concentrations of MeHg that 
influence MeHg bioaccumulation in organisms and 
biomagnification through food webs. Mass balance 
studies have proved extremely useful for quantifying 
MeHg production at a meaningful spatial and temporal 
scale (unlike methylation assay experiments, which 
provide snapshots in space and time), and for 
identifying the type of freshwater ecosystems most 
likely to be MeHg sources. Despite their usefulness, 
very few MeHg mass balances studies have been 
undertaken in Canadian freshwaters. More are 
needed, especially mid- and long-term studies to 
examine seasonal and interannual variability of MeHg 
production in different freshwater ecosystems. For 
example, most data are collected in the summer, 
and mass balance studies extending into the fall 
and winter would shed light on the ultimate fate 
of MeHg produced during the summer, when Hg2+ 
methylation tends to dominate. Future research 
directions in Canada should also include the further 
use of stable isotope loading experiments such as 
METAALICUS. Although results from the METAALICUS 
experiment will be highly transferrable to other 
freshwater ecosystems, the METAALICUS lake and 
watershed are not representative of many types of 
aquatic systems in Canada, such as those in the 
Canadian prairies, boreal shield and the high Arctic. 
If conducted responsibly, these types of whole-
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oceans (Mason et al., 2012; Macdonald and Loseto, 
2010; Sunderland et al., 2009; Fitzgerald et al., 2007). 
Factors that affect the bioavailability of Hg in marine 
systems, such as its chemical complexation (Schaefer 
and Morel, 2009; Morel et al., 1998) and the sources 
and pathways of Hg delivery to marine environments 
(Larose et al., 2011), are likely important in 
determining the relationship between releases of 
Hg and levels in biota. Furthermore, MeHg levels in 
marine fish and mammals are clearly related to their 
foraging habits; however, defining these relationships 
is often complicated by the large and diverse habitat 
ranges that marine biota can occupy, which may 
have different sources of Hg (Senn et al., 2010; 
Loseto et al., 2008a; Fitzgerald et al., 2007). Possibly 
the greatest challenge in evaluating the scientific 
evidence on Hg in marine environments in order to 
inform strategies for Hg abatement is integrating the 
processes that occur on many different scales  
(Selin, 2011).

The main objective of this chapter is to report on the 
most current science regarding the transport, cycling, 
and fate of Hg in Canada’s marine ecosystems. 
Mercury models have been developed for several 
marine ecosystems in Canada, and section 7.2 
describes the insights they provide into different 
transport pathways that determine the amount of 
Hg in these ecosystems. The focus of section 7.3 is 
on the speciation of Hg in water and sediment as 
well as transformations of inorganic Hg, especially 
to the more toxic and bioaccumulative form, MeHg. 
Food web dynamics also have an important role in 
determining MeHg levels in marine fish and wildlife, 
and those processes are discussed in section 7.4. 
Spatial and temporal trends of Hg in biota from 
Canada’s marine environments are described 
elsewhere in Chapters 10 and 11 of this assessment. 
Some marine regions of Canada have received 
more scientific attention than others, particularly 
the Arctic Archipelago and Beaufort Sea, Hudson 
Bay, the estuary and Gulf of St. Lawrence, the Bay 
of Fundy, and the Pacific Coast. Our understanding 
of Hg cycling and fate in these unique regions is 
summarized in section 7.5. Finally, the current 
science and recommendations for future Hg research 
in Canada’s marine ecosystems are summarized in 
section 7.6.

7.1 INTRODUCTION
Marine animals are important dietary items that 
expose Canadians to methylmercury (MeHg) (Dabeka 
et al., 2004). Fish and shellfish are staple foods 
in many coastal communities (Clark et al., 2007; 
Legrand et al., 2005). As well, in northern Canada 
and Newfoundland and Labrador, seabird adults and 
eggs are hunted in large numbers for food. Marine 
mammal consumption is a significant part of the 
diet for northern aboriginal people (NCP, 2009). A 
scientific understanding of the processes driving 
mercury (Hg) cycling and MeHg bioaccumulation in 
Canada’s marine ecosystems is therefore needed in 
order to effectively assess, manage, and mitigate Hg-
associated health risks. This objective is a challenge, 
however, given the diverse marine environments along 
Canada’s lengthy coastline (202 080 km) that borders 
3 major oceans (the North Pacific, Arctic, and North 
Atlantic). The movement of Hg within and between 
these environments (including estuaries, continental 
shelves, deep ocean basins, and sea ice) is complex 
because of their sheer size and open nature, the 
multiple pathways and transformations that deliver Hg 
to and export Hg from marine systems, and the variety 
of habitats with diverse food webs that differ in their 
capacity to process and biomagnify Hg.

Key scientific uncertainties regarding the movement 
and fate of Hg in marine environments are directly 
relevant to risk management of this toxic metal. 
Atmospheric deposition is the main source of Hg to 
the open ocean, although Hg of terrestrial origin is 
significant in coastal areas. There is some uncertainty 
in response times of marine fish to reductions in 
atmospheric deposition. Response times depend on 
the physical and biological properties of different 
ocean basins and on the major production sites of 
MeHg, which is then accumulated in marine fish (Selin 
et al., 2010; Sunderland et al., 2009). Overall, levels of 
MeHg in pelagic marine fish are expected to decline in 
relation to reduced atmospheric deposition, although 
it will likely take years to decades for these benefits 
to be realized (Mason et al., 2012). This is an area 
of active research, and understanding these cause-
effect linkages is hampered by limited information 
on oceanic MeHg concentrations, processes of MeHg 
production, and dominant sites of Hg methylation in 
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Hg — often predominantly bound to particulate matter 
(Schuster et al., 2011; Leitch et al., 2007) — from 
terrestrial and freshwater environments to coastal 
zones, where it is deposited. Turbulence created by 
passing storms, ocean currents, and upwelling results 
in significant lateral and vertical transport of Hg to 
marine water columns and sediments (Cossa et al., 
2011; Sunderland and Mason, 2007). Coastal erosion 
can be a significant pathway for Hg transport in some 
regions such as the Arctic Ocean, where soil-bound 
Hg is released into the ocean by wave action and 
permafrost degradation (Outridge et al., 2008).

7.2.2 Modelling of Mercury Fluxes in 
Marine Environments

Mass balance models have been developed for 
several marine regions in Canada to identify the 
dominant pathways of total Hg (THg) into and out of 
these systems. This modelling approach determines 
the mass exchange of THg between different 
environmental compartments (assuming a steady 
state), particularly interactions of the atmosphere, 
rivers, and coastal soils with the ocean water column 
and marine sediment. Model requirements include 
flux estimates for water and sediment into and out of 
the system as well as THg concentrations in different 
media. Atmosphere-ocean exchanges, specifically net 
deposition and evasion of Hg, have been challenging 
fluxes to estimate for these models (Outridge et al., 
2008; Sunderland and Mason, 2007).

A comparison of mass balance models produced 
for the Arctic Ocean (Outridge et al., 2008), Hudson 
Bay (Hare et al., 2008), the Bay of Fundy in Atlantic 
Canada (Sunderland et al., 2012; Dalziel et al., 2010), 
the Strait of Georgia in southern British Columbia 
(Johannessen et al., 2005), and the St. Lawrence 
River estuary (Cossa and Gobeil, 2000) show that the 
dominant THg inputs to marine environments vary 
regionally (Table 7.1). For the Arctic Ocean as a whole 
(excluding the Arctic Archipelago), direct atmospheric 
deposition is the dominant THg source and contributes 
98 t y-1 or 48% of total annual inputs. Fluxes from 
coastal erosion (23%) and ocean currents (23%) are 
also important, while river THg loadings are minor 
(6%). In contrast, river loadings are the dominant flux 

7.2 SOURCES AND TRANSPORT 
OF MERCURY TO MARINE 
ENVIRONMENTS

7.2.1 Global and Regional Transport

Mercury occurs naturally in the environment, although 
human activities such as mining and fossil-fuel 
burning have enhanced its release and movement 
since industrialization. Anthropogenic releases of Hg 
via effluent discharge and atmospheric emissions 
result in local, point-source increases in Hg as well as 
diffuse, long-range atmospheric transport to distant 
regions of the globe (Durnford et al., 2010). On a 
global scale, the world’s oceans are a major reservoir 
of Hg, containing an estimated 134 000 t in the upper 
oceans and 220 000 t in the deep oceans (Sunderland 
and Mason, 2007). The atmosphere is a considerably 
smaller global reservoir, estimated at 5 000 t (Holmes 
et al., 2010). Although anthropogenic emissions have 
increased the atmospheric Hg pool by 3 to 5 times 
since the preindustrial era (Mason and Sheu, 2002), 
the comparable enrichment of the world’s upper 
oceans has been far lower, model-estimated at 25% 
globally, because of the large pre-existing pool of Hg 
and long lag time for ocean concentrations to reflect 
changes in atmospheric deposition (Sunderland and 
Mason, 2007). As well, there are regional differences 
in anthropogenic Hg enrichment of oceans due to 
proximity to major emissions sources. For example, 
modelling results show approximately 60% seawater 
enrichment in the North Atlantic due to its proximity 
to long-term emissions from industrial areas in North 
America and Europe, compared with approximately 
10% in the North Pacific (Sunderland and Mason, 
2007).

On a regional scale, Hg enters marine environments 
via atmospheric deposition, oceanic currents, coastal 
erosion, and river transport. Atmospheric Hg is 
deposited onto ocean surfaces through wet and dry 
deposition. In the Arctic, there is an additional process 
of atmospheric Hg deposition called an atmospheric 
mercury depletion event (AMDE) that occurs in the 
spring over the Arctic Ocean and Hudson Bay (see 
Chapter 4; Steffen et al., 2008). Large rivers transport 
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FIGURE 7.1   Mass balance model of total mercury 
fluxes (t y-1) into and out of the lower St. Lawrence 
estuary (modified from Cossa and Gobeil, 2000).

Regional differences in the main transport pathways 
of THg reflect, in part, the physical and hydrological 
characteristics of these systems. Coastal ecosystems 
and inland seas are directly connected to terrestrial 

of THg to Hudson Bay (41% of total annual inputs), 
followed by atmospheric deposition (32%), ocean 
currents (22%), and coastal erosion (5%). In the 
Bay of Fundy, strong ocean currents transport large 
volumes of water into and out of the bay, resulting 
in the greatest THg flux. Other pathways, specifically 
atmospheric deposition, rivers, and point sources 
contribute much less THg to the Bay of Fundy (< 
30% or 0.38 t y-1 combined). However, the net annual 
input of THg into the Bay of Fundy is from rivers and 
coastal erosion because the oceanic and atmospheric 
fluxes into and out of the bay are approximately equal 
(Dalziel et al., 2010). Preliminary Hg budgets have also 
been developed for the Strait of Georgia in southern 
British Columbia and the St. Lawrence River estuary, 
where river inputs are likely the dominant source of 
THg to these systems (Figure 7.1). In the case of the 
St. Lawrence River estuary, ocean currents from the 
Gulf of St. Lawrence may also contribute significant 
inputs of THg.

TABLE 7.1  Estimated inputs of total mercury to the Arctic Ocean, Hudson Bay, Bay of Fundy, Strait of Georgia, and 
St. Lawrence River estuary

Annual estimated inputs

Flux of Hg Arctic Ocean Hudson Bay Bay of Fundy Strait of 
Georgia

St. Lawrence 
River estuary

t y-1 % t y-1 % t y-1 % t y-1 % Range, t y-1

Source flux
Atmospherea 98b 48 1.5b 32 0.15 10 0.04 1 0.08−0.14
Rivers 13 6 1.9 41 0.12b 8 2.70 96 1.20−1.56
Ocean currents 48 23 1.0 22 1.05 73 ND ND 0.84−1.06
Point sources ND ND ND ND 0.11 8 0.07 2 ND
Coastal erosion 47 23 0.25 5 ND ND ND ND ND
Total inputs 206 4.65 1.43 2.81 2.12−2.76
Loss flux
Evasion  
(ocean/atmosphere)

NAc NAc NAc NAc ND ND ND ND 0.08−0.14

Sea ice 7 4 ND ND ND ND ND ND ND
Ocean currents 68 37 1.7 38 ND ND 3.38d ND 1.00−1.50
Sedimentation 108 59 2.8e 62 ND ND 1.80 ND 1.40−1.73e

Total loss flux 183 4.5 2.48−3.37

NA = not applicable, ND = not determined.
a Direct deposition.
b Considered a minimum estimate.
c In these studies, estimates of net atmospheric deposition included ocean evasion and AMDE re-emission.
d This estimate is considered highly uncertain, according to Johannessen et al. (2005).
e Net sedimentation assuming a resuspension flux of 1.7 t y-1 (Hare et al., 2008) and 0.18 t y-1 (Cossa and Gobeil, 2000) for Hudson Bay and the St. Lawrence 
River Estuary, respectively.
Data sources: Arctic Ocean: Outridge et al. (2008), Hudson Bay: Hare et al. (2008), Bay of Fundy: Sunderland et al. (2012), Strait of Georgia: Johannessen et al. 
(2005), St. Lawrence River estuary: Cossa and Gobeil (2000)
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than import flux from this pathway (Table 7.1). The 
Bay of Fundy is an exception, where the inflow and 
outflow of THg from ocean currents is approximately 
equal (Dalziel et al., 2010). For the Strait of Georgia, 
lateral transport to the Pacific Ocean may be the 
most important THg output, although this estimate is 
preliminary, with high uncertainty (Johannessen et al., 
2005). In the St. Lawrence River estuary, river inputs 
of THg from upstream are similar to sedimentation 
fluxes within the estuary (Cossa and Gobeil, 2000). 
Interestingly, sediment resuspension is an important 
internal flux in Hudson Bay, where ice scour and wave 
action on coastal sediments resuspend previously 
buried Hg back into the water column at a rate of  
1.7 t of THg per year (Hare et al., 2008).

While point-source Hg pollution was not identified 
as an important input in the mass balance models 
described above (Table 7.1), there have been 
significant localized impacts from anthropogenic Hg 
loadings to Canadian marine ecosystems during the 
20th century. For example, anthropogenic sources 
of Hg were estimated to represent 75% of all inputs 
to Vancouver Harbour in southern British Columbia 
(Johannessen et al., 2005). In Howe Sound, British 
Columbia, Hg discharges from a chlor-alkali plant 
resulted in extensive local contamination (Thompson 
et al., 1980). These 2 areas had the highest sediment 
THg concentrations of all sampling sites in the Strait of 
Georgia (Johannessen et al., 2005). Similarly, industrial 
releases of Hg from a chlor-alkali plant in the Saguenay 
Fjord, Quebec, increased local sediment concentrations 
by as much as 2 orders of magnitude (Gagnon et al., 
1997). Anthropogenic Hg from the fjord was detected 

watersheds, which can be important sources of water, 
sediment, and Hg. For example, rivers contribute 
substantially to the water budgets of Hudson Bay 
(AMAP, 2011; Hare et al., 2008) and the St. Lawrence 
River estuary (Cossa and Gobeil, 2000), while ocean 
currents dominate water flow in the Bay of Fundy 
(Sunderland et al., 2012). Likewise, the Arctic Ocean 
has a very large surface area and thus receives a 
higher total flux of direct atmospheric deposition. 
Uncertainty in net flux estimates of atmospheric 
deposition may also affect the mass balance 
modelling results, particularly for the Arctic, where  
few measurements have been made (AMAP, 2011).

Net atmospheric contributions to Arctic marine 
environments have been a challenge to estimate 
because of increased deposition of Hg during spring 
AMDEs and complex processes that control the fate 
of Hg deposited onto snowpacks in the watershed 
and on sea ice (Durnford et al., 2012b). Much of 
the Hg deposited onto snow is rapidly reduced by 
photochemical processes and revolatilizes back 
to atmosphere within days. Numerous factors — 
the presence of oxidants, stabilizing halides, and 
particulate Hg; fresh snow cover; snowmelt, and 
wind ventilation — can alter the amount of Hg 
revolatilization (Durnford and Dastoor, 2011). Using a 
newly developed dynamic snowpack model, Durnford 
et al. (2012a) estimated that 75% of atmospheric 
Hg deposited annually onto snow is revolatilized to 
the atmosphere for areas north of the Arctic Circle. 
Model estimates of Hg revolatilization are similar to 
empirical observations in field studies (Durnford et 
al., 2012b; Munthe et al., 2011). In the Arctic, the role 
of snow in modulating the entry of atmospheric Hg 
into marine ecosystems is more important than in 
other regions, because of the higher proportions of 
both Hg deposition received by snow surfaces, and 
Hg revolatilization to the atmosphere (Durnford et al., 
2012a). It remains to be determined how much of the 
Hg retained by snow is methylated in marine waters 
and, subsequently, taken up by marine biota.

Sedimentation is the main pathway for removal  
of THg from the water column in the Arctic Ocean, 
Hudson Bay, and St. Lawrence River estuary (Table 
7.1). Export via ocean currents is also an important 
removal process in those systems, with a higher export 
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model simulated a rapid response of water-column 
MeHg concentrations to change in Hg inputs (within 
2 months) but a slow response of sediment MeHg 
concentrations. The modelling results suggest that 
pelagic organisms in the Bay of Fundy are likely 
to respond rapidly to reductions in anthropogenic 
Hg loadings while MeHg concentrations in benthic 
organisms would continue to increase because of 
legacy Hg in sediments that will require hundreds  
of years to reach steady state with inputs.

7.3 MERCURY 
TRANSFORMATIONS AND IN-
OCEAN PROCESSES
To understand the link between Hg sources (such as 
atmospheric deposition) and MeHg bioaccumulation 
in food webs, knowledge of Hg speciation in marine 
environments and the processes that control the 
production of MeHg is required. Recent speciation 
measurements provide key information on the pools of 
inorganic Hg and MeHg available for methylation and 
bioaccumulation, respectively, as well as indications 
about where the zones of production and loss are for 
various Hg species in the water column. There are 
4 main species of Hg in marine waters: divalent Hg 
(Hg2+), elemental Hg (Hg0), MeHg and dimethylmercury 
(DMHg). As in freshwater ecosystems, each species 
of Hg can undergo chemical transformations such as 
reduction, oxidation, methylation, and demethylation, 
although the processes governing MeHg production 
in marine systems are likely different than those 
affecting production in freshwaters. Furthermore, 
the processes governing MeHg production, and Hg 
cycling in general, are different in the open ocean 
than in coastal areas because of differences in 
MeHg production sites (i.e., sediment versus water 
column) and the influence of river inputs and sediment 
resuspension (Mason et al., 2012; Sunderland et al., 
2012). Although the biogeochemical cycling of Hg 
in Canadian marine waters has not been studied in 
detail, research on Hg in North Atlantic and Arctic 
marine waters has increased over the last 10 years 
(Kirk et al., 2012; Mason et al., 2012; Sunderland 
et al., 2012). A detailed review of Hg speciation, 
transformation, and exchange among major 

in sediments more than 100 km downstream of 
the St. Lawrence River estuary, which accumulated 
approximately 100−130 t of Hg released by the 
chlor-alkali plant between 1947 and 1976 (Smith and 
Schafer, 1999; Gobeil and Cossa, 1993). In addition to 
industrial sources, municipal wastewater and sewage 
effluent contribute Hg to aquatic ecosystems adjacent 
to high-density population centres (Sunderland et al., 
2012; Quémerais et al., 1999; Parsons et al., 1973). 
Thus, point-source Hg pollution from anthropogenic 
releases has been significant in some marine regions  
in Canada, and scale is an important consideration  
in the influence of different Hg transport pathways  
to marine environments.

Relatively little information is currently available  
on marine fluxes of MeHg in Canada. The Mackenzie 
River in the Northwest Territories transports an 
estimated 15 kg of MeHg per year to the Beaufort  
Sea, which may be a significant input to this coastal 
region (Leitch et al., 2007). Discharges from 2 major 
rivers, Churchill and Nelson, contribute only a small 
fraction to the standing pool of MeHg in Hudson Bay 
waters, suggesting that internal MeHg production 
may be important in that system (Kirk and St. Louis, 
2009). In the macrotidal estuary of Passamaquoddy 
Bay (within the Bay of Fundy), inflowing tidal waters 
are the main external load (accounting for 75% of 
MeHg inputs) compared with river discharge (26%) 
and direct atmospheric deposition (0.2%) (Sunderland 
et al., 2010). Water-column concentrations of MeHg 
in the Bay of Fundy are affected more by tidal inflows 
than sediment MeHg production. The volume of tidal 
inflow is large, while sediment methylation rates  
are balanced by demethylation rates (Sunderland  
et al., 2010). A complete MeHg budget has not been 
developed for any marine ecosystem in Canada, and 
further research is needed to identify the relative 
importance of internal MeHg production, terrestrial 
contributions, and oceanic transport.

A mechanistic modelling approach was adopted 
by Sunderland et al. (2010) to investigate past and 
future responses of the Bay of Fundy to changes in 
Hg loading. Ecosystem mass budgets were modelled 
with the inclusion of mechanistic processes (such 
as sediment MeHg production) and calibrated using 
measured parameters from the system. This dynamic 
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Total mercury concentrations, as well as constituent 
Hg species, vary more in estuaries and coastal areas 
than in the open ocean, because of the influence 
of local industrial point sources and river inputs. 
An estimated 70% of Hg exported to oceans via 
rivers is deposited within the estuarine environment 
(Sunderland and Mason, 2007), while approximately 
10% is deposited on the shelf (Mason et al., 2012). 
Studies of Canadian coastal zones have focused 
mainly on the Bay of Fundy, St. Lawrence River 
estuary, Gulf of St. Lawrence, Canadian Arctic 
Archipelago, and Hudson Bay. Understanding the 
biogeochemical cycling of Hg in the Bay of Fundy is 
important because of its large, productive fishery; 
populations of whales, seals and birds; and history 
of Hg contamination in biota within the bay (section 
7.5.3). In the water column of Passamaquoddy Bay 
and the outer Bay of Fundy, THg concentrations 
average (± standard deviation) 0.21 ± 0.066 ng L-1 
(Sunderland et al., 2012). In nearby Halifax Harbour, 
THg concentrations averaging 0.8 ng L-1 were 
measured (Beauchamp et al., 2002). Measurements 
taken in the 1980s and 1990s suggest that THg 
concentrations in the Gulf of St. Lawrence are higher 
than in the above coastal zones (0.36–1.56 ng L-1) 
for surface and near-surface waters, which is not 
surprising because the St. Lawrence Basin has been 
affected by Hg discharges from much larger urban 
and industrial centres, including from chlor-alkali 
plants (Cossa and Gobeil, 2000; Cossa, 1990).

In the Canadian Arctic Archipelago and Hudson Bay 
regions, THg concentrations are similar to those 
observed in the world’s open oceans, with mean 
concentrations ranging from 0.31 ± 0.11 to 0.42 ± 
0.53 ng L-1 (Lehnherr et al., 2011; Kirk et al., 2008). 
Concentrations measured at the surface under the 
ice were even lower (0.14–0.24 ng L-1) (St. Louis et 
al., 2007). No strong spatial patterns in seawater 
THg concentrations are evident from the available 
information collected across the Canadian Arctic. 
However, increased sampling efforts, particularly  
near major river inflows, may reveal regions of higher 
Hg2+ concentrations.

environmental compartments (i.e., water-sediment 
THg and MeHg exchange, and water-air Hg0 and  
DMHg exchange) of Canadian marine waters is 
presented below.

7.3.1 Mercury Speciation and Processes in 
Marine Waters

7.3.1.1 Total Mercury

The controls of THg levels in seawater are important 
because a large portion of the THg pool is Hg2+, 
the substrate for Hg methylation. In the world’s 
open oceans, THg concentrations are generally low 
throughout the water column (average < 0.6 ng 
L-1) and vary among oceans as well as vertically 
and horizontally within oceans (Mason et al., 2012). 
For example, THg concentrations are higher in the 
northern than in the southern hemisphere, and in 
the North Atlantic — where average concentrations 
range from 0.32 to 0.48 ng L-1 throughout the water 
column (Bowman et al., 2012; Lamborg et al., 
2009; Cossa et al., 2004; Mason et al., 1998; Cossa 
et al., 1997) — than in the North Pacific, where 
average concentrations range from 0.06 to 0.21 ng 
L-1 (Hammerschmidt and Bowman, 2012; Mason et 
al., 2012; Lamborg et al., 2009; Sunderland et al., 
2009; Laurier et al., 2004). Concentrations of THg 
are often lower in surface and deep ocean waters 
relative to just above the thermocline, which is the 
location of major particle remineralization and oxygen 
use. Surface and deep water enrichments, due to 
areas of enhanced atmospheric deposition and 
historical anthropogenic inputs, respectively, have 
also been observed. Recent estimates suggest that 
the amount of Hg in the biosphere has increased by 
a factor of 3 or more since the Industrial Revolution 
because of anthropogenic Hg emissions (Mason 
et al., 2012; Mason and Sheu, 2002). Long-term 
trends in seawater THg concentrations are difficult 
to assess because clean sampling techniques have 
been available for a short time period, although 
measurements over the last 3 decades show that Hg 
concentrations have increased in the North Pacific and 
decreased in the North Atlantic, perhaps as a result of 
reduced anthropogenic emissions from North America 
(Mason et al., 2012).
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waters), as well as of ocean-atmosphere fluxes, 
have been carried out in the North Atlantic and Arctic 
Oceans (Andersson et al., 2008; Kirk et al., 2008; 
Aspmo et al., 2006). For the surface mixed layer of 
the North Atlantic, Mason et al. (2001) reported an 
average Hg0 concentration of 131 ± 101 pg L-1 and 
a corresponding ocean-atmosphere flux of 95 ng 
m-2 d-1, although recent measurements suggest that 
both concentrations and fluxes are lower (12 ± 2 pg 
L-1 and 10 ± 9 ng m-2 d-1, respectively) (Andersson 
et al., 2011). In Halifax Harbour, DGHg fluxes were 
comparable to those measured in the North Atlantic, 
with instantaneous fluxes ranging from 2 to 55 ng 
m-2 d-1 and daily fluxes averaging 17 ng m-2 d-1 
(Beauchamp et al., 2002). The Hg0 flux from a tidal 
salt marsh on the coast of Nova Scotia showed high 
variability, ranging from -12 to 180 ng m-2 d-1, with a 
mean of 34 ng m-2 d-1 (S. Beauchamp, Environment 
Canada, unpublished data).

In ice-free surface waters of the Canadian Arctic 
Archipelago and Hudson Bay, consistently low 
concentrations of Hg0 were observed (25 ± 10 and 
30 ± 5 pg L-1, respectively) (Kirk et al., 2008). Fluxes 
averaged 130 ± 138 ng m-2 d-1, with wind velocity 
being the primary source of flux variation (Kirk et 
al., 2008). In contrast, Hg0 concentrations measured 
under the sea ice near Resolute Bay, Nunavut, were 
much higher (129 ± 36 pg L-1), representing net Hg0 
accumulation over the entire season of ice cover (St. 
Louis et al., 2007). Concentrations and fluxes of DGHg 
were also measured along numerous transects in the 
Canadian Arctic Archipelago, Chukchi and Beaufort 
Seas, and across the Arctic Ocean (Andersson et al., 
2008). Concentrations averaged 45 ± 22 pg L-1, with 
the highest values observed in ice-covered areas 
(up to 70 pg L- 1) and in areas influenced by river 
inputs (up to 100 pg L-1). For example, in the Beaufort 
Sea, DGHg concentrations increased from 40 to 100 
pg L-1 when moving toward the Mackenzie River 
delta (Andersson et al., 2008). When Hg0 and DMHg 
concentrations from Kirk et al. (2008) were added 
to obtain DGHg concentrations, they compared well 
with those reported by Andersson et al. (2008) for the 
Canadian Arctic Archipelago (37 ± 17 versus 38 ± 
19 pg L-1). Andersson et al. (2008) observed a wide 
range of DGHg fluxes, including both deposition (-38.4 
ng m-2 d-1) and evasion of up to 2 352 ng m-2 d-1. 

7.3.1.2 Elemental Hg

Elemental Hg (Hg0) in seawater is volatile, and 
production of Hg0 results in Hg evasion from the ocean 
to the atmosphere. Such evasion is a key aspect of 
the global Hg cycle because it controls the pool of 
Hg2+ available for methylation in the surface ocean 
and recycles Hg back to the atmosphere. Therefore, 
it is important to determine how and where Hg0 
is produced in marine ecosystems as well as the 
controls on air-sea exchange. In the euphotic zone (the 
portion of the water column exposed to light), net Hg0 
production is controlled by redox processes, including 
photochemical Hg2+ reduction and Hg0 oxidation 
(Whalin et al., 2007; Lalonde et al., 2004; Mason et al., 
1995), biotic or biologically mediated Hg2+ reduction 
(Poulain et al., 2007b), and MeHg photodemethylation 
(Chen et al., 2003). Photochemical Hg2+ reduction and 
Hg0 oxidation are the predominant controls on net Hg0 
production, except in highly productive regions, where 
light penetration is limited and biotic or biologically 
mediated Hg2+ reduction becomes more important 
(Soerensen et al., 2010). Both photoreduction of Hg2+ 
and photodegradation of MeHg are driven primarily 
by ultraviolet (UV-A and UV-B) radiation (Lehnherr et 
al., 2011; Lehnherr and St. Louis, 2009; Amyot et al., 
1997). Similarly, Hg0 oxidation is photomediated, and 
photoproduced hydroxyl radicals (•OH) are believed to 
be the primary oxidant (Lalonde et al., 2004; 2001).

The air-sea exchange of Hg0 is controlled by physical 
factors that govern the site-specific gas transfer 
velocity, including water temperature, wind speed, 
Hg0 concentrations in both seawater and air, and ice 
cover. Thus, Hg0 concentrations in surface waters 
and fluxes from the ocean to the atmosphere reflect 
both the redox controls on Hg0 production and the 
physical controls on air-sea exchange. In the North 
Atlantic Ocean, for example, surface waters become 
replenished in Hg2+ by wind-driven vertical mixing 
(Ekman pumping) and entrainment of Hg-enriched 
intermediate waters, resulting in enhanced surface 
Hg0 concentrations and air-sea exchange relative to 
other oceans (Soerensen et al., 2010).

Extensive measurements of Hg0 and digaseous Hg 
(DGHg; refers to both Hg0 and DMHg in a sample but 
is generally assumed to be primarily Hg0 in surface 
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originates from plankton (primary and secondary 
production). In addition, MeHg can be produced 
either directly from Hg2+ or from the decomposition 
of DMHg (Figure 7.2). Methylmercury distributions 
in oxic surface or subsurface marine waters of the 
Pacific Ocean (Sunderland et al., 2009), Mediterranean 
Sea (Cossa et al., 2009), and the Canadian Arctic 
shelf (Lehnherr et al., 2011) are correlated with 
indices of organic carbon remineralization, such as 
apparent oxygen use and inferred rates of organic 
carbon remineralization (Figure 7.2). MeHg and 
DMHg concentrations have been correlated with 
chlorophyll a concentrations in polar oceans (Pongratz 
and Heumann, 1999; 1998). In the Mediterranean 
Sea, concentrations of methylated Hg were shown 
to rise and fall with the abundance of picoplankton 
(Heimbürger et al., 2010). Recently, stable isotope 
incubation experiments demonstrated the occurrence 
of in situ water-column MeHg production and 
provided the first estimates of methylation rates at 
the chlorophyll a maximum and oxycline of marine 
waters of the Canadian Arctic Archipelago (Lehnherr 
et al., 2011), as well as in in surface waters of the 
Mediterranean Sea (Monperrus et al., 2007). Peaks in 
MeHg concentrations have also been observed in low-
oxygen regions (Mason et al., 2012). At some sites 
in the Southern Atlantic Ocean (Mason and Sullivan, 
1999) and North Pacific Ocean (Mason et al., 2012), 
2 peaks in MeHg concentration occur, a deeper one 
in the low-oxygen region and a shallower one at 
the maximum zone of particulate remineralization. 
Although there are no long-term data on MeHg in 
seawater, Hg deposited to the ocean in previous 
decades is likely being methylated and transported  
to zones of uptake and bioaccumulation (Mason  
et al., 2012).

Similar to seawater THg, MeHg concentrations often 
vary more in estuaries and coastal areas than in the 
open ocean, due to the influence of local industrial 
point sources and river inputs. In addition, the 
mechanisms of MeHg production in coastal waters 
may differ from those in open oceans because rates of 
sediment production are known to be significant (see 
below), although water-column methylation likely also 
occurs. The most extensive dataset on methylated 
Hg species in Canadian coastal waters is for the 
Canadian Archipelago and Hudson Bay (Kirk et al., 

However, instantaneous air-water Hg fluxes measured 
in the summer and fall (Andersson et al., 2008; Kirk 
et al., 2008) may differ from mean annual fluxes 
because of the large seasonal variability in air-water 
gas exchange resulting from the presence of sea ice.

In subsurface waters, where light does not penetrate 
(below ~100−150 m), biotic reduction of Hg2+ is likely 
the dominant mechanism for Hg0 production; however, 
reductive demethylation may also contribute to the 
Hg0 pool in the water column (Mason et al., 1998). 
Elemental mercury concentrations in the aphotic 
zone are thought to vary among seasons, with the 
highest concentrations expected during periods of 
greatest primary productivity (Kirk et al., 2012). Both 
among- and within-site variations in Hg0 concentration 
are generally observed, indicating that the biotic and 
abiotic processes responsible for net Hg0 production 
vary from site to site and throughout the water 
column. For example, Hg0 concentrations ranging 
from below the method detection limit to 133 pg L-1 
were observed in the Canadian Arctic Archipelago and 
Hudson Bay (Lehnherr et al., 2011; Kirk et al., 2008).

7.3.1.3 Methylmercury

MeHg is the form of Hg that biomagnifies in food 
webs. Datasets for MeHg in marine waters are 
limited, and information is how much MeHg exists 
in marine ecosystems and how and where it is 
produced. In the open oceans of the world, water-
column MeHg profiles generally follow a similar 
pattern: concentrations are relatively low in surface 
waters due to loss via photodemethylation; levels 
increase in intermediate waters, particularly in low-
oxygen regions; and concentrations are low and fairly 
constant in deeper waters (Mason et al., 2012). For 
example, in intermediate waters of the North Atlantic, 
average MeHg concentrations are 0.21 ± 0.22 ng 
L-1 (Mason et al., 1998), and they range from 0.01 
to 0.10 ng L-1 in the North Pacific (Sunderland et al., 
2009). High subsurface values near the thermocline 
have been attributed to MeHg production in the water 
column, which is likely the largest source of MeHg to 
ocean food webs. Although the exact mechanism of 
MeHg production in the water column is uncertain, 
it is largely associated with low oxygen levels or the 
microbial decomposition of organic matter, which 
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constant, k, of 0.04 d−1 was recently measured in 
the Canadian Arctic Archipelago (Lehnherr et al., 
2011). In regions of ice cover and vertical mixing, 
concentrations of methylated Hg in surface water can 
be much higher, reaching up to 95 pg L-1 (Figure 7.3; 
Kirk et al., 2008; St. Louis et al., 2007). These zones 
may be important sources of MeHg to organisms 
feeding in the surface waters, where primary 
production is generally highest (Michel et al., 2006). 
Methylated Hg concentrations are higher at mid-
depths (20–250 m depending on the site; 80 ± 37 and 
38 ± 17 pg L-1 in the Canadian Arctic Archipelago and 
Hudson Bay, respectively) as well as at the bottom of 
the water column (45–808 m; 99 ± 34 and 69 ± 31 
pg L-1, respectively), suggesting that methylated Hg 
species might be produced there (Figure 7.3; Kirk et 
al., 2008). Recently, methylation and demethylation 

2008); however, this dataset includes concentrations 
of methylated Hg (both MeHg and DMHg) rather than 
solely MeHg. Some data on water-column MeHg 
concentrations are available for the Bay of Fundy and 
the Canadian Arctic Archipelago. In the Bay of Fundy, 
seawater MeHg concentrations average 0.57 ± 21 
ng L-1 (Sunderland et al., 2012; Dalziel et al., 2010). 
In the Canadian Arctic Archipelago and Beaufort Sea, 
MeHg concentrations are lower, averaging 18 ± 8 pg 
L-1 at the chlorophyll a maximum (~20–60 m) and 
36 ± 15 pg L-1 at the oxycline (zone of decreasing 
dissolved oxygen concentrations; 125–327 m) (Figure 
7.3; Lehnherr et al., 2011). Throughout the Canadian 
Arctic Archipelago and Hudson Bay, concentrations of 
methylated Hg are generally low in ice-free surface 
waters (24 ± 9 and 23 ± 11 pg L-1, respectively) 
due to loss via photodemethylation, for which a rate 

FIGURE 7.2  A conceptual diagram of processes affecting methylmercury (MeHg) concentrations in the water 
column of the Arctic Ocean. The various mercury methylation (from Hg2+) and (photo) demethylation pathways are 
presented (thin arrows), each governed by their respective rate constants (k d-1; values displayed above the arrows) 
along with associated biogeochemical fluxes (thick arrows), such as air–water gas exchange of dimethylmercury 
(DMHg) and remineralization of particulate organic carbon (POC), and methylmercury bioaccumulation or 
biomagnification (block arrows) (data from Lehnherr et al. 2011, diagram from Kirk et al. 2012).
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concentrations and Hg methylation, MeHg in the upper 
oceans (and in the fish that inhabit these waters) 
will respond to reductions in atmospheric Hg inputs 
within years to decades Mason et al. (2012). However, 
deeper ocean waters have responded slowly to 20th 
century increases in atmospheric inputs of Hg2+, and, 
therefore, a full response to Hg emission controls 
could take much longer because of different rates 
of change and mixing processes between deep and 
surface waters of oceans.

7.3.1.4 Dimethylmercury

Information on how much DMHg exists in marine 
ecosystems and how and where it is produced 
is important because DMHg may be transformed 
to MeHg and subsequently may enter food webs. 
In addition, DMHg is a volatile species, and its 

rate constants were measured in the Canadian Arctic 
Archipelago using Hg stable isotope tracers, and these 
experiments showed that methylation of Hg2+ resulted 
in the production of both MeHg and DMHg (see below) 
(Lehnherr et al., 2011). A simple model developed 
using the rate constants suggests that, on average, 
Hg2+ methylation in the water column accounts for 
about half (47 ± 62%) of the MeHg occurring in the 
marine water column and is therefore the single 
largest source of MeHg to Arctic marine waters and 
food webs (Lehnherr et al., 2011).

Because the availability of Hg2+ limits MeHg 
production, if concentrations of Hg2+ in marine waters 
increase, as a result of either greater anthropogenic 
inputs or environmental change, the production of 
MeHg in the water column from Hg2+ methylation will 
also likely increase. Because of the link between Hg2+ 

FIGURE 7.3  Average concentrations of methylated mercury (includes both methylmercury (MeHg) and 
dimethylmercury (DMHg)) (A) and DMHg (B) at the surface, mid-level, and bottom of the water column in the 
Canadian Arctic Archipelago (CAA) and Hudson Bay (HB) in 2005 (Kirk et al., 2008), as well as at the chlorophyll a 
maximum and oxycline in the Canadian Arctic Archipelago and Beaufort Sea (BS) in 2007 (Lehnherr et al., 2011)  
and in surface water under ice in Resolute Passage, Nunavut in 2004 (St. Louis et al., 2007). Figure from Kirk  
et al. (2012).
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study, DMHg concentrations in the Canadian Arctic 
Archipelago and Beaufort Sea were also measured 
at the chlorophyll a maximum (20–60 m; 18 ± 19 
pg L-1) and oxycline (125–327 m; 43 ± 18 pg L-1 ) 
(Figure 7.3). Little is known about the mechanism 
of production of DMHg in marine waters. A recent 
study that used Hg stable isotopes found that DMHg 
was formed from the methylation of Hg2+ or MeHg. 
In general, DMHg production was slower than MeHg 
production, but the conversion between MeHg and 
DMHg was very rapid (Lehnherr et al., 2011). However, 
there is still only a very rudimentary understanding of 
the interconversion between MeHg and DMHg (Kirk 
et al., 2012; Lehnherr et al., 2011). The importance 
of DMHg as a precursor of MeHg, and by extension, 
a source of Hg available for bioaccumulation 
and biomagnification, has still not been properly 
quantified. Estimates of the rate constant of DMHg 
degradation to MeHg vary greatly, from 2 × 10-4 d-1 
to 0.2 d-1 (Mason and Sullivan, 1999; Mason et al., 
1995). A large proportion of aqueous methylated Hg is 
in the form of DMHg; therefore, quantifying the rates 
of interconversion between MeHg and DMHg could be 
critical to understanding why marine organisms can 
have high tissue MeHg concentrations despite low 
MeHg concentrations in water.

7.3.2 Mercury Speciation and Processes  
in Marine Sediments

7.3.2.1 Total Mercury

Marine sediments are major reservoirs of inorganic 
Hg and are zones of MeHg production by microbes 
(Sunderland et al., 2010; Heyes et al., 2006; 
Hammerschmidt et al., 2004). As with marine 
waters, concentrations of THg in marine sediments 
vary greatly, particularly in coastal zones. Detailed 
work on Hg speciation in sediments of the Bay of 
Fundy, including Passamaquoddy Bay, the St. Croix 
River estuary and the outer Bay of Fundy, has been 
carried out (Sunderland et al., 2012; Heyes et al., 
2006; Sunderland et al., 2006; Sunderland et al., 
2004). Although sediments throughout the Bay of 
Fundy have low THg concentrations (20–90 ng 
g-1) compared with more contaminated estuaries 
such as Lavaca Bay, the St. Lawrence River, and 

production results in Hg evasion from the ocean to 
the atmosphere. Although data on DMHg are fairly 
limited, water-column profiles show trends similar to 
MeHg profiles in both the open oceans and coastal 
areas. Concentrations are generally low at the surface 
and higher in deep waters (Figure 7.3). In the North 
Atlantic Ocean, DMHg concentrations average 6 ± 6 
pg L-1 at the surface (Mason et al., 1998). Similarly, 
in the Canadian Arctic Archipelago and Hudson Bay, 
DMHg concentrations in ice-free surface waters 
average 8 ± 4 and 2 ± 1 pg L-1, respectively (Figure 
7.3). In areas of water-column mixing, DMHg 
transported to surface waters may result in: (1) 
elevated DMHg concentrations in surface waters, and 
(2) evasion to the atmosphere, where it is photolyzed 
to MeHg, which is deposited to surrounding land 
and water masses (Figure 7.2; Niki et al., 1983). 
For example, 2 known zones of upwelling in the 
Canadian Arctic Archipelago and Hudson Bay region 
(Peel Sound and the eastern Hudson Strait) had high 
surface concentrations of methylated Hg (68 and 24 
pg L-1, respectively) and DMHg (52 and 32 pg L-1, 
respectively) (Kirk et al., 2008). High concentrations of 
DMHg (up to ~160 pg L-1) have also been measured in 
surface waters of Fram Strait and the Greenland and 
Barents Seas (Pongratz and Heumann, 1998) as well 
as under ice near Resolute Bay (St. Louis et al., 2007). 
Marine waters are generally a source of DMHg to the 
atmosphere, with the magnitude of the flux governed 
largely by DMHg concentrations in surface waters. 
In the North Atlantic, the DMHg evasion flux was 
estimated at 0.2–1.0 ng m-2 d-1 (Mason et al., 1998), 
whereas, during ice-free periods in the Canadian 
Arctic Archipelago and Hudson Bay region, flux 
estimates were much higher, averaging 40 ± 55 and 
17 ± 36 ng m-2 d-1, respectively (Kirk et al., 2008).

Dimethylmercury concentrations are higher in 
subsurface waters, where DMHg is likely produced. 
For example, in deep North Atlantic waters, average 
concentrations of 26 ± 16 pg L-1 have been 
measured (Mason et al., 1998). In the Canadian Arctic 
Archipelago and Hudson Bay, DMHg concentrations 
have been measured at mid-depths (20–250 m, 
depending on site; 65 ± 37 and 35 ± 29 pg L-1, 
respectively) as well as at the bottom of the water 
column (45–808 m; 80 ± 37 and 61 ± 32 pg L-1, 
respectively) (Kirk et al., 2008). In a more recent 
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t y-1 for all of Hudson Bay (Table 7.1; Hare et al., 
2008). Outridge et al. (2008) estimated that Hg 
sedimentation over the shelf and basin sediments of 
the Arctic Ocean was a significant loss flux, totalling 
108 t y-1

.

7.3.2.2 Methylmercury

There are few data for MeHg and for Hg2+ methylation 
in deep marine sediments of the open oceans; 
it is generally thought that sediments are not an 
important source of MeHg to upper surface waters. 
Shelf sediments are known to be important sites of 
methylation in marine coastal zones (Hollweg et al., 
2009; Hammerschmidt et al., 2004), including the Bay 
of Fundy, where detailed measurements of MeHg and 
potential methylation rates using Hg stable isotopes 
have been carried out (Heyes et al., 2006; Sunderland 
et al., 2006; Sunderland et al., 2004). However, when 
particle settling and sediment burial are taken into 
account, MeHg losses to the sediments can be greater 
than the release of MeHg to the overlying water from 
diffusion and resuspension, meaning that sediments 
are not always a net source of MeHg, particularly 
in shallow coastal regions where particles do not 
reside in the water column for long before settling out 
(Sunderland et al., 2010). Therefore, Hg concentrations 
and sediment speciation are important drivers of 
MeHg concentrations in benthic and demersal marine 
food webs, but not necessarily in water-column  
food webs.

Concentrations of MeHg in surface sediments of 
the Bay of Fundy average 0.3 ± 0.09 ng g-1 in 
Passamaquoddy Bay and 0.1 ± 0.02 ng g-1 at the 
mouth of the Bay of Fundy (Sunderland et al., 2012). 
Measurements of sulphide and organic carbon 
suggest that microbial activity and the formation 
of sulphide are at least as important as Hg2+ 
concentration in controlling MeHg production in the 
Bay of Fundy (Heyes et al., 2006). It appears that 
increasing sulphide levels in organically enriched Bay 
of Fundy marine sediments enhance the fraction of 
bioavailable Hg2+; thus, moderate levels of organic 
carbon enrichment through, for example, fish farming 
may enhance MeHg production in the Bay of Fundy 
(Sunderland et al., 2006). Vertical sediment profiles 
indicate that, in the mixed sediments of the Bay of 

the Scheldt estuary (141–2 010 ng g-1) (Bloom et 
al., 2004; Cossa and Gobeil, 2000; Baeyens and 
Leermakers, 1998), a distinct spatial gradient is still 
observed. Sediment THg concentrations are highest 
in the St. Croix River estuary (>100 ng g-1), likely 
due to historic Hg discharges from a chlor-alkali 
facility that operated along the river in the 1970s, 
and decrease from the head of the river estuary to 
the centre of Passamaquoddy Bay (Sunderland et al., 
2006; Sunderland et al., 2004). Strong relationships 
between THg and total organic carbon (TOC) and 
sediment grain size were also observed in this 
region, demonstrating that THg concentrations are 
highest in areas of high deposition and relatively 
fine-grained sediments (Sunderland et al., 2004). In 
intertidal mudflats of Minas Basin, Bay of Fundy, THg 
concentrations were quite low (0.5–24.0 ng g-1) and 
correlated with TOC (O’Driscoll et al., 2011). Elevated 
porewater THg concentrations were measured in 
Passamaquoddy Bay (10–30 ng L-1), suggesting 
that mixing brings Hg to the surface sediments and 
increases the fraction of colloid-bound THg in the 
porewater in this region (Sunderland et al., 2004).

Concentrations of THg have been measured in 
marine sediments of the Canadian Arctic, with 
higher values generally observed in the western 
Arctic compared with Hudson Bay. For example, 
THg concentrations in Arctic marine sediment cores 
collected from the interior Arctic Ocean, Beaufort 
Shelf, and Greenland coast in the 1980s and 1990s 
were 10–120, 1–130 and 4–280 ng g-1, respectively 
(Asmund and Nielsen, 2000; Gobeil et al., 1999; 
Macdonald and Thomas, 1991), whereas those from 
Hudson Bay were 8–58 ng g-1 (Hare et al., 2008). 
Surface sediment THg concentrations in Hudson Bay 
also varied spatially, with highest values observed 
offshore and in eastern Hudson Bay, and lowest 
values observed along the southern and western 
coasts. Sediment THg fluxes, obtained by multiplying 
concentrations of THg in surface sediments by 
sedimentation rates, were recently calculated for 
Hudson Bay and ranged from 1.2 to 5.1 ng cm-2 
y-1 (Hare et al., 2008). Assuming that these fluxes 
reflect not only direct localized sedimentation but 
also the focusing of particles through their transport, 
resuspension, and deposition into quiescent areas, 
the mean sediment Hg flux was estimated at 4.5 
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7.4 MERCURY IN MARINE  
FOOD WEBS

7.4.1 Trophic Transfer of Methylmercury  
in Marine Food Webs

Methylmercury is found in seawater at ultra-low 
levels (commonly less than 1 ng L-1; section 7.3.1) 
yet concentrations are orders of magnitude higher in 
predatory animals. This phenomenon occurs because 
MeHg is biomagnified through a food web (Figure 
7.4). Primary producers (algae) and decomposers 
(bacteria) are the main entry points for uptake of 
MeHg (Campbell et al., 2005; Twining and Fisher, 
2004; Atwell et al., 1998; Lawson and Mason, 1998). 
Dissolved MeHg efficiently crosses the membrane of 
algal and bacterial cells, and concentrates by 104–105 
times relative to water (Baeyens et al., 2003; Mason 
et al., 1996). Algae and bacteria then transfer MeHg to 
herbivorous animals (e.g., invertebrates) that graze in 
the water column, on sediment and rock substrates, 

Fundy, MeHg production occurs throughout the top 
approximately 15 cm of sediments (Sunderland et al., 
2004). In fact, Sunderland et al. (2004) estimated that 
areal MeHg loadings are almost 50% higher in mixed 
than in unmixed sediments (~704 and 482 µg m-2, 
respectively), although THg concentrations are similar 
in both compartments. This was attributed to the 
greater depth range at which MeHg is being produced. 
Methylation and demethylation rate constants, 
obtained from Hg stable isotope experiments, were 
1.11 × 10-3 and 0.24, respectively (Heyes et al., 2006). 
Sediment to water diffusive fluxes of MeHg (0.3–2.1 
ng m-2 d-1) were similar to those observed in the 
mid-Atlantic (Hollweg et al., 2009) and southern New 
England (Sunderland et al., 2012; Hammerschmidt 
and Fitzgerald, 2006). Measurements of MeHg 
concentrations in sediments, as well as estimates 
of Hg2+ methylation rates, are lacking for coastal 
sediments in Canada and would be valuable to model 
MeHg pathways in marine waters.

FIGURE 7.4  Methylmercury (Hg) biomagnification through a marine food web in the Gulf of St. Lawrence. Algae and 
bacteria in the water column (phytoplankton) and on bottom (benthic) substrates are the main entry points for uptake 
from water into the food web. Arrows indicate feeding relationships and trophic transfer of methylmercury, while the 
circles show qualitative increases in methylmercury concentration as a result of biomagnification.
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7.4.2 Biomagnification Rates of 
Methylmercury

Stable isotopes of nitrogen (d15N) are a simple 
but powerful tool used to characterize trophic 
relationships (Cabana and Rasmussen, 1996). Since 
biota excrete the lighter isotope (14N) more rapidly 
than the heavier isotope (15N), the ratios of 15N:14N 
(d15N) tend to increase at a fairly consistent rate of 
2−4‰ with each trophic level (Post, 2002). As a 
result, top predators have higher d15N ratios than 
their prey, and this variation can be used to estimate 
biomagnification rates of Hg in a food chain (Cabana 
and Rasmussen, 1994).

Typically, a regression model (log-transformed 
Hg concentrations versus d15N ratios in all food 
web biota) is used to estimate whole food web 
biomagnification factors (FWBFs) from prey to 
predator (Campbell et al., 2005). This regression 
model is a useful tool for comparing FWBFs across 
systems, since a steeper slope indicates more rapid 
biomagnification, while a higher intercept can indicate 
either higher concentrations of Hg entering the food 
web or lower d15N ratios at the base of the food web, 
or both (Campbell et al., 2005). Comparing food web 
biomagnification and transfer of Hg among marine 
systems can provide valuable insights into how Hg is 
accumulated in marine biota.

Published and unpublished studies were compiled to 
extract information on log Hg versus d15N FWBFs in 
Canadian marine systems (Table 7.2). Due to logistical 
difficulties of marine sampling, there are very few 
Canadian studies currently available, and almost all 
of them were conducted in the Arctic. As a result, 
the scope was extended to other polar regions (e.g., 
Norway, Alaska, Iceland, and Russia) to increase the 
sample size for this review. Studies were not included 
if the authors (1) did not report regression slopes 
and values (Elliott, 2005); (2) converted d15N values 
to “trophic factors” using static trophic fractionation 
values (Jæger et al., 2009); (3) did not have a sufficient 
range of biota to calculate a FWBF (Hipfner et al., 
2011; Young et al., 2010); or (4) included freshwater 
species (Swanson et al., 2011). Eleven Canadian or 
circumpolar Arctic marine studies were included after 
completing a literature review (Table 7.2).

and on sea ice (in polar regions). Methylmercury is 
subsequently transferred to predatory consumers; 
namely, large invertebrates, fish, marine mammals, 
and seabirds. Methylmercury is biomagnified by a 
factor of about 2–10 times in the consumer because 
it is efficiently assimilated into animal tissues and 
slowly eliminated from the body (Mathews and Fisher, 
2008; Wang and Wong, 2003).

Marine ecosystems support diverse organisms involved 
in the dietary transfer of MeHg. It is important to 
understand the structure of these feeding interactions 
(food webs) because diet is the main pathway for MeHg 
accumulation in animals, and tissue concentrations 
of MeHg are greater in consumers that feed at higher 
levels in the food chain (Wiener et al., 2003). Marine 
food chains are typically longer than in freshwater 
ecosystems because of the presence of top predators 
such as marine mammals, sharks, large fish (e.g., 
tuna), and seabirds (Vander Zanden and Fetzer, 2007). 
More diverse invertebrate communities with a wider 
range in trophic levels may also contribute to longer 
marine food chains. Apex predators such as polar 
bear, killer whale, and gulls (that scavenge on marine 
mammal carcasses) have been estimated to feed at a 
trophic level of about 4.5 to 5 (St. Louis et al., 2011; 
Campbell et al., 2005; Hobson et al., 2002; Pauly et al., 
1998; Hobson and Welch, 1992). A variety of animals 
feed at a trophic level of around 4, including many 
species of cetaceans (e.g., porpoise, whale) (Pauly et 
al., 1998; Hobson and Welch, 1992), predatory fish 
(e.g., Greenland shark, cod, halibut) (Lesage et al., 
2010; McMeans et al., 2010), seals (Pauly et al., 1998), 
and seabirds (e.g., murres, gulls, guillemots) (Lavoie 
et al., 2010a; Hobson et al., 2002). The trophic level 
of an individual can shift with age (typically increasing 
between a juvenile and adult) because of changes in 
diet during growth (Newsome et al., 2009; Loseto et 
al., 2008a). Likewise, the trophic level of a particular 
species can vary among ecosystems because of 
differences in the composition and structure of food 
webs. For example, polar bears were found to feed at a 
higher trophic level in the Beaufort Sea than in Hudson 
Bay, with significant effects on their bioaccumulation of 
Hg (St. Louis et al., 2011). An important consequence 
of long food chains in marine ecosystems is that MeHg 
is biomagnified to elevated concentrations in predatory 
fish, mammals, and seabirds (Lavoie et al., 2010b; 
Senn et al., 2010; Atwell et al., 1998).
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TABLE 7.2  Compiled log mercury (µg g-1) versus d15N regression equations from marine studies

Location Date Lowest trophic 
level biota

Top predator 
species Intercept Slope r2 or 

r2
adj

p 
value 

≤
Source

THg
Cumberland 
Sound, Canada

2007 Unidentified 
clam species

Greenland shark
(Somiosus 

microcephalus)

-3.69 0.193 0.48 0.001 1

Northern Baffin 
Bay, Canada

1998 Ice algae Ringed seal
(Phoca hispida)

-3.407 0.197 0.68 0.001 2

Northwest 
Passage, Canada

1988−1990 Particulate 
organic matter

Polar bear
(Ursus maritimus)

-3.33 0.20 – – 3

West Greenland 2003−2004 Blue mussel
(Mytilus edulis)

Ringed seal
(Phoca hispida)

– 0.22 0.47 0.004 4

Western Hudson 
Bay, Canada

2007−2009 Benthic 
and pelagic 

invertebrates

Harbour seal
(Phoca vitulina)a

-4.57 0.225 0.47 0.001 5

Beaufort Sea 
Estuary, Canada

2003−2006 Mixed 
zooplankton

Beluga whale
(Delphinapterus 

leucas)

-4.0 0.255 0.9 0.01 6

Beaufort Sea 
Epibenthic, Canada

2003−2006 Mysis spp. Beluga whale
(Delphinapterus 

leucas)

-3.5 0.232 0.7 0.01 6

Amundsen Gulf, 
Canada

2003−2006 Calanus spp. Beluga whale
(Delphinapterus 

leucas)

-3.9 0.254 0.9 0.01 6

Iceland 2001−2005 European plaice 
(Pleuronectes 

platessa)

Greenland shark
(Somiosus 

microcephalus)

-3.51 0.26 0.67 0.001 7

Gulf of St. 
Lawrence, Canada

2006−2007 Atlantic plate 
limpet (Tectura 

testudinalis)

Razorbill (Alca torda) -3.293 0.170 0.50 0.001 8

Bay of Fundy, 
Canada

2002 Phytoplankton 
(25−66 µm)

Harbour porpoise 
(Phocoena 
phocoena)

-3.148 0.16 0.46 0.001 9

Northern Baffin 
Bay, Canada

1998 Ice algae Ringed seal
(Phoca hispida)

-3.882 0.223 0.74 0.001 2

Beaufort Sea 
Epibenthic, Canada

2003−2006 Mysis spp Beluga whale
(Delphinapterus 

leucas)

-4 0.254 0.7 0.01 6

Beaufort Sea 
estuary, Canada 

2003−2006 Mixed 
zooplankton

Beluga whale
(Delphinapterus 

leucas)

-4.5 0.295 0.8 0.01 6
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species composition (Figure 7.5a). THg concentrations 
in food webs have been found to biomagnify relatively 
consistently around the world, with FWBFs from log 
THg versus d15N regressions tending to range between 
0.18 and 0.23 globally (Campbell et al., 2005). The 
Gulf of St. Lawrence and the Bay of Fundy are the 
only areas in southern Canada where biomagnification 
rates for a marine food web were available. Similar to 
Arctic studies, Lavoie et al. (2010b) found an overall 
FWBF of 0.17, although habitat-specific differences 
were found for THg biomagnification in the pelagic 
food web of the Gulf of St. Lawrence (FWBF 0.22) 
compared to the benthic food web (FWBF 0.11).

Methylmercury is the most bioaccumulative 
component of THg in the environment, and the 
proportion of THg consisting of MeHg in biota 
increases with trophic position. The mean slope value 
for MeHg biomagnification was 0.29 ± 0.07 (range 
0.22−0.42), somewhat higher than the average THg 
slope (Figure 7.5b, Table 7.2). The highest MeHg 

The FWBFs from the studies were further sorted 
by whether regressions were based on whole prey 
and predator muscle tissue or whether other tissue 
types (e.g., hair, liver) were used (Table 7.2). Finally, 
biomagnification factors for THg and MeHg were 
analyzed separately because the proportion of MeHg 
in THg can vary significantly in lower trophic species. 
Prey species with the lowest d15N values and predator 
species with the highest d15N values were noted 
because metabolic rates and lifespan can significantly 
affect Hg accumulation (Braune and Norstrom, 1989). 
Long-lived, warm-blooded (homeothermic) predators 
are more likely to have higher Hg burdens than short-
lived, cold-blooded (poikilothermic) species because 
of their higher energy requirements and greater Hg 
exposure from food.

In the marine studies considered here (Table 7.2), 
the mean slope for THg was 0.21 ± 0.03 (range 
0.16−0.26) for all systems, indicating consistent 
biomagnification rates regardless of the location or 

Amundsen Gulf, 
Canada

2003−2006 Calanus spp Beluga whale
(Delphinapterus 

leucas)

-4.8 0.311 0.9 0.01 6

West Greenland 2003−2004 Blue mussel
(Mytilus edulis)

Ringed seal
(Phoca hispida)

– 0.417 0.64 0.001 4

Gulf of St. 
Lawrence, Canada

2006−2007 Atlantic plate 
limpet (Tectura 

testudinalis)

Razorbill (Alca torda) -1.526 0.235 0.51 0.001 8

Bay of Fundy, 
Canada

2002 Phytoplankton 
(25−66 µm)

Harbour porpoise 
(Phocoena 
phocoena)

-4.43 0.265 0.63 0.001 9

Canadian Arctic, 
Canada

1980−2010 Ice algae Marine mammals
polar bear hair

– 0.17 – – 10

Western Arctic, 
Canada, United 
States and Russia

1983−2001 Zooplankton Ringed seal/polar 
bear liver/kidney

-16.33 1.4 0.53 0.02 11

a Seal data were included from Young et al. (2011) b Bedford Institute of Oceanography, Fisheries and Oceans Canada, Dartmouth, Nova Scotia. 1 - B. McMeans 
& A. Fisk in NCP, 2012; 2- Campbell et al.,2005; 3 - Atwell et al., 1998; 4 - Riget et al., 2007; 5- B. M. Braune in NCP, 2012; 6- Loseto et al., 2008a; 7- 
McMeans et al., 2010; 8- Lavoie et al., 2010b; 9- G. Harding (unpublished data)b; 10- Horton et al., 2009; Dehn et al., 2006.

TABLE 7.2  Continued

Location Date Lowest trophic 
level biota

Top predator 
species Intercept Slope r2 or 

r2
adj

p 
value 

≤
Source
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body and muscle analyses. Horton et al. (2009) used 
polar bear fur samples to analyze THg and food web 
trends in the Arctic and extracted literature data 
(e.g., Campbell et al., 2005; Atwell et al., 1998) to 
compile a food web dataset for polar bears, resulting 
in one of the lowest log THg-d15N slopes at 0.17 
(Table 7.2). In another study using liver and kidney 
tissue samples from seal and bird species, Dehn et 
al. (2006) obtained the highest slope value (0.53) in 
this review (Table 7.2). Hair is known to accumulate 
Hg at consistently lower rates while liver tissue is 
metabolically active and tends to accumulate Hg 
at higher rates than muscle tissue. Thus, the slope 
variability among studies highlights the importance 
of consistent tissue selection to ensure comparability 
among sites and studies.

In conclusion, THg and MeHg were found to 
biomagnify at a consistent rate through marine food 
webs, regardless of location or food web composition. 
Variation in the rate of biomagnification, as indicated 
by the slope of the log Hg versus d15N regression, 
may be attributed to (1) the type of tissue analyzed 
(e.g., muscle, whole body, hair); (2) the number of 
poikilothermic invertebrate species with varying 
proportions of THg consisting of MeHg; and (3) the 
number of homeothermic vertebrates sampled in 

biomagnification rates were observed for 2 beluga 
whale food webs in the Beaufort Sea (0.29, 0.31) 
and for a ringed seal food web off Greenland (0.42). 
The MeHg biomagnification rates for temperate food 
webs in the Gulf of St. Lawrence and Bay of Fundy 
were within the range of slopes measured in the Arctic 
studies. The wider range of MeHg FWBFs, relative to 
those for THg, may be due to varying proportions of 
MeHg in THg in the lower trophic poikilotherms and in 
higher trophic vertebrates such as birds and mammals 
(Lavoie et al., 2010b; Loseto et al., 2008b; Campbell 
et al., 2005). For example, in Baffin Bay, 8 to 100% of 
THg burden consisted of MeHg in invertebrates, while 
roughly 80% THg consisted of MeHg in bird species 
and ringed seals (Campbell et al., 2005). As a result, 
varying proportions of MeHg through the food web 
may affect the regression slope, depending on species 
composition. Even so, the average slope for MeHg was 
only slightly higher relative to THg, which is expected 
given the higher biomagnification potential of MeHg in 
food webs.

Use of whole-body or muscle analyses is the most 
common approach to generate Hg versus d15N 
biomagnification models. However, examining FWBFs 
using other tissues provides information, even if the 
slopes are not directly comparable to those of whole-

FIGURE 7.5  Regression analyses of log mercury versus d15N of marine food webs from studies in Table 7.2, 
graphically represented for (a) total mercury (THg) and (b) methylmercury (MeHg). Solid lines are for temperate 
ecosystems (St. Lawrence Gulf, Bay of Fundy), and dashed lines represent Arctic ecosystems. The regression line 
from Riget et al. (2007) is not shown because no intercept value was reported.
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that fish Hg concentrations declined with increased 
residency in the estuary. The lower MeHg exposure 
in more saline waters of the delta was attributed 
to greater consumption of crab, which had low Hg 
concentrations (Farmer et al., 2010). In southern 
Brazil, estuarine fish species were found to have the 
lowest Hg concentrations, fish from coastal freshwater 
lakes had the highest, and offshore marine fish had 
intermediate Hg levels (Kütter et al., 2009).

Methylmercury exposure also varies between food 
webs in the ocean water column (pelagic zone) 
and on the ocean floor (benthic zone) (Lavoie et 
al., 2010b; Chen et al., 2009). Pelagic food webs 
tend to accumulate more MeHg than benthic food 
webs, which may be due to more efficient uptake 
of aqueous MeHg by microbes in the water column 
compared with sediment (Chen et al., 2009) or greater 
biomagnification between pelagic consumers and 
their prey (Lavoie et al., 2010b). Regional differences 
in Hg levels of top predators have been attributed to 
food web type; for example, polar bears with a more 
pelagic-based diet accumulate more Hg than those 
that feed on benthic food webs (St. Louis et al., 2011; 
Cardona-Marek et al., 2009). In the open ocean, 
feeding depth also plays a role in Hg exposure: fish 
that feed in deeper waters (~200−600 m) tend to 
have higher MeHg concentrations than those that feed 
near the surface (0−200 m) (Choy et al., 2009). Water 
concentrations of methylated Hg tend to increase 
with depth in the open ocean (section 7.3.1), and 
intermediate depths may be an important site for 
MeHg uptake in marine food webs (Choy et al., 2009).

Many marine animals are migratory, travelling long 
distances between their breeding area and winter 
or foraging grounds. This behaviour poses a major 
challenge in identifying the sources of Hg in these 
animals, because of (1) different Hg sources in 
winter, migratory, and breeding habitats; (2) likely 
different diets (and hence Hg exposure and uptake) 
of wildlife in those habitats; (3) seasonal variation 
in biological processes (such as breeding, moulting, 
or accumulation of energy reserves for migration); 
and (4) a temporal lag in the equilibration of tissue 
Hg levels to local uptake. In the Gulf of St. Lawrence, 
Lavoie et al. (2010a) found that 2 resident species  
of seabirds had higher Hg concentrations than  

the food web (Borgå et al., 2012). Regardless, low 
concentrations of Hg in invertebrate prey at the 
base of any marine food web will inevitably lead to 
significantly elevated Hg concentrations, by several 
orders of magnitude, in predator species.

7.4.3 Habitat Use and Feeding Behaviour 
Effects on Methylmercury Exposure

Habitat use and feeding behaviour are important 
factors, in addition to trophic position, that can affect 
the exposure of marine animals to MeHg. Canada’s 
marine ecosystems contain a variety of habitats, 
including salt marshes, tidal flats, estuaries, sea ice, 
and waters and floors of coastal shelves and open 
oceans. These habitats may vary in their capacity 
to produce MeHg and to expose animals to MeHg 
because of differences in Hg sources, biogeochemical 
processes, and food web structure (Macdonald and 
Loseto, 2010; Fitzgerald et al., 2007). Furthermore, 
many marine animals have large habitat ranges and 
feed in multiple habitats separated by long distances, 
with potential consequences for their dietary intake 
of MeHg (Loseto et al., 2008a; Hammerschmidt 
and Fitzgerald, 2006; Block et al., 2005). Numerous 
investigations have documented habitat variation in 
MeHg bioaccumulation, as described in more detail 
below, although the underlying processes driving 
these differences are often unclear.

Residency in estuaries has been shown to affect 
MeHg bioaccumulation in fish (Farmer et al., 2010; 
Kütter et al., 2009; Davis et al., 2008; Mason et al., 
2006). Estuaries are variable, transitional habitats 
at the mouths of coastal rivers, with high salinity 
variation because of tidal inputs of salt water from 
the ocean and downstream flows of freshwater 
from rivers. Fish that feed in more saline waters 
of estuaries tend to have lower Hg concentrations 
compared with those that feed upstream in freshwater 
sections (Farmer et al., 2010; Kütter et al., 2009; 
Davis et al., 2008; Mason et al., 2006), although 
little information currently exists specifically for 
Canada’s estuarine environments. In the Mobile-
Tensaw River Delta, Alabama, United States, Farmer 
et al. (2010) used otolith chemistry techniques to 
estimate salinity exposure in 2 fish species and found 
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the lowest in potential beluga whale prey from an 
estuarine shelf (Loseto et al., 2008a), despite the high 
influx of inorganic Hg and MeHg from the Mackenzie 
River (Leitch et al., 2007). The beluga whale group 
believed to feed there also had the lowest THg levels 
(Loseto et al., 2008a). Beluga whales believed to feed 
either in the benthic zone or in the pelagic zone of 
the Amundsen Gulf (offshore) had the highest muscle 
THg concentrations, and this did not differ significantly 
between those 2 feeding zones. Potential prey from the 
offshore and benthic habitats had THg concentrations 
generally higher than those in prey from the estuarine 
shelf, including Arctic cod found in both areas (Loseto 
et al., 2008a). This finding was consistent with the 
differences in THg between nearshore and offshore 
beluga whales. Although the assigned beluga whale 
feeding groups in this study oversimplified the temporal 
and spatial complexities of beluga whale movement 
and seasonal feeding preferences, these findings 
suggest that Hg exposure likely varies within the beluga 
whale population due to size and sex segregation.  
It remains unclear why there was unexpectedly  
greater Hg bioaccumulation in beluga whales and  
their associated food web in offshore waters  
compared with those feeding in the estuarine shelf.

7.5 REGIONAL INVESTIGATIONS 
OF MERCURY IN CANADA’S 
MARINE ENVIRONMENTS

7.5.1 Arctic Archipelago and Beaufort Sea

The Arctic Archipelago is a vast region of Canada’s 
North composed of more than 36 000 islands covering 
1 400 000 km2. The Beaufort Sea is a marginal sea of 
the Arctic Ocean and straddles the Archipelago in the 
western Canadian Arctic. The Hg cycle in this polar 
region is complex, in part due to unique environmental 
conditions and processes such as AMDEs (Chapter 
4), extensive snow-air exchange of Hg during the 
long winter (Chapter 5), and Hg uptake into long 
food chains associated with sea ice (Macdonald and 
Loseto, 2010). The cycling of Hg in the Arctic has been 
studied intensively over the last decade, and the state 
of Hg science for the region has been summarized in 

2 migratory species, after adjusting for trophic 
position. This difference was presumably due to 
lower MeHg exposure on the wintering grounds of 
one of the species (Lavoie et al., 2010a). Similarly, 
Finkelstein et al. (2006) showed that 2 species of 
albatross that breed in Hawaii had similar trophic 
positions but widely different THg concentrations due 
to separate foraging areas. Satellite telemetry data 
indicated that albatross feeding in the North Pacific 
accumulated less Hg than individuals that foraged in 
the California Current off the west coast of the United 
States (Finkelstein et al., 2006). Some marine fish 
also migrate long distances, and can have variable 
MeHg concentrations at different times of the year. For 
example, bluefish of comparable size showed a 3-fold 
difference in THg concentration between May and 
September, likely reflecting different dietary exposure 
during movements along the Atlantic coast of the 
United States (Hammerschmidt and Fitzgerald, 2006).

Recent research in the Canadian Arctic highlights 
how individual feeding behaviour within a marine 
animal population can play an important role in MeHg 
exposure. Studies of beluga whales were initiated 
in the Beaufort Sea, Northwest Territories, following 
concern over their high Hg levels (Lockhart et al., 
2005) (Loseto et al., 2008a; 2008b; 2006). Satellite 
telemetry data from tagged beluga whales provided 
information on their daily habitat selection, as defined 
by sea ice, bathymetry, and distance to the shoreline. 
Beaufort Sea beluga whales were found to sexually 
segregate during summer movements (Loseto et 
al., 2006). Based on sea ice concentration and shelf 
habitat, 3 different habitat use groups were defined in 
relation to beluga whale length, sex, and reproductive 
status as follows: (1) females with and without calves 
and small males (< 4 m) selected shallow open water 
near the mainland; (2) medium-length males (3.8–4.3 
m) and a few females (>3.4 m) without neonates 
selected the sea ice edge; and (3) the largest males 
(4–4.6 m) selected heavy sea ice in deep, offshore 
waters. It was hypothesized that such intra-species 
segregation of habitat use has consequences for  
their feeding ecology and Hg exposure (Loseto  
et al., 2008a).

Food web investigations in the Beaufort Sea and 
Amundsen Gulf indicated that Hg levels were among 
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substrates, and bioavailable inorganic Hg (Larose et 
al., 2010; Barkay and Poulain, 2007; Constant et al., 
2007). Luminescent bacterial biosensors indicate 
that a portion of the inorganic Hg deposited on Arctic 
snow is bioavailable for uptake by microbes, with the 
proportion of bioavailable Hg varying among AMDEs 
and wet and dry deposition pathways (Larose et al., 
2011). Another mechanism, proposed by St. Louis et 
al. (2007; 2005), is the photodecomposition of volatile 
DMHg in the atmosphere. Significant evasion of DMHg 
from ocean waters may ultimately be deposited as 
MeHg on snow and ice in marine or coastal areas. 
Other possible mechanisms for MeHg accumulation 
that have not been confirmed are sunlight-induced 
methylation in the presence of labile organic 
matter in snow, atmospheric methylation by abiotic 
reactions (Hammerschmidt et al., 2007), or microbial 
methylation on aerosols in the atmosphere (Barkay 
and Poulain, 2007).

Mercury dynamics in Arctic sea ice were recently 
studied in the Beaufort Sea, where a range of ice 
types were sampled: newly formed ice, first year ice 
(both drifting and landfast), and multiyear ice (Chaulk 
et al., 2011). Despite the variation of ice types, ice 
characteristics (thickness, stage of ice formation, and 
extent of snow cover), and ambient air temperatures, 
THg in ice was consistently low (0.5–4 ng L-1), with 
the highest concentrations found in the surface layer. 
However, THg was substantially more concentrated 
in brine in the sea ice (2.6–71.2 ng L-1), with higher 
levels found in more saline brines. The formation 
of brine pockets and channels was found to be an 
important process for Hg movement within the ice 
pack. No published information is currently available 
for inorganic Hg or MeHg processes in sediments 
of the Arctic Archipelago, and this is a significant 
data gap because of their importance for evaluating 
sediment methylation potential and long-term trends 
in Hg fluxes to sediment (using cores). Sediment THg 
concentrations were generally <150 ng g-1 dry weight 
in the Beaufort Sea (Macdonald and Thomas, 1991) 
and the Arctic Ocean (Gobeil et al., 1999).

Mercury levels in Arctic marine biota have been 
studied under the NCP for the last 2 decades (NCP, 
2012, 2003, 1997), and these biological datasets 
are among the most comprehensive for marine 
environments in Canada. Monitoring in the Arctic 

detail under the aegis of 2 recent assessments led 
by the Arctic Monitoring and Assessment Programme 
for the circumpolar Arctic (AMAP, 2011) and by 
the Northern Contaminants Program (NCP, 2012). 
These programs were established in response to 
concerns about human exposure to elevated levels 
of contaminants, including Hg, in fish and wildlife 
that are important to the traditional diets of Arctic 
aboriginal people.

Much new information has been collected on Hg 
concentrations in marine water and snow in the 
Arctic Archipelago, and published water column data 
from this region are more comprehensive than from 
any other marine areas of Canada except Hudson 
Bay (section 7.3; Table 7.3). These studies have 
provided important observations on the speciation of 
Hg, transformations of inorganic Hg, and production 
of methylated Hg in the water column (Kirk et al., 
2012; Lehnherr et al., 2011; Kirk et al., 2008). In 
addition, elevated concentrations of THg in marine 
snow, sometimes in excess of 100 ng L-1, have 
been observed in association with AMDEs (St. Louis 
et al., 2007; Lu et al., 2001). However, snow THg 
concentrations decline rapidly within a few days 
of AMDEs as a result of photoreduction and re-
emission to the atmosphere (Durnford et al., 2012b; 
Munthe et al., 2011). In the Arctic, THg accumulation 
is elevated in Arctic snow occurring over sea ice, 
relative to the terrestrial environment. This finding 
may result from AMDEs, since these atmospheric 
photochemical reactions involve marine halogens, 
particularly bromine, or from chloride promoting the 
retention of inorganic Hg in snowpack (Stephens et 
al., 2012; Poulain et al., 2007a; St. Louis et al., 2007; 
Lindberg et al., 2002). Recent evidence suggests 
that the increasing prevalence of younger, higher-
salinity seasonal ice in the Arctic, driven by climate 
change, may enhance Hg deposition to the marine 
environment (Nghiem et al., 2012). Young sea ice 
releases more bromine than multiyear ice and is 
associated with greater oxidation of atmospheric Hg 
during AMDEs (Nghiem et al., 2012).

Several novel processes have been suggested to 
explain MeHg concentrations observed in Arctic 
snow (Barkay and Poulain, 2007). It is possible that 
microbes methylate Hg in snow, as suggested by 
the presence of microbial cells, dissolved organic 
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Arctic, northern Baffin Island, and Labrador, to provide 
broad spatial coverage of regions under different 
watershed influences, climatic regimes, and latitudinal 
gradients (NCP, 2012; Evans and Muir, 2010). Two 
rivers west of the Mackenzie River were sampled for 
THg levels in Dolly Varden char, another species of 
salmonid similar to Arctic char. Average fork length in 
fish ranged from about 400–730 mm. Char muscle 
had extremely low concentrations of THg across the 
Canadian Arctic, with site averages ranging from 
0.014 ± 0.002 mg g-1 wet weight at Cape Dorset to 
0.097 ± 0.015 mg g-1 for Dolly Varden char in the 

Archipelago and Beaufort Sea has focused primarily 
on sea-run Arctic char, seabirds, and marine 
mammals, including ringed seals, beluga whales, 
narwhals, and polar bears.

Sea-run Arctic char is an important traditional food 
harvested by coastal communities, and it is the 
dominant species captured in marine fisheries in the 
Arctic Archipelago (Zeller et al., 2011). Beginning in 
2005, a systematic survey was conducted of THg 
concentrations in sea-run char at 20 locations across 
northern Canada, including the western Arctic, central 

TABLE 7.3  Summary of mercury concentrations in water and sediment from several marine regions in Canada

Hg measurement Arctic 
Archipelago Hudson Bay Bay of 

Fundy

Estuary and 
Gulf of St. 
Lawrence

Strait of 
Georgia

Water
THg, ng L-1

 Mean 0.37 0.43 0.25 NA
 Range 0.14−2.08 0.14−2.90 NA 0.36−1.56 –
 N 45 30 22 NA
Methylated Hga, pg L-1

 Mean 65 41
 Range 15−178 15−126 – – –
 N 45 30
MeHg, pg L-1

 Mean 24 50 116
 Range 11−54 – NA 107−124 –
 N 8 22 3
DMHg, pg L-1

 Mean 44 32 NA
 Range 3−170 0.1−129 – <1 –
 N 49 30 NA
GEM, pg L-1

 Mean 28 31 NA
 Range 1−133 2−86 – <34−74 –
 N 45 27 17

Sediment
THg, ng g-1 dry weight
 Mean 26 31 NA NA
 Range 8−58 8−104 ~25−520 60−420
 N 325 33 NA 17

GEM = gaseous elemental mercury; NA = not available.
a Methylated Hg = MeHg + DMHg.
Sources:
Arctic Archipelago: Kirk et al. (2008), St. Louis et al. (2007), Lehnherr et al. (2011)
Hudson Bay: Kirk et al. (2008), Hare et al. (2008), Hare et al. (2010), Lockhart et al. (1998), Stewart and Lockhart (2005)
Bay of Fundy: Sunderland et al. (2006), Hung and Chmura (2006), Sunderland et al. (2010)
Estuary and Gulf of St. Lawrence: Cossa and Gobeil (2000), Gobeil and Cossa (1993), Lavoie et al. (2010b)
Strait of Georgia: Johannessen et al. (2005)
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concentrations of Hg in their tissues (NCP, 2012; 
Wagemann et al., 1998). Levels of Hg vary 
among tissues types, with highest THg and MeHg 
concentrations in liver (but MeHg is still a low 
proportion of THg) compared with kidney, brain, 
muscle and skin (Lemes et al., 2011; Dehn et al., 
2005; Wagemann et al., 1998). The accumulation 
of high levels of inorganic Hg in the liver, largely 
complexed with selenium, is thought to result from 
demethylation processes in this organ (Lemes et al., 
2011; Wagemann et al., 1998). There is considerable 
geographic variability in THg concentrations of Arctic 
marine mammals, with highest concentrations 
typically found in the Beaufort Sea and western 
islands of the Arctic Archipelago (NCP, 2012; Routti 
et al., 2011; Dehn et al., 2005; Lockhart et al., 2005). 
These patterns may be due to differences in food  
web structure as well as to higher concentrations  
of MeHg in water available for entry into the food  
web (NCP, 2012; St. Louis et al., 2011). Further 
research is warranted to link biogeochemical and  
food web processes with geographic variation in  
Hg levels of Arctic biota. In addition, large reductions 
in summer sea-ice extent, driven by climate change,  
are anticipated to impact the structure of marine  
food webs in the Arctic Archipelago and affect  
Hg bioaccumulation in marine animals (Stern  
et al., 2011).

Vittrekwa River (NCP, 2012). Sea-run char migrate to 
the ocean in summer to feed and reside in freshwater 
lakes and rivers during winter. Little information exists 
for wholly marine fish species that may be important 
sources of dietary Hg for large marine mammals and 
seabirds. One exception is Arctic cod, a keystone 
fish species associated with sea ice, for which THg 
concentrations were measured at several locations 
in the western Arctic (Loseto et al., 2008a; Stern and 
Macdonald, 2005).

Islands of the Arctic Archipelago are important 
summer breeding grounds for a large number of 
seabirds (CAFF, 2002), and some of these species, 
such as the common eider and thick-billed murre, are 
traditionally harvested by northerners (CAFF, 2008). 
A variety of seabirds have been studied for their Hg 
levels, including Arctic tern, black-legged kittiwake, 
northern fulmar, thick-billed murre, black guillemot, 
and several species of sea duck and gull (NCP, 2012; 
Akearok et al., 2010; Braune et al., 2010; Wayland et 
al., 2008; Wayland et al., 2007; Borga et al., 2006; 
Braune et al., 2006; Wayland et al., 2005; Mallory et 
al., 2004a; Mallory et al., 2004b; Braune et al., 2002). 
A number of these investigations identified differences 
in THg concentrations among species, related to 
trophic level (e.g., Akearok et al., 2010; Borga et 
al., 2006) and geographic variation in THg among 
different populations of a species (e.g., Mallory et al., 
2004a; Braune et al., 2002). Seabirds have also been 
identified as significant vectors for highly localized 
ecosystem contamination of Hg in the Arctic (Choy et 
al., 2010; Michelutti et al., 2010; Blais et al., 2005). 
Birds transport and concentrate marine-derived Hg 
in freshwater ponds by feeding in the ocean and then 
releasing their guano at sites where they congregate 
in high densities for nesting. Seabirds that occupy a 
higher trophic position are more efficient biovectors of 
Hg (Michelutti et al., 2010). While biovector transport 
is not considered a major flux of Hg in the Canadian 
Arctic on a large scale (Outridge et al. 2008), it can 
increase Hg concentrations several-fold in pond 
sediments adjacent to seabird colonies (Michelutti  
et al., 2010; Blais et al., 2005).

Top predator mammals in the Arctic Archipelago 
and Beaufort Sea, including seals, beluga 
whales, narwhals, and polar bears, have elevated  P

HO
TO

: S
TE

FF
EN



347

Canadian Mercury Science Assessment – Chapter 7

entering Hudson Bay at 2.1 mg ha-1 and concluded 
that Hg2+ deposited during AMDEs contributes only a 
small amount to the inorganic Hg pool in the bay.

Rivers are an important source of Hg for Hudson Bay 
(Table 7.1; Hare et al., 2008), and annual exports of 
THg and MeHg were determined for 2 sub-Arctic 
rivers, Nelson and Churchill, that flow into the 
southwest region of the bay (Kirk and St. Louis, 
2009). Based on continuous measurements from 
2003 to 2007, THg and MeHg concentrations were 
low (mean ± standard deviation: 0.88 ± 0.33 and 
0.05 ± 0.03 ng L-1, respectively) in the Nelson River 
but higher in the Churchill River (1.96 ± 0.8 and 0.18 
± 0.09 ng L-1, respectively), particularly for MeHg. 
Hence, the Churchill River may be an important 
source of MeHg to organisms feeding in its estuary. 
Interestingly, combined Hg exports to Hudson 
Bay from the Nelson and Churchill Rivers were 
comparable to estimated THg inputs from spring 
snowmelt on Hudson Bay ice (177 ± 140 kg yr-1) but 
were about 13 times greater than MeHg inputs from 
snowmelt (1 ± 1 kg yr-1) (Kirk and St. Louis, 2009). 
Together, Hg inputs from the rivers and snowmelt 
were estimated to contribute approximately 16% to 
the THg pool in Hudson Bay waters but only 6% of 
the MeHg pool.

A variety of animals that inhabit Hudson Bay have 
been sampled to determine their Hg levels, including 
shorebirds (Braune and Noble, 2009), seabirds (NCP, 
2012; Braune et al., 2006; Braune et al., 2002), 
seals (NCP, 2012; Young et al., 2010), beluga whales 
(Gaden and Stern, 2010), and polar bears (Routti et al., 
2011; St. Louis et al., 2011). Less is known about Hg 
bioaccumulation in lower trophic levels of the Hudson 
Bay food web (although see section 7.4.2). Marine 
mammals in Hudson Bay, specifically seals, beluga 
whales, and polar bears, typically have lower THg 
concentrations in their tissues than other populations 
of the same species in the Beaufort Sea and, in 
some cases, in regions of the Arctic Archipelago 
(NCP, 2012; Routti et al., 2011; St. Louis et al., 2011; 
Lockhart et al., 2005). A latitudinal difference in THg 
levels was also found among colonies of thick-billed 
murres, with birds breeding in Hudson Bay having 
lower THg concentrations than those breeding at high 
Arctic colonies (NCP, 2012). The lower THg levels 

7.5.2 Hudson Bay

Hudson Bay is the largest northern inland sea, 
covering over 1 200 000 km2. It receives major inputs 
of river discharge from an immense watershed (over 
4 000 000 km2) as well as Arctic marine waters 
from Hudson Strait and Foxe Basin to the north 
(Stewart and Barber, 2010). The bay is ice-covered 
in winter and becomes ice-free by mid-summer. Due 
to its unique features, the Hudson Bay environment 
supports a well-developed Arctic food web at a more 
southern latitude (Stewart and Barber, 2010).

The first major survey of Hg in Hudson Bay waters 
was conducted by Kirk et al. (2008), who found that 
concentrations of THg were low throughout the water 
column and similar to levels in the Arctic Archipelago 
(Table 7.3). Depth profiles of MeHg and DMHg 
suggested that Hg methylation occurs in deep waters 
or sediments of Hudson Bay (section 7.3.1). Hare et al. 
(2010) found low THg concentrations in sediment from 
12 cores collected throughout the bay, particularly 
in comparison with sediments from regions of the 
Arctic Ocean (Table 7.3; NCP, 2012). Fluxes of THg 
to Hudson Bay sediments have increased since the 
onset of the Industrial Revolution, likely due to long-
range atmospheric transport of anthropogenic Hg, 
but particle fluxes and depositional processes also 
play an important role in controlling sediment Hg 
accumulation (Hare et al., 2010).

Two coastal sites, Churchill, Manitoba, and 
Kuujjuarapik, Quebec, have been the focus of 
important investigations of atmospheric deposition 
and Hg dynamics in Hudson Bay snow over the last 
decade (Constant et al., 2007; Kirk et al., 2006; 
Lahoutifard et al., 2006; Dommergue et al., 2003a; 
Dommergue et al., 2003b). Similar to the Arctic 
Archipelago, these sub-Arctic areas are subject 
to springtime AMDEs, during which atmospheric 
Hg deposition was reported to increase snow THg 
concentrations to over 100 ng L-1 (Kirk et al., 2006; 
Lu et al., 2001). However, rapid re-emission of Hg 
back to the atmosphere can remove the majority of 
this deposited THg in Hudson Bay snowpack within 
4 or more days (Constant et al., 2007; Kirk et al., 
2006; Dommergue et al., 2003a). Kirk et al. (2006) 
estimated the annual THg load of marine snowpack 
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7.5.3 Bay of Fundy

The Bay of Fundy is located on the Atlantic Coast 
and straddles the shores of New Brunswick and 
Nova Scotia. This 13 800 km2 northeast section of 
the Gulf of Maine has a dynamic hydrography with 
extreme tidal ranges of up to 18 m (Sunderland et al., 
2012; Burt and Wells, 2010). Mercury cycling in the 
large intertidal mudflats, coastal salt marshes, and 
offshore pelagic waters are strongly influenced by 
the tidal currents (O’Driscoll et al., 2011; Sunderland 
et al., 2010; Hung and Chmura, 2006). Considerable 
research has been conducted on Hg in the Bay 
of Fundy, and an overview of the main findings is 
presented here. A more detailed discussion on the fate 
of Hg in the Bay of Fundy can be found in Dalziel et 
al. (2010) and in Sunderland et al. (2012) as part of a 
review of the entire Gulf of Maine.

Anthropogenic Hg emissions in the Maritime 
provinces peaked twice, in 1945 and again around 
1965–1970, as a result of industrial applications of 
Hg in chlor-alkali operations, agricultural chemicals, 
paint, and pharmaceuticals (Sunderland and Chmura, 
2000). Currently, the sources of emissions from the 
region are mainly fossil-fuel combustion and waste 
incineration (Sunderland and Chmura, 2000). Evidence 
from atmospheric models and sediment archives 
indicate that atmospheric Hg deposited in the Bay 
of Fundy region increasingly originates from global 
sources rather than local emissions from northeastern 
United States and Canada (Sunderland et al., 2008). 
Model simulations also estimate that water MeHg 
concentrations in a coastal embayment in the Bay of 
Fundy were highest in the 1960s and have responded 
to reductions in Hg loading by declining 40% as of 
2000 (Sunderland et al., 2010). However, sediments 
in the bay will likely respond more slowly than water 
to reductions in Hg loading because of their long-term 
storage of anthropogenic Hg (Sunderland et al., 2010; 
Sunderland et al., 2004).

Seawater inflow, both tidal and residual, is the 
dominant input of both THg (Table 7.1) and MeHg to 
the Bay of Fundy (Sunderland et al., 2012; Dalziel 
et al., 2010; Sunderland et al., 2010). However, this 
input is balanced by a reciprocal outflow of seawater 
along the western coast of the bay (Dalziel et al., 

in Hudson Bay biota may be due to a shorter food 
chain and lower water concentrations of methylated 
Hg (St. Louis et al., 2011), although further research 
is needed to link biogeochemical and food web 
processes with geographic variation in Hg levels  
of Arctic biota.

Ice conditions in Hudson Bay have been changing 
over the last 3 to 4 decades, with an increase in 
the length of the ice-free season (Hochheim et al., 
2010; Gagnon and Gough, 2005), and there is strong 
evidence that the food web structure in this large 
ecosystem is also changing (Ferguson et al., 2010b). 
Complex shifts in species distributions, consumer 
diets, and the timing of ice break-up and freeze-up 
have potential consequences for Hg biomagnification 
in the Hudson Bay food web. A new top predator, the 
killer whale, has been appearing more frequently 
in Hudson Bay since the mid-1990s, possibly as a 
result of less summer ice (Ferguson et al., 2010a). 
Killer whales have been spotted hunting other marine 
mammals including narwhals, beluga whales, and 
bowhead whales (Ferguson et al., 2010a). Seal is the 
main diet of polar bears in Hudson Bay, as indicated 
by fatty acid tracers, but the bears may become 
more reliant on alternative resources because of a 
longer ice-free summer (Peacock et al., 2010). Polar 
bears in the western Hudson Bay subpopulation have 
recently shifted their diet to feed more on open-
water-associated seal species than ice-associated 
seal species, and this diet change was correlated 
with greater bioaccumulation of contaminants, 
specifically persistent organic pollutants (McKinney 
et al., 2009). In the 1990s, thick-billed murres that 
breed in northern Hudson Bay changed the type of fish 
they feed to their chicks from Arctic cod (a species 
associated with ice) to predominately capelin and 
sandlance, possibly due to warming waters (Mallory 
et al., 2010; Gaston et al., 2009). This dietary shift 
affected the trophic position of thick-billed murres 
at the colony, and thus their bioaccumulation of 
Hg, although a significant increase in their egg THg 
concentrations since the early 1990s indicates that 
other factors unrelated to trophic position are also 
affecting Hg accumulation (NCP, 2012). Further 
research is needed to investigate the complex links 
between climate change and Hg biomagnification in 
the Hudson Bay food web.
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coastal waters of the region (Sunderland et al., 2012), 
although this is a significant process in deep ocean 
waters elsewhere (section 7.3.1).

Mercury concentrations biomagnify 3 orders of 
magnitude in the Bay of Fundy food web, with top 
predators having about 600–1 000 ng g-1 wet weight 
of THg in their muscle (Figure 7.6). Phytoplankton 
ranging in size 25–66 µm, sampled at the approaches 
to the Bay of Fundy between 2000 and 2002, 
contained THg at levels of median 2.8 (range 1.9–4.3) 
ng g-1 wet weight (n = 12, G. Harding, Fisheries and 
Oceans Canada, unpublished data). Mercury levels 
(THg) in filter-feeding blue mussels collected by the 
Gulf of Maine Council monitoring program, from Cape 
Cod, Massachusetts, to Argyle, Nova Scotia, ranged 
from 8 to 118 ng g-1 wet weight, with a median 
value of 36 ng g-1 for 50 locations sampled along the 
coast between 2003 and 2008 (Jones et al., 2011). 
Concentrations of THg in local shellfish consumed 
by 2 communities in the Bay of Fundy were found 
to be similar, from 10 to 30 ng g-1 wet weight, with 

2010). Although seawater Hg concentrations are 
relatively low (Table 7.3), the large water volume 
transported by tidal and residual currents delivers 
important quantities to the bay. There is a net input of 
THg of approximately 495 kg yr-1 to the mudflats and 
depositional basins of the bay, and this is believed 
to come from river and coastal erosion sources, as 
atmospheric and oceanic fluxes are roughly balanced 
(Dalziel et al., 2010). Tidal outflows are also the major 
pathway for THg transport out of the Bay of Fundy 
(Dalziel et al., 2010). Rivers are an important source 
of MeHg inputs to the bay (Sunderland et al., 2010). 
Methylmercury production also occurs in situ in 
estuarine and coastal wetland sediments (O’Driscoll 
et al., 2011; Heyes et al., 2006; Sunderland et al., 
2006), which is important for benthic communities. 
In these sediments, levels of inorganic Hg, sulphur, 
and organic carbon, as well as microbial activity, 
have been identified as controlling factors of MeHg 
formation (section 7.3.2; O’Driscoll et al., 2011; Heyes 
et al., 2006; Sunderland et al., 2006). Little is known 
about water-column methylation of Hg in offshore 

FIGURE 7.6  Average total mercury concentrations (error bars are standard deviation) in biota from the Bay of 
Fundy. Data are from G. Harding (unpublished, Fisheries and Oceans Canada) for phytoplankton, Braune (1987b) for 
copepods and Atlantic herring, LeBlanc et al. (2011) for blue mussel, Sunderland et al. (2012) for lobster, Zitko et al. 
(1971) for winter flounder and Atlantic wolffish (converted to total mercury assuming 90% methylmercury), Braune 
et al. (1987a) for black-legged kittiwake, herring gull, and double-crested cormorant, Gaskin et al. (1973) for harbour 
seal, and Gaskin et al. (1977) for harbour porpoise.
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into the Gulf of St. Lawrence. Upstream flows are 
the largest source of Hg to the St. Lawrence River 
estuary (Quémerais et al., 1999), and sediments in 
the lower estuary and gulf were contaminated by 
Hg loadings from upstream anthropogenic activities 
during the 20th century (Garron et al., 2005; Smith 
and Schafer, 1999; Gobeil and Cossa, 1993). The 
estuary and Gulf of St. Lawrence are biologically 
productive feeding grounds that support large 
numbers of fish, marine mammals, and seabirds 
(Dufour and Ouellet, 2007; Sourisseau et al., 2006).

Urban and industrial sources of Hg between 
Cornwall, Ontario, and Québec City were estimated 
to contribute little to the total load of Hg entering the 
St. Lawrence estuary in the mid-1990s (Quémerais et 
al., 1999). However, chlor-alkali plants that operated 
decades earlier were major sources of Hg, and 
evidence of effluent loadings have been observed 
in subsurface sediments of Lac St. Louis on the St. 
Lawrence River (Rukavina et al., 1990) and the lower 
estuary downstream of the Saguenay River (Smith 
and Schafer, 1999; Gobeil and Cossa, 1993). Elevated 
THg concentrations, as high as 1.1 µg g-1, were also 
found in subsurface sediments of the upper estuary, 
although the source of this Hg was unclear (Coakley 
et al., 1993). A chlor-alkali plant at Arvida, in the 
Saguenay region of Quebec, released at least 136 t of 
Hg into the Saguenay River between 1947 and 1976, 
and most of this Hg has been retained in downstream 
sediments in the lower St. Lawrence estuary (Smith 
and Schafer, 1999; Gagnon et al., 1997; Smith and 
Loring, 1981). Smith and Schafer (1999) reported a 
subsurface maximum THg concentration of 0.6 µg 
g-1 near the mouth of the Saguenay River, declining 
downstream to 0.04 µg THg g-1 in the Gulf of St. 
Lawrence. Benthic-feeding fish and crustaceans 
(American plaice, thorny skate, snow crab, and 
northern shrimp) were found to have higher muscle 
THg concentrations in the lower estuary than in the 
Gulf of St. Lawrence, consistent with the downstream 
trends in sediment Hg levels (Cossa and Gobeil, 
2000; Gobeil et al., 1997). However, no differences 
in muscle THg were found between the 2 areas for 
some pelagic-feeding species of fish, suggesting 
lower exposure for those organisms (Cossa and 
Gobeil, 2000).

the exception of higher levels in lobster and snails 
(100–180 ng g-1) (Legrand et al., 2005). Filter-feeding 
copepods, predominantly Calanus, from surface 
plankton tows taken in 1981 contained 4 ± 2 ng g-1 
wet weight of THg, whereas the THg content of their 
predators, herring, increased from 5 ± 1 ng g-1 whole 
body as yearlings to 15 ± 5 ng g-1 by age 8 yr (Braune, 
1987b). Zitko et al. (1971) measured MeHg in a variety 
of fish fillets from Bay of Fundy and approaches, with 
wet weight concentrations ranging from ± 40 ng g-1 in 
species such as witch and winter flounder to 320 ng 
g-1 in Atlantic wolffish. A number of seabird studies of 
Hg bioaccumulation have been conducted in the Bay 
of Fundy (Bond and Diamond, 2009a, b; Goodale et 
al., 2008; Elliott et al., 1992; Braune, 1987a), including 
long-term monitoring of eggs from several colonies 
(see Chapter 11). Mercury levels varied among bird 
species in relation to their trophic position and diet, 
with piscivorous and benthic-feeding birds having 
higher concentrations than pelagic plankton feeders 
(Goodale et al., 2008; Braune, 1987a). Harbour 
seals taken near Grand Manan and Deer Island, 
New Brunswick, in 1971 had median wet weight 
THg concentrations of 0.59 (range 0.16–1.54) µg 
g-1 in muscle tissue and 3.08 (0.52–50.9) µg g-1 in 
liver tissue (Gaskin et al., 1973). Total mercury was 
measured in the muscle tissue of 146 porpoises 
tangled in fishing nets from the Bay of Fundy and 
adjacent waters between 1969 and 1977, with annual 
mean concentrations varying between 0.51 and 1.69 
µg g-1 wet weight (Gaskin et al., 1979). Stein et al. 
(1992) found similar THg levels in the Gulf of Maine 
for porpoises collected in 1991. It is important to note 
that many of the biotic Hg levels in the Bay of Fundy 
were measured several decades ago, in the 1970s 
and 1980s. These levels may not be representative 
of current levels in those species, although it is 
highly likely that Hg is still biomagnified 3 orders of 
magnitude in the Bay of Fundy.

7.5.4 Estuary and Gulf of St. Lawrence

The St. Lawrence is the largest river in Canada 
and drains an immense watershed area of over 
1 000 000 km2, including the Great Lakes Basin. 
Estuarine conditions begin downstream of Québec 
City, Quebec, as the river widens and discharges 
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concentrations from a limited number of samples 
(average 116 pg L-1, n = 3). No information is available 
on MeHg production in sediments or the water column 
of the estuary and Gulf of St. Lawrence. However, 
MeHg was found in sediment porewaters, which 
suggests that microbial methylation likely occurs in 
situ (Cossa and Gobeil, 2000; Gagnon et al., 1997).
The estuary and Gulf of St. Lawrence are ecologically 

Few published measurements of water Hg 
concentrations are currently available for the estuary 
and Gulf of St. Lawrence (Table 7.3). One study (Cossa 
and Gobeil, 2000) found that THg concentrations 
varied little with depth or distance downstream, 
and that water concentrations of MeHg were below 
analytical detection limit (40 pg L-1). However, another 
study (Lavoie et al. (2010b)) reported higher MeHg 

TABLE 7.4  Concentrations of total mercury (ng g-1 dry weight, unless specified) in invertebrates, fish, seabirds, and 
beluga whales in the estuary and Gulf of St. Lawrence

Animal Tissue (units)
Mean, ng g-1 dry 

weight
Range or SD, ng g-1 

dry weight
N

Invertebrates
Blue mussel Soft tissuea 69−378 >400

Soft tissueb 160−629 >100

Soft tissuec 104 ± 27 21

Gammarid Whole bodyc 39 ± 9 10

Gastropods Soft tissuec 76 51−127 30

Green sea urchin Soft tissuec 42 ± 13 10

Northern krill Whole bodyc 60 ± 11 6

Northern shrimp Muscle
(ng g-1 wet weight)d

70−179 20

Shrimp Soft tissuec 138 108−167 20

Snow crab Muscle
(ng g-1 wet weight)d

64−86 30

Soft tissuec 231 ± 42 12

Zooplankton (Calanus) Whole bodyc 39 13−65 15

Fish
American plaice Muscle

(ng g-1 wet weight)d

46−74 95

Whole bodyc 146 ± 120 10

American sandlance Whole bodyc 71 ± 58 13

Atlantic cod Muscle
(ng g-1 wet weight)d

54−66 95

Atlantic herring Whole bodyc 104 ± 36 11

Capelin Muscle
(ng g-1 wet weight)d

10−16 7

Whole bodyc 28 ± 7 12

Greenland halibut Muscle
(ng g-1 wet weight)d

28−34 56

Thorny skate Muscle
(ng g-1 wet weight)d

40−116 63

Witch flounder Whole bodyc 179 ± 70 10
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Beluga whales and harbour seals reside year-round 
in the St. Lawrence River estuary; however, high 
biological production at the base of the food web, and 
particularly high krill densities, attract large numbers 
of other whales during summer (Dufour and Ouellet, 
2007; Sourisseau et al., 2006; Kingsley and Reeves, 
1998). There has been a long-standing concern over 
contaminant levels and their effects on the health of 
St. Lawrence beluga whales since beached whales 
were found to have high THg concentrations (Beland 
et al., 1993). Recent unpublished work from Lebeuf 
(Fisheries and Oceans Canada, Mont-Joli, Quebec) 
showed a mean (± standard deviation) of 33 ± 56 
µg THg g-1 wet weight in livers of 81 St. Lawrence 
beluga collected from 1987 to 2008. Five beluga 
had elevated concentrations of 113−424 µg THg 
g-1 wet weight. The average liver THg concentration  

important marine environments (Dufour and Ouellet, 
2007), and information has been collected on Hg 
levels in a variety of biota in the region (Table 7.4). 
In a detailed survey of blue mussels, Cossa and 
Rondeau (1985) found that mussel THg concentrations 
were highest in the upper estuary, where 
freshwater influences were important, and lower 
concentrations were observed in the gulf. Similarly, 
THg concentrations in species of heron were higher in 
freshwater and brackish sites along the St. Lawrence 
than downstream in the estuary and gulf (Champoux 
et al., 2006; Champoux et al., 2002). A survey of 
seabirds in Atlantic Canada found that petrels, puffins, 
and gulls from the estuary and Gulf of St. Lawrence 
had lower THg levels in their liver and kidney than 
birds from the Bay of Fundy and Newfoundland  
(Elliott et al., 1992).

Seabirds
Atlantic puffin Liver

(µg g-1 dry weight)e

1.4 0.87−2.1 6

Black-crowned night heron Eggf 840−1050

Black guillemot Eggg 867 ± 42 20

Black-legged kittiwake Eggg 356 ± 86 20

Common eider Eggg 506 ± 40 18

Double-crested cormorant Liver
(µg g-1 dry weight)e

1.18 0.70−2.10 6

Great black-backed gull Eggg 736 ± 360 20

Great blue heron Eggf 950−1710

Egg
(ng g-1 wet weight)h

130−230

Herring gull Eggg 433 ± 144 18

Leach’s storm petrel Liver
(µg g-1 dry weight)e

2.5 1.5−3.9 12

Razorbill Eggg 758 ± 108 20

Marine mammals
Beluga whale Liver (µg g-1 dry weight)i 1.42−756 35

Sources:
a Cossa and Rondeau (1985); b Bourget and Cossa (1976); c Lavoie et al. (2010b); d Cossa and Gobeil (2000); e Elliott et al. (1992); f Champoux et 

al. (2002); g Lavoie et al. (2010a); h Champoux et al. (2006);i Béland et al. (1993)

TABLE 7.4  Continued

Animal Tissue (units)
Mean, ng g-1 dry 

weight
Range or SD, ng g-1 

dry weight
N
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There is considerable interest in the potential 
environmental impacts of aquaculture on the west 
coast and some evidence that wastes from fish farms 
can increase Hg levels in wild fish. Demersal rockfish 
are traditionally harvested by coastal First Nations 
communities, and wild rockfish captured near salmon 
farms had significantly higher THg concentrations 
than at control sites (deBruyn et al. (2006)). The 
anthropogenic effect was thought to result from 
a combination of increased trophic position of the 
rockfish, increased Hg loading (in farm waste), and 
increased microbial methylation due to farm-induced 
anoxia (deBruyn et al., 2006). This effect was not found 
in farmed salmon, which have THg levels well below 
the Health Canada consumption guideline of 0.5 µg 
g-1 wet weight and are comparable to levels in wild 
salmon from British Columbia (Kelly et al., 2011;  
Kelly et al., 2008; Ikonomou et al., 2007).

Overall, relatively little information has been published 
on Hg in the marine food webs of the Pacific Coast 
of Canada, although seabird monitoring has been 
ongoing for several decades (Elliott and Scheuhammer, 
1997). Surf scoters that overwinter at industrialized 
harbours in the Strait of Georgia showed evidence of 
being affected by local Hg sources, as suggested by 
generally higher liver THg concentrations compared 
with the same species at control sites (Elliott et al., 
2007). Seabirds found off the north coast of British 
Columbia, such as auklets, albatross, northern fulmar, 
and shearwater species, had variable tissue Hg levels 
that relate to species differences in trophic position 
(Elliott, 2005) as well as ecological, behavioural, and 
physiological factors, including reproductive stage 
(Hipfner et al., 2011). Bald eagles, which feed in 
marine and estuarine environments, were found to 
have higher egg THg concentrations in the Lower 
Fraser Valley and Johnstone Strait than in Nanaimo 
and Croften on Vancouver Island (Elliott et al., 1996). 
Published Hg levels are also available for a few other 
marine biota, namely dogfish (Forrester et al., 1972), 
crab (Parsons et al., 1973), scallops (Nørum et al., 
2005), and prey of seabirds (Hipfner et al., 2011). 
Stranded grey whales were sampled for THg along the 
US coast of the Strait of Georgia and of the Strait of 
Juan de Fuca near the border with British Columbia 
and were found to have low levels in liver and kidney 
relative to other cetaceans (Varanasi et al., 1994).

in St. Lawrence River beluga was higher than in 
Arctic beluga from Hudson Bay (Arviat: 11 ± 5 µg g-1 
wet weight, Sanikiluaq: 15 ± 12 µg g-1 wet weight) 
(Gaden and Stern, 2010), but comparable to the 
mean liver concentration in beluga from the Beaufort 
Sea (32 ± 30 µg g-1 wet weight from 1993 to 2003) 
(Stern, 2007; Wagemann et al., 1996). Liver THg is 
predominantly (90%) inorganic in beluga whales, and 
THg concentrations increase with age because of the 
role of liver in detoxifying MeHg (Lemes et al., 2011; 
Loseto et al., 2008b). Elevated THg in St. Lawrence 
River beluga whales reflects their high trophic 
position and carnivorous diet (Lesage et al., 2010), 
although it is unclear to what extent anthropogenic 
Hg sources have also had an impact.

7.5.5 Pacific Coast

British Columbia’s vast coastline is over 25 000 
km along the edge of the Pacific Ocean with many 
islands, straits, inlets, and fiords (Sebert and Munro, 
1972). This coastal region has received relatively little 
study of environmental Hg compared with marine 
areas in Atlantic Canada and the Canadian Arctic. 
Much of the information for the Pacific Coast focuses 
on populated areas of southern British Columbia in the 
Strait of Georgia, Johnstone Strait, and west coast of 
Vancouver Island.

Lack of measurements of Hg in seawater are a major 
data gap for the Pacific Coast of Canada, although 
concentrations are available for the open ocean of 
the North Pacific (Sunderland et al., 2009). Sediment 
cores revealed several pulses of Hg into the Strait 
of Georgia from anthropogenic activities during the 
20th century, likely from local gold mining, industrial 
activities during World War II, and releases from 
pulp mill or chlor-alkali plants (Johannessen et al., 
2005). Most surface sediment concentrations of THg 
measured in the survey were < 200 ng g-1 dry weight 
(Johannessen et al., 2005). In contrast, Howe Sound, a 
fiord near the city of Vancouver, received large loads of 
Hg from a chlor-alkali plant, resulting in sediment THg 
concentrations as high as 20 000 ng g-1 dry weight 
adjacent to the facility (Thompson et al., 1980).
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photodegradation of MeHg. The processes of air-sea 
exchange of Hg0 are critical because they affect the 
supply of Hg available for methylation in the ocean. 
Evasion of Hg0 to the atmosphere is controlled by 
physical factors that govern its ocean-atmosphere 
transfer velocity (including water temperature and 
wind speed), Hg0 concentrations in both seawater  
and air, and ice cover.

Limited information is available on MeHg 
concentrations in Canada’s marine waters, although 
MeHg production in the water column is likely 
important. In the open oceans of the world, water-
column MeHg profiles generally follow a similar 
pattern: concentrations are relatively low in surface 
waters due to loss via photodemethylation, increase 
in intermediate waters, particularly in low-oxygen 
regions, and are low and fairly constant in deeper 
waters. These consistent vertical distributions support 
the role of water-column MeHg production, which 
is likely the largest source of MeHg to ocean food 
webs. Methylmercury production may occur directly 
from Hg2+ methylation or from the decomposition of 
DMHg. Water-column profiles of DMHg show trends 
similar to MeHg profiles, with concentrations generally 
low at the surface and higher at mid-depths where 
it is likely produced. There is still only a rudimentary 
understanding of the interconversion between DMHg 
and MeHg. The importance of DMHg as a precursor of 
MeHg and, by extension, a source of Hg available for 
bioaccumulation has not been properly quantified and 
could be critical to understand why marine organisms 
can have high tissue MeHg concentrations despite low 
MeHg concentrations in water.

In coastal regions, sediments are production sites for 
MeHg. Microbial activity and the formation of sulphide 
may be at least as important as Hg2+ concentration 
in controlling sediment MeHg production. In addition, 
mixing can cause substantial Hg recycling in surface 
sediments and can result in higher MeHg fluxes to 
overlying water. Concentrations of THg in coastal 
marine sediments can vary greatly and are associated 
with organic carbon and fine-grained sediments.  
Data concerning MeHg concentrations and Hg2+ 
methylation in Canada’s marine sediments are 
currently from the Bay of Fundy and are lacking  
from other marine regions.

7.6 SUMMARY AND 
RECOMMENDATIONS
On a regional scale, Hg from anthropogenic emissions 
and natural sources enters marine environments by 
long-range atmospheric transport, oceanic currents, 
coastal erosion, and rivers. Mass balance models 
show that the main pathways of Hg transport differ 
among marine regions in Canada. The varying 
importance of Hg transport pathways reflects, in 
part, the physical and hydrological characteristics 
of these systems. Point-source pollution of Hg was 
not identified as an important input to entire marine 
regions, although there have been significant localized 
impacts from anthropogenic Hg loadings to marine 
areas during the 20th century, including sites on the 
southern coast of British Columbia, the St. Lawrence 
River estuary, and the Bay of Fundy. In addition to 
industrial sources, municipal wastewater and sewage 
effluent contribute loads of Hg to aquatic ecosystems 
adjacent to high-density population centres. Thus, 
point-source Hg pollution has been a significant flux in 
some regions, and scale is an important consideration 
regarding the influence of different Hg transport 
pathways to marine environments.

To understand the link between anthropogenic 
sources of inorganic Hg and the bioaccumulation 
of MeHg in marine food webs, knowledge of Hg 
speciation in marine environments and the processes 
that control the production of MeHg is required. 
There are 4 main species of Hg in marine waters: 
Hg2+, Hg0, MeHg, and DMHg. These species of Hg 
undergo chemical transformations such as reduction, 
oxidation, methylation, and demethylation. The 
processes governing MeHg production, and Hg 
cycling in general, are different in the open ocean 
than in coastal areas.

In the open ocean, water THg concentrations are 
generally low throughout the water column and vary 
among oceans, as well as vertically and horizontally 
within oceans. Water THg concentrations vary more 
in estuaries and coastal areas, due to the influence 
of river inputs and local urban and industrial point 
sources. In the upper water column that is exposed to 
light, volatile Hg0 is produced both by photochemical 
and biological reduction of Hg2+ as well as by 
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efforts in the Arctic Archipelago and Beaufort Sea, 
Hudson Bay, the estuary and Gulf of St. Lawrence, 
the Bay of Fundy, and the Strait of Georgia. These 
studies highlight the diversity of marine environments 
in Canada and the importance of site-specific factors 
that affect the cycling and fate of Hg. Little published 
information is currently available for other large 
marine regions, including the east coast of Nova 
Scotia and Newfoundland and Labrador, as well as  
the northern coast of British Columbia.

Further research and monitoring are needed to 
address key scientific questions on the movement 
and fate of Hg in marine environments, specifically in 
relation to the impact of human activities (including 
point-source releases and atmospheric emissions 
of Hg) on MeHg bioaccumulation in marine fish and 
wildlife. Scientific efforts should focus on identifying 
the complex processes of MeHg production and 
the dominant sites of MeHg supply to food webs in 
marine environments, which have not been as well 
characterized as those in terrestrial and freshwater 
environments. To improve our understanding 
and capacity to mitigate risks to humans and 
biota from Hg exposure, the following research is 
recommended:

• Investigations of MeHg formation in the marine 
water column and the role of DMHg production 
and decomposition are needed to better 
understand the factors that enhance or reduce 
MeHg availability for food web uptake.

• Detailed concentration and process measurements 
of Hg speciation in seawater and sediment 
will improve our understanding of the complex 
biogeochemical cycling of Hg. These data are 
largely absent for vast areas of Canada and  
require sufficient spatial and temporal resolution  
to identify sites of Hg methylation.

• Investigations of MeHg entry into marine food 
webs are lacking, as well as measurements of 
MeHg levels in algae and invertebrates from 
planktonic and benthic environments. This 
information is needed to better understand the 
factors that control how and where MeHg enters 
food webs.

Methylmercury is found in seawater at ultra-low 
levels, yet concentrations are orders of magnitude 
higher in predatory animals because MeHg is 
biomagnified through food webs. The trophic 
structure of food webs is important for determining 
bioaccumulation because of the dietary transfer of 
MeHg, and an important consequence of long food 
chains in the marine environment is that MeHg is 
biomagnified to elevated concentrations in predatory 
fish, mammals, and seabirds. Nitrogen stable isotope 
evidence shows that Hg is biomagnified at a similar 
rate in several distinct marine food webs in Canada.
Habitat use and feeding behaviour are important 
factors, in addition to trophic position, that affect 
the exposure of marine animals to MeHg. Residency 
in estuaries can affect MeHg bioaccumulation in 
fish, with those that feed in more saline waters of 
estuaries having lower concentrations than those 
that feed upstream in freshwaters. Methylmercury 
exposure also varies between food webs in the ocean 
water column and those associated with the ocean 
floor. In the open ocean, feeding depth affects MeHg 
exposure; fish that feed in deeper waters tend to 
have higher concentrations than those that feed near 
the surface. Water concentrations of methylated Hg 
typically increase with depth in the open ocean to the 
thermocline, and deep waters may be an important 
site for MeHg uptake in marine food webs.

Many marine animals are migratory, travelling long 
distances seasonally between their breeding area 
and wintering or foraging grounds. This behaviour 
poses a major challenge in identifying the sources of 
Hg that bioaccumulate in migratory wildlife because 
of different Hg exposure in wintering, migratory, and 
breeding habitats; seasonal variation in biological 
processes that may influence Hg bioaccumulation; 
and temporal lags in the equilibration of tissue Hg 
levels to local uptake. Individual feeding behaviour 
within a marine animal population can also play 
an important role in MeHg exposure. For example, 
Beaufort Sea beluga whales were found to sexually 
segregate during their summer movements, and this 
segregation of habitat use has consequences for their 
feeding ecology and Hg exposure.

Some marine regions of Canada have received more 
scientific investigation than others, with the greatest 
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8.2 LAND USE AND LAND-USE 
CHANGE

8.2.1 Forest Disturbance

8.2.1.1 Deforestation and Logging

Studies of the effects of massive deforestation in the 
Amazon first related the removal of the forest cover 
to remobilization of naturally present Hg from the 
watersheds to downslope aquatic systems (Roulet et 
al., 1999, 2000). Farella et al. (2006) examined 247 
soil cores and calculated that the top 50 cm of sandy 
and clay soils of the region lost around 10% and 20%, 
respectively, of their Hg content for 20 years due 
to deforestation. After having lost their forest cover, 
exposed soils rapidly lose their thin surface organic 
horizon and the Hg that is bound to it (Farella et al. 
2001, 2006). After a few years without tree cover, 
organic matter (OM) from deeper soil horizon is also 
progressively weathered, along with the Hg adsorbed 
to the humic alumino-iron oxide complexes. Sampaio 
et al. (2009) presented a positive factorial analysis 
of the rate of deforestation of entire watersheds and 
the Hg concentrations in the flesh of 10 fish species 
frequently consumed by the local populations. These 
authors showed that fish living downstream of a 
watershed with over 60% of its surface deforested 
accumulated on average 20% more Hg than fish living 
in pristine environments.

In the boreal forest domain of Fenno-Scandinavia, 
forestry practices of clear cutting, selective logging, 
and regeneration have been shown to significantly 
increase Hg and methylmercury (MeHg) fluxes from 
watersheds to experimental lakes (Vuori, Siren and 
Luotonen, 2003, Porvari et al., 2003, Munthe et al., 
2004, Bishop et al., 2009, Sørensen et al., 2009). 
This increase is most often found when runoff waters 
are naturally characterized by low MeHg and low 
dissolved organic carbon (DOC) concentrations. 
The observed increases in total Hg (THg) and 
MeHg concentrations in the runoff of the logged 
areas appear to be correlated with the level of soil 
disturbance. As well, sulphate and DOC loadings show 
increases in lakes affected by logging (Garcia and 

8.1 INTRODUCTION
The presence of mercury (Hg) in terrestrial and 
aquatic environments in Canada has significantly 
increased since the beginning of the industrial era. 
Although mercury affects principally aquatic biota 
and organisms that feed upon them, biogeochemical 
dynamics of the heavy metal in terrestrial 
environments and further means of transfer to aquatic 
systems are key components of the mercury cycle. 
Consequently, the increases of Hg concentrations 
in aquatic biota are attributable to multiple causes, 
ranging from point-source releases of this heavy 
metal in the environment, atmospheric deposition 
of the contaminant to the aquatic system and its 
watershed, and effective transfers of terrestrial Hg to 
the aquatic system. Several anthropogenic activities 
and human-induced long-term environmental 
changes, unrelated to Hg loadings, may influence 
mercury transport, methylation, and bioaccumulation 
in aquatic organisms. These anthropogenic factors 
may alter the bioavailability of recently released 
anthropogenic Hg and also of natural Hg, already 
present in the environment, which is normally 
unreactive in undisturbed conditions. The objective 
of this chapter is to describe the known effects of 
several anthropogenic factors, including land use and 
land-use changes ranging from forest disturbances, 
impoundment of reservoirs, wetland alterations 
and urbanization, regional impact of contaminated 
sites, voluntary or accidental alterations in food web 
dynamics, general nutrient enrichment leading to 
eutrophication, diffuse release of aerosols leading 
to acidification, and climate change on the Hg cycle, 
and to project the consequences of present human 
activities on the future of Hg dynamics.
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Large lakes of the boreal forest domain are generally 
characterized by high ratios of watershed area to 
water surface area (Kalff, 2002). As a result, most 
Hg entering aquatic systems has been in transit for 
several years or decades in the lake’s watershed 
(Schroeder and Munthe, 1998, Grigal, 2002, Harris 
et al., 2007). The transfer of Hg from the watershed 
to the aquatic system is determined by the intensity 
and nature of terrestrial OM fluxes to aquatic systems 
because of the strong binding ability of OM to Hg 
(Kolka et al., 1999, Grigal, 2002, Sanei and Goodarzi, 
2006, Ouellet et al., 2009, Teisserenc et al., 2011). 
Large-scale logging in a given watershed modifies the 
quantity and quality of this terrestrial OM transferred 
to lakes (Carignan, D’Arcy and Lamontagne, 2000). 
Thus, Bishop et al. (2009) hypothesized that these 

Carignan, 1999, 2005). In a series of experimental 
lakes in Quebec affected by logging activities, 
increases in Hg and MeHg concentrations reported 
in zooplankton may be due to the combined effect of 
increased Hg loadings, more favourable conditions 
for Hg methylation, and changes in algal communities 
(Planas et al., 2000; Garcia and Carignan, 1999). In 
the same area, Garcia and Carignan (2000, 2005) 
reported higher total Hg levels in 4 species of fish 
(including northern pike and walleye). They found a 
2-fold increase in Hg concentrations in fish from  
9 logged lakes versus 20 reference lakes, which  
they attributed to higher Hg availability at the base 
of the food chain (observations made on small 
experimental headwater lakes with water surface 
areas 0.2–0.8 km2).

1979

1990

2010

1)  Water
2)  Coniferous
3)  Decidous
4)  Logged

FIGURE 8.1  Total mercury and mercury anthropogenic sedimentary enrichment factor (ASEF) in Waswanipi Lake 
(mid-northern Quebec) (left). Bare soil areas due to logging activities in the Waswanipi Lake watershed in 1976, 
1990, and 2010 (right).
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offer an environment conducive to methylation. In a 
series of large lakes in mid-northern Quebec, Moingt 
et al. (2014) found that extensive forestry activities 
did not necessarily translate into significant increases 
of Hg fluxes from the watershed (Figure 8.1). Most 
logged lakes studied exhibited an Hg anthropogenic 
sedimentary enrichment factor ranging between 
2.5 and 3, a value characteristic of increases of 
hemispheric Hg atmospheric emissions over the last 
century, with no additional influence of logging on the 
transfer of Hg from watersheds to lakes.

types of anthropogenic activities may have important 
consequences for Hg fluxes to lakes as well as for Hg 
bioavailability. For example, Petit et al. (2010) found 
that logging had a more significant influence than 
mining on the potential bioavailability of Hg in mine-
affected lakes in the Chibougamau region, Quebec. 
Lake sediments with very high Hg concentrations 
close to mine tailings do not appear to offer the proper 
Hg methylation environment. In contrast, sediments in 
the same lakes further away from mine tailings and 
receiving terrestrial OM from nearby logging activities 

TABLE 8.1  Linear regression models from Lucotte et al. (2014) predicting fish mercury concentrations and fish age 
at 375 mm standard length for walleye (L375) (equations 1 and 2) and 675 mm standard length for northern pike 
(L675) (equations 3 to 5), considering geomorphic variables, vegetation in the watershed, anthropogenic activities, 
climate variables, and acid deposition

Model
Dependent  

variable
Regression N Adjusted r2 Residual standard 

deviation

1
Log10 Hg  

concentration L375

6.23±0.52 
+ 0.06±0.007 Ages L375 

- 0.08±0.01 LAT 
- 0.039±0.009 SL20 
- 0.013±0.006 WT 
+ 0.008±0.004 BS

51 0.79 0.08

2 Age L375

1.89±0.82 
- 0.34±0.09 WT3 
+ 0.10±0.03 WB 

+ 0.05±0.02 CPDS

51 0.47 1.49

3
Log10 Hg  

concentration L675

2.50±0.18 
- 0.10±0.02 MS 

- 0.015±0.003 WA/LA 
+ 0.13±0.02 Ages L675

+ 0.16±0.03 AT3

36 0.70 0.13

4 Age L675

7.59±0.20 
- 0.43±0.10 SL20
+ - 0.08±0.02 MF 
- 0.69±0.13 AT3

36 0.74 0.65

5 Age L675

5.97±0.35 
+ 0.016±0.004 CS 
- 0.44±0.13 SL20

36 0.64 0.77

Variables entered in the models:

LAT: Latitude (degrees); WA: Watershed area (km2); LA: Lake area (km2); MS: Mean slope of lake watershed (%); SL20: Percentage of watershed slopes steeper 
that 20%; CS: Percentage of watershed area with clay substratum; CPDS: Percentage of watershed area covered by coniferous forest growing on poorly 
drained soils; MF: Percentage of watershed area covered by mixed forest with less than 50% coniferous stands; WB: Percentage of wetland area in 1 km 
buffer zone around the lake; BS: Percentage of watershed area with bare soils (mostly recently deforested areas); AT3: Mean annual temperature over 3 years; 
WT: Mean winter temperature over 1 winter season; WT3: mean winter temperature over 3 consecutive winter seasons.
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corresponds to sudden base-cation enrichment in 
the soils. This enrichment results in a competition for 
adsorption sites between Hg and the cations, which 
triggers Hg mobility and its weathering towards 
aquatic systems.

8.2.2 Reservoirs

The creation of reservoirs is often associated with 
increased concentrations of MeHg in fish and other 
biota (Bodaly et al., 2007; Schetagne and Verdon, 
1999). This is a concern for the consumption of 
Hg-contaminated fish from reservoirs, especially in 
Canada’s north. Canada has more than 200 dams 
higher than 15 m that account for an increase in 
storage capacity over the original water bodies 
of more than 861 km3 (Lehner et al., 2011). Most 
large reservoirs in Canada were constructed for 
hydroelectric power generation, with a smaller 
number being built for flood protection, irrigation, 
water supply, and recreation (Lee et al., 2011). There 
is no inventory for dams with heights less than 15 m, 
but they also exist. Currently, there are plans for new 
Canadian hydroelectric power developments, and 
Canada’s hydroelectric power generation capacity 
could increase by as much as 20% by 2020 (Hughes 
and Chaudhry, 2011).

8.2.2.1 Mercury Levels in Reservoir Biota

Following early reports from the United States of 
changes in the concentration of Hg in fish from 
reservoirs (Stokes and Wren, 1987), several studies 
were undertaken in Canada that documented long-
term changes in Hg concentrations in fish following 
impoundment. Most of the Hg found in fish typically 
consists of MeHg (>90%) (Bloom, 1992). In a 35-
year record from 13 reservoirs in northern Manitoba, 
increases in average standardized Hg concentrations 
were observed in all species examined during the 
initial decades of flooding (Figure 8.2) (Bodaly et 
al., 2007; Bodaly et al., 1984; Hecky et al.,. 1991). 
Mercury concentrations in lake whitefish (350 mm 
standardized length) increased from pre-impoundment 
levels of 0.06–0.14 mg g-1 to maximum levels of 0.2–
0.4 mg g-1 wet weight. In northern pike and walleye 
(400 mm standardized length), maximum average 

Lucotte et al. (2014) conducted an extensive statistical 
study compiling fish, climatic, and biogeographic 
data on 90 lakes in mid-northern Quebec from 1976 
to 2011, examining 44 potential variables. Results 
showed that extensive logging (more than 25% 
of the watershed clear-cut within 20 years) was 
correlated with higher Hg levels in walleye flesh (but 
explaining only 2% of the observed Hg variation in 
walleye; adjusted r2 = 0.79, Table 8.1) but was not 
correlated with Hg levels in pike. The influence of 
logging activities on Hg levels in the fish was masked 
by other environmental variables acting together to 
work against increasing Hg concentrations. Particular 
environmental circumstances, such as cooler and 
dryer climatic conditions, may combine with logging 
activities to lead to more significant Hg concentrations 
in walleye (see Section 8.5).

8.2.1.2 Forest Fires

Significant land-use changes may arise from long-
term climate change or deliberate clearing (see 
Section 8.5). One common type of land-use change 
is forest fire, which changes the flux of nutrients and 
the hydrology of the watershed. As a result, aquatic 
food webs within watersheds affected by fires 
can experience changes. Shifts appear to be most 
commonly associated with increased productivity, 
caused by a flush of nutrients released into the lake 
through burning of soil and trees (Planas et al., 2000; 
Kelly et al., 2006; Garcia and Carignan, 1999, 2000, 
2005; Allen et al. 2005). Both Allen et al. (2005) 
and Garcia and Carignan (2000) found decreased 
THg concentrations in fish and macroinvertebrates 
in burned-watershed lakes compared with those 
from reference lakes. They attributed this decrease 
to increased biomass dilution resulting from algal 
blooms. However, Kelly et al. (2006) found increased 
fish Hg levels in a post-burn montane lake. In this 
case, the authors attributed the level to a flush of 
released Hg into the lake and food web shifts to 
prey with higher Hg levels. Such conflicting results 
indicate that, while food web structure and alterations 
are important in bioaccumulation of Hg in biota, 
lake chemistry and methylation potential cannot be 
ignored. In the Amazon, Farella et al. (2006) showed 
that the massive ash inputs following the burning 
of the tropical forest to clear way for agriculture 
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times to concentrations in fish in nearby natural lakes 
of >20 yr for predatory fish. In Newfoundland and 
Labrador, Hg concentrations in brook trout, Arctic 
char and ouananiche (land-locked Atlantic salmon) 
were as much as 2.5- to 3-fold higher in reservoirs 
than in natural lakes. Return times to pre-reservoir Hg 
levels were observed to exceed 21 yr in some cases 
(Anderson et al., 1995; Scruton et al., 1994; French 
et al., 1998). Concentrations of Hg in fish are also 
frequently elevated in rivers and lakes downstream 
of new reservoirs as a result of exposure to water 
and prey organisms with high MeHg content from 
upstream reservoirs (Schetagne et al., 2000; Verdon  
et al., 1991; Bodaly et al., 2007).

concentrations were between 0.7 and 2.6 mg g-1 wet 
weight, exceeding the marketing limit of 0.5 mg g-1 
wet weight (Bodaly et al., 2007). Hg concentrations in 
fish typically peaked 2 to 8 years after impoundment 
and returned to background concentrations within 10 
to 23 yr. In reservoirs in northern Quebec, average Hg 
concentrations in whitefish (400 mm standardized 
length) and pike (700 mm standardized length) 
exceeded 0.5 mg g-1 and 3.0 mg g-1 wet weight, 
respectively. This represents a 3- to 7-fold increase 
over natural conditions (Figure 8.3) (Schetagne and 
Verdon, 1999; Morrison and Thérien, 1995; Verdon et 
al., 1991). Maximum concentrations were observed 
after 10 to 13 years of impoundment, with return 

FIGURE 8.2  Changes in mercury concentrations in northern pike flesh in waterways affected by 3 hydroelectric 
reservoirs in northern Manitoba. Time 0 is the date of flooding associated with the creation of the reservoir. 
Reproduced with permission from Bodaly et al. 2007.



379

Canadian Mercury Science Assessment – Chapter 8

1999). Methylmercury concentrations in water, 
seston, zooplankton, and benthic invertebrates from 
experimental reservoirs in northwestern Ontario at 
the Experimental Lakes Area (ELA) also demonstrated 
increases in all compartments following reservoir 
creation (Hall et al., 2009; St. Louis et al., 2004; 
Paterson et al., 1998; Hall et al., 1998). As with fish, 
concentrations of MeHg in invertebrates and other 
biota can remain elevated for more than 10 years 
(St. Louis et al., 2004; Hall et al., 2009; Tremblay, 
1999; Bodaly et al., 1997), and birds and mammals 
that live in or near reservoirs may also be affected. 
DesGranges et al. (1998) found that concentrations 

Although the documentation is less complete 
than for fish alone, there is strong evidence that 
impoundment affects MeHg throughout the aquatic 
food web. Extensive data for Canadian reservoirs are 
available from studies in northern Quebec, in which 
concentrations of MeHg in reservoirs were found to be 
elevated in water (Lucotte et al., 1999a; Montgomery 
et al., 2000), seston (which includes phytoplankton), 
(Tremblay et al., 1998b; Plourde, Lucotte and 
Pichet, 1997, Montgomery et al., 2000), zooplankton 
(Tremblay et al., 1995; Tremblay et al., 1998b; Plourde 
et al., 1997), and benthic invertebrates (Tremblay and 
Lucotte, 1997; Tremblay et al., 1996a, 1996b,1998a, 

FIGURE 8.3  Changes in mercury concentrations in lake whitefish (left) and northern pike (right) in 5 hydroelectric 
reservoirs in northern Quebec. Grey areas denote range of total mercury concentrations in fish from natural lakes in 
the region. Figures courtesy of Roger Schetagne, Hydro Québec.
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Beaver ponds are a special type of small reservoir. 
Beaver ponds often have elevated concentrations of 
MeHg in outflow waters as compared with inflows, 
suggesting that they may be exporters of MeHg to 
downstream ecosystems (Roy et al., 2009a, 2009b; 
Driscoll and Holsapple, 1998). As with manmade 
reservoirs, the greatest increases in MeHg occur 
in beaver ponds less than 10 years old (Roy et al., 
2009a). Populations of beavers have been growing 
since the cessation of extensive trapping activities, 
which greatly reduced their numbers in the 17th to 
19th centuries in many parts of North America (Hood 
and Bayley, 2008; Naiman et al., 1994), suggesting 
that their influence on ecosystem Hg cycling may  
be increasing.

8.2.2.2 Mercury Leaching and Mercury Erosion 
from Flooded Soils

Leaching of inorganic Hg and MeHg from flooded 
soils and vegetation may contribute to elevated 
Hg in new reservoirs, especially in the early 
stages of impoundment. Mass balance studies of 
experimental reservoirs at ELA indicated that fluxes 
of inorganic Hg increased for 1 to 3 years following 
initial impoundment as a result of leaching from 
and decomposition of flooded OM (St. Louis et al., 
2004; Hall et al., 2005). Litter bag and enclosure 
experiments have also shown that concentrations of 
Hg in flooded vegetation decline following inundation, 
implying losses to overlying water (Heyes et al., 1998; 
Hall, St. Louis and Bodaly, 2004; Hall and St. Louis, 
2004; Thérien and Morrison, 1999b).

The nearshore regions of large reservoirs are often 
exposed to wave action and to annual drawdown 
and reflooding that promotes erosion and downslope 
transport of sediment (Houel et al., 2006; Mucci et 
al., 1995; Hecky and McCullough, 1984). The highest 
concentrations of Hg in terrestrial soils typically 
occur near the surface (Grondin et al., 1995, Lucotte 
et al., 1999c), and these soil horizons are subject to 
erosion upon impoundment (Louchouarn et al., 1993). 
Re-suspended OM in reservoirs is often enriched 
with MeHg, as compared with suspended matter in 
natural lakes, and may serve as a source of MeHg for 
zooplankton, benthic invertebrates, and other filter 
feeders (Tremblay et al., 1995, 1997; Tremblay, 1999).

of Hg were up to 5 times higher in osprey collected 
near Quebec reservoirs than near natural lakes in the 
region. Exports of MeHg in insects emerging from 
experimental reservoirs at the ELA led to increased  
Hg concentrations in insectivorous swallows (Gerrard  
and St. Louis, 2001). Finally, river otters collected  
from watersheds in Nova Scotia that contained a dam 
had average total fur Hg concentrations 3-fold higher 
than otters from watersheds without a dam (Spencer 
et al., 2011).

In Canada, existing long-term records of changes 
in Hg and MeHg concentrations are primarily from 
large reservoirs in the boreal region. However, 
considerable evidence suggests that fish from 
reservoirs outside of the boreal region have also 
been affected. Concentrations of Hg in fish increased 
following the construction of the Rafferty-Alameda 
and Cookson Reservoirs in southern Saskatchewan 
(Stolte and Sadar, 1998; Waite et al., 1980) and an 
irrigation reservoir in southern Alberta (Brinkmann and 
Rasmussen, 2010). Baker (1999) concluded that Hg 
concentrations in whitefish from reservoirs in British 
Columbia were elevated compared with those in 
natural lakes. Similarly, observations in other countries 
suggest that Hg in fish increase in new reservoirs 
under a wide variety of conditions. Increases in Hg in 
fish have been observed following reservoir creation 
in the boreal regions of Europe (Lodenius et al., 1983; 
Verta et al., 1986; Porvari, 1998; Surmo-Aho et al., 
1986), in tropical countries (Fearnside, 2005; Hylander 
et al., 2006; Jin et al., 1999; Tuomola et al., 2008; 
Zhang et al., 2007; Yingcharoen and Bodaly, 1993; 
Aula et al., 1994), and in the temperate United States 
(Cox et al., 1979; Kamman et al., 2005). Conversely, 
very low Hg levels in biota of newly impounded 
Chinese reservoirs have been reported (Yao et al., 
2011; Yan et al., 2010). Several studies suggest 
that the creation of both small and large reservoirs 
affects MeHg levels. For example, increases of MeHg 
concentrations in water and fish from small irrigation 
and flood-control reservoirs (<3 000 ha) have been 
noted by Brinkmann and Rasmussen (2010) and 
Brigham et al. (2002). MeHg concentrations in water, 
zooplankton, benthic invertebrates, and fish increased 
considerably following the creation of several small 
experimental reservoirs (0.5–17.0 ha) at the ELA (Hall 
et al., 1998; Hall et al., 1999; St. Louis et al., 2004; 
Hall et al., 2005).
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the increased amount of particle-attached bacteria 
in boreal reservoirs constitutes an important source 
of MeHg for organisms living at the base of the 
food chain. This MeHg is then transferred in higher 
organisms and results in higher MeHg concentrations 
in fish species in reservoirs than in the same species 
in nearby natural lakes (Figure 8.4).

Changes in net rates of MeHg production reflect the 
balance between methylation and demethylation; 
both processes are potentially affected by reservoir 
creation. Mercury methylation is primarily undertaken 
by sulphate-reducing bacteria (SRB) in anoxic 
conditions, whereas demethylation occurs primarily by 
oxidative microbial pathways and photodegradation 
(Ullrich et al., 2001; Winfrey and Rudd, 1990; Benoit 
et al., 2003; Hintelmann, 2010). The creation of new 
reservoirs typically results in the inundation of large 
areas of terrestrial vegetation that subsequently dies, 
stimulating decomposition and microbial activity, 
including methylating bacteria (Kelly et al., 1997;  
Hall et al., 2004; Hall and St. Louis, 2004; Hecky  
et al., 1991; Thérien and Morrison, 1999b; Morrison 
and Thérien, 1994). Interestingly, Yao et al. (2011) 
and Yan et al. (2010) attribute the very low Hg levels 
in biota of newly impounded Chinese reservoirs 
to the very low levels of biodegradable OM in the 
flooded soils. Several studies in laboratory and field 

8.2.2.3 Mercury Methylation in Reservoirs

There is considerable evidence that the most 
important cause of elevated MeHg in new reservoirs 
is increased methylation of Hg. This is especially 
evident in Hg stored in flooded soils and vegetation. In 
whole-ecosystem experiments conducted at the ELA, 
the creation of small experimental reservoirs resulted 
in large increases of net ecosystem yields of MeHg 
(Kelly et al., 1997; St. Louis et al., 2004). Increases 
in THg were proportionally smaller than increases 
in MeHg, providing evidence of greatly enhanced 
Hg methylation on an ecosystem scale. In these 
reservoirs, MeHg concentrations in flooded vegetation 
and soils increased 9–70-fold in the first few years of 
flooding, which also indicates increased methylation 
(Kelly et al., 1997; Hall et al., 2005; Bodaly et al., 
2004). In northern Quebec reservoirs, both MeHg and 
THg concentrations were elevated in new reservoirs 
as compared with natural systems, but the increases 
were much greater for MeHg (Lucotte et al., 1999b). 
In the LG-2 Reservoir in northern Quebec, MeHg in 
sediment cores increased from <1% to >10% and 
moved deeper down, further suggesting enhanced 
MeHg production (Lucotte et al., 1999b). In addition, 
organisms at the base of aquatic food chain play 
a key role in the transfer of MeHg to upper trophic 
levels. Montgomery et al. (2000) demonstrated that 

FIGURE 8.4  Bioamplification factors for methylmercury in lake versus reservoir food chains (from Montgomery  
et al., 2000).
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Long-term changes (>30 yr) in Hg dynamics in 
reservoirs are uncertain, in part because Hg has 
been consistently analyzed in fish only since the 
1970s. Rypel et al. (2008) found that average MeHg 
concentrations in fish from old reservoirs in the 
southern United States (>100 yr) were lower than in 
nearby unregulated rivers. Long-term oligotrophication 
and reduction of the erosion of nearshore regions 
may result in long-term Hg decreases in reservoirs 
(Stockner et al., 2000). Quantitative predictions 
of the effects of reservoirs on Hg dynamics and 
bioaccumulation are generally lacking, and existing 
models have limited predictive power. These models 
include multiple regression models developed by 
French et al. (1998), Johnston et al. (1991) and 
Porvari, (1998) and mass balance approaches by 
Therriault and Schneider (1998). Thérien and Morrison 
(1999a) modelled fluxes of Hg through the food webs 
of Quebec reservoirs. Mass balance models have 
primarily followed the general structure of models 
predicting changes in nutrient dynamics (Grimard and 
Jones, 1982), and the applicability of these models to 
Hg remains uncertain.

8.2.3 Wetland Alterations

Wetlands, defined as frequently or continually 
inundated marshes with emergent herbaceous 
vegetation, are known to be significant sources of 
MeHg to lakes and rivers (Rudd, 1995, St Louis et 
al., 1994; Beaulne et al., 2012). Indeed, levels of Hg, 
MeHg, and DOC in lakes and rivers often correlate 
with the proportion of wetland within the drainage 
basin (St. Louis et al., 1996, Driscoll et al., 1994, 
Mierle and Ingram, 1991). Wetland influence on Hg 
levels may be decreasing, as over 70% of original 
wetland areas in the United States and southern 
Canada have been drained over the last century to 
provide land for agriculture and urban development. 
However, the effect of wetlands on Hg has proven 
difficult to ascertain. The Everglades in Florida, United 
States, constitute an example of a large, well-studied 
wetland but its subtropical environment makes the 
observations not readily applicable to the boreal 
forest region in Canada. The Everglades wetland is 
a system heavily affected by agricultural fertilizers 
inputs and by hydrological flow controls. Changes in 

enclosures have demonstrated net gains of total 
MeHg following additions of terrestrial soils and 
vegetation (Hall and St. Louis, 2004; Hall, St. Louis 
and Bodaly, 2004; Hecky et al.. 1991; Heyes et al., 
1998; Thérien and Morrison, 1999b) or increases in 
methylation:demethylation ratios, as determined using 
Hg radioisotopes (Hecky et al., 1991; Bodaly et al., 
1987). Decomposition of OM in the flooded area also 
increases rates of oxygen demand and causes large 
proportions of the new reservoirs to become anoxic 
(Tuomola et al., 2008; Mouchet, 1984; Schallenberg, 
1993; Lucotte et al., 1999b; Hylander et al. 2006). 
Decomposition may also increase nutrient fluxes that 
enhance primary production by phytoplankton and 
periphyton. This increase provides further substrate 
for Hg methylation and may influence redox conditions 
in water and sediments (Lucotte et al., 1999b; Feng  
et al,. 2009; Meng et al,. 2010).

8.2.2.4 Temporal Evolution of Mercury 
Dynamics in Reservoirs

Although the creation of new reservoirs typically 
results in increased concentrations of MeHg in water, 
fish, and other biota, variations among reservoirs 
in the magnitude and duration of changes are large 
(e.g., compare Figures 8.2 and 8.3). A bewildering 
number of potential factors and interactions are 
potentially responsible for these changes. These 
include variations in Hg methylation rates caused 
by differences in the quantity and quality of OM 
supporting methylation, water temperature, redox 
conditions, light, inorganic Hg availability, and 
water chemistry, including dissolved OM, pH, and 
sulphate content (Benoit et al., 2003; Gilmour and 
Henry, 1991; Ullrich et al., 2001; Hintelmann, 2010). 
Bioaccumulation and biomagnification of MeHg 
in the food web may be affected by variations in 
MeHg bioavailability, water chemistry, diet, food web 
composition, and productivity (Moye et al., 2002; 
Wiener et al., 2003; Kidd et al., 1995; Pickhardt et al., 
2002; Tremblay, 1999; Verdon and Tremblay, 1999). 
The relative importance of these different factors is 
affected by many aspects of reservoir design and 
operation, such as local climate, catchment soils and 
vegetation, flooded area, reservoir morphometry, 
changes in water flows and hydrology, upstream 
inputs, drawdown, and erosion.
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influence of the smelter on soil Hg concentrations 
is particularly apparent within 3 km of the smelter, 
where studies have measured concentrations up 
to 650 mg g-1 (Manitoba Conservation, 2007). For 
comparison, background soil concentrations from 
areas not affected by the smelter are typically <0.3 
mg g-1 (McMartin et al., 1999). The influence of the 
smelter on surface Hg concentrations has been 
determined to extend about 85 km from the smelter 
site (McMartin et al., 1999).

Under ambient conditions, Hg in soils can be emitted 
to the air (Schroeder et al., 2005). Measurements of 
in situ surface-air flux of gaseous elemental Hg (Hg0 
or GEM) using the dynamic flux chamber technique 
(Eckley et al., 2010) were conducted by Environment 
Canada from soils in and around Flin Flon before and 
after the closure of the HBMS smelter. The results 
from this investigation indicated a significant linear 
relationship between the soil Hg concentrations and 
the amount of Hg released to the air (Figure 8.5). Daily 
average fluxes measured from a background reference 
site ~70 km from the smelter ranged from 0.05 to 
0.54 ng m-2 h-1, with the higher values associated with 
summer measurements and the lower values measured 
in the fall (Eckley et al., 2011). Because surface 
fluxes are dependent on meteorological conditions, 
lower fluxes during periods of lower levels of solar 
radiation and temperatures have also been observed 
in other studies (Eckley et al., 2011). The magnitude 
of these fluxes is within the 0 to 1.4 ng m-2 h-1 range 
of those measured in North American background 
forest locations (Denkenberger et al. 2012). In contrast, 
the daily average fluxes measured near the HBMS 
facility showed large net deposition of GEM when the 
smelter was in operation (-3.8 ng m-2 h-1). After the 
smelter was closed, however, the daily average flux 
showed net emission of GEM (108 ng m-2 h-1) over 2 
orders of magnitude higher than the background site 
measurements during the same season (Figure 8.6). 
The shift from net deposition during smelter operation 
to net emission after its closure is believed to result 
from the lower atmospheric Hg concentrations after 
the smelter closure (total gaseous mercury (TGM) 
concentrations during flux measurements while the 
smelter was in operation were in the range (± standard 
deviation) of 30 ± 19 ng m-3 and after smelter closure 
were 7.5 ± 3.3 ng m-3).

water residence time, flow, and depth are considered 
critical factors affecting Hg methylation via their effect 
on temperature and oxygen (O2) regimes in the water 
column and at the sediment-water interface. For 
example, in the Everglades, MeHg levels are generally 
greater in areas with low water flow (0.1–2.5 cm 
s-1) compared with areas that have higher flow (US 
EPA, 2001). Holmes and Lean (2006) showed that 
water depth is not a significant variable that explains 
MeHg levels in temperate wetland waters. Evidence 
of a relationship between water depth and MeHg 
concentrations may be further confounded by factors 
that also influence both Hg methylation (e.g., sulphide) 
and demethylation (e.g., reduced photodemethylation 
because of the light-reducing effect of DOC). No 
studies have yet reported the influence of long-
term climate changes on Hg dynamics in wetlands, 
although changes in average temperatures and  
mean water levels may influence Hg methylation  
and subsequent transfers into the trophic chain  
(see Section 8.5).

8.2.4 Contaminated Sites

8.2.4.1 Flin Flon Soil Mercury Fluxes
The Hudson Bay Mining and Smelting (HBMS) 
Company operated a base metal smelter in the 
town of Flin Flon, Manitoba, from the 1930s until 
its closure in 2010. The smelter processed sulphide 
ores from mines in the region and produced zinc, 
copper, and cadmium metals on site (McMartin et 
al., 1999). Mercury was present in the ore processed 
by the smelter, which resulted in an average release 
rate of 1 100 kg of Hg per year, making it one of the 
largest Hg emission sources in Canada.1 The amount 
of Hg emitted before the 1990s is uncertain but has 
been estimated to have been significantly larger, at 
around 20 000 kg yr-1 of particulate-bound Hg alone 
(Outridge et al., 2011). Several studies have identified 
elevated Hg levels around the Flin Flon area that are 
attributed to atmospheric deposition from the smelter, 
including studies of Hg in vegetation (McEachern and 
Phillips, 1983), soils (Henderson and McMartin, 1995; 
McMartin et al., 1999; Henderson et al., 1998), and 
peat and lake sediments (Outridge et al., 2010). The 

1  Based on 1999 to 2009 average emissions reported to the 
National Pollution Release Inventory.
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FIGURE 8.5  Relationship between measured surface mercury fluxes and measured soil mercury concentrations 
around Flin Flon, Manitoba. Note: flux measurements that were net negative (i.e., deposition) were not included in 
the regression analysis.

FIGURE 8.6  Soil fluxes measured as a diel cycle from the same area ~400 m from the Hudson Bay Mining and 
Smelting smelter before (June 2010) and after (October 2010) closure. Other environmental variables measured from 
the flux locations before and after the smelter closure: soil moisture, before: 9%, after: 4%; solar radiation, before: 
119 W m-2; after 60 W m-2; air temperature before: 15°C, after: 11°C.
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8.2.4.2 Mine Tailings

The relationship between metal-mining activities and 
Hg contamination of aquatic and terrestrial biota is 
well documented at various sites across Canada. For 
example, fish and fish-eating birds caught in the early 
2000s at Pinchi Lake, British Columbia, which was 
affected by Hg mining activities from 1940–1944 and 
1968–1975, still exhibited higher Hg concentrations 
than animals caught in nearby unaffected 
lakes (Weech et al., 2004, 2006). Elevated Hg 
concentrations have also been measured in terrestrial 
plants, aquatic macrophytes, water, sediments, 
and air near the Pinchi Lake mine site (Siegel et 
al., 1985; Plouffe et al., 2004). Mercury emissions 
from historical gold mine tailings at sites where Hg 
amalgamation was used to recover gold have also led 
to significant contamination. At the Discovery Mine in 
the Northwest Territories, a tailings dam was breached 
in 1965, releasing Hg-bearing gold mine tailings 
directly into Giauque Lake. In 1977–1978, about 
70% of the bottom sediments contained >0.5 mg 
Hg kg-1 dry weight; lake trout were found to contain 
3.8 mg Hg kg-1 wet weight muscle; and the average 

Depth profiles of the soil Hg concentrations at the flux 
measurement locations indicate that the soils were 
heavily enriched in the top 5 cm as a result of several 
decades of elevated atmospheric deposition from the 
smelter (Figure 8.7). The surface-flux measurements 
in this study indicate that, after the smelter closure, 
this historically deposited Hg revolatilizes back to  
the atmosphere. It is unknown how long it will take  
for the fluxes from the soils around Flin Flon to 
decrease to the point where they resemble natural 
background emissions. After the smelter closed, there 
was a decrease in atmospheric Hg concentrations 
measured at a monitoring station in Flin Flon (smelter 
operation TGM: 4.1 ± standard deviation of 3.6 ng 
m-3; post-smelter closure TGM: 3.3 ± 2.4 ng m-3) 
(see Chapter 4). However, after smelter closure, 
atmospheric TGM concentrations remain significantly 
elevated above those recorded at other background 
monitoring stations (Bratt’s Lake, Saskatchewan:  
1.5 ± 0.3 ng m-3; ELA, Ontario: 1.4 ± 0.3 ng m-3). The 
revolatilization of historically deposited Hg from the 
landscape surrounding the HBMS smelter may be 
contributing to the continued elevated atmospheric 
TGM concentrations measured in Flin Flon.

FIGURE 8.7  Soil mercury concentration depth profile measured 400 m from the Hudson Bay Mining and Smelting 
smelter in Flin Flon, Manitoba. The background sample location was 70 km from the smelter in Grass River 
Provincial Park, Manitoba. The mercury content in the top 5 cm of soil from the background site was also elevated 
(0.37 mg g-1) compared with concentrations at deeper depths (0.02 mg g-1); however, the magnitude of enrichment 
is much smaller than that measured in the soils near the smelter and is not visually apparent in this figure.
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Recent studies of historical gold mines in Nova Scotia 
have helped to clarify the primary controls on the 
release, transport, and bioavailability of Hg from mine 
tailings. From 1861 to the mid-1940s, approximately 
3 000 000 tonnes of gold mine tailings were slurried 
into rivers, swamps, lakes, and the ocean throughout 
mainland Nova Scotia (Parsons et al., 2004). The Hg 
concentrations in these tailings are relatively high 
(0.005–350 mg kg-1; median 1.6 mg kg-1), yet the 
dissolved Hg concentrations in surface waters in 
contact with these tailings are generally low (1.2–61 
ng L-1; median 10 ng L-1; Figure 8.8). Most of the 
Hg concentrations exceeding the Canadian Council 
of Ministers of the Environment guideline for the 
protection of aquatic life (26 ng L-1) occur directly 
within the tailings and generally do not persist 
for significant distances downstream. Unfiltered 
Hg concentrations greater than 100 ng L-1 were 
measured only within tailings porewaters and mill 
drainages. Sequential extraction analyses show that 
much of the Hg in tailings and contaminated stream 
sediments is present in relatively insoluble phases, 
including Hg0, gold-mercury amalgam (AuxHgx) and 
secondary minerals (e.g., mercury sulphide (HgS)), 
which may limit the release of Hg to local surface 
waters (Parsons et al., 2012). In another study of 2 
gold mine tailings sites in Nova Scotia, Winch et al. 
(2008) showed that concentrations of MeHg were 
high in tailings and porewaters but low in overlying 
surface waters. Methylmercury concentrations are 
highly variable, even near a given mill site, and are 
influenced by a complex set of in situ factors including 
total Hg concentrations in the tailings and porewaters, 
organic content, hydrological conditions, abundance 
and activity of SRB, and demethylation processes 
(Winch et al., 2008) (see Chapter 6).

Another pathway by which historical gold mine tailings 
and Hg mine wastes release Hg is through evasion 
of GEM at the mine waste surface. Beauchamp et 
al. (2002) measured air-surface Hg exchange rates 
over 2 gold mine tailings deposits in Nova Scotia and 
found high daily average and diurnal Hg flux rates of 
130 and 237 ng m-2 h-1, respectively. Flux rates from 
tailings were 2 orders of magnitude higher than those 
observed over undisturbed native soils of similar 
parent material. The higher flux rates at the mine 
tailings sites were also accompanied by ambient air 

concentrations in northern pike and round whitefish 
were 1.8 and 1.2 mg kg-1 wet weight, respectively 
(Moore and Sutherland, 1980). The Discovery Mine 
has recently been remediated under the Federal 
Contaminated Sites Action Plan, but consumption 
guidelines are still in place for Giauque Lake because 
of the high Hg levels in various sport fish. In Nova 
Scotia, high Hg concentrations have been documented 
in various plant species growing directly on gold mine 
tailings (up to 6.1 mg kg-1 dry weight; Lane et al., 
1988; Wong et al., 1999) and in sport fish collected 
downstream from gold mine tailings sites (0.09–1.94 
mg Hg kg-1 wet weight; R. Mroz, Environment Canada, 
pers. comm., 2011). 

In most of these situations, there was a relatively 
clear link between Hg-bearing mine wastes and 
elevated Hg levels in fish but, at some sites, the 
relationship between mining activities and fish Hg 
levels was not as straightforward. For example, 
high Hg concentrations (up to 1.45 mg kg-1) have 
been found in sediments near copper-zinc-gold 
mine tailings located on the shores of 3 lakes of the 
Chibougamau region in Quebec. Corresponding MeHg 
concentrations were systematically low, indicating 
that methylation conditions in these disturbed 
environments were not optimal (Petit et al., 2011). In 
these contaminated sediments, only very low amounts 
of refractory OM were found, thus limiting bacterial 
activity leading to Hg methylation (Winch et al., 2008). 
Higher MeHg concentrations were found in sediments 
located further away from the mine tailings, although 
total Hg concentrations were significantly lower. 
According to Petit et al. (2011), these higher MeHg 
concentrations correspond to higher OM content, 
particularly in regions affected by logging activities. 
Altogether, mining activities in the Chibougamau 
area have been estimated to be responsible for an 
increase in Hg concentration of no more than 10% 
in local walleye (Simoneau et al., 2005; Beaulne et 
al., 2012). Fish growth rates in these mine-affected 
lakes are relatively high, which explains why fish Hg 
concentrations remain among the lowest in all lakes 
in the Quebec boreal forest (Simoneau et al., 2005; 
Lavigne et al., 2010). This suggests that methylation 
conditions and fish physiological conditions are more 
important than high Hg concentrations in sediments in 
determining MeHg bioaccumulation in fish.
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species. Connections between prey and predators 
can change seasonally, annually, or in response 
to a major disruption event. As a result, food web 
alterations can result in significantly different Hg 
concentrations in biota (Figure 8.9). Understanding 
how food web dynamics occur can provide insights 
into the management of Hg concentrations within 
water bodies. This section describes 2 general 
categories of food web alterations: species additions 
and species removals. Food web alterations triggered 
by eutrophication and climate change are presented in 
Sections 8.3 and 8.5, respectively. Canadian lakes, or 
northern hemisphere lakes with species assemblages 
similar to those in Canadian lakes (e.g., United States, 
northern Europe), were also considered in this section. 
This review falls within 2 general categories that 
allowed the researchers to quantify or qualify the 
extent of food web alteration on mercury dynamics: 
before/after studies, temporal studies, or paired lakes/
lake surveys (Table 8.2).

concentrations 5 to 10 times background levels at 20 
cm above the tailings. At another gold mine tailings 
site in Nova Scotia, Dalziel and Tordon (2014) obtained 
higher flux rates; mid-day Hg flux rates reached 1292 
ng m-2 hr-1 and evening rates reached 300 ng m-2 hr-1. 
Mercury flux from all tailings sites showed continuous 
diurnal Hg evasion at the soil surface as well as strong 
correlations with soil temperature, air temperature, 
and solar radiation. These results show that historical 
mine wastes continue to be a significant source of Hg 
to the environment long after the cessation of mining 
and milling activities, over 60–70 yr in the case of the 
Nova Scotia gold mines studied by Beauchamp  
et al. (2002).

8.2.5 Alterations in Food Web Dynamics

Describing food web structure and dynamics is 
important for understanding how bioavailable mercury 
is transferred and concentrated in top predator 

FIGURE 8.8  Filtered (<0.45 µm) and unfiltered mercury concentrations in surface waters collected from 11 gold 
mining districts in Nova Scotia from May 2003 to August 2004 (from Parsons et al., 2004).
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length (e.g., Hairston and Hairston 1993). Therefore, 
many questions still remain about whether food 
webs disrupted by new species would automatically 
result in longer food chain lengths and elevated Hg 
in top predators. A series of rainbow smelt food web 
surveys across Ontario and Canada have shown 
that lakes invaded by this forage fish species are no 
more likely to exhibit elevated Hg in top trophic fish 
species (Swanson et al, 2006, Swanson et al., 2003, 
Johnston et al., 2003). In fact, while rainbow smelt 
affected the structure of the forage fish community, 
the overall food web structure in invaded and 
uninvaded lakes remained consistent. Furthermore, 
rainbow smelt has been associated with a decline in 
the relative condition for yellow perch and cisco in 2 

8.2.5.1 Species Addition

It has been long theorized that species additions, 
whether through introduced or invasive species, 
result in increased Hg concentrations in top trophic 
predators due to the lengthening of the food chain. 
This view was based on modelling of mercury and 
organic contaminant biomagnification trends in 
lake trout and rainbow smelt food chains in Ontario 
and Quebec lakes in the mid-1990s (Cabana and 
Rasmussen, 1994; Vander Zanden and Rasmussen, 
1996). However, longer food chains tend to exist 
in stable food web systems rather than in highly 
disrupted systems, where ecosystem size and quality 
of food sources are often correlated with food chain 

FIGURE 8.9  Scenarios of trophic level change and their effect on mercury biomagnification.

TABLE 8.2  Food web alteration categories

Category Classification Description

Species additions Introduced
Non-native species, usually fish, introduced for a specific purpose,  

e.g., sport fishing

Exotic (invasive)
Non-native species usually introduced accidentally,  

labelled as undesirable

Species removals Deliberate removals
Fish removed from a water body for a specific purpose,  
e.g., reducing mercury or removing undesirable species

Overfishing
Fish species driven to extirpation or vulnerable status through fishing  

and lack of management

Extirpations / reductions
Species absent from a lake where they were previously found  

or severely reduced in number, for reasons other than  
deliberate removal or fishing, e.g., through winter fish kills
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on round goby would affect contaminant burdens 
in smallmouth bass and (2) whether the inclusion 
of round goby would increase the length of the food 
chain leading to smallmouth bass. Most authors 
concluded that, while the round goby-Dreissena 
added a new food chain to the littoral food web, the 
actual length of the littoral food chains in the Lake 
Erie food web did not change. Instead, the shift to 
a new prey (round goby) by smallmouth bass may 
have resulted in increased fish growth and exposure 
to a different range of contaminants (Morrison et al., 
1998, 2000; Hogan et al, 2007; Campbell et al, 2009). 
There is no evidence that the dietary shift to round 
goby resulted in increased THg levels in smallmouth 
bass and other fish species feeding on them (Hogan 
et al., 2007). Studies looking at other important 
invasive species (e.g., the bloody red shrimp and the 
fishhook water flea) also indicated that, while those 
important invertebrates are fully integrated within 
the Lake Ontario food web, they are unlikely to affect 
contaminant concentrations in top trophic species 
(Zhang et al, 2012; Thompson et al, 2005).

Furthermore, a paired-lake study in northwestern 
Ontario was undertaken to see whether the 
introduction of northern pike would affect food web 
dynamics and contaminant biomagnification in 
top predators (Kidd et al, 1999). The food webs in 
an oligotrophic lake and in a eutrophic lake were 
analyzed using stable isotope ratios before and after 
experimentally adding northern pike. Significant food 
web alterations were observed only in the oligotrophic 
lake, with the cyprinid forage fish species being 
most affected. The contaminant trends were more 
ambiguous, with no significant shifts pre- and post-
introduction. In fact, the most significant differences 
were between the lakes, with the eutrophic lake 
having significantly lower fish Hg concentrations 
than those from the oligotrophic lake. Frequently, 
dietary shifts to prey items lower or higher in Hg or 
physiochemistry of the system are more important 
than the lengthening of the food chain due to the 
presence of a new species. This observation is 
likely due to inherent ecosystem-based limits on 
the number of trophic positions within an aquatic 
food web (Post et al., 2000) and the high degree of 
omnivory and detritivory already prevalent within 
aquatic communities (Hairston and Hairston, 1993; 
Moore et al, 2004).

Wisconsin lakes due to prey competition (Hrabik et 
al., 1998). Johnson et al. (2003) suggested that, in 
many lakes, top predators incorporated more rainbow 
smelt in their diet, resulting in growth biodilution of 
fish Hg body burden (see Section 8.2.5.2). Mercury 
concentrations in top trophic predator fish species 
were found to be better predicted by fish growth rates 
and water conductivity than by the presence/absence 
of rainbow smelt. Likewise, a large-scale spatial-
temporal survey of lakes across Ontario found that 
the fishhook water flea (Bythotrephes longimanus), a 
rapidly spreading invasive zooplankton from Europe, 
was not associated with the lengthening of food 
chains or increase in mercury concentrations in 
top predators (Rennie et al., 2010, 2011). Changing 
temperatures and declining precipitation associated 
with climate change were more significant predictors 
of fish condition and Hg concentrations. Decreasing 
body condition (regression length divided by weight 
percentile) and decreasing Hg concentrations in 
herring and whitefish species were found throughout 
Ontario and were associated with declining prey 
quantity and quality.

Dietary shifts are often more important than changes 
in food chain length. A California food web, containing 
a smallmouth bass-bluegill species assemblage 
affected by invasive planktivorous threadfin shad, 
exhibited confounding results (Eagles-Smith et al., 
2008). While Hg concentrations in top trophic fish 
species increased significantly after the shad was 
incorporated into the lake food web, the increase 
was attributed to the overall shift from a zoopelagic 
to zoobenthic diet with higher Hg, rather than to the 
addition of a supplementary trophic level (Eagles-
Smith et al., 2008). The Great Lakes have been 
affected by multiple non-native species (e.g., stocked 
salmonids, invasive zebra mussels (Dreissena 
polymorpha), round goby (Neogobius melanostomus), 
and bloody red shrimp (Hemimysis anomala)). One 
important event in the southern Great Lakes was the 
incorporation of the round goby-Dreissena food chain. 
Those species not only disrupted and excluded many 
other native species from littoral habitats, they also 
became important prey species for many native fish 
species such as smallmouth bass and freshwater 
drum (Campbell et al., 2009). Studies looking at those 
species often focused on 2 questions: (1) whether 
the shift to a zoobenthic diet by fish species feeding 
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fish kills in a Finnish lake (Rask et al., 1996). The 
authors shared a similar conclusion that, because of 
decreased competition for the same resources, most 
fish species were able to consume more food and 
grow more rapidly. The rapid growth, e.g., increased 
proportion of muscle and body mass in relation to 
absolute THg in food source, resulted in growth 
biodilution of fish THg body burden, and subsequently 
lower THg concentrations.

The source of Hg and the methylation potential of 
water bodies must be taken into account when 
considering strategies to remove fish biomass  
(Surette et al., 2006; Thérien et al., 2003; Masson  
and Tremblay, 2003). Surette et al. (2006) and Masson 
and Tremblay (2003) found no significant difference  
in overall THg or MeHg concentrations in either  
fish populations or zooplankton biomass after 
significantly reducing the fish biomass in several 
lakes. The lack of change in Hg concentrations  
was attributed to the importance of lake sediments  
for the storage and methylation of bioavailable Hg.  

8.2.5.2 Species Removal

Methylmercury biomagnifies in water bodies to high 
concentrations in top trophic predators. It has been 
theorized that the removal of a significant bulk of top 
trophic piscivorous fish species from a lake would 
result in the overall reduction of MeHg available to 
the entire food web within that lake (e.g., Göthberg, 
1983; Verta, 1990; Lindqvist et al., 1991, Lepak et al., 
2009). This idea was first tested by Göthberg (1983), 
who found significantly reduced THg concentrations 
in pike and roach for several years in a Swedish 
lake after 2 years of intensive fishing. While food 
web shifts were documented, the authors pointed 
out that the overall THg concentrations in the lake 
sediment remained high, so the authors were unable 
to quantify the actual mechanisms behind decreased 
Hg concentrations in the fish community. Two other 
Scandinavian studies also demonstrated significantly 
decreased THg concentrations in the fish community 
after selective fishing of the very largest northern pike 
in a Norwegian lake (Sharma et a.l, 2008) or seasonal 

FIGURE 8.10  Mercury concentrations vs. age at standard length for walleye in 54 lakes in Quebec (from Lavigne  
et al., 2010).
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A review of strategies to lower MeHg in reservoirs 
concluded that reduction of fish biomass in water 
bodies would result in food web shifts and increased 
growth rates, which may be beneficial for sport  
fish, human consumers, and piscivorous wildlife 
(Surette et al., 2006). 

8.2.6 Urban Areas

Urban areas constitute a small percentage (<0.3%) 
of the overall land cover in Canada. However, the 
vast majority (>80%) of Canadians live in cities. 
Subsistence, commercial, and recreational fishing is 
common in waterways within or adjoining these urban 
areas. Previous studies have found that Canadian 
cities contain elevated levels of Hg in soils and other 
urban surfaces (Eckley and Branfireun, 2008a), waters 
(Eckley and Branfireun, 2008b), fish (Peterson et al., 
1989), and air (Denis et al., 2006; Xu and Akhtar, 
2009; Cheng et al., 2009). A defining characteristic  
of urban areas is the presence of impervious surfaces 

In lakes with a large catchment to lake surface area 
ratio, most Hg is derived from in situ lake sediment 
processes and terrestrial runoff, in contrast to lakes 
with small catchments (Grigal, 2002). As a result, 
fish that prefer benthic or littoral prey items in larger 
catchments will bioaccumulate Hg associated with 
sediment (Gantner et al, 2010). Given that most THg  
is likely to be contained within lake sediments, growth 
biodilution of THg because of decreased intraspecific 
and interspecific competition is an important 
consideration. This was further confirmed by a 
series of studies in Quebec, which showed that rapid 
growth rates of walleye and northern pike tended to 
correspond with lower THg concentrations (Lavigne et 
al., 2010; Simoneau et al., 2005, Lucotte et al., 2014) 
(Figures 8.10 and 8.11, Table 8.1). Walleye use optimal 
foraging strategies, preferring the largest possible 
prey within their gape-size range, and will grow faster 
in lakes where energetic costs (of search and seizure) 
are minimized through reduced competition or the 
introduction of new prey (Henderson et al., 2004). 

FIGURE 8.11  Mercury concentrations vs. age at standard length for northern pike in 52 lakes of Quebec (from 
Lavigne et al., 2010).
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2001). As a common impervious surface, windows 
have been used to monitor the accumulation of this 
film and the dry deposition of pollutants (Eckley et al, 
2008; Gingrich et al., 2001; Diamond et al., 2000). 
These have been found to vary spatially within a city, 
with 5-fold higher deposition rates in the city centre 
compared with proximate rural areas (Eckley et al, 
2008) (Figure 8.13). The higher Hg dry deposition and 
accumulation in the city centre is believed to be a 
function of increased concentrations of particulate-
bound Hg (total particulate mercury or TPM) in the 
atmosphere (urban: 34 ± standard error 12 pg m-3; 
rural: 9.6 ± 4.1 pg m-3) as well as of the urban surface 
film, which enhances particle capture and decreases 
rebound because of its “sticky” composition (Eckley 
et al, 2008; Liu et al., 2003). Wet-deposited Hg does 
not accumulate on windows, but instead acts as an 
efficient removal mechanism for the Hg deposited 
during dry periods (Eckley et al, 2008).

— largely consisting of buildings and paved asphalt 
roads and parking lots. The percentage of impervious 
surface cover can range from small in the outer 
regions of an urban area, to almost 100% in the 
city centre. This section identifies how the urban 
environment affects the cycling of Hg, specifically 
focusing on Hg deposition, emission, runoff, and 
methylation associated with the urban landscape. 
Much of the research on how urban surfaces influence 
Hg transport and transformation processes has been 
conducted within the Greater Toronto Area, Ontario 
(Figure 8.12).

8.2.6.1. Mercury Deposition to Urban Surfaces
Urban surfaces are coated with a thin layer (30–250 
nm) of organic film (and associated particles) derived 
from the dry deposition of gas-phase pollutants 
emitted from vehicles and their secondary reaction 
products as well as plant waxes and particulate 
matter (Law and Diamond, 1998, Gingrich et al., 

FIGURE 8.12  Map showing location of the Greater Toronto Area within Ontario and the locations of samples 
collected to measure mercury deposition, emission, and mobilization in stormwater runoff.
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and Branfireun, 2008a). The highest Hg emissions 
measured were from urban soils, followed by paved 
areas, with roofs and windows having low emissions 
(Eckley and Branfireun, 2008a). Higher emissions  
from urban soils than pavement has also been 
observed in studies of urban areas in the United 
States (Gabriel et al., 2006; Eckley and Branfireun, 
2008a). The higher soil emissions may be a function 
of soil’s ability to retain and accumulate deposited  
Hg over time, whereas paved surfaces may lose  
Hg via stormwater runoff.

8.2.6.2 Mercury Emission from Urban Surfaces

Mercury associated with urban surfaces may 
originate from wet and dry atmospheric deposition, 
near-surface automobile inputs, anthropogenic and 
plant litter, and construction materials (e.g., asphalt 
pavement). It is well established that Hg associated 
with soils can be released to the atmosphere 
(Schroeder et al., 2005; Gustin et al., 2000; 2008). 
Similarly, Hg associated with urban surfaces such 
as windows, roofs, and paved roadways can also 
be emitted (Table 8.3). While some component of 
the surface Hg fluxes likely consists of previously 
deposited Hg being re-emitted, the spatial patterns 
of Hg emissions from Toronto pavement suggest that 
differences in the Hg contents of different types of 
pavement contribute to the spatial patterns (Figure 
8.14; Eckley and Branfireun, 2008a). Hg emissions 
from paved surfaces were shown to increase with 
increasing levels of solar radiation, which is similar 
to observations from natural areas and soils (Eckley 

FIGURE 8.13  Spatial variability of mercury accumulation on windows measured at locations in the Greater 
Toronto Area.
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size and specific rainfall or discharge characteristics 
(Eckley and Branfireun, 2009). The majority of Hg in 
urban runoff, as well as in urban rivers, is bound to 
particles and has been shown to be highly correlated 
with concentrations of total suspended solids (typically 
measured as the mass of particles collected on 0.45 
to 0.7 µm filters) (Figure 8.15) (Hurley et al., 1998; 
Lawson et al. 2001; Eckley and Branfireun, 2008b). 
While the highest concentrations of Hg in urban runoff 
are associated with the rising limb of stormwater 
hydrographs, the largest Hg loads are associated  
with periods of peak discharge (Eckley and Branfireun, 
2008b).

8.2.6.3 Mercury in Urban Stormwater Runoff

During dry weather conditions, pollutants accumulate 
on urban surfaces from dry atmospheric deposition 
as well as from surface and near-surface sources; 
these pollutants can be mobilized during rainfall 
runoff (Eckley and Branfireun, 2009; Vermette et al., 
1991; Charlesworth et al., 2003). As a result, longer 
antecedent dry conditions result in larger Hg loads in 
urban runoff (Eckley and Branfireun, 2009). A portion 
of wet-deposited Hg can also become associated 
with road or parking-lot street-dust particles, which 
can be mobilized in runoff depending on the particle 

FIGURE 8.14  Box-and-whisker plot showing mercury fluxes and surface street-dust concentrations measured on 
paved surfaces in Toronto.

TABLE 8.3  Summary of mercury emissions and surface concentration from different urban surfaces

Surface Hg flux
 ng m-2 h-1

Surface Hg concentration,  
ng g-1

Surface type Median Range n Median Range n

Pavement 1.0 -1.0–31 246 16 4.6–140 86

Roofs 0.7 -0.6–14 42 4.8 2.6–17 11

Windows 0.2 -1.0–2.5 62 110 39–90 8

Urban soils 6.2 0.7–35 42 61 31–230 23

Rural Ontario soil 1.4 0.2–6.1 24 23 23–24 3
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FIGURE 8.15  Regression analysis of total mercury versus total suspended solids for urban runoff from a parking-lot 
catchment; data pooled from 7 different rainfall-runoff events.

TABLE 8.4  Precipitation characteristics, input and output concentrations, and mass balance for 7 rain events in a 

Toronto urban catchment 

Date Rainfall inputs, mga 
Surface 

loadb Runoff outputs, µg Mass balancec

HgD TPM THg
TPM, µg 

± SE
HgD TPM THg

Net 
HgD

Net TPM
Net 
THg

June 29 53.5
(45.8)

121.3
(104.0)

174.8
(149.8)

1 379.9 ± 
303.7

122.7 629.5 752.2 +76.9 +525.5 +602.4

July 20 226.9
(194.5)

514.6
(441.0)

741.5
(635.5)

1 516.6 ± 
583.3

182.2 383.0 565.2 -12.3 -58.0 -70.3

August 2 213.9
(156.4)

2 393.3

(1 749.5)

2 607.8

(1 906.3)

535.5 ± 
262.3

563.3 662.6 1 225.9 +406.9 -1 086.9 -680.4

August 14 70.5
(28.7)

101.2
(41.2)

171.7
(69.9)

639.9 ± 
240.4

24.2 59.9 84.1 -4.5 +18.7 +14.2

August 23 47.7
(2.3)

189.2
(9.3)

236.9
(11.6)

1 038.0 ± 
433.9

1.9 1.5 3.4 -0.4 -7.8 -8.2

August 23 254.2
(192.9)

453.4
(344.1)

707.6
(537.1)

943.5 ± 
415.3

218.3 299.0 517.3 +25.4 -45.1 -19.8

August 25 100.0
(25.3)

120.3
(30.4)

220.3
(55.7)

860.1 ± 
334.5

12.9 12.2 25.1 -12.4 -18.2 -30.6

a All values in parentheses in the inputs are corrected for the amount of water in runoff.
b The surface load does not include particles >1 000 µm.
c The net values are based on the output minus the runoff volume corrected inputs.
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outputs from an urban catchment, and the results 
suggest that some Hg methylation is occurring within 
the storm drain network.

8.2.7 Agriculture

More than 90% of the continental wet and dry 
deposition of natural and anthropogenic Hg occurs on 
soils (Lindqvist et al., 1991). Mercury can accumulate 
in soils and be released to air or water, depending 
on geochemical and biological conditions. Mean Hg 
fluxes from litter-covered forest or grassland soils to 
the atmosphere in North America vary from -0.55 to 
2.3 ng m-2 h-1 (e.g., Boudala et al., 2000; Beauchamp 
et al., 2002; Bash et al., 2004; Quinones and Carpi, 
2011), while those from agricultural fields range from 
0.1 to 2.9 ng m-2 h-1 (Poissant and Casimir, 1998; 
Cobbett and Van Heyst, 2006). The inherent large 
variability of Hg fluxes from different soil types to the 
atmosphere makes it difficult to measure the impact 
of agriculture practices on these fluxes. Nevertheless, 
Bash et al. (2004) modelled significantly higher rates 
of soil Hg emissions from agricultural sites than from 
nearby forest soils and attributed these differences to 
the insulating effect of the tree canopies on the forest 
soils. Similarly, Boudala et al. (2000) and Beauchamp 
et al. (2002) also observed significantly higher Hg 
emissions from soils of Kejimkujik National Park, Nova 
Scotia, after having been directly exposed to solar 
radiation. Beauchamp et al. (2002) also reported that 
glacial till reworked on 2 m depth, 1 month before flux 
measurements, emitted significantly much more Hg 
to the atmosphere (8.0 ng m-2 h-1) than the same soil 
before disturbance (0.9 ng m-2 h-1).

Once deposited on the soils, atmospheric Hg binds to 
terrestrial organic matter (TOM) (Lucotte et al., 1995; 
Teisserenc et al., 2011). Considering that agriculture 
practices affect terrestrial carbon dynamics (Baker 
et al., 2007), Hg transferred from cultivated soils to 
aquatic systems may be significantly altered from 
soils in their natural state, i.e., natural prairies or 
forested soils. Monoculture practices and excessive 
soil reworking weaken soil aggregates, which become 
vulnerable to water and wind erosion. Globally, as 
much as 1 × 106 ha of arable soils disappear each 
year following erosion (Pickhardt and Fisher, 2007). 
Mercury-TOM complexes can be transported from 

Mass balances of inputs of Hg in precipitation and 
outputs of Hg in runoff from catchments in the Greater 
Toronto Area (Figure 8.12) showed that urban surfaces 
acted as net Hg sinks during low-intensity rain 
events and as net Hg sources during higher-intensity 
events (Table 8.4; Eckley and Branfireun, 2008b). 
Overall, spanning several rain events of varying size 
and characteristics, the sum of the mass balances 
suggested limited net surface Hg accumulation over 
time and a very high catchment yield (89%). This yield 
is much higher than observations from natural areas, 
which typically have yields of 10–30% due to the high 
retention of Hg by organic material in soil (Mason 
et al., 1997; Driscoll et al., 1998). Comparing urban 
catchments with different land-cover compositions 
suggests that the catchment Hg export yield 
decreases as the percentage of the land covered by 
pavement decreases (Eckley and Branfireun, 2008b).

8.2.6.4 Mercury Methylation in Urban Areas

Urbanization may decrease the potential for 
MeHg formation by replacing natural landscapes 
components associated with methylation (e.g., anoxic 
waters, soils, and sediments common in wetlands 
and peatlands) with impervious surfaces such as 
roadways, parking lots, and rooftops (Lawson et al., 
2001; Hurley et al., 1995). These urban surfaces 
have reduced infiltration capacity, which enhances 
Hg exposure to the atmosphere (i.e., oxic conditions) 
and are typically designed to avoid ponding by rapidly 
moving water to adjoining waterways. In addition, 
the high proportion of Hg associated with particles 
in urban areas may reduce its bioavailability for 
methylation and result in lower MeHg concentrations 
in urban rivers relative to rural areas (Hurley et al., 
1995, 1998; Lawson et al., 2001). However, there 
are some components of urban infrastructure that 
have been shown to enhance methylation — notably 
stormwater detention ponds and constructed 
wetlands. Measurements from a constructed wetland 
in Florida identified up to 83% MeHg:THg ratios in 
filtered water samples (Rumbold and Fink, 2006). In 
the Greater Toronto Area, Eckley and Branfireun (2009) 
obtained measurements of stagnant water in storm 
drains that had up to 35% MeHg:THg ratios in filtered 
water samples. This research also involved mass 
balances of MeHg precipitation inputs and runoff 
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construction sites). Since nitrogen and phosphorus are 
limiting nutrients to the growth of primary producers, 
excess inputs from anthropogenic activities disrupt 
species composition of these organisms and promote 
the proliferation of certain algae and phytoplankton, 
particularly those that tend to form blooms. Such 
blooms deplete dissolved oxygen levels and kill fishes 
and other aquatic organisms (Carpenter et al., 1998). 
In most estuarine and coastal waters, nitrogen is 
the limiting nutrient to primary productivity, whereas 
phosphorus is limiting in freshwaters and wetlands 
(Vitousek et al., 1997).

The availability of nutrients in aquatic systems is one 
of many factors that affect the complex cycling of Hg. 
The net effect of eutrophication interacts with other 
factors such as pH, dissolved oxygen, sunlight, redox 
potential, OM, and iron and manganese content, to 
affect methylation processes and bioavailability of 
Hg (Ullrich et al., 2001). The stimulation of primary 
productivity that results from excess nutrient input 
tends to deplete dissolved oxygen and contributes 
to more negative redox conditions, which, in turn, 
enhance the activity of Hg-methylating SRB (Benoit et 
al. 1999). SRB convert sulphate to hydrogen sulphide 
(H2S). It is the production of sulphides that, in turn, 
affects the speciation of Hg (Benoit et al., 1999) and 
may make it less available for uptake or methylation 
(Covelli et al., 2011). Hg methylation has been found 
to occur optimally when sulphate is limiting, but when 
sulphide production does not significantly inhibit 
Hg methylation. This occurs when other substrates 
such as OM are available for the metabolism of SRB 
(Benoit et al., 1999). In addition to depleting oxygen 
levels, increased primary productivity also introduces 
more OM to ecosystems, providing more nutrients to 
microbial communities and stimulating their activity. 
Hg methylation in freshwater and marine sediments 
has been positively correlated with sediment OM 
content (Choi and Bartha, 1994; Hadjispyrou et al., 
1998) and with the overall degree of eutrophication 
(Gilmour et al., 1998).

Despite observations that eutrophication increases 
rates of Hg methylation, a number of studies have 
shown that aquatic organisms from more eutrophic 
systems generally accumulate less Hg than those 
in more nutrient-poor, oligotrophic environments. 

watersheds to lakes through surface runoff or erosion 
of soil horizons (Louchouarn et al., 1999; Mierle 
and Ingram, 1991; Wiener et al., 2006). Molecular 
identification of organic compounds by Caron et 
al. (2008) showed that TOM present in the water 
column of rivers flowing through the St Lawrence 
lowlands, Quebec, was dominated by OM inputs 
from corn fields rather than from forests. The close 
correlation between this corn field OM and the high Hg 
concentrations in the suspended particulate matter of 
the rivers led the authors to conclude that the erosion 
of agrarian soils was responsible for transferring the 
majority of soil Hg to aquatic systems around this 
industrial agricultural region. The transfer of Hg in 
soil in rivers does not necessarily mean higher Hg 
levels in fish, because agriculture is also responsible 
for eutrophication of the aquatic systems (Sonesten, 
2003) (see Section 8.3). Simoneau et al. (2005) and 
Lavigne et al. (2010) found that walleye and pike living 
in the St. Lawrence River had some of the lowest Hg 
concentrations of all fish of these species in Quebec. 
They explained this paradox by the high growth rates 
of the fish living in nutrient-enriched waters.

Finally, the introduction of Hg to agricultural land 
through the application of biosolids potentially 
increases the Hg pool available for volatilization to the 
atmosphere. Cobbett and Van Heyst (2007) adopted 
a micro-meteorological approach to study gaseous 
Hg fluxes from an agricultural field amended with 
biosolids in southern Ontario over a 5 week period. 
The average GEM flux remained low, at 0.1 ± 70.2 ng 
m-2 h-1, in biosolids-amended fields. However, GEM 
fluxes and particle-bound mercury in these fields 
notably increased during the period, particularly after 
corn harvest.

8.3 EUTROPHICATION
Eutrophication is the process of enrichment of OM 
in an ecosystem. Eutrophication of lakes, rivers, 
wetlands, and coastal oceans is caused by both point-
source and non-point-source inputs of nitrogen and 
phosphorus to waterways, largely from agricultural 
fertilizer and manure, human sewage, and a variety 
of urban activities (e.g., lawn care, runoff from 
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Montgomery et al. (2000) also attributed high rates 
of MeHg production to eutrophic conditions in US 
and Canadian reservoirs, where the biogeochemical 
conditions favour the activity of SRB. Similarly, Stone 
et al. (2011) found that Hg concentrations in walleye 
were higher in more productive natural lakes and 
impoundments (with higher total phosphorus) in 
South Dakota. Hence, although a number of studies 
have found that eutrophication mitigates overall 
Hg bioaccumulation through growth and biomass 
dilution, others suggest that eutrophic conditions can 
promote greater Hg bioaccumulation when rates of 
MeHg production are optimal, thus outweighing these 
mitigating effects. The net effect of eutrophication on 
the potential for Hg methylation and bioaccumulation 
is therefore highly specific to the biogeochemical 
conditions of individual ecosystems.

8.3.1 Eutrophication of Wetlands

Many of the remaining and newly created wetlands 
in Ontario and across Canada are close to agricultural 
lands. Eutrophication of wetlands by anthropogenic 
inputs is a common and growing global problem 
(Mitsch and Gosselink, 1993, Carpenter et al., 1998, 
Pringle and Barber, 2000). Nutrient enrichment 
frequently changes the structure and function of 
wetlands by altering algal and microbial communities, 
decreasing periphyton, and drastically altering 
macrophyte communities. In addition, biomass and 
litter production increases and bottom waters and 
sediments become anoxic. Phosphorus, rather than 
nitrogen, appears to be the limiting nutrient in many 
freshwater wetlands (Bedford et al., 1999). The role 
of total phosphorus (TP) on MeHg levels in temperate 
wetland waters has been investigated by Holmes and 
Lean (2006) and Holmes (2005) (Figures 8.16 and 
8.17). These researchers studied wetlands with water 
TP concentrations ranging from levels considered 
oligotropic to highly eutrophic (16 to 967 μg L-1) and 
sulphate levels ranging from 3.1 to 183 mg L-1 (mean 
8.9 mg L-1). At first glance, it would appear that more 
phosphorus results in lower MeHg, but only up to 
TP concentrations of 120 μg L-1. Wetlands on the 
Canadian Shield with low pH are shifted to the right 
(higher MeHg) compared with relatively circumneutral 
water (pH > 6.0). However, TP concentrations higher 

Eutrophication and increased algal blooms are 
frequently associated with biomass dilution of Hg 
in phytoplankton and associated rapid growth and 
reproduction rates within the grazing zooplankton 
community (Karimi et al., 2007). The decreased Hg 
concentrations per unit in algal and zooplankton prey 
are then transmitted up the food chain, resulting in 
lower fish Hg concentrations in eutrophic conditions 
(Chen et al., 2000; Pickhart et al., 2005; Lange et al., 
1993; Kidd et al., 1999). It was suggested that the 
higher growth rates of organisms in more nutrient-
rich systems might account for their generally lower 
contaminant burdens (i.e., growth biodilution) (Larsson 
et al., 1992; Schindler et al., 1995; Simoneau et al., 
2005; Lavigne et al., 2010). This suggestion was 
borne out by Essington and Houser (2003), who 
showed that experimental eutrophication (through 
whole-lake additions of nitrogen and phosphorous) 
resulted in larger fish (yellow perch) with lower Hg 
concentrations. Furthermore, Pickhardt et al., (2002; 
2005) found that MeHg concentrations in zooplankton 
were lower when algae was more abundant, which 
provided a possible mechanism (biomass dilution) 
for the lower contaminant burdens seen in biota 
from more nutrient-rich systems. A number of 
other studies have found similar results, with lower 
Hg concentrations in biota from more eutrophic 
environments (Adams et al., 2009; Chen et al., 2005; 
Larsson et al., 2007; Wang et al., 2011).

Concentrations of OM are generally higher in more 
eutrophic systems, and many studies have also found 
that organic carbon concentrations are positively 
related to the bioaccumulation of Hg in fish and other 
aquatic organisms (Driscoll et al., 2007; Watras et al., 
1998). However, the role of OM in the biogeochemistry 
of Hg is complex (Ravichandran, 2004), and some 
studies have found that, at high concentrations, the 
relationship between OM and Hg concentrations in 
biota is reversed (Driscoll et al., 1995). Furthermore, 
this finding is consistent around the world. In central 
China, Meng et al. (2010) compared Hg methylation 
rates in a hypereutrophic and a mesotrophic reservoir 
and found that net methylation was higher in the 
more eutrophic system. A related study of the same 
central China systems (Yan et al., 2010) found that 
Hg concentrations in fish were also higher in the 
more eutrophic reservoir. Gray and Hines (2009) and 
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FIGURE 8.16  Plot of methylmercury concentrations in water versus total phosphorus concentrations for 72 
wetlands sampled in summer (~mid-June to mid-August), 2000–2002 (Holmes, 2005).

FIGURE 8.17  Plot of methylmercury concentrations in water versus total phosphorus concentrations for 72 
wetlands sampled in summer (~mid-June to mid-August), 2000–2002 (x-axis expanded in the range of 0–200 µg L-1) 
(Holmes, 2005). Wetlands with pH <6.0 are shown as ∆; Eh above –50 mV as +; wetlands in which a strong odour 
of sulphide was detected in water and sediment are shown as +. Two wetlands were discovered with an atypically 
high level of total mercury and sulphate in water and are shown as total mercury (THg) ▼ and sulphate (SO4) •. cw 
= constructed wetland sampled on June 16, 2001 (1 319 pg L-1 methylmercury, 967 µg L-1 total phosphorus), and on 
July 17, 2001 (158 pg L-1 methylmercury, 554 µg L-1 total phosphorus).
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particularly SRB (Gray et a;., 2002). However, hypoxia 
is rare in the Bay of Fundy due to strong tidal action 
(Fisheries and Oceans Canada, 2004), and it has been 
suggested that periods of hypoxia around marine 
aquaculture sites are generally minor in well-mixed 
waters (Fisheries and Oceans Canada, 2006). Salmon 
aquaculture in the Bay of Fundy has been shown to 
alter benthic community composition and nutrient 
content, causing initial excesses of nutrients and 
peaks in microbial biomass followed by subsequent 
declines in these parameters over a 5 yr period (Pohle 
et al., 2001). Changes in species composition and 
decreases in species diversity can alter food chain 
lengths and affect the degree of Hg bioaccumulation 
in ecosystems (van der Zanden and Rasmussen, 
1996). Little is known from direct study about how 
changes to ecosystem structure resulting from salmon 
farming might affect Hg methylation or accumulation 
by biota, although elevated MeHg production has 
been attributed to eutrophic conditions in a Chinese 
reservoir supporting cage aquaculture (Meng et al., 
2010). Further research is needed to understand the 
longer-term effects of salmon aquaculture on food 
web structure and primary productivity (Fisheries and 
Oceans Canada, 2006). Such research will help to 
determine the implications of salmon farming for Hg 
accumulation in freshwater and marine ecosystems.

8.3.3 Eutrophication Triggered by 
Agriculture

Agricultural runoff is generally considered a non-point 
source of nutrients to aquatic systems (Carpenter 
et al., 1998). The rise of industrial-scale agriculture 
has fundamentally altered global nutrient cycling, 
both indirectly through runoff from land clearing 
and wetland drainage, and more directly through 
leaching and runoff of excess nutrients from fertilized 
agricultural soils and livestock waste into streams, 
rivers, and coastal waters (Vitousek et al., 1997). 
Chambers et al. (2001) reported that, since the mid-
1900s, agricultural production has roughly doubled 
in Canada, increasing the overall applications of 
nutrients in fertilizer and the production of livestock 
waste. These nutrient additions to Canadian lands 
have caused eutrophication of aquatic environments, 
resulting in habitat degradation and loss of 

than 120 μg L-1 result in high sulphide concentrations 
at the surface of the wetland (Eh < -100 mV; Eh is a 
measure of the tendency of a species to be reduced 
(gain electrons) in an aquatic system). Under these 
environmental conditions, the bioavailability of divalent 
mercury (Hg2+) for MeHg formation is reduced and, 
consequently, MeHg concentrations remain low. Some 
wetlands with low concentrations of MeHg in water 
also exhibit sediment surface Eh values lower than 
-50 mV (shown as “+” in Figure 8.17) over a broad 
TP range (11 to 125 μg L-1), which suggests that TP is 
not the limiting nutrient in those wetlands. Pearson’s 
correlation matrix analyses for all 17 variables 
measured by Holmes and Lean (2006) in 42 wetlands 
showed statistically significant positive correlations 
between MeHg and THg, TP and sulphate, iron and 
manganese, and calcium and magnesium, which were 
negatively correlated with sediment Eh (r < -0.70). 
Similar observations have been made in the Florida 
Everglades (Stober et al., 1998), where low MeHg 
concentrations were found in most eutrophic, anoxic, 
and sulphidic waters, porewaters, and sediments. This 
phenomenon is thought to be the result of reduced 
availability of Hg2+ for methylation due to complexation 
with sulphides (Gilmour and Capone, 1987, Benoit 
et al., 1999). Low MeHg levels, in conjunction with 
high phosphate in sulphidic wetlands, may therefore 
result from sulphide inhibition of Hg methylation and 
contribute to the negative influence of TP on MeHg.

8.3.2 Eutophication Due to Aquaculture

Aquaculture is a major industry on both the Atlantic 
and Pacific coasts of Canada and is expanding 
in inland waters as well. Salmon are the most 
commonly farmed fish in the country, with industries 
concentrated on the coasts of British Columbia and in 
the Bay of Fundy in New Brunswick. Farmed salmon 
are raised in submersed cages in coastal waters, 
a process that introduces nutrients to surrounding 
waters through the delivery of fish feed and fish 
waste (Chambers et al., 2001). The effects of nutrient 
additions from salmon farming on surrounding 
waters and benthic habitats include increased 
rates of sedimentation, higher amounts of OM, and 
greater aerobic bacterial activity, which results in 
hypoxia and ultimately stimulates anaerobic bacteria, 
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from municipal waste, largely concentrated in certain 
parts of the country (municipalities on Lake Ontario, 
Niagara Peninsula, St. Lawrence River valley, and the 
southern Pacific coast). These areas are therefore 
more susceptible to eutrophication than less densely 
populated regions (Holeton et al., 2011). Nonetheless, 
since phosphate generally limits primary productivity 
in freshwater ecosystems, reductions in phosphorus 
output (e.g., in detergents) have helped to mitigate 
the effects of eutrophication in inland waters (Chapra, 
1980). However, nitrogen outputs in municipal wastes 
have increased in recent decades (Chambers et al., 
2001), which may be more problematic to estuaries 
and coastal waters because nitrogen is limiting to 
most marine primary production.

Given the dynamic nature of Canadian coastal waters 
and the localized zones of eutrophication, it may be 
difficult to isolate the impacts of excess anthropogenic 
nutrient inputs on Hg cycling or accumulation in 
aquatic biota. On the other hand, most inland lakes 
and rivers are less dynamic than coastal environments 
in terms of their hydrology. This has contributed to 
problems of eutrophication from municipal wastes, 
particularly in areas such as Lake Erie and parts 
of Lake Ontario, which support very large human 
populations (Charlton, 1997). Similarly, rivers such as 
the Qu’Appelle (Leavitt et al., 2006), Saskatchewan, 
Bow (Wassenaar et al., 2010), St. Lawrence, and St. 
John (Chambers et al., 2001; Curry et al., 2011) have 
all experienced eutrophication in areas of industrial 
and municipal wastewater discharge. The effects 
have included reductions in dissolved oxygen and 
changes to species assemblages. Van Duong and 
Han (2011) found that MeHg flux from sediment to 
overlying water downstream of a sewage outflow was 
higher in more hypoxic conditions, suggesting that low 
oxygen conditions could increase the overall MeHg 
pool in downstream waters. However, there is little 
evidence that eutrophication resulting from municipal 
wastewaters is likely to exacerbate Hg methylation  
or lead to high Hg concentrations in organisms on 
a large scale. Most studies suggest eutrophication 
causes a biodilution of Hg and other contaminants.  
For example, walleye caught immediately downstream 
of Montreal have the lowest Hg concentrations at 
standardized length of all fish of this species caught 
throughout Quebec, probably due to faster fish 

biodiversity in certain parts of the country. In Canada, 
aquatic systems in the St. Lawrence River valley, 
Prince Edward Island, British Columbia’s Fraser River 
valley, and large parts of the prairies have experienced 
eutrophication due to agricultural activity (Chambers 
et al., 2001). Among natural, temperate freshwater 
ecosystems, several studies have shown that biotic 
Hg concentrations tend to be lower in more eutrophic 
systems (Kidd et al., 1999; Larsson et al., 2007). 
Although little is known from direct study about the 
impacts of agricultural eutrophication on Hg cycling 
in aquatic ecosystems, a whole-lake nutrient addition 
experiment to mimic anthropogenic eutrophication 
resulted in significantly lower Hg concentrations in 
yellow perch in nutrient-enriched lakes than in more 
oligotrophic lakes used as a reference (Essington 
and Houser, 2003). The results of these studies have 
been attributed to the effects of biomass and growth 
dilution. Conversely, other studies have linked higher 
biotic Hg concentrations to greater MeHg production 
resulting from eutrophic conditions in impounded 
waters (Gray and Hines, 2009; Stone et al., 2011). 
There is a lack of studies directly investigating 
the effects of agricultural activity on Hg cycling. 
Agriculture may cause localized increases in Hg 
methylation in areas of significant eutrophication. 
However, the balance between increased MeHg 
production and biodilution of Hg, along with many 
biogeochemical factors, will ultimately determine 
whether nutrient enrichment has a mitigating or 
exacerbating effect on the accumulation of Hg in 
aquatic food webs.

8.3.4 Urbanization and Eutrophication

Urban areas include a multitude of sources of 
excess nutrients, which can enter waterways 
and contribute to eutrophication. These include 
sewage and wastewater, solid waste, general 
runoff (stormwater, lawn fertilizer, pet waste), and 
erosion from construction sites (Carpenter et al., 
1998). Septic systems in rural areas (e.g., cottage 
developments in southern Ontario) are also a source 
of excess nutrients to aquatic ecosystems (Chambers 
et al., 2001). Although releases of phosphates from 
municipal wastewater to inland and coastal waters in 
Canada have largely declined since the early 1980s, 
there remain locations with a significant TP load 
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electric power generation, oil refineries; also involves 
nitrogen oxides (NOX; i.e., nitrates, nitrites)). SO2 and 
NOX can be transported short or long distances (up 
to thousands of kilometres) in wind currents until 
they are transformed and deposited as acids onto 
the landscape. As a result, systems that are either 
close to (e.g., metal smelting in Sudbury, Ontario; 
Dixit et al., 1987) or downwind from (e.g., Atlantic 
Canada is downwind of heavy industrial activity in the 
northeastern United States; Clair et al., 2007a; 2007b) 
these emissions are affected by acidic precipitation.

Following controls imposed on sulphate releases 
from industries through the Canada-US Air Quality 
Agreement, concentrations in rainfall and lake water 
(28–34% of lakes monitored from 1990 to 2001) 
are lower in several regions of the country. Recent 
sulphate emissions in North America are at least 40% 
lower than 1980 levels, yet acidification remains a 
problem for several regions of the country (Jeffries 
et al., 2004; Clair et al., 2007a; 2007b). A large 
percentage of Canadian waterways (estimated at 
43%) are sensitive to acid precipitation because there 
is little capacity in many regions of Ontario, Quebec, 
and Atlantic Canada to buffer low-pH precipitation. 
Therefore, lakes and streams continue to have lower 
pH and reduced water quality when compared to 
conditions before the Industrial Revolution.

8.4.1 Effect of Acidification on the 
Biogeochemical Cycle of Mercury in 
Surface Waters

The biogeochemical cycling of Hg involves interactions 
of several inorganic and organic forms with nutrients 
in the water column; some of these processes are 
known to be affected by the acidification of surface 
waters. First, the atmospheric deposition of Hg is 
enhanced by some of the same processes that 
cause acid rain (e.g., burning of coal for electricity 
generation), and newly deposited Hg on the water 
surface is more available for methylation (Nelson and 
Campbell, 1991). Second, ionic forms of inorganic 
(Hg2+) or organic (methylmercury CH3Hg+) Hg bind to 
organic (e.g., DOC, cysteine) or inorganic (chloride, 
hydroxide) ligands in the water, where some of 
these ligands either increase or decrease availability 

growth rates in the nutrient-enriched waters of the 
St. Lawrence River (Simoneau et al., 2005; Lavigne 
et al., 2010). Nonetheless, urban waste can contain 
high concentrations of contaminants from industrial 
sources, so waters that receive high nutrient loads 
from municipal waste may also receive elevated 
concentrations of metals such as Hg (Chambers et al., 
2001). Mugan (1996) found that concentrations of THg 
were significantly reduced in effective wastewater 
treatment facilities in Wisconsin, United States, with 
mean effluent concentrations ranging from 2 to 45 
ng L-1. Similarly, data from the Red and Assiniboine 
Rivers receiving wastewater from the city of Winnipeg, 
Manitoba, indicate that THg concentrations range from 
3 to 32 ng L-1, somewhat higher than in unpolluted 
waters, but the estimated removal efficiency of THg 
through municipal treatment in this study was 88% 
(Bodaly et al. 1998). MeHg concentrations from 
these rivers ranged from 0.16 to 0.41 ng L-1, with 
some spikes in receiving waters (up to 2 ng L-1), 
which were attributed to start-up problems with a 
treatment facility. Zones of high Hg methylation could 
arise locally in areas of municipal or industrial waste 
discharge, particularly where elevated levels of Hg are 
also released. However, there is little evidence that 
this could have a widespread impact on Hg regional 
and national cycling, since zones of eutrophication 
appear to be relatively limited in their extent, and 
many other interdependent factors also affect the 
biogeochemistry of Hg.

8.4 ACIDIFICATION
Acid rain has been a serious issue for Canadian 
waters since the 1950s and 1960s (Schindler, 1988; 
Jeffries, 1997; Jeffries et al., 2004). Although some 
waters can be naturally low in pH due, for example, 
to inputs of organic acids from wetlands, human 
activities have caused acidification of surface waters, 
mainly in the southeastern part of the country. Acid 
rain is a general term to describe acidic substances 
found on dry particles and in wet deposition, such 
as rain and snow. Acidic precipitation is caused by 
emissions of acid precursors (such as sulphur dioxides 
(SO2)) from volcanic eruptions, industrial emissions 
(e.g., metal smelting), and refining or burning of 
fossil fuels (e.g., gasoline in vehicles, coal-fired 
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due to a number of biotic and abiotic factors, the key 
mechanism is not known. The elevated biotic Hg may 
be due to higher inputs of Hg with acid rain, higher 
availability of Hg for accumulation into organisms, 
higher production of MeHg, or indirect effects of 
acidification on ecosystem productivity (i.e., lower 
biomass dilution of Hg by algae) or on growth rates of 
organisms (i.e., lower growth rates of upper-trophic-
level organisms). Although it is difficult to quantify, 
acidification of Canadian waters has likely contributed 
to the contemporary, elevated concentrations of Hg 
found in fish and other biota from some regions of 
the country. The decreases in water quality caused 
by acidification affect the biotic concentrations of 
Hg either directly or indirectly. The lower pH and 
higher aqueous concentrations of metals found in 
acidic waters decrease the growth, survival, and 
reproduction of fish, invertebrates, and primary 
producers; increase the uptake of toxic metals into 
biota; and pose a major threat to aquatic biodiversity 
(Nelson and Campbell, 1991; Jeffries et al., 2004; 
Lacoul et al., 2011).

Although chemical recovery from acidification 
has been observed in some regions of Ontario 
and Quebec (Schindler, 1988; Keller et al., 2003), 
biological recovery (e.g., restoration of community 
functioning and food web interactions) seems 
much more sporadic and appears to be a slower 
process, sometimes taking decades. Acid rain 
affects organisms directly, through its toxic effects 
on physiology from the H+ ions or changes in metal 
colloid make-up, or indirectly, through its effects on 
prey species availability or reductions in UV-absorbing 
DOC. As a result, acidic waters have much more 
simplified food webs, with reduced biodiversity and 
changed (often decreased) abundances of organisms 
at all trophic levels (including fish-eating birds).  
This is because of decreases in availability and quality 
of prey (or nutrients such as bicarbonate (HCO3

-) 
for algae) as well as direct toxicity of the low pH or 
high metal concentrations (Scheuhammer, 1991; 
Scheuhammer et al., 1997; Jeffries et al., 2004, 
Burgess and Meyer, 2008). Some species (e.g., lake 
trout) are much more sensitive to acidic conditions 
than others (e.g., yellow perch; Lacoul et al., 2011), 
and lakes with decreasing pH will expectedly lose the 
acid-sensitive species first (Schindler, 1988).  

of Hg for uptake into organisms. When waters are 
lower in pH, there is increased competition for these 
ligands between Hg and H+, and this decreases the 
partitioning of Hg to DOC in water (Benoit et al., 2001). 
This partitioning affects uptake into bacteria and 
other organisms, such that Hg ligands to larger DOC 
molecules are less available to cross membranes than 
smaller Hg-DOC complexes. Although how lower-
pH waters change the partitioning of Hg to ligands 
is incompletely understood, Hg availability to biota 
differs across a gradient of acidity. Third, the cycling 
of Hg and sulphur are tightly linked. Sulphates (the 
dominant anion in acid rain) stimulate methylation 
by SRB (Gilmour et al., 1992). Hence, increased 
concentrations of sulphates in surface waters from 
acid precipitation typically result in higher levels of 
MeHg (Watras et al., 2006). Sulphides can bind Hg 
and reduce its bioavailability, whereas small sulphur-
containing molecules, such as cysteine, can increase 
uptake into bacteria (Schaefer and Morel, 2009). A 
number of studies have shown an inverse relationship 
between pH of lakes and Hg concentrations in the 
waters (Vaidya et al., 2000; Rencz et al., 2003). In 
addition, experimental acidification of a lake showed 
higher MeHg (but not THg) during acidification, 
which was attributed to changes in a number of 
biogeochemical processes, such as Hg methylation 
and residence time, as well as to substrate availability 
for SRB (Watras et al., 2006).

8.4.2 Effect of Acidification on Mercury  
in Biota

Concentrations of MeHg in biota living in acidic 
waters are commonly higher than those measured 
in the same species living in higher-pH systems 
(Spry and Wiener, 1991; Wren et al., 1991; Westcott 
and Kalff, 1996; Scheuhammer and Graham, 1999; 
Rencz et al., 2003; Rennie et al., 2005; Burgess and 
Hobson, 2006; Éthier et al., 2008; Chételat et al., 
2011). For example, inorganic Hg in pumpkinseed 
from a more acidic lake (pH 5.25; 0.58 mg g-1 
dry weight) were 3-fold higher than in the same 
species from a less acidic lake (pH 6.31; 0.18 mg 
g-1 dry weight) in the Muskoka-Haliburton region of 
Ontario (Scheuhammer and Graham, 1999). Although 
elevated Hg in biota from more acidic systems is 
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8.5 CLIMATE CHANGE
All regions of Canada are expected to warm in the 
next century, while precipitation, soil moisture, 
and runoff may increase, decrease, or not change, 
depending on location and season (Lemmen et al., 
2008). These changes to temperature and hydrology 
directly alter Hg cycling and further influence 
ecosystems in ways relevant to Hg, including changes 
to atmospheric, terrestrial and aquatic chemistry, 
carbon and sulphur cycling, biological productivity, 
and trophic structure. There have been previous 
conceptual reviews of climate interactions with 
contaminants (e.g., Schiedek et al., 2007; Noyes 
et al., 2009), and several studies have specifically 
examined climate-Hg interactions in the Arctic, 
including the Arctic Monitoring and Assessment 
Programme (Stern et al., 2011).

8.5.1 Climate Change in Canada in the 
Past Century

Changes to the global climate and in Canada over 
the past century are described in detail elsewhere 
(Lemmen et al., 2008) and are summarized briefly 
here to provide information relevant to the potential 
links between climate change and Hg. From 1948 to 
2006, the average national temperature in Canada 
increased 1.3°C, more than twice the global increase 
during the same period (Lemmen et al., 2008). The 
extreme northeastern Arctic was an exception, as it 
experienced a cooling period from the 1950s to 1998. 
(Lemmen et al., 2008; Zhang et al., 2000).  However, 
all regions of Canada have warmed in recent years. In 
northwestern Canada, winter temperatures increased 
more than 3°C from 1948 to 2003. Extreme weather 
events have also changed in frequency or intensity 
or both over the last 50 years. It is very likely that 
cold days, cold nights, and frosts have become less 
frequent over most land areas, while hot days and hot 
nights have become more frequent.

Canada has also become wetter on average in the 
past 50 years, with mean annual precipitation across 
the country increasing by 12% (Environment Canada, 
2003). The largest percentage increase in precipitation 
has occurred in the high Arctic, while parts of the 

A pH below 6 is considered to be a biological 
threshold, since fewer species thrive under these 
conditions. For example, average species richness 
for zooplankton is above 10 when 6 < pH < 8. When 
pH < 6, extreme acidification can result in a loss 
of up to 70% of the algal species (Jeffries et al., 
2004). Abundances of some acid-sensitive species 
of mayflies is at least 10 times lower at pH < 5.5 
than at pH > 5.5 (Jeffries et al., 2004). It is unclear 
how the loss of species affects Hg cycling and tissue 
concentrations but these effects are likely indirect, 
due to changes in prey availability or quality and 
subsequent effects on growth.

In Ontario, Hg concentrations in fish have significantly 
declined over the past years, despite consistent or 
only slightly decreased Hg loading to lake sediments 
from the atmosphere. This was unexpected, as there 
is typically a relationship between industrial emission 
of Hg, atmospheric deposition into lake sediments, 
and increasing Hg concentrations in fish (Harris 
et al. 2007). One proximate factor to explain this 
trend could be the chemical recovery of lakes from 
acidification. It has been hypothesized that reduced 
sulphate deposition in lakes from atmospheric 
sources is associated with decreasing net methylation 
rates of Hg within Ontario lakes (Drevnick et al., 
2007). Analyses of lake sediments revealed that 
pH trends did not correspond to changes in Hg in 
lake sediments and fish, but sulphate reduction 
rates and deposition of sulphate were important 
factors (Drevnick et al., 2007). Some studies have 
shown declines in fish Hg levels that correspond 
to improvements in water chemistry (northeastern 
United States, Dittman and Driscoll, 2009; Isle Royale, 
Lake Superior, Drevnick et al., 2007), whereas others 
have found increases in fish Hg levels although 
sulphate concentrations have declined in many 
lakes (Kejimkujik National Park, Nova Scotia; Wyn 
et al., 2010). While our overall understanding of 
whether regional declines in acid rain have reduced 
Hg concentrations in food web organisms is still 
limited, progress has been made on better elucidating 
sulphate chemistry and Hg availability in lakes  
across Canada.
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runoff may decrease. Increases in evapotranspiration 
associated with warmer temperatures may produce 
moisture deficits in many areas, in some cases even 
if precipitation increases. Some prairie regions are 
predicted to have lower summer streamflows, lower 
lake levels, and increased deficits of soil moisture 
(Lemmen et al., 2008). Snow season length and snow 
depth are very likely to decrease in most of North 
America, except in the northernmost part of Canada, 
where maximum snow depth is likely to increase.

8.5.3 Potential Interactions Between 
Climate and Mercury

Potential interactions between climate change and  
Hg are summarized in Table 8.5 for a general scenario 
with increased temperature, precipitation, and runoff 
and in Table 8.6 for increased temperature but 
decreased precipitation, soil moisture, and runoff. 
While climate change could also involve cooling, 
this is not predicted for Canada (or globally), and is 
not considered here. The tables reflect an approach 
that first identifies major processes in the Hg cycle 
that might be affected by climate change, and then 
considers the implications for fish Hg levels. Major Hg 
fluxes are grouped into atmospheric, terrestrial, and 
aquatic categories. The tables identify whether climate 
is likely to enhance or inhibit a flux in the Hg cycle, 
rather than attempting to quantify interactions. There 
are currently insufficient understanding and data 
to accurately quantify most climate-Hg interactions 
discussed. The climate-related interactions with  
Hg processes are further characterized for their 
potential to cause an increase or decrease in fish  
Hg concentrations. 

southern Canada (e.g., southern prairies) have seen 
less increase or even a decrease in precipitation. For 
example, annual precipitation has increased 25–45% 
in most of Nunavut and 5–35% in southern Canada 
(Lemmen et al., 2008). Increased runoff and earlier 
spring peak discharges are very likely affecting many 
glacier and snow-fed rivers, as well as warming of 
lakes and rivers in many regions.

8.5.2 Anticipated Climate Change in 
Canada

All of Canada, except possibly offshore the Atlantic, 
is predicted to warm in the 21st century, often 
continuing or accelerating existing trends. Heat 
waves are projected to become more frequent and 
intense. Temperature increases are expected to be the 
greatest in the high Arctic and greater in the central 
parts of Canada than in coastal regions. Seasonally, 
temperature increases are predicted to be greatest in 
northern Canada during the fall and winter (Lemmen 
et al., 2008).

Future trends for precipitation have less certainty than 
predictions of temperature (Lemmen et al., 2008). 
Annual mean precipitation is expected to increase 
in Canada (IPCC, 2007b), and a greater fraction of 
precipitation is expected to fall as rain. Seasonally, 
southern Canada is projected to experience greater 
precipitation during the winter and spring, while 
summer and fall may experience small increases 
(southeastern Canada) or decreases (southwestern 
Canada) (Lemmen et al., 2008). Annual terrestrial 
runoff is predicted to increase in the 21st century  
in many regions of Canada, with exceptions in  
south-central and southwestern Canada where 
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TABLE 8.5  Potential interactions between climate change and mercury cycling, and effects on bioaccumulation,  

for a scenario with increased temperature, precipitation, soil moisture, and runoff

Compartment
Hg process 

affected
Net effect on 
Hg process

Causes
Net effect  
on fish Hg 

levels
Causes

Terrestrial Terrestrial 
methylation +

- Increased activity of methylating 
microbes due to warmer 

temperature (short term) and 
possibly increased forest 
productivity (long term)

- Possible changes in redox 
conditions to favour methylating 

microbes. Increased concentrations 
of inorganic Hg2+ for methylation 

due to increased DOC

- Increased wetland coverage

+
- Increased terrestrial 

export of MeHg to 
water bodies

Aquatic
Hg reduction/

Oxidation
?

- Increased DOC loading from 
watershed. Less light penetration 

but more reductant for 
photoreduction

- Increased nutrient loads from 
watershed could enhance 

biological reduction

? Uncertain

Aquatic
Hg reduction/

Oxidation
+ - Longer ice-free season -

- Increased annual 
Hg2+ reduction. 

Lower Hg2+ 
available for 

methylation and 
bioaccumulation

Aquatic
Hg 

sedimentation
+

- Increased primary productivity and 
mass sedimentation, resulting in a 
greater efficiency for Hg removal 

via burial

-

- Lower Hg2+ 
concentrations 

available for 
methylation and 
bioaccumulation

- Lower MeHg 
concentrations 

because MeHg is 
buried more efficiently

Aquatic
Hg losses in 

outflow
?

- Greater flow rates but 
potentially lower Hg2+ and 

MeHg in lake
? Uncertain

Aquatic

MeHg degradation 
in water column

(photochemical 
and biological)

?

- Increased DOC loading from 
watershed. Less light penetration

- Increased nutrient loads from 
watershed could enhance 

biological degradation

- Longer ice-free period for 
photochemical and biological 

degradation to occur

?
- Lower MeHg 
concentrations in 

water body
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TABLE 8.5  Continued

Compartment
Hg process 

affected
Net effect on 
Hg process

Causes
Net effect  
on fish Hg 

levels
Causes

Aquatic

Aquatic 
methylation/ 
demethylation +

- Increased activity of methylating 
microbes due to warmer 

temperature, and increased 
supply of labile carbon if 

productivity increases due to 
increased nutrient loads from 

watershed

- Increased bioavailable Hg2+ for 
methylation due to increased DOC 

levels

- Increased water-column 
methylation if stratification and 

anoxia strengthen

+

- Increased supply of 
MeHg to food web

Aquatic
MeHg burial

+

- Increased productivity and mass 
sedimentation, resulting in a 
greater portion of the Hg load 

being sedimented

-
- Lower MeHg 
concentrations in 

water body

Food web
MeHg BAF in 

fish
-

- Lower growth efficiency 
in fish due to temperature 

effects on metabolism
+

- Increased 
bioaccumulation 
factors in fish and 
increased MeHg 

levels

Food web MeHg BAF in 
fish -

- If nutrient loads from watershed 
increase: increased primary 

productivity, increasing growth 
efficiency in fish and lower food 
web, tending towards lower fish 

Hg levels

-

- Decreased 
bioaccumulation 

factors in fish and 
lower fish Hg levels

Food web MeHg BAF in 
fish ?

Changes to trophic structure? Species 

shifts?
?

+ = increase; - = decrease; ? = net result unclear.

BAF = bioaccumulation factor; Hg2+= divalent inorganic mercury
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TABLE 8.6  Potential interactions between climate change and mercury cycling, and effects on bioaccumulation, for a 
scenario with increased temperature but lower precipitation, soil moisture and runoff

Compartment Hg process
Net effect on  
Hg process

Causes
Net effect  
on fish Hg

Causes

Atmospheric

Wet Hg 
deposition

?

- Decreased gross deposition, but 
longer ice-free season, resulting 

in less photoreduction of Hg 
deposited to snow/ice cover, 

leading to greater annual Hg load 
to water bodies

- Net result is unclear

? - Uncertain

Atmospheric

Dry deposition

Hg0, TPM, and 
RGMa

-
- Slower atmospheric oxidation 

of GEM in Arctic and less dry 
deposition to terrestrial and 

aquatic systems

+/-

- Lower inorganic Hg2+ 
levels in terrestrial 

and aquatic 
systems, leading 

to less methylation 
and MeHg 

bioaccumulation

Atmospheric

Dry deposition

Hg0, TPM, and 
RGMa

+/-

- Changes to sea ice will affect 
the supply of halides for GEM 

oxidation in the Arctic

- Halide supply could increase 
as more first-year ice occurs; 

ultimately will decrease if areas 
develop with no ice

+/-

- More first-year ice 
could result in greater 

Hg deposition to 
ecosystems, but the 
trend could reverse 

if areas develop with 
no ice

Terrestrial

Litterfall and 
throughfall Hg 

deposition -

- Decreased gross wet Hg deposition, 
possibly decreased forest productivity 
in moisture-limited regions, tending 
towards less litter and throughfall Hg 

deposition

?

- Lower Hg levels in 
terrestrial systems and 

runoff to lakes and 
rivers, but potentially 
greater atmospheric 

Hg burden and 
deposition directly to 

water surface

Terrestrial Terrestrial Hg 
emissions ?

- Competing influences on volatlization: 
increased temperature, increased fires, 
and longer snow free season (+), but 

decreased moisture ( – ) and uncertain 
direction of change for soil respiration 

and associated Hg reduction/
volatilization (?).

? - Uncertain

Terrestrial Terrestrial Hg2+ 

export ?
- Competing influences: Decreased 
runoff ( – ) but more forest fires (+) and 
uncertain effects on DOC levels in runoff 

(and associated Hg concentrations)

? - Uncertain

Terrestrial Terrestrial  
Hg2+ export ?

- Net change in air/land flux uncertain, 
considering changes to Hg deposition 

and volatilization
? - Uncertain

Terrestrial Terrestrial  
MeHg export ?

- Competing influences: Decreased 
runoff and wetland coverage ( – ) 

but more forest fires (+). Uncertain 
effects on DOC, methylation, and 
MeHg concentrations in runoff

? - Uncertain
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TABLE 8.6  Continued

Compartment Hg process
Net effect on  
Hg process

Causes
Net effect  
on fish Hg

Causes

Terrestrial
Terrestrial 

methylation
?

- Competing influences: Increased 
short-term increase in microbial 

activity due to warmer temperature
- Uncertain redox effects on the 

fraction of microbial activity that is 
represented by methylators

- Uncertain effects on long-term 
forest productivity, DOC, and 

inorganic Hg2+ for methylation
- Decreased wetland coverage

? - Uncertain

Aquatic
Hg reduction/

oxidation
?

- Decreased DOC loading from 
watershed. More light penetration but 

less reductant for photoreduction
- Decreased nutrient loads from 

watershed could reduce biological 
reduction

? - Uncertain

Aquatic
Hg reduction/

oxidation
+ - Longer ice-free season -

- Increased annual Hg2+ 
reduction. Lower 

Hg2+ concentrations 
available for 

methylation and 
bioaccumulation

Aquatic Hg sedimentation +

- Decreased productivity and mass 
sedimentation, resulting in a lower 
efficiency for Hg removal via burial +

- Greater Hg2+ 
concentrations 

available for 
methylation and 

bioacccumulation. 
Higher MeHg 

concentrations 
because the MeHg is 
buried less efficiently

Aquatic
Hg losses in 

outflow
?

- Lower outflow rate but uncertain 
change in water column and outflow Hg 

concentrations ? - Uncertain

Aquatic

MeHg 
degradation in 
water column 

(photochemical 
and biological)

?

- Decreased DOC loading from 
watershed. Greater light penetration 

and longer ice-free period for 
photochemical and biological 

degradation to occur (+)
- Decreased nutrient loads from 

watershed could reduce biological 
degradation ( – ).

? - Uncertain

Aquatic

Aquatic 
methylation/ 
demethylation ?

- Increased activity of methylating 
microbes due to warmer 

temperature (short term) and 
increased stratification and anoxia, 
but potentially decreased supply 

of labile carbon longer term if 
productivity decreases due to lower 

nutrient loads from watershed. 
Uncertain changes to bioavailable 

Hg2+ for methylation

? - Uncertain
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precipitation, temperature, winds, and regional 
circulation, all of which affect atmospheric Hg cycling. 
AMDEs, for example, occur during the polar spring, 
suggesting that refreezing sea ice releases halogens 
needed for AMDEs to occur. New ice forms crystals 
(frost flowers) (Stern et al., 2011) with high surface 
areas and elevated Br concentrations, which may 
enhance Br fluxes to the atmosphere. Overall, it should 
be noted that some researchers estimate that only 
20% of Hg deposited during AMDEs remains on the 
ground, with 80% being re-emitted to the atmosphere 
(Stern et al., 2011); however, more recent findings 
suggest that this re-emission is much less over the 
sea ice (Steffen et al., 2013). Ongoing declines in sea 
ice in some Arctic regions are expected to continue 
in the future and will undoubtedly affect Hg cycling. 
As multiyear ice transitions to more first-year ice due 
to warming, Br concentrations could increase, along 
with Br fluxes to the atmosphere. This would lead to 
greater Hg deposition during AMDEs. Ultimately, if 
ice-free areas developed, this trend could reverse: Br 
fluxes to the atmosphere could decrease, resulting 
in less Hg deposition. In southern Canada, where 

8.5.3.1 Modified Atmospheric Mercury 
Dynamics Under Climate Change

Dry Hg deposition may also be affected by climate 
change, particularly in the Arctic, where climate 
affects atmospheric halides that interact with Hg. 
GEM is oxidized to a reactive inorganic gas-phase 
species (RGM), particularly in the polar spring 
during atmospheric mercury depletion events 
(AMDEs) (Steffen et al., 2008; Stern et al., 2011). 
The depletion of GEM in the polar atmosphere is 
believed to be caused by GEM oxidation by reactive 
halogens (bromine (Br) atoms or bromine-oxygen 
radicals) (Steffen et al., 2008). Arctic air temperature 
is increasing, and it has been hypothesized that the 
net oxidation of GEM to halogen RGM products will 
be slower at warmer temperatures (Stern et al., 
2011). If so, dry deposition of RGM will be reduced 
as temperature rises (other factors, such as Br 
concentrations, held equal). In addition to its effects 
on atmospheric Hg reaction kinetics, temperature 
also affects sea ice. Sea ice, in turn, influences 
the meteorology of the Arctic system, including 

TABLE 8.6  Continued

Compartment Hg process
Net effect on  
Hg process

Causes
Net effect  
on fish Hg

Causes

Aquatic 
MeHg burial

-

- Decreased productivity and 
mass sedimentation, resulting 

in a lesser portion of the Hg load 
being sedimented

+

- Higher MeHg 

concentrations in 

water body

Food web
MeHg BAFs in 

fish
+

- Lower growth efficiency in fish 
due to temperature effects on 

metabolism +

- Increased 
bioaccumulation 
factors in fish and 
increased MeHg 

levels

Food web
MeHg BAFs in 

fish
+

- If nutrient loads occur from 
watershed decrease: lower primary 

productivity, reduced growth 
efficiency in fish, and lower food 

web, tending towards higher fish Hg 
levels

+

- Increased 
bioaccumulation 
factors in fish and 
increased MeHg 

levels

Food web
MeHg BAFs in 

fish
+ - Changes to trophic structure? 

Species shifts? ?

a See also litterfall and throughfall, below.

+ = increase; - = decrease: ? = net result unclear.

BAF = bioaccumulation factor; Hg2+= divalent inorganic mercury; RGM = reactive gaseous mercury; TPM = total particulate mercury.
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adequate moisture tend to increase forest productivity, 
but the effects of increased pest activity, increased 
fires, and increased extreme temperature or drought 
conditions could reduce forest productivity. In south-
central and southwestern regions of Canada that are 
experiencing moisture deficits, forest productivity 
could be inhibited rather than stimulated. Hg litterfall 
and throughfall fluxes are also affected by primary 
productivity in terrestrial systems. Increased forest 
productivity would lead to increased leaf area to 
accumulate Hg deposition, increased litter fluxes,  
and increased Hg litterfall and throughfall.

Mercury export from terrestrial systems is a product 
of flows and associated Hg concentrations, both of 
which are affected by climate change. Increases and 
decreases in terrestrial Hg export are both possible. 
Runoff rates are projected to increase in some 
regions (e.g., northern Canada) but could decrease 
in southwestern Canada. Hg concentrations in such 
runoff depend on flow paths, soil decomposition, and 
associated DOC concentrations, due to the affinity 
between Hg and DOC. As discussed above, climate 
change could result in both increases and decreases 
in soil respiration rates and runoff DOC concentrations. 
Overall, watersheds with a combination of increased 
runoff and higher DOC concentrations are also 
expected to experience increased terrestrial export 
of Hg (and MeHg) to lakes and rivers. This could, for 
example, occur in northern regions with well-aerated 
soils that experience warmer and wetter conditions 
in the future. A further issue in the Arctic is thawing 
of permafrost areas, enhancing the mobilization and 
export of DOC and associated Hg. Arctic permafrost 
temperatures have increased by 1 to 2°C during the 
past 3 decades (Stern et al., 2011). It is less obvious 
whether terrestrial Hg export will increase under other 
circumstances, such as, for example, warmer and 
drier conditions in which runoff decreases and Hg 
concentrations in runoff could increase or decrease.

Methylmercury cycling in watersheds is affected by 
climate change as well. Microbial activity and Hg 
methylation rates are affected by temperature, redox 
conditions, carbon supply, and aquatic chemistry 
(see Chapter 6), all of which are affected by climate 
change. Conditions favouring the 2 basic components 
of methylation — activity of methylating microbes 

Arctic AMDEs do not occur, dry deposition rates could 
still be affected by changes in particulate matter 
concentration and in the oxidative capacity of the 
atmosphere. Dry deposition to terrestrial systems 
could also be enhanced if forest productivity and leaf 
areas increase.

8.5.3.2 Modified Terrestrial Mercury Dynamics 
Under Climate Change

Mercury volatilization from land surfaces is an 
important process in terrestrial systems (Gustin et 
al., 2008; Graydon et al., 2012, see Chapter 5) and 
in global Hg budgets (Mason and Sheu, 2002). For a 
given terrain type, factors affecting Hg emissions from 
terrestrial surfaces include temperature, precipitation 
(soil moisture), and light, as well as Hg concentrations 
in soils and vegetation. Each of these parameters 
generally relates positively to volatilization (Gustin et 
al., 2008). Warmer and wetter regions may therefore 
be more efficient at volatilizing Hg at the land-air 
interface, increasing the flux to the atmosphere, but 
decreasing the soil Hg pool and Hg runoff flux. While 
a fraction of the Hg volatilized at the land surface 
is derived from recent atmospheric Hg deposition, 
Hg pools in soil horizons may also be reduced in 
connection with soil respiration, then transported  
to the surface and volatilized (Smith-Downey  
et al., 2011). The net effect of climate change on 
soil respiration depends not only on future changes 
to climate, but also on the antecedent moisture and 
redox conditions in soils. For example, increased 
temperature and soil moisture improve conditions 
for heterotrophic respiration in well-aerated soils, 
but depress these rates in wet soils. In dry soils, 
decomposition may be moisture-limited rather than 
temperature-sensitive (Luo et al., 2001). Furthermore, 
increased temperatures may initially accelerate the 
decomposition of labile carbon pools for several years; 
eventually, decomposition may again be limited by 
the supply of labile carbon and other factors. Hence, 
sustained changes to forest productivity are an 
important long-term consideration. Factors affecting 
forest productivity include the length of the frost-free 
period, growing season temperatures, atmospheric 
carbon dioxide concentrations, effects of pests, and 
moisture supply, all of which are affected by climate 
change. Warmer temperatures in regions that have 
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relationship between moisture and wetland coverage. 
In Arctic areas, permafrost thawing could lead to 
increased drainage of some wetland areas (Lemmen 
et al., 2008). While wetlands have many important 
beneficial uses, less wetland area would lower 
MeHg export to receiving streams and lakes. Finally, 
wildfires release Hg stored in soils and vegetation to 
the atmosphere (see Chapter 6), and are predicted to 
increase in frequency, extent, and severity in the 21st 
century in Canada (Turetsky et al., 2011; Lemmen et 
al., 2008). Ashes incorporated in the soils have been 
shown to increase short-term fluxes of soil Hg to lakes 
and rivers (Farella et al., 2006). Simultaneously, forest 
fires trigger nutrient releases from soils to aquatic 
systems, resulting in increased lake productivity, 
faster fish growth rates, and lower Hg concentrations 
in aquatic biota (Allen et al., 2005).

8.5.3.3 Modified Aquatic Mercury Dynamics 
Under Climate Change

Gross rates of atmospheric Hg deposition and 
terrestrial Hg export to lakes and rivers will be 
affected by climate change, as discussed above.  
As well, the net direct atmospheric loading to aquatic 
systems could be further affected by changes to the 
duration of ice cover. In areas of ice cover, a portion  
of Hg deposited is photoreduced and re-emitted to  
the atmosphere (~40%, Lalonde and Amyot, 2003).  
An estimated 80% of Hg deposited during AMDEs 
is re-emitted to the atmosphere as well (Stern et 
al., 2011). Longer ice-free periods associated with 
warmer temperatures will therefore result in a greater 
fraction of the direct atmospheric Hg load reaching the 
water column before being photoreduced.

Hg evasion from surface waters may also be affected 
by climate change, although the net direction of 
change is unclear. Surface-water Hg evasion depends 
on the rate of supply of Hg0 via reduction processes, 
factors controlling the overall mass transfer coefficient 
at the air-water interface, and the duration of the 
ice-free season. Hg0 is produced photochemically 
(Chapter 6) in surface waters, affected by incident 
light, light penetration, the supply of electron donors, 
and the fraction of dissolved inorganic Hg2+ available 
for the reaction. Changes to DOC concentrations in 
surface waters as a result of climate-driven changes 

and a pool of available inorganic Hg2+ — tend to 
increase Hg methylation rates. In terms of the activity 
of methylating microbes, considerations include (1) 
whether there will be more overall microbial activity 
and (2) whether a greater fraction of microbial 
activity consists of microbes that methylate. Warmer 
temperatures will increase microbial activity and 
gross methylation rates in terrestrial environments, at 
least in the short term (years). Early studies in lakes 
in Canada and Wisconsin in the 1980s suggested 
that microbial Hg methylation in sediments is more 
sensitive to temperature than demethylation (Korthals 
and Winfrey 1987). This is important because the 
relative change in net methylation could be greater 
than for gross methylation. In the longer term, the 
supply of OM to sustain microbial activity could be 
a limiting factor. Changes to forest productivity may 
therefore be important to consider. As well, changes 
in redox conditions could alter the fraction of overall 
microbial activity represented by microbes that 
methylate. Methylation is carried out in facultative-
anaerobic zones by SRB and iron-reducing bacteria 
(Munthe et al., 2007), although other microbes may 
methylate as well. Methylation rates would also 
likely be affected by changes to DOC concentrations. 
Contrasting evidence exists in the literature for 
whether DOC enhances or suppresses the availability 
of inorganic Hg2+ for methylation. A common paradigm 
is that Hg bound to larger-molecular-weight DOC 
would be unavailable for methylation, while Hg 
bound to smaller DOC molecules could be available 
for uptake (Munthe et al., 2007). Recent research by 
Graham et al. (2012) suggests that the effect of DOC 
on methylation may depend on redox conditions and 
the presence of sulphides. While DOC may inhibit the 
availability of Hg to bacteria in aerobic settings, it 
also interferes with the development of HgS particles 
in anaerobic settings, such that the DOC-coated HgS 
nanoparticles remain small enough to be available 
to methylating microbes. While the effects of DOC 
on Hg availability for methylation require continued 
research, there is growing evidence that DOC is likely 
to stimulate methylation in anoxic conditions.

Wetlands have been identified as efficient systems 
for producing MeHg (St. Louis et al., 1994; Chapter 
6). Climate-related changes to hydrology will likely 
affect the areal extent of wetlands, with a positive 
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for methylation. If thermal stratification is increased 
and oxygen is depleted to a greater degree in the 
bottom waters of lakes, in situ production of MeHg 
could increase further. These projections appears 
to contradict an experimental study carried out in a 
small lake in Finland, where the forced deepening 
of the thermocline, supposedly representing climate 
warming conditions, resulted in a marked decrease  
of Hg methylation in the water column (Verta  
et al., 2010).

8.5.3.4 Modified Aquatic Food Web and 
Mercury Dynamics Under Climate Change

Climate change has affected lakes worldwide 
by affecting chemical dynamics, availability of 
nutrients and contaminants to phytoplankton (van 
de Waal et al, 2010), fish ecology and reproduction 
timing (Ficke et al., 2007), and even contaminant 
biogeochemistry and availability (Noyes et al, 2009). 
Analyses of long-term monitoring records for Lake 
Ontario showed a significant decline in organic 
contaminants and Hg in 2 salmon species over more 
than 20 years (French et al, 2006). However, within 
that overall trend, salmon contaminant concentrations 
tended to show regular oscillations, with higher 
contaminant concentrations corresponding to lower 
mean temperatures in the previous year. Further 
investigation revealed a significant link between 
climatic cycles and phytoplankton dynamics, whereas 
warmer temperatures were linked to higher primary 
productivity, which then was linked to increased 
alewife production. Temperatures and nutrient 
dynamics at the base of the food web had a profound 
impact on salmon contaminant burdens at the top 
of the food web (French et al., 2006). Furthermore, 
those results are confirmed by a province-wide 
survey of Ontario lakes, which found that increasing 
temperatures in northern Ontario lakes were 
associated with declining body condition of lake 
whitefish and lake herring, which were then linked 
to declining Hg concentrations (Rennie et al., 2011). 
Temperature was found to be more important than 
the presence or absence of an invasive zooplankton 
species in those cases.

Significant concerns have been raised that climate 
change will negatively affect the survival and 

to external or in situ sources of organic carbon 
could affect Hg photoreduction by influencing light 
penetration, inorganic Hg2+ availability, and the supply 
of electrons for the reaction. It is unclear whether 
the relationship between water-column DOC and 
Hg photoreduction is positive, negative, or variable 
depending on the range of DOC levels involved (i.e., an 
optimal level of DOC may exist for Hg photoreduction). 
Biological reduction of Hg2+ also occurs in surface 
waters (Poulain et al., 2004) and could be affected 
by climate-related changes to nutrient levels and 
the trophic status of water bodies. Several studies 
have suggested that the increased nutrient loadings 
to lakes under warmer and wetter conditions 
expected in northern Canada would be enhanced 
by permafrost thawing (Stern et al., 2011). In the 
prairies, dry summer conditions and droughts could 
result in greater soil erosion and nutrient loads to local 
waters (Lemmen et al., 2008). Greater nutrient supply 
would be expected to increase primary productivity, 
which has been observed in recent decades in Arctic 
lakes (Michelutti et al., 2005). Warmer and wetter 
conditions therefore have the potential to enhance 
biological reduction and associated evasion of Hg2+ 
from surface waters. This would lead to less inorganic 
Hg+2 available for methylation and subsequent 
bioaccumulation.

Increased primary production should also lead to 
increased mass sedimentation and Hg burial and 
to lower inorganic Hg concentrations in the water 
column and sediments, for 2 reasons. First, Hg is 
more efficiently removed from the water column 
and sediments as mass settling and burial rates 
increase. Second, short-term dilution of dissolved and 
particulate Hg concentrations in the water column can 
also occur during algal blooms (Chen and Folt, 2005). 
Similar to the terrestrial systems described above, 
in aquatic systems (sediments and anoxic waters), 
potential effects of climate change on methylation 
may be seen. Warmer temperatures will increase 
microbial activity and gross methylation rates, at 
least in the short term. In the longer term, changes 
to nutrient loads, primary productivity, and water 
chemistry in lakes and rivers would be important  
to consider. Increased DOC loads and carbon supply 
would increase the activity of methylating microbes 
and may make inorganic Hg2+ pools more available 
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warmer waters (Harris and Bodaly, 1998) or that more 
efficient methylation rates prevailed in the warmer 
coastal zones where this fish species lived.

8.6 CONCLUSIONS
Temporal changes in aquatic biota Hg concentrations 
appear to be influenced by long-term environmental 
changes (land use and land-use changes, 
eutrophication, acidification, and climate change). The 
methylation of inorganic Hg and the demethylation 
of MeHg are key processes influencing the 
bioaccumulation of MeHg in food webs. Thus, it is as 
important to understand the environmental conditions 
and, by extension, the anthropogenic activities leading 
to changes in Hg dynamics in the ecosystem. Such 
research can be conducted by monitoring atmospheric 
emissions and further transfers of terrestrial Hg to 
water bodies. For instance, the quantity and the 
quality of OM transported from terrestrial to aquatic 
environments appear to be controlling variables 
of both methylation and demethylation processes. 
These variables should be taken into account when 
assessing the effects, or the absence of effects, of 
forestry practices, reservoir impoundment, or mining 
on Hg bioaccumulation in aquatic organisms. Similarly, 
Hg bioaccumulation in aquatic food webs depends 
on the trophic status of the ecosystem, which in turn 
depends on the intensity of the nutrient fluxes from 
the watersheds to the aquatic systems or the average 
temperature and precipitation regime.

The aquatic environments most sensitive to 
diverse anthropogenic activities in terms of Hg 
bioaccumulation in the food chain are summarized 
below. Tools for reducing biota exposure to MeHg 
(other than reducing Hg emissions) are examined. 
National and international policy options to protect 
habitat and to cope with loss of biodiversity, 
eutrophication, acidification, and climate change could 
contribute to stabilizing or even reducing MeHg levels 
in biota and ultimately in humans in Canada.

Human vulnerability to the presence of Hg in Canadian 
aquatic systems is a real concern. Special emphasis 
must be placed on the lakes and rivers that are most 

reproduction of northern fish species (French et al., 
2006, Rennie et al., 2011, Ficke et al., 2007). Results 
of these studies showed lower fish Hg concentrations 
with increasing lake temperature. These results are in 
contrast with a study in 2 Ontario lakes of contrasting 
sizes (Harris and Bodaly, 1998). This study reported 
that, in the small lake, which exhibited significantly 
warmer temperatures than in the larger lake in 
summer, differences in walleye and yellow perch  
diets were mainly responsible for higher Hg levels  
in fish. Fluctuations in interannual lake water levels 
that may result from climate change were also 
reported to correlate with interannual MeHg levels in 
young-of-the-year perch in northeastern Minnesota. 
Wetter years were associated with higher Hg 
concentrations in young-of-the-year yellow  
perch (Sørensen et al., 2005).

It is often difficult to isolate the effects of temperature 
or growth on fish Hg levels because many factors are 
simultaneously influencing fish Hg levels. Lucotte et 
al. (2014) studied Hg levels in walleye and northern 
pike in 90 large lakes of Quebec (average size 69 
km2), statistically relating fish Hg to 42 environmental 
variables over the 1976–2010 period. Warmer winters 
(averaged for the 3 years before fish sampling) were 
strongly correlated with faster walleye growth, which 
was in turn strongly correlated with lower Hg levels 
for walleye at 375 mm standardized length (Table 
8.1). Mean winter temperature explained 36% of 
the variability in fish growth rates, and fish growth 
rates explained 54% of the variability of walleye Hg 
concentrations. A strong correlation between faster 
fish growth rates and lower fish Hg concentrations 
was similarly reported by Johnston et al. (2003) for 
lake trout, walleye, and northern pike in 16 medium-
sized to large lakes sampled in northwestern Ontario 
and Manitoba over a 2-decade period. The long-
term climate changes were not reported in this 
study. Lucotte et al. (2014) also reported a similar 
analysis for northern pike (standardized length 675 
mm). These authors showed that, although higher 
annual temperatures (averaged for the 3 yr before 
fish sampling) were correlated with higher growth 
rates, they were also correlated with higher Hg 
concentrations at 675 mm standardized length 
(Table 8.1). For northern pike, it seems that either 
fish increased their energy needs for metabolism in 
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Maximum concentrations and the longest times to 
return to natural levels of Hg are for older, predatory 
fish such as pike or walleye. Combined data from 
boreal reservoirs in Canada and Scandinavia show 
that Hg concentrations in fish typically increases 
2- to 9-fold following impoundment and that these 
increases may last in excess of 20 to 30 years.

Concentrations of MeHg in fish populations affected by 
impoundments often exceed consumption guidelines, 
and human exposure to these high Hg levels has 
caused concern in Canada, especially in northern 
communities. In Cree communities affected by the 
Churchill-Nelson River developments, fish constitute 
a large fraction of the harvested and consumed 
wild food. The commercial fishery was disrupted in 
the 1970s, in part because of concerns about Hg 
contamination in the new reservoirs (Rosenberg 
et al., 1995). This resulted in significant financial 
losses and, most importantly, the loss of an important 
dietary component for local communities (Usher and 
Weinstein, 1991). In northern Quebec, concentrations 
of Hg in hair from Cree living near reservoirs showed 
elevated levels, although there have not been clear 
demonstrations of adverse health effects (Dumont 
et al., 1988). Fears about the consumption of 
contaminated fish led many individuals to shift their 
diet to less healthy food choices, which may have 
contributed to health problems in the community 
(Roebuck, 1999).

To limit increases in Hg concentrations in fish, 
reservoirs should be planned to be deep, with a low 
ratio of flooded area to water surface. The removal of 
trees before flooding reservoirs does not appear as 
a significant solution, as Hg methylation processes 
and further transfers of MeHg in the aquatic food 
chain occur flooded soils or at the flooded soil-water 
interface.

8.6.3 Mining 

Mining activities are responsible for long-lasting Hg 
contamination of aquatic organisms in productive 
lakes. Mercury released by mining activities in lake 
watersheds is generally present in relatively insoluble 
inorganic forms (e.g., liquid Hg0, cinnabar). In order to 

frequently used for fishing, including occasional 
sport fishing, frequent urban angling, and fishing 
by native communities or subsistence hunters. 
Understanding the biogeochemical sensitivity of Hg 
dynamics to anthropogenic activities is most crucial 
in lakes accessible for fishing: those situated close 
to roads or human settlements and those areas that 
sustain significant fishing activities. For example, 
there are approximately 200 000 lakes in the Abitibi-
Témiscamingue region in Quebec, but only 189 are 
frequently fished (Beaulne et al., 2012).

8.6.1 Logging 

Logging activities have been shown to affect Hg 
dynamics in lakes, especially lakes with a surface 
area of a few square kilometres. Such small lakes 
in the boreal forest affected by intensive logging 
over a short period of time show increased Hg levels 
in aquatic biota. It is recommended that forested 
riparian buffer zones be established and maintained 
as wide as possible around water bodies. In addition, 
selective logging should be preferred to clear cutting. 
Soil disturbances should be minimized during winter 
forest operations and at any time at stream crossings 
or in wet areas. For larger lakes, the impact of 
logging appears to be masked by other long-term 
environmental changes. Nevertheless, particular 
attention should be paid to logging on the watershed 
of large water bodies that are especially prone to  
Hg methylation and uptake in the aquatic food chain. 
In those cases, best logging practices must be  
strictly enforced.

8.6.2 Reservoir Impoundments

Reservoir impoundments will continue to contribute 
to enhanced Hg levels in predatory fish for several 
decades. Increases of MeHg in new reservoirs 
have been ascribed to 3 main causes: (1) greater 
methylation of Hg stored in reservoir sediments 
and flooded vegetation and soils; (2) leaching of 
MeHg from flooded vegetation and soils; and (3) 
resuspension of MeHg in TOM by erosion. Available 
evidence indicates that reservoir creation is likely to 
result in sharp increases in MeHg concentrations in 
fish and that these increases may last for decades. 
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lead to enhanced Hg methylation and transfer of 
MeHg up the aquatic food chain. Simultaneously, 
moderate eutrophication results in faster growth 
and reproduction rates of aquatic organisms at all 
levels of the food chain, ultimately contributing to 
biodilution of Hg. There is little evidence indicating 
that eutrophication caused by urbanization, municipal 
wastewater, aquaculture, and industrial agriculture is 
likely to lead to higher Hg concentrations in aquatic 
organisms on a large scale. These anthropogenic 
activities may cause localized increases in Hg 
methylation in areas of significant eutrophication. 
However, the balance between Hg-loaded runoffs 
in urban and agricultural regions, increased MeHg 
production, and biodilution of Hg, along with many 
other biogeochemical factors, will ultimately 
determine whether nutrient enrichment has a 
mitigating or exacerbating effect on the accumulation 
of Hg in aquatic food webs in urban or farming 
regions. That being said, moderate eutrophic 
conditions resulting from the impoundment of 
reservoirs on the Canadian Shield has been shown 
to cause higher rates of Hg methylation and further 
uptake by aquatic organisms that has lasted for 
several decades.

8.6.6 Emissions

Controlling acidic emissions also limits Hg 
atmospheric emissions and ultimately leads to 
reduced Hg methylation in poorly buffered aquatic 
systems. Refining fossil fuels, burning coal for 
electricity generation, metal smelting, and associated 
acid precursors, such as SO2 and NOX, represent 
the major anthropogenic activities that release 
Hg to the atmosphere. Acidification of terrestrial 
and aquatic systems also contributes to enhanced 
Hg bioaccumulation in aquatic biota. First, acid 
deposition enhances the leaching of metals, in 
particular Hg, from soils to aquatic systems. Second, 
the acidification of poorly buffered aquatic systems 
in Canada, such as lakes and rivers located on the 
Canadian Shield, stimulates the methylation of Hg 
by SRB. Thus, any measure aiming to control acid 
precursor emissions will directly limit Hg emissions in 
the atmosphere and indirectly contribute to reducing 
Hg bioaccumulation in aquatic biota. The acidification 

bioaccumulate in the aquatic food chain, this mining-
derived Hg must be methylated. Conditions favouring 
methylation are most likely in lakes surrounded 
by wetlands or characterized by relatively high 
concentrations of degradable OM. The combination 
of mining activities, eutrophication from urbanization, 
and extensive logging on the watershed of small lakes 
may result in optimum conditions for methylating 
large amounts of Hg in surface sediments, and these 
conditions may last for several decades. Particular 
attention should be placed on lakes and rivers located 
near towns with a history of gold and mercury mining 
where local residents often fish.

8.6.4 Food Web Changes

Intentional or accidental changes in food web 
dynamics do not have clear effects on Hg levels in 
fish that may be consumed by humans. Food web 
alterations influence Hg transfer routes and can 
result in elevated or lowered Hg concentrations in top 
predators over time. Invasive and introduced species 
do not always result in lengthening of food chain and 
an increase in Hg in top trophic predators but can 
affect food web dynamics in other ways, such as 
through dietary selection and Hg transfer. Intensive 
fishing, intended to remove the bulk of bioavailable Hg 
from lakes, typically results in increased growth rates 
and growth dilution of Hg in fish. Furthermore, the 
bulk of Hg is stored in sediments, from which it can be 
methylated. Hence, intensive fishing is not an effective 
Hg management tool. The physiochemical properties 
of water bodies are often as or more important than 
food web disruptions in determining Hg transfer to 
fish and should be factored into any food web study of 
contaminant transfer in aquatic ecosystems.

8.6.5 Eutrophication

Mercury concentrations of aquatic organisms living 
in eutrophic systems are lower, except in newly 
impounded reservoirs, although eutrophication 
stimulates Hg methylation. Severe eutrophication 
of aquatic systems results in oxygen depletion and 
production of H2S, causing massive fish mortality. 
Moderate eutrophication of aquatic systems 
contributes to negative redox conditions, which 
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D-MCM Dynamic Mercury Cycling Model

DOC dissolved organic carbon

ELA Experimental Lakes Area

EPA Environmental Protection Agency (US)

GBMM Grid-Based Mercury Model

GEM gaseous elemental mercury

GEM-GDPS Global Environmental Multiscale-
Global Deterministic Prediction System

GIS geographic information system

GLEAMS Groundwater Loading Effects of 
Agricultural Management Systems

GRAHM Global/Regional Atmospheric Heavy 
Metals Model

HBMS Hudson Bay Mining and Smelter

HBV Nordic Hydrologiska Byråns 
Vattenbalansavdelning

HER hydrologically effective rainfall

HERMES Mercury (Hg) Environmental Ratios 
Multimedia Ecosystem Sources

Hg mercury

Hg0 elemental mercury

Hg2+ divalent mercury

INCA-Hg Integrated Catchments Model  
for Mercury

MeHg methylmercury

METAALICUS Mercury Experiment to Assess 
Atmospheric Loading in Canada 
and "the US

MFTR maximum feasible technological 
reduction

O3 ozone

OH hydroxyl radical

RGM reactive gaseous mercury

SERAFM Spreadsheet-based Ecological 
Risk Assessment for the Fate of 
Mercury

SMD soil moisture deficit

TGM total gaseous mercury

THg total mercury

TPM total particulate mercury

VELMA Visualizing Ecosystems for Land 
Management Assessment model 
for Hg

WASP Water Quality Analysis Simulation 
Program

WCS-MLM  Watershed Characterization 
System Mercury Loading Model
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Predicting the effects of Hg emissions controls on 
fish Hg concentrations requires a model framework 
that incorporates atmospheric, terrestrial, and 
aquatic systems. Until recently, Hg models have 
focused on 1 or 2, but not all, of these components at 
the same time. In order to help predict the potential 
benefits of the CARA Hg program, Environment 
Canada developed an ecosystem Hg modelling 
framework that includes atmospheric, terrestrial, 
aquatic, and bioaccumulation models. These models 
include Environment Canada’s atmospheric Hg model 
(Global/Regional Heavy Metals Model (GRAHM), 
Dastoor and Larocque, 2004), Trent University’s 
terrestrial Hg model (Integrated Catchments Model 
for Mercury (INCA-Hg), Futter et al., 2012), an aquatic 
Hg cycling and bioaccumulation model (Dynamic 
Mercury Cycling Model (D-MCM), Harris et al., 
2012a; EPRI 2009) and a steady-state aquatic Hg 
cycling model (Mercury (Hg) Environmental Ratios 
Multimedia Ecosystem Sources (HERMES), Ethier  
et al., 2008).

This chapter describes the application of the 
integrated model framework to examine current Hg 
cycling in 6 Canadian ecosystems and to predict the 
response of fish Hg concentrations in these systems 
to changes in anthropogenic Hg emissions. A brief 
overview is provided of relevant Hg models and the 
models specifically used in this study. The selected 
ecosystems systems span a range of ecological 
conditions across Canada (Figure 9.1) and vary 
in their proximity to point-source Hg emissions. 
Preference was given to sites with more data 
available for Hg modelling. The scope of this study 
does not include Arctic sites, which are examined in 
other Environment Canada programs (e.g., Northern 
Contaminants Program). Because of the greater 
availability of data for Hg in lakes than in rivers, 
the analysis was restricted to lakes. In addition to 
describing model simulations of existing conditions 
and future scenarios, conclusions and further 
recommendations are given for future development 
and application of the model framework.

9.1 INTRODUCTION
Fish mercury (Hg) concentrations are affected by the 
rate of Hg loading to water bodies (Munthe et al., 
2007; Harris et al., 2007). Increased anthropogenic 
Hg emissions in modern times have very likely 
resulted in higher fish Hg concentrations. A recent 
national-scale survey of Canadian lakes, described in 
Chapter 10, demonstrated that fish Hg concentrations 
are often sufficient to warrant consumption 
advisories. Actions to reduce Hg emissions to the 
environment, and ultimately fish Hg concentrations, 
are therefore proposed in Canada, under the 
Clean Air Regulatory Agenda (CARA) program, and 
internationally, under the United Nations Environment 
Programme Minamata Convention on Mercury.

Most anthropogenic Hg loading to lakes occurs 
via atmospheric deposition to the watershed. The 
atmospheric load may be deposited directly to the 
water surface or indirectly, after passing through 
terrestrial systems. Weathering of geologic Hg in 
soils is sometimes important in areas with natural Hg 
deposits. Most of the Hg loaded to the environment 
and found in air, water, and sediments is inorganic 
(elemental Hg (Hg0) in air, divalent mercury (Hg2+) in 
water and sediments) while most of the Hg in fish 
is in the form of methylmercury (MeHg). A series of 
steps is involved, from the initial release of Hg to the 
atmosphere, delivery to watersheds, conversion of 
some inorganic Hg into MeHg, and delivery through 
aquatic systems and the food web to fish. Process-
based simulation models can be used to help 
understand and quantify these steps and the overall 
link between Hg emissions and concentrations in 
biota. Models will also be needed when interpreting 
results of monitoring programs designed to assess 
the effectiveness of emission control measures.  
This is because fish Hg concentrations are affected  
by a wide range of factors that can change at the 
same time as Hg loading, including climate, land  
use, water quality and trophic conditions. Models 
provide a framework to help isolate the effects of 
individual factors.
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Atmospheric Hg models can generally be divided 
into 2 categories by scale: global or regional. Once 
released into the air, because of its residence 
time of approximately 1 yr, Hg is transported in 
the atmosphere on a global scale before being 
deposited (Lindberg et al., 2007). Canadian 
anthropogenic emissions are relatively low (less 
than 0.4% of global anthropogenic emissions); as a 
consequence, trans-boundary transport is important 
in Canada. For example, models estimate that the 
export of atmospheric Hg emissions from East Asia 
contributes roughly one-fourth of Hg deposition in 
Canada (Chapter 4; Durnford et al., 2010). Given the 
importance of trans-boundary transport, global-scale 
modelling is required for simulations of atmospheric 
Hg in Canada.

Most atmospheric Hg models currently use an 
Eulerian approach, i.e., the atmosphere is configured 
as a 3-dimensional grid, with Hg processes simulated 
at grid points. Changes to Hg concentrations are 
simulated at discrete times at grid nodes that 
represent average values within each cell. Industrial 
anthropogenic emissions and natural/re-emissions 
from terrestrial and oceanic surfaces of gaseous 
elemental mercury (GEM; Hg0), reactive gaseous 
mercury (RGM; Hg2+ species) and total particulate 
mercury (TPM) are modelled at each time step. 
Mercury released to the atmosphere is transported 
and transformed via physical and chemical 
processes before being wet- or dry-deposited. 

9.2 ENVIRONMENTAL MERCURY 
MODELS
Environmental Hg models can be broadly classified 
as atmospheric, terrestrial, aquatic, and/or 
bioaccumulation, based on the components of the 
environment they include. Ecosystem Hg modelling 
seeks to combine all of these components in a single 
modelling framework. Selected component models are 
shown in Table 9.1 and discussed in greater detail in 
Sections 9.2.1 through 9.2.4.

9.2.1 Atmospheric Mercury Models

Atmospheric Hg models incorporate emissions 
from land and water (including contemporary 
anthropogenic emissions, natural emissions, and 
re-emissions of Hg of both anthropogenic and 
natural origins), atmospheric transport and chemical 
transformation, and deposition back to terrestrial 
and aquatic surfaces. These models are employed to 
estimate ambient Hg concentrations and deposition, 
attribute Hg burden to sources, interpret observations, 
explain long-term trends, and predict the effects on 
atmospheric Hg of future changes, such as emissions 
controls and climate change. Atmospheric Hg models 
also complement direct measurements by providing 
spatial coverage and estimating fluxes used in Hg 
budgets in the environment.

FIGURE 9.1  Location of 6 ecosystems (orange dots) modelled with integrated model framework for mercury.
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TABLE 9.1  Selected models to simulate Hg in the atmosphere, terrestrial and aquatic systems

Model
Mechanistic/

empirical
Spatial scale

Dynamic/
steady state

Source

Atmospheric Hg Models

Global/Regional Atmospheric Heavy Metals Model 
(GRAHM)a Mechanistic

Global/
regional

Dynamic 1

Danish Eulerian Hemispheric Model Mechanistic Hemispheric Dynamic 2

Global European Monitoring and Evaluation Programme 
Multimedia Modelling System

Mechanistic Global to local Dynamic 3

GEOS-Chem Mechanistic Global Dynamic 4

Terrestrial Hg Models

Integrated Catchments Model for Mercury (INCA-Hg)a Mechanistic Watershed Dynamic 5

Watershed Characterization System Mercury Loading 
Model (WCS-MLM)

Semi-mechanistic Watershed Steady state 6,7

Mercury Groundwater Loading Effects of Agricultural 
Management Systems (Hg-GLEAMS)

Mechanistic
Field/small 
catchment

Dynamic 8

Grid-Based Mercury Model (GBMM) Mechanistic Watershed Dynamic 9

Visualizing Ecosystems for Land Management 
Assessment model for Hg (VELMA-Hg)

Mechanistic Watershed Dynamic 10

TOPLOAD Semi-empirical Watershed Dynamic 11

Load Estimator Empirical Stream/river Dynamic 12

Watershed Analysis Risk Management Framework Mechanistic Watershed Dynamic 13

Hg model based on DOC-3 model Empirical Watershed Dynamic 14

Aquatic and Bioaccumulation Hg Models

Dynamic Mercury Cycling Model (D-MCM V3)a Mechanistic Lake Dynamic 15

Mercury (Hg) Environmental Ratios Multimedia 
Ecosystem Sources (HERMES)a Mechanistic Lake Steady state 16

Water Quality Analysis Simulation Program (WASP) Mechanistic
Any aquatic 

system
Dynamic 17

Lake Ontario Toxicity Hg Model Mechanistic Lake Ontario Dynamic 18
Fugacity/Aquivalence Quantitative Water Air Sediment 
Interaction Model 

Mechanistic
Single 

Water body
Steady state 19

BIOTRANSPEC Mechanistic Lake Steady state 20

Bioaccumulation and Aquatic System Simulator (BASS) Mechanistic Food web Dynamic 21

Spreadsheet-based Ecological Risk Assessment for the 
Fate of Mercury (SERAFM)

Mechanistic Water body Steady state 22

aModels used in this study. 

1-Durnford et al., 2012; 2-Christensen et al., 2004; 3-Travnikov and Ilyin, 2009; 4-Fisher et al., 2012; 5-Futter et al., 2012; 6- US EPA, 2001; 7-Ambrose et 
al., 2005; 8- Leonard et al., 1987; 9- Dai et al., 2005; 10-Davis et al., 2012; 11- Benedict et al., 2012; 12- Runkel et al., 2004; 13- Chen et al., 2008; 14- 
Jutras et al., 2011a, 2011b; 15- EPRI, 2009; 16- Ethier et al., 2008, 2010a,b, 2012; 17-Knightes et al., 2009; 18-Atkinson et al., 2007; 19- Diamond,  1999; 
20- Gandhi et al., 2007; 21- Barber, 2006; 22- Knightes, 2008.

Numerous statistical models predicting fish Hg include Beaulne et al., 2012; Burns et al., 2012; Brumbaugh et al., 2001; Gabriel et al., 2009; Grieb et al., 
1990; Hammerschmidt and Fitzgerald, 2006; Sackett et al., 2009; Sampaio da Silva et al., 2009; Scudder et al., 2005; Shanley et al., 2012; Simoneau et al., 
2005; Simonin et al., 2008; Wiener et al., 1990, 2006 and Wren and MacCrimmon, 1983.
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Hg emissions. Available estimates of combined 
natural and re-emissions range from 2 000 to 5 000 
Mg yr-1 and are of the same or greater magnitude 
than anthropogenic emissions (~2 000 Mg yr-1; 
AMAP, 2011; Pirrone et al., 2010). Most models 
include parameterization for the release of natural 
and re-emissions of Hg based on geologic and 
surface meteorological conditions and historic  
Hg depositions.

Several global models have been developed 
worldwide to describe global distribution, long-
range transport pathways, source attribution of Hg 
deposition, and impacts of future emission scenarios. 
These include the Danish Eulerian Hemispheric 
Model (DEHM; Christensen et al., 2004), Global EMEP 
Multimedia Modelling System (GLEMOS; Travnikov 
and Ilyin, 2009), GEOS-Chem (Fisher et al., 2012) and 
GRAHM (Durnford et al., 2012). Results from these 
4 models have been used to inform international 
Hg policies (HTAP, 2010; AMAP, 2011). The primary 
differences among in these global-scale models are 
their methods for estimating the spatial distribution 
and magnitude of natural Hg emissions and re-
emissions of historically-deposited Hg from oceans, 
soils, vegetation, and snowpack, and the treatment of 
atmospheric Hg chemistry.

Insufficient knowledge of Hg chemistry is the primary 
source of uncertainties in atmospheric Hg models 
(Subir et al., 2012). Gas phase oxidation with ozone 
(O3), hydroxyl radical (OH), and halogens (mainly 
bromine (Br)) have all been proposed as potential 
oxidants of Hg0 in the atmosphere (Dibble et al., 
2012; Rutter et al., 2012; Goodsite et al., 2004; 
2012). However, the reaction mechanisms and 
rate coefficients are currently uncertain (Subir et 
al., 2012). All global and regional models (with the 
exception of GEOS-Chem) employ an O3/OH oxidation 
mechanism in the global atmosphere in addition to a 
Br oxidation mechanism in polar regions, where the 
Br oxidation pathway is known to be very significant 
in the springtime. GEOS-Chem employs a Br oxidation 
mechanism in all regimes of the global atmosphere. 
Because the 1 yr residence time of Hg in the 
atmosphere is sufficient to mix Hg at a global scale, 
the impact of uncertainties in modelled Hg chemistry 
is expected to be less important in remote regions 
than in the regions closer to Hg sources. A multimodel 

The physical-chemical processes represented in 
the models typically include thermal plume rise 
from stacks, turbulent boundary-layer mixing, 
cumulus cloud mixing, transport, phase exchange 
between air, aerosols and clouds, gas and aqueous 
phase chemistry, deposition (wet and dry) and 
volatilization of Hg from surfaces. The computation 
of atmospheric transport and physical-chemical 
processes requires meteorological information. 
Hg models may be integrated within atmospheric 
meteorological models, or may use outputs from 
meteorological models and/or observation analysis 
systems as inputs. Typically, the global models are 
“warmed up” by running simulations for a few years 
before examining outputs, to establish steady-state 
conditions between emissions, atmospheric Hg 
concentrations, and deposition. Current Hg models are 
primarily constrained using measurements of land-
based surface GEM concentrations and wet-deposition 
fluxes in North America and Europe, and data from 
ship cruises (Lamborg et al., 1999; Laurier et al., 
2003; Temme et al., 2007; Laurier and Mason, 2007; 
Soerensen et al., 2010; MDN, 2012). A small number 
of RGM and TPM ambient concentrations and vertical 
profiles of GEM are also available (AMNet, 2009; 
Jacob et al., 2010).

Under the Arctic Monitoring and Assessment 
Programme (AMAP), global Hg emission inventories 
from anthropogenic sources for the years 1990, 
1995, 2000, and 2005 have been developed (AMAP, 
2011). More detailed anthropogenic regional emission 
inventories for certain regions such as North America 
and Europe are also available from various national 
efforts. Knowledge of the speciation of Hg emissions 
is very important to accurately model long-range 
transport and deposition processes. Anthropogenic 
emissions in the inventories are speciated based  
on stack measurement studies, while natural and  
re-emissions are assumed to be completely GEM.

A portion of the deposited Hg is reduced via 
photochemical and biochemical processes and  
re-emitted back to the atmosphere from soil, 
vegetation, snowpack, and the surface of water 
bodies. Re-emission is a more significant source of 
Hg to the atmosphere than anthropogenic emissions. 
It is not currently possible to separate the natural and 
anthropogenic components of terrestrial and aquatic 
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Prediction System (GEM-GDPS; Dastoor and Laroque, 
2004). GEM-GDPS is the atmospheric general 
circulation model used to produce Environment 
Canada’s daily weather forecasts. Meteorological and 
Hg processes are fully integrated in GRAHM. During 
each time step of a simulation, Hg emissions are 
added to atmospheric Hg pools, the meteorological 
processes are simulated, and Hg species are 
transported, transformed chemically, and deposited 
(Figure 9.2). Primary inputs for GRAHM include 
observed meteorological fields, such as winds and 
temperature at 48 h intervals, seasonally changing 
land-use types, sea ice coverage and albedo, Hg 
emissions, and concentrations of atmospheric 
oxidants (Appendix A). GRAHM has been demonstrated 
to perform well in previous studies (Ryaboshapko  
et al., 2007a, 2007b; Dastoor et al., 2008; Durnford  
et al., 2010, 2012).

intercomparison study found the source attribution 
of atmospheric Hg in remote regions to be very 
consistent among different models (HTAP, 2010).

Other important sources of uncertainty in atmospheric 
Hg models are estimates of natural emissions, 
knowledge gaps regarding the Hg fluxes at the 
terrestrial and oceanic surfaces, and estimates of  
dry deposition velocities of Hg species.

9.2.1.1 Global/Regional Atmospheric Heavy 
Metals Model

Environment Canada’s GRAHM simulates the 
dynamics of 3 Hg species (GEM, RGM, and TPM) and 
all meteorological variables in the atmosphere in 
the framework of the Environment Canada’s Global 
Environmental Multiscale-Global Deterministic 

FIGURE 9.2  Atmospheric mercury cycling in Environment Canada’s Global/Regional Atmospheric Heavy Metals 
model. Mercury species: gaseous elemental mercury (GEM), reactive gaseous mercury (RGM), and total particulate 
mercury (TPM).
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(Knightes, 2008) is primarily an aquatic Hg model 
(Section 9.2.3) but includes watershed Hg loading 
algorithms based on the Revised Universal Soil Loss 
Equation. SERAFM is a steady-state model (conditions 
are constant with time). Mercury export from each 
of 4 land-use types (impervious, wetland, upland, 
and riparian) is given by a runoff coefficient that 
represents the fraction of atmospheric Hg deposition 
to a watershed exported in runoff. The US EPA’s 
Watershed Characterization System Mercury Loading 
Model (WCS-MLM; US EPA, 2001; Ambrose, Tsiros and 
Wool, 2005) is a steady-state geographic information 
system (GIS)-based mass balance model (Greenfield, 
Dai, and Manguerra, 2002). Also developed by the US 
EPA, Hg-GLEAMS is a modification of the Groundwater 
Loading Effects of Agricultural Management Systems 
(GLEAMS) agrometeorological and chemical 
transport model (Leonard, Knisel and Still, 1987). Hg-
GLEAMS predicts surface runoff, sediment erosion, 
evapotranspiration, percolation of water through soil, 
and Hg advection through unsaturated soil zones. 
This model is applicable at field and small catchment 
scales (Tsiros and Ambrose, 1999).

The Grid-Based Mercury Model (GBMM; Golden 
et al., 2012; Dai et al., 2005) is a spatially explicit 
mechanistic model that simulates fluxes and mass 
balances of Hg, water and sediment, including soil Hg 
concentrations, runoff, and erosion to water bodies. 
GBMM employs a GIS interface with input layers for 
digital elevation, land and soil types, and hydrography. 
Another spatially explicit, process-based model is 
the Visualizing Ecosystems for Land Management 
Assessment model for Hg (VELMA-Hg). VELMA-
Hg originated from a hydrological model (VELMA; 
Abdelnour et al., 2011) to which a module including 
Hg transport and transformation was added (Golden et 
al., 2012). TOPLOAD (Benedict et al., 2012) is a semi-
distributed, empirical Hg watershed model coupled to 
a hydrological model (TOPMODEL; Beven and Kirkby, 
1979) that identifies flow components contributing to 
Hg fluxes (Golden et al., 2012). Load Estimator (Runkel 
et al., 2004) is a regression-based loading model that 
estimates Hg fluxes to streams and rivers but does 
not simulate Hg transformations (Golden et al., 2012). 
The Watershed Analysis Risk Management Framework 
(Chen et al., 2008) is a watershed hydrology and 
pollutant model that was modified to simulate Hg 
transport and fate in watersheds, including terrestrial, 
aquatic and food web components.

The GRAHM configuration used in this study included 
global oxidation of Hg0 by O3 and OH in addition to 
halogen (primarily Br) oxidation in marine boundary 
layers and polar regions. In the aqueous phase, Hg 
oxidation and reduction are both represented in 
GRAHM. Oxidants in the aqueous phase include O3 
and OH, and hypochlorous acid/hyperchlorite ion. 
Reduction via photolytic processes and dissolved 
sulphur dioxide are included. Dry deposition velocities 
are calculated using the resistance approach for 
all land-use surfaces (Zhang et al., 2001). Mercury 
volatilization from snowpacks in GRAHM is described 
by a dynamic multilayer snow model driven by the 
local physical and chemical environment (Durnford 
et al., 2012). A temperature-dependent Henry’s law 
constant is used for partitioning of GEM and RGM 
between cloud droplets and air. GEM is scavenged 
only by cloud droplets, while RGM and TPM are 
scavenged by both cloud droplets and below-cloud 
raindrops. TPM is further scavenged by snow, both in 
and below clouds.

For this study, the model was initialized with a 
“warm-up” period of 5 yr to arrive at steady-state 
atmospheric Hg levels. Atmospheric concentrations of 
GEM, RGM, and TPM and their dry and wet-deposition 
fluxes for the base year (2006) were simulated by the 
model at 15 km horizontal resolution, and multiyear 
model simulations were performed at 2°× 2° latitude-
longitude horizontal resolution. There were 58 vertical 
levels up to a pressure level of 10 hPa.

9.2.2 Terrestrial Mercury Models

Mercury is introduced into terrestrial systems 
primarily by atmospheric deposition, which includes 
natural and anthropogenic components. Geologic 
sources can also be important in areas with natural 
Hg deposits. Mercury accumulates in soils and 
vegetation, and is removed via runoff and reduction to 
Hg0 with subsequent volatilization to the atmosphere. 
Several mechanistic models exist for Hg in terrestrial 
systems (Table 9.1), although terrestrial Hg modelling 
is at an earlier stage of development than atmospheric 
or aquatic Hg modelling.

The United States Environmental Protection 
Agency’s (US EPA) Spreadsheet-Based Ecological 
Risk Assessment for the Fate of Mercury (SERAFM) 
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in surface waters. INCA-Hg operates on a daily time 
step. It includes (1) links to an external hydrologic 
model that produces time series of hydrologically 
effective rainfall (HER) and soil moisture deficit 
(SMD), (2) a terrestrial hydrochemical model of Hg 
transformation and transport in catchment soils 
and groundwater, and (3) an in-stream component 
simulating aquatic Hg transformations and transport 
to lakes. Outputs include stream discharge and 
total Hg and MeHg concentrations in flow, as well 
as total and areal fluxes of Hg and MeHg from the 
sub-catchment to the lake. Primary inputs to INCA-
Hg include catchment land cover types, atmospheric 
deposition of Hg, and time series of air temperature, 
precipitation, and hydrologic variables (HER, SMD). 
The HER and SMD time series are generated by the 
Nordic Hydrologiska Byråns Vattenbalansavdelning 
(HBV) rainfall-runoff model (Sælthun, 1996). INCA-
Hg simulates hydrology from the HER and SMD 
time series using the generic 3-box model of 
INCA-C (Futter et al., 2007). INCA-Hg is calibrated to 
observed time series of in-stream Hg concentrations 
and stream discharge for simulated catchments. 
Because INCA-Hg is a new model, it has not been 
validated extensively before its application in this 
study, and the results of this study are interpreted 
accordingly.

9.2.2.1 Integrated Catchments Model  
for Mercury

INCA-Hg is a recently published process-based 
catchment-scale Hg model (Futter et al., 2012).  
It is based on the INCA biogeochemical modelling 
framework (Wade et al., 2002), which is designed 
to simulate terrestrial and aquatic biogeochemical 
processes and hydrological transport. INCA has been 
used to model nitrogen, phosphorus, metals, and 
dissolved organic carbon (DOC) in a wide range of 
catchments and surface waters (Wade et al., 2002; 
Wade et al., 2002; Futter et al., 2007; Whitehead 
et al., 2009). INCA-Hg simulates 3 Hg species: Hg0, 
Hg2+, and MeHg. Model compartments include the 
surface layer of the atmosphere, vegetation, snow, 
litter and soil, surface water, and sediments (Figure 
9.3). The terrestrial environment is simulated as 3 
vertically stacked boxes representing litter, organic 
soils, and mineral soils (Figure 9.4). The three-box 
model was adopted to remain consistent with other 
models in the INCA framework. Each box contains 
both dissolved and solid-associated forms of Hg.

Mercury-related processes include atmospheric 
deposition, snowpack processes, volatilization, 
methylation/demethylation, reduction, and transport 

FIGURE 9.3  Summary of mercury fluxes modelled between components in Integrated Catchments Model for 
Mercury (reproduced from Futter et al., 2012).
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improved Hg budgets and mechanistic models of 
aquatic Hg cycling and bioaccumulation began to 
emerge in the early 1990s (e.g., Hudson et al., 1994). 
Several such models now exist, including the D-MCM 
(EPRI, 2009), HERMES (Ethier et al., 2008, 2010a,b, 
2012), the US EPA’s Water Quality Analysis Simulation 
Program (WASP; Knightes et al., 2009), the Lake 
Ontario Toxicity Hg model (Atkinson et al., 2007), the 
Fugacity/Aquivalence Quantitative Water Air Sediment 
Interaction model (Diamond, 1999), BIOTRANSPEC 
(Gandhi et al., 2007), the Bioaccumulation and 
Aquatic System Simulator (BASS; Barber, 2006) ) 
and the SERAFM (Knightes, 2008). These are mass 
balance process-based models that simulate Hg 
at varying degrees of complexity. Some are time-
dependent (e.g., WASP, D-MCM, BASS) while others 
are steady state (e.g., SERAFM, HERMES). Several 
include the same processes in the aquatic Hg cycle 
but represent them differently in reflecting governing 
factors. Current aquatic Hg models are applicable on 
a site-by-site basis, given the field data required for 
site-specific calibration; however, they are not yet 
strongly predictive across a wide range of conditions 
with a universal calibration. The aquatic models used 
for the integrated modelling framework in this study 
are D-MCM and HERMES. Additional information is 
provided below for these 2 models.

9.2.2.2 Statistical Terrestrial Mercury Models

Statistical models have been developed to predict 
Hg export from watersheds. Jutras et al. (2011b) 
predicted the export of total Hg and MeHg from 
watersheds based on empirical expressions for 
DOC export from Jutras et al. (2011a), coupled with 
expressions relating stream total Hg concentrations 
to DOC concentrations from Meng et al. (2005). DOC 
concentrations in streams were estimated using area-
weighted contributions from uplands and wetlands, 
predicted using soil moisture and temperature. 
This approach was applied to 2 watersheds in 
southwestern Nova Scotia, Moosepit Brook and the 
Mersey River in Kejimkujik National Park. Moisture, 
temperature, and flow were predicted using the Forest 
Hydrology Model (Balland et al., 2006). Simulations 
predicted high fluxes of DOC-mobilized Hg during 
high-flow events and in watersheds with high wet-
area percentages (Jutras et al., 2011a).

9.2.3 Aquatic and Bioaccumulation 
Mercury Models

With the advent of more accurate measurements 
of Hg concentrations in water in the late 1980s, 

FIGURE 9.4  Summary of pools and fluxes modelled in the litter and soils terrestrial component of Integrated 
Catchments Model for Mercury.
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Elemental mercury is the key species modelled in 
HERMES calculations. Because HERMES is a steady-
state model, it assumes that concentration ratios 
among Hg species are constant in a given lake 
with respect to time. It is well suited to conducting 
preliminary risk assessments and to evaluating 
overall risk, especially for lakes with limited datasets. 
HERMES can also help highlight areas of uncertainty 
that are likely to have a significant impact on 
processes or end points of interest. HERMES has 
previously been applied to Big Dam West in Kejimkujik 
Park in Nova Scotia (Ethier et al., 2008), Harp and 
Dickie Lakes in Ontario, and Lake Ontario (Ethier et al., 
2010b, 2012).

9.2.3.2 Dynamic Mercury Cycling Model

D-MCM (EPRI, 2009) is a process-based aquatic Hg 
cycling and bioaccumulation model. Using a mass 
balance approach, D-MCM predicts time-dependent 
concentrations of 3 forms of Hg in water and 
sediments (dissolved and particulate phases) and 
includes a simplified food web (Figure 9.6).

Model compartments in D-MCM include the water 
column, sediments, and a food web. Atmospheric Hg 
concentrations and deposition rates (wet and dry) 
are input as boundary conditions to calculate fluxes 
across the air-water interface. Similarly, watershed/
upstream loadings of inorganic Hg2+ and MeHg 
are input directly as time-series data, rather than 
being modelled. Major processes involved in the 
aquatic Hg cycle are incorporated in D-MCM Version 
3.0 (used in this study; Figure 9.6). The food web 
in D-MCM Version 3.0 consists of 6 trophic levels 
(phytoplankton, zooplankton, benthos, and 3 trophic 
levels of fish). Specific fish species can be selected. 
Fish Hg concentrations tend to increase with age 
and are therefore followed in each year class. The 
chemical speciation of Hg also plays an important role 
in Hg reaction rates and availability to different parts 
of the food web. D-MCM includes a thermodynamic 
speciation module that considers the effects of 
water chemistry on Hg speciation and availability for 
reactions and uptake.

Different versions of D-MCM have been used in 
research projects in Wisconsin (Harris et al., 2003), 

9.2.3.1 Mercury (Hg) Environmental Ratios 
Multimedia Ecosystem Sources Model

HERMES is a mass balance fugacity model (Ethier 
et al., 2008, 2010a) (Figure 9.5) that considers the 
dynamics of 3 Hg forms: Hg0, MeHg, and inorganic 
Hg2+. Fugacity describes the tendency of a chemical 
to escape from one environmental compartment to 
another (e.g., water to air, sediment to water). Mass 
balance models, typically based on concentrations and 
partition coefficients, can be re-expressed in terms 
of fugacity. An advantage of fugacity is that different 
compartments tend towards the same fugacity level, 
although not necessarily the same concentration. For 
example, Hg forms in air and water will stabilize at 
different concentrations (described by the Henry’s law 
constant), but the tendency to escape (fugacity) will 
be the same. It can therefore be easier to interpret 
modelling results expressed as fugacity rather than as 
concentration. Several fugacity-based Hg modelling 
studies have been conducted at different spatial 
scales: continental (Mackay and Toose, 2004), regional 
(Macleod et al., 2005), and lake (Diamond 1999; Ethier 
et al., 2008, 2010a, b, 2012).

FIGURE 9.5  Conceptual diagram of Mercury (Hg) 
Environmental Ratios Multimedia Ecosystem Sources 
model.
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Hitchin, 1990; Wiener et al., 1990). At high pH, fish 
Hg concentrations in lakes tend to be low (Grieb et 
al., 1990; Wiener et al, 1990). At low pH, fish Hg can 
be elevated or low (e.g., Grieb et al., 1990). Overall, 
these observations suggest an inhibitory effect of high 
pH on fish Hg. DOC concentrations tend to correlate 
positively with total Hg and MeHg in water but not 
necessarily in fish (Watras et al., 1998; Grieb et al., 
1990). This may be due to the competing influences of 
DOC on MeHg production and bioaccumulation; some 
of these influences would tend to increase fish Hg 
concentrations, while others would tend to lower fish 
Hg levels. Fish growth rates were strongly negatively 
correlated with fish Hg concentrations in a study of 
walleye in 12 lakes in Quebec (r = 0.9244, p < 0.001) 
(Simoneau et al., 2005). For additional information on 
statistical models predicting fish Hg concentrations, 
also see Beaulne et al. (2012), Burns et al. (2012), 
Shanley et al. (2012), Sackett et al. (2009), Gabriel et 
al. (2009), Sampaio da Silva et al. (2009), Simonin et 
al. (2008), Wiener et al. (2006), Hammerschmidt and 
Fitzgerald (2006), Simoneau et al. (2005), Scudder 
et al. (2005), Brumbaugh et al. (2001), and Wren and 
MacCrimmon (1983).

the Florida Everglades (Atkeson et al., 2003; Harris 
et al., 2003), and the Experimental Lakes Area 
(METAALICUS; Harris et al., unpublished data). A 
steady-state version of D-MCM has been applied to 
lakes in Nova Scotia (Harris et al., 2002). A multi-cell 
version of D-MCM was applied to the Gulf of Mexico, 
supported by the Florida Department of Environmental 
Protection (Harris et al, 2012a).

9.2.3.3 Statistical Aquatic and 
Bioaccumulation Mercury Models

Many statistical models have been developed to 
predict fish Hg concentrations in aquatic systems. 
Factors analyzed include Hg deposition, watershed 
characteristics (e.g., watershed size and land-use 
type), lake water parameters (e.g., pH and DOC), Hg 
concentrations in lake sediments, and trophic factors 
such as growth rates and trophic position. While no 
single variable dominates the variability in fish Hg 
concentrations across a broad range of environments, 
pH is commonly an important explanatory factor (e.g., 
Grieb et al., 1990; McMurtry et al., 1989; Suns and 

FIGURE 9.6  Conceptual diagram of mercury cycling in Dynamic Mercury Cycling Model Version 3.0.
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9.3 MODELS EXAMINING 
CLIMATE CHANGE AND MERCURY
Climate change and other anthropogenic influences 
have the potential to alter the Hg cycle in air, land, 
water, and food webs, as described in Chapter 
8. These interactions are not yet well known or 
quantified. Goodsite et al. (2013) compared Hg 
deposition trends simulated by atmospheric models 
that considered the changes in anthropogenic 
emissions with those reconstructed from natural 
archives such as lake and marine sediments. There 
was disagreement between the 2 estimates. The 
authors suggested that climate-driven changes in Hg 
transfer rates from air to catchments and waters, and 
subsequently into sediments, was one of the possible 
causes for the discrepancy.

A preliminary mechanistic modelling analysis was 
carried out by Harris et al. (2012b, 2013) to examine 
which climate-Hg interactions in aquatic systems 
were most important and warrant additional attention. 
The study included D-MCM simulations of 2 lakes in 
the Great Lakes region: Lake 658, Ontario, and Little 
Rock Lake, Wisconsin. Projections were based on 
estimates for the end of the 21st century or a doubling 
of atmospheric carbon dioxide (CO2) concentrations. 
These 2 approaches were considered comparable 
because atmospheric CO2 concentrations are 
expected to double by the end of the century, under 
moderate emissions scenarios (IPCC, 2007). Eight 
factors were investigated, including temperature, 
flow rate, precipitation, DOC, fish growth, thermocline 
depth, duration of summer stratification, and 
duration of the ice-free period. Literature estimates 
of potential changes to these factors in the 21st 
century in the Great Lakes region were used. The 
factors were considered in isolation, as current 
understanding of the effects of individual factors was 
considered inadequately constrained to predict the 
cumulative effect of all factors combined. Simulations 
indicated that changes to some of the variables 
tested would increase fish Hg concentrations, while 
others would have the opposite effect. Warmer 
water temperatures (+4.6°C) produced > 50% 
higher fish Hg concentrations in simulations (Figure 
9.7). Temperature exerted a positive influence on 

9.2.4 Ecosystem-Scale Mercury Modelling

A limited number of studies have simulated Hg at 
the ecosystem level to predict fish Hg concentrations 
and the response to changes in atmospheric 
Hg emissions and deposition. Håkanson (1996) 
assembled a simplified mass balance model that 
included the watershed and receiving waters and 
treated the atmosphere as a boundary. Rather 
than simulating Hg processes explicitly, terrestrial, 
aquatic, and biotic compartments were assigned 
response time half-lives. The study concluded that 
the response of fish Hg to changes in atmospheric 
deposition could take centuries, due to slow response 
kinetics in the watershed. Meili et al. (2003) also 
developed a simplified ecosystem-scale model to 
estimate the critical level of atmospheric Hg pollution 
below which future loads of Hg in watershed soils 
and lake fish would remain acceptable. This study 
concluded that current Hg levels in Swedish soils 
and humic lakes were not at equilibrium with current 
concentrations of Hg in precipitation and could 
increase further.

The US EPA (Knightes et al., 2009) used 
combinations of 2 watershed models (WCS-MLM 
or SERAFM), 2 aquatic models (WASP or SERAFM), 
and a bioaccumulation model (BASS) to predict 
the response of fish Hg concentrations to changes 
in atmospheric Hg deposition. Five freshwater 
ecosystems in the United States were simulated, 
representing a range of watershed sizes, land-
use types, and atmospheric Hg deposition rates. 
Simulations were performed until steady state was 
achieved, at which point Hg deposition was halved. 
Consistent with the studies by Håkanson (1996) and 
Meili et al. (2003), as well as field results from the 
Mercury Experiment to Assess Atmospheric Loading 
in Canada and the US (METAALICUS) experiment 
(Harris et al., 2007), the EPA models predicted long 
time periods for fish Hg levels to fully respond to 
changes in Hg deposition, on a scale of decades 
or centuries (Knightes et al., 2009). All simulated 
systems also displayed 2 phases to the response, 
faster at first (20–60% of the ultimate response 
within years to decades), followed by decades or 
centuries to reach steady-state concentrations.



452

Canadian Mercury Science Assessment – Chapter 9

FIGURE 9.7  Water and fish mercury response in Little Rock Lake to projected 21st century climate-related changes 
for the Great Lakes region. Factors were tested independently. Overall, the scenario projected warmer temperatures 
and increased flow. Percent changes are relative to a base case in which 2001 to 2008 conditions were maintained 
throughout the century. From Harris et al. (2013).

FIGURE 9.8  Predicted effects of warmer water on Hg in water and biota in Lake 658 (Dynamic Mercury Cycling 
Model). From Harris et al. (2013).
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in order to interpret the benefits of Hg emissions 
controls in the future.

Few statistical models have examined climate-
Hg interactions. Lucotte et al. (2012) studied Hg 
concentrations in 2 species of fish, walleye and 
northern pike, from 1976 to 2010 in 90 natural lakes 
in the boreal forest of mid-northern Quebec. The 
mean lake surface area was 59 km2 (range 0.34–951 
km2) and the mean land area draining directly into 
the lakes without transiting through another lake was 
474 km2. Factors examined included the geomorphic 
setting (e.g., lake and watershed areas, lake order, 
slope), vegetation cover, logging and mining activities 

methylation and required northern pike and walleye 
to consume more food (and hence more MeHg) to 
meet energy needs and reach a standard length. This 
within-fish bioenergetics temperature effect was 
compounded for sport fish, because it affected their 
prey as well as the sport fish directly (Figure 9.8). 
In contrast to the modelled effects of temperature, 
faster fish growth rates (+25% by length) produced 
approximately 30–35% lower Hg concentrations in 
length-standardized walleye and northern pike in 
simulations. These predicted changes are comparable 
in magnitude to benefits that may emerge from some 
Hg emissions control scenarios, indicating that the 
effects of climate change need to be further evaluated 

FIGURE 9.9  Temperature correlations with fish growth rate and mercury concentrations from Quebec lakes (Lucotte 
et al., 2012). a) Walleye age at 375 mm length vs. mean winter temperatures over 3 consecutive winter seasons 
prior to fish sampling; b) pike age at 675 mm length vs. mean annual temperatures over 3 yr prior to fish sampling; 
c) walleye mercury concentration at 375 mm length vs. age at that length; d) pike mercury concentration at 675 mm 
length vs. mean annual temperatures over 3 yr prior to fish sampling.
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across Canada, with preference given to sites with 
more data available for Hg modelling. River and 
stream ecosystems were not included due to the 
relatively limited available data.

The 6 ecosystems encompass a wide variety of 
physical and chemical characteristics (Table 9.2; 
Appendix B) and vary in their proximity to Hg 
emissions. Phantom and Wabamun Lakes are close 
to ongoing or historical sources of anthropogenic 
Hg emissions, while Lake 240 is the most remote 
of the 6 ecosystems. Lake areas range from less 
than 1 km2 (Harp, Dickie, and Lake 240) up to 81.8 
km2 (Wabamun Lake). Wabamun Lake has the 
largest catchment (259 km2) but the smallest ratio 
of catchment area to lake surface area (~3:1), least 
amount of precipitation (434 mm yr-1), and longest 
hydraulic residence time (50+ yr). Big Dam West 
Lake has the highest ratio of catchment area to lake 
surface area (~30:1), greatest precipitation (1 428 
mm yr-1), and the shortest hydraulic residence time 
(28 days). The lakes span a wide range of pH (5.1 
to 8.5) and sulphate concentration (< 2 to 79 mg 
L-1), with Wabamun Lake having the highest values 
for both parameters. DOC concentrations are low to 
moderate among the lakes (~4–11 mg L-1).

Atmospheric Hg concentrations and deposition 
rates reflected background regional values for 4 of 
the lakes. Two of the lakes were affected by local 
point sources of Hg: Phantom Lake, until 2010, and 
Wabamun Lake, where local Hg emissions still occur. 

in the watershed, temperature, precipitation, and 
acid deposition. Statistics were compiled for different 
time intervals: mean annual, mean summer, and 
mean winter conditions over 1 or 3 yr prior to fish 
sampling. Fish growth rate was also considered 
where data were available. Table 8.1 in Chapter 8 
presents the most important variables explaining Hg 
concentrations in walleye (375 mm) and northern pike 
(675 mm). Walleye and pike growth rates were faster 
under warmer conditions (Figures 9.9a and 9.9b). 
Walleye Hg concentrations were strongly inversely 
correlated with fish growth rate (Figure 9.9c), i.e., 
lower in warmer conditions. In contrast, northern pike 
Hg concentrations were slightly higher under warmer 
mean annual temperature (Figure 9.9d), which may 
reflect higher Hg methylation rates in warmer waters 
in shallow coastal areas where this fish species lives. 
Lucotte et al. (2012) suggested that global warming 
could result in decreased Hg concentrations in pelagic 
fish such as walleye but increased Hg concentrations 
in littoral fish such as northern pike.

9.4 MODELLED ECOSYSTEMS
Six lake ecosystems in Canada (referred as “CARA 
lakes” in this chapter because this study was funded 
through the  CARA mercury science program) 
were selected for detailed model analysis for this 
assessment report (Figure 9.1). The sites were 
selected to represent a variety of watershed types 

TABLE 9.2  Distribution of Mercury (Hg) Environmental Ratios Multimedia Ecosystem Sources (HERMES) predicted 
lake water methylmercury (MeHg) concentrations

MeHg concentration, ng L-1

By province/territory

BC AB SK ON QC NS NB NL YT NT NU

Mean 0.07 0.08 0.13 0.07 0.24 0.18 0.35 0.07 0.02 0.01 0.06

Standard deviation 0.03 0.07 0.07 0.05 0.23 0.15 0.30 – – 0.00 –

By lake

Big Dam West Harp Dickie Lake 240 Phantom Wabamun

Mean 0.04 0.06 0.06 0.05 0.11 0.13

Standard deviation 0.02 0.03 0.03 0.01 0.05 0.11
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1 major outflow stream (Clair et al., 2005), and a 
mean hydraulic residence time of 28 days (Kerekes 
and Schwinghamer, 1973; O’Driscoll et al., 2003; 
O’Driscoll et al., 2005a). Streams are the largest 
source of Hg to the lake (O’Driscoll et al., 2005). 
Wetlands occupy 6% of the catchment (O’Driscoll et 
al., 2005a). The lake has low primary productivity and 
is acidic, with a pH of 5.1 (Hickey et al., 2005; Ethier 
et al., 2008; Wyn et al., 2009), the lowest pH of the 
lakes modelled in this study.

9.4.2 Dickie and Harp Lakes, Ontario

Dickie and Harp Lakes are small (< 1 km2) headwater 
lakes (Ethier et al., 2010b) in the Muskoka-Haliburton 
region of the Canadian Shield in south-central Ontario, 
located 26 km apart (Figures 9.11 and 9.12). A layer 
of till, typically less than 1 m deep, overlies granitic 
bedrock (Mills et al., 2009). Soils are podzolic/organic 
(Richardson, 2011). Cottages and some permanent 
residents surround the lakes. Boating and fishing, 
primarily for smallmouth bass, are active. Both 
lakes have catchment areas of approximately 5 km2 
(Hutchinson et al., 1994; Table 9.2), of which 7% 
is wetland for Harp Lake and 22%, for Dickie Lake. 

Concentrations of total Hg and MeHg in surface 
waters of the study lakes were within the typical 
range in Canadian lakes. Sediment Hg concentrations 
showed obvious signs of contamination in Phantom 
Lake (peaks > 20 000 ng g-1). Additional information 
on each of the modelled ecosystems is given below.

9.4.1 Big Dam West Lake, Nova Scotia

Big Dam West Lake (Figure 9.10, Table 9.2) is located 
in Kejimkujik National Park (44.41°N, 65.30°W), in 
southwest Nova Scotia. Although the park has no 
direct industrial inputs of Hg (Drysdale et al., 2005), 
it is downwind from the major industrial areas of 
eastern North America (Temme et al., 2007). Big Dam 
West is one of several lakes in Kejimkujik National 
Park previously investigated for Hg (O’Driscoll et al., 
2005b). Mercury concentrations in the blood of the 
park’s loons (6–7 μg g-1) are among the highest in 
North America (Burgesset al., 1998).

Big Dam West Lake has a surface area of 1.05 km2, 
mean depth of 2.5 m, and maximum depth of 9.5 
m (O’Driscoll et al., 2003). With a catchment area 
of 31.2 km2, the lake has 3 major inflow streams, 

FIGURE 9.10  Big Dam West Lake watershed, Nova Scotia. Paul Arp, University of New Brunswick.
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residence time of Harp Lake is 3.4 years versus 1.9 
years for Dickie Lake (Mills et al., 2009). Harp Lake is 
oligotrophic with circumneutral pH (6.6). Dickie Lake 
is dystrophic and slightly acidic, with pH of 6.0. Both 
lakes have moderate DOC concentrations in the range 
of 4–6 mg L-1.

Maximum depths are 37 m for Harp Lake and 12 
m for Dickie Lake (Eimers et al., 2006; Ethier et al., 
2010b), and both lakes stratify seasonally. Harp Lake 
water does not experience anoxia in deep waters, 
while Dickie Lake’s hypolimnion is anoxic in late 
summer (Ethier et al., 2010b). The mean hydraulic 

FIGURE 9.11  Dickie Lake watershed, Ontario. Paul Arp, University of British Columbia.

FIGURE 9.12  Harp Lake watershed, Ontario. Paul Arp, University of New Brunswick.
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twice that of Lake 240, a shorter residence time (26 
days) and extensive areas of wetlands upstream. Lake 
240 has little wetland area in its direct watershed 
(~1%). The lake’s maximum depth is 13.1 m, and the 
hydraulic residence time is 1.5 yr (Sellers et al., 2001). 
The pH is circumneutral (~7.1) and DOC is moderate 
(7.7 mg L-1) (Orihel et al., 2006). Lake 240 has been 
previously researched for Hg as a reference site for 
the METAALICUS project and for Hg mesocosm studies 
by Orihel et al. (2006, 2007).

9.4.4 Phantom Lake, Saskatchewan

Phantom Lake, Saskatchewan (54.72°N, 101.87°W) 
is a 4.78 km2 water body near Flin Flon, Manitoba, 
650 km north-northwest of Winnipeg (Figure 9.14). 
The region is located on the geologically complex 
Precambrian Shield margin (Outridge et al., 2011). 
The Flin Flon area is situated on the Flin Flon Belt, 
which consists of volcanic and sedimentary rocks 
and contains extensive mineral deposits, primarily 
zinc, copper, silver, and gold (McMartin et al., 1999; 
Outridge et al., 2011; HBMS 2012). The town of Flin 
Flon was established to service the mines and smelter 
owned by the Hudson Bay Mining and Smelter (HBMS) 

9.4.3 Lake 240, Experimental Lakes Area, 
Ontario

Lake 240 is one of a series of lakes used for 
freshwater research at the Experimental Lakes Area 
(ELA) in northwestern Ontario (Figure 9.13) (Johnson 
and Vallentyne, 1971; Sellers et al., 2001), 250 km 
east of Winnipeg. This area is sparsely inhabited 
and relatively unaffected by local anthropogenic 
activities (ELA, 2012). The nearest point-source of Hg 
emissions is 100 km to the southeast (NPRI, 2012). 
The ELA region is characterized as boreal forest; 
vegetation consists predominantly of jackpine, black 
spruce, trembling aspen, and white birch (St. Louis 
et al., 1994; Creed et al., 2008). The region’s granitic 
bedrock is covered by a thin, intermittent layer of till 
(Creed et al., 2008).

Lake 240 has a surface area of 0.44 km2 and a 
7.2 km2 local catchment. Inflows occur from 2 
upstream lakes (Lake 239 and Lake 470) via short 
streams (Sellers et al., 2001). Lake 239 is a 0.56 km2 
oligotrophic lake with a hydraulic residence time of 
7.4 yr. Lake 470 is a small (0.04 km2) brown-water 
lake with a DOC concentration (~12 mg L-1) almost 

FIGURE 9.13  Lake 240 watershed at Experimental Lakes Area, Ontario. Paul Arp, University of New Brunswick.
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technology. Moreover, in 2000, propane replaced coal 
as the smelter’s source of energy (Outridge et al., 
2011). Nonetheless, in 2000, the smelter remained 
the largest single Canadian emitter of Hg, generating 
12% of all Canadian anthropogenic Hg emissions 
and half of Canadian base metal smelting sector’s Hg 
emissions (CCME, 2000; Nilsen, 2003). From 2000 
through 2007, Hg emissions by HBMS averaged 1 180 
kg yr-1 (NPRI, 2012). Mercury levels in soils and lake 

Company, Limited (Outridge et al., 2011). A copper-
zinc smelter operated from 1931 to 2010. Before 
1974, the smelter stacks were 30 m high. These 
were replaced in 1974 by a 251 m stack (McMartin 
et al., 1999). Hg emissions from the smelter were 
estimated to be 30 Mg yr-1 from particulate Hg alone 
in the late 1980s (Outridge et al., 2011). During the 
late 1980s and early 1990s, smelter emissions were 
reduced substantially by the introduction of improved 

TABLE 9.2  Selected characteristics of modelled watersheds

Parameter Units
Range for 
all lakes

Big Dam 
West, NS

Harp Lake, 
ON

Dickie 
Lake, ON

Lake 240, 
ON

Phantom 
Lake, SK

Wabamun 
Lake, AB

Local point sources 
of Hg?

− n/a No No No No
Yes, until 

2010
Yes

Lake surface area km2 0.44–81.8 1.05 0.71 0.94 0.44 4.78 81.8

Catchment area km2 5–259 31.2 5.4 5.0 7.2 21.0 259

Ratio of catchment 
area to lake surface 
area

− 3.2–29.7 29.7 7.6 5.3 16.4 4.4 3.2

Percent wetland in 
catchment

% 1–22 6 7 22 1 9 21

Mean depth m 2.5–13.3 2.5 13.3 5.0 6.1 5.5 6.3

Hydraulic residence 
time

days
28 to 

18 250+
28 1241 694 548 7665 18250+

Lake water thermal 
stratification

– n/a Seasonal Seasonal Seasonal Seasonal −
Weak, 

transient

pH − 5.1–8.5 5.1 6.6 6.0 7.1 7.9 8.5

DOC mg L-1 4–11 5.6 4.4 5.9 7.7 8.3 11.0

Mean annual 
total mercury wet 
deposition (year 
shown in brackets)

µg m-2 yr-1 2.1–24.3 7.3(2006) 5.1 (2006) 5.1 (2006) 3.6 (2006) 24.3 (2010) 2.1 (2006)

Mean total mercury 
concentration, 
epilimnion

ng L-1 
unfiltered

0.27–3.7 3.7 1.60 2.17 1.27 1.50 0.27

Mean MeHg 
concentration, 
epilimnion

ng L-1 
unfiltered

0.071–0.14 0.10 0.09 0.14 0.071 0.08 0.09

Hg concentration, 
fish (standardized 
length)

ng g-1 wet 
weight

–
Yellow perch
230 (12 cm)

Yellow perch
68 (5.6 cm)
Smallmouth 

bass 555
(30 cm)

Yellow perch
72 (7.7 cm)
Smallmouth 

bass 613 
(32 cm)

Yellow perch
68 (YOY)
111 (age 

1+)

Forage fish
97

Northern 
pike

228 (61 cm)

Northern 
pike

380 (56 cm)

YOY = young-of-year. More details, references, and additional parameters are available in Appendix B.
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residence time is 21 yr. The water is alkaline (pH 7.9), 
with concentrations of DOC and sulphate of 8.3 and 
11.9 mg L-1, respectively, in 2009–2010.

The mean concentration of atmospheric Hg0 at the 
monitoring site in Flin Flon was 3.75 ng m-3 between 
2008 and 2011, and wet deposition of Hg was 
estimated at 24.3 mg m-2 yr-1, reflecting the significant 
impact of the nearby smelter. Phantom Lake is located 
approximately 12 km from the monitoring site near 
Flin Flon.

9.4.5 Wabamun Lake, Alberta

Wabamun Lake is an 81.8 km2 water body located 60 
km west of Edmonton (Mitchell and Prepas, 1990) at 
53.51°N, 114.63°W (Figure 9.15). The watershed’s 
major land-use types are agriculture (32%), forest 
(29%), and wetlands (20.9%) (Emmerton, 2011). 
Vegetation includes trembling aspen, balsam poplar, 
willow, and white spruce (Mitchell and Prepas, 1990). 
The watershed houses 1 600 permanent residents 
and 2 800 seasonal residents (Emmerton, 2011). 

sediments are higher closer to Flin Flon (McMartin 
et al., 1999; Outridge et al., 2011), declining to 
background values in the surface layer of forest 
soils and forest litter at a distance of 85 km from the 
smelter (McMartin et al., 1999). Within 10 km of the 
smelter, the concentration of Hg in humus ranges from 
700 to 100 000 ng g-1, while the concentration of Hg 
in forest litter was over 2 500 ng g-1 (1991–1995). 
Background Hg concentrations in these media ranged 
from 100 to 200 ng g-1 (1991–1995). McMartin et al. 
(1999) calculated that, within 10 km of the smelter, 
over 95% of the Hg in humus had been emitted by the 
smelter. Phantom Lake is located within 10 km of the 
HBMS smelter.

Phantom Lake’s catchment covers 21.0 km2, with 9% 
occupied by wetlands (Paul Arp, University of New 
Brunswick; unpublished data). The ratio of catchment 
area to lake area is 4.4:1. The mean runoff yield of 
Phantom Lake’s catchment is estimated at 121 mm 
yr-1 based on hydrological modelling using 1979–2004 
North American Regional Reanalysis input data (Choi 
et al., 2009). The mean and maximum lake depths are 
5.5 and 19 m, respectively. The estimated hydraulic 

FIGURE 9.14  Phantom Lake watershed, Saskatchewan. Paul Arp, University of New Brunswick.
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in 2010 (TransAlta, 2009). Two additional coal-fired 
hydroelectric power plants, Keephills (commissioned 
in 1983) and Genesee (commissioned in 1989), are 
located within approximately 20 km of the lake. 
Combined Hg emissions to the atmosphere from these 
4 facilities averaged 616 kg yr-1 from 2000 through 
2007 (NPRI, 2012).

The lake’s mean and maximum depths are 6.3 and 
11 m, respectively (Mitchell and Prepas, 1990). The 
lake is typically well oxygenated owing to weak 
thermal stratification (Mitchell and Prepas, 1990). 
The hydraulic residence time is greater than 50 
yr (based on outflows from Alberta Environment 
(2002) and volume from Mitchell and Prepas, 1990). 
Wabamun Lake is mesotrophic to eutrophic, with 
pH of approximately 8.5 and concentrations of DOC, 
chloride, sulphate, and suspended particulate matter 
of 11.0, 10.2, 79.3, and 5.0 mg L-1, respectively 
(Mitchell and Prepas, 1990; Emmerton, 2011).

The rate of Hg sedimentation in Wabamun Lake has 
increased 7-fold over the last 150 yr (Donahue et al., 
2006). Before and after 1956, the average annual 
rates of increase in this flux were 1.6% and 3.9%, 
respectively.

Development is extensive along the lake waterfront. 
Northern pike, walleye, lake whitefish, and yellow 
perch inhabit the lake (Mitchell and Prepas, 1990), 
and fishing is active during summer and winter.

Wabamun Lake is surrounded by a 259 km2 
catchment (Mitchell and Prepas, 1990), and the 
ratio of catchment area to lake area is 3.2:1. Water 
enters the lake primarily through surface runoff; 
the 7 largest of the approximately 35 streams that 
drain into Wabamum Lake carry 70% of the total 
runoff (Mitchell and Prepas, 1990). In addition, the 
Wabamun Water Treatment Plant delivers treated 
water (up to 20% of the lake’s annual input) from 
the North Saskatchewan River to the lake to offset 
the interception of surface and groundwater by local 
mining activities (Emmerton, 2011). Coal is actively 
mined in the catchment; underground mines opened 
in 1920 and strip mines appeared in 1948 (Mitchell 
and Prepas, 1990). The region around Wabamun 
Lake has the highest concentration of coal-fired 
plants in Canada. Two coal-fired hydroelectric plants, 
Wabamun and Sundance, were built on the lake in 
1956 and 1970, respectively. Combined Hg emission 
from these 2 facilities averaged 390 kg yr-1 from 2000 
to 2007 (NPRI, 2012). The Wabamun facility closed 

FIGURE 9.15  Wabamun Lake watershed, Alberta. Paul Arp, University of New Brunswick.
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taken to simulate the ecosystems had some common 
features but include some differences as well:

9.5.2.1 Existing Conditions

• Simulations of existing conditions were carried out 
with GRAHM, INCA-Hg, and D-MCM at all sites.

• Four remote lakes: Big Dam West, Harp, Dickie, 
and Lake 240 are the 4 remote sites with no local 
point sources of Hg. The existing conditions were 
simulated from 1990 to 2006. This period was 
chosen because of available global anthropogenic 
Hg emissions data for atmospheric simulations 
(additional discussion in Section 9.6.1). Stream Hg 
loads to the lakes were estimated using outputs 
of INCA-Hg simulations of existing conditions 
(Section 9.6.2). D-MCM simulations repeated the 
1990–2006 deposition rates (17 yr) from GRAHM 6 
times to allow the lake model results enough time 
to fully reflect loading rates, assuming relatively 
stable deposition rates in the recent decades.

• Wabamun and Phantom Lakes: Mercury loads 
have changed significantly in recent decades 
at both Wabamun Lake and Phantom Lake as a 
result of changes to nearby point sources. The 
assumption of relatively stable Hg loads in recent 
decades would not have been valid for these 
ecosystems. Simulations were therefore carried 
out from 1840 to 2006 at Wabamun Lake, using 
a historical reconstruction of Hg deposition from 
GRAHM. Terrestrial export of Hg was assumed 
to lag changes in Hg deposition, taking 200 yr 
to fully respond (as described in Section 9.7.4). 
Terrestrial export was calibrated to match INCA-Hg 
estimates of stream concentrations and fluxes for 
the period 1990–2006. The same approach used 
for Wabamun Lake was initially applied to Phantom 
Lake, but it greatly underestimated observed 
sediment concentrations in Phantom Lake in 
recent decades. The reasons for the discrepancy 
were not clear, and this approach was abandoned. 
Phantom Lake simulations were carried out using 
the observed concentration data circa 1990 as 
initial conditions. Simulations for Phantom Lake 
proceeded through 2010, when operations ceased 
at the nearby HBMS.

9.5 MODELLING APPROACH

9.5.1 Selection of Hg Models

For the current study, Environment Canada (EC) 
developed an ecosystem Hg modelling framework 
to simulate the movement of Hg from emissions to 
the atmosphere, deposition to watersheds, delivery 
to lakes, internal lake cycling, and accumulation by 
aquatic biota. This framework includes an atmospheric 
Hg model (GRAHM), a terrestrial Hg cycling model 
(INCA-Hg), a simple terrestrial “box” model, and 2 
aquatic Hg models (D-MCM and HERMES). GRAHM’s 
estimates of wet and dry Hg deposition were used as 
inputs by INCA-Hg, D-MCM, and HERMES. Estimates 
of terrestrial Hg export from INCA-Hg or the simple 
terrestrial model were used as inputs by D-MCM.

Key input, evaluation, and output fields for GRAHM, 
INCA-Hg, D-MCM, and HERMES are shown in 
Appendix A. Although the terrestrial and aquatic 
models used in this study are process-based and, 
ideally, would apply to any watershed without 
adjusting rate constants (i.e., model calibration) 
from site to site, this is not yet possible. A lack of 
sufficient knowledge on some processes in the Hg 
cycle currently precludes the application of these 
models in a fully predictive mode. Hence, some of 
the parameters of the terrestrial and aquatic models 
needed to be recalibrated among sites using site-
specific measurements. Once recalibrated, the 
ecosystem model framework was then applied to 
simulate the response of all compartments following 
changes to Hg emissions. These site-specific 
calibrations provided quantitative insights into the 
effects of changing Hg emissions and deposition to 
the CARA watersheds.

9.5.2 General Modelling Approach

Simulations were carried out to represent existing Hg 
conditions in the 6 study ecosystems and to predict 
the effects of future reductions in Hg emissions to 
the atmosphere for 5 of the ecosystems, excluding 
Phantom Lake (for reasons explained in Section 9.6.3). 
Because some sites have experienced increased Hg 
loading due to local point sources, the approaches 
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could be determined. The remainder of this section 
provides more information on simulations of existing 
conditions and future scenarios.

GRAHM was used to simulate Hg concentrations 
and deposition fluxes from 1840 to 1989 using the 
constructed historical emissions of Hg from that 
time period. However, global anthropogenic Hg 
emissions estimates were not available before 1990. 
Therefore, spatially distributed global emissions 
were constructed for this period using an approach 
similar to that used by Selin et al. (2008). Present-
day global deposition of Hg is inferred to have 
increased by a factor of approximately 3 above pre-
industrial deposition, based on sediment Hg records 
(Mason and Sheu, 2002; Fitzgerald et al., 1998; 
Muir et al. 2009). We used this constraint to assume 
that the pre-industrial global Hg emissions were 
approximately one-third of the present-day global 
Hg emissions and consisted only of natural sources 
(geologic and re-emissions from soils and oceans). 
The anthropogenic emissions were assumed to be 
zero, whereas the geologic emissions were assumed 
to be at the same level as present-day emissions 
in 1840. The re-emissions from soils and oceans 
were scaled backed from the present-day values 
to pre-industrial values so that geologic sources 
plus re-emissions were one-third of the present-
day emissions. The present-day anthropogenic Hg 
emissions were scaled back to zero in 1840. Best 
available emissions estimates (Outridge et al., 
2011) were used to improve the anthropogenic Hg 
emissions estimates for the period for the 2 study 
sites that received significant historic contamination 
from local facilities (Wabamun and Phantom Lake; 
see Section 9.5). For the period 1990–2006, 
simulation was performed using AMAP anthropogenic 
emissions and natural/re-emissions as described in 
Section 9.6.1. Mercury deposition fluxes, simulated 
by GRAHM, were used to simulate the Hg levels in 
terrestrial and aquatic systems from 1840 to 2156 
using INCA-Hg, a simple soil model, and D-MCM, to 
assess the benefits of emissions reductions on fish 
Hg concentrations in the study lakes.

• The steady-state HERMES model was also applied 
to 244 lakes across Canada to examine factors 
governing existing MeHg concentrations in water.

9.5.2.2 Future Scenarios

Because terrestrial systems respond very slowly to 
changes in atmospheric deposition, modelling of 
the remote sites assumed that terrestrial loads to 
the study lakes would not change systematically 
to a large extent for the simulations of existing 
conditions from 1990 to 2006. For longer simulations 
that spanned more than a century into the future, 
it could not be assumed that terrestrial Hg loads 
would be stable for such long periods. Therefore, 
no a priori assumption was made with respect to 
steady-state conditions when the future response 
of the ecosystems to changes in Hg emissions was 
modelled.

Atmospheric Hg concentration and deposition were 
examined for 11 scenarios that involved different 
emissions controls in several regions of the globe 
and are described in Section 9.7.1. One scenario, the 
maximum feasible technological reduction (MFTR), 
involves global reductions in Hg emissions based 
on best available control technologies and was 
selected for simulations to predict the response of 
fish Hg concentrations to Hg emissions controls. The 
MFTR scenarios were simulated for all ecosystems 
(except Phantom Lake) using GRAHM, D-MCM, and 
a simple terrestrial box model in which a 200 yr lag 
time was imposed between changes in atmospheric 
Hg deposition and the full response of stream Hg 
loads to lakes. These scenarios spanned the period 
from 1840 to 2156 to accommodate changes in Hg 
emissions and Hg deposition that have occurred over 
the industrial period and to allow sufficient time after 
emissions controls for ecosystems to respond.

A base-case future scenario with no emissions 
controls was also simulated, to allow examination 
of the benefits of emissions controls from 2 
perspectives. First, the benefits of emissions controls 
could be estimated relative to concentrations 
that would result if no action was taken. Second, 
whether emissions controls would cause fish Hg 
concentrations to decline relative to current levels 



463

Canadian Mercury Science Assessment – Chapter 9

Simulated concentrations of atmospheric total 
gaseous Hg (TGM = GEM + RGM) and Hg deposition 
fluxes at the 6 ecosystems during the base-case year 
(2006 and 2010 for Phantom Lake) are provided in 
Section 9.7.2. Spatial distribution of atmospheric Hg 
concentrations, deposition, and source attribution 
on a national scale are presented in Chapter 4. 
In this section, monthly wet deposition of Hg and 
concentrations of atmospheric TGM in 2006 and 
multiyear trends from GRAHM are presented.

Observed and predicted atmospheric surface-level 
seasonal cycles of TGM concentrations in 2006 are 
shown in Figures 9.16 and 9.17 for locations across 
Canada, including the 6 CARA ecosystem study sites. 
The observation site in Kejimkujik National Park 
represents Big Dam West Lake; Harp and Dickie 
Lakes are close to the Egbert site in Ontario; Lake 
240 is close to the ELA site in Ontario; and Genesee is 
close to Wabamun Lake. Very limited measurements 
are available near Phantom Lake (Figure 9.17d). The 
intra-annual cycle in monthly mean concentrations of 
atmospheric surface-level TGM was most pronounced 
at Alert. The spring minimum was consistent with 
high-latitude atmospheric mercury depletion events 
(Steffen et al., 2005). The simulated increase in GEM1 
from May through June was driven by volatilization 
from snow and ice surfaces. Elevated GEM 
concentrations in July and August were maintained by 
Arctic Ocean evasion (Dastoor and Durnford, 2013). 
The timing of the spring volatilization from snowpacks 
and the summer evasion from water bodies varied 
with latitude (Durnford et al., 2012; Dastoor and 
Durnford, 2013). At Alert and Kuujjuarapik (Figure 
9.16), simulated monthly mean GEM concentrations 
showed a good overall agreement with observations. 
However, GEM concentrations were noticeably 
underestimated in the spring. This underestimation 
indicated insufficient volatilization of Hg from 
snowpacks and/or runoff and/or a late onset of ocean 
evasion in the model. It should be noted that global 
anthropogenic emissions for 2006 were unavailable, 
which could have had an impact on the results.

1   TGM and GEM are both used here interchangeably.  
For Arctic discussions, GEM is the predominant form of 
mercury in the atmosphere, has been published as such 
and is used thusly in this context. 

9.6 SIMULATIONS OF EXISTING 
CONDITIONS

9.6.1 Global/Regional Atmospheric Heavy 
Metals Model Application to Existing 
Conditions

The baseline year for Hg monitoring was 2006; 
therefore, 2006 was also used as the base year for 
the ecosystem Hg modelling study for all ecosystems 
except Phantom Lake (for which 2010 was used, 
see Section 9.5). Global anthropogenic emissions 
from AMAP for 1990, 1995, and 2000 were used to 
construct the global anthropogenic Hg emissions from 
1990 to 2005 for the existing conditions simulations 
(AMAP, 2011). Since anthropogenic emissions 
were available every 5 yr from 1990 to 2005, 
linear interpolation was used to estimate the global 
anthropogenic emissions in the intervening years.

Because global anthropogenic emissions were not 
available for the base year (2006), emissions for 
that year were constructed by blending AMAP global 
anthropogenic emissions for 2005 with Canadian 
anthropogenic emissions for 2006 from NPRI (2010) 
and US anthropogenic emissions for 2006 from 
the US EPA. Details of Hg emissions can be found 
in Chapter 2. The annual global anthropogenic Hg 
emissions for 2006 in the model were approximately 
1 924 Mg, including annual Canadian anthropogenic 
emissions of approximately 7 Mg. Global emissions 
from natural sources and re-emissions of previously 
deposited Hg (from land and oceans) were based 
on the global Hg budgets by Mason (2009). Land-
based natural emissions were spatially distributed 
according to the natural enrichment of Hg, and 
land-based re-emissions according to the historic 
deposition of Hg and land-use type. The seasonal 
and diurnal variations of terrestrial emissions were 
based on the leaf area index and incoming direct 
solar radiation, following Shetty et al. (2008). Oceanic 
emissions depended on the distribution of deposition, 
primary production, and temperature. Natural and 
re-emissions from land and ocean changed with the 
meteorological conditions at the surface and were 
approximately 4 000 Mg yr-1.
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FIGURE 9.16  Observed (obs) and Global/Regional Atmospheric Heavy Metals Model-simulated (mod) atmospheric 
total gaseous mercury (TGM) concentrations in 2006: a) Alert, NU, b) Kuujjuarapik, QC, c) Bratt’s Lake, SK, d) 
Burnt Island, ON, e) Point Petre, ON, f) St. Anicet, QC, and g) St. Andrews, NB, and Southampton, PEI together 
as the Maritime region. At each location, the 25th and 75th percentiles of the observed TGM concentrations were 
calculated for each month over all available years of data (shading, Chapter 4).
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The typical observed autumn minimum in TGM 
atmospheric surface-level concentrations results from 
Hg mixing in the deeper boundary layer in summer/
autumn and higher dry deposition rates in the model. 
The later September minimum of atmospheric TGM 
occurs because precipitation does not scavenge GEM, 
which constitutes over 95% of atmospheric TGM. 
Moreover, Hg emissions from soils and water bodies 
are highest in summer, as a result of solar radiation. 
Consequently, the minimum in the concentration of 
atmospheric TGM is shifted to September/October. In 
the Maritime region (Figure 9.16g), simulated TGM 
concentrations are overpredicted throughout 2006. 
The model may underestimate oxidation by halogen 
species in the marine boundary layer.

Because this project involved predicting the response 
of atmospheric Hg to changes in anthropogenic Hg 
emissions, GRAHM’s ability to reproduce observed 
historical TGM trends was examined. Observed 

GRAHM’s prediction of a winter/early spring maximum 
and autumn (typically September) minimum for 
atmospheric surface-level TGM in 2006 agreed 
well with observations at individual locations in 
mid-latitude eastern Canada (Figure 9.16d-g and 
Figure 9.17a-b). Previous observations in Canada 
also showed similarly timed minima and maxima 
(Blanchard et al., 2002; Kellerhals et al., 2003; 
Temme et al., 2007). Model analysis showed that 
the northward transport of Hg emitted through 
anthropogenic processes in the United States, light-
induced increases in spring volatilization from the 
snowpack, and the shallower boundary layer were 
responsible for the winter/early spring maximum in 
atmospheric surface-level TGM concentrations in 
Canada. The underestimate of TGM concentrations 
in March and April at Pointe Petre, ELA, and Egbert 
might be related to volatilization of Hg from meltwater 
absorbed by the soils, which is currently not 
represented in GRAHM.
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FIGURE 9.17  Observed (obs) and Global/Regional Atmospheric Heavy Metals Model-simulated (mod) atmospheric 
total gaseous mercury (TGM) concentrations in 2006: a) Kejimkujik, NS, near Big Dam West, b) Egbert, ON, near 
Harp and Dickie Lakes, c) ELA, ON, near Lake 240, d) Creighton, SK, and Douglas, SK, near Phantom Lake, 
and e) Genesee, AB, near Lake Wabamun. At each location, the 25th and 75th percentiles of the observed TGM 
concentrations were calculated for each month over all available years of data (shading, Chapter 4). Observations at 
Douglas Lake are from June 2–3, 2010, and at Creighton from June 7–8, 2010, and October 2–3, 2010.
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global anthropogenic emissions, natural and re-
emissions, as well as atmospheric chemistry, used 
in the model. However, because simulations used 
the meteorological data of the indicated year, any 
variability in the TGM concentrations caused by 
meteorological factors is represented in the model-
simulated trend. Apart from lower variability in the 
simulated concentrations, observed and simulated 
concentrations were consistent for years for which 
both sets of concentrations were available. Simulated 
concentrations decreased at all locations from 1990 
to approximately 2000, then increased slightly until 
2005. After 2005, observed concentrations decreased, 
more strongly at some locations than others. At 
Egbert, near Harp and Dickie Lakes, the observed 
concentrations decreased by approximately 0.3 ng m-3 
from 2005 to 2010. At Kejimkujik, near Big Dam West, 
the decrease was stronger, approximately 0.4 ng m-3. 

trends were caused by changes in (1) meteorological 
conditions (including climate change) that affect 
transport, deposition, and surface emissions; (2) 
global and local biomass burning and other natural 
emissions; (3) global and local anthropogenic 
emissions and their impact on re-emissions; and (4) 
atmospheric chemistry. In this study, the impact of 
the changes in meteorological conditions and global 
anthropogenic emissions on the atmospheric Hg 
trends were included. Annual averages for observed 
and simulated concentrations of atmospheric TGM are 
presented in Figure 9.18 for locations characterized by 
long-term monitoring in Canada (see Chapter 4).

Predicted variability for annually averaged TGM 
concentrations was lower than observed (Figure 
9.18). This reflected the low model horizontal 
resolution and lack of inter-annual variability in the 

FIGURE 9.18  Concentration of atmospheric total gaseous mercury (TGM, averaged annually), as observed and 
as simulated by the Global/Regional Atmospheric Heavy Metals Model, at: a) Alert, NU, b) Burnt Island, ON,  
c) Egbert, ON, near Harp and Dickie Lakes, d) Point Petre, ON, e) St. Anicet, QC, and f) Kejimkujik, NS, near Big 
Dam West Lake.
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Measuring dry deposition of Hg is extremely 
challenging, and no direct flux measurements were 
available. By estimating Hg fluxes in throughfall plus 
litterfall and subtracting open area wet deposition 
in the ELA region, annual dry Hg deposition under 
forest canopies ranged from 9 to 20 μg m-2 yr-1 (see 
Chapter 4). GRAHM-simulated dry deposition was 
approximately 14 µg m-2 yr-1 in this region, which is 
within the estimated range of measurements. During 
2006, simulated wet deposition showed good to 
excellent agreement with the observations from 8 
widely distributed locations in Canada (Figure 9.20). 
As with the concentration of atmospheric TGM, 
when the simulated deposition disagreed with Hg 
deposition observed in 2006, it was often within the 
range of typical deposition values. Overall, the high 
level of agreement found between the simulated and 
observed deposition values indicates the ability of 
the model’s meteorological component to accurately 
predict precipitation. At Genesee, near Wabamun 
Lake, wet Hg deposition was lower (~0.1 to 0.2 µg 
m-2 month-1) in autumn through early spring and 
reached a maximum in summer (June through August; 
~0.6 µg m-2 month-1). At both Egbert, near Harp and 
Dickie Lakes, and Kejimkujik, near Big Dam West, 
wet deposition in autumn through early spring was 

Interestingly, both locations were characterized by 
an increase in atmospheric TGM concentrations from 
2009 to 2010. Reasons for the more recent decline in 
TGM concentrations are unclear.

Simulated monthly trends for TGM concentrations 
at all sites are presented in Figure 9.19. A similar 
analysis for observed trends in TGM is shown in 
Chapter 4. Although the locations included in this 
figure and in the Chapter 4 analysis are identical, 
the periods involved were not the same (model: 
1990–2005; measured: 2000–2009). A similar pattern 
of larger declines in the winter and smaller declines in 
the fall were present in both modelled and observed 
trends. These trends were consistent with warming in 
the low-level atmosphere during winter, possibly due 
to climate change. This would increase the depth of 
the boundary layer and decrease TGM concentrations. 
However, further investigation is required to fully 
explain the trends in simulated monthly atmospheric 
TGM concentrations. Overall, observed concentrations 
show a considerably greater decrease (0.02 to 
0.5 ng m-3 yr-1; Chapter 4). This may reflect the 
different comparison periods involved and/or factors 
responsible for these trends currently absent from 
GRAHM, as noted above.

FIGURE 9.19  Difference in the monthly averaged concentration of atmospheric total gaseous mercury (TGM) from 
1990 to 2005, as simulated by Global/Regional Atmospheric Heavy Metals Model, at: Alert, NU, Kuujjuarapik, QC, 
Egbert, ON, near Harp and Dickie Lakes, St. Anicet, QC, and Kejimkujik, NS, near Big Dam West.
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FIGURE 9.20  Observed (obs) and the Global/Regional Atmospheric Heavy Metals Model-simulated (mod) wet Hg 
deposition in 2006: a) Churchill, MB, b) Genesee, AB, near Lake Wabamun, c) Henry Kroeger, AB, d) Bratt’s Lake, 
ON, e) Egbert, ON, near Harp and Dickie Lakes, f) St. Anicet, QC, g) Kejimkujik, NS, near Big Dam West, and h) 
Cormak, NL.



470

Canadian Mercury Science Assessment – Chapter 9

more important than at Genesee (~0.3 to 0.4 µg m-2 
month-1). However, the warm season maximum was 
considerably stronger and earlier at Kejimkujik (1.0 to 
2.0 µg m-2 month-1 from May to July) than at Egbert 
(~0.7 µg m-2 month-1 from July to October).

Analysis of model-simulated wet deposition shows 
that the observed trends in wet deposition are 
determined primarily by the inter-annual variability 
in precipitation. Since the model simulates the 
meteorology of the corresponding year, the variability 
in simulated and observed annually averaged wet 
deposition was comparable (Figure 9.21). Moreover, 
during the years when the 2 sets of wet-deposition 
values overlapped, the range of simulated and 
observed values was similar at all locations except 
Egbert. No obvious trend was apparent for simulated 
or observed wet deposition at any of the sites.

FIGURE 9.21  Observed and Global/Regional Atmospheric Heavy Metals Model-simulated annually averaged 
wet mercury deposition at a) Bratt’s Lake, ON, b) Egbert, ON, near Harp and Dickie Lakes, c) St. Anicet, QC, d) 
Kejimkujik, NS, near Big Dam West.
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wetland). For Dickie, Harp, and Big Dam West Lakes, 
where soil Hg concentrations are similar to those 
observed in the Dorset region, Ontario, the initial areal 
soil Hg pool was based on comprehensive soil profiles 
and on Hg measurements in upland and wetland soils 
in the Plastic Lake catchment near Dorset (A. Poste, 
Trent University; unpublished data). For Lake 240, a 
smaller initial Hg soil pool was used based on Harris 
et al.(2007).

A substantial portion of Lake 240’s catchment is 
occupied by Lake 239. Lake 239’s portion of the 
catchment is not expected to generate the same yield 
of Hg to Lake 240 as the terrestrial portion. Here the 
Hg fluxes simulated by INCA-Hg for the Lake 239 
sub-catchment were assumed to be representative 
of the portion of Lake 240’s catchment that drains 
directly into Lake 240 as well as the portion of the 
catchment that enters Lake 240 via Lake 470 (a 
very small lake). The Hg flux from the portion of the 
catchment that drains through Lake 239 was treated 
as a constant point-source of both MeHg and THg 
to the lake, with fluxes of 6 mg y-1 for MeHg (Sellers 
et al., 2001) and 118 mg y-1 for THg, based on the 
observation that approximately 5% of THg is present 
as MeHg in Lake 240 outflow (Kelly et al., 1995).

Calibrations of INCA-Hg at Harp, Dickie, 240, and 
Big Dam West Lakes were carried out manually. The 
manual calibrations for sub-catchments of both Harp 
and Dickie Lakes were based on previous calibrations 
generated with multiple runs using Monte Carlo 

9.6.2 Integrated Catchments Model for 
Mercury Application to Existing Conditions

The INCA-Hg model simulated total mercury (THg) 
and MeHg concentrations and fluxes in stream 
water in the study catchments from 1990 through 
2006 (except Phantom Lake, for which simulation 
continued until 2010). For the period before 1990, 
INCA-Hg used the historical Hg deposition estimated 
by GRAHM, together with randomly generated 
meteorological variables during a 20 yr spin-up 
period (1970 through 1989). From 1990 to 2006, 
a rainfall-runoff model (HBV; Section 9.2.2) was 
calibrated using daily time series for observed 
precipitation, air temperature, and stream flow from 
the nearest available meteorological stations and flow 
gauges (Table 9.3). The calibration process optimized 
the model to best reproduce the observations based 
on a statistical test (Nash-Sutcliffe statistic; Nash and 
Sutcliffe, 1970). The Nash-Sutcliffe statistic ranges 
in value from -∞ to 1, and a unity value indicates 
a perfect match between modelled and observed 
values. A zero value and negative value indicate that 
the model’s predictions of a value, at a given time, are 
as accurate as the observed mean or less accurate 
than the observed mean, respectively.

Estimates of Hg concentrations in streams were 
calibrated using observations at Big Dam West, Harp, 
Dickie Lakes, and Lake 240 (Table 9.3). For each of 
these watersheds, a sub-catchment was simulated 
as a single reach with 2 land classes (upland and 

TABLE 9.3  Results from the Nordic Hydrologiska Byråns Vattenbalansavdelning HBVhydrologic model

Ecosystem (lake) Nash-Sutcliffe statistic, unitless
Mean annual 
runoff, mm

Mean runoff 
yield, 

m  Untransformed flow Log-transformed flow

Big Dam West 0.86 0.75 913 0.64

Harp 0.61 0.66 557 0.52

Dickie 0.74 0.57 496 0.52

240 0.75 0.6 231 0.32

Phantom 0.51 0.65 128 0.26

Wabamun 0.53 0.44 55 0.13
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Peak and base observed flow rates were reproduced 
well by the HBV model in all 6 ecosystems, based on 
the Nash-Sutcliffe statistic (Table 9.3). The simulated 
and observed concentrations of THg in stream 
flow also agreed very well for the Harp, Dickie, and 
Big Dam West sub-catchments (Figure 9.22). The 
simulated MeHg concentrations in the stream flow 
reproduced observations very well for Harp and Dickie 
Lakes (Figure 9.22); MeHg data were not available at 
Big Dam West. The model estimates for the THg and 
MeHg stream concentrations in Lake 240 were good 
but not as strong as for Harp and Dickie Lakes. This 
may reflect the frequent periods of very low flow in 
the modelled sub-catchment stream.

techniques (Futter et al., 2007, 2012). The model’s 
performance was evaluated using the Nash-Sutcliffe 
statistic to compare modelled and observed stream 
Hg concentrations.

Four simulations were performed per lake because 
there were no observations available for the Phantom 
or Wabamun watersheds. The 4 simulations for each 
watershed used the local meteorological variables 
and deposition fluxes from GRAHM, but the model 
parameters established for Big Dam West, Harp, 
Dickie, or Lake 240. The average stream water  
Hg fluxes of the 4 simulations were provided to the 
lake models.

FIGURE 9.22  Modelled (black lines) and observed (red points) total mercury (THg) and methylmercury (MeHg) 
concentrations in streams from the Integrated Catchments Model for Mercury base runs in sub-catchments of a)  
Big Dam West (Ford Lake Brook), b) Harp Lake (Hp5 Inflow), c) Dickie Lake (De10 Inflow), and d) Lake 240 (239EIF).
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(0.21 µg m-2 yr-1). The simulated MeHg fluxes at Lake 
240, Phantom, and Wabamun Lakes (0.03 to 0.04 
µg m-2 yr-1) were nearly 10-fold lower. Similar to THg 
fluxes, MeHg fluxes typically increased with runoff. 
Methylmercury fluxes did not appear to be strongly 
driven by the proportion of the catchment covered by 
wetlands.

Simulated seasonal cycles of total daily Hg fluxes from 
the catchment to the lake (Figure 9.23) and runoff 
(Figure 9.24) exhibited a strong similarity for all 6 
ecosystems. Furthermore, the peak Hg fluxes tended 
to coincide with elevated runoff. Thus, the fluxes of Hg 
appeared to be driven mainly by fluxes of water. At Big 
Dam West Lake (Figure 9.23a), daily THg and MeHg 
fluxes from the catchment to the lake peaked in the 
spring and late autumn. The fluxes were intermediate 
in winter and low in summer. Wintertime fluxes tended 
to be higher at Big Dam West Lake than at the other 
5 ecosystems, and runoff remained relatively high 
throughout the winter compared with the other sites. 
The mercury fluxes at Harp and Dickie Lakes (Figure 
9.23b, c) also typically peaked in the spring and 
autumn when runoff tended to be higher. For MeHg, 
and to a lesser extent THg, fluxes were intermediate in 
the summer and very low in the winter. The elevated 

Annual simulated fluxes of THg and MeHg from 
the catchments to the study lakes were in good 
agreement in all ecosystems where observations were 
available (Table 9.4). The simulated THg fluxes from 
catchments ranged from 0.77 µg m-2 yr-1 at Lake 240 
to 4.5 µg m-2 yr-1 at Big Dam West Lake. In the Lake 
240 simulations, the upland/wetland sub-catchment 
of the lake (239EIF) contributed 1.8 µg m-2 yr-1 of 
Hg. However, a substantial portion of the Lake 240 
catchment drains into Lake 240 via Lake 239. As a 
result of Hg losses from Lake 239 through evasion 
and sedimentation, the annual simulated Hg flux from 
the entire catchment to Lake 240 was lower than 
at other sites with measurements. Simulated THg 
fluxes from the entire catchment were also low at 
both Phantom Lake (1.23 µg m-2 yr-1) and Wabamun 
Lake (0.42 µg m-2 yr-1). These sites had no data to 
compare with the model results. In general, THg fluxes 
increased with annual precipitation and runoff. This 
suggests that, to a large degree, the transport of Hg 
from the catchment to the lake depends on hydrology 
and climate.

Similar to THg fluxes, simulated MeHg fluxes were 
higher in catchments at Harp Lake (0.33 µg m-2 yr-1), 
Big Dam West Lake (0.23 µg m-2 yr-1), and Dickie Lake 

TABLE 9.4 Mean annual Hg fluxes from the terrestrial catchment to the lake for the base runs

THg flux, µg m-2 yr-1 MeHg flux, µg m-2 yr-1

Ecosystem (lake) Location Modelled Observed Modelled Observed

Big Dam West Fort Lake Brook 4.47 3.4 (1997/98)
5.0 (1998/99)

3.8 (2001)a

0.23 0.15
(2001)a

Harp Harp Inflow 5 3.07 4.36 (1987/88)b 0.33 -

Dickie Dickie Inflow 10 2.64 2.3 (1987/88)
2.0 (1988/89)b

0.21 -

240 239EIF 1.85 (239EIF) 
0.77 (whole)

2.3 (2001)c 0.06 (239EIF) 
0.03 (whole)

0.03 (2001)c

Phantom 1.23 - 0.04 -

Wabamun 0.42 (whole) - 0.04 (whole) -

aClair et al. (2005), bMierle (1990), cKelly et al. (1995).
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FIGURE 9.23  Total daily fluxes of total mercury (THg) and methylmercury (MeHg) from the entire catchment to the 
lake from the base runs for a) Big Dam West Lake, b) Harp Lake, c) Dickie Lake, d) Lake 240, e) Phantom Lake, and 
f) Wabamun Lake.
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in-stream processes (Table 9.5). However, the model 
sensitivity to in-stream parameters may be greater 
in catchments with long stream lengths, such as Big 
Dam West Lake. Model performance tended to be 
more sensitive to processes in upper soils than to 
those in lower soils. This suggests both higher mobility 
and reactivity of carbon and Hg in the upper soil layers 
relative to the lower soil. Such behaviour has been 
observed in field studies (Grigal, 2002). The notable 
sensitivity of model performance to temperature for 
both methylation/demethylation and organic carbon 
transformation suggests that climate may play an 
important role in driving Hg cycling in terrestrial 
catchments. Model performance for MeHg alone was 
sensitive only to the wetland temperature dependency 
multiplier for methylation/demethylation (Table 
9.5). This highlighted the importance of wetlands in 
determining catchment MeHg export as well as of 
Hg processing, particularly methylation, in wetland 
environments.

MeHg fluxes during summer, when flow was low, 
suggest increased methylation during summer at 
these sites. At Lake 240, THg fluxes were consistently 
high in the spring, with occasional peaks in the 
summer and autumn that, typically, coincided with 
peaks in runoff (Figure 9.23d). Meanwhile, MeHg 
concentrations were highest in the spring and autumn. 
At Phantom Lake, the THg and MeHg fluxes were low 
in the winter and tended to peak in the spring and 
autumn (Figure 9.23e). The fluxes were intermediate, 
with occasional peaks in the summer and lows in 
the winter. At Wabamun Lake, THg and MeHg fluxes 
typically peaked in the spring in simulations, although 
the peak flux occasionally occurred in early summer 
(Figure 9.23f).

A sensitivity analysis that was carried out for the 
sub-catchment in Harp Lake indicated that INCA-Hg’s 
performance was sensitive to hydrologic, terrestrial 
carbon, and terrestrial Hg processes but not to  

FIGURE 9.24  Daily runoff simulated by Integrated Catchments Model for Mercury for the catchments of a) Big Dam 
West Lake, b) Harp Lake, c) Dickie Lake, d) Lake 240, e) Phantom Lake, and f) Wabamun Lake.
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loading to the Lake 658 watershed was increased 
experimentally directly to the lake from 2001 to 2007 
and in the terrestrial system from 2001 to 2006. 
Different stable isotopes of Hg were applied to the 
upland, wetland, and lake. The Hg added to the lake 
(“lake spike”) averaged 105% of ambient Hg loading 
to the lake (terrestrial and atmospheric combined) 
over the 7 yr loading period.

Mercury cycling and bioaccumulation in Lake 658 
was simulated with D-MCM from June 2001, when 
Hg additions began, through to December 2010. The 
D-MCM model was calibrated to reflect observed 
concentrations and fluxes of ambient Hg and “lake 
spike” in water, sediments, and the food web 
(e.g., Figure 9.25). Results from the loading phase 
(2001–2007) showed distinct differences in the rates 
of response of various ecosystem compartments. 
The “lake spike” was added to the lake in sufficient 
quantity to be immediately measurable in surface 
waters (Figure 9.25a) and began to appear as MeHg in 
biota within months, while Hg added to the terrestrial 
system was exported to the lake very slowly. As a 
result of the very low concentrations of upland and 
wetland isotopes observed in the lake during the study, 
D-MCM simulations were carried out for ambient Hg 
and “lake spike,” but not for the terrestrial isotopes.

Additional information on the calibration of INCA-Hg 
to the 6 study lakes and on the sensitivity analysis is 
provided in Appendix C.

9.6.3 Dynamic Mercury Cycling Model 
Application to Existing Conditions

9.6.3.1 Calibration of the Dynamic Mercury 
Cycling Model in the METAALICUS Study

The D-MCM was first calibrated using data from Lake 
658 (METAALICUS Lake) because of the extensive 
available dataset. The resulting model constants 
for Hg reactions and partitioning were used as the 
starting point to apply the model to the 6 CARA 
lakes. Upon further discussion, some adjustments 
were applied from the Lake 658 calibration for each 
study lake. The application of D-MCM to Lake 658 is 
summarized below.

Lake 658 is an 8.4 ha, 14 m deep, oligotrophic, 
headwater lake with an average water residence time 
of 5 yr, pH approximately 6.5, DOC approximately 9 
mg L-1 and summer anoxia in the bottom 1–3 m of 
the hypolimnion (Harris et al., 2007). The watershed 
includes a 42 ha upland and 1.7 ha wetland. Mercury 

TABLE 9.5  Significant parameter sensitivity – Integrated Catchments Model for Mercury

Significant, Kolmogorov-Smirnov statistic, p < 0.05

Parameter THg MeHg THg and MeHg combined

Wetland

Temperature dependency multiplier for 
methylation/demethylation

yes yes No

Temperature dependency multiplier for organic 
carbon transformation

yes no Yes

Upper soil organic carbon sorption rate no no Yes

Upper soil retention volume yes no Yes

Upland

Upper soil organic carbon desorption rate yes no Yes

Upper soil organic carbon sorption rate yes no No

Lower soil organic carbon sorption rate yes no No
Upper soil retention volume yes no No
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during the loading phase, and declined during the 
recovery phase (Figure 9.25e). The D-MCM calibration 
reflected these trends, but overpredicted northern pike 
“lake spike” concentrations in the 2004–2006 period.

9.6.3.2 Application of the Dynamic Mercury 
Cycling Model to Existing Conditions for  
CARA Lakes

The D-MCM was applied to the 6 CARA lakes for the 
period from 1990 to 2006 using data for atmospheric 
deposition from GRAHM and for terrestrial Hg export 
to the lakes from INCA-Hg. Adjustments were made 
to some model constants on a lake-by-lake basis to 
improve model agreements with the observations 
(Table D1 in Appendix D).

Each year, “lake spike” concentrations increased in 
a saw tooth pattern, rising when Hg was added and 
declining between additions. Surface water ambient 
and “lake spike” MeHg concentrations tended to rise 
in the autumn after water column mixing, persisted at 
higher concentrations during the winter period, and 
declined during the ice-free stratified period (Figure 
9.25c, d). After Hg additions ceased in October 2007, 
observed and simulated surface water concentrations 
declined more than 90% in the water column within 
a year and remained low in surface waters from 
2008 to 2010 (Figure 9.25a). Inorganic “lake spike” 
concentrations in sediments also declined in the first 2 
yr of recovery, although more slowly than in the water 
column (~20%). “Lake spike” Hg appeared in yellow 
perch age 1 yr and older at low levels within months 
after “lake spike” additions began in 2001, increased 

FIGURE 9.25  Observed and Dynamic Mercury Cycling Model predicted mercury concentrations in Lake 658, 
Ontario, from 2001 to 2010. Water column observations from H. Hintelmann and US Geological Survey (Gilmour et 
al., unpublished). Northern pike data are for fish 500 mm in length. Yellow perch are age 1–2 yr. Fish observations 
from Paul Blanchfield, DFO.
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It would not have been appropriate to calibrate 
Phantom and Wabamun Lakes assuming relatively 
stable Hg loading for current conditions because 
local anthropogenic emissions changed significantly 
between 1990 and 2006. In the case of Wabamun 
Lake, 2 coal-fired electric power plants are located 
on the lake and 2 more are within approximately 
20 km of the lake (Section 9.4). The Wabamun Lake 
simulations spanned 1840–2006 using an historical 
reconstruction of atmospheric Hg deposition (1840–
1989) and deposition to the lake for the current period 
(1990–2006) from GRAHM. A simple box model for 
soils was used to infer the lag time between changes 
in Hg deposition and the response in terrestrial Hg 
export and runoff Hg concentrations (Section 9.7.4).

The model calibration results for the 4 remote 
lakes (Harp, Dickie, Big Dam West, and Lake 240) 
represented steady-state concentrations resulting 
from 1990 to 2006 Hg loadings to the lakes. This 
was achieved by repeating the 17 yr cycle of loading 
6 times (102 yr) before reporting the monthly Hg 
fluxes and concentrations for a final set of 17 yr. In 
addition to the base-case calibrations to conditions 
from 1990 to 2006, simulations were also carried out 
for these 4 lakes to examine the potential benefits of 
emissions controls (described later in this chapter). 
These simulations spanned 1840–2156 and used an 
historical reconstruction of atmospheric Hg deposition 
from GRAHM.

FIGURE 9.26  Dynamic Mercury Cycling Model predicted sources and sinks of inorganic divalent mercury (Hg2+) in 
the 6 study lakes for 2000–2006. Fluxes are averages for the lake surface area. *Evasion is net flux to atmosphere, 
except for Wabamun Lake, where evasion represents the gross flux of elemental mercury out of the lake. 
Atmospheric deposition directly to the lake surface does not include elemental mercury except for Wabamun Lake.



479

Canadian Mercury Science Assessment – Chapter 9

Simulated mass balances for inorganic Hg2+ in the 6 
study lakes from 2000 to 2006 are shown in Figure 
9.26 and as part of broader ecosystem mass balances 
in Figure 9.27. The importance of direct atmospheric 
and terrestrial Hg loads in the models varied widely 
among the lakes (Figure 9.28). Big Dam West Lake 
was strongly dominated by terrestrial Hg inputs (154 
µg m-2 yr-1, approximately 95% of the total Hg load) 
in simulations (Figure 9.26a). This was due to the 
rapid water throughput (hydraulic residence time 
approximately 1 month). The modelled stream Hg 
load was similar to a value of 146 µg m-2 yr-1 derived 
from O’Driscoll et al. (2003, 2005a), who estimated 
a terrestrial load of 153 g yr-1 and reported a lake 
area of 1.05 km2. In contrast, 95% of the overall Hg 
load to Wabamun Lake was estimated to result from 
atmospheric deposition (~30 µg m-2 yr-1, 2000–2006 
average, Figure 9.26f). This deposition rate was 

In Phantom Lake, sediment profiles showed a clear 
decline in Hg concentrations from peak concentrations 
in excess of 20 µg g-1 in the mid-1980s, when smelter 
emissions started to decline, to current concentrations 
in the range of 2 µg g-1 (J. Kirk, Environment Canada; 
Chapter 2). Initial simulations for Phantom Lake from 
1840 to 2006, using an approach similar to Wabamun 
Lake modelling, revealed that estimated external Hg 
loads were insufficient to produce observed increases 
in Hg concentrations in the sediments. The reasons 
for the discrepancy are unclear, and the long-term 
historical reconstruction of Hg loading to Phantom 
Lake was therefore considered unreliable. It was still 
possible to simulate Hg in Phantom Lake from 1990 to 
2006 using the observed sediment Hg concentrations 
in 1990 as the initial conditions and simulating the 
ongoing decline of sediment Hg levels observed from 
1990 to 2006.

FIGURE 9.27  Simulated fluxes of total Hg (g yr-1) for Big Dam West Lake, Harp Lake, Dickie Lake, Lake 240, 
Phantom Lake, and Wabamun Lake. Global/Regional Atmospheric Heavy Metals Model-estimated atmospheric 
deposition. Integrated Catchments Model for Mercury-estimated volatilization from the catchment. Box soil model 
used in conjunction with Dynamic Mercury Cycling Model, guided by Integrated Catchments Model for Mercury, 
estimated catchment export. The transfer to deeper soil layers was calculated as the remainder. Apart from 
atmospheric deposition to the lake surface, the Dynamic Mercury Cycling Model estimated all lake-related fluxes. 
Terrestrial volatilization for 2006 is from Integrated Catchments Model for Mercury. Remaining fluxes are averaged 
over 7 years (2000 to 2006). Primary lake-related fluxes are highlighted by heavy arrows.
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deposition of inorganic Hg2+ and GEM were more 
important at the 2 sites with nearby point sources 
(Phantom and Wabamun Lakes).

Outflow dominated Hg losses from Big Dam West 
Lake (nearly 80%) due to the rapid water throughput 
and was a secondary loss pathway for inorganic Hg 
in the other 5 lakes. Sedimentation represented 50% 
or more of Hg losses for 4 of the lakes (Harp, Dickie, 
Wabamun, and Phantom Lakes) and dominated all 
other Hg fluxes in the Phantom Lake simulation, 
exceeding loads during the 2000–2006 period by 
50-fold due to highly elevated Hg concentrations 
in sediments (Figure 9.26e). These concentrations 
represent a legacy pool of Hg contamination in 
sediments that is now being buried. Modelled Hg 
burial in Wabamun Lake (25–30 µg m-2 yr-1 for 2000 
to 2006) was consistent with Hg sedimentation rates 
reported for the lake in the literature (15–37 µg m-2 yr-

1; Donahue et al., 2006; Sanei et al., 2010). Elemental 
Hg evasion rates in simulations varied from 3 to 13 
µg m-2 yr-1 (2000–2006 averages). Evasion is reported 
here as the net diffusive flux, except for Wabamun 
Lake, where the gross flux out of the lake is reported. 
At some sites, evasion exceeded atmospheric Hg 
deposition to the lake surface (e.g., Big Dam West 
Lake, consistent with a mass balance estimated for 
the lake by O’Driscoll et al., 2005a).

significantly higher than for other CARA sites, which 
were in the range of approximately 5–10 µg m-2 yr-1 
for the 2000–2006 period. Elevated Hg deposition 
rates for Wabamun Lake were largely associated 
with emissions from nearby coal-burning facilities 
in GRAHM simulations for the 2000–2006 period. 
Estimated terrestrial inputs to Wabamun Lake were 
low (~1–2 µg m-2 yr-1). Mercury deposition rates 
estimated for Phantom Lake from 2000 to 2006 
(~5–6 µg m-2 yr-1, adjusted for losses in snow/
ice) were much lower than in preceding decades, 
reflecting a large reduction in Hg emissions. Between 
the extremes of Big Dam West and Wabamun 
Lakes, Hg loads to Harp Lake, Dickie Lake, and 
Lake 240 included important components from both 
atmospheric Hg deposition and terrestrial inputs 
(Figure 9.26b-d).

Atmospheric Hg deposition that had accumulated 
in snow/ice during periods of ice cover was loaded 
to lakes during the month when the ice melted. 
Based on Lalonde et al. (2002), 40% of atmospheric 
Hg deposition during ice cover was assumed to 
be reduced and re-emitted to the atmosphere. Net 
atmospheric Hg loads to the lakes were therefore less 
than gross deposition rates. Wet Hg deposition was 
the largest estimated component of Hg deposition 
to the surface of remote lakes (> 60%), while dry 

FIGURE 9.28  Estimated importance of direct atmospheric and terrestrial mercury loads to the study lakes 
(2000–2006).
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methylation. Better results were achieved in the 2 
contaminated sites (Wabamun and Phantom Lakes), 
with sediment methylation exceeding water column 
production (Figure 9.29e,f). In situ methylation 
represented the lowest percentage of overall MeHg 
supply in Big Dam West Lake (28%), where inflow 
dominated, and was most important in the Wabamun 
and Phantom Lake simulations (89–95% of overall 
supply). Modelled rates of gross methylation ranged 
from approximately 1 to 5 µg m-2 yr-1. Atmospheric 
supply of MeHg was a minor contribution to MeHg 
supply in all lakes modelled.

For the CARA lake calibrations, in situ methylation 
represented 28–95% of the estimated total supply 
of MeHg to the lakes (Figure 9.29). These rates were 
calibrated using observed MeHg concentrations in the 
lake rather than comparing with direct measurements 
of methylation rates, because it is not yet possible to 
measure true rates of gross microbial methylation. 
Methylation can occur in sediments and in the water 
column in the D-MCM model, depending on the 
site conditions. For the 4 remote CARA lakes, water 
column methylation (or methylation at the sediment 
interface where MeHg is readily supplied to overlying 
waters) was calibrated to be greater than sediment 

FIGURE 9.29  Dynamic Mercury Cycling Model predicted sources and sinks for methylmercury (MeHg) in the 6 
study lakes for 2000–2006. Values are averages of monthly outputs after 102 yr “warm-up” portion of simulation, 
except for Phantom Lake, which was run from 1990 to 2010 with no warm-up.
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For Wabamun Lake, limited observed water 
column concentrations of inorganic Hg2+ were low 
relative to most small to medium-sized lakes. The 
model similarly predicted low surface water Hg 
concentrations, except the spring Hg load following 
snow/ice melt. Observed and modelled inorganic 
Hg2+ levels in sediments and MeHg concentrations in 
the water column, sediments, and fish (yellow perch) 
were within the natural range for freshwater systems 
(Appendix D, Figure D5); however, concentrations may 
have been lower if the lake had not received Hg loads 
from coal-burning facilities.

In Phantom Lake, the observed rate of decline of 
inorganic Hg2+ concentrations in sediments was 
reasonably simulated (Appendix D, Figure D6) and 
was largely associated with the rate of solids burial. 
Current Hg loading rates were very small compared 
with the rate of Hg burial (Figure 9.26e) and had little 
influence on the rate of decline of Hg concentrations 
in sediments. Observed water column concentrations 
in 2009–2010 were 1.4 to 3.4 ng L-1, within the 
range for lakes without nearby point sources of 
Hg. These concentrations were consistent with a 
scenario in which high rates of Hg contamination 
had ceased before the simulated period, and the 
water column was predicted to respond to changes 
in Hg loading on a scale of months. Data were not 
available to establish temporal trends for Hg in fish. If 
fish Hg levels had mimicked the decline of sediment 
Hg levels until sediments returned to background 
concentrations (an order of magnitude lower or 
more), background fish Hg levels would eventually 
be much lower (e.g., 0.02–0.03 µg g-1 for an adult 
northern pike) than what is currently observed. While 
plausible, these concentrations would be very low. 
Alternatively, sediment solids may not be a good 
indicator of the trends in methylation of inorganic Hg. 
If the concentration of bioavailable Hg is more closely 
related to the trend for Hg in surface waters (e.g., if 
water column methylation is much more important), 
future methylation and fish Hg concentrations may not 
decline as much as sediment Hg concentrations. For 
this reason, it is currently difficult to predict trends for 
fish Hg concentrations decades into the future, and 
hence no predictions of future trends or benefits of 
emissions control scenarios were included for Phantom 
Lake in later sections. Better predictions for Phantom 

Methylmercury losses from the lakes included outflow, 
burial, biological demethylation, and photochemical 
degradation. Outflow was the dominant simulated loss 
of MeHg from Big Dam West Lake (nearly 6 µg m-2 
yr-1), as a result of the high flow of water through the 
lake. Outflow was a minor loss for the other lakes and 
burial was a small term for MeHg losses in all lakes 
(less than 0.4 µg m-2 yr-1). Biological demethylation 
was an important loss in all systems (Figure 9.29), but, 
as mentioned above, different combinations of gross 
methylation and demethylation could have produced 
similar results.

The D-MCM was calibrated to reasonably reflect 
observations for inorganic Hg2+ and MeHg 
concentrations in water, sediments, and fish. 
Adjustments were needed to some model constants 
among the lakes to optimize the model fit to 
observations. Observed and simulated concentrations 
in the 4 remote lakes were within the range observed 
for ecosystems without point sources of Hg (Appendix 
D, Figures D1-D4).
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and ratios of catchment size to lake area. Wabamun 
Lake was estimated to receive nearly 95% of its 
Hg load via direct deposition to the lake, while the 
opposite was the case for Big Dam West Lake (~95% 
via stream loads) (Figure 9.28). Sources of MeHg also 
varied widely, with stream inputs being the major 
source to Big Dam West Lake (~70%) while in-lake 
methylation was the dominant MeHg source predicted 
for Wabamun Lake (Figure 9.29). While ecosystems 
have different methylating efficiencies, the primary 
reason for variability of the importance of MeHg loads 
was related to flows and to the ratio of catchment 
area to lake area. Direct atmospheric deposition of 
MeHg was predicted to be a small source term to all 
lakes modelled.

The primary loss pathways for Hg in the study lakes 
were burial, volatilization, and outflow, each predicted 
to be the most important removal mechanism in at 
least one of the lakes. These processes influence 
how quickly Hg levels can decline in lakes once Hg 
loading is reduced. Outflow was most important in 
Big Dam West Lake because of the high rate of water 
throughput. Burial was important in all other modelled 
lakes and dominated all fluxes in Phantom Lake 
(inputs and outputs) as a result of the continuing burial 
of legacy contamination. Volatilization rates from lakes 
are uncertain, particularly over a wide pH range, but 
were simulated to be comparable to burial Hg losses 
in Harp and Dickie Lakes.

Observed and simulated concentrations of total 
Hg and MeHg in surface waters of the study lakes, 
including Phantom and Wabamun Lakes, were within 
the natural range of variability in Canadian lakes. 
Sediment Hg concentrations showed obvious signs 
of contamination in Phantom Lake (> 13 000 ng 
g-1). The combination of obvious contamination in 
sediments but not in the water column of Phantom 
Lake suggested that historical contamination had 
stopped when water column sampling was carried 
out in 2009–2010, or that the limited water column 
sampling (n = 3) missed periods of elevated loading 
and water column Hg levels. The former hypothesis is 
more likely.

Lake will emerge as the scientific understanding of Hg 
pools available for methylation improves.

A sensitivity analysis was carried out for the D-MCM 
simulation of Harp Lake. Predicted inorganic Hg2+ 
concentrations in surface waters in Harp Lake were 
most sensitive to uncertainty associated with the 
mass sedimentation rate, water column DOC and pH, 
external Hg loads, and Hg2+ photoreduction rates. 
Methylmercury concentrations in northern pike age 5 
to 6 yr were sensitive to uncertainty associated with 
MeHg photodegradation, bioaccumulation factors 
for phytoplankton and zooplankton, stream MeHg 
loads, and input parameters related to methylation 
(methylation rate constant, particle decomposition, 
porewater DOC). Uncertainty associated with fish 
growth rates and diets were also influential.

9.6.4 Ecosystem Perspective on  
Mercury Cycling

The 6 modelled ecosystems span a wide variety of 
physical and chemical characteristics and vary in 
their proximity to Hg emission sources (Section 9.4). 
Simulated atmospheric Hg deposition rates (~3–9 µg 
m-2 yr-1) reflected background regional values for 4 
of the lakes, while historical local point sources of Hg 
influenced Phantom Lake in the past, and deposition 
remains elevated (~30 µg m-2 yr-1 predicted by 
GRAHM) at Wabamun Lake.

The fate of Hg deposited onto the 6 ecosystems, 
simulated with GRAHM, INCA-Hg, and D-MCM, is 
summarized in Figure 9.27. Most of the Hg deposited 
to terrestrial systems was predicted to be retained 
(78–94%), as removal mechanisms (terrestrial 
volatilization and runoff) are slow. As a result, the 
turnover of Hg in terrestrial catchments is slow, 
potentially requiring centuries, and most of the Hg 
currently exported is not recently deposited.

Differences in ecosystem characteristics had 
important implications for Hg transport, cycling, 
and bioaccumulation in simulations. The relative 
importance of direct atmospheric deposition and 
terrestrial Hg inputs varied widely among the 
modelled lakes, due largely to differences in hydrology 
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from this sector are reduced in Canada by 83% from 
2.0 to 0.3 Mg yr-1. For the 476 coal-fired power plants 
in the United Sates, the emissions reduction varies 
from 1 to 100%. Overall, emissions from this sector 
in the United States are reduced from 42 to 6.3 Mg 
yr-1, or by 85%. These emissions reductions translate 
to reductions in total anthropogenic Hg emissions 
in Canada and the United States of 21% and 38%, 
respectively. Global anthropogenic Hg emissions 
are reduced by less than 2.0% under both these 
scenarios.

In Asia the capture rates currently are not well known; 
thus, a capture rate of 25% is assumed at all coal-
fired power plants, and the emissions reduction is 
considered identical at all plants. The presumed 
increase in capture rate at the coal-fired power plants 
from 25 to 90% translates to a reduction in the Asian 
coal-fired power plant sector of 87% or 265 Mg yr-1. 
Under this emissions reduction scenario, total Asian 
and global anthropogenic Hg emissions are reduced 
by 21% and 14%, respectively.

Scenarios 2 through 5 were developed because the 
US EPA has imposed a 90% capture rate of Hg by 
all coal-fired power plants beginning April 2012 (US 

9.7 ECOSYSTEM RESPONSES 
TO CHANGES IN MERCURY 
EMISSIONS

9.7.1 Emissions Reduction Scenarios

Eleven Hg emissions reduction scenarios were 
investigated in this study (Table 9.6). Scenario 1, 
the base case, used the current best estimate of 
anthropogenic, terrestrial, and oceanic Hg emissions 
for 2006 (see Section 9.6.1). In the remaining 
scenarios, anthropogenic emissions were reduced in 
different schemes.

In Scenarios 2 through 5, a 90% capture rate of Hg 
emitted from coal-fired power plants is imposed in 
various regions of the world. Because some facilities 
already capture Hg to varying extents, this does not 
represent a 90% reduction of Hg emissions from 
all coal-fired power plants in the indicated region. 
In Canada and the United States, where the current 
rate of capture is known for every coal-fired power 
plant, the emissions reduction varies by plant. For the 
21 coal-fired power plants in Canada, the emissions 
reduction varies from 50 to 90%. Overall, emissions 

TABLE 9.6  Mercury emissions reduction scenarios

Scenario number Scenario description Scenario name

1 Best estimate of emissions for 2006 Base

2 90% capture rate of Hg emitted by coal-fired power plants in Canada Can90

3 90% capture rate of Hg emitted by coal-fired power plants in the United States USA90

4 90% capture rate of Hg emitted by coal-fired power plants in Asia Asia90

5 90% capture rate of Hg emitted by coal-fired power plants in Canada, the 
United States, and Asia

CUA90

6 Maximum feasible technological reduction: applied globally to anthropogenic 
Hg emissions

MFTR

7 50% reduction of all anthropogenic Hg emissions in Canada Can50

8 50% reduction of all anthropogenic Hg emissions in the United States USA50

9 50% reduction of all anthropogenic Hg emissions in Asia Asia50

10 50% reduction of all anthropogenic Hg emissions in Europe Eu50

11 50% reduction of all anthropogenic Hg emissions globally World50
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Thus, the MFTR scenario represents the maximum 
possible reduction of Hg emissions and discharges 
currently to all environmental compartments. Globally, 
anthropogenic Hg emissions to air are reduced by 
55% or 1 063 Mg yr-1.

In Scenarios 7 through 11, Hg emissions from all 
anthropogenic sources are reduced by 50% in 
all regions, regardless of the source’s sector and 
regardless of the technology currently applied. These 
scenarios best represent theoretical experiments. 

EPA, 2011). Implementation is required within 4 yr. 
The application of the 90% capture rate to individual 
global regions provides an estimate of the impact that 
the implementation of the 90% capture rate by each 
region will have on Canada’s environment.

Scenario 6, MFTR, was described by Pacyna et al. 
(2010). This scenario assumes that all available 
technological methods of reducing anthropogenic Hg 
emissions are implemented globally in all sectors. The 
cost of implementation is a secondary consideration. 

TABLE 9.7  Anthropogenic mercury emissions under the emissions reduction scenarios

Scenario number Scenario 
name

Region Emissions in 
2006,

Mg yr-1

Emissions 
under the 
scenario,
Mg yr-1

Reduction in 
emissions 
under the 
scenarios,

Mg yr-1

Reduction in 
emissions 
under the 
scenarios,

%

By emission sector: coal-fired power plants (CFPP)

2 Can90 CFPP: Canada 2.0 0.3 1.6 83
3 USA90 CFPP: USA 42 6.3 36 85
4 Asia90 CFPP: Asia 305 41 265 87

5 CUA90
CFPP: Canada+ 

USA+ Asia
350 47 302 86

With respect to regional anthropogenic emissions

2 Can90 Canada 7.6 6.0 1.6 21
3 USA90 USA 96 60 36 38
4 Asia90 Asia 1 266 1 001 265 21

5 CUA90
Canada+  

USA+ Asia
1 369 1 067 302 22

7 Can50 Canada 7.6 3.8 3.8 50
8 USA50 USA 96 48 48 50
9 Asia50 Asia 1 266 633 633 50
10 Eu50 Europe 149 74 74 50

With respect to global anthropogenic emissions

2 Can90 World 1 924 1 923 1.6 0.1
3 USA90 World 1 924 1 888 36 1.9
4 Asia90 World 1 924 1 660 265 14
5 CUA90 World 1 924 1 622 302 16
6 MFTR World 1 924 861 1 063 55
7 Can50 World 1 924 1 921 3.8 0.2
8 USA50 World 1 924 1 876 48 2.5
9 Asia50 World 1 924 1 291 633 33
10 Eu50 World 1 924 1 850 74 3.9
11 World50 World 1 924 962 962 50
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9.7.2 Global/Regional Atmospheric Heavy 
Metals Model Results with Emissions 
Reductions

All Hg emissions reduction scenarios were simulated 
by GRAHM. Concentrations of atmospheric TGM 
and total gross Hg deposition predicted for each 
ecosystem (entire watershed) under each scenario are 
provided in Table 9.8. Mercury deposition to terrestrial 
surfaces was 2 to 5 times higher than deposition 
to water surfaces. Gaseous elemental mercury 
deposition dominated deposition of RGM and TPM over 
vegetated areas; however, a significant portion of GEM 
deposition was also rapidly revolatilized (Figure 9.27). 
In 2006 (the base year except for Phantom Lake), 
simulated concentrations of atmospheric TGM were 
greatest at the 2 locations affected by local sources 
of anthropogenic Hg emissions, Phantom (2.14 ng 
m-3) and Wabamun Lakes (2.01 ng m-3). Of the regions 
less affected by local anthropogenic Hg emissions, 
simulated concentrations of atmospheric TGM were 
highest at Harp and Dickie Lakes (1.69 ng m-3). 
Simulated deposition to the Wabamun watershed (118 
µg m-2 yr-1) in 2006 was 3.2-fold higher than that in 
the Phantom Lake watershed (37 µg m-2 yr-1). Higher 
deposition at Wabamun was due to the proximity to 
active Hg emissions from coal-fired power plants; 
the plants’ primary emissions of Hg2+ contributed to 
significant dry deposition at the site in simulations. 
Predicted TGM concentrations at Phantom Lake were 
influenced by Hg emissions from the smelter and 
high re-emissions of GEM around the site resulting 
from elevated historic deposition of Hg in the region 
since the beginning of the smelting operation. Of 
the remaining 3 regions, simulated watershed Hg 
deposition was similar at Harp and Dickie Lakes (28 
µg m-2 yr-1) and at Big Dam West Lake (27 µg m-2 yr-1), 
and lower at Lake 240 (21 µg m-2 yr-1). Interestingly, 
the estimated concentration of atmospheric TGM at 
Phantom Lake decreased by 7.4% from 2006 to 2010, 
while Hg deposition was predicted to decrease by 
44% during the same period.

Under the Hg emissions reduction scenarios, GRAHM 
predicted that atmospheric TGM concentrations and 
Hg deposition at the remote ecosystems decrease 
to a smaller extent than global anthropogenic Hg 
emissions (Table 9.9, Figure 9.30). This is expected, 

Although the total reduction of anthropogenic 
emissions globally is comparable between Scenarios 
MFTR and World50 (55% and 50%), the spatial 
distribution of emissions reductions is different. In 
the MFTR scenario, emissions reductions are greater 
in the regions where current emissions control 
technologies are less advanced. Scenarios 7 to 11 
reduce global anthropogenic emissions by 3.8 Mg 
yr-1 or 0.2% (Scenario 7, Canada), 48 Mg yr-1 or  
2.5% (Scenario 8, United States), 74 Mg yr-1 or  
3.9% (Scenario 10, Europe), 633 Mg yr-1 or 33% 
(Scenario 9, Asia), and 962 Mg yr-1 or 50% (Scenario 
11, World).

Mercury emissions reduction scenarios were 
conducted by applying the emissions reduction 
dictated by a given scenario at the end of 2006 
(Table 9.7). Since the Hg emissions from the Flin 
Flon smelter near Phantom Lake were reduced to 
zero in 2010, a second set of GRAHM runs were 
performed by applying the emissions reductions at 
the end of 2010, so that the impact of emissions 
reduction scenarios for Phantom Lake were current. 
The atmospheric, terrestrial, and aquatic models were 
run from 1840 to 2006 at first and then continued 
under emissions reduction scenarios for another 
150 yr. The base case was also continued after 2006 
without changing emissions, to provide a baseline 
for the analysis of the impact of emissions reduction 
scenarios on Hg levels in the study ecosystems. 
The run without changing emissions into the future 
represents a “no action” scenario and is referred as 
“no action” or “base run.”

Fifty years of meteorological data were constructed 
by randomizing the meteorological years from 1990 
to 2006. This 50 yr set of meteorological data was 
repeated 3 times (150 yr) to run the models from 2006 
to 2156 under each of the scenarios. This prevented 
systematic changes in meteorological factors over 
time that would have influenced model results. Using 
a randomized meteorological dataset maintains inter-
annual variability and ensures the model results are 
not biased to a specific year. Another reason for using 
the randomized meteorological data was to minimize 
the influence of climate change on the model runs so 
that the impact of anthropogenic emissions reduction 
alone can be analyzed.
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given that anthropogenic emissions represent 
approximately one-third of global Hg emissions 
(Durnford et al., 2010). The percent reductions in 
the ecosystems’ atmospheric Hg under the Can90 
(~0.1%) and Can50 (~0.4%) scenarios are typically 
greater than or equal to the percent reductions in 
the global anthropogenic emissions (0.1% and 0.2%, 
respectively). This indicates the importance of local 
and regional sources of atmospheric Hg (note: the 
response of atmospheric Hg at a given location is not 
linearly related to the change in global Hg emissions). 
Given the demonstrated importance of local Hg 
sources, Scenarios USA90 and USA50 were also 
expected to have a disproportionately large impact 
on atmospheric Hg at the ecosystems’ Canadian 
locations. Indeed, the percent reduction in the 
ecosystems’ atmospheric Hg was typically 81% of the 
reduction in the global anthropogenic Hg emissions 
under these scenarios. Under the remaining scenarios, 
the reduction in ecosystem Hg ranged from 30 to 42% 
of the reduction in the global anthropogenic  
Hg emissions.

TABLE 9.8  Concentrations of atmospheric total gaseous mercury (TGM) concentration and total mercury deposition 
(dep.) averaged over the entire watersheds under the mercury emission scenarios after the atmosphere has fully 
responded to changes in anthropogenic emissions

Scenario Big Dam West Harp and Dickie ELA 240 Phantom Wabamun

TGM, 
ng m-3

Dep.
µg m-2 yr-1

TGM, 
ng m-3

Dep.
 µg m-2 yr-1

TGM, 
ng m-3

Dep.
 µg m-2 yr-1

TGM, 
ng m-3

Dep.
µg m-2 yr-1

TGM, 
ng m-3

Dep.
µg m-2 

yr-1

Base case 
2006

1.47 25.7 1.69 28.2 1.47 21.2 2.14 36.7 2.01 118.5

Base case 
2010

− − − − − − 1.98 20.6 − −

Can90 1.47 25.6 1.69 28.1 1.47 21.2 1.98 20.6 1.95 33.3

USA90 1.45 25.2 1.66 27.4 1.46 20.9 1.96 20.4 1.99 118.3

Asia90 1.40 24.5 1.62 26.9 1.40 20.2 1.88 19.6 1.91 117.6

CUA90 1.38 24.1 1.58 26.2 1.38 19.8 1.86 19.4 1.85 32.3

MFTR 1.15 20.0 1.31 21.4 1.15 16.8 1.56 16.1 1.54 58.9

Can50 1.46 25.6 1.69 28.0 1.47 21.1 1.96 20.4 1.96 68.2

USA50 1.44 25.1 1.65 27.3 1.45 20.8 1.95 20.3 1.99 118.3

Asia50 1.33 23.2 1.53 25.6 1.32 19.1 1.78 18.6 1.81 116.6

Eu50 1.44 25.3 1.66 27.8 1.45 20.9 1.94 20.3 1.97 118.2

World50 1.21 21.1 1.39 23.1 1.21 17.5 1.58 16.8 1.63 65.1

 P
HO

TO
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TABLE 9.9  Reductions in atmospheric total gaseous mercury (TGM) concentration and total mercury deposition 
(Dep.) averaged over the entire watershed under the mercury emissions reduction scenarios

Scenario Big Dam Westa Harp and 
Dickiea

ELA 240a Phantomb Wabamuna Reduction of 
atmospheric Hg c

Percentd 

TGM, 
%

Dep.
%

TGM,
%

Dep.
%

TGM, 
%

Dep.
%

TGM, 
%

Dep.
%

TGM, 
%

Dep.
%

Can90 0.1 0.1 0.1 0.1 0.1 0.1 0.2 0.1 2.7 72 0.1 139

USA90 1.3 1.7 1.8 2.6 1.3 1.6 0.9 1.0 0.7 0.1 1.5 81

Asia90 4.5 4.5 4.6 4.4 4.8 4.7 4.9 4.7 4.7 0.7 4.6 34

CUA90 5.9 6.3 6.5 7.0 6.2 6.4 5.8 5.8 8.1 73 6.2 40

MFTR 22 22 23 24 22 21 21 22 23 50 22 40

Can50 0.3 0.3 0.4 0.5 0.3 0.3 0.7 0.7 2.3 42 0.4 216

USA50 1.9 2.4 2.5 2.9 1.8 2.0 1.3 1.3 1.1 0.2 2.0 81

Asia50 9.6 9.5 9.7 9.2 10.2 9.8 10.2 9.7 10.0 1.6 9.7 30

Eu50 1.7 1.5 1.7 1.4 1.8 1.5 1.9 1.5 1.7 0.2 1.6 42

World50 17 18 18 18 18 17 20 18 19 45 18 36

aVersus the 2006 base case; bVersus the 2010 base case; cCombined deposition and TGM — Wabamun does not contribute to this calculation;  
dPercent reduction in watershed deposition and TGM divided by percent reduction in global anthropogenic emissions (expressed as percentage).

FIGURE 9.30  Reductions in atmospheric total gaseous mercury (TGM) concentration and mercury deposition (Dep) 
averaged over the entire watershed at the ecosystems’ locations under mercury emissions reduction scenarios. 
Note the different y-axis range for Wabamun Lake deposition.
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reduction scenarios resulted in less than 10% 
changes in Hg deposition at remote ecosystems.  
The MFTR scenario was further applied to Hg cycling 
in terrestrial and aquatic systems to study the whole 
ecosystem response to the anthropogenic emission 
controls. The results are presented in the following 
sections.

9.7.3 Integrated Catchments Model 
for Mercury Results with Emissions 
Reductions

The INCA-Hg simulations of future scenarios were 
carried out for 150 yr from 2007 to 2156, except 
for the Phantom Lake catchment, which started in 
2011. In many of the ecosystems, Hg fluxes from the 
catchment to the lake under the scenarios continue to 
increase despite the reduced emissions. This suggests 
that the catchments were not currently at steady state 
with respect to Hg deposition. Simulated catchment 
Hg fluxes generally tended to experience a rapid but 
small initial response, followed by a very slow long-
term response. For example, Hg export at Lake 240 
decreased under the MFTR scenario by approximately 
2% relative to the base scenario in the first few 
years after emission reductions, followed by a steady 
decrease of a further approximately 3% by 2156. The 
rapid initial response was due to the export of water 
that did not fully mix into soils. A full response to the 
reduction predicted for atmospheric deposition would 
involve a 20% reduction in catchment export. Under 
the MFTR scenario for Lake 240, such a full response 
would require approximately 900 yr. The predicted 
times to respond were over 1 000 yr in the remaining 
5 ecosystems.

INCA-Hg simulation of the response of catchment Hg 
fluxes under emissions reduction scenarios contains 
several sources of uncertainty. Predicted response 
times may be overestimated. The understanding of 
processes controlling Hg cycling in terrestrial systems 
is still emerging, and there are no long-term stream 
Hg observation records to evaluate and optimize 
model performance for long runs. These uncertainties, 
while not critical in shorter model runs, can lead to 
large uncertainties in longer runs and in simulated 
response times. A key determinant of the slow 

Under Scenarios Can90, USA90, Asia90, Can50, 
USA50, and Eu50, the concentrations and deposition 
of atmospheric Hg are typically reduced by less than 
5% (Table 9.9). The only scenarios under which the 
reduction in ecosystem atmospheric Hg exceeds 5% 
are CUA90 (~6%), Asia50 (~10%), World50 (~18%), 
and MFTR (~22%). Scenarios CUA90, World50, and 
MFTR all reduce local emissions to some extent. The 
significant impact of the Asia50 scenario, which has 
no impact on local sources of Hg, is explained by the 
large estimates of Asian emissions (1 266 Mg yr-1 of 
Hg through anthropogenic processes or 66% of the 
annual global anthropogenic Hg emissions (Table 9.7)) 
relative to other source regions.

The response of atmospheric Hg at the ecosystems’ 
locations to the Hg emissions reduction scenarios 
can be highly variable. The response at Wabamun 
was atypical (Table 9.9), with the reduction in TGM 
concentration and Hg deposition being significantly 
higher compared with other ecosystems under the 
Can90, CUA90, MFTR, Can50, and World50 scenarios 
because of the proximity of Canadian anthropogenic 
Hg emissions. Atmospheric Hg in the Harp and 
Dickie Lakes regions was greatly influenced by 
anthropogenic Hg emissions in the United States. A 
stronger decline in Hg concentration and deposition 
was therefore estimated for the USA90 and USA50 
scenarios when compared with other sites.

Because the residence time of Hg in the atmosphere 
is roughly 1 yr, most of the reduction in atmospheric 
Hg (~85%) occurred within a year in the simulations. 
It took approximately 5 yr for the atmosphere to 
fully respond to changes in emissions. Reductions 
in anthropogenic emissions are expected to reduce 
the re-emissions of Hg from the land and ocean 
over various time scales, depending on the surface. 
Currently, GRAHM does not include the impact of 
changes in anthropogenic emissions on the re-
emissions from ocean and soils; however, it does 
include the impact of changes in deposition (and, 
therefore, emissions) on the re-emissions of Hg from 
snow/ice surfaces.

Scenario MFTR resulted in the greatest reduction 
of Hg deposition (20–24%) to the remote Canadian 
ecosystems considered in this study. Other emissions 
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and offer insights into terrestrial Hg export to some 
lakes and into lag times between deposition and 
terrestrial export.

It was hypothesized that the relative changes in 
sediment Hg accumulation rates in modern times 
are proportional to changes in overall Hg loading 
rates. The overall Hg load to a lake was assumed 
to include atmospheric and terrestrial loads. Due 
to lag times associated with terrestrial Hg cycling, 
terrestrial and atmospheric Hg loads to lakes do 
not change at the same rate. Assuming that the 
atmospheric Hg deposition estimates from GRAHM 
were reliable, terrestrial Hg loads to a lake were 
back-estimated such that the relative change in 
overall loading would match the relative changes in 
Hg accumulation observed in sediments (Figure 9.31). 
Using relative changes rather than absolute Hg fluxes 
reduced problems associated with 2 issues: (1) only 
a portion of the overall Hg load in lakes is delivered to 
sediments (the rest being lost to evasion and outflow), 
and (2) the absolute flux for a core is not necessarily 
representative of the lake-wide average sediment 
accumulation rate, as a result of focusing effects.

predicted response time to changes in Hg deposition 
was the large soil Hg pool sizes in zones with low 
mobility. In INCA-Hg, the portion of Hg attributed to the 
upper and lower soil layers controls the fraction of Hg 
that is reactive and mobile. This aspect of the model 
requires more detailed guidance. Nevertheless, the 
estimated response times are consistent with the view 
in the literature that catchment responses to changes 
in Hg deposition will be slow as a result of large 
soil Hg pools. Lack of understanding of processes, 
chemistry, and measurements of Hg in the terrestrial 
system was the most important source of uncertainty 
in this study.

9.7.4 Estimation of Terrestrial Response 
Rates Using Sediment Cores

As noted in the previous section, INCA-Hg is a 
developmental model. Data needed to constrain INCA-
Hg predictions are limited, and the rate of response 
of Hg concentrations in terrestrial systems following 
changes in atmospheric deposition is uncertain. 
Sediment cores record the history of Hg accumulation 

FIGURE 9.31  Conceptual diagram showing the approach used to estimate the terrestrial response time to changes 
in atmospheric mercury deposition using sediment cores.
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4. A simple box model for soils that predicts Hg 
concentrations in soils and runoff with time 
was used. The model was calibrated so that 
(1) modern-day Hg concentrations in runoff 
and terrestrial Hg export to the lake reasonably 
matched INCA-Hg estimates and (2) the relative 
temporal change in combined terrestrial and 
atmospheric Hg loads to the lake matched 
the relative change in observed Hg fluxes in 
sediments.

This analysis was carried out for the Big Dam West 
Lake watershed. Sediment core Hg profiles and 
relative increases from pre-industrial concentrations 
were obtained from Telmer et al. (2005) (Figure 
9.32). Observed Hg concentrations in sediments 
increased roughly 3-fold above pre-industrial values. 
The comparable increase for both concentrations 
and Hg fluxes (roughly 3 times) suggests that mass 
sedimentation rates did not change markedly during 
modern times.

It was also assumed that other factors relevant 
to terrestrial Hg export and accumulation rates in 
sediments did not change with time. If dated cores 
indicated that mass sedimentation rates changed 
appreciably with time at a particular site, the approach 
was not used. Other factors such as land use and 
climate change could also affect the delivery of Hg 
from watersheds and the accumulation rates in 
sediments, contributing to uncertainty of the results 
described here.

The steps used in the analysis were as follows:

1. Sediment cores were obtained with dated rates of 
Hg accumulation. Mercury fluxes were normalized 
to pre-industrial rates measured in the cores.

2. GRAHM estimates of atmospheric Hg deposition to 
the lake from pre-industrial times to the present 
were obtained.

3. Terrestrial Hg inputs to the lake for the 1990 to 
2006 period were obtained using INCA-Hg results, 
which were calibrated to field data.

FIGURE 9.32  Mercury profiles in sediment cores from Big Dam East (BDE) and Big Dam West (BDW) Lakes. From 
Telmer et al. (2005). a) Mercury concentrations for sediments of different age, b) relative increases from pre-industrial 
concentrations (circa 1800).
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FIGURE 9.34  Soil box model calibration for a) mercury 
load and runoff concentrations, and b) mercury export 
from Big Dam West Lake watershed.

This analysis was not possible for Harp and Dickie 
Lakes because of lack of sediment core data. 
The analysis was also not considered suitable for 
Wabamun Lake and Lake 240 watersheds because 
sediment core data suggest that conditions other than 
Hg loading (e.g., mass sedimentation rates) may also 
have changed in these watersheds in modern times. 
In the case of Phantom Lake, it was impossible to 
calibrate the simple soil model using the GRAHM Hg 
historical deposition to produce observed sediment Hg 
concentrations. The historical Hg deposition estimates 
were too low (as a result of lack of knowledge of 
historical emission around the site) to reproduce the 
high sediment Hg concentrations observed in Phantom 
Lake. The 200 yr response time estimate for Big Dam 
West Lake was therefore used as an estimate of 
response time for terrestrial runoff Hg loading for all of 
the study watersheds. It is, however, recognized that 
actual response times among ecosystems may vary 
significantly and that the estimated 200 yr response 

The simple box model approach is shown in Figure 
9.33. Soils and vegetation were treated as a single 
well-mixed compartment, with Hg on solids and in the 
dissolved phase. While it takes time for Hg deposition 
to move through vegetation and litter into soils, it was 
assumed that this would occur relatively quickly (e.g., 
years) compared with the time scales involved with 
the overall response of soils and Hg export (decades 
or centuries). A single box does not reflect the 
potential for Hg to have different mobility in different 
soil horizons. However, the box model was used 
not to mechanistically predict the response of Hg in 
terrestrial systems but to empirically infer the lag time 
between deposition and export consistent with Hg 
accumulation trends in lake sediments. The temporal 
response of the soil system was accelerated or slowed 
by changing the soil thickness, with a thicker soil layer 
responding more slowly. Mercury partitioning between 
solids and the dissolved phase was also adjusted 
to match present-day Hg runoff concentrations and 
fluxes in the model with INCA-Hg predicted current 
conditions from 1990–2006 (Figure 9.34). A wide 
range of soil thicknesses were tested with the soil 
box model, yielding a time required for the watershed 
to respond to changes in atmospheric deposition 
(defined as 4 half-lives or approximately 94% of the 
complete response) from 20 yr to 1 000 yr (Figure 
9.35). The best fit between the relative changes in 
model-estimated Hg loads and the sediment Hg fluxes 
was obtained using a terrestrial response time of 
approximately 200 yr for Big Dam West Lake. A 20 yr 
response resulted in too great an increase in overall 
Hg loading, while a 1 000 yr response produced too 
slow a response for this watershed.

FIGURE 9.33  Conceptual diagram of simple box 
model for soils.
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9.7.5 Dynamic Mercury Cycling Model 
Load Reduction Simulations and 
Ecosystem Responses

The Scenarios MFTR and “no action” (or base case) 
were simulated with the D-MCM for 5 lakes (Big 
Dam West, Harp, Dickie, Lake 240, and Wabamun) to 
examine the potential benefits of emissions controls 
on fish Hg concentrations. These simulations began 
in 1840, imposed emissions reductions at the end of 
2006, and predicted conditions 150 yr into the future 
(to 2156). An identical set of simulations was also 
carried out without emissions reductions, to provide a 
base case for comparison. Terrestrial runoff Hg fluxes 
to the lakes from 1840 to 2156 for the MFTR and “no 
action” scenarios were estimated using the simple 
terrestrial box model described above, assuming 
a terrestrial response time of 200 yr based on the 
analysis for Big Dam West Lake. While the actual 
response rates for the CARA watersheds is uncertain, 
it is likely to be long in all cases, i.e., at least decades 
if not centuries or longer. The 200 yr response rate 
was considered suitable to examine the implications 
of slow terrestrial responses for the rate of change of 
Hg concentrations in the study lakes, including fish. 
Historical and future estimates of atmospheric Hg 
deposition from GRAHM and terrestrial lake loadings 
from the simple box model were used in D-MCM 
simulations. Long-term simulations of the response 
of fish Hg concentrations in Phantom Lake were not 
carried out because of case-specific uncertainties 
associated with that site.

Predicted temporal changes in atmospheric Hg 
deposition (from GRAHM), terrestrial runoff Hg fluxes 
(from the soil box model), and MeHg concentrations in 
adult sport fish (northern pike or walleye) from D-MCM 
are presented in Figure 9.36 for the MFTR and “no 
action” scenarios. The solid lines represent the MFTR 
scenario while the dashed line shows predictions 
if no emissions controls were imposed in 2006. 
Atmospheric Hg deposition increased in all scenarios 
until approximately 1990 but then decreased for all 
sites except Wabamun, as worldwide Hg emissions 
started to decline. Atmospheric Hg deposition for 
Wabamun Lake continued to rise until 2006 because 
of the impact of rising emissions from local coal-fired 
power plants.

is uncertain. Other model-based studies have inferred 
watershed response times on the order of decades 
to a few centuries (Sunderland and Jacob, 2010; 
Hakanson et al., 1988), while INCA-Hg simulations 
predicted terrestrial response times on the order of 
1 000 yr (Section 9.7.3).

FIGURE 9.35  Predicted relative increases in mercury 
loading for Big Dam West Lake, using terrestrial 
response times of 20, 200, and 1 000 yr in a simple 
box model for soils.
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Terrestrial Hg loads to lakes were still increasing in all 
simulations in 2006 as the terrestrial systems slowly 
responded to changes in atmospheric Hg deposition. 
However, emissions reductions were predicted to 
reduce terrestrial Hg loads compared with no action 
for all time periods. In absolute terms, some lakes 
were predicted to experience increased terrestrial Hg 
loads after MFTR emissions reductions, while others 

In all cases, emissions reductions were beneficial, 
but important differences emerged among the 
ecosystems. Atmospheric deposition responded most 
rapidly to the emissions reductions; approximately 
85% reduction in the first year, approximately 
90% reduction at the end of second year, and 
approximately 98% reduction at the end of third year 
at all sites.

FIGURE 9.36  External mercury loads (atmospheric and terrestrial) to the lakes and predicted fish mercury 
concentrations from 1840 to 2156 for base case (no action) and MFTR scenario. Scenarios assumed 200 yr 
terrestrial response to changes in atmospheric Hg deposition. Lines are 17 yr trailing averages. External mercury 
loads are based on annual averages of monthly inputs. Fish mercury concentrations are based on values at mid-year 
each year.
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response time for terrestrial systems (Figure 9.36a). 
Overall, Hg loading largely followed the predicted 
trajectory for terrestrial Hg loads, which essentially 
stopped increasing when MFTR was imposed. Other 
lakes showed mixed combinations of rapid and slow 
components of the long-term change to loading, 
depending on the relative importance of atmospheric 
and terrestrial Hg loads (e.g., Dickie Lake, Figure 
9.36c).

9.7.6 Will Emissions Reductions Reduce 
Fish Mercury Levels?

In the absence of additional emissions reductions, 
fish Hg concentrations were predicted to rise above 
current levels in the future in all 5 ecosystems 
modelled (Figure 9.36). This rise is because of 
predicted increasing terrestrial Hg loads, which had 
not reached stable levels as of 2006 in response to 
modern-day increases in Hg deposition.

Simulations predicted that Hg emission controls would 
be beneficial with respect to fish Hg concentrations in 
all cases, compared with scenarios with no emissions 
controls. The MFTR scenarios (21–50% reductions 
in Hg deposition to watershed) resulted in fish Hg 
concentrations among the study lakes up to 33% 
lower after 150 yr than if no reductions occurred 
(Figure 9.37). The long-term benefit of emissions 
reductions in terms of fish Hg levels, compared 
with no reductions, would be proportional to the 
reduction in Hg loading to the lakes. For example, 
a 20% reduction in Hg loading would ultimately 
result in fish Hg concentrations 20% lower than if no 
action were taken. In the case of Wabamun Lake, the 
anthropogenic Hg sources contributed significantly 
more to dry deposition of Hg than to wet deposition. 
Dry deposition was a larger component of total 
deposition to the terrestrial system than of direct 
deposition to the lake surface. As a result, emissions 
reductions were predicted to cause a 50% reduction 
in Hg deposition to the watershed (mostly land) and 
an approximately 35% reduction in Hg deposition 
directly to the lake surface. Most of the Hg load to 
Wabamun Lake was directly to the lake surface. Fish 
Hg concentrations were therefore predicted to decline 
by nearly the 35% decline in the Hg load to the lake 

experienced decreases. Atmospheric Hg loads, even 
after MFTR reductions, were still sufficient that long-
term steady-state Hg concentrations in soils and 
runoff in the terrestrial systems were at least as high, 
or higher, than the concentrations in 2006 for some 
lakes. The variable response among ecosystems was 
due to some terrestrial systems being closer to steady 
state than others in simulations in 2006. Mercury 
export from terrestrial systems that were closer to 
steady state in 2006 would be more likely to decline in 
absolute terms in the future when emissions controls 
were imposed.

In all scenarios, overall Hg loading to the lakes 
included rapid and slow response phases following 
reductions in atmospheric deposition. The rapid phase 
was associated with changes to direct atmospheric Hg 
deposition to the lake surface. In the case of INCA-Hg 
simulations, there was also a small initial change in 
runoff Hg loading, associated with Hg in precipitation 
that did not mix fully into soils. This initial terrestrial 
response was not present in the simulations based on 
the simple soil model because detailed hydrological 
processes were not represented. The slow second 
phase for the overall response of Hg loading was 
associated with the lagged change in terrestrial Hg 
export, requiring approximately 200 yr after changes 
in Hg deposition.

The importance of slow and rapid phases of Hg 
loading varied widely among lakes. Lakes where 
direct atmospheric deposition was more important 
experienced a greater initial response in simulations. 
Wabamun Lake, for example, was estimated to receive 
most of its Hg load (~85–90%) from the atmosphere. 
When atmospheric Hg deposition was reduced roughly 
31% in 2007 in the MFTR scenario for Wabamun Lake, 
overall Hg loading declined relatively rapidly (Figure 
9.36e). Terrestrial Hg loading changed very slowly 
by contrast and would only produce a small gradual 
additional change in fish Hg concentrations after the 
initial phase. Mercury loading to Big Dam West Lake 
was estimated to be strongly dominated by terrestrial 
inputs (~95%) because of the high throughput of 
water. When atmospheric Hg deposition was reduced 
in the MFTR scenario for Big Dam West Lake, fish 
Hg concentrations did not show an appreciable 
immediate response in the simulations, with a 200 yr 
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predicted to experience small initial declines in fish Hg 
levels, followed by additional more gradual declines 
through the remainder of the simulations.

These results suggest that the common assumption 
that fish Hg concentrations will respond in direct 
proportion to a change in atmospheric Hg deposition 
does not always apply in absolute terms. This 
assumption is true only if the ecosystem is at steady 
state with respect to atmospheric deposition when 
controls are put in place and if sufficient time is 
given to fully respond to a change in deposition. If 
the terrestrial system were not at steady state when 
emissions controls were imposed, the long-term 
response would not be proportional to changes in 
atmospheric Hg deposition. This would be more 
evident in ecosystems where terrestrial Hg loads are 
more important. By contrast, lakes where terrestrial 
Hg loads are small would experience more rapid 
changes in fish Hg concentrations and more closely 
approach a proportional response to changes in Hg 
deposition.

The ecosystem model simulations performed in this 
study assume that Hg loading systematically changes 
following emissions reductions. In reality, changes in 
land use, climate, water quality, and biological status 

surface. Overall, the change in Hg loading to a lake 
after emissions reductions depends on the declines in 
Hg deposition to the terrestrial system and lake and on 
the relative importance of runoff and direct deposition 
as Hg sources to the lake.

When comparing future fish Hg concentrations with 
current levels, MFTR emissions reductions were not 
always sufficient to produce fish Hg concentrations 
lower than current levels. Fish Hg concentrations in 
Big Dam West Lake were essentially stable after MFTR 
emissions reductions, whereas they would continue to 
increase if no action were taken (Figure 9.36a). Fish 
Hg concentrations in Lake 240 simulations continued 
to increase after MFTR emissions reductions but less 
than they would have increased without reductions 
(Figure 9.36d). In these lakes, terrestrial Hg loads 
stabilized or continued to increase after reductions, 
rather than declining. Fish Hg concentrations would 
never decline below 2006 levels in the scenario 
shown for Lake 240 in Figure 9.36d. Greater 
reductions in Hg deposition would be needed to 
achieve long-term declines to this lake. In contrast, 
emissions reductions were predicted to rapidly result 
in declining fish Hg concentrations in Wabamun Lake, 
as a result of the importance of direct atmospheric 
Hg loading for this lake. Harp and Dickie Lakes were 

FIGURE 9.37  Response of mercury concentrations in age 5 sport fish in 5 CARA lakes for MFTR scenario, 
assuming a 200 yr terrestrial lag time. Values are 17 yr trailing averages to remove variability.
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response on a scale of years and a slow second phase 
on a scale of at least decades, and possibly centuries 
or longer.

In addition to the rate of change of Hg loading to a 
lake, Hg concentrations within the lake experience 
a lag in responding to changes in loading. Inorganic 
Hg concentrations in sediments may require 
decades to fully respond, much more slowly than the 
water column, which can respond within months. 
Methylation rates could also change more slowly in 
sediments than in the water column, as methylation 
rates may reflect sediment concentrations. The 
D-MCM results suggest that methylation linked to the 
water column or sediment interface is important and 
likely dominant in the METAALICUS study lake where 
MeHg concentrations in the lake and its biota changed 
faster than inorganic Hg concentrations on sediment 
solids. Nevertheless, more knowledge is needed 
concerning the relative importance of methylation of 
inorganic Hg2+ in the water column and sediments 
among lakes, because of the different response 
times of Hg in these compartments. Overall, the rate 
at which fish Hg concentrations progress towards 
a complete response will depend on the relative 
importance of terrestrial and direct atmospheric loads 
to the lake and the relationship of in-lake methylation 
to Hg2+ concentrations in the water column, sediment 
porewater, and sediment solids.

could alter the biogeochemical characteristics of the 
ecosystems and confound the effects of Hg emissions 
reductions. Any long-term monitoring programs must 
include a variety of physical, chemical, and biological 
variables, in addition to Hg measurements, in order 
to isolate different causal factors affecting fish Hg 
concentrations.

9.7.7 What Controls the Time Required for 
Fish Mercury Concentrations to Respond 
to Emissions Reductions?

The response of fish Hg concentrations to changes 
in Hg emissions depends on many atmospheric, 
terrestrial, and aquatic processes. The overall 
response time is limited by those steps that 
respond most slowly. The modelling presented here 
indicated that various environmental processes and 
compartments would require the following amounts of 
time to fully respond:

• Hg deposition after changes in emissions: 6 to 18 
months

• Hg in soils and runoff after changes in Hg 
deposition: Up to centuries

• Hg in the water column after changes in Hg 
loading externally or from sediments: Months

• Hg in surface sediments after changes in Hg 
loading: Years to decades

• Methylation rates after changes in Hg 
concentrations in water or sediments: Immediately

• MeHg concentrations in sediments after a change 
in methylation rate: Unknown – months?

• Response of food web to changes in exposure: 
Rapid at base of web (days to months); years for 
adult fish (for fish of a standard length sampled 
over years in monitoring programs)

The terrestrial system is the slowest step in the overall 
response of freshwater fish Hg levels to changes 
in Hg emissions. Lakes that effectively only have 
atmospheric Hg loads will take less time for fish Hg 
concentrations to fully respond than lakes where 
terrestrial Hg loads are important. Lakes with a mix of 
terrestrial Hg loads and direct atmospheric deposition 
will exhibit multi-phase responses, with a rapid  P
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Lakes were grouped into 7 clusters based on 
watershed size and mean depth, in order to associate 
other Canadian lakes with one of the CARA lakes 
(Table 9.10). Thus, each cluster was typified by 
one of the 6 modelled ecosystems, to which North 
Cranberry Lake, Nova Scotia, was added to include a 
shallow lake with small watershed. North Cranberry 
Lake is located in Kejimkujik National Park (44.41°N, 
65.30°W), in southwest Nova Scotia; Hg budgets for 
North Cranberry Lake have been studied previously 
(O’Driscoll et al., 2005b). Mean depth was a proxy 
for watershed slope, which likely influences the 
rate of transfer of Hg from the watershed to the 
lake. The Wabamun cluster included lakes with 
large watersheds. Medium-sized watersheds were 
associated with the Harp, Phantom or Big Dam West 
Lakes cluster. The Harp Lake cluster included the 
deepest lakes, while the Big Dam West Lake cluster 
included the shallowest lakes. The North Cranberry 
Lake, Dickie Lake, and Lake 240 clusters included 
small watersheds, with lake depths most shallow for 
North Cranberry Lake and deepest for Lake 240.

The HERMES model was originally calibrated using 
data from Big Dam West Lake (Ethier et al., 2008)  
and has since been applied, without re-calibration,  
to Harp and Dickie Lakes (Ethier et al., 2008; 
Ethier et al., 2010a) and to Lake Ontario (Ethier et 
al., 2012). This same model calibration was used 
for all 244 lakes. The HERMES predictions for Big 
Dam West Lake were in agreement with available 
measured background values for total Hg in the 
water column and sediments, as well as with the 
mass balance analysis published by O’Driscoll et al. 
(2005a). Watershed Hg contributions to Big Dam West 
Lake were predicted to be an order of magnitude 
greater than atmospheric sources and outflow was 
the primary loss mechanism predicted for total Hg 
(consistent with D-MCM predictions). The HERMES 
predictions for Harp and Dickie Lakes were also 
comparable to measured concentrations of total Hg 
in the water column (Mills et al., 2009; Sosso-Kolle, 
2008; Ethier et al., 2010a). The HERMES estimates 
for sediment Hg concentrations were comparable 
to observations from littoral sediments and deeper 
(20–25 cm) pelagic sediments, and about one-third 
of concentrations in surface (0–10 cm) pelagic 

9.8 METHYLMERCURY 
CONCENTRATIONS IN CANADIAN 
LAKES USING MERCURY (HG) 
ENVIRONMENTAL RATIOS 
MULTIMEDIA ECOSYSTEM 
SOURCES
Canada contains over 30 000 lakes with surface 
areas ranging from 3 to 99 km2, over 500 from 
100 to 999 km2, and 43 larger than 1 000 km2 
(Environment Canada, 1973). Of the largest 25 lakes 
worldwide, 8 are at least partly in Canada (Gleick, 
1993). Information on the spatial distribution of 
MeHg concentrations in lake waters across Canada 
would help to better understand the link between 
atmospheric Hg deposition and fish Hg concentrations. 
HERMES is a mass balance lake Hg model with 
relatively few input variables and was used to 
examine broad geographic trends for Hg in Canadian 
lakes by estimating current MeHg concentrations 
in lake waters. The HERMES model assumes that 
conditions are stable (steady-state), not changing 
systematically with time.

Based on the availability of data needed for model 
inputs, the HERMES simulations were carried out 
for 244 lakes across Canada, including the 4 remote 
CARA lakes. Atmospheric Hg concentrations were 
based on GRAHM predictions. Other inputs used 
for these HERMES simulations are presented in 
Appendix E. Data sources for inputs in Appendix 
E are provided in Appendix F, which indicates that 
many of the observations are from before 2000. 
Unfortunately, lakes with available data were not 
evenly distributed across Canada; approximately 80% 
were in Alberta (Table 9.10), and the remaining lakes 
were distributed across the country. For some inputs, 
empirical functions were used to estimate values in 
the absence of observations. These inputs included 
particle sedimentation fluxes (suspended solids, 
settling velocity, resuspension), mean depth and water 
temperature of the lake, and inflow concentration of 
total Hg.
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(inset of Figure 9.38), where the average predicted 
lake water MeHg concentration in the 3 northern 
territories (0.03 ng L-1) was 0.12 ng L-1 lower than the 
average concentration in the 9 southern provinces 
(Table 9.12). Model-estimated lake water MeHg 
concentrations also tended to increase from west to 
east. The highest average MeHg concentrations were 
in New Brunswick (0.35 ng L-1), Quebec (0.24 ng L-1), 
and Nova Scotia (0.18 ng L-1) while the lowest were 
in the Northwest Territories (0.01 ng L-1) and Yukon 
(0.02 ng L-1). However, modelled MeHg concentrations 
were not uniformly high in New Brunswick, Quebec, 
and Nova Scotia, as indicated by their high standard 
deviations (0.30, 0.23, and 0.15 ng L-1, respectively). 
By cluster, the Wabamun Lake (0.13 ng L-1) and 
Phantom Lake (0.11 ng L-1) clusters were associated 
with the highest average concentration of MeHg in 
lake water. However, the standard deviations of these 
concentrations were also large (0.11 and 0.05 ng L-1, 
respectively). The clusters characterized by the lowest 
average predicted concentrations are North Cranberry 
Lake and Big Dam West Lake (0.02 and 0.04 ng L-1, 
respectively).

sediments (Harp 336 ng g-1; Dickie 291 ng g-1, 
0–10 cm) (Ethier et al., 2010b). This pattern was 
also estimated for Big Dam West Lake (Ethier et al., 
2008). The HERMES model estimated that watershed 
contributions of Hg were greater than atmospheric 
sources for Harp and Dickie Lakes, while volatilization 
was predicted to be an important loss mechanism 
for total Hg in both lakes. For Lake 240, the HERMES 
model estimated a bulk water Hg concentration of 1.7 
ng L-1, within the observed range (1.4 ng L-1, range 
0.9–1.8 ng L-1). The watershed contribution of Hg to 
Lake 240 was predicted to be almost 3 times higher 
than atmospheric loading.

Simulated lake water MeHg concentrations are shown 
in Figure 9.38. Observed concentrations of MeHg 
in lake water were available for model verification 
at 16 of the 244 lakes modelled by HERMES (Table 
9.11). The average deviation between the simulated 
and observed concentrations was 0.04 ng L-1. 
Methylmercury concentrations estimated by HERMES 
tended to decrease with latitude. This is evident in 
the cluster of lakes from Alberta and Saskatchewan 

TABLE 9.10  Distribution of lakes and ecosystem clusters by province

Province
Number  
of lakes

%
of lakes

Number of lakes in ecosystem cluster (C)

Big Dam 
West
(C1)

North  
Cranberry

(C2)

Harp
(C3)

Dickie
(C4)

Lake 
240
(C5)

Phantom
(C6)

Wabamun
(C7)

British Columbia 11 4.5 0 0 1 0 1 0 9

Alberta 196 80.3 52 42 5 10 1 14 72

Saskatchewan 9 3.7 0 0 0 0 0 1 8

Manitoba 3 1.2 0 0 0 0 0 0 3

Ontario 8 3.3 0 0 1 1 1 0 5

Quebec 7 2.9 0 0 0 0 0 0 7

Nova Scotia 3 1.2 1 1 0 0 0 0 1

New Brunswick 2 0.8 0 1 0 0 0 0 1

Newfoundland 
and Labrador 1 0.4 0 0 1 0 0 0 0

Yukon 1 0.4 0 0 0 0 0 0 1

Northwest 
Territories 2 0.8 0 0 0 0 0 0 2

Nunavut 1 0.4 0 0 1 0 0 0 0

Total 244 100.0 53 44 9 11 3 15 109

% of total 100.0 − 21.7 18.0 3.7 4.5 1.2 6.1 44.7
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9.9 CONCLUSIONS AND  
FUTURE NEEDS
Changes in atmospheric Hg concentrations and 
deposition were predicted for 11 scenarios involving 
Hg emission reductions in Canada, United States, 
Asia, and Europe, separately and in combination. One 
scenario, the MFTR, reduced worldwide anthropogenic 
emissions using best available emissions control 
technology. Reductions in Canadian anthropogenic 
emissions (90% capture rate of coal-fired power 
plant emissions or 50% emission reduction overall 
for all sectors) resulted in less than 1% reduction in 
atmospheric deposition to the remote ecosystems. 
However, up to 70% reduction in Hg deposition was 
found for the ecosystems that were close to major 
Canadian Hg emission sources. The MFTR scenario 
resulted in the maximum reductions of Hg deposition, 
ranging from 20 to 50% in all ecosystems.

A suite of process-based atmospheric, terrestrial, 
aquatic, and bioaccumulation models were linked 

A sensitivity analysis was carried out with the HERMES 
model to examine factors with the greatest influence 
on model estimates of Hg in the lakes. At Big Dam 
West Lake, Harp Lake, Dickie Lake, and Lake 240, the 
Hg concentrations in lake water appeared to be driven 
by watershed export. Consequently, Hg concentrations 
in these lakes can be expected to respond more 
slowly to changes in atmospheric loading.

Correlations between the model input parameters 
and predicted lake water MeHg concentrations were 
calculated. The most strongly correlated parameter 
was the concentration of total Hg in inflow water 
(R = 0.65, p < 0.001 for logarithmic total Hg inflow 
concentrations). The predicted spatial distribution 
of Hg in inflow water most closely mirrored that 
of lake water MeHg concentrations, followed by 
precipitation. The values of both these parameters 
tended to decrease northward and increase eastward 
in simulations. Combining the 2 parameters suggested 
that the total load of Hg delivered from the catchment 
to the lake was an important parameter determining 
the MeHg concentrations in lake waters in Canada.

FIGURE 9.38  Mercury (Hg) Environmental Ratios Multimedia Ecosystem Sources-predicted lake water 
methylmercury concentrations (ng L-1) for 244 lakes. Concentrations are indicated by colour, and cluster by symbol 
(see legend). The ecosystems defining the clusters are represented by larger symbols. The outlined area in British 
Columbia and Alberta is expanded in the upper right.
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The integrated air/land/water modelling indicated 
that Hg emissions reductions would be beneficial 
at all locations, ultimately resulting in lower fish Hg 
levels and reduced risks to fish consumers than 
would be the case if no emission controls were put 
in place. Model results also indicated, however, that 
some scenarios for Hg emissions reductions may not 
be sufficient to lower fish Hg concentrations from 
current levels. Fish Hg concentrations may continue to 
increase and remain above current levels after modest 

to simulate the relationship between Hg emissions 
to the atmosphere, on the one hand, and fish Hg 
concentrations in Canadian freshwaters, on the other. 
The models were first used to simulate existing Hg 
conditions in 6 ecosystems in Canada with a range 
of ecological characteristics and proximities to Hg 
emissions. Simulations were then performed for 5 
of the ecosystems to predict the response of Hg in 
ecosystems to changes in Hg emissions associated 
with the MFTR scenario.

TABLE 9.11  Observed and Mercury (Hg) Environmental Ratios Multimedia Ecosystem Sources-simulated 
methylmercury (MeHg) concentrations in surface waters from 16 lakes

Lake
Latitude, °N

Longitude, °E

Number 
of 

samples

Sampling 
dates

Mean observed 
concentration, 

ng L-1

Mean predicted 
concentration, 

ng L-1

Cluster

Deviation 
from 

observed,
ng L-1

Big Dam Westa, ON 44.46
-65.29

>20 Jan 2001– 
Jan 2002

0.11 0.11 1 0.00

North Cranberrya, 
NS

44.33
-65.23

>20 Jan–Dec, 
2001

0.09 0.09 2 0.00

Harpb, ON 45.38
-79.13

44 Mar–Dec,  
2005–2006

0.09 0.09 3 0.00

Dickieb, ON 45.15
-79.08

46 Mar–Nov,  
2005–2006

0.14 0.15 4 0.01

ELA 240c, ON 49.67
-93.73

13 May–Oct, 
1995

0.06 0.06 5 0.00

Phantomc, SK 54.50
-101.80

4 Feb, Nov, 
2009

0.06 0.05 6 0.01

Wabamunc, AB 53.55
-114.60

2 Mar, 2009 0.09 0.08 7 0.01

Battlec, AB 52.97
-114.18

2 Mar, 2009 0.05 0.15 7 0.10

Grist Lakec, AB 55.38
-110.47

2 Mar, 2009 0.04 0.10 7 0.06

Hasse Lakec, AB 53.49
-114.17

2 Feb, 2009 0.14 0.05 4 0.09

Isle Lakec, AB 53.63
-114.73

2 Mar, 2009 0.15 0.11 7 0.04

Jackfish Lakec, AB 53.48
-114.26

2 Feb, 2009 0.12 0.07 6 0.05

Pigeonc, AB 53.00
-114.02

2 Mar, 2009 0.06 0.09 7 0.03

Wolfc, AB 54.70
-110.95

2 Mar, 2009 0.09 0.14 7 0.05

Superiord, ON 47.50
-88.00

13 May, Jul, 
2006

0.01 0.01 7 0.00

Champlaine, ON 43.40
-73.20

14 Sept, 2001 0.04 0.16 7 0.12

References: aClair et al. (2005), O’Driscoll et al. (2005b); bDorset Environmental Science Centre–unpublished data; cJane Kirk, Environment Canada–
unpublished data; dJeremiason et al. (2009); eShanley and Chalmers (2012)
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phases of response for fish Hg concentrations 
following imposition of emissions controls: a rapid 
phase initially, followed by a slower phase. The 
rapid phase, on a scale of years, will be more 
evident in lakes with a greater proportion of the Hg 
load from direct atmospheric Hg deposition.

• International agreements are needed to broadly 
reduce Hg concentrations in fish across Canada.

• Monitoring programs need to include multiple 
sites and a range of ecosystem types at a national 
scale to properly determine the broad benefits of 
emissions reductions in Canada.

• Monitoring programs also need to be carefully 
designed to isolate the effects of emissions 
reductions from changes to other anthropogenic 
factors affecting Hg cycling and bioaccumulation 
(e.g., climate change, eutrophication, land 
use, invasive species). Limited analysis of the 
interaction of climate change and Hg cycling 
suggests that climate change could affect fish 
Hg levels at levels comparable to the effect of 
emissions reductions.

• Year-to-year variability could mask responses that 
occur gradually on a long time scale, necessitating 
long-term monitoring (from years to decades).

The ecosystem modelling conducted in this study 
and the conclusions presented above did not 
consider changes other than those due to Hg 
emission controls. For example, changes in land use, 
climate, and environmental chemistry or biology 
could alter the biogeochemical characteristics and 
Hg cycling in the ecosystems. It is important that 
long-term monitoring programs measure a variety 
of physical and biochemical variables in addition 
to Hg measurements. Reductions in anthropogenic 
emissions are also expected to result in lower re-
emissions of Hg from the land and ocean relative to 
scenarios with no emissions reductions.

While it is certain that Hg emissions controls will be 
beneficial, uncertainties remain in our current ability 
to quantify these benefits. Moreover, the impact of 
other anthropogenic influences listed above should 
be studied. More comprehensive, fully integrated, 
multimedia, biogeochemical models need to be 
developed. From this study, mercury processes and 

emissions reductions in some scenarios, although 
the fish Hg levels would be lower than if no action 
were taken. Greater emissions reductions than those 
modelled during this study are therefore required to 
reduce fish Hg levels below existing levels for all of 
the 6 ecosystems simulated.

Implications for scientists and policy-makers include 
the following:

• In the absence of additional emissions reductions, 
fish Hg concentrations were predicted to 
rise above current levels in the future in all 5 
ecosystems modelled.

• Mercury emissions reductions would be beneficial 
to all ecosystems, ultimately resulting in lower fish 
Hg levels and reduced risks to fish consumers than 
would be the case if no emission controls were put 
in place.

• Worldwide implementation of best available Hg 
emissions control technology resulted in 20–50% 
reductions in Hg deposition to watersheds and up 
to 30% lower fish Hg concentrations after 150 yr 
compared with the fish Hg concentrations if no 
emission controls were imposed.

• The long-term response of fish Hg concentrations 
to emissions reductions likely varies widely among 
ecosystems.

• Fish Hg concentrations are not likely to decline 
from their current levels in proportion to the 
decline in Hg deposition, particularly in waters 
where terrestrial Hg loads are important. For 
modest changes in Hg deposition, fish Hg levels 
could decline in some systems but stabilize at 
concentrations higher than current levels in others. 
In other words, a 20% decline in Hg deposition 
does not necessarily translate into a 20% decline 
in fish Hg concentrations in all lakes.

• To achieve declines in fish Hg concentration from 
current levels in all ecosystems modelled, Hg 
deposition would need to decline more than 20%.

• The time required for fish Hg concentrations to 
fully respond to emissions control scenarios will 
vary among ecosystems and could range from 
years to centuries.

• Lakes with important terrestrial and direct 
atmospheric Hg loads will likely exhibit multiple 
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measurements in the terrestrial systems emerged as 
the most notable scientific gap in our understanding of 
the ecosystem Hg cycling. Models need to be further 
developed and applied to predict the implications of 
emissions controls at regional and national scales, 
given the vast number of water bodies in Canada 
and wide range of ecosystem conditions. Finally, the 
analysis carried out for this study also needs to be 
expanded to include marine systems, as seafood 
represents the greatest source of MeHg exposure for 
most Canadians.
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APPENDIX A. 

INPUTS AND OUTPUTS FOR MODELS USED IN INTEGRATED MODEL 
FRAMEWORK

TABLE A1  Inputs, outputs and calibration parameters for models used in integrated model framework. 
CMC = Canadian Meteorological Centre

GRAHM (atmospheric)
(Durnford et al., 2012)

Input Fields Input Source Evaluation Fields Output Fields (simulated)

Air temperature Initial values from CMC 
• Air temperature

• Wind speed and direction

• Precipitation

• Hg0, gaseous and particulate 
Hg2+ concentrations,

• Wet Hg deposition  

• Air temperature

• Wind speed and direction

• Precipitation

• Atmospheric pressure

• Solar radiation

• Hg0, gaseous and particulate 
Hg2+ concentrations

• Wet Hg deposition

• Dry Hg deposition by land use 
category:  Hg0, gaseous and 
particulate Hg2+

Wind Initial values from CMC 

Atmospheric pressure Initial values from CMC 

Atmospheric humidity Initial values from CMC 

Watershed land use 
types

CMC

Sea ice coverage CMC

Albedo CMC

Hg land and ocean 
emissions:  Hg0 Mason (2009)

Hg anthropogenic 
emissions:  Hg0, gaseous 
and particulate Hg2+

AMAP (2011)

Atmospheric 
concentrations of 
oxidants, reductants

From an external 3D 
oxidant model
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INCA-Hg (terrestrial)
(Futter et al., 2012)

Input Fields Input Source Evaluation Fields Output Fields (simulated)

Atmospheric 
temperature

Field data
• Stream flow rate

• Runoff rate

• Groundwater flow rate

• Soil Hg concentrations:  Hg0, 
Hg2+, MeHg

• Stream Hg concentrations: 
Hg0, Hg2+, MeHg

• Groundwater Hg 
concentrations: Hg0, Hg2+, 
MeHg

• Stream flow rate

• Runoff rate

• Groundwater flow rate

• Soil Hg concentrations: Hg0, 
Hg2+, MeHg

• Stream Hg concentrations: 
Hg0, Hg2+, MeHg

• Groundwater Hg 
concentrations: Hg0, Hg2+, 
MeHg

• Hg reactions: reduction, 
oxidation, methylation, 
demethylation,

• Hg partitioning

Precipitation Field data

Solar radiation Field data or literature

Terrestrial area Field data or literature

Watershed land use 
types

Field data or literature

Mass of litterfall Field data or literature

Atmospheric wet Hg 
deposition

GRAHM

Atmospheric dry Hg 
deposition by land use 
category:  Hg0, gaseous 
and particulate Hg2+

GRAHM

Litterfall: Hg0, Hg2+, 
MeHg

Field data or literature

Throughfall: Hg0, Hg2+, 
MeHg

Field data or literature

Stream DOC Field data or literature
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D-MCM (aquatic)
(EPRI, 2009)

Input Fields Input Source Evaluation Fields Output Fields (simulated)

Precipitation
Nearest meteorological 
station

• Water column Hg 
concentrations: dissolved and 
particulate Hg0, Hg2+, MeHg

• Sediment solids Hg 
concentrations: Hg2+, MeHg

• Porewater Hg concentrations: 
Hg2+, MeHg

• Hg partitioning in water column 
and sediments

• Lower food web MeHg 
concentrations: phytoplankton, 
zooplankton, benthos

• Fish Hg concentration, fish (up 
to 3 species)

• Hg2+, MeHg, and Hgo  fluxes: 
burial, evasion, methylation, 
demethylation, settling

• Solids fluxes: settling, burial 
decomposition, resuspension

• Fish growth rates

• Water column Hg 
concentrations: dissolved and 
particulate Hg0, Hg2+, MeHg

• Sediment solids Hg 
concentrations: Hg2+, MeHg

• Porewater Hg concentrations: 
Hg2+, MeHg

• Hg thermodynamic speciation

• Hg partitioning in water column 
and sediments.

• Lower food web MeHg 
concentrations: phytoplankton, 
zooplankton, benthos

• Fish Hg concentration, fish (up 
to 3 species)

• Hg2+, MeHg, and Hgo  fluxes: 
burial, evasion, methylation, 
demethylation, settling

• Solids fluxes: settling, burial 
decomposition, resuspension)

• Fish growth rates

Solar radiation
Nearest meteorological 
station or literature

Ice cover period Field data or literature

Lake bathymetry Field data

Lake water temperature 
and thermal stratification

Field data or literature

Water inflow rate INCA-Hg

Lake surface elevation Field data or literature

Lake water suspended 
solids

Field data or literature

Settling rate of solids Field data or literature

Rate of resuspension 
from sediments

Field data or literature

Rate of sediment 
decomposition

Field data or literature

Sediment porosity and 
bulk density

Field data or literature

Wet Hg deposition GRAHM

Dry Hg deposition GRAHM

Stream inflow Hg 
concentrations: Hg2+, 
MeHg

INCA-Hg

Groundwater inflow Hg 
concentrations: Hg2+, 
MeHg

INCA-Hg

Point source Hg loads Field data or literature

Lake water  and 
porewater DOC, pH, Cl, 
sulphate, sulfide, O2

Field data or literature

Sediment organic content Field data or literature

Fish species Field data

Fish growth rates and 
diets

Field data or literature

Fishing rates Field data or literature
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HERMES (aquatic)
(Ethier et al., 2008, 2010a)

Input Fields Input Source Evaluation Fields Output Fields (simulated)

Precipitation Observed • Water column dissolved and 
particulate concentrations: 
Hg0, Hg2+, MeHg

• Sediment solids and 
porewater Hg concentrations: 
Hg0, Hg2+, MeHg

• Hg volatilization

• Rate of Hg deposition to 
sediments: Hg0, Hg2+, MeHg

• Water column dissolved and 
particulate concentrations: 
Hg0, Hg2+, MeHg

• Sediment solids and 
porewater Hg concentrations: 
Hg0, Hg2+, MeHg

• Hg volatilization

• Rate of Hg deposition to 
sediments: Hg0, Hg2+, MeHg 

• Inflow concentrations of Hg0, 
Hg2+, MeHg

Lake surface area Field data or literature

Mean lake depth Field data or literature

Lake temperature Field data or literature

Water inflow rate Field data or literature

Suspended particulate 
matter:  lake

Field data or literature

Suspended particulate 
matter:  inflow water

Field data or literature

Settling rate of solids Field data or literature

Rate of resuspension 
from sediments

Field data or literature

Hg concentration, 
atmosphere: THg

GRAHM

Hg concentration, inflow 
water: THg

INCA-Hg

Anthropogenic Hg 
emission to water 
(dumping): THg

Field data or literature

Hg emission from 
underlying sediments: 
THg

Field data or literature
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APPENDIX B. 

PHYSICAL AND CHEMICAL CHARACTERISTICS OF THE 6 MODELLED 
ECOSYSTEMS
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streams, due to high methylation rates, and low 
stream flow and associated dilution (Lee, Bishop and 
Munthe, 2000; Branfireun and Roulet, 2002; Futter et 
al., 2012).  Reducing conditions can also be prevalent 
in wetland areas during the summer, which can 
promote higher rates of sulphur reduction and related 
Hg methylation (Selvendiran, 2008).

At Phantom Lake, simulated stream THg 
concentrations were highest in the summer.  Winter 
concentrations were generally low (Figure C1).  
The lowest concentrations were generated by 
the simulation based on the Big Dam West model 
configuration.  Concentrations were more stable 
and slightly higher from the simulation based on 
the Lake 240 configuration.  The greatest variability 
was produced by the configurations of the Dorset 
ecosystems.  The lowest stream MeHg concentrations 
were again produced by the Big Dam West model 
configuration.  The remaining configurations 
yielded similar magnitudes.  However, the Lake 240 
configuration produced an early winter peak while 
the Dorset configurations produced an autumnal 
peak.  Seasonally, the Big Dam West configuration’s 
concentrations were intermediate and fairly constant 
in the late spring until late autumn, and then low in 
the winter and early spring.

At Wabamun Lake, simulated stream THg and MeHg 
concentrations were higher for the Wabamun 1 than 
the Wabamun 2 subcatchments (Figure C2).  However, 
the seasonality of the concentrations was the same 
for the two subcatchments; the model simulations 
are differentiated only by their Hg deposition.  As 
at Phantom Lake, THg and MeHg concentrations 
are lowest for simulations based on the Big Dam 
West model configuration.  Also like Phantom, 
simulated THg stream concentrations were highest 
in the summer and lowest in the winter for all four 
model configurations.  However, concentration 

INCA-Hg Calibration

Simulated concentrations of total Hg in stream water 
for the modeled Big Dam West subcatchment (Figure 
9-22a) were highest in the spring and autumn, with 
frequent peaks in October/November.  Concentrations 
in summer and winter were intermediate and low, 
respectively.  Stream water MeHg concentrations 
followed a similar seasonal cycle.  However, the 
highest MeHg concentrations were generally in 
November with smaller peaks in May; the lowest 
concentrations occurred in late summer/early autumn.  
The similarity of the concentrations’ seasonality likely 
suggests that, in this large catchment, which has 
a long reach characterized by adjacent wetlands, 
MeHg concentrations are largely driven by instream 
methylation; elevated THg concentrations provide a 
larger amount of substrate for instream methylation. 

For the Harp and Dickie subcatchments, simulated 
and observed THg stream water concentrations 
(Figure 9.22b,c) were lowest in winter and typically 
peaked in summer to early autumn when flows, 
and their associated dilution, were relatively low.  
Subsurface flow, however, and its associated Hg 
transport, continued.  Observed and simulated 
MeHg stream flow concentrations were also lowest 
in winter.  MeHg concentration peaks generally 
occurred between spring and early autumn; higher 
temperatures promoted methylation.

At Lake 240 (Figure 9.22d), THg concentrations in 
runoff were highest in spring and autumn, possibly 
due to high flow conditions that could promote 
subsurface flow in Hg rich surficial soils (Lee, Bishop 
and Munthe, 2000).  In contrast, MeHg concentrations 
were generally high in the summer and winter, 
and occasionally high throughout the autumn. This 
is consistent with observations of elevated MeHg 
concentrations in late summer in other boreal forest 

APPENDIX C. 

ADDITIONAL INFORMATION ON INTEGRATED CATCHMENTS 
MODEL FOR MERCURY RESULTS FOR 6 CLEAN AIR REGULATORY 
AGENDA LAKES 
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the parameter value for the Harp base run.  After the 
Monte Carlo analysis, Nash-Sutcliffe statistics were 
calculated for THg and MeHg stream concentrations 
separately.  A combined rank was calculated for each 
model run by summing the rank assigned to each of 
its two statistics.  The model runs with the 100 lowest 
combined rankings were selected.  Based on these 
100 best performing simulations, the significance 
of parameter sensitivity was calculated at the 95% 
confidence level using the Kolmogorov-Smirnov test 
(Hastings, 1997) combined with the Bonferroi method 
(Shaffer, 1995).  The goodness of fit of THg and MeHg 
both individually and combined was assessed.

In general, using the Harp Lake configuration, 
INCA-Hg’s performance is sensitive to hydrologic, 
terrestrial carbon and terrestrial Hg processes but not 
to in-stream processes; stream Hg concentrations 
are determined primarily by catchment processes.  
However, in catchments with long stream lengths, 
such as Big Dam West, model sensitivity to in-stream 
parameters may be greater.  Model performance 
tends to be more sensitive to hydrology and processes 
related to Hg and organic carbon in the upper soil than 

peaks tended to be slightly later for the Dorset 
configurations than the Big Dam West or Lake 240 
configuration.  MeHg concentration peaks were small 
and occurred in spring/early summer for the Big Dam 
West model configuration, were large and generally 
in late summer and early autumn for the Dorset 
configurations, and were usually in autumn for the 
Lake 240 configuration.

INCA-Hg Sensitivity Analysis

The sensitivity of INCA-Hg’s performance to individual 
processes is likely variable between catchments.  
Thus, sensitivity analyses at multiple sites are 
required to identify processes that are consistently 
important in driving model outputs.  Given time 
constraints, a sensitivity analysis was performed only 
for the HP5 subcatchment in Harp Lake.  A Monte 
Carlo exploration of the parameter space (2500 model 
runs) was conducted using Latin Hypercube sampling 
(Futter et al., 2007, 2012).  Parameter values were 
sampled from a rectangular prior distribution, and 
boundaries of the hypercube were set at ±10% of 

FIGURE 9C1  Modeled stream total mercury (THg) and merthyl mercury (MeHg) concentrations from the Integrated 
Catchments Model (INCA)-Hg base runs for Phantom Lake.
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FIGURE 9C2  Modeled stream total mercury (THg) and merthyl mercury (MeHg) concentrations from the 
Integrated Catchments Model (INCA)-Hg base runs for a) the Wabamun 1 subcatchment, and b) the Wabamun 2 
subcatchment. 
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in the lower soil.  This suggests both higher mobility 
and reactivity of carbon and Hg in the upper soil layers 
relative to the lower soil.  Such behaviour has been 
observed in field studies (Grigal, 2002).  The notable 
sensitivity of model performance to temperature 
dependency multipliers for both methylation/
demethylation and organic carbon transformation 
suggests that climate may play an important role in 
driving Hg cycling in terrestrial catchments.

Model performance, based on THg and combined 
MeHg/THg performance, is strongly sensitive, in both 
uplands and wetlands, to processes related to organic 
carbon, especially those controlling sorption and 
desorption.  Since it is assumed in INCA-Hg that all 
Hg2+ and MeHg in the soil is associated with organic 
carbon, the movement of Hg between the solid and 
dissolved phase is estimated from the sorption and 
desorption rates of organic carbon in the soil.  This 
suggests that export of Hg from the catchment is 
influenced by the amount of Hg present in the soil 
water, which is controlled by sorption/desorption 
processes; robust soil water Hg measurements are 
required to further constrain modelling efforts.  The 
fact that model performance based on MeHg alone is 
sensitive only to the wetland temperature dependency 
multiplier for methylation/ demethylation (Table 9-4) 
highlights both the important role played by wetlands 
in determining catchment MeHg export as well as the 
importance of Hg processing, particularly methylation, 
in wetland environments.
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on a lake-by-lake case as needed to improve the 
model fit to observations.  Observation and model 
calibration results are presented for inorganic Hg2+ 
and MeHg in water and sediments, and MeHg in fish, 
for each of the lakes in Figures D1-D6.  

D-MCM was calibrated for each of the 6 CARA lakes 
using observations from 1990-2006 for in-lake 
conditions and external Hg loads from GRAHM and 
INCA-Hg.  The starting point for each calibration was 
the METAALICUS calibration.  Adjustments were made 

APPENDIX D. 

SUPPLEMENTARY INFORMATION ON CALIBRATION OF D-MCM TO 6 
CARA LAKES

FIGURE 9D1  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations in Big Dam West Lake, NS. Results are presented for 1990-2006 after repeating 
the 17 year cycle of annual Hg loads 6 times from 1990-2006. Plots for water and sediments use Julian day on the 
x-axis and show the range of modeled concentrations over 17 years for each month. Fish observations and model 
outputs are for specific dates. 
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FIGURE 9D2  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations in Harp Lake, ON. Results are presented for 1990-2006 after repeating the 17 year 
cycle of annual Hg loads 6 times from 1990-2006. Plots for water and sediments use Julian day on the x-axis and 
show the range of modeled concentrations over 17 years for each month. Fish observations and model outputs are 
for specific dates. 
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FIGURE 9D3  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations in Dickie Lake, ON. Results are presented for 1990-2006 after repeating the 17 year 
cycle of annual Hg loads 6 times from 1990-2006. Plots for water and sediments use Julian day on the x-axis and 
show the range of modeled concentrations over 17 years for each month. Fish observations and model outputs are 
for specific dates. 



534

Canadian Mercury Science Assessment – Chapter 9

FIGURE 9D4  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations in Lake 240, ON. Results are presented for 1990-2006 after repeating the 17 year 
cycle of annual Hg loads 6 times from 1990-2006 times. Plots for water and sediments use Julian day on the x-axis 
and show the range of modeled concentrations over 17 years for each month. Fish observations and model outputs 
are for specific dates. 
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FIGURE 9D5  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations Wabamun Lake, AB. Results are presented for 1990-2006. Plots with Julian day on 
the x-axis show the range of modeled concentrations over 17 years for each month. Fish observations and model 
outputs are for specific dates. Sediment data from Telmer et al., 2005. 
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FIGURE 9D6  Dynamic Mercury Cycling Model (D-MCM) calibration results for inorganic mercury (Hg2+) and methyl 
mercury (MeHg) concentrations in Phantom Lake, SK. Results are presented for 1990-2006. Fish observations and 
model outputs are for specific dates. 
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TABLE D1  Adjustments to model calibrations for the study lakes.  Adjustments are shown as a percent change 
from the base model calibration for Lake 658.

Variable Description Harp Lake
Big Dam 

West Lake
Dickie 
Lake

Lake 240
Phantom 

Lake
Wabamun Lake

Methylation/demethylation

Biological demethylation 
constant

+67% 0% 0% +67% +67% +67%

Sediment methylation  
constant

0% 0% 0% 0% 0% +650%

Water column methylation 
constant

0% -87% 0% 0% 0% -87%

Photochemistry

MeHg photodegradation 
constant

+50% 0% 0% 0% 0% +50%

Hg0 oxidation constant 0% 0% 0% 0% 0% Changed from 0 
to 0.1

Inorganic Hg2+ reduction 
constant

0% -99% 0% 0% -99% +445%

Hg partitioning on abiotic solids

Suspended solids partitioning 
constant for inorganic Hg2+

0% -55 – -8% 0% -100 – 0% -18 – -8% 0% – +355%

Adsorption constant for 
inorganic Hg2+ in sediments

-67% -90% 0% 0% -90% +2567%

Saturation constant for  
inorganic Hg2+ in sediments

-67% -67% -67% 0% +1167% +167%

MeHg partitioning constant 
(epilimnion)

-38 – 0% -38 – 0% -38 – 0% -38 – 0% -88 – -69% -38 – 0%

MeHg partitioning in lower food web

Zoo/Phyto MeHg partition 
constant

0% -25% 0% +125% 0% +75%

Benthic MeHg partition  
constant

0% 0% 0% +317% 0% +233%

Phytoplankton MeHg uptake  
rate constant

0% -14% 0% 0% -6% 0%
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For the remote lakes (Harp, Dickie, Big Dam West and 
Lake 240), model calibration results represent steady 
state concentrations with 1990-2006 Hg loadings 
to the Lakes.  This was achieved by repeating the 
17-year cycle of loading 6 times (102 years), before 
reporting the monthly Hg fluxes and concentrations 
for a final set of 17 years.  Results are presented 
for Hg concentrations in water and sediments using 
the Julian day on the x-axis.  Seventeen model 
points are shown for each month in the Julian year, 
encompassing the range of values predicted by the 
model over the 1990-2006 period.  For fish, model 
results and observations are presented for specific 
sampling dates.  The D-MCM calibrations are treated 
here as site-specific, and not yet fully transferable to 
other locations (which would require a single model 
calibration producing good results across the range of 
conditions modeled).

Because Hg loads and concentrations are not 
at steady state in Wabamun Lake and Phantom 
Lake, these lakes were simulated using different 
approaches than for the remote lakes.   Wabamun 
lake was simulated from 1840-2006 using a historical 
reconstruction of atmospheric Hg deposition estimated 
with GRAHM (Section 8.4.3.2).  Model calibration 
results for Wabamun Lake are shown in Figure D5, 
which presents simulated values from 1990-2006 
and limited observations available for that period.  
The Phantom Lake calibration of D-MCM started with 
initial observed sediment Hg concentrations in 1990 
and simulated the period through 2006.  Results are 
presented in Figure D6.
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APPENDIX E. 

CHARACTERISTICS OF THE CANADIAN LAKES USED AS INPUT 
FOR MERCURY (HG) ENVIRONMENTAL RATIOS MULTIMEDIA 
ECOSYSTEM SOURCES 
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APPENDIX F. 

DATA SOURCES FOR 244 CANADIAN LAKES MODELED WITH HERMES
	  

1 
 

 

Lake  Dates Data source 

Big Dam West NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008) 
North Cranberry NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008), Wyn et al. (2009) 
Harp O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
Dickie O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
ELA 240 O

N 
1995-1996, 2002 Sellers et al. (2001), Orihel et al. (2006) 

Phantom SK 2000-2010 2009 Phantom Lake data.xls, Jane Kirk (Environment Canada; unpublished data) 
Wabamun AB 2000-2010 Mitchell and Prepas (1990), Emmerton ( 2011), Jane Kirk (Environment Canada;  

unpublished data) 
Buttle BC 1985-1986 International Lake Environment Committee (1999) 
Great Central BC 1984-1985 International Lake Environment Committee (1999) 
Kamloops BC 1974-1975 International Lake Environment Committee (1999) 
Kootenay BC 1984-1986 International Lake Environment Committee (1999) 
Langford Lake BC 2005 Rieberger (2007), Ref A1 
Okanagan BC 1971-1988 International Lake Environment Committee (1999), Ref A 
Shuswap BC 1987 International Lake Environment Committee (1999) 
Skaha BC 1985-1986 International Lake Environment Committee (1999) 
Williston BC 1975, 1982, 1988 International Lake Environment Committee (1999) 
Windermere Lake BC 2006-2009 Neufeld, Swain and Rieberger (2010), Ref A 
Wood BC 1980, 1987 International Lake Environment Committee (1999) 
Alix Lake AB 2000-2007 Mitchell (1999), Noton (1984), Ref A, Ref B2 
Amisk Lake AB 1982-1983, 2008 Ref C3 
Angling Lake AB 2002-2004 Alberta Lake Management Society (2012), Ref A, Ref B 
Archer Lake AB 1992 Ref D4 
Audet Lake AB 1983, 1988 Ref D 
Baptiste Lake N AB 1986-1987, 2003-2007 Ref C 
Baptiste Lake S AB 1982-1986, 2003-2007 Ref C 
Base Lake AB 1983 Ref D 
Battle Lake AB 1984-1985, 2003, 2005 Ref C 
Bayard Lake AB 1983, 1988 Ref D 
Beauvais Lake AB 1985-1986, 2000-2008 Ref C 
Beaver Lake  AB 1986-1987, 2003-2008 Ref C 
Beaverhill Lake AB 1975 Mitchell and Prepas (1990) 
Birch Lake AB 1983 Ref D 
Bison Lake AB 1992 Ref D 
Blood Indian Res. AB 1983, 1986 Ref C 
Bonnie Lake AB 1983-1990 Ref C 
Bourque Lake AB 1979-1993 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
Buck Lake AB 1983, 1985, 2001-2006 Ref C 
Buffalo Lake AB 1985-1986, 2000-2007 Ref C 
Calling Lake AB 1987-1988, 2000 Ref C 
Canopener Lake AB 1992 Ref D 
Cardinal Lake AB 2000-2002 Ref A, Ref B 
Chain Lakes Res. AB 1990-2004 Ref C 
Chestermere Lake AB 1983, 2007 Ref C 
Chickenhill Lake AB 1996 Alberta Lake Management Society (2012), Ref A 
Christina Lake AB 1983, 1986 Ref D 
Clayton Lake AB 1992 Ref D 
Clear Lake AB 1988 Ref D 
Coal Lake AB 1984, 2005 Ref C 

Province
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1 
 

 

Lake  Dates Data source 

Big Dam West NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008) 
North Cranberry NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008), Wyn et al. (2009) 
Harp O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
Dickie O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
ELA 240 O

N 
1995-1996, 2002 Sellers et al. (2001), Orihel et al. (2006) 

Phantom SK 2000-2010 2009 Phantom Lake data.xls, Jane Kirk (Environment Canada; unpublished data) 
Wabamun AB 2000-2010 Mitchell and Prepas (1990), Emmerton ( 2011), Jane Kirk (Environment Canada;  

unpublished data) 
Buttle BC 1985-1986 International Lake Environment Committee (1999) 
Great Central BC 1984-1985 International Lake Environment Committee (1999) 
Kamloops BC 1974-1975 International Lake Environment Committee (1999) 
Kootenay BC 1984-1986 International Lake Environment Committee (1999) 
Langford Lake BC 2005 Rieberger (2007), Ref A1 
Okanagan BC 1971-1988 International Lake Environment Committee (1999), Ref A 
Shuswap BC 1987 International Lake Environment Committee (1999) 
Skaha BC 1985-1986 International Lake Environment Committee (1999) 
Williston BC 1975, 1982, 1988 International Lake Environment Committee (1999) 
Windermere Lake BC 2006-2009 Neufeld, Swain and Rieberger (2010), Ref A 
Wood BC 1980, 1987 International Lake Environment Committee (1999) 
Alix Lake AB 2000-2007 Mitchell (1999), Noton (1984), Ref A, Ref B2 
Amisk Lake AB 1982-1983, 2008 Ref C3 
Angling Lake AB 2002-2004 Alberta Lake Management Society (2012), Ref A, Ref B 
Archer Lake AB 1992 Ref D4 
Audet Lake AB 1983, 1988 Ref D 
Baptiste Lake N AB 1986-1987, 2003-2007 Ref C 
Baptiste Lake S AB 1982-1986, 2003-2007 Ref C 
Base Lake AB 1983 Ref D 
Battle Lake AB 1984-1985, 2003, 2005 Ref C 
Bayard Lake AB 1983, 1988 Ref D 
Beauvais Lake AB 1985-1986, 2000-2008 Ref C 
Beaver Lake  AB 1986-1987, 2003-2008 Ref C 
Beaverhill Lake AB 1975 Mitchell and Prepas (1990) 
Birch Lake AB 1983 Ref D 
Bison Lake AB 1992 Ref D 
Blood Indian Res. AB 1983, 1986 Ref C 
Bonnie Lake AB 1983-1990 Ref C 
Bourque Lake AB 1979-1993 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
Buck Lake AB 1983, 1985, 2001-2006 Ref C 
Buffalo Lake AB 1985-1986, 2000-2007 Ref C 
Calling Lake AB 1987-1988, 2000 Ref C 
Canopener Lake AB 1992 Ref D 
Cardinal Lake AB 2000-2002 Ref A, Ref B 
Chain Lakes Res. AB 1990-2004 Ref C 
Chestermere Lake AB 1983, 2007 Ref C 
Chickenhill Lake AB 1996 Alberta Lake Management Society (2012), Ref A 
Christina Lake AB 1983, 1986 Ref D 
Clayton Lake AB 1992 Ref D 
Clear Lake AB 1988 Ref D 
Coal Lake AB 1984, 2005 Ref C 

Province
	  

2 
 

Cold Lake AB 1984, 1986, 1998-1999 Ref C 
Cooking Lake AB 1975-1976, 2006-2007 Ref C 
Cow Lake AB 2008 Ref A, Environmental Evaluation Section (Alberta Environment and Water;  

unpublished data) 
Crawling Valley Res. AB 1986, 1989, 2005 Ref C 
Crimson Lake AB 1985-1987, 2000-2008 Ref C 
Crowsnest Lake AB 1976, 2007-2008 Ref C 
Dillberry Lake AB 2002-2008 Ref C 
Donaldson Lake AB 1992 Ref D 
Driedmeat Lake AB 1984, 2007 Ref C 
Eagle Lake AB 1988, 2005-2007 Ref C 
Eden Lake AB 1982-1983 Ref C 
Elkwater Lake AB 1984-1985, 2000-2008 Ref C 
Ethel Lake AB 1982, 2003-2008 Ref C 
Figure Eight Lake AB 1985-1986, 2002 Ref C 
Fleming Lake AB 1983 Ref D 
Fletcher Lake AB 1992 Ref D 
Gardiner Lake AB 1988 Ref D 
Garner Lake AB 1985-1986, 2000 Ref C 
Ghost Reservoir AB 1985, 1994-1996 Ref C 
Gleniffer Lake AB 1984, 2006 Ref C 
Glenmore Reservoir AB 1985, 1992 Mitchell and Prepas (1990), Environmental Management Associates and Hrudey (1993), 

Ref A 
Goodwin Lake AB 1983 Ref A, Ref B 
Goose Lake AB 2005-2008 Mitchell (1993), Ref A, Ref B 
Gregg Lake AB 2001-2008 Swanson and Zurawell (2006), Ref A, Ref B 
Gregoire Lake AB 1979-1980, 2000-2008 Ref C 
Grist Lake AB 1983 Ref D 
Gull Lake AB 1983, 2006-2008 Ref C 
Half Moon Lake AB 1982-1990 Ref C 
Harwood Lake AB 1992 Ref D 
Hasse Lake AB 1982-1983 Ref C 
Hastings Lake AB 19751976, 2008 Ref C 
Hilda Lake  AB 2004-2007 Alberta Environment (1992), Ref A, Ref B 
Hubbles Lake AB 1981-1983 Ref C 
Iosegun Lake AB 1983-1985 Ref C 
Island Lake AB 1984, 2005 Ref C 
Isle Lake AB 1984, 2002 Ref C 
Islet Lake AB 1992-1993 Mitchell (1993), Ref A 
Jackfish Lake AB 1981, 2007 Ref C 
Jarvis Lake AB 2001-2008 Swanson and Zurawell (2006), Ref A, Ref B 
Jean Lake AB 1983, 1988 Ref D 
Johnson Lake AB 1983, 1988 Ref D 
Kearl Lake AB 1983, 1988 Ref A, Ref B 
Lac La Biche AB 1988, 2001, 2004 Ref C 
Lac La Nonne AB 1978, 2002-2008 Ref C 
Lac Saint Cyr AB 1986, 1991-1995 Ref C 
Lac Ste. Anne AB 1984-1985, 1996-1998 Ref C 
Lake McGregor AB 1984, 2005 Ref C 
Lake Newell AB 1981, 1983, 2000-2008 Ref C 
Legend Lake AB 1990-1992 Ref D 
Lessard Lake AB 1982-1983 Mitchell and Prepas (1990) 
Lesser Slave Lake AB 1975, 1989, 2000 Ref C 
Little Bow Reservoir AB 1983-1984 Ref C 
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Lake  Dates Data source 

Big Dam West NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008) 
North Cranberry NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008), Wyn et al. (2009) 
Harp O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
Dickie O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
ELA 240 O

N 
1995-1996, 2002 Sellers et al. (2001), Orihel et al. (2006) 

Phantom SK 2000-2010 2009 Phantom Lake data.xls, Jane Kirk (Environment Canada; unpublished data) 
Wabamun AB 2000-2010 Mitchell and Prepas (1990), Emmerton ( 2011), Jane Kirk (Environment Canada;  

unpublished data) 
Buttle BC 1985-1986 International Lake Environment Committee (1999) 
Great Central BC 1984-1985 International Lake Environment Committee (1999) 
Kamloops BC 1974-1975 International Lake Environment Committee (1999) 
Kootenay BC 1984-1986 International Lake Environment Committee (1999) 
Langford Lake BC 2005 Rieberger (2007), Ref A1 
Okanagan BC 1971-1988 International Lake Environment Committee (1999), Ref A 
Shuswap BC 1987 International Lake Environment Committee (1999) 
Skaha BC 1985-1986 International Lake Environment Committee (1999) 
Williston BC 1975, 1982, 1988 International Lake Environment Committee (1999) 
Windermere Lake BC 2006-2009 Neufeld, Swain and Rieberger (2010), Ref A 
Wood BC 1980, 1987 International Lake Environment Committee (1999) 
Alix Lake AB 2000-2007 Mitchell (1999), Noton (1984), Ref A, Ref B2 
Amisk Lake AB 1982-1983, 2008 Ref C3 
Angling Lake AB 2002-2004 Alberta Lake Management Society (2012), Ref A, Ref B 
Archer Lake AB 1992 Ref D4 
Audet Lake AB 1983, 1988 Ref D 
Baptiste Lake N AB 1986-1987, 2003-2007 Ref C 
Baptiste Lake S AB 1982-1986, 2003-2007 Ref C 
Base Lake AB 1983 Ref D 
Battle Lake AB 1984-1985, 2003, 2005 Ref C 
Bayard Lake AB 1983, 1988 Ref D 
Beauvais Lake AB 1985-1986, 2000-2008 Ref C 
Beaver Lake  AB 1986-1987, 2003-2008 Ref C 
Beaverhill Lake AB 1975 Mitchell and Prepas (1990) 
Birch Lake AB 1983 Ref D 
Bison Lake AB 1992 Ref D 
Blood Indian Res. AB 1983, 1986 Ref C 
Bonnie Lake AB 1983-1990 Ref C 
Bourque Lake AB 1979-1993 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
Buck Lake AB 1983, 1985, 2001-2006 Ref C 
Buffalo Lake AB 1985-1986, 2000-2007 Ref C 
Calling Lake AB 1987-1988, 2000 Ref C 
Canopener Lake AB 1992 Ref D 
Cardinal Lake AB 2000-2002 Ref A, Ref B 
Chain Lakes Res. AB 1990-2004 Ref C 
Chestermere Lake AB 1983, 2007 Ref C 
Chickenhill Lake AB 1996 Alberta Lake Management Society (2012), Ref A 
Christina Lake AB 1983, 1986 Ref D 
Clayton Lake AB 1992 Ref D 
Clear Lake AB 1988 Ref D 
Coal Lake AB 1984, 2005 Ref C 

Province
	  

3 
 

Little Fish Lake AB 1983, 1991 Ref C 
Long Lake 1 AB 1983-1986 Mitchell and Prepas (1990), Ref A 
Long Lake 2 AB 1984-1985, 2000-2008 Ref C 
Lower Kananaskis AB 1984, 2005-2008 Ref C 
Lower Mann Lake AB 1983, 1992 Ref C 
Marie Lake AB 1981-1982, 2003-2009 Ref C 
May Lake AB 1986 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
McLelland Lake AB 1988 Ref D 
McLeod Lake AB 1986, 2000-2008 Ref C 
Milk River Ridge Res. AB 1983-1986 Ref C 
Mink Lake AB 2004 Ref D 
Miquelon Lake AB 1975-1976, 2000-2008 Ref C 
Moonshine Lake AB 2002-2008 Ref C 
Moore (Crane) Lake AB 1980, 2005-2009 Ref C 
Moose Lake AB 1986-1987, 2003-2009 Ref C 
Muriel Lake AB 1988, 2003-2009 Ref C 
Musreau Lake AB 1983-1987 Ref C 
Nakamun Lake AB 1982-1983, 2003-2008 Ref C 
Namur Lake AB 1988 Ref D 
Narrow Lake AB 1983-1984 Mitchell and Prepas (1990) 
Nipisi Lake AB 1983 Ref D 
North Buck Lake AB 1986-1987, 2000-2003 Ref C 
Ois Lake AB 1983, 1988 Ref D 
Oldman Reservoir AB 2005 Mitchell (2001), Golder Associates Ltd. (1995), Environment Canada (2012), Ref A, Ref B 
Olivia Lake AB 1983-1986 Mitchell and Prepas (1990) 
Otasan Lake AB 1988 Ref D 
Payne Lake AB 1983 Mitchell and Prepas (1990) 
Peerless Lake AB 1968, 1980 Mitchell and Prepas (1990) 
Pigeon Lake AB 1983-1985, 2003-2008 Ref C 
Pine Lake AB 1978, 1984, 2003-2009 Ref C 
Pinehurst Lake AB 1985-1986 Ref C 
Rabbit AB 1983, 1988 Ref D 
Reesor Lake Reservoir AB 1984-1985, 2000-2008 Ref C 
Rock Lake AB 1968 Mitchell and Prepas (1990) 
Rocky Island Lake AB 1983 Ref D 
Sand Lake AB 1988 Ref D 
Sandy Lake AB 1988, 2000-2008 Ref C 
Saskatoon Lake AB 1986-1987, 2000-2008 Ref C 
Sauer Lake AB 1981-1983 Mitchell and Prepas (1990) 
Seibert Lake AB 1986 Mitchell and Prepas (1990) 
Semo Lake AB 1983 Ref D 
Skeleton Lake AB 1985-1986, 2005-2009 Ref C 
Smoke Lake AB 1983-1984 Ref C 
Spray Lakes Reservoir AB 1984-1985 Ref C 
Spring Lake AB 1983-1984 Ref C 
Spruce Coulee Res. AB 2000-2008 Ref A, Ref B 
St. Mary Reservoir AB 1985, 2005 Ref C 
Steele (Cross) Lake AB 1985-1987, 2000-2008 Ref C 
Sturgeon Lake AB 1984-1985, 2000-2008 Ref C 
Sylvan Lake AB 1984-1986, 2003-2009 Ref C 
Thunder Lake AB 1984-1987, 2000-2009 Ref C 
Touchwood Lake AB 1986-1987, 2000-2003 Ref C 
Town (Twin) lake AB 1982-1983 Ref C 
Travers Reservoir AB 1983, 1990-2000 Ref C 
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1 
 

 

Lake  Dates Data source 

Big Dam West NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008) 
North Cranberry NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008), Wyn et al. (2009) 
Harp O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
Dickie O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
ELA 240 O

N 
1995-1996, 2002 Sellers et al. (2001), Orihel et al. (2006) 

Phantom SK 2000-2010 2009 Phantom Lake data.xls, Jane Kirk (Environment Canada; unpublished data) 
Wabamun AB 2000-2010 Mitchell and Prepas (1990), Emmerton ( 2011), Jane Kirk (Environment Canada;  

unpublished data) 
Buttle BC 1985-1986 International Lake Environment Committee (1999) 
Great Central BC 1984-1985 International Lake Environment Committee (1999) 
Kamloops BC 1974-1975 International Lake Environment Committee (1999) 
Kootenay BC 1984-1986 International Lake Environment Committee (1999) 
Langford Lake BC 2005 Rieberger (2007), Ref A1 
Okanagan BC 1971-1988 International Lake Environment Committee (1999), Ref A 
Shuswap BC 1987 International Lake Environment Committee (1999) 
Skaha BC 1985-1986 International Lake Environment Committee (1999) 
Williston BC 1975, 1982, 1988 International Lake Environment Committee (1999) 
Windermere Lake BC 2006-2009 Neufeld, Swain and Rieberger (2010), Ref A 
Wood BC 1980, 1987 International Lake Environment Committee (1999) 
Alix Lake AB 2000-2007 Mitchell (1999), Noton (1984), Ref A, Ref B2 
Amisk Lake AB 1982-1983, 2008 Ref C3 
Angling Lake AB 2002-2004 Alberta Lake Management Society (2012), Ref A, Ref B 
Archer Lake AB 1992 Ref D4 
Audet Lake AB 1983, 1988 Ref D 
Baptiste Lake N AB 1986-1987, 2003-2007 Ref C 
Baptiste Lake S AB 1982-1986, 2003-2007 Ref C 
Base Lake AB 1983 Ref D 
Battle Lake AB 1984-1985, 2003, 2005 Ref C 
Bayard Lake AB 1983, 1988 Ref D 
Beauvais Lake AB 1985-1986, 2000-2008 Ref C 
Beaver Lake  AB 1986-1987, 2003-2008 Ref C 
Beaverhill Lake AB 1975 Mitchell and Prepas (1990) 
Birch Lake AB 1983 Ref D 
Bison Lake AB 1992 Ref D 
Blood Indian Res. AB 1983, 1986 Ref C 
Bonnie Lake AB 1983-1990 Ref C 
Bourque Lake AB 1979-1993 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
Buck Lake AB 1983, 1985, 2001-2006 Ref C 
Buffalo Lake AB 1985-1986, 2000-2007 Ref C 
Calling Lake AB 1987-1988, 2000 Ref C 
Canopener Lake AB 1992 Ref D 
Cardinal Lake AB 2000-2002 Ref A, Ref B 
Chain Lakes Res. AB 1990-2004 Ref C 
Chestermere Lake AB 1983, 2007 Ref C 
Chickenhill Lake AB 1996 Alberta Lake Management Society (2012), Ref A 
Christina Lake AB 1983, 1986 Ref D 
Clayton Lake AB 1992 Ref D 
Clear Lake AB 1988 Ref D 
Coal Lake AB 1984, 2005 Ref C 

Province
	  

4 
 

Tucker Lake AB 1981-1982, 2006-2007 Ref C 
Tyrell Lake AB 1978, 1983, 2008 Ref C 
Unnamed Lake (L4) AB 1990-1992 Ref D 
Unnamed Lake (L6) AB 1988 Ref D 
Unnamed Lake (L7) AB 1990-1992 Ref D 
Unnamed Lake (L9) AB 1988 Ref D 
Unnamed Lake (L10) AB 1983, 1988 Ref D 
Unnamed Lake (L11) AB 1988 Ref D 
Unnamed Lake (L13) AB 1988 Ref D 
Unnamed Lake (L14) AB 1983, 1988 Ref D 
Unnamed Lake (L15) AB 1988 Ref D 
Unnamed Lake (L21) AB 1988 Ref D 
Unnamed Lake (L27) AB 1983, 1988 Ref D 
Unnamed Lake (L28) AB 1983, 1988 Ref D 
Unnamed Lake (L33) AB 1983, 1988 Ref D 
Unnamed Lake (L40) AB 1988 Ref D 
Unnamed Lake (L42) AB 1988 Ref D 
Unnamed Lake (L43) AB 1988 Ref D 
Unnamed Lake (L44) AB 1988 Ref D 
Unnamed Lake (L45) AB 1988 Ref D 
Unnamed Lake (L47) AB 1983, 1988 Ref D 
Unnamed Lake (L48) AB 1992 Ref D 
Unnamed Lake (L49) AB 1992 Ref D 
Unnamed Lake (L50) AB 1992 Ref D 
Unnamed Lake (L51) AB 1992 Ref D 
Unnamed Lake (L56) AB 1992 Ref D 
Unnamed Lake (L57) AB 1992 Ref D 
Unnamed Lake (L58) AB 1992 Ref D 
Unnamed Lake (L59) AB 1992 Ref D 
Unnamed Lake (L68) AB 1992 Ref D 
Unnamed Lake (L69) AB 1992 Ref D 
Unnamed Lake (L70) AB 1992 Ref D 
Unnamed Lake (L71) AB 1992 Ref D 
Unnamed Lake (L72) AB 1992 Ref D 
Unnamed Lake (L73) AB 1992 Ref D 
Unnamed Lake (L74) AB 1992 Ref D 
Unnamed Lake (L75) AB 1992 Ref D 
Unnamed Lake (L76) AB 1992 Ref D 
Unnamed Lake (L77) AB 1992 Ref D 
Unnamed Lake (L78) AB 1992 Ref D 
Unnamed Lake (L79) AB 1992 Ref D 
Unnamed Lake (L80) AB 1992 Ref D 
Unnamed Lake (L81) AB 1992 Ref D 
Unnamed Lake (L82) AB 1992 Ref D 
Unnamed Lake (L83) AB 1992 Ref D 
Unnamed Lake (L86) AB 1992 Ref D 
Unnamed Lake A AB 1992 Ref D 
Unnamed Lake B AB 1983 Ref D 
Upper Kananaskis AB 1984, 2005-2008 Ref C 
Upper Mann Lake AB 1983-1984, 1992-1993 Ref C 
Utikuma Lake AB 1976, 1979, 1996 Ref C 
Waterlily Lake AB 1992 Ref D 
Weekes Lake AB 1992 Ref D 
Wentzel Lake AB 1983 Ref D 
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1 
 

 

Lake  Dates Data source 

Big Dam West NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008) 
North Cranberry NS 1997-2001 O’Driscoll et al. (2003, 2005a), Ethier et al. (2008), Wyn et al. (2009) 
Harp O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
Dickie O

N 
2000-2011 Hutchinson et al. (1994), Eimers et al. (2006), Mills et al. (2009), Ethier et al. (2010),  

Dorset Environmental Science Centre (unpublished data) 
ELA 240 O

N 
1995-1996, 2002 Sellers et al. (2001), Orihel et al. (2006) 

Phantom SK 2000-2010 2009 Phantom Lake data.xls, Jane Kirk (Environment Canada; unpublished data) 
Wabamun AB 2000-2010 Mitchell and Prepas (1990), Emmerton ( 2011), Jane Kirk (Environment Canada;  

unpublished data) 
Buttle BC 1985-1986 International Lake Environment Committee (1999) 
Great Central BC 1984-1985 International Lake Environment Committee (1999) 
Kamloops BC 1974-1975 International Lake Environment Committee (1999) 
Kootenay BC 1984-1986 International Lake Environment Committee (1999) 
Langford Lake BC 2005 Rieberger (2007), Ref A1 
Okanagan BC 1971-1988 International Lake Environment Committee (1999), Ref A 
Shuswap BC 1987 International Lake Environment Committee (1999) 
Skaha BC 1985-1986 International Lake Environment Committee (1999) 
Williston BC 1975, 1982, 1988 International Lake Environment Committee (1999) 
Windermere Lake BC 2006-2009 Neufeld, Swain and Rieberger (2010), Ref A 
Wood BC 1980, 1987 International Lake Environment Committee (1999) 
Alix Lake AB 2000-2007 Mitchell (1999), Noton (1984), Ref A, Ref B2 
Amisk Lake AB 1982-1983, 2008 Ref C3 
Angling Lake AB 2002-2004 Alberta Lake Management Society (2012), Ref A, Ref B 
Archer Lake AB 1992 Ref D4 
Audet Lake AB 1983, 1988 Ref D 
Baptiste Lake N AB 1986-1987, 2003-2007 Ref C 
Baptiste Lake S AB 1982-1986, 2003-2007 Ref C 
Base Lake AB 1983 Ref D 
Battle Lake AB 1984-1985, 2003, 2005 Ref C 
Bayard Lake AB 1983, 1988 Ref D 
Beauvais Lake AB 1985-1986, 2000-2008 Ref C 
Beaver Lake  AB 1986-1987, 2003-2008 Ref C 
Beaverhill Lake AB 1975 Mitchell and Prepas (1990) 
Birch Lake AB 1983 Ref D 
Bison Lake AB 1992 Ref D 
Blood Indian Res. AB 1983, 1986 Ref C 
Bonnie Lake AB 1983-1990 Ref C 
Bourque Lake AB 1979-1993 Trew, Yonge and Kaminski (1981), Ref A, Ref B 
Buck Lake AB 1983, 1985, 2001-2006 Ref C 
Buffalo Lake AB 1985-1986, 2000-2007 Ref C 
Calling Lake AB 1987-1988, 2000 Ref C 
Canopener Lake AB 1992 Ref D 
Cardinal Lake AB 2000-2002 Ref A, Ref B 
Chain Lakes Res. AB 1990-2004 Ref C 
Chestermere Lake AB 1983, 2007 Ref C 
Chickenhill Lake AB 1996 Alberta Lake Management Society (2012), Ref A 
Christina Lake AB 1983, 1986 Ref D 
Clayton Lake AB 1992 Ref D 
Clear Lake AB 1988 Ref D 
Coal Lake AB 1984, 2005 Ref C 

Province
	  

5 
 

Whaleback Lake AB 1992 Ref D 
Winagami Lake AB 1983-1986, 2000-2008 Ref C 
Wizard Lake AB 1982-1984, 2006-2009 Ref C 
Wolf lake AB 1981, 2005-2007 Ref C 
Wood Buffalo Lake AB 1983 Ref D 
Amisk Lake SK 1947-1956?, 1917-2012 Rawson (1960), Environment Canada (2006) 
Athabasca SK 1987-1988 University of Alberta (1990), Evans (2000) 
Buffalo Pound SK 1980-1986 International Lake Environment Committee (1999) 
Cree/Loon SK 1947?-1958?, 1928-2010 Rawson (1960), Environment Canada (2006) 
Diefenbaker SK 1894-1985 International Lake Environment Committee (1999) 
Ile a la Crosse SK 1947-1956? Rawson (1960), Environment Canada (2006) 
La Ronge SK 1948-1952 Rawson (1960) 
Reindeer SK 1942-1947? Rawson (1960), Environment Canada (2006) 
Falcon M

B 
1991-1995 Shoal Lake Watershed Working Group (2009) 

Southern Indian M
B 

1978 Evans (2000), Manitoba Hydro (2012), International Lake Environment Committee (1999) 

Winnipeg M
B 

1969, 1999-2007 Evans (2000), Environment Canada and Manitoba Water Stewardship (2011), Manitoba 
Water Stewardship (2012), International Lake Environment Committee (1999) 

Erie O
N 

1983-2007 Robbins, Edgington and Kemp (1978), International Lake Environment Committee (1999), 
Environment Canada and United States Environmental Protection Agency (2003, 2009),  
Burns  et al. (2005), Binding et al. (2007, 2010), Ref A 

Huron O
N 

2000-2007 Evans et al. (1981), International Lake Environment Committee (1999), Environment 
Canada and United States Environmental Protection Agency (2003, 2009), Dobiesz and 
Lester (2009), Wells and Parker (2010), Ref A 

Ontario O
N 

1904-1968, 1972, 1976, 
1998-2006 

Evans et al. (1981), International Lake Environment Committee (1999), Environment 
Canada and United States Environmental Protection Agency (2003, 2009), Binding et al. 
(2007), Ref A 

Simcoe O
N 

1981-1985 International Lake Environment Committee (1999) 

Superior O
N 

1937-1969, 1973-
1979,1985-2009 

Evans et al. (1981), Assel (1986), International Lake Environment Committee (1999),  
Hawley (2000), Environment Canada and United States Environmental Protection Agency 
(2003, 2009), White, Austin and Matsumoto (2012), Ref A 

Caniapiscau QC 1981-1985 International Lake Environment Committee (1999) 
Champlain QC 1972-1975, 1988 International Lake Environment Committee (1999) 
La Grande 2 QC 1980-1985 International Lake Environment Committee (1999) 
Manicouagan QC 1985 International Lake Environment Committee (1999) 
Massawippi QC 1982, 1984 International Lake Environment Committee (1999) 
Memphramagog QC 1985, 1987 International Lake Environment Committee (1999) 
St. Jean QC 1979 International Lake Environment Committee (1999) 
Kejimkujik NS 1980-1981 International Lake Environment Committee (1999), Ref A 
Otter Lake NB 1960-1971, 2003 Environment Canada (2006), Harris, Cumming and Smol (2006), Ref A 
Utopia Lake NB 1985-1993, 2003 Environment Canada (2006), Harris, Cumming and Smol (2006), Ref A 
Western Brook NL 1972-1973, 1982 International Lake Environment Committee (1999), Ref A 
Aishihik YT 1972-1975 International Lake Environment Committee (1999) 
Great Bear Lake NT 1963-1965, 1976-1978 Johnson (1975), Moore (1980), Evans (2000), International Lake Environment Committee 

(1999), Ref A 
Great Slave NT 1944-1948, 1975-1977, 

1985 
Rawson (1950), Evans (2000), Gibson, Prowse and Peters (2006), Ref A 

Garrow NU 1980-1986 International Lake Environment Committee (1999) 
 

1Ref A=Adrienne Ethier (Atomic Energy of Canada Ltd.; unpublished data) 
2Ref B=Mary Raven (Alberta Environment and Water; unpublished data) 

1 Ref A=Adrienne Ethier (Atomic Energy of Canada Ltd.; unpublished data)
2 Ref B=Mary Raven (Alberta Environment and Water; unpublished data)
3  Ref C=Mitchell and Prepas (1990), Adrienne Ethier (Atomic Energy of Canada Ltd.; unpublished data), Mary Raven (Alberta Environment and Water; 

unpublished data)
4  Ref D=Regional Aquatics Monitoring Program (2012), Adrienne Ethier (Atomic Energy of Canada Ltd.; unpublished data), Mary Raven (Alberta Environment 

and Water; unpublished data)
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atmospherically deposited Hg, some is incorporated 
into plant biomass directly and or from soil water 
into plant roots. Further, of the Hg incorporated into 
plants, a portion is consumed by animals, a portion is 
incorporated into the soil layer through litterfall, and 
a portion is liberated back to the atmosphere through 
forest fires (Selin, 2009).

Aquatic ecosystems receive Hg deposition directly 
from the atmosphere; as well, Hg of atmospheric 
origin can be delivered from terrestrial components 
described above via runoff from the watershed 
(including wetlands) or subsurface flows (Grigal, 
2002). Following delivery, aqueous Hg may be 
sequestered, transformed, or removed via a number 
of different processes (see Chapter 6). Aqueous 
divalent mercury (Hg2+) may be reduced to elemental 
mercury (Hg0) and re-emitted to the atmosphere or 
removed from the system via outflowing waters in 
streams or rivers. The Hg remaining in the system 
generally accumulates in the sediments after binding 
to particles. Mercury deposited in the sediments may 
be methylated by bacteria to produce MeHg, which is 
the Hg species of prime concern because of its toxicity 
and tendency to accumulate in food webs.

10.1.2 Overview of Food Webs in 
Terrestrial and Aquatic Ecosystems

Food webs in the terrestrial ecosystem tend to be 
simple and short, consisting of 3 clearly delineated 
groups: plants and lichens, herbivores, and carnivores/
scavengers. In contrast, food webs in aquatic 
ecosystems vary in length, and the same species 
may occupy different niches depending on the habitat 
structure and species composition in a given system. 
However, in general, most aquatic food webs can be 
described as consisting of at least 4 distinct trophic 
levels, including primary producers (e.g., phytoplankton, 
benthic algae, and vascular macrophytes), 
primary consumers (e.g., crustacean zooplankton 
and invertebrate larvae), small insectivorous or 
zooplanktivorous fishes (e.g., pumpkinseed and 
alewife), and larger piscivorous fishes (e.g., walleye and 
northern pike). Piscivorous wildlife, such as common 
loons, osprey, mink, otter, seals, beluga, and polar bears, 
occupy the top trophic level.

10.1 INTRODUCTION
Physical, chemical, and biological processes influence 
the cycling of mercury (Hg) and methylmercury 
(MeHg) among terrestrial, aquatic, and atmospheric 
ecosystems on Earth. These processes and pathways 
have been described in detail in previous chapters 
(Chapter 4, Chapter 5, and Chapter 7). This chapter 
describes the present state of knowledge on the 
spatial patterns of total Hg (THg) and MeHg in 
terrestrial and aquatic biota and examines these 
patterns in the context of the environmental factors 
known to influence Hg methylation.

10.1.1 Overview of Mercury Dynamics in 
Terrestrial and Aquatic Ecosystems

Mercury deposition in terrestrial systems is 
extremely variable and can be affected by physical 
characteristics of the landscape as well as the species 
composition of the habitat (Graydon et al., 2008). 
Hintelmann et al. (2002) estimated that evasion and 
runoff from a feather moss/lichen/blueberry shrub 
ecosystem equalled about two-thirds of the Hg 
deposition in that ecosystem. A review of Hg cycling 
described the concept of “prompt recycling,” in which 
newly deposited Hg preferentially revolatilizes (Selin, 
2009). The same review estimated that 5 to 60% of 
deposited Hg is promptly recycled to the atmosphere, 
depending on the surface.

The presence of forest canopies can dramatically 
influence Hg deposition to, and movement through, 
the landscape. Foliage accumulates atmospheric Hg 
through wet and dry deposition, with concentrations 
often increasing over the course of the growing 
season (Barghigiani et al., 1991; Bombosch, 
1983; Fleck et al., 1999; Rasmussen et al., 1991; 
Rasmussen, 1995, Wyttenbach and Tobler, 1988).  
This causes the deposition of Hg beneath forest 
canopies via throughfall and litterfall to far exceed 
deposition of Hg in adjacent open areas (Graydon 
et al., 2008; Grigal et al., 2000; Lee et al.,2000; 
Rea et al., 2002; St. Louis et al., 2001). In this way, 
some uplands can function as Hg sinks, containing 
massive stores of Hg in amounts much greater than 
annual deposition (Graydon et al., 2009). Of the 
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10.2 MERCURY LEVELS 
AND SPATIAL PATTERNS IN 
TERRESTRIAL ENVIRONMENTS

10.2.1 Terrestrial Plants, Fungi, and Lichen

Mercury concentrations in fungi, lichen, and 
plants are generally low, usually ranging between 
undetectable and 0.25 μg g-1 (Table 10.1). The highest 
concentrations are found in fungi and lichens, with  
the highest average concentration (2.06 μg g-1)  
being reported for an epiphytic lichen on the shore  
of Hudson Bay (Carignon and Sonke, 2010).

Lichens have no root system and absorb nutrients from 
the atmosphere. In doing so, they also absorb airborne 
Hg (Poissant et al., 2008). Lichens are an important 
primary producer, particularly in the Arctic, constituting 
the main winter food source for barren-ground caribou 
and a significant pathway for Hg to caribou (Gamberg, 
2009a). It is unclear whether lichens retain all the Hg 
they absorb or whether some is re-emitted. Carignon 
and Sonke (2010) reported that Hg concentrations in 
epiphytic (tree-growing) fruticose lichens (up to 2.06 μg 
g-1 dry weight) decreased along a gradient away from 
Hudson Bay and were highly correlated with halogen 
concentrations (bromine, chlorine, and iodine). They 
hypothesized that, once in lichens, metals including Hg 
may be complexed by lichenic acids within extra- and/
or intra-cellular areas, likely preventing photoreduction 
or escape of Hg to the atmosphere. They concluded 
that particulate and total gaseous Hg forms are 
effectively scavenged and immobilized by tree lichens 
year-round without being significantly affected by 
photochemical re-emission from snow surfaces on 
the lichens. As well, high Hg concentrations measured 
in tree lichens close to Hudson Bay are likely the 
result of atmospheric Hg depletion events associated 
with Arctic marine ecosystems (Douglas et al., 2012). 
Lower concentrations of Hg found in ground-dwelling 
lichens from coastal areas (presumably also affected 
by atmospheric depletion events) could be explained by 
the insulating effect of snow cover for much of the year, 
whereas tree lichens are open to Hg scavenging all year 
long. Crête et al. (1992) found increasing concentrations 
of Hg in lichens along an eastward gradient in Quebec 

Relatively few studies have focused on the dynamics 
of MeHg in terrestrial food webs in Canada. Rimmer 
et al. (2010) showed MeHg biomagnification at 
successive trophic levels in a southern montane forest 
food web, with the highest concentrations found in 
raptors. Evers et al. (2005) found a similar pattern 
in aquatic birds in northeast North America and also 
noted high levels of MeHg in insectivorous birds. 
The biomagnification of MeHg in aquatic systems 
has been well studied by comparison and generally 
indicates that the concentrations of MeHg increase 
with trophic level in both stream and lake systems 
(e.g. Cabana and Rassmussen, 1994; Chasar et al., 
2009; Chapter 6 of this assessment).

Given these observed patterns of biomagnification, 
the highest levels of Hg would be expected in the 
top trophic levels. A typical terrestrial food web 
with relatively high concentrations of Hg consists of 
lichens, barren-ground caribou, and wolves. However, 
while caribou have higher Hg concentrations than 
lichens (Gamberg 2009a and 2010), wolves do 
not necessarily have correspondingly higher Hg 
concentrations (Gamberg and Braune, 1999). This 
may be because wolves also feed on moose and small 
mammals, which tend to have lower Hg body burdens 
than those of caribou (Gamberg et al., 2005a). 
In aquatic ecosystems, large piscivorous fish are 
expected to have the highest fish Hg concentrations 
(Cabana and Rassmussen, 1994). Based on an 
assessment of Hg concentrations from over 100 
species of fish collected from across Canada, this 
general expectation has been confirmed (Depew et al., 
2013a). For freshwater ecosystems, although there 
are many environmental factors that may alter the 
amount of Hg in large piscivorous fishes, correlative 
studies indicate that oligotrophic (low nutrient), 
low pH, and moderate dissolved organic carbon 
(DOC) systems tend to have biota with the highest 
Hg concentrations, including piscivorous fish and 
wildlife (Burgess and Hobson, 2006 Chen et al., 2005; 
Kamman et al., 2005).
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of MeHg being significantly higher in most plant 
groups collected from the Yukon North Slope (coastal 
location) than in those from the inland location 
(Gamberg, 2009a). This difference may be related 
to atmospheric Hg depletion events in coastal areas 
(Steffen et al., 2008), but the mechanism is not yet 
clearly understood. The amount of Hg present in the 
methylated form is variable even within plant groups, 
ranging from 0.25% (Gamberg, 2009a) to 13.5% 
(Moore et al., 1995) in lichens and from 0.43% (Hall 
and St. Louis, 2004) to 38.2% (Moore et al., 1995) in 
mosses. Factors affecting the proportion of MeHg in 
plants have yet to be explored.

The paucity of data for THg in vegetation across 
Canada makes it difficult to discern geographic trends, 
if indeed any exist. A comparison of plants from the 
same genus shows similar Hg concentrations (Table 
10.2) across territories and provinces. However, a 
case could be made for maple and pine having higher 
THg concentrations in Nova Scotia than in Ontario and 

and also found higher concentrations in lichens in 
tundra biomes than in forest.

In contrast to lichens, vascular plants absorb nutrients 
(and Hg) from the soil, although direct (wet or dry) 
deposition may add Hg to the outer surface of these 
plants. Herbaceous plants, shrubs, and trees have 
consistently low Hg concentrations, with the lowest 
levels being found in the fruit of the plants and the 
highest in the branches of shrubs (Table 10.1). These 
plant groups do not provide a significant source of Hg 
to terrestrial herbivores.

Mercury may be methylated and then subsequently 
demethylated within soil layers (St. Louis et al., 
2001). Methylmercury may be absorbed directly into 
plants through the roots from soil water, or Hg2+ may 
be methylated within the plants themselves (Moore 
et al., 1995). The proportion of THg as MeHg in 
caribou forage plants sampled in Yukon ranged from 
0.5% (cottongrass) to 31% (willow); the proportion 

TABLE 10.1  Total mercury and methylmercury in major plant, fungi, and lichen groups in Canada

Group Tissue
THg sample 

size

Range of mean 
THg, μg g-1 dry 

weight

MeHg 
sample 

size

Range of mean 
MeHg, ng g-1

dry weight
Source

Fungi 14 0.14–0.25 1–3

Lichens 310 0.03–2.06 11 0.18–2.0 1–15

Mosses 119 0.03–0.21 16 0.20–2.0 3, 4, 8, 9, 11, 12, 
14, 15

Herbaceous 
plants

82 0.003–0.07 21 0.02–0.60 1, 2, 7, 16, 17, 18

Shrubs Berries 126 <0.002–0.009 2, 16, 17, 18, 
19, 20

Branches 109 0.005–0.21 3 0.19–0.45 4, 9, 16, 17, 18

Trees Bark 192 0.003–0.14 2, 6, 14, 17, 18, 25

Branches 3 521 0.003–0.14 4 0.03–0.16 2, 3, 4, 6, 7, 9, 12, 
17, 18, 21, 22, 25

Wood 27 <0.002–0.04 6, 14, 16, 25

Litterfall 27 0.025–0.08 27 0.06–0.55 23, 24

1-Choy et al., 2010; 2-Gamberg, unpublished data; 3-Rasmussen et al., 1991; 4-Chiarenzelli et al., 2001; 5-Carignan and Sonke, 2010; 6-Zhang et al., 
1995a; 7-Gamberg, 2009a; 8-Evans and Hutchinson, 1996; 9-Hall and St. Louis, 2004; 10-Crête et al., 1992; 11-Moore et al., 1995; 12-Rencz et al., 
2003; 13-SOMER, 1993; 14-Friedli et al., 2007; 15-Hintelmann et al., 2002; 16-Rutherford and Tobin, 2010; 17-Jin, 2003; 18-Jin, 2005; 19-Sellers, 2005; 
20-Sellers, 2006; 21-Graydon et al., 2012; 22-Graydon et al., 2009; 23-Graydon et al., 2008; 24-St. Louis et al., 2001; 25-Zhang et al., 1995b.
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birds can have elevated Hg exposure. For example, 
rusty blackbirds commonly breed in bog habitats that 
foster Hg methylation (Edmonds et al., 2012) and, as a 
result, have elevated blood Hg concentrations typically 
seen in more predatory birds (Edmonds et al., 2010; 
Evers et al., 2005). Similarly, elevated blood Hg levels 
have been found in Bicknell’s thrush, an insectivorous 
bird breeding on mountaintops in northeastern North 
America (Rimmer et al., 2005, 2010). Other examples 
of insectivorous birds with elevated Hg levels include 
northern waterthrush, red-winged blackbird, Carolina 
wren, and saltmarsh sparrow (Evers et al., 2005; 
Jackson et al., 2011; Lane et al., 2011; Winder and 
Emslie, 2012). Contrary to past thinking, MeHg can be 
biomagnified significantly in some terrestrial food webs 
by predatory invertebrates such as spiders and in turn 
by the birds that eat them (Cristol et al., 2008; Tsui 
et al., 2012). Unfortunately, little research has been 
done on these bird species in Canada, making this an 
important research gap.

for willow having lower levels in Yukon, intermediate 
levels in British Columbia, and highest concentrations 
in Nunavut.

10.2.2 Birds

Birds encompass a wide range of ecological niches 
and geographic ranges, which can affect the levels of 
Hg to which they are exposed. Herbivores, including 
seed-eating passerines and upland game birds, have 
the lowest levels of Hg, since vegetation tends to 
have low concentrations and the relatively Hg-rich 
lichens and mosses are not preferred forage for birds. 
Insectivores include birds that feed to a large extent 
on insects (including emergent aquatic species) and 
spiders, but not all are obligate insectivores, and some 
may feed on other food groups (crustaceans, fruit, and 
seeds). In addition, other groups of birds may consume 
insects at some point in their life cycles, particularly 
when feeding young in the spring. Certain insectivorous 

TABLE 10.2  Geographic variation in total mercury in selected lichen and plant species in Canada

THg, μg g-1, dry weight, range (sample size)

Common name Species Yukon Nunavut Ontario Source

Reindeer lichen Cladonia spp. 0.107 (5) <0.05–0.093 (16) 0.033–0.048 (5) 4, 7, 8

Curled snow lichen
Flavocetraria 

cucullata
0.072 (5) 0.072 (5) 4, 7

Ontario Quebec Nova Scotia

Beard lichen Usnea spp. 0.08–0.35 (5) 0.178 (45) 5, 12

Feather moss
Pleurozium 
schreberi 0.065–0.091 (6) 0.076–0.213 (13) 0.172 (8) 8, 12

Trees (branch tips) Ontario Quebec Nova Scotia

Maple Acer spp.
0.007–0.008 

(46)
0.032 (135) 12, 21

Pine Pinus spp.
0.011–0.013 

(832)
0.025 (56) 12, 21, 22

Yukon Nunavut
British 

Columbia

Willow Salix spp.
0.005–0.006 

(18)
0.073 (10)

0.014–0.015 
(46)

2, 4, 17, 18

1-Choy et al., 2010; 2-Gamberg, unpublished data; 3-Rasmussen et al., 1991; 4-Chiarenzelli et al., 2001; 5-Carignan and Sonke, 2010; 6-Zhang et al., 
1995a; 7-Gamberg, 2009a; 8-Evans and Hutchinson, 1996; 9-Hall and St. Louis, 2004; 10-Crête et al., 1992; 11-Moore et al., 1995; 12-Rencz et al., 
2003; 13-SOMER, 1993; 14-Friedli et al., 2007; 15-Hintelmann et al., 2002; 16-Rutherford and Tobin, 2010; 17-Jin, 2003; 18-Jin, 2005; 19-Sellers, 2005; 
20-Sellers, 2006; 21-Graydon et al., 2012; 22-Graydon et al., 2009; 23-Graydon et al., 2008; 24-St. Louis et al., 2001; 25-Zhang et al., 1995b.
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Methylmercury makes up 80–100% of the total 
Hg in muscle tissue in loons (Scheuhammer et al., 
1998b). Methylmercury deposited in muscle tissue 
is available and remobilizes during feather moult 
(Evers et al., 2005). Virtually all Hg in a feather is 
MeHg (Thompson and Furness, 1989) and reflects 
blood Hg levels at the time of moult (Bearhop et al., 
2000). Kidney, liver, and brain tissue demethylate 
MeHg using selenium to form a non-toxic complex 
(Stoewsand et al., 1974). However, the proportion 
of THg found in the methylated form in these 
tissues declines as THg concentrations increase 
(Scheuhammer et al., 1998b). Weech et al. (2003) 
found that 66% of THg in bald eagle liver was in the 
methylated form. Eggs also have a high proportion 
of THg in the form of MeHg, with > 95% in loons 
(Scheuhammer et al., 2001), > 90% in aquatic birds 
(Fimreite et al., 1974), and 88% in bald eagles (Elliott 
et al., 1996).

10.2.2.1 Fish-eating Birds and Seabirds

To compare spatial patterns in birds, it is desirable to 
use similar species and/or tissues. Since piscivorous 
birds have the highest concentrations of Hg and 
consume primarily fish that contain a high proportion 

Carnivores include predatory birds that do not feed 
on fish (e.g., hawks and owls) but there may be some 
overlap with piscivorous birds due to opportunistic 
scavenging. Many insectivores and carnivores have 
similar levels of Hg, reflecting their similar trophic 
positions. Piscivores include birds for which fish is 
a major portion of the diet. Seabirds and freshwater 
piscivores (e.g., osprey, bald eagle, common loon, 
and great blue heron) feed at relatively high trophic 
levels. Despite considerable variation in foraging 
strategy, prey selection preferences, and life histories, 
piscivorous birds generally exhibit the highest 
concentrations of Hg in sampled tissues, reflecting 
the high levels of Hg found in many fish species. Table 
10.3 summarizes Hg concentrations in 4 major bird 
groups, based on diet.

Evaluation of spatial patterns of Hg in avian species 
can be complicated by species-specific differences 
in foraging, prey selection, and life history (above), 
but also by the types of tissues examined and Hg 
species analyzed. In most cases, measurements of 
Hg in avian tissues have been THg rather than MeHg 
(Table 10.4). Ingested MeHg is readily absorbed 
into the blood (83% in loons; Fournier et al., 2002) 
and is then distributed to various body tissues. 

TABLE 10.3  Summary of total mercury concentrations in tissues from herbivorous, insectivorous, carnivorous, and 
piscivorous bird groups in Canada

  Mean THg, μg g-1 wet weight (sample size) Source

Bird group Blood Egg Feathera Kidney Liver Muscle

Herbivores – 0.06
(20)

0.02–0.04 
(19)

0.02–0.09 
(142)

0.004–0.18 
(137)

<0.002–0.02 
(128)

1, 2, 4–9, 12

Insectivores 0.08–0.13 
(70)

0.07–0.68 
(33)

0.37–0.64 
(48)

– – <0.05–0.24 
(47)

8, 10–12

Carnivores – 0.01–3.5 
(1 174)

– – 0.02–3.4 
(56)

– 1, 3, 13, 14

Piscivores 0.09–6.4 
(1 427)

0.01–2.99 
(1 295)

2.71–28.8 
(1 228)

0.6–39.9 
(124)

0.14–30.5 
(662)

0.1–4.1
(194)

1, 3, 13, 
15–31

aHg in feathers expressed on a dry weight basis.

1-Frank et al., 1975; 2-Gamberg, unpublished data; 3-Canadian Cooperative Wildlife Health Centre, unpublished data; 4-Pedersen et al., 2006; 5-Rutherford 
and Tobin, 2010; 6-SOMER ,1993; 7-Sellers, 2005; 8-Braune et al., 1999a; 9-Langlois and Langis, 1995; 10-Rimmer et al., 2005; 11-Morrissey et al., 
2004; 12-Baril et al., 1990; 13-Noble and Elliot, 1990; 14-Peakall et al., 1990; 15-Evers et al., 2005; 16-Champoux et al., 2005; 17-Champoux et al., 
2009; 18-DesGranges et al., 1998; 19-Weech et al., 2006; 20-Dominguez et al., 2003; 21-Scheuhammer et al., 2008; 22-Elliot et al., 1989; 23-Elliot et 
al., 2000; 24-Hughes et al., 1997; 25-Minaskuat, 2008; 26-Bowerman et al., 1994; 27-Weech et al., 2003; 28-Elliot et al., 1996; 29-Burgess et al., 2005; 
30-Scheuhammer et al., 1998a; 31-Scheuhammer, 1998b; 32-Scheuhammer et al., 2001; 33-Champoux et al., 2006; 34-Frank et al., 1983; 35-Fox et al., 
1980; 36-Daoust et al., 1998; 37-Scheummer et al., 2012; 38-Hamilton et al., 2011.
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TABLE 10.4  Mean total mercury concentrations in bird tissues from Canadian provinces and territories

Mean or range (sample size), μg g-1 wet weight

Tissue Common 
name YK NWT BC AB MB ON QC NB, NS,  

PE Source

Kidney Willow 
ptarmigan

0.03–0.05 
(49) 0.09 (33) – – – – – – 2,4

Common loon – – 14.7 (31) – – – – – 36

Liver Willow 
ptarmigan

0.01–0.03 
(49) 0.03 (33) – – – – – – 2, 4

Common loon – – 5.06 (11) 3.14 (37) 7.05 (5) 5.64–20.8 
(283)

16.3
(8)

15.9–28.8
(28)

21, 34, 37, 
38

  ON QC NB NS

Blood Bicknell’s 
thrush – 0.10 (52) 0.12 (9) 0.13 (12) – – – – 10

Common loon 2.1 (22) 2.2 (58) 2.2 (33) 4.8 (28) – – – – 29, 30, 33

  NU, NWT,  
YK BC MB, SK, 

AB ON QC NF NB, NS,  
PEb 

Egg Merlin 0.20 (5) – 0.12
(234) – – – – – 13

Red–tailed 
hawk – – 0.10 (46) 0.06 (13) – – – – 1, 13

Bald eagle – 0.26 (9) 0.11 (13) 0.37 (18) – – – 0.45 (38) 13, 15, 28

Great blue 
heron – 0.08 (9) – – 0.21 (129) – – – 15, 16, 22

Osprey – 0.07 (67) – 0.10 (55) 0.18 (33) – – 0.31 (23) 13, 15, 18, 
23, 24

Common loon – – 0.15–0.89 
(93) 0.95 (61) – – – 0.22–2.99

(16) 32, 34, 35

Feather Bald eagle Juvenile 6.8 (31) – 3.7 (6) – – – – 19, 26

Bald eagle Adult 12.4 (10) – – – – – 14 (9) 15, 19, 26, 
27

Osprey Juvenile – – 3.8 (78) 7.0 (63) – – 8.2 (62) 15, 18, 24

  Osprey Adult – – 17.3 (11) 16.5 (29) 9.47 (14) – 15.6 (10) 15, 18, 24, 
25

Common loon Adult
Juvenile – – 13.3 (20) 

2.3 (17) 14.0 (58) – – 10.3 (41) 29, 30, 33

NWT – Northwest Territories; NU-Nunavut; YK-Yukon; NF-Newfoundland; NS-Nova Scotia; NB-New Brunswick; PE-Prince Edward Island; QC-
Quebec; ON-Ontario; MB-Manitoba; SK-Saskatchewan; AB-Alberta; BC-British Columbia
aExcept feathers, which are expressed in dry weight; b includes Maine and New Hampshire.

1-Frank et al., 1975; 2-Gamberg, unpublished data; 3-Canadian Cooperative Wildlife Health Centre, unpublished data; 4-Pedersen et al., 
2006; 5-Rutherford and Tobin, 2010; 6-SOMER ,1993; 7-Sellers, 2005; 8-Braune et al., 1999a; 9-Langlois and Langis, 1995; 10-Rimmer 
et al., 2005; 11-Morrissey et al., 2004; 12-Baril et al., 1990; 13-Noble and Elliot, 1990; 14-Peakall et al., 1990; 15-Evers et al., 2005; 
16-Champoux et al., 2005; 17-Champoux et al., 2009; 18-DesGranges et al., 1998; 19-Weech et al., 2006; 20-Dominguez et al., 2003; 
21-Scheuhammer et al., 2008; 22-Elliot et al., 1989; 23-Elliot et al., 2000; 24-Hughes et al., 1997; 25-Minaskuat, 2008; 26-Bowerman 
et al., 1994; 27-Weech et al., 2003; 28-Elliot et al., 1996; 29-Burgess et al., 2005; 30-Scheuhammer et al., 1998a; 31-Scheuhammer, 
1998b; 32-Scheuhammer et al., 2001; 33-Champoux et al., 2006; 34-Frank et al., 1983; 35-Fox et al., 1980; 36-Daoust et al., 1998; 
37-Scheummer et al., 2012; 38-Hamilton et al., 2011.
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In terms of spatial trends, there is an increasing 
trend in Hg concentrations in tissues of several avian 
species from west to east across Canada (Table 
10.4). There may also be higher concentrations in 
the north of Canada, but there are fewer data to 
assess this trend. Mercury concentrations show 
a clear longitudinal trend in blood Hg of Bicknell’s 
thrush and common loons; in the eggs of bald eagles, 
great blue herons, common loons, and osprey; and 
in the feathers of juvenile osprey and adult bald 
eagles. This increasing trend of Hg concentrations 
from west to east is clearly demonstrated in blood 
Hg of adult common loons from across Canada 
(Figure 10.2). There are, however, some exceptions 
to this trend: for example, Hg in bald eagles eggs 
from the prairie region and feathers from adult 
osprey, common loons, and juvenile bald eagles. It 
is unclear why these particular species and tissue 
types deviate from the others, but the differences 
may reflect differences in diet preferences and 
foraging strategies. Nevertheless, the general trend 

(94–99%) as MeHg (Bloom, 1992), piscivores are an 
ideal indicator of Hg exposure. This is particularly true 
if Hg is measured in the blood or eggs from a species 
that does not forage over large geographic distances 
(e.g., common loon). However, the same species may 
not always be available in all regions and may vary 
its diet according to prey availability. An attempt was 
made to take some of these factors into account with 
the 4 most commonly sampled piscivorous birds 
(common loons, bald eagles, osprey, and herons) 
by grouping data from adult or juvenile birds and 
including only data with a minimum sample size of 
5. The samples were taken over a range of years 
(1970–2009) and geographic locations. The results 
show no clear differences among species (Figure 
10.1). Since the data were combined from different 
parts of Canada and the food habits of these predatory 
birds are opportunistic, it is not surprising that 
differences among species are not large. The higher 
Hg concentrations in adult birds versus juveniles are 
common to all species.

FIGURE 10.1  Total mercury in Canadian fish-eating birds. Tissue concentrations are expressed as μg g-1 wet 
weight except feathers, which are expressed as dry weight. Data from Bowerman et al., 1994; Burgess et al., 2005; 
Champoux et al., 2005, 2006; Daoust et al., 1998; DesGranges et al., 1998; Dominguez et al., 2003; Elliot et al., 
1989, 1996, 2000; Evers et al., 2005; Fox et al., 1980; Frank et al., 1983; Hamilton et al., 2011; Hughes et al., 1997; 
Minaskuat, 2008; Noble and Elliot, 1990; Scheuhammer et al., 1998a,b, 2001, 2008; Schummer et al., 2012; Weech 
et al., 2003, 2006.
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FIGURE 10.2  Mean total mercury in blood of adult common loons across Canada; the numbers indicate sample 
sizes. (Data from Burgess et al., 2005; Champoux et al., 2005; Scheuhammer et al., 1998a; Scheuhammer, Burgess, 
Champoux, and Lord, unpublished data.)

FIGURE 10.3  Summary of seabird egg total mercury concentrations collected from various sites in the Arctic, 
Atlantic and Great Lakes region of Canada between 2003 and 2011. Species are as follows: ARTN – Arctic tern, 
BLGU – black guillemot, BLKI – black-legged kittiwake, COEI – common eider, GBBG – great black-backed gull, 
GBHR – great blue heron, HERG – herring gull, LTDK – long-tailed duck, NRFU – northern fulmar, RAZO – razorbill, 
TBMU – thick-billed murre. Data represent regional mean (error bars are standard deviation when more than one 
colony or site was averaged) and represent a minimum of 12–15 eggs (3–5 pools). (Data from Akearok et al., 2010; 
Braune, 2007; Burgess et al., 2013; Champoux (unpubl. data); Lavoie et al., 2010; Wesleoh et al., 2011.)
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10.2.3 Mammals

As with birds, mammals occupy a diverse range 
of ecological niches and are therefore exposed to 
differing concentrations of Hg in their diet. Table 10.5 
gives an overview of data for terrestrial mammals 
with different feeding strategies in Canada. In 
general, herbivores accumulate low concentrations 
of Hg, since most vegetation is very low in Hg. The 
exception to this rule is lichens, which are long-lived 
and readily absorb atmospheric Hg, resulting in 
relatively high concentrations (see Section 10.2.1). 
Barren-ground caribou generally have a winter diet 
consisting primarily of lichen (Kelsall, 1968), resulting 
in a range of higher Hg concentrations than are 
found in other terrestrial herbivores. Omnivores and 
carnivores also consume low quantities of Hg, since 
the Hg body burden of their prey items (herbivores) 
is generally low. Even wolves that prey on caribou do 
not accumulate high concentrations of Hg (Gamberg, 
unpublished data). From the limited data available, 
it appears that insectivores (i.e., bats) accumulate 
significantly more Hg than herbivores, omnivores, 
and carnivores (Nam et al., 2012; Wada et al., 2010). 
This could result from consuming large quantities of 
insects, even if each insects does not have a high Hg 
level. However, this hypothesis is based only on one 
group of insectivores (bats) and one tissue (hair), so 
this conclusion must be viewed with caution. There 
has been little study of Hg in bats in Canada (Hickey 
et al., 2001), so this remains a research gap. As with 
birds, it is clear that piscivorous mammals accumulate 
more Hg than the other groups, especially in hair, 
muscle, and brain tissues; this is expected, since fish 
tend to accumulate high levels of Hg as MeHg.

Of all the mammals included in this review, only bats, 
caribou, mink, and otter accumulated appreciable 
levels of Hg. The few data on Hg concentrations in 
bats are limited to levels in hair from eastern Ontario 
(Hickey et al., 2001). While higher than Hg levels in 
caribou hair from Alaska (Lokken et al., 2009), these 
concentrations are somewhat lower than hair levels in 
piscivorous wildlife (the only other group with data for 
Hg in hair) (Table 10.6). Hickey et al. (2001) suggested 
that bats consuming large quantities of flying insects 
that spend their larval stages in aquatic sediments 
may be exposed to Hg levels causing sublethal 

in the avian data agrees with other studies that have 
shown a significant west-to-east trend in Hg in avian 
tissues, with northeastern North America exhibiting 
the highest concentrations (Evers et al., 1998, 2003; 
Scheuhammer et al., 2001).

Several long-term monitoring programs in the Pacific, 
Atlantic, Arctic, and Great Lakes regions provide both 
comprehensive spatial and temporal data (see Chapter 
11) to assess Hg exposure to seabirds breeding in 
these respective areas through egg sampling (e.g., 
Burgess et al., 2013; Mallory and Braune, 2012; 
Weseloh et al., 2011). While seabird contaminant 
data (including Hg) have been collected from various 
tissues (blood, liver and kidney), depuration (feathers, 
egg) and demethylation pathways confound the 
interpretation of Hg levels in many of these tissues. 
Thus, most of the monitoring programs measure Hg in 
the eggs because they are relatively simple to sample, 
the impacts on populations are minimal, and eggs 
provide a reasonable measure of Hg exposure in the 
breeding grounds (Mallory and Braune, 2012). Seabird 
egg Hg data collected by long-term monitoring and 
opportunistic sampling between 2003 and 2011 
for Atlantic, Great Lakes, and Arctic regions are 
summarized in Figure 10.3. Variation in THg among 
seabird species is lower in the Atlantic region, but 
more substantial in the Canadian Arctic. Arctic terns 
had the highest egg Hg levels (mean 0.53 ug g-1 wet 
weight; Akearok et al., 2010) among all species. 
Within similar species, higher concentrations of Hg 
are indicated in black-legged kittiwakes and common 
eiders in the Arctic. However, variability within 
clutches can be significant (up to 48 % higher in the 
first egg laid; Akearok et al., 2010). Additionally, major 
shifts in seabird diets, as a consequence of invasive 
species or changes to aquatic food webs, may also 
impact the levels of Hg in seabirds (Burgess et al., 
2013; Weseloh et al., 2011).
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TABLE 10.5  Summary of total mercury concentrations in tissues from terrestrial mammals in Canada grouped by 
feeding strategies

  Mean or range THg, μg g-1 wet weight (sample size) Source

Mammal group Haira Kidney Liver Muscle Brain Fat

Herbivores 0.02
(9)

0.001–3.5 
(2 549)

0.003–1.3 
(1 044)

<0.0003–1.0 
(595)

0.003
(17)

1–33

Carnivores 0.04–1.0 
(75)

0.01–1.0 
(175)

0.01–0.3
(78)

2, 13, 29, 
30–32, 
36–40

Omnivores 0.03–4.3
(3)

<0.01–1.1 
(14)

0.01–4.5 
(118)

0.003–0.5 
(133)

0.06–
0.1 (86)

0.003
(8)

2, 13, 
16–18, 30, 
32, 33, 36

Insectivores 1.5–7.4
(190)

33–34

Piscivores
7.4–26.9 

(696)
0.4–6.1
(1 044)

0.06–2.3 
(1 835)

0.02–2.4 
(194)

0.002–
3.2 

(1 338)

2, 6, 36, 
41–56

aHg in hair expressed on a dry weight basis.

1-Braune et al., 1999a; 2-Canadian Cooperative Wildlife Health Centre, unpublished data; 3-Elkin and Bethke, 1995; 4-Elkin, unpublished data; 5-Gamberg, 
1992; 6-Gamberg et al., 2005b; 7-Gamberg et al., 2005c; 8-Gamberg, 2006; 9-Gamberg, 2008; 10-Gamberg, 2009b; 11-Gamberg, 2009b; 12-Gamberg, 
2010; 13-Gamberg unpublished data; 14-Gartner Lee Ltd., 2005; 15-Humphries, unpublished data.; 16-Jin, 2002; 17-Jin, 2003; 18-Jin, 2005; 19-Larter 
and Nagy, 2000; 20-Larter et al., 2010; 21-Macdonald et al., 2002; 22-MacNeil et al., 1987; 23-Mallory et al., 2004; 24-Pedersen and Lierhagen, 2006; 
25-Pollock et al., 2009; 26-Poole et al., 1998; 27-Radvanyi and Shaw, 1980; 28-Robillard et al., 2002; 29-Rutherford and Tobin, 2010; 30-Sellers, 2005; 
31-Smith et al., 1975; 32-SOMER, 1993; 33-Wren et al., 1980; 34-Hickey et al., 2001; 35-Milan, 2009; 36-Frank et al., 1979; 37-Hoekstra et al., 2003; 
38-Gamberg and Braune, 1999; 39-Garrett ,1985; 40-Harding, 2004; 41-Fortin et al., 2001; 42-Haines et al., 2010; 43-Harding et al., 1998; 44-Klenavic et 
al., 2008; 45-Kucera, 1983; 46-Kucera, 1986; 47-Langlois et al., 1995; 48-Poole et al., 1998; 49-Spencer, 2006; 50-Wren et al., 1986; 51-Yates et al., 2005; 
52-Evans et al., 2000; 53-Mierle et al., 2000; 54-Martin et al., 2011, 55-Spencer et al., 2011, 56-Evans et al., 1998a.

biological effects. Milan (2009) discovered that hair 
Hg concentrations were higher in bats collected in 
2006/07 than in those collected in 1997/98 from 
the same area. Caution should be used in drawing 
conclusions from these limited data sets; more 
research is required in this area.

Adequate data to assess geographic variation exist 
for few terrestrial species in Canada (Table 10.6). 
However, caribou, mink, and otter have been sampled 
from sufficient locations to allow some exploration 
of spatial variation (see below). The interpretation 
of spatial trends is confounded by samples being 
collected not only from various locations and seasons 
and both sexes, but also from various time periods, 
since there is some evidence of temporal variation in 
mercury in some species (see Chapter 11).

10.2.3.1 Caribou

Data collected from the Porcupine caribou herd in 
Yukon indicated that females had higher kidney 
concentrations of Hg in spring than in fall (Gamberg, 
2006). Seasonal variation in kidney size has been 
used to explain differences in concentrations 
of cadmium in caribou, kidneys being at their 
largest in the fall (Crête et al., 1989; Gamberg 
and Scheuhammer 1994), and this may also 
provide a partial explanation for differences in Hg 
concentrations. Seasonal differences in diet may also 
play a role. A model estimating Hg intake by Porcupine 
caribou (Gamberg, 2009a) indicated that Hg intake is 
highest in the fall and winter, when lichens make up 
most of the diet, and is lowest in the summer months, 
when the caribou are feeding more on grasses, 
sedges, and forbs (Figure 10.4).
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TABLE 10.6  Mean total mercury concentrations in terrestrial mammal tissues from Canadian provinces  
and territories

Mean or range THg, μg g-1 wet weight (sample size)

Tissue  Common
name

YK NWT NU BC MB ON QC NS NF Source

Kidney Muskrat 0.01 (13) – – –  0.007
(30)

– – – – 13, 27

Bison 0.006 (6) 0.03 (10) – – – – – – – 13, 22

Moose  0.01–0.12
(502)

0.04 (47) – <0.002–
0.01 (25)

– – – – –  7, 12, 13, 16,
18, 29

 Caribou
– Barren-

ground

 0.3–0.6
(487)

 0.1–3.5
(289)

 0.3–2.9
(161)

– – – – – –  3, 4, 8, 11, 12,
13, 19, 20, 21

 Caribou –
Woodland

 0.1–1.3
(205)

– – – – –  0.6–1.4
(330)

–  0.7
(27)

11, 13, 25, 28

 American
marten

0.1 (7) – – 0.3 (5) – – – – – 13, 40

Wolf  0.04–1.0
(21)

 0.1–0.5
(30)

– – – – – – – 4, 38

Mink 0.7 (98) – – 0.9 (12)  0.4–1.9
(340)

 0.2–1.6
(77)

– 2.2 (39) –  6, 41, 43, 45,
46, 50, 52

 Otter – – – –  0.7–1.7
(57)

 0.3–3.7
(99)

– 3.2 (10) –  33, 45, 46,
50, 52

Liver Beaver 0.02 (6) – – <0.005–
 0.003

(15)

– 0.006–
0.03 (11)

– – –  1, 5, 13, 16, 18,
29, 30, 33

Muskrat – – – –  0.005
(30)

0.01 (5) – – – 27, 30

 Snowshoe
hare

<0.02 (15) 0.06 (10) – – – – 0.2 (9) – – 13, 32, 48

Bison 0.02 (6) 0.01 (10) – – – – – – – 13, 22

Moose 0.01 (69) 0.01–
 0.04
(49)

– 0.02–
0.04 (42)

– – – – – 12, 13, 16, 18

 Caribou
– Barren-

ground

0.1 (20)  0.1–0.5
(82)

 0.2–0.9
(74)

– – – – – – 3, 13, 21

 Caribou –
Woodland

 0.02–0.2
(45)

– – – – –  0.4–0.7
(307)

– – 5,13, 29

Wolverine – 0.06 (12) – 0.06 (11) – – – – – 37, 40

Wolf  0.010–0.7
(21)

 0.04–0.2
(37)

– – – – – – – 4, 31, 38

Red fox – – – – – 0.4 (51) 0.3 (5) – – 32, 36
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Mink 0.9 (98)  1.3–3.3
(185)

–  1.3–1.4
(20)

 0.6–3.0
(340)

 0.1–2.5
(192)

 2.9–8.3
(59)

 0.06–4.4
(116)

–  6, 32, 41, 43,
 44, 45, 46,

 48, 50, 51, 52,
53, 54

 Otter – – – 0.6 (26)  1.3–2.8
(57)

 0.5–4.2
(256)

2.1 (80) 3.7 (62) –  30, 33, 41, 43,
 44, 45, 46, 50,

52, 53

Muscle Beaver 0.03 (6) – – <0.002–
0.007 (8)

0.006–
0.03 (16)

– – –  16, 17, 29,
30, 33

Muskrat  0.01 (36)
0.02

– – –  0.007
(30)

0.04 (11) – – – 13, 15, 27, 30

 Snowshoe
hare

0.01 (15) – – – – – 0.07 (22) – – 13, 32

Moose 0.02 (49) – – <0.002–
1.0 (37)

– 0.008 (9) – – – 13, 16, 18, 30

 American
marten

– – – – –  0.2–0.3
(28)

0.3 (8) – – 32, 36

Red fox – – – – –  0.05–0.5
(49)

0.1 (5) – – 30, 32, 36

Mink – – – – –  0.3–1.1
(77)

2.4 (6) 2.1 (39) –  30, 36, 44,
47, 50

 Otter – – – – –  0.07–1.0
(55)

– 1.3 (11) – 30, 33, 41, 50

Brain Mink 0.2 (90) – – –  0.1–0.7
(340)

 0.3–0.5
(53)

0.6 (53)  0.004–0.9
(123)

–  6, 44, 45, 46,
50, 52

 Otter – – – –  0.2–0.7
(57)

 0.2–3.2
(179)

0.5 (80)  0.002–1.0
(152)

–  41, 42, 44, 45,
 46, 50, 51,

52, 53

Haira  Little 
brown bat

– – – – 5.2 (94) 2.4 (20) – – 34, 35

Mink – – – – –  7.4–17.3
(44)

24.0 (54)  10.6–26.9
(114)

– 41, 44, 51, 52

 Otter – – – – –  7.9–13.8
(221)

16.0 (80)  19.5–38.0
(183)

–  41, 44, 49, 52,
53, 55, 56

NWT – Northwest Territories; NU-Nunavut; YK-Yukon; NF-Newfoundland; NS-Nova Scotia; NB-New Brunswick; PE-Prince Edward Island; QC-Quebec; ON-
Ontario; MB-Manitoba; SK-Saskatchewan; AB-Alberta; BC-British Columbia

1-Braune et al., 1999a; 2-Canadian Cooperative Wildlife Health Centre, unpublished data; 3-Elkin and Bethke, 1995; 4-Elkin, unpublished data; 5-Gamberg, 
1992; 6-Gamberg et al., 2005b; 7-Gamberg et al., 2005c; 8-Gamberg, 2006; 9-Gamberg, 2008; 10-Gamberg, 2009b; 11-Gamberg, 2009b; 12-Gamberg, 
2010; 13-Gamberg unpublished data; 14-Gartner Lee Ltd., 2005; 15-Humphries, unpublished data.; 16-Jin, 2002; 17-Jin, 2003; 18-Jin, 2005; 19-Larter 
and Nagy, 2000; 20-Larter et al., 2010; 21-Macdonald et al., 2002; 22-MacNeil et al., 1987; 23-Mallory et al., 2004; 24-Pedersen and Lierhagen, 2006; 
25-Pollock et al., 2009; 26-Poole et al., 1998; 27-Radvanyi and Shaw, 1980; 28-Robillard et al., 2002; 29-Rutherford and Tobin, 2010; 30-Sellers, 2005; 
31-Smith et al., 1975; 32-SOMER, 1993; 33-Wren et al., 1980; 34-Hickey et al., 2001; 35-Milan, 2009; 36-Frank et al., 1979; 37-Hoekstra et al., 2003; 
38-Gamberg and Braune, 1999; 39-Garrett ,1985; 40-Harding, 2004; 41-Fortin et al., 2001; 42-Haines et al., 2010; 43-Harding et al., 1998; 44-Klenavic et 
al., 2008; 45-Kucera, 1983; 46-Kucera, 1986; 47-Langlois et al., 1995; 48-Poole et al., 1998; 49-Spencer, 2006; 50-Wren et al., 1986; 51-Yates et al., 2005; 
52-Evans et al., 2000; 53-Mierle et al., 2000; 54-Martin et al., 2011, 55-Spencer et al., 2011, 56-Evans et al., 1998a.

TABLE 10.6  Continued

Mean or range THg, μg g-1 wet weight (sample size)

Tissue  Common
name

YK NWT NU BC MB ON QC NS NF Source
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winter months, resulting in generally higher levels 
of Hg. However, concentrations of Hg in woodland 
caribou herds are variable and may be related to 
local geology. Mercury levels in kidney in woodland 
caribou herds in Yukon range from an average 0.5 
μg g-1 in the Ibex herd to 4.6 μg g-1 in the Carcross 
herd, compared with average 1.8 μg g-1 the barren-
ground Porcupine herd (Gamberg, unpublished data). 
This range in woodland caribou is likely due to Hg 
uptake in perennial vegetation used as winter forage 
(e.g., willows). Concentrations of Hg in willow twigs 
from Yukon ranged up to 0.09 μg g-1 (Gamberg, 
unpublished data), similar to the lower range found 
for lichens. Peary caribou are something of a mystery, 
since those studied on Banks Island consume very 
little lichen, their diet being made up largely of 
grasses, sedges, and forbs (Parker, 1978; Shank et al., 
1978; Larter and Nagy, 1997); therefore, one would 
expect low concentrations of Hg in these caribou. In 
fact, Hg concentrations in the Banks Island caribou 
are comparable to those in barren-ground caribou, 
which consume a much greater proportion of their 
winter diet as lichen (for example, the Bluenose herd 
consumes approximately 85% lichen in the winter; 
Larter and Nagy, 1997). Because Hg concentrations 
have not been measured in forage for the Banks 
Island caribou, the source of these relatively high 
levels of Hg remains unclear.

Mercury concentrations in kidney from different 
caribou herds were summarized for 4 different time 
periods: 1991–1995, 1996–2000, 2001–2005, 
and 2006–2010 (Figure 10.5). These time periods 
(groupings) were chosen to maximize the data 
available for comparisons. Data were also grouped 
by sex and season of collection, and only datasets 
with a minimum of 10 samples for each grouping 
were used to ensure robust comparisons. Figure 10.5 
shows no clear geographic trend, either latitudinally or 
longitudinally. Mercury concentrations in these caribou 
herds are likely affected by atmospheric patterns of 
deposition of Hg (Dastoor and Larocque, 2004), local 
environmental conditions affecting Hg concentrations 
in their winter forage, and forage availability and 
selection. These factors would include timing of 
green-up in the spring and the subsequent switch 
to lower-Hg forages, which could be affected by a 
changing climate.

FIGURE 10.4  Total mercury intake estimate (µg d-1)  
for Porcupine caribou over one calendar year 
(Gamberg, 2009a).

Female (cow) Porcupine caribou had higher 
concentrations of Hg in kidney than males (bulls), 
probably related to the fact that, while they are 
physically smaller than males, they have higher 
energetic demands. As a result, they eat more food, 
and hence more Hg, proportional to their body weight 
than males, leading to higher kidney concentrations 
(Gamberg, 2009a). This relationship has also been 
demonstrated for Hg in mink, in which females also 
have a smaller body size than males (Gamberg  
et al., 2005b).

Methylmercury in muscle tissue from caribou and 
moose averaged 75% and 91% of THg, respectively 
(Gamberg, unpublished data). This is somewhat lower 
than the average of 100% reported for muscle tissue 
in marine mammals (Wagemann et al., 1997) and is 
likely related to the form of Hg in the herbivorous diet 
of caribou and moose.

To assess geographic variation in caribou, different 
herds must be compared. However, this introduces 
yet another confounding variable, as Arctic caribou in 
Canada may be members of 3 different subspecies 
(woodland, barren-ground, and Peary), each having 
its own unique dietary niche. Woodland caribou 
browse on plants as part of their winter diet, as 
well as feeding on lichens, whereas barren-ground 
caribou feed almost exclusively on lichens during the 
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FIGURE 10.5  Geographic variation of total mercury in kidney (µg g-1 wet weight) in Canadian Arctic caribou. Herds: 
BE – Bluenose East, BF – Baffin Island, BP – Bonnet Plume, BT – Bathurst, BV – Beverly, DU – Dolphin and Union, 
FY – Finlayson, GR – George River, PC – Porcupine, QM – Qamanirjuaq, TY – Tay. (Data from Braune et al., 1999b; 
Elkin and Bethke, 1995; Elkin, unpubl. data; Gamberg, 1992, 2006, 2008, 2009a,b, 2010, unpubl. data; Gamberg  
et al., 2005a; Macdonald et al., 2002.)
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demethylating MeHg than mink. While the underlying 
reasons for this are unclear, Basu et al. (2007) 
reported neurochemical differences between otter and 
mink and suggested that these differences may allow 
otters to withstand higher Hg exposure. Interestingly, 
in some locations otter have higher Hg concentrations 
in their fur than mink (Figure 10.6) and higher 
proportions of THg present as MeHg (Table 10.7). This 
finding follows from the fact that one of the routes 
of loss of Hg for mammals is hair; it also provides 
more evidence of the greater efficiency of otters in 
dealing with Hg exposure. However, while kidney Hg 
concentrations in mink and otter are similar to those 
in caribou, liver concentrations are significantly higher 
in the piscivorous species (Table 10.7). Interestingly, in 
the terrestrial environment, kidney Hg concentrations 
are consistently higher than liver concentrations in 
non-piscivores (Table 10.5), while in piscivores (both 
marine and freshwater), the reverse is true (Fisk et al., 
2003; Gamberg et al., 2005b; Kim et al., 1996). This 
is likely related to the form of Hg in the diet and the 
demethylating mechanisms employed.

Although caribou had the highest Hg concentrations of 
the non-piscivorous terrestrial mammals, they do not 
approach the level thought to cause harmful or lethal 
impacts (30 μg g-1 wet weight; Thompson, 1996). 
Porcupine herd caribou averaged 0.002 μg g-1 THg 
(wet weight) in muscle tissue.

Based on their findings on Hg trends in Quebec 
lichens, Crête et al. (1992) predicted that the Leaf 
River caribou herd (tundra biome) would be more 
exposed to Hg than the nearby George River herd 
(boreal forest biome), hypothesizing that lichens on 
the tundra would be exposed to more Hg deposition 
because of the absence of trees and the rarity of 
vascular plants that could intercept some particulate 
deposition. Some years later, Robillard et al. (2002) 
confirmed this prediction, showing that adult Leaf 
River caribou had kidney and liver Hg concentrations 
2 to 3 times higher than those in adult George River 
caribou.

10.2.3.2 Mink and Otter

Mercury concentrations in mink and otter are among 
the highest in the terrestrial species, as expected 
because of their piscivorous diet. In mink and otter, 
the proportion of THg present as MeHg is greatest in 
the brain, less in the kidney, and least in the liver. This 
suggests demethylation is occurring at a greater rate 
in the liver and minimally in brain tissue. An inverse 
relationship has been observed between liver THg 
concentrations and percentage of THg present as 
MeHg (Gamberg et al., 2005b; Martin et al., 2011) 
indicating that demethylation of MeHg occurs at a 
greater rate as THg levels increase. Wagemann et 
al. (1997) hypothesized that demethylation in the 
liver leads to the formation of Hg2+ and finally to 
detoxification through conjugation with selenium (Se) 
to form to mercuric selenide. Evidence supporting 
this hypothesis from marine mammal data indicates 
a positive relationship between THg and Se in liver 
tissue. This positive relationship between THg and 
Se has also been seen in mink liver (Gamberg et al., 
2005b; Martin et al., 2011).

The proportion of THg present as MeHg is lower in 
otter than in mink for brain, liver, and kidney (Table 
10.7). This suggests that otters are more efficient at 

TABLE 10.7  Proportion of total mercury present as 
methylmercury in mink and otter tissues

% of THg present as MeHg

Tissue Otter Mink Source

Brain 81 90 1

61 93 2

74 89 3

  82 98 4

Kidney 56 91 1

  56 61 2

Liver 62 80 1

  44 54 2

Fur 79 65 1

1- Evans et al., 2000; 2- Fortin et al., 2001; 3- Basu et al., 2005; 4- Haines 
et al., 2010
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proportionally more food, and hence more Hg, than 
males because of their smaller body size and higher 
energetic demands (primarily reproduction). The 
same reasoning could explain generally higher Hg 
concentrations in mink compared with otter (Figure 
10.6). Otters are strict piscivores (Lariviere and 
Walton, 1998), whereas mink may include small 
mammals in their diet (Gilbert and Nancekivell, 
1982). This factor, by itself, should result in higher Hg 
concentrations in otter, since most of the Hg ingested 
by both species is from fish. In addition, otters are 

Published literature shows that female mink and 
otter tend to have higher concentrations of Hg than 
males. Some studies showed a statistically significant 
difference (Gamberg et al., 2005b; Kenavic et al., 
2008; Kucera, 1983; Yates et al., 2005), while other 
studies did not (Klenavic et al., 2008; Martin et al., 
2011; Wren et al., 1986). In some studies, differences 
in Hg concentrations between genders may have been 
masked by geographic variation or changes with age 
of the animals. Gamberg et al. (2005b) suggested 
that, in the sexually dimorphic mink, females eat 

FIGURE 10.6  Mean (and standard deviation) total mercury concentrations in mink and otter tissues. (Data from 
Harding et al., 1998; Evans et al., 2000; Fortin et al., 2001; Klenavic et al., 2008.)
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that mink from a single trapline in Yukon frequently 
showed high variability in Hg concentrations, 
suggesting that these variations were caused by 
factors other than local environmental conditions. For 
otter, Basu et al. (2005) found that Hg body burdens 
were higher in Nova Scotia than in Ontario. They 
concluded that atmospheric deposition, combined 
with low pH and high organic content in lakes 
(favouring Hg methylation), contributed to enhanced 
bioaccumulation of Hg in Nova Scotia. Haines et al. 
(2010) found higher concentrations of Hg in brains 
of otter from inland areas of Nova Scotia than in 
those from coastal areas, while Burgess (N. Burgess, 
unpublished data) measured brain Hg levels 8 times 
higher in freshwater otters than in saltmarsh otters of 
similar age from Nova Scotia.

FIGURE 10.7  Mean total mercury in liver (ug g-1 wet 
weight) of mink from Canada. Data from Fortin et al., 
2001; Gamberg et al., 2005b; Harding et al., 1998; 
Klenavic et al., 2008; Kucera, 1983, 1986; Martin et al., 
2011; Poole et al., 1998; Wren et al., 1986; Yates et al., 
2005. 

larger animals and can hunt and consume larger fish 
with higher Hg concentrations. However, the smaller 
body size of the mink and the resulting proportionally 
greater intake of food (and Hg) apparently more 
than counterbalance these factors, causing higher 
concentrations in mink than in otter. Most studies on 
Hg in mink and otter did not present data on a gender-
specific basis; thus, sex-related differences cannot be 
resolved at this time.

It is unclear whether Hg concentrations in mink and 
otter change with age. Some studies have found a 
decline with age (Evans et al., 1998a; Klenavic et 
al., 2008), others an increase with age (N. Burgess, 
unpublished data; Fortin et al., 2001), some found 
no relationship (Fortin et al., 2001; Gamberg, 2005b; 
Spencer et al., 2011), and one suggested an initial 
increase followed by a decline (Mierle et al., 2000). 
Gender differences and geographic variation may 
mask potential relationships between age and tissue 
Hg concentrations. Also, high concentrations of Hg 
may reduce survival of older animals through negative 
impacts on energy levels, neurological, and immune 
function, and reduced tolerance of cold temperatures 
(see Chapter 12).

No single study has looked at Hg concentrations in 
mink or otter over broad geographic scales over 1 
year or over a short time period. Based on available 
data, there is no clear broad geographic trend in Hg 
concentrations in Canadian mink or otter, but there 
is certainly geographic variation at local and regional 
scales (Figures 10.7 and 10.8). Significant geographic 
variation in THg levels is observed in mink from the 
Great Lakes region, with the highest concentrations 
associated with large riverine wetlands, which act as 
natural sites of Hg methylation (Martin et al., 2011). 
In the James Bay area, Hg concentrations in mink 
varied with soil characteristics. The highest THg levels 
were associated with moraine deposits and lowest 
levels with rich clay deposits (Fortin et al., 2001). 
High concentrations of Hg in the vicinity of chlor-alkali 
plants and of pulp and paper mills may account for 
isolated areas of high concentrations in mink from 
southwestern Ontario (Wobeser and Swift, 1976; 
Wren et al., 1986). Gamberg et al. (2005b) found 
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10.3 MERCURY LEVELS AND 
SPATIAL PATTERNS IN AQUATIC 
ENVIRONMENTS

10.3.1 Aquatic Plants

Direct absorption of Hg or MeHg is the main 
pathway of Hg to photosynthetic organisms, such as 
phytoplankton and benthic algae, associated with 
sediments, rocks, and other substrates in aquatic 
environments. Methylmercury in phytoplankton is 
preferentially sequestered in the cellular cytoplasm, 
whereas inorganic Hg may often be retained in the 
algal membrane (Mason et al., 1995). The same 
is likely true for larger macroalgae and periphyton 
associated with sediments, rocks, and other 
substrates such as submerged trees. In contrast, 
in vascular macrophytes uptake of Hg (like other 
inorganic nutrients) is thought to occur largely 
via the roots, although data on the distribution of 
Hg in various macrophyte tissues is somewhat 
contradictory. For example, Coquery and Welbourn 
(1995) found up to 7 times more Hg in root tissue 
than in shoot tissue in pipewort from Bentshoe Lake, 
Ontario. However, patterns in tissue Hg concentrations 
among taxa are not consistent, leading some to 
suggest that uptake may be altered by changes 
to the redox conditions near the root or rhizomes 
(Thompson-Roberts et al., 1999).

There are few studies that report MeHg (or THg) 
concentrations in aquatic plants; therefore, it is 
difficult to determine the nature and extent of any 
spatial patterns. In general, THg levels in mixed 
assemblages of periphyton and filamentous 
macroalgae are low, rarely exceeding 400 ng g-1 dry 
weight, and the percentage of THg present as MeHg 
varies widely (from 1 to 55%; Table 10.8). It is unclear 
whether this reflects differences in MeHg availability 
among sites and studies, differences in uptake due 
to variation in ratios of surface area to volume, or the 
presence or abundance of methylating organisms 
(e.g., methanogenic or sulphur-reducing bacteria) 
enmeshed within periphyton communities (Hamelin  
et al., 2011).

FIGURE 10.8  Mean total mercury in liver (ug g-1 wet 
weight) of otter from Canada. Data from Fortin et 
al., 2001; Harding et al.,1998; Klenavic et al., 2008; 
Kucera, 1983, 1986; Wren et al., 1986.

Differences in diet and foraging range may account for 
at least some of the variation observed in mink and 
otter. Mink with a higher proportion of fish in their diet 
would be expected to have higher Hg concentrations 
than those feeding more heavily on small mammals. 
Differences in Hg levels between inland and coastal 
otter also likely reflect differences in diet between 
the 2 areas, as inland otters exclusively consume 
freshwater fish while the coastal or saltmarsh otters 
consume some marine fish (Haines et al., 2010). Since 
freshwater fish generally have higher concentrations 
of Hg than marine fish (Luten et al., 1980; Plessi et al., 
2001), such a pattern is therefore expected. However, 
the above-mentioned factors (sex, age, and year of 
collection) were combined in this assessment and 
may mask spatial trends.
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TABLE 10.8  Summary of measured total mercury and methylmercury in periphyton from across Canada

Range or mean ± SD,  
ng g-1 dry weight

Province/territory 
(number of sites) 

Species THg MeHg % MeHg Source

Nunavut (10) Mixed 
periphyton 30 ± 30 2 ± 3 1.2–15 1

Ontario (2) Mougeotia spp./ 
Spirogyra spp. 40–330 NA ~ 55 2

Ontario (1) Mixed / 
Cladophora spp. 1.6–3.8 NA NA 3

Quebec (25) mixed 15–398 1–68 1–36 4–7

1 – Gantner et al., 2010a; 2 – Stokes et al., 1983, 3 – Zhang et al., 2012, 4 – Desrosiers et al., 2006a, 5 – Desrosiers et al., 2006b, 6 – Cremona et al., 2009, 
7 – Hamelin et al., 2011

TABLE 10.9  Measured total mercury concentrations from various species of vascular macrophytes across Canada

Range or range of means, ng g-1 dry 
weight (sample size)

Common name Species Tissue
British 

Columbia Ontario Quebec Source
Eurasian milfoil Myriophyllum spicatum Shoot/

Whole
37–176 (8) 17–1 600 12.3–240 

(58)
1,2,4,5

Coontail Ceratophyllum demersum Whole 17.2 ± 0.9 (3) 4

Canada waterweed Elodea canadensis Shoot 77–225 8–225 (43) 2, 4, 5

Root 158–259 2

Pipewort Eriocaulon septangulaire Shoot 90–130 3

Leaf 40–110 3

Reedgrass Phalaris arundinacea Shoot 79–253 2

Root 211–448 2

Potamogeton sp. Shoot 15–132 (8) 1

Curly-leaf pondweed Potamogeton crispus Shoot 80–85 5

Clasping leaf 
pondweed

Potamogeton perfoliatus Whole 5.8 ± 0.03 (3) 4

Narrowleaf bur-reed Sparganium angustifolium Shoot 70–214 2

Root 97–251 2

Giant bur-reed Sparganium eurycarpum Shoot 62–164 2

Root 48–550 2

Yellow water lily Nuphar varigetum Leaf 8–21 (11) 5

Petiole 6–37 (5) 5

Broad-leaf Saggitaria latifolia Shoot 58–94 2

arrowhead Root 111–206 2

River bullrush Scirpus fluviatilis Whole 1.9–2.3 (2) 4

1 – Siegel et al., 1985; 2 – Mortimer, 1985; 3 – Coquery and Welbourn, 1995; 4 – Cremona et al., 2009; 5 – Thompson-Roberts et al., 1999
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10.3.2 Aquatic Invertebrates

Aquatic invertebrates (including crustacean 
zooplankton, insect larvae, and other soft-bodied 
organisms) have been infrequently sampled for Hg 
(either THg or MeHg) across Canada, although the 
increasing recognition of their potential importance 
to Hg cycling in aquatic ecosystems has renewed 
interest in recent years (e.g., Cremona et al., 2008; 
Rennie et al., 2005).

Mercury uptake in invertebrates occurs through a 
combination of dietary bioaccumulation (ingestion of 
phytoplankton, benthic algae, macrophytes, terrestrial 

The range of reported THg in vascular macrophyte 
species indicates that THg concentrations are 
generally between 10 and 250 ng g-1 dry weight 
(Table 10.9). Exceptions to this are associated with 
samples close to known geogenic sources of Hg (e.g., 
Pinchi Lake, British Columbia; Siegel et al., 1985) or 
sediments known to be contaminated with legacy 
sources of Hg (e.g., Cornwall, Ontario; Mortimer, 
1985) (Table 10.9). Of the species examined, only 
the yellow pond lily appears to have consistently 
low Hg concentrations. The mechanisms for this are 
unclear but may be related to reduction of ionic Hg to 
elemental Hg and emission back to the atmosphere 
(Thompson-Roberts et al., 1999).

TABLE 10.10  Range (includes site means) of measured total mercury and methylmercury concentrations from major 
groups of aquatic invertebrates across Canada (representative taxa are provided for each major invertebrate group)

Range, ng g-1 dry weight

Invertebrate group NU BC AB SK ON QC NB NS Source

Zooplankton (THg)

Cladoceran and copepods

40–50 – – – 17–79 – – – 1, 2

Zooplankton (MeHg) 10–90 94–
240

– – 5–102 17–377 – – 1–5

Primary consumers (THg)

Mayflies, midges, 
amphipods

38–
362

– 1.4–2.4 110–
200

8–938 34–256 – – 1, 2, 6–12

Primary consumers (MeHg) 20–
319

– – 45 2–309 22–124 – 30–190 1, 2, 8–10, 
12, 13

Secondary consumer (THg)

Water striders, dragonflies, 
diving beetles

– – – 206–
307

99–
162

136–
175

80–690 – 7, 9, 12, 
14,

Secondary consumer 
(MeHg)

– – – 197–
215

– 102–
107

– 170–
440

9, 12, 13

Crayfish (THg) – – – – 210–
1 520

– – 15,16

NU-Nunavut; NS-Nova Scotia; NB-New Brunswick; QC-Quebec; ON-Ontario; MB-Manitoba; SK-Saskatchewan; AB-Alberta; BC-British Columbia

1 – Gantner et al., 2010a; 2 – Belzile et al., 2006; 3 – Kainz and Mazumder, 2005; 4 – Hall et al., 1998; 5 – Garcia et al., 2007; 6 – Brinkmann and 
Rassmussen, 2012; 7 – Wong et al., 1997; 8 – Harding et al., 2006; 9 – Tremblay et al., 1996; 10 – Cremona et al., 2009; 11 – Hammer et al., 1988; 12 – 
Bates and Hall, 2012; 13 – Wyn et al., 2009; 14 – Jardine et al., 2009; 15 – Allard and Stokes, 1989; Parks et al., 1990
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invertebrate taxa respond to changes in Hg loads 
in days to months, and measured concentrations 
over a single season can differ widely (Harris et al., 
2007; Orihel et al., 2007). Short- and long-term 
landscape disturbances, including flooding, water level 
manipulation, eutrophication, forest harvesting, and 
fire, are factors that can alter MeHg levels in aquatic 
invertebrates (Garcia et al., 2007; Hall et al., 2009; 
Pickhardt et al., 2002).

Despite these caveats, a recent study has assembled 
MeHg data for aquatic invertebrates across Canada. 
Methylmercury concentrations in freshwater 
macroinvertebrates from 127 lakes and ponds across 
7 Canadian provinces were obtained from published 
and unpublished sources (e.g., graduate theses), 
along with available physical and chemical lake 
characteristics (Clayden et al., 2013). Lakes ranged in 
size from 0.86 to 790 000 ha, in mean depth from  
1 to 23 m, and in pH from acidic (4.3) to alkaline (9.0). 
Invertebrates were categorized by functional feeding 
groups (Barbour et al., 1998) to facilitate comparisons 
among lakes. Mean MeHg concentrations in predatory 
invertebrates for each lake increased from west  
to east across Canada (longitude, R2 = 0.206,  
p < 0.001, n = 98 lakes) and decreased from south 
to north (latitude, R2 = 0.229, p < 0.001) (Figure 10.9) 
(Clayden et al., 2013). The MeHg concentrations 
in predatory aquatic invertebrates were grouped 
by Canadian terrestrial ecozone (see Ecological 
Stratification Working Group 1995 and Chapter 13 for 
a more detailed description of ecozones); the spatial 
trends are shown in Figure 10.9. The increasing 
west-to-east spatial Hg trend was similar to that 
seen in common loons (Figure 10.2) and freshwater 
fish (Section 10.3.3). Lake pH was the strongest 
predictor of MeHg in invertebrates, both predatory 
and non-predatory, with higher levels of MeHg in 
more acidic lakes. Although pH, latitude, and longitude 
were consistently significant predictors of MeHg 
across functional feeding groups, invertebrates, both 
predatory and non-predatory, also had higher MeHg 
levels in shallower lakes (multivariate canonical 
redundancy analysis, cumulative R2

adj = 0.484). 
Methylmercury concentrations in scraper and 
predatory invertebrates were higher in lakes with 
higher DOC (R2 = 0.358, p < 0.001, n = 35 lakes,  
and R2 = 0.089, p = 0.003, n = 99 lakes, respectively) 

detritus, or dead aquatic organisms), bioconcentration 
from the water (including sediment-associated 
porewater), and maternal transfer (Lawrence and 
Mason, 2000; Tsui and Wang, 2004; Watras et al., 
1998). While inorganic Hg does not readily penetrate 
the gut lining of most invertebrates (Boudou et al., 
1991), MeHg crosses readily and can also pass 
through gill membranes (Odin et al., 1995). This 
differential discrimination may explain why studies 
have not found a relationship between sediment Hg 
and organism Hg levels (e.g., Chételat et al., 2011 and 
references therein; Rennie et al., 2005).

The percentage of MeHg present in THg in  
invertebrates varies widely (0–100%), increasing 
with trophic level (~ 40% in primary consumers 
and > 75% in predatory species such as dragonfly 
nymphs and water striders; Table 10.10). Chételat et 
al. (2011) analyzed data from some of the Canadian 
studies, reported in Table 10.10, and found that 
pelagic zooplankton tended to accumulate more 
MeHg than littoral invertebrates (with the exception 
of predatory species such as dragonfly nymphs and 
predaceous diving beetles). They argue that littoral 
invertebrates (primary consumers such as mayfly  
and caddisfly larvae) have a greater reliance  
(or subsidy) on terrestrial detritus, which has lower 
MeHg concentrations than aquatic prey.

Similar to the lack of data for aquatic plants, there 
are few suitable data for invertebrates across Canada 
to permit evaluation of broad spatial patterns. Most 
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pike, and lake trout consistently had the highest Hg 
concentrations when compared with other species 
(Depew et al., 2013a).

In contrast to the other aquatic and terrestrial biota 
discussed above, fish, particularly large piscivores, 
offer an ideal means to evaluate spatial patterns in 
MeHg availability. Such fish species are long-lived 
compared with aquatic plants, invertebrates, and 
smaller fishes, and respond to changes in MeHg 
availability within years rather than days or months 
(Mason et al., 2005). Most fish species have a limited 
ability to excrete MeHg (reviewed in Trudel and 
Rassmussen, 2006), and the bulk of Hg contained  
in fish is present as MeHg (> 95%; Bloom, 1992). 
Thus, measures of THg in fish can be used as a  
proxy for MeHg.

The number of fish sampled for THg analysis over 
the past 30–40 years across Canada is substantial 
(> 400 000; Depew et al., 2013a). Although it is not a 
complete accounting of all fish Hg data in Canada, the 
Canadian Fish Mercury Database provides a means 
to assess spatial patterns in fish Hg on a national 
scale. However, any assessment of spatial patterns 
must first carefully consider the nature of the available 
data. For example, nearly 30% of the data within 
the Canadian Fish Mercury Database are (1) derived 
from sites that historically received direct water 
discharges contaminated with Hg from chlor-alkali 
and pulp and paper mills, or (2) are from monitoring 
programs associated with hydroelectric development 
in Manitoba, Quebec, and Labrador (Depew et al., 
2013a). While these are important data and have been 
used to monitor the recovery of these systems from 
high levels of Hg (e.g. Anderson, 2011; Bodaly et al., 
2007; Munthe et al., 2007), the fish Hg concentrations 
in these systems often reached extreme levels (i.e., 
from 5 to >10 μg g-1; Munthe et al., 2007) and thus 
they cannot be considered representative of aquatic 
ecosystems that receive Hg inputs primarily from 
the atmosphere and surrounding catchments (See 
Chapter 5). In addition, different species of fish 
from the same location can accumulate different 
concentrations of MeHg in their tissues (Chumchal 
et al., 2011; Cizdziel et al., 2003; MacCrimmon et 
al., 1983); different tissues within the same fish can 
accumulate different levels of Hg or MeHg (Cizdziel 
et al., 2003; Goldstein et al., 1996); and individual 

but no such relationships were observed for gatherer-
collector or shredder groups (R2 < 0.04, p > 0.1).  
This finding is in contrast to other studies (e.g., Rennie 
et al., 2005) reporting positive relationships between 
MeHg in gatherer-collectors and shredders, on the  
one hand, and DOC, on the other. This finding suggests 
that the relative importance of chemical variables, 
such as DOC, in affecting MeHg levels in invertebrates 
varies among functional feeding groups. In addition, 
functional feeding group was a better predictor of 
MeHg concentrations in invertebrates than δ15N  
(r = 0.374 and 0.250, respectively), indicating that the 
foraging behaviour and energy sources of freshwater 
macroinvertebrates may be more important than 
trophic position in determining their exposure  
to MeHg.

FIGURE 10.9 Mean methylmercury concentrations in 
predatory aquatic invertebrates grouped by ecozone 
across Canada (data from Clayden et al., 2013).

Spatial monitoring of Hg in freshwater shellfish has 
not been conducted on a national scale in Canada, 
although monitoring studies have been carried out in 
some locations, such as monitoring of zebra mussels 
in the St. Lawrence River (Kwan et al., 2003).

10.3.3 Freshwater Fish

Mercury concentrations in freshwater fishes have 
been measured across Canada since the 1970s 
through various monitoring and research programs. 
A recent analysis of available datasets indicated 
that predatory species such as walleye, northern 
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differences in Hg levels between male and female 
fish. The data presented here are aggregated from 
nearly 40 years of monitoring and research programs. 
The most comprehensive temporal assessments of 
fish Hg levels in aquatic systems not directly affected 
by reservoir formation or industrial pollution indicate 
that long-term changes in Hg levels in a given species 
are generally small (0.5–1.5% yr-1; Bhavsar et al., 
2010; Monson et al., 2011; Rasmussen et al., 2007). 
Such changes are unlikely to overtly bias the range of 
data presented here, given the significant numbers of 
samples summarized.

Sexual dimorphism in overall size and appearance 
occurs throughout the animal kingdom, and fish  
are no exception. In some species, such as walleye 
and northern pike, female fish often attain much  
larger sizes than males (Scott and Crossman,  
1973; Henderson et al., 2003). In salmonids  
(e.g., whitefishes), differences between male and 
female body size and shape may be less extreme but 
other subtle traits such as fin size and relative muscle 
content may differ between sexes (Casselman and 
Schulte-Hostedde, 2004). For walleye, males have 
been consistently noted to have higher Hg levels than 
females of the same size (Henderson et al., 2003; 
Rennie et al., 2008; Stacey and Lepak, 2012). Several 
hypotheses have been advanced to explain these 
sex-specific differences: greater energy expenditure 
by males during spawning and rearing of young 
(Henderson et al., 2003), reduced growth rates as a 
consequence of reduced food intake (Rennie et al., 
2008), sex-specific dietary differences (Stacey and 
Lepak, 2012), or a combination of these factors. The 
sex of fish is rarely recorded in monitoring programs, 
so bias due to fish sex cannot be thoroughly excluded. 
However, at a given size, the influence of sex on Hg 
concentrations should not bias the interpretation of 
spatial patterns presented here because it is small 
relative to the actual Hg levels typically measured (for 
example, in walleye Hg level in males is on average  
~ 0.06 μg g-1 greater than in females at a length of  
44.5 cm; Madsen and Stern, 2007).

The Canadian terrestrial ecozone framework 
(see Chapter 13 for a more detailed description) 
was employed to provide a national-level spatial 
context for broad-scale patterns in fish Hg levels. 

fishes accumulate more MeHg as they age (Wiener et 
al., 2003). Therefore, comparisons of spatial patterns 
among sites should ideally be made with samples of 
similar tissues taken from fish of the same species 
and of the same age.

Levels of THg in the muscle tissues of lake trout, 
walleye, northern pike, and whitefishes, as well as 
the muscle tissues and whole fish homogenates of 
suckers (white and longnose) and yellow perch, are 
examined by terrestrial ecozone to evaluate spatial 
patterns. These species (and tissue types) constitute 
the most commonly sampled units in the Canadian 
Fish Mercury Database and provide the maximum 
spatial coverage. Although additional steps to remove 
the influence of fish size on MeHg concentration are 
often employed (e.g., Sonesten 2003), they are not 
always possible when datasets are pooled from a 
variety of studies or monitoring programs. Hence, no 
adjustments have been made here, allowing the range 
and means among ecozones to be visualized.

Because Hg levels in fish downstream of industrial 
Hg discharges are known to be very high (Munthe 
et al., 2007) and, in the case of hydroelectric power 
plant reservoirs, rise temporarily following flooding 
(Bodaly et al., 2007), every effort was made to 
ensure that data from relatively young reservoirs 
and associated downstream water bodies (< 30 yr 
at time of sampling) and sites of former industrial 
Hg pollution (mining, chlor-alkali, and pulp and 
paper mills) were excluded from this analysis. Fish 
downstream of hydroelectric power plant reservoirs 
may receive higher Hg exposure via export of MeHg 
in zooplankton or invertebrates (Schetagne et al., 
2000) or by consuming fish that are macerated when 
passing through turbine blades (Brouard et al., 1994). 
More important, the intensive focus on Hg monitoring 
from these systems over-weights the Hg data within 
regions that have extensive reservoir systems (i.e., the 
Boreal Shield region) and can bias summary statistics. 
By excluding these data, spatial patterns of fish Hg 
levels driven primarily by interaction of atmospheric 
and terrestrial processes can be observed without the 
influence of Hg-polluted systems.

Other factors that influence the interpretation of fish 
Hg data include potential changes over time and 
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The influence of terrestrial components on aquatic 
ecosystem characteristics (particularly those such 
as pH, DOC, and total phosphorus) is understood 
at a coarse level (e.g., Minns et al., 2008). This 
understanding provides a useful framework to 
interpret spatial patterns among freshwater fish 
species, given the importance of identified catchment 
properties on Hg deposition and cycling (see Chapters 
5 and 6).

10.3.3.1 Lake Trout

Lake trout are widely distributed across Canada and 
are highly prized as a sport fish and commercial 
species (Scott and Crossman, 1973). Lake trout live 
in lakes as small as a few hectares and as large as 
Great Slave Lake, Northwest Territories, and Lake 
Superior, Ontario. Although lake trout are generally 
considered piscivores, they often rely heavily on 

TABLE 10.11  Summary of lake trout size and mercury in muscle tissue (includes skin off and skin on) by major 
ecozone from across Canada, as recorded in the Canadian Fish Mercury Database 1967–2010

Ecozone
Length, mean (range), 

cm
Total Hg, mean (range), 

μg g-1; wet weight
n Source

Northern Arctic 64.3 (18.7–104.6) 0.54 (0.06–2.73) 89 1, 5

Southern Arctic 60.1 (18.5–111.5) 0.32 (0.01–3.29) 898 1, 6–25

Taiga Cordillera 53.9 (49.4–61.2) 0.09 (0.04–0.23) 5 26

Boreal Cordillera 55.4 (9.2–98.2) 0.36 (0.02–1.79) 473 26–31

Taiga Plains 60.8 (25.8–121.7) 0.38 (0.02–4.61) 1 113 1, 39–44

Boreal Plains 61.9 (34.3–104.1) 0.32 (0.03–0.84) 223 1, 45, 46

Western Taiga 60.0 (14.4–111.5) 0.36 (0.03–4.18) 995 1, 23, 42, 45, 47–53

Western Boreal Shield 57.8 (27.3–100.9) 0.33 (<DLa–1.89) 1 241 1, 45, 54–56

Lake of the Woods 53.4 (20.5–99.3) 0.47 (0.05–3.62) 2 095 1, 29, 55,

Mid-Boreal Shield 53.2 (12.4–106.7) 0.37 (0.01–4.20) 2 620 1, 32, 55, 57, 58

Hudson Plains 56.1 (24.7–78.9) 0.62 (0.13–1.60) 86 55

Southern Boreal Shield 44.5 (4.5–98.0) 0.44 (0.01–10.00) 6 996 1, 6, 29, 32, 55, 59, 60

Mixedwood Plains 57.6 (16.0–88.2) 0.23 (0.01–1.20) 2 274 32, 55

Eastern Taiga Shield 58.2 (11.7–106.2) 0.80 (0.05–5.81) 2 025 6, 32, 58, 61–67

Eastern Boreal Shield 57.2 (13.5–91.5) 0.81 (0.03–4.90) 473 6, 32, 61, 62, 67

Atlantic Maritime 56.8 (23.6–92.5) 0.49 (0.04–2.40) 259 32

aDL = detectable limit.

1- Department of Fisheries and Oceans, unpublished data; 2- Cumberland Resources Ltd. 2005; 3- Azimuth Consulting Group Ltd., 2009; 4- Hertam and 
Aiken, 2011; 5 – EVS Consultants, 1998; 6 – Hydro Québec, unpublished data; 7 – Diavik Diamond Mines Ltd., 2009; 8 – Golder and Associates Ltd, 2009; 
9 – Rescan Environmental Services, 2009; 10 – Mainstream Aquatics Ltd., 2006; 11 – R.L.& L Environmental Services and Golder Associates Ltd., 2003; 
12 – R.L.& L Environmental Services and Golder Associates Ltd., 2002; 13 – R.L.& L Environmental Services, 1996; 14 – R.L.& L Environmental Services, 
2001; 15 – Beak Consultants Ltd., 1990; 16 – Rescan Environmental Services Ltd., 2007; 17 – Ash and Harbicht ,1991; 18 – Rescan Environmental Services 
Ltd., 2008; 19 – Muir et al., 1995; 20 – Rescan Environmental Services Ltd., 1995; 21 – R.L. & L. Environmental Services and Reid Crowther and Partners 
Ltd., 1985; 22 – Rescan Environmental Services Ltd., 2010; 23 – DeBeers Canada Inc, 2010; 24 – Golder and Associates Ltd, 2010a; 25 – Gartner Lee 
Ltd., 2007; 26 – Northern Contaminants Program, unpublished data; 27 – Rieberger, 1992; 28 – Baker, 1979; 29 – FISHg, unpublished data; 30 – G. Stern, 
unpublished data; 31 – Webber and Grant, 1985; 32 – Province of Quebec, unpublished data; 33 – Baker, 2001a; 34 – BC Hydro, unpublished data; 35 – 
Health and Welfare Canada, 1980; 36 – Peterson et al., 1970 37 – Northcote et al., 1972; 38 – Bustard and Associates Ltd., 2005; 39 – Stewart et al., 2003a; 
40 – Stewart et al., 2003b; 41 – Swyripa et al., 1993; 42 – Evans, M. unpublished data; 43 – Stephens, 1997; 44 – Lafontaine, 1994a; 45 – Saskatchewan 
Environment, unpublished data; 46 – Regional Aquatics Monitoring Program, 2008; 47 – Lafontaine, 1994b; 48 – Rescan Environmental Services Ltd., 2004; 
49 – Rescan Environmental Services Ltd., 2005a; 50 – Beak Consultants Ltd.,1989; 51 – Diamond and Meech, 1984; 52 – Canamera Geological Ltd., 1998; 
53 – V. St.Louis, unpublished data; 54 – Manitoba Water Stewardship, unpublished data; 55 – Ontario Ministry of Environment, unpublished data; 56 – Stantec 
Ltd., 2009; 57 – Bodaly et al., 1993; 58 – Penn, A., 1978; 59 – Garcia and Carignan, 2005; 60 – Scheuhammer, A.M., unpublished data; 61 – Scruton, 1984; 
62 – Bruce, 1979; 63 – Jacques Whitford Ltd., 2006; 64 – Power et al., 2002; 65 – Lockerbie, 1987; 66 – Smith et al., 1975; 67 – Hydro Québec et Genivar 
Groupe Conseil Inc., 2005
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10.3.3.2 Walleye

The walleye is probably the most economically 
valuable species in inland waters in Canada, as both a 
major commercial and sport fish (Scott and Crossman, 
1973). Walleye occur in lakes and rivers of varying 
size and environmental conditions but large shallow 
lakes, with moderate turbidity, are the preferred 
habitat (Scott and Crossman, 1973). Adult walleye 
are generally considered obligate piscivores (Vander 
Zanden et al., 1997) and consume a variety of fish 
species (Colby et al., 1979), although a preference for 
yellow perch is commonly indicated in the literature 
(Hartman and Margraf, 1992).

As was reported for lake trout, the mean muscle Hg 
concentrations in walleye increase from west to east 
(Figure 10.11, Table 10.12). By ecozone, the lowest 
mean Hg concentration was found in the Montane 
Cordillera (0.31 μg g-1 wet weight, n = 235) while the 
highest were similar levels in the Hudson Plains, mid-
, southern and eastern Boreal Shield, eastern Taiga 
Shield and the Atlantic Maritime (0.63–0.67 μg g-1 wet 
weight) (Table 10.12).

FIGURE 10.11  Mean total mercury from muscle tissue 

in walleye, as recorded in the Canadian Fish Mercury 

Database, grouped by ecozone. Data and sources 

listed in Table 10.12.

benthic invertebrates in small lakes (Vander Zanden 
and Rassmussen, 1996), perhaps because of the 
dominance of littoral energy pathways in smaller 
lakes (Vadeboncoeur et al., 2002). In northern regions, 
lake trout may feed exclusively on a few selected 
prey, such as mosquito larvae (Bleakney, 1954) or 
small mammals such as mice and shrews (Dunbar 
and Hildebrand, 1952). In larger lakes such as the 
Great Lakes, fishes such as deepwater sculpin and 
coregonid species have been considered dominant 
prey items (Jacobs et al., 2010).

The highly plastic diets of lake trout may therefore 
obscure spatial patterns in Hg, depending on the 
availability of prey items within and across ecozones, 
because the Hg data come from lakes and rivers of 
varying size across a large geographic gradient. In 
general, the mean Hg concentration in muscle tissue 
of lake trout increases from west to east across 
Canada (Figure 10.10 and Table 10.11). There are 
also indications of higher Hg concentrations in some 
regions of northern Canada, but there are limited data 
available to evaluate this possibility (Table 10.11). The 
lowest mean Hg concentrations were found in the 
Taiga Cordillera (0.09 μg g-1 wet weight, n = 5) and 
the Mixedwood Plains (0.23 μg g-1 wet weight, n = 
2 274), while the highest were found in the eastern 
Taiga Shield and the eastern Boreal Shield (0.80 
and 0.81 μg g-1 wet weight, n = 2 025 and n = 473, 
respectively).

FIGURE 10.10  Mean total mercury from muscle tissue 
in lake trout, as recorded in the Canadian Fish Mercury 
Database, grouped by ecozone. Data and sources 
listed in Table 10.11.
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TABLE 10.12  Summary of walleye size and mercury in muscle tissue (includes skin off and skin on) by major 
ecozone from across Canada, as recorded in the Canadian Fish Mercury Database 1967–2010.

Ecozone
Length, mean (range), 

cm
Total Hg, mean (range), 

μg g-1; wet weight
n Source

Montane Cordillera 48.1 (21.2–78.4) 0.31 (0.07–1.02) 235 68–71

Taiga Plain 51.6 (30.8–91.5) 0.47 (0.03–2.31) 831 1, 40, 41, 43,
 72–74

Boreal Plain 50.4 (11.8–93.9) 0.35 (<DLa–3.60) 6 701 1, 45, 46, 53, 
54, 60, 75–90

Prairie 48.9 (10.8–95.6) 0.51 (0.02–2.98) 2 571 1, 45, 54, 75, 
77, 78, 91

Western Taiga 53.2 (20.5–79.4) 0.48 (0.05–1.71) 959 1, 45, 48, 53,
72, 92, 94

Western Boreal Shield 49.9 (8.7–98.9) 0.44 (0.01–3.52) 12 844 1, 45, 54–56, 
60, 90, 93, 

95–97

Lake of the Woods 46.3 (6.7–101.0) 0.56 (0.02–10.43) 6 175 1, 54, 55

Mid-Boreal Shield 43.3 (9.6–99.6) 0.63 (0.01–4.40) 17 107 1, 6, 29, 32, 
55, 57–60

Hudson Plains 41.5 (10.7–80.0) 0.66 (0.06–5.58) 716 1, 6, 55, 98

Southern Boreal Shield 41.9 (9.9–82.0) 0.65 (0.01–4.90) 7 855 1, 6, 32, 55, 
59

Mixedwood Plains 46.1 (11.2–91.1) 0.39 (0.01–3.70) 7 791 1, 6, 32, 55

Eastern Taiga Shield 40.1 (7.8–70.1) 0.69 (0.01–5.86) 716 6, 32, 58, 66

Eastern Boreal Shield 39.4 (16.9–100) 0.67 (0.08–2.36) 212 6, 32, 58

Atlantic Maritime 44.5 (29.8–71.2) 0.67 (0.08–2.30) 76 32

aDL = detectable limit.

See Table 10.11 for references 1–67

68 – Aqualibrium Consulting Inc., 2002; 69 – Norecol Environmental Consultants, 1989; 70 – Smith, 1987b; 71 – Columbia River Environmental Monitoring 
Program, unpublished data; 72 – Sanderson et al.,,1998; 73 – Bujold, 1995; 74 – Taylor, 1998; 75 – Alberta Health and Wellness, 2009a; 76 – Alberta Health 
and Wellness; 2009b; 77 – Moore et al., 1986; 78 – Alberta Environmental Centre, 1983; 79 – R & L Environmental Services and LGL Ltd., 1991; 80 – Golder 
and Associates Ltd., 1999; 81 – Golder and Associates Ltd., 2002; 82 – Golder and Associates Ltd., 2003; 83 – Regional Aquatics Monitoring Program, 2004; 
84 – Regional Aquatics Monitoring Program, 2005; 85 – Regional Aquatics Monitoring Program, 2006; 86 – Regional Aquatics Monitoring Program, 2009; 
87 – Lafontaine, 1997; 88 – Evans et al., 1998b; 89 – Evans et al., 1998c; 90 – Hatfield Consultants Ltd. 2005, 91 – Beck, 1984; 92 – Jackson, 1996; 93 – 
Strange, 1993; 94 – Lafontaine, 1994c; 95 – Green, 1990; 96 – Strange, 1995; 97 – Regional Aquatics Monitoring Program, 2010; 98 – Swanson, 1986
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10.3.3.3 Northern Pike

Northern pike are broadly distributed across 
Canada and, although less popular as a commercial 
species, are a highly sought-after sport fish (Scott 
and Crossman, 1973). In Canada, northern pike are 
thought to prefer warm, weedy bays and shorelines 
in lakes and slow moving weedy rivers even though 
they may be found in deeper and cooler lakes as 
well (Scott and Crossman, 1973). The diets of adult 
pike generally consist of > 90 % fish, although 
consumption of amphibians, crayfish, small mammals, 
and waterfowl has been reported (Lagler 1956; 
Lawler 1965). However, based on stable isotope data 
and direct diet comparisons from a large number of 
populations in Canada, Vander Zanden et al. (1997) 
suggest that pike remain highly piscivorous.

The mean Hg in muscle tissue of northern pike 
displayed a similar geographic pattern to that of 
walleye (Figure 10.12), and the range in means among 
ecozones was similar, although slightly lower, than 
that for walleye (Table 10.13). By ecozone, the lowest 
mean Hg levels were found in the Southern Arctic, 
Taiga Cordillera, and Boreal Cordillera (0.19–0.30 
μg g-1 wet weight), but the sample sizes in these 
ecozones were very small (< 100). The highest mean 
Hg was found in the eastern Taiga Shield (0.74 μg g-1 
wet weight, n = 1 531).

FIGURE 10.12  Mean total mercury from muscle tissue 
in northern pike, as recorded in the Canadian Fish 
Mercury Database, grouped by ecozone. Data and 
sources listed in Table 10.13.

10.3.3.4 Whitefish

Similar to lake trout, whitefishes (particularly the lake 
whitefish) are highly valuable commercial species 
(Scott and Crossman, 1973). Lake whitefish and 
broad whitefish are more widely distributed than 
round whitefish and mountain whitefish. Lake and 
broad whitefish tend to occupy deep lakes in southern 
regions but may be found in lakes and rivers of 
varying size and depth in northern regions. Mountain 
whitefish are primarily restricted to lakes and rivers 
of western Canada, while round whitefish are more 
frequently found in northern lakes and rivers (Scott 
and Crossman, 1973). Despite the differences in 
habitats and geographic distribution, these species 
generally consume similar prey, primarily consisting 
of benthic invertebrates (insect larvae, molluscs, and 
worms) and small fish (Scott and Crossman, 1973 
and references therein). Therefore, for a comparative 
assessment, because of the similar dietary 
preferences, these species have been combined to 
provide maximum geographic coverage.
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TABLE 10.13  Summary of northern pike size and mercury in muscle tissue (includes skin off and skin on) by major 
ecozone from across Canada, as recorded in the Canadian Fish Mercury Database 1967–2010

Ecozone
Length, mean (range), 

cm
Total Hg, mean (range), 

μg g-1; wet weight
n Source

Southern Arctic 63.7 (15.7–124.4) 0.25 (0.04–0.74) 37 1, 25

Taiga Cordillera 46.4 (33.7–60.8) 0.19 (0.03–0.86) 20 26, 28

Boreal Cordillera 65.1 (29.9–104.8) 0.20 (0.05–0.77) 73 28, 26, 99

Taiga Plains 67.9 (18.8–111.5) 0.42 (<DLa–2.44) 1 161 1, 27, 39–43, 72–74, 87, 99

Boreal Plains 62.3 (9.2–137.7) 0.30 (<DL–2.90) 7 975 1, 45, 46, 53, 54, 60, 76, 77, 
79, 81–84, 86–90, 100

Prairie 59.1 (11.9–118.4) 0.37 (0.02–2.32) 1 928 1, 45, 53, 54, 75, 77, 78, 91, 
101–103

Western Taiga Shield 67.9 (18.8–111.5) 0.42 (<DL–2.44) 1 161 1, 42, 45, 47, 50, 53, 72, 77, 
92, 94, 104, 105

Western Boreal Shield 66.9 (11.9–130.7) 0.45 (<DL–4.73) 11 626 1, 29, 45, 54, 55, 56, 60, 90, 
93, 95–97, 106

Lake of the Woods 58.5 (9.1–120.0) 0.61 (0.01–5.17) 5 889 1, 54, 55

Mid-Boreal Shield 57.8 (9.6–125.0) 0.63 (0.01–10.90) 11 898 1, 6, 29, 32, 55, 57–59, 107

Hudson Plains 62.5 (15.1–117.0) 0.58 (0.08–3.97) 994 1, 6, 55, 98, 108, 109

Southern Boreal Shield 55.3 (13.2–118.0) 0.54 (0.01–4.04) 5 557 1, 6, 32, 55, 59, 110

Mixedwood Plains 59.0 (19.2–108.3) 0.39 (0.02–2.90) 3 526 1, 32, 55

Eastern Taiga Shield 71.2 (14.7–122.1) 0.74 (0.06–10.1) 1 531 6, 32, 58, 61–63, 65–67

Eastern Boreal Shield 61.2 (11.6–116.0) 0.55 (0.01–3.16) 664 6, 32, 58, 61, 62, 67

Atlantic Maritime 62.9 (46.8–98.3) 0.54 (0.10–2.10) 62 32

aDL = detectable limit.

See Tables 10.11 and 10.12 for references 1–98.

99 – Sekerak and Mace, 1982; 100 – Regional Aquatics Monitoring Program, 2007; 101 – Alberta Health and Wellness, 2009c; 102 – Wu ,1995; 103 – Wu  
et al., 1997; 104 – Golder and Associates Ltd., 2010b; 105 – Stantec Ltd., 2011; 106 – Harrison et al., 1989; 107 – Speyer, 1980; 108 – MacDonell, 1991; 
109 – MacDonell, 1993; 110 – Zhou, 1997
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10.3.3.5 Sucker

Both the white and longnose sucker have a relatively 
minor level of commercial importance in Canada 
(Scott and Crossman, 1973); however, they are 
used extensively in biomonitoring of pollutants from 
industrial discharges in many regions. Longnose 
sucker are considered to be more widespread 
than white sucker, although the differences appear 
relatively minor (Scott and Crossman, 1973). Both 
species are found in lakes and rivers of varying size, 
depth, and physical and chemical properties, and 
both are highly adaptable in diet selection, consuming 
invertebrates, eggs of other fish, zooplankton, and 
decaying macrophytes (Scott and Crossman, 1973 
and references therein). In contrast to piscivores 
and even the whitefishes, the mean Hg levels for 
sucker across ecozones show little geographic 
variation (Table 10.15, Figure 10.14). Reasons for 
this difference from other fish are not immediately 
clear but may be related to the highly flexible foraging 
strategy of suckers (St. Jacques et al., 2000).

FIGURE 10.14  Mean total mercury from whole 
fish and muscle tissue in sucker, as recorded in 
the Canadian Fish Mercury Database, grouped by 
ecozone. Data and sources listed in Table 10.15. Note: 
includes both longnose and white sucker species.

Compared with piscivorous fishes (lake trout, walleye, 
and northern pike), both the mean and range of Hg 
in muscle from whitefish species was generally 50% 
lower or more across all ecozones (Table 10.14). 
Despite the lower Hg levels, a similar west-to-east 
gradient was still evident, although it was far less 
pronounced that that for piscivorous species. This is 
likely due to the lack of significant biomagnification in 
whitefishes, as they feed at lower trophic levels than 
walleye, pike, or lake trout (Figure 10.13). The lowest 
levels of Hg were found in the Southern and Northern 
Arctic, Boreal Cordillera, Boreal Plains, and Pacific 
Maritime (0.04–0.09 μg g-1 wet weight), while the 
highest were found in the southern and eastern Boreal 
Shield, eastern Taiga Shield, and Atlantic Maritime 
(0.19–0.30 μg g-1 wet weight).

FIGURE 10.13  Mean total mercury from muscle tissue 
in whitefish, as recorded in the Canadian Fish Mercury 
Database, grouped by ecozone. Data and sources 
listed in Table 10.14. Note: includes both Coregonus 
and Prosopium genus.
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TABLE 10.14  Summary of whitefishes (includes both Coregonus and Prosopium genera) size and mercury in 
muscle tissue (includes skin off and skin on) by major ecozone from across Canada, as recorded in the Canadian 
Fish Mercury Database 1967–2010

Ecozone
Length, mean (range), 

cm
Total Hg, mean (range), 

μg g-1; wet weight
N Source

Northern Arctic 36.8 (9.7–57.3) 0.05 (0.02–0.13) 27 1, 4, 5, 55

Southern Arctic 40.7 (10.9–95.0) 0.08 (<DLa–0.32) 465 1, 6, 10, 12–14, 
18, 20, 21, 23–25, 

32, 111

Taiga Cordillera 47.2 (38.4–61.4) 0.12 (0.08–0.17) 3 26, 28

Boreal Cordillera 36.9 (8.9–56.4) 0.09 (<DL–0.57) 272 26–28, 99, 112, 
113

Pacific Maritime 13.2 (5.1–31.5) 0.04 (0.01–0.29) 51 114, 115

Montane Cordillera 35.1 (11.7–59.6) 0.10 (<DL–0.45) 545 27, 33, 34, 36–38, 
68–71, 103, 

115–120

Taiga Plains 45.6 (18.9–70.6) 0.10 (<DL–1.37) 1 666 1, 39–41, 43, 44, 
72, 74, 87, 121, 
122, 123, 111

Boreal Plains 41.5 (6.8–86.8) 0.07 (0.01–0.78) 769 1, 34, 45, 46, 53, 
54, 60, 75, 77, 79, 

80–87, 90

Prairie 36.7 (14.9–89.4) 0.10 (0.02–0.49) 259 1, 45, 75, 101, 
103

Western Taiga Shield 41.5 (5.2–71.7) 0.09 (<DL–1.17) 1 005 1, 23, 47–53, 72 
92, 94, 104, 105, 

124

Western Boreal Shield 41.4 (13.8–82.6) 0.09 (<DL–0.98) 1 751 1, 29, 45, 54, 55, 
90, 93, 95–97, 

124

Lake of the Woods 44.5 (10.5–75.3) 0.12 (0.01–0.88) 1 274 1, 54, 55 

Mid-Boreal Shield 42.1 (8.1–99.7) 0.12 (0.01–1.29) 3 456 1, 6, 29, 32, 55, 
57, 58

Hudson Plains 38.2 (11.7–64.1) 0.13 (0.02–0.7) 809 1, 6, 55, 98, 108, 
109, 125

Southern Boreal Shield 42.2 (11.8–77.0) 0.19 (0.01–1.60) 1 801 1, 6, 32, 55, 59

Mixedwood Plains 47.2 (13.3–80.2) 0.05 (0.01–1.0) 1 815 1, 32, 55

Eastern Taiga Shield 38.4 (8.7–67.2) 0.20 (<DL–3.73) 3 776 6, 32, 58, 61–66

Eastern Boreal Shield 34.9 (11.5–91.3) 0.21 (0.01–2.40) 837 6, 32, 58, 61, 
62, 67

Atlantic Maritime 33.1 (20.5–46.0) 0.30 (0.12–0.77) 31 32, 126

aDL = detectable limit.

See Tables 10.11, 10.12 and 10.13 for references 1–110

111 – Lockhart et al., 1993; 112 – Triton Consultants Ltd., 2005; 113 – Robson and Weagle, 1978; 114 – Northcote et al., 1975; 115 – Rescan 
Environmental Services Ltd., 2005b; 116 – Weech et al., 2004; 117 – Baker 2001b; 118 – Hallam – Knight Piesold Ltd., 1997; 119 – Taseko Mines Ltd., 
2007; 120 – Coombs and Grant, 1985; 121 – Stewart et al., 1997; 122 – Snowshoe and Stephenson, 2000; 123 – Beak Consultants Ltd., 1981; 124 – 
Bodaly et al., 1988; 125 – MacDonell, 1992; 126 – Bailey 1985
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TABLE 10.15  Summary of sucker species (includes both white and longnose) size and mercury in muscle tissue 
(includes skin off and skin on) and in whole fish by major ecozone from across Canada, as recorded in the Canadian 
Fish Mercury Database 1967–2010

Ecozone
Length, mean 
(range), cm

Total Hg, mean (range), 
μg g-1; wet weight

n Source

Southern Arctic 42.0
(7.0–54.1)

0.14
(0.04–0.35)

13 1, 6, 23, 25

Boreal Cordillera 37.8
(16.2–56.2)

0.13
(0.03–0.37)

76 28, 26, 99

Montane Cordillera 37.2
(6.9–49.9)

0.11
(0.02–0.26)

13 60, 37, 127

Taiga Plain 46.0
(25.7–64.1)

0.10
(0.01–0.40)

174 1, 40, 41, 43, 87, 99, 73, 
74, 128

Boreal Plain 40.8
(6.9–73.0)

0.12
(<DLa–1.76)

686 1, 45, 54, 60, 77, 78, 
80, 87

Prairie 36.5
(5.6–60.1)

0.22
(<DL–1.2)

1 097 1, 45, 54, 75, 78, 91, 
101–103, 129

Western Taiga Shield 48.6
(15.8–60.2)

0.13
(0.01–0.40)

26 1, 47

Western Boreal Shield 41.2
(8.1–62.4)

0.11
(<DL–0.84)

1 017 1, 54, 55, 60, 106

Lake of the Woods 42.3
(12.0–71.1)

0.19
(0.01–4.39)

1 954 1, 54, 55

Mid-Boreal Shield 39.9
(10.9–58.1)

0.16
(0.01–1.40)

3 845 1, 6, 29, 32, 55, 57–59, 
130

Hudson Plains 39.7
(12.0–56.0)

0.24
(0.02–0.94)

425 1, 6, 32, 55

Southern Boreal Shield 37.8
(6.3–62.5)

0.21
(0.01–2.55)

2 262 1, 6, 32, 55, 59, 60, 130, 
131

Mixedwood Plains 37.5
(5.4–68.5)

0.19
(0.01–1.58)

3 133 1, 32, 55

Eastern Taiga Shield 37.9
(7.0–63.5)

0.19
(0.01–1.83)

2 799 6, 32, 58, 61–65, 67

Eastern Boreal Shield 33.3
(10.2–74.2)

0.19
(0.01–2.06)

940 6, 32, 58, 61, 62, 67

Atlantic Maritime 33.5
(9.4–54.1)

0.13
(0.01–0.51)

364 32, 126, 132–137

aDL = detectable limit.

See Tables 10.11–10.14 for references 1–126

127 – Singleton, 1983; 128 – Lafontaine and Wilson, 1993; 129 – Munro, 1985; 130 – Nadeau et al., 1984; 131 – Champoux, L., unpublished data; 132 – 
Peterson et al., 1990; 133 – Barry and Curry, 1998; 134 – Government of New Brunswick, 1994; 135 – Nova Scotia Department of Fisheries and Aquaculture, 
unpublished data; 136 – Conestoga Rovers and Associates, 2007; 137 – Zitko et al., 1971
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10.3.3.7 Arctic Char

Arctic char is an important subsistence, sport, 
and commercial fish in northern Canada. Its 
habitat includes freshwater lakes and rivers, while 
anadromous populations spend most of the year 
in freshwater and migrate to the ocean during the 
summer to feed (Scott and Crossman, 1973). Young 
char feed on aquatic invertebrates; as they grow 
larger, char become increasingly piscivorous. Sea-
run char is an important traditional food harvested 
by coastal Arctic communities and is the dominant 
species captured in marine fisheries in the Arctic 
archipelago (Zeller et al., 2011).

Previous investigations have noted that sea-run Arctic 
char are larger and have much lower Hg levels than 
lake-dwelling populations (Lockhart et al., 2005a; 
Muir et al., 1997; Swanson et al., 2011). Recent 
monitoring of Hg concentrations in the muscle tissue 
of sea-run Arctic char confirmed that Hg levels were 
low across the Canadian Arctic (Figure 10.16), with 
mean Hg levels ranging from 0.014 to 0.097 µg g-1, 
wet weight (Evans and Muir, 2005, 2006, 2007, 2008, 
2009, 2010). The relatively minor spatial differences 
in Hg concentrations may be driven by local factors 
influencing the transport and methylation of Hg and 
food web structure, rather than by any large-scale 
spatial pattern.

FIGURE 10.16  Mean total mercury concentrations 
from muscle tissue in sea-run Arctic char across 
Canada, collected from 2004 to 2009 at 18 locations 
(Evans and Muir, 2005, 2006, 2007, 2008, 2009, 2010).

10.3.3.6 Yellow Perch

Yellow perch are an important sport and commercial 
fish species in many parts of Canada (Scott and 
Crossman, 1973). Perch are extremely tolerant of a 
wide variety of environmental conditions and can be 
found in habitats ranging from large lakes to warm 
ponds and quiet rivers. They are often extremely 
abundant in most habitats and may constitute a 
significant portion of the forage base for many larger 
piscivorous fishes such as walleye and northern pike 
(Scott and Crossman, 1973). Perch are generally 
classed as generalist feeders, with prey ranging from 
zooplankton and insect larvae to small fish. In some 
cases, such as in the absence of larger predator 
fishes, perch may become the dominant predators and 
may become largely piscivorous through cannibalism 
(Tarby, 1974).

Yellow perch display a similar west-to-east gradient 
in mean Hg levels across ecozones (Table 10.16, 
Figure 10.15). However, the low sample sizes in some 
ecozones (i.e., Montane Cordillera, western Taiga 
Shield) and the use of whole fish as well as muscle 
tissue samples may obscure possible trends. By 
ecozone, the highest mean concentrations were found 
in the eastern Boreal Shield and Atlantic Maritime 
(Table 10.16).

FIGURE 10.15  Mean total mercury from muscle 
tissue and whole fish of yellow perch, as recorded 
in the Canadian Fish Mercury Database, grouped by 
ecozone. Data and sources listed in Table 10.16.
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TABLE 10.16  Summary of yellow perch size and mercury in muscle tissue (includes skin off and skin on) and in 
whole fish by major ecozone from across Canada, as recorded in the Canadian Fish Mercury Database 1967–2010

Ecozone
Length, mean 
(range), cm

Total Hg, mean (range),  
μg g-1; wet weight

n Source

Pacific Maritime 19.3
(11.2–35.8)

0.08
(0.05–0.18)

47 138

Montane Cordillera 19.5
(11.7–26.3)

0.24
(0.09–0.50)

3 37

Boreal Plain 22.0
(6.6–50.6)

0.11
(0.01–0.70)

735 1, 45, 54, 60,

Prairie 23.8
(9.1–34.4)

0.17
(<DLa–0.62)

432 1, 45, 54, 91, 101

Western Taiga Shield 26.7
(22.7–31.8)

0.08
(0.06–0.12)

10 45

Western Boreal Shield 18.0
(4.6–44.3)

0.09
(<DL–0.79)

473 1, 45, 54, 55, 56, 
60, 139

Lake of the Woods 15.8
(3.3–34.8)

0.16
(0.01–0.91)

660 1, 54, 55

Mid-Boreal Shield 19.5
(3.9–39.0)

0.19
(0.01–1.50)

1,301 1, 6, 32, 55, 57, 
59, 60

Hudson Plains 13.8
(9.2–21.5)

0.10
(0.05–0.31)

57 6

Southern Boreal Shield 17.1
(3.9–35.0)

0.21
(0.01–2.70)

2,774 1, 6, 32, 55, 59, 
60, 110, 130, 131, 

140, 141

Mixedwood Plains 21.0
(7.8–49.6)

0.18
(0.01–2.12)

7,041 1, 6, 29, 32, 55

Eastern Boreal Shield 20.8
(17.5–25.0)

0.54
(0.03–1.80)

9 32

Atlantic Maritime 13.9
(4.5–32.1)

0.32
(<DL–2.67)

1,391 29, 32, 60, 132–
137, 142–145

aDL = detectable limit.

138 – Government of British Columbia, unpublished data; 139 – Bodaly et al., 1987; 140 – Ethier et al., 2008; 141 – Scheuhammer and Graham, 1999;  

142 – Carter et al., 1998; 143 – Rutherford et al., 1998; 144 – Kidd, K., unpublished data; 145 – Burgess and Hobson, 2006
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levels (mean 0.04 μg g-1 wet weight) than landlocked 
char (mean 0.19 μg g-1 wet weight) at a standardized 
fork length of 500 mm. At all latitudes in the eastern 
Arctic, THg levels were higher in lake-dwelling than 
in sea-run char, and latitudinal gradients were not 
obvious (Figure 10.18) (van der Velden et al., 2013a,b). 
Similarly, Gantner et al. (2010b) found no evidence of 
a latitudinal gradient in THg levels in landlocked char, 
once concentrations were adjusted for length.

In the eastern Canadian Arctic, differences in THg 
concentrations between sea-run and lake-dwelling 
Arctic char could not be explained by variations 
between populations in fish age, fork length, length-
at-age, or trophic position (van der Velden et al., 
2013b). Rather, the differences in THg concentrations 
were related to prey items, with lower Hg 

A recent study investigated the difference in 
THg concentrations in sea-run and lake-dwelling 
populations of Arctic char along a latitudinal gradient 
in the eastern Arctic, from Lake Heintzelman, 
Ellesmere Island, Nunavut, to Nain, Labrador (van 
der Velden et al., 2012, 2013b). The study included 
comparisons of Hg levels in char as well as in 
marine and lake food webs (van der Velden et al., 
2013a). Results confirmed that lake-dwelling char 
were distinctly smaller than sea-run char and had 
substantially higher THg concentrations (Figure 10.17). 
Similar differences in fish size and THg concentrations 
were observed between sea-run and landlocked Arctic 
char in the West Kitikmeot region, Nunavut (Swanson 
et al., 2011). In that study, the authors found that sea-
run and resident (fish with access to the sea, but that 
do not migrate) Arctic char had significantly lower THg 

FIGURE 10.17  Relationship between mean (error bars are standard error) fork length and total mercury concentration 
in muscle tissue in sea-run (anadromous) and non-piscivorous, lake-dwelling (lacustrine) populations of Arctic char 
from the eastern Canadian Arctic (van der Velden et al., 2012 and 2013b). 

Labels identify the sites: Heintzelman Lake – HZ A; Fraser River, Nain Bay – FR; North Arm, Saglek Bay – SB; Okak Bay – OB; 
Iqalugaarjuit Lake – IL; Pangnirtung Fiord – PG; Iqaluit – IQ; Salmon River mouth – PI; Nepihjee River – NP; Frobisher Bay – FB; 
Salmon River – SR; Heintzelman Lake (fast-growing) – HZ F; Heintzelman Lake (slow-growing) – HZ S; Coady’s Pond #2 – CP; 
Upper Nakvak Lake – NL; Esker Lake – EL; Tasiapik Lake – TL; Crazy Lake – CL; Unnamed lake 1 – L1 (see van der Velden et al. 
(2013b) for details on sampling locations).
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in Canada (e.g, Campbell et al., 2005; Monosson 
and Lincoln, 2006; Stern and Macdonald, 2005) but 
these studies do not provide the information needed 
to monitor spatial Hg trends across the country’s 
oceans. Spatial patterns of Hg in marine invertebrates 
have not been monitored on a national scale but  
have been studied in smaller areas, such as the  
Gulf of Maine/Bay of Fundy in blue mussels under  
the international GulfWatch program (Sunderland  
et al., 2012).

10.3.5 Marine Mammals

Marine mammals are predators at the top trophic 
position in marine food webs. Thus, they typically 
accumulate elevated Hg concentrations in their 
tissues. They have been used as indicator species 
for biomagnifying contaminants, particularly in 
the Arctic. Monitoring of Hg levels in Arctic marine 
mammals has been conducted under the Northern 
Contaminants Program (NCP) of Aboriginal Affairs and 
Northern Development Canada (NCP, 2013). Mercury 
biomonitoring in the Canadian Arctic also contributes 
to the international efforts of the Arctic Monitoring and 
Assessment Programme (AMAP) of the Arctic Council 

concentrations at the base of marine food web than in 
freshwater food webs (van der Velden et al., 2013a). 
Swanson et al. (2011) concluded that trophic position 
could not explain differences in THg concentrations 
among Arctic char with different life-history types 
in West Kitikmeot. In contrast, though, fish age and 
carbon:nitrogen ratios (an estimate of lipid content) 
were statistically related to higher THg concentrations 
in landlocked relative to sea-run char. Those findings 
suggest that slower growth rates and poorer body 
condition in landlocked char resulted in greater Hg 
bioaccumulation in West Kitikmeot.

10.3.4 Marine Fish and Invertebrates

In Canada, long-term monitoring of Hg in marine fish 
(with the exception of sea-run Arctic char) fails to 
provide useful information on spatial and temporal 
trends or on the factors influencing Hg levels in 
marine food webs. Monitoring by the Canadian Food 
Inspection Agency (Health Canada) of Hg in marine 
fish sold commercially does not collect necessary 
information, such as where fish were caught, or 
their sex, age, size, etc. (Dabeka et al., 2011). There 
are many studies of Hg concentrations in marine 
fish from specific study areas at single time periods 

FIGURE 10.18  Relationship between mean (error bars are standard error) total mercury concentration in muscle 
tissue and latitude in sea-run (anadromous) and non-piscivorous, lake-dwelling (lacustrine) populations of Arctic char 
from the eastern Canadian Arctic (van der Velden et al., 2013b). Labels identify the sites as defined in Figure 10.17.
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also suggest that ringed seals forage within limited 
areas (Thiemann et al., 2007), consistent with other 
observations that they are relatively sedentary. 
Adult male seals may occupy the same under-ice 
habitat for up to 9 months, but subadults sometimes 
disperse over long distances (Reeves, 1998; Smith, 
1987a). Some large-scale movements have been 
documented: from the western Canadian Arctic 
islands to the East Cape of Siberia (Smith, 1987a), 
and between Greenland and Canadian waters 
(Teilmann et al., 1999).
Observations since the 1970s have found elevated 
THg concentrations in ringed seal liver and kidney 
(Muir et al., 1992; Smith and Armstrong, 1978; 
Wagemann and Muir, 1984). Early assessments also 
noted that concentrations were 2- to 3-fold higher 
in ringed seals in the southern Beaufort Sea (Sachs 
Harbour and Ulukhaktok) than in the eastern Canadian 
Arctic archipelago (Muir et al., 1992; Wagemann et al., 
1996), and higher in the Hudson Strait/Labrador region 
than in southern Hudson Bay (Dietz et al., 1988;, Muir 
et al., 1999).

(AMAP, 2011). The profound impacts that climate 
change may have on future Hg dynamics in Arctic 
ecosystems is reviewed by Stern et al. (2012).

10.3.5.1 Ringed Seal

The ringed seal is the most abundant Arctic marine 
mammal, with a circumpolar distribution, making it 
an ideal candidate for examining spatial trends of 
bioaccumulative contaminants. It has been a key 
species for biomonitoring in the AMAP and in all 
phases of the NCP. Because of its high abundance, 
ubiquitous distribution, and central position in the 
food web, the ringed seal plays an important role in 
the ecology of Arctic marine ecosystems (Smith et al., 
1991). Its diet consists of fish, mainly Arctic cod and 
polar cod, and crustaceans (amphipods, mysids, and 
euphausids) (Reeves, 1998). Recent measurements 
of fatty acids in ringed seal blubber suggest that 
Arctic cod are important prey for seals, particularly 
in the eastern Arctic, while capelin and sandlance 
may be more important prey for seals in Hudson Bay 
(Thiemann et al., 2007). Fatty acid measurements 
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FIGURE 10.19  Concentrations of total mercury (length-adjusted geometric means; error bars are 95% confidence 
intervals) in muscle tissue in ringed seals from across the Canadian Arctic, sampled between 1999 and 2009  
(Muir et al., unpubl. data).
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Arctic and the St. Lawrence estuary in Quebec 
(Béland et al., 1993; Wagemann et al., 1990). In the 
Arctic, THg concentrations were measured in beluga 
whale livers from animals captured in traditional Inuit 
hunts (Gaden and Stern, 2010). However, in the St. 
Lawrence estuary, liver THg levels were measured in 
dead beluga whales found stranded on the shoreline 
(Lebeuf et al., unpublished data). Spatial comparisons 
between the St. Lawrence and Arctic beluga whales 
must be made with caution, since the differences 
in THg levels may be partially due to the different 
sampling designs (e.g., differences in ages and health 
status of whales between studies). Nonetheless, THg 
concentrations in beluga whale liver were similar in 
the St. Lawrence estuary and southern Beaufort Sea 
(Figure 10.20). Within the Arctic, liver THg levels were 
higher at Hendrickson Island in the southern Beaufort 
Sea than at Arviat, Sanikiluaq, or Pangnirtung from 
2002 to 2009 (Gaden and Stern, 2010; Stern, 2006, 
2007, 2008, 2009, 2010). This is similar to previous 
monitoring findings in the Arctic (Lockhart et al., 
2005b). Loseto et al. (2008a, b), which found that, 
within the Beaufort Sea, liver Hg concentrations in 
beluga whales were related to their size, food habits, 
and habitat selection.

FIGURE 10.20  Mean concentrations of total mercury 
in beluga whale liver from across Canada. Arctic 
samples from 2002 to 2009 (data from Gaden and 
Stern, 2010; Stern, 2006, 2007, 2008, 2009, 2010).  
St. Lawrence estuary samples from 1987 to 2008 
(Lebeuf et al., unpubl. data).

Spatial comparisons of average concentrations in 
ringed seal are challenging because Hg levels can 
vary with age. However, seal muscle concentrations 
of THg showed no overall trend with age (NCP, 2013). 
On average, THg concentrations in seal muscle  
tissue were 32 times lower than in liver tissue 
collected from seals at the same location, and similar 
ratios have been reported elsewhere (Dehn et al., 
2005; Wagemann et al., 1996). Dehn et al. (2005) 
showed that 81% of THg in muscle was in the form  
of MeHg.
Spatial trends of THg in muscle tissue of adult ringed 
seals were examined using length-adjusted means 
from each of 12 communities across the Canadian 
Arctic for which data were available after 1999 (Figure 
10.19). Concentrations varied significantly among 
locations in the eastern and western Arctic, and were 
significantly higher in Sachs Harbour, Ulukhaktok 
(Gaden et al., 2009), Resolute Bay, and Qikiqtarjuaq 
compared with other communities sampled. The 
factors driving these geographic trends are not well 
defined, but may include differences in seawater 
MeHg concentrations, food habits, and food web 
structure (e.g., St. Louis et al., 2011).

In a separate investigation in Labrador, ringed 
seals were collected in 2008 and 2009 from the 
Nachvak, Saglek, Okak, and Anaktalak fiords 
(Brown and Reimer, unpublished data). Average THg 
concentrations in muscle tissue in ringed seals were 
low and ranged from 0.13 to 0.23 μg g-1 (wet weight) 
among the 4 fiords.

10.3.5.2 Beluga Whales

Beluga whales are top marine predators in the 
Arctic Ocean and St. Lawrence estuary in Canada. 
They accumulate high levels of Hg in their tissues, 
and these, in turn, pose toxic risks to the whales 
themselves as well as to predators such as polar 
bears and Inuit (Dietz et al., 2013; Lockhart et al., 
2005b). Similar to other marine mammals and 
seabirds, beluga whales appear to demethylate 
ingested MeHg in their livers; thus, the percentage of 
THg present as MeHg in beluga whale liver is variable 
and usually < 25% (Wagemann et al., 1998).
Mercury concentrations in beluga whale liver have 
been monitored for several decades in the Canadian 
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indicating that the dietary habits and trophic level of 
polar bears influenced their THg levels. This finding is 
consistent with previous studies that reported trophic 
biomagnification of Hg for other Arctic fish and wildlife 
(Gaden et al., 2009; Loseto et al., 2008b; Muir et al., 
2005). Figure 10.21 illustrates THg concentrations in 
the liver of polar bears after adjustment for age, sex, 
and lipid and carbon sources (using fatty acids and 
δ13C). Mean adjusted THg levels were similar in polar 
bears from most Canadian subpopulations, except 
those from southern Hudson Bay, which were lower 
than those from northern Beaufort Sea and Lancaster 
Sound. Interestingly, liver THg concentrations were 
negatively correlated with muscle tissue δ13C 
ratios, suggesting that polar bears feeding in areas 
with higher river inputs of terrestrial carbon may 
accumulate more Hg than bears feeding in areas with 
lower freshwater input. Similarly, previous studies of 
polar bears from the Canadian Arctic reported that 
Hg concentrations were highest in the Beaufort Sea 
population and lowest in the Hudson Bay population 
(Braune et al., 1991; Norstrom et al., 1986; Rush et 
al., 2008; St. Louis et al., 2011). The findings of Routti 
et al. (2012) indicate that food web structure and food 
habits have a significant influence on geographic 
trends in liver THg concentrations in polar bears, 
similar to other studies of polar bears (Cardona-
Marek et al., 2009; Horton et al., 2009; McKinney 
et al., 2011; St. Louis et al., 2011) and other marine 
mammals, including beluga whales (Loseto et al., 
2008a) and various seal species (Young et al., 2010). 
High Hg levels in marine mammals from the Beaufort 
Sea may result in part from Hg transported by the 
Mackenzie River (Leitch et al., 2007).

Gaden and Stern (2010) suggest that changes in 
Arctic ice-free seasons due to climate change may 
lead to changes in beluga whale foraging habits and 
Hg exposure. Since such changes will not be uniform 
across the Arctic, they may alter the spatial patterns in 
beluga whale Hg concentrations in the future. A much 
broader range of possible impacts of climate change 
on Hg dynamics in Arctic ecosystems is discussed by 
Stern et al. (2012).

10.3.5.3 Polar Bear

The polar bear is the apex predator of the Arctic 
marine ecosystem. Due to its top trophic position in 
the marine food web, its Hg levels are among the 
highest observed in the Arctic (Dietz et al., 2009; Muir 
et al., 1999). Polar bears are distributed throughout 
the circumpolar region, and thus are an ideal sentinel 
or monitoring species for contaminants.

Recent spatial patterns of THg in livers of polar bears 
were investigated with samples collected from 2005 
to 2008 across Canada (Routti et al., 2011). Liver 
THg levels were assessed in relation to differences in 
food web structure among subpopulations (estimated 
using δ15N, δ13C in muscle tissue and fatty acid tracers 
in adipose tissue) (Routti et al., 2012). Regardless 
of subpopulation, liver THg concentrations were 
significantly related to both δ13C and δ15N ratios, 
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aquatic food webs provides a detailed understanding 
of current conditions across most of the country. In 
contrast, research on Hg in terrestrial food webs is 
more limited in Canada and has been focused mainly 
in the Arctic. Food webs in terrestrial ecosystems 
tend to be simpler and shorter. Some terrestrial food 
webs may be more complex, leading to significant 
biomagnification of MeHg in some insectivores (i.e., 
songbirds and bats) and raptors; however, in general, 
Hg levels in most terrestrial ecosystems are low.

Lichen and mosses are the only terrestrial vegetation 
accumulating appreciable amounts of Hg, because 
of their ability to absorb atmospheric Hg. The paucity 
of data available for Hg in vegetation across Canada 
makes it difficult to discern geographic trends, and 
a comparison of plants from the same genus across 
territories and provinces shows similar concentrations. 
Aquatic macrophytes appear to accumulate Hg via 
root uptake and direct absorption to levels 10- to 
100-fold greater than terrestrial vegetation. Like 
terrestrial vegetation, there is a scarcity of suitable 
data to evaluate geographic trends in aquatic plants. 
Spatial trends are limited to inferring some localized 
elevations of Hg in the vicinity of known geological or 
anthropogenic Hg sources. Periphyton and macroalgae 
accumulate Hg largely from the water column, but 
periphyton communities may themselves provide 
habitat for methylating bacteria that generate MeHg.

Birds and mammals encompass a wide range of 
ecological niches, which dramatically affect the 
levels of Hg to which they are exposed. Herbivorous 
birds, including seed-eating passerines and upland 
game birds, have the lowest levels of Hg, whereas 
insectivores and carnivores have roughly the same 
levels of Hg, reflecting their similar trophic positions. 
Piscivorous birds, including seabirds, exhibit the 
highest concentrations of Hg, reflecting the high 
levels of Hg commonly found in fish. Herbivorous 
mammals generally accumulate low amounts of Hg, 
except caribou, because its winter forage consists 
largely of relatively Hg-rich lichens. From the limited 
data available for terrestrial mammals, it appears 
that insectivores accumulate significantly more Hg 
than herbivores, omnivores, and carnivores. Of the 
terrestrial mammals included in this review, only 
bats, caribou, mink, and otter accumulate appreciable 

FIGURE 10.21  Geometric mean concentrations 
of total mercury (error bars are 95% confidence 
intervals) in livers of polar bears from across the 
Canadian Arctic, sampled in 2005 to 2008. All total Hg 
concentrations were adjusted for sex, age, and lipid 
and carbon sources (fatty acids and δ13C) (adapted 
from Routti et al., 2012).

It is not surprising that the spatial pattern of THg 
concentrations in livers of polar bear (Fig 10.21) is 
similar to that of THg in muscle tissue of ringed seals 
(Figure 10.19), since ringed seals are the primary 
prey of polar bears throughout the Canadian Arctic 
(Thiemann et al., 2008).

10.4 CONCLUSIONS, DATA GAPS, 
AND RECOMMENDATIONS

10.4.1 Conclusions on Mercury Levels, 
Patterns, and Trends

Food webs in aquatic ecosystems are generally 
long and complex, and demonstrate significant 
biomagnification of MeHg. Mercury levels in many 
acidic aquatic systems are elevated and may be of 
toxicological concern for piscivorous fish and wildlife 
species. Considerable Canadian research on Hg in 
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In general, the spatial patterns and variability in Hg 
levels in terrestrial and freshwater biota covered 
in this chapter can be separated into 2 distinct 
groupings. Even within these coarse groupings, 
significant variation in Hg levels can be introduced 
by hydrological and biogeochemical factors, species-
specific biology, and, in some cases, point-source 
influences (including legacy Hg pollution). For species 
or biota with sufficient geographic coverage and 
sampling, there is a broad national pattern of a west-
to-east increasing gradient of MeHg. This pattern is 
reflected in predatory aquatic invertebrates; the blood 
of Bicknell’s thrush and common loons; the eggs of 
bald eagles, great blue herons, common loons, and 
osprey; and in the feathers of juvenile osprey, adult 
bald eagles, and common loons. This pattern is also 
found in data from a much larger number of sites for 
the major piscivorous fish species across Canada. 
In addition, predatory aquatic insects showed an 
increasing trend in Hg going from north to south 
in the temperate portion of Canada. The highest 
Hg levels are observed in the forested ecozones of 
eastern Canada (i.e., parts of the mid- and southern 
Boreal Shield, eastern Taiga, eastern Boreal Shield, 
and Atlantic Maritime) that were subjected to 
anthropogenic acidification (Jeffries et al., 2003).  
This observation is consistent with conceptual models 
suggesting that MeHg concentrations in aquatic 
biota are high in oligotrophic lakes from forested 
catchments, particularly those with low pH and 
elevated DOC concentrations (Driscoll et al., 2007). 
There is a general pattern of decreasing lake pH levels 
from west to east in Canada (Jeffries et al., 2005), 
very similar to the spatial pattern of elevated MeHg 
in freshwater food webs. However, more detailed 
spatial analysis is required to develop a satisfactory 
understanding of the roles of acid and Hg deposition, 
human development, climate, geology, and ecological 
processes in driving elevated Hg concentrations in 
certain parts of Canada.

For species that are less well represented, regional 
patterns of variation are largely consistent with 
hypothesized drivers of the broader national-level 
pattern. Although there is no clear broad geographic 
trend in Hg concentrations in Canadian mink or otter, 
geographic variation at the regional level is generally 
consistent with the hypothesized drivers of MeHg 

levels of Hg. Although there is limited Canadian data 
on Hg concentrations in insectivorous songbirds and 
bats, studies elsewhere in North America indicate that 
MeHg exposure in these wildlife can be as high as in 
fish-eating species.

Aquatic invertebrates and fish occupy a similarly wide 
range of ecological niches. Superimposed on these 
ecological differences are physical and chemical 
variations in the environment that are important 
drivers of Hg bioaccumulation in aquatic food webs. 
From the limited Canadian data available, pelagic 
(open-water) zooplankton appear to accumulate 
more MeHg than primary consumer invertebrates 
such as amphipods, mayfly, caddisfly, and midge 
larvae in the littoral zones of lakes (near shore). 
The exceptions to this trend are the predatory 
invertebrates, such as dragonfly larvae, water striders, 
and predaceous diving beetles, which have greater 
MeHg concentrations than zooplankton by virtue 
of their elevated trophic level. Low levels of Hg are 
typically found in non-piscivorous fishes such as 
whitefishes and sucker, while piscivores such as lake 
trout, walleye, and northern pike have higher MeHg 
concentrations.

Adequate data to assess geographic variation in 
terrestrial and aquatic biota exist for only a few groups 
of animals in Canada. There is a general pattern of 
increasing Hg concentrations in aquatic invertebrates, 
both predatory and non-predatory, from west to east 
and north to south across Canada. For freshwater 
fish, birds, and mammals, the interpretation of spatial 
patterns is confounded by samples being collected 
not only from various locations and seasons and both 
sexes, but also various time periods, since there is 
evidence of temporal variation in Hg in some species. 
One approach to minimize these confounding factors 
is to normalize various measures of Hg in indicator 
species to a common or standardized indicator that 
permits broad-scale comparisons. For freshwater 
fish, the standardized yellow perch indicator (HgPREY) 
developed for ecological risk assessment (see Chapter 
13 and Depew et al., 2013b) is one example of this 
type of approach. It offers a reasonably objective way 
to compare spatial patterns of Hg in biota.
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10.4.2 Data Gaps

This assessment has generated and brought together 
significant new datasets on Hg emissions, deposition, 
methylation, and biomagnification in many ecosystems 
across the country. However, these datasets have 
yet to be integrated for detailed spatial analysis and 
modelling. This represents an important opportunity 
to advance our scientific understanding of the current 
drivers of spatial Hg patterns in Canadian biota.

More research is required to determine Hg 
concentrations in insectivores in Canada. There 
is potential for insectivorous songbirds and bats 
to accumulate significant body burdens of MeHg, 
particularly when they feed on spiders and aquatic life 
stages of insects. At present, there are very limited 
Canadian data for these species.

Although there has been a recent focus on 
determining the pathways of Hg through forest 
ecosystems, the dynamics of the pathway from 
atmosphere to lichens to caribou are not well 
understood. This information is essential to create 
an accurate Hg model for Arctic caribou in order 
to project the effect of global Hg policies on this 
important northern food resource.

One of the principal knowledge gaps in aquatic 
systems is a comprehensive understanding of 
the factors that promote entry of MeHg into the 
bottom of the food web. These are related in part 
to terrestrial ecosystem structure and function, but 
also to important physical, chemical, and biological 
drivers in aquatic ecosystems. More comprehensive 
understanding of how these environments are linked 
to the drivers of MeHg formation will allow the 
development of predictive models for aquatic biota 
and identification of regions of high MeHg.

Mercury methylation and trophic dynamics thus 
influence the ultimate concentrations of Hg in top 
predators. These highlight the significant role that 
climate change and natural resource development 
may play in the future. Spatial patterns of Hg in biota 
will be influenced by changing climate and its impacts 

availability over large scales, including atmospheric 
deposition, low pH, moderate DOC levels, and 
unproductive systems (Driscoll et al., 2007; Evers  
et al., 2007).

Biota foraging at lower trophic levels often 
show spatial trends that are either attenuated 
or inconsistent with the patterns observed for 
piscivorous biota. For example, no geographic trend 
is apparent in caribou Hg concentrations. However, 
Hg concentrations in caribou are affected by 
gender, season of collection, atmospheric patterns 
of deposition of Hg, as well as local environmental 
conditions affecting Hg concentrations in their winter 
forage, in conjunction with forage availability and 
selection. This would include timing of green-up in  
the spring and the subsequent switch to lower-Hg 
forage species, which could be affected by a  
changing climate.

Although few of the fish or wildlife species in this 
review had Hg concentrations approaching the level 
thought to cause overt harm or lethal effects, the 
levels of MeHg observed in some piscivorous fish 
and wildlife species in Canada may be at or above 
thresholds for sublethal but potentially deleterious 
effects on populations (see Chapter 12).
Marine mammals in the Arctic did not show the same 
spatial trend in Hg concentrations as freshwater and 
terrestrial fish and wildlife. Mercury concentrations 
tended to be higher in marine mammals in the 
Beaufort Sea than further east and south, but there 
were notable exceptions to this trend for most 
species. Spatial differences in Hg in marine mammals 
appear to be influenced by many factors such as age, 
size, food habits, local food web structure, and local 
geological and fluvial Hg inputs. For seals, beluga 
whales, polar bears, and other Arctic species, climate 
change may have profound impacts on future spatial 
patterns of Hg, due to its effects on temperatures, sea 
ice, biological productivity, food web structure, habitat 
use, and Hg dynamics.
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small home range. Bearing these considerations in 
mind, recommended terrestrial and aquatic species 
suitable for Hg monitoring in Canada include:

• Caribou — an important food source for 
northerners and easily sampled when researchers 
work with hunters;

• Mink and otter —at particular risk from Hg  
and easily sampled when researchers work  
with trappers;

• Common loon — a piscivorous bird with high  
site fidelity and blood Hg levels linked with prey  
Hg levels on nesting lakes;

• Insectivores — indicator species (e.g., 
insectivorous bats and songbirds) are needed  
to monitor Hg changes in high-risk terrestrial  
food webs;

• Walleye and northern pike — important 
commercial, sport, and subsistence fish at the top 
of the aquatic food web, already integrated into 
many monitoring programs;

• Yellow perch — an important indicator species 
widely studied in Hg research and monitoring 
programs across Canada, and a useful indicator  
of Hg levels in forage fish;

• Marine fish — important commercial, sport,  
and subsistence fish species at the top of marine 
food webs;

• Seabirds — current indicators of long-term trends 
of Hg in aquatic food webs in the Great Lakes and 
in the Atlantic, Pacific, and Arctic Oceans;

• Seals, beluga whales, and polar bears — indicator 
species at the top of marine food webs, providing 
the best indicators of changing Hg levels in 
Canada’s oceans;

• Mussels — indicator species for spatial patterns 
of benthic contamination in marine and freshwater 
ecosystems.

In addition to these biota, indicator mammal  
species are needed to monitor Hg in the Atlantic  
and Pacific Oceans.

New mechanisms need to be developed throughout 
Canada to encourage and coordinate the monitoring 

on Hg dynamics in air, soil, and water; bacterial Hg 
methylation rates; changes in ecosystem productivity, 
food web structure, and energy dynamics; and 
species distribution, abundance, and feeding habits. 
Similarly, human development in Canada and globally 
may have similar impacts on spatial patterns of Hg 
in Canadian biota. The current lack of understanding 
of these future changes makes prediction of Hg 
changes uncertain. Research and monitoring in these 
areas could reduce this uncertainty and improve 
management decision-making.

The lack of ecologically focused Hg monitoring in 
marine fish is a major research gap in Canada. 
No monitoring is currently conducted to assess 
the spatial trends of Hg concentrations in marine 
fish over the long term. Similarly, no systematic 
monitoring programs track spatial Hg trends in marine 
mammals outside of the Arctic, with the exception of 
St. Lawrence estuary beluga whales. Without such 
programs in the Atlantic and Pacific Oceans, it will be 
difficult to assess the effectiveness of Hg regulations 
in reducing Hg levels in marine ecosystems in 
southern Canada. This has important consequences 
for both ecosystem and human health. For many 
Canadians living in urban centres, marine fish are the 
primary route of Hg exposure in their diet.

10.4.3 Recommendations for Future 
Monitoring and Research

In addition to filling the data gaps noted above, 
ongoing monitoring of Hg concentrations in key 
aquatic and terrestrial biota would identify important 
changes in Hg dynamics and provide data for 
evaluation of policies. Monitoring would ensure 
early awareness if Hg rises in a particular species 
or area. The public would be confident that Hg is 
being monitored in the environment, in general, and 
in traditional and wild food sources, in particular. 
Monitoring would also enable managers to assess 
the effectiveness of any actions taken to reduce Hg 
emissions or deposition in Canada or abroad.

Key biota appropriate for long-term monitoring 
programs should (1) be found across Canada, (2) 
accumulate measurable concentrations of Hg, (3) be 
easily sampled, and (4) have a reasonably stable or 
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of Hg concentrations using consistent methods in 
fish and wildlife among federal, provincial, territorial, 
and aboriginal government agencies, universities, 
and non-governmental organizations. One example of 
this sort of coordinated monitoring is the NCP, which 
operates only in the Canadian Arctic and sub-Arctic.

Future research should focus on addressing the 
knowledge gaps identified in the previous section:

• Spatial analysis and modelling of Hg deposition, 
methylation, and biomagnification to better 
understand the drivers of current spatial patterns 
of Hg concentrations in Canadian biota;

• Hg exposure and risks to insectivorous wildlife 
(e.g., insectivorous bats and birds);

• Improved ecosystem models of Hg 
biomagnification in different food webs  
(e.g., in lichen and caribou);

• Environmental factors influencing the entry  
of MeHg into the bottom of the aquatic food  
webs; and

• Impacts of climate change and human 
development on future Hg dynamics and spatial 
Hg patterns in Canadian fish and wildlife.
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This chapter addresses Hg trends in vegetation, 
invertebrates, fish, birds, and mammals as broad 
groupings (temporal trends of Hg in air are discussed 
in Chapter 4). In this analysis, results are reported 
as total Hg (THg) rather than methylmercury (MeHg), 
because THg has been the most widely measured and 
reported form of Hg.

11.1.1 Statistical Power of Monitoring 
Datasets to Detect Temporal Trends in Biota

Long-term time series of monitored contaminants 
often show interannual variations that may not 
be part of an obvious trend and can render the 
detection of long-term trends more difficult (Bignert 
et al., 1993, 1994, 1998; Olsson, 1995; Hebert and 
Weseloh, 2003). The probability that a monitoring 
program will detect a temporal trend in contaminant 
concentrations, in spite of the interannual fluctuations 
in the data, represents its statistical power. The 
power to detect changes in contaminant levels with 
time depends on the pattern and magnitude of those 
changes (Nicholson and Fryer, 1992), the number 
of samples collected, and the frequency of sample 
collection (Bignert et al., 1993; Hebert and Weseloh, 
2003). Failing to take these factors into consideration 
may result in the collection of extraneous or 
insufficient data, ultimately leading to wasted effort, 
or, at worst, unreliable inferences about temporal 
trends (Braune et al., 2003).

For example, in an evaluation of 83 time series of Hg 
in biota from the circumpolar Arctic, only 16 (19%) 
could be considered adequate to detect a 5% annual 
change in Hg concentrations with a significance 
level of p < 0.05 and 80% statistical power (Rigét et 
al., 2011). Braune (2010) determined that sampling 
thick-billed murres and northern fulmars from Prince 
Leopold Island annually, rather than every 5 years, 
increased the power of the temporal Hg trend analysis 
from 41 to 94% for thick-billed murres and 55 to 
97% for northern fulmars. It further increased the 
ability of the analysis to detect smaller changes in 
Hg concentrations over time. It took longer to detect 
statistically significant declines in contaminant 
concentrations in Herring Gulls in the Great Lakes 
when sampling occurred at 2-year and 4-year 

11.1 INTRODUCTION
This chapter presents the current state of knowledge 
on temporal trends in mercury (Hg) concentrations 
in biota from Canada, as well as potential drivers 
of those trends. An understanding of the drivers 
involved in Hg dynamics in these ecosystems will 
facilitate effective Hg emission controls and provide a 
basis for predicting changes in Hg levels in biota as a 
result of environmental disturbances (e.g., changing 
Hg emissions and climate change). A thorough 
discussion of absolute levels of and geographic 
trends in Hg concentrations in biota in Canada is 
given in Chapter 10.

There are few long-term Hg datasets are available 
from terrestrial ecosystems in Canada. The bulk of 
the available long-term Hg datasets in Canada are 
from fish or from ecosystems contaminated from 
point sources. Ecosystems contaminated from specific 
anthropogenic activities are addressed in Chapter 
8. This chapter is devoted to ecosystems that have 
been contaminated by Hg dispersed by broad-scale 
atmospheric or aquatic processes. However, certain 
datasets from ecosystems contaminated from point 
sources lend themselves particularly well to temporal 
trend analysis, and these have been highlighted in text 
boxes in this chapter. Although particular ecosystems 
have been studied intensively with regard to temporal 
trends in biota, many have not been explored at all 
and represent significant gaps in Canadian data (see 
Section 11.7.2).
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11.2 TEMPORAL TRENDS  
IN VEGETATION
Few studies have monitored Hg over time in 
vegetation in the terrestrial environment. One study 
of Hg in tree rings of black spruce in Quebec found 
temporal variation in trees from 1 site (Zhang et al., 
1995). There was a distinct peak in Hg concentrations 
in tree rings around the 1920s, with levels 1.5 to 2 
times higher than before 1910 or after 1930. This 
peak may be explained by high mean temperatures 
and low precipitation during this time, which favoured 
forest fires that devastated this region for almost a 
decade. Wild forest fires are generally considered to 
be one of the natural sources of re-emission of Hg to 
the atmosphere (Nriagu, 1989).

intervals (3.5 and 9.5 years for detection, respectively) 
rather than annually (Hebert and Weseloh, 2003). 
With lower numbers of data points in a temporal 
regression, each data point becomes more influential 
in affecting the overall trend, and aberrant data 
points can have a greater effect on the probability of 
detecting a trend. Therefore, it is important to evaluate 
the adequacy of each dataset to determine Hg trends. 
Given the interannual variations seen in annual 
datasets and the apparent tendency for Hg to cycle in 
some systems, data gathered periodically or in short 
time spans may not provide a reliable indication of Hg 
trends in that ecosystem. This may be true although 
a trend may be statistically significant. In general, 
longer, more frequent, and more intensive sampling 
results in more reliable conclusions.

FIGURE 11.1  Temporal trends of mercury concentrations (arithmetic means) in blue mussels from the Gulf of  
St. Lawrence with second-order polynomial regression lines. 

NBHI = New Brunswick Hospital Island; NBLB = New Brunswick Limekiln Bay; NBNR =New Brunswick Niger River; NBSC = 
New Brunswick St. Croix River; NBTC = New Brunswick Tin Can Beach; NSAR = Nova Scotia Apple River; NSBC = Nova Scotia 
Broad Cove; NSDI = Nova Scotia Digby; NSFI = Nova Scotia Five Islands; NSSC = Nova Scotia Spechts Cove; NSYR = Nova 
Scotia Yarmouth. Data from Chase et al. 1996a,b, 1997, 1998, 2001, 2002; Jones et al. 2005; Krahforst et al. 2005a,b, 2007, 2009; 
LeBlanc et al. 2009a,b, 2011; Sowles et al. 1994, 1996.
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11.4 TEMPORAL TRENDS  
IN FISH
Fish are an important species for monitoring Hg in 
the environment. This significance is reflected by the 
numerous datasets available for aquatic ecosystems, 
compared with those for the terrestrial environment. 
Mercury is readily available in the aquatic ecosystem, 
most often in the form of MeHg. MeHg is incorporated 
into biological systems, bioaccumulates as fish age, 
and biomagnifies through trophic levels. Consumption 
of fish is the primary exposure route of Hg to other 
fish, marine and semi-aquatic mammals, birds, and 
humans. It is, therefore, of paramount importance to 
discern current trends of Hg contamination and drivers 
of those trends within the aquatic ecosystem in order 
to minimize impacts on an entire range of biota.

Mercury levels in fish inhabiting systems that have 
historically received direct inputs of Hg from industrial 
activity have been declining since the implementation 
of Hg loading controls (Weiss, 2004; Neff et al., 
2012). Similarly, intensive monitoring at hydroelectric 
reservoirs in Manitoba, Quebec, and Newfoundland 
and Labrador indicate that, while Hg levels initially 
increased in the years after impoundment, they 
declined (slowly but variably) to background or near-
background levels over 15–30 years, depending on 
the characteristics of the impounded system (Bodaly 
et al., 2007; Verdon et al., 1991, Scruton et al., 1994; 
Anderson, 2011). Recent work has also addressed 
temporal changes in Hg concentrations in fish from 
specific contaminated sites, including the following: a 
smelter at Trail, British Columbia (Hatfield Consultants, 
2008), the Alberta oil sands (Evans and Talbot, 2012), 
the English-Wabigoon River system, Ontario (Neff 
et al., 2012), and the Great Lakes (French et al., 
2006, Gewurtz et al., 2010, 2011a; Bhavsar et al., 
2010, Monson et al., 2011, Sadraddini et al., 2011). 
In addition, the effects of anthropogenic activity 
such as mining and logging on Hg concentrations in 
fish have been studied (Garcia and Carignan, 2000; 
Lucotte et al., unpublished data). These case studies 
are discussed in more detail in Section 11.4.2 and in 
Chapter 8.

11.3 TEMPORAL TRENDS  
IN INVERTEBRATES
The temporal trends of Hg in seawater from the late 
Holocene period (990–9 000 years before present) to 
the 20th century at 4 locations in the Canadian Arctic 
were reconstructed by analyzing sequences of marine 
bivalve shells (Outridge et al., 2000). At 2 high-latitude 
sites, Cornwallis Island and Axel Heiberg Island, this 
analysis showed modern Hg concentrations similar to 
or lower than Holocene material, a finding consistent 
with modern seawater metals being derived solely 
from natural geological sources. However, at lower-
latitude sites in southeast Hudson Bay, modern Hg 
levels were 50–300% above Holocene concentrations, 
depending on the sample age. These findings suggest 
that in the mid- to late 1970s, significant amounts 
of industrial Hg had entered parts of the sub-Arctic 
marine environment.

Blue mussels were sampled for a variety of 
contaminants from Nova Scotia and New Brunswick 
as part of the Gulfwatch Program from 1992 to 2009 
(Chase et al., 1996a,b, 1997, 1998, 2001, 2002; 
Jones et al., 2005; Krahforst et al., 2005a,b, 2007, 
2009; LeBlanc et al., 2009a,b, 2011; Sowles et 
al., 1994,1996). Similar datasets are not available 
from the Pacific or Arctic coasts of Canada. Figure 
11.1 shows temporal trends in Hg concentrations 
in mussels from 11 different locations in the 2 
provinces (note that data from 1993 were excluded 
because they were suspiciously high and variable). 
Overall, Hg concentrations declined in all of the 
locations except Tin Can Beach, New Brunswick, 
where it increased over time. Five of the locations 
had significant negative correlations with year, 
and there is some evidence of an increasing trend 
after 2002. The general declines in Hg in these 
invertebrates likely reflect reduced available Hg in 
their environment, in part, as a result of Hg controls 
in the Great Lakes region (see Great Lakes text box). 
The reason for the apparent increase in many sites 
after 2002 is unclear.
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whitefish and lake herring in Ontario (Rennie et al., 
2010), while Neff et al., (2012) found no effect of body 
condition on Hg concentrations in fish in the English-
Wabigoon River system. Considering that fish body 
condition may be affected by a number of different 
factors (food availability, population density, and 
predator-prey interactions), the relationship between 
body condition and Hg concentration is not simple and 
is likely to vary according to individual parameters in a 
given ecosystem.

The trophic position of an individual fish or species 
can also influence Hg concentrations, since Hg 
biomagnifies through the food chain. Top predators 
typically have the highest Hg concentrations, while 
fish feeding on insects or aquatic invertebrates 
(lower trophic levels) have lower Hg concentrations 
(Campbell et al., 2005). In addition, dietary shifts 
(e.g., from insects to fish prey or cannibalism) 
can influence Hg concentrations (Gantner et al., 
2010a). Measurement of stable isotope ratios is 
becoming more common as a method of determining 
trophic position to aid in the interpretation of Hg 
concentrations in biota (Jardine et al, 2006; Borgå et 
al., 2011). Migrations among water bodies, from lakes 
to marine environments, can lead to changes in Hg or 
life history in different water bodies, and can result in 
intra-specific differences in Hg concentrations (e.g., 
landlocked versus sea-run Arctic char) (Swanson 
et al., 2011; van der Velden et al., 2013). Certain 
salmonid species display high morphological plasticity 
and can co-exist as several ecotypes or morphotypes 
within the same system, and these morphotypes may 
show differences in Hg accumulation (van der Velden 
et al., 2012).

11.4.1 Broad-scale Temporal Trends at the 
Ecozone Level

To provide a broader perspective on the temporal 
evolution of Hg levels in freshwater fishes in Canada, 
a hierarchical ecozone-level analysis was conducted 
using data collected from 1967 to 2010 from across 
Canada (Depew et al., 2013). Although this approach 
differs in some respects, it is similar to recent 
analyses of large datasets in the Great Lakes region 
(Monson et al., 2011), Wisconsin (Rassmussen et 

In contrast, less is known about trends in Hg levels 
in fish that inhabit systems that do not receive 
direct Hg inputs from anthropogenic activity. This 
is partly due to monitoring directives that place a 
primary emphasis on the protection of human health 
but also to the variation in sampling (spatial and 
temporal) that characterizes many current monitoring 
programs. With the exception of a few intensively 
sampled systems (see Section 11.4.2), most lakes 
and rivers in Canada are relatively remote from direct 
anthropogenic Hg input and receive the bulk of Hg 
inputs from the atmosphere. Such systems have 
been sampled only a few times (1–5) over a long 
time period (~30–40 years). Even for those sampled 
more frequently, different sizes, tissue types, and 
species of fish may be collected in different years 
and, in some cases, different laboratories may be 
used to analyze the samples (Depew et al., 2013). 
These variations in sampling confound simple site-
specific time-trend assessments by introducing 
additional uncertainty. In addition, a wide array of 
factors may affect the accumulation of Hg within 
fish, including abiotic conditions affecting Hg 
cycling (Chapter 5) and biotic factors affecting Hg 
accumulation in fish, including age, length, growth 
rates, body condition, trophic position, and life history 
(Gewurtz et al., 2011b). The relative importance of 
each factor is likely system- and species-specific, 
varying over space and time.

Mercury concentrations increase continuously of 
over the lifespan of a fish. As a result, they are often 
correlated with fish age or length (Wiener et al., 
2003; Simoneau et al., 2005; Lavigne et al., 2010). 
Growth rate can affect Hg accumulation in fish, 
with faster-growing fish in productive environments 
having lower Hg concentrations, an effect commonly 
referred to as growth dilution (Ward et al., 2010). 
Body condition may also affect Hg concentrations 
in fish, but there are conflicting reports of this in the 
literature. For instance, Hg concentrations increased 
with decreasing nutritional status in striped bass 
from Lake Mead, Nevada and Arizona, United States 
(Cizdziel et al., 2002). This was considered consistent 
with starvation-concentration, in which muscle Hg 
concentration is lost at a slower rate than muscle 
mass. However, reduced Hg concentrations were 
correlated with reduced body condition in lake 
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A linear mixed-effects model was employed to 
standardize the Hg levels in samples of a particular 
species of fish to a given size and type of sample, and 
to evaluate trends in Hg levels over time (for more 
methodological details, see Depew et al., unpublished 
data.). The terrestrial ecozones of Canada are shown 
in Figure 11.2 (http://sis.agr.gc.ca/cansis/nsdb/
ecostrat/gis_data.html) and were used as a fixed 
grouping factor because Hg deposition is affected by 
catchment characteristics (Chapter 5) and geographic 
differences (Chapter 3). Estimates of temporal 
changes in Hg concentrations (adjusted for standard 
length and sample type) were derived at the ecozone 
level by regressing log[Hg] over time (~1970 to 2010). 
Sampled lakes and rivers within the ecozones were 
assumed to be representative of typical environments 
available for sampling within an ecozone, so they 

al., 2007), Minnesota (Monson, 2009), and California 
(Melwani et al., 2009). Data collected at sites with 
known current or legacy Hg pollution and recent 
reservoir impoundment (< 30 years at time of 
sampling) were not included in this analysis. Such 
sites have well-defined temporal trends that are 
largely unrelated to atmospheric Hg deposition. 
Because they constituted a significant portion 
of data records (29%) within the database used 
(Depew et al., 2013), they could bias the assessment 
of temporal trends through overweighting. Data 
collected from sites within the Laurentian Great 
Lakes were also excluded because temporal trends 
in these lakes have already been evaluated and 
described (Bhavsar et al., 2010). These records 
accounted for approximately 18% of the remaining 
records available.

FIGURE 11.2  Map of Canada showing the delineation of major terrestrial ecozones.

AC = Arctic Cordillera, ARC = Arctic, TC = Taiga Cordillera, BC = Boreal Cordillera, PM = Pacific Maritime, MC = Montane 
Cordillera, TP = Taiga Plains, BP = Boreal Plains, PR = Prairie, WTS = Western Taiga Shield, WBS = Western Boreal Shield,  
LOW = Lake of the Woods, MBS = Mid-Boreal Shield, HP = Hudson Plains, SBS = Southern Boreal Shield, MP = Mixedwood 
Plains, ETS = Eastern Taiga Shield, EBS = Eastern Boreal Shield, AM = Atlantic Maritime, NF = Newfoundland.
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were some exceptions, when an ecozone trend was 
derived from much localized sampling (e.g., walleye in 
Montane Cordillera) or when sample sizes were very 
low (e.g., northern pike in Arctic).

Over the period 1967–2010, Hg levels either declined 
or showed no discernible trend in the majority of 
ecozones for all species. Significant increases were 
observed in lake trout in 3 ecozones (Arctic, Taiga 
Plains, and Boreal Plains) and in northern pike in  
3 ecozones (Arctic, Eastern Taiga, and Eastern  
Boreal Shield). No trend was observed for walleye 
(Figure 11.3).

were treated as random effects in the analysis. 
Estimates of temporal change were not derived at the 
site level, since many sites (~90%) were sampled only 
once or twice over the period.

The estimated rate of change in Hg levels in a 
standard-length lake trout, walleye, and northern pike 
varies considerably and generally ranges between 
-1.5 and +1.5% yr-1 with few outliers (Figure 11.3). 
In general, ecozones with a small number of sampled 
sites failed to produce a significant trend (positive 
or negative), in large part because of the higher 
uncertainty associated with these estimates. There 

FIGURE 11.3  Estimated annual percent (%) change in mercury levels in skinless fillets of lake trout (top panel,  
size 54 cm), walleye (middle panel, size 42 cm), and northern pike (bottom panel, size 61 cm) across ecozones from 
1967 to 2010 (error bars are 95% confidence interval). Ecozones are arranged in a west-to-east gradient from left to 
right, and abbreviations are the same as in Figure 11.2. Numbers in parentheses indicate the number of sites within 
each ecozone.
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Although these broad-scale trends suggest some 
small declines in Hg levels in some ecozones, 
inferences regarding causation are difficult. The 
geographical pattern in ecozone-level trends suggests 
that ecozones of eastern Canada may have a slower 
rate of decline in fish Hg levels than those in western 
or central Canada. Such a pattern is consistent with 
the slow recovery of aquatic ecosystems (particularly 
those with high proportions of wetland and forest 
cover) from elevated atmospheric deposition of 
sulphate and Hg from anthropogenic activities 
(Driscoll et al., 2007; Coleman-Wasik et al., 2012). 
However, because changes in Hg deposition occurred 

In terms of geographic variation, significant increases 
in Hg concentrations at the ecozone level showed 
no obvious correlation with longitude (Figure 11.4). 
However, for significant declines in Hg concentrations, 
the largest rates of decline occurred in ecozones of 
western and central Canada (Figure 11.4). There did 
not appear to be a consistent pattern with latitude. 
However, larger estimated rates of increase were  
seen in northern Canada (Figure 11.4). These results 
are in concordance with independent Arctic research 
(Evans and Muir, 2010a, b; Stern, 2010b), but are 
based on some of the smallest sample sizes, so must 
be treated cautiously.

FIGURE 11.4  Statistically significant ecozone-level trends for lake trout (LKTR), northern pike (NRPK), and walleye 
(WE) by longitude (top panel) and latitude (bottom panel) (calculated as the centroid of ecozone polygon; error bars 
are 95% confidence interval).



636

Canadian Mercury Science Assessment – Chapter 11

In Great Slave Lake, Northwest Territories, no 
significant temporal trends were reported in Hg 
concentrations in walleye or northern pike (Evans and 
Muir, 2010 a,b). There were significant increases in Hg 
in lake trout from both the West Basin and East Arm of 
the lake. Burbot from the west basin (Evans and Muir 
(2010 a,b, 2012) and from nearby Fort Good Hope on 
the Mackenzie River, which drains from Great Slave 
Lake, also showed increases in Hg concentrations 
(Stern, 2010a) (Figure 11.5).

The temporal increase in Hg in burbot from the 
Mackenzie River could not be explained by changes 
in atmospheric deposition, fish physiological 
characteristics, or fish feeding behaviour (Carrie et 
al., 2010). There was, however, a striking temporal 
correlation between THg concentrations in burbot 
muscle and in sediment core slices from this area. In 
contrast, in burbot from Great Slave Lake, there was 
no corresponding similar correlation (Evans and Muir, 
2010a). However, both areas showed a significant 
increase in labile, algal-derived organic matter 
concentration, possibly due to the influence of rising 
air temperature on algal productivity. The striking 
increase in burbot THg concentration, coincident with 
the temporal trends in lake algal productivity and 
(in the case of the Mackenzie River) sediment Hg 
fluxes, suggest that climate change may mobilize Hg, 
resulting in increased exposure for Arctic fish.

Fish from Lake Laberge and Kusawa Lake, Yukon, 
constitute 2 of the strongest datasets for areas with 
no direct input of anthropogenic Hg. Annual data 
are available from 1993 to 2012 for both lakes, with 
a single gap of 1 yr in Lake Laberge (Stern 2010b 
and unpublished data). Although no overall trend 
was seen in Hg concentrations in trout from either 
lake, significant interannual variation was observed 
in fish from both Kusawa Lake and Lake Laberge 
(Figure 11.6). This is to be expected, since Kusawa 
Lake resides within the watershed contributing to 
Lake Laberge. Kusawa Lake is largely glacial-fed, 
with a small catchment area (4 300 km2), whereas 
Lake Laberge receives inflow from a much larger 
catchment (31 500 km2). This difference in size may 
account for the higher concentrations of Hg in trout 
from Lake Laberge; however, it is unclear what drives 
the temporal variations in Hg concentrations in fish 
from these 2 lakes.

at the same time as reductions in sulphur emissions, 
it is a challenge to determine which factor may be 
of greater importance in the context of fish Hg levels 
(Lucotte et al., unpublished data). By aggregating 
data at the ecozone level, methodological biases 
induced by different sampling approaches (including 
spatial and temporal shifts in sampling effort) cannot 
be completely resolved. Within-ecozone variability 
(after adjusting for fish size and portion type) is still 
significant and may mask non-linear trends or trend 
reversals that have been documented in other studies 
over smaller geographic regions (e.g., Monson 2009; 
Monson et al., 2011). Moreover, the numbers of 
sampled water bodies in each ecozone represent a 
small fraction of lakes and rivers that are inhabited by 
fish; thus, the degree of site selection bias remains 
uncertain. Nevertheless, the appreciable ecozone-
level variability underscores the exceptional value 
of site-specific, long-term monitoring programs. In 
the next sections, these studies and datasets will 
be highlighted and context provided for elucidating 
drivers of temporal changes in fish Hg levels.

11.4.2 Temporal Trends of Individual 
Populations

Interannual variability within fish populations is the 
most apparent aspect of individual datasets used to 
assess temporal trends in fish. This variability often 
leads to a conclusion that there is no overall temporal 
trend, even if the mean Hg concentration is generally 
increasing or decreasing during specific time periods. 
Alternatively, if data have not been gathered annually 
and there are significant time gaps, statistically 
significant trends may be observed, but may not 
reflect the actual variability within the system. Care 
should be taken when interpreting such data.

The strongest datasets for long-term monitoring of 
fish in Canada are from the Canadian Arctic and have 
been collected under the Northern Contaminants 
Program (NCP). Local catchments are typically the 
primary source of water for Arctic lakes (Wrona et al., 
2004), and an intense 3-week runoff period (freshet) 
in spring is the main pathway for Hg delivery to these 
ecosystems (Semkin et al., 2005). However, various 
abiotic and biotic factors can also affect Hg in these 
fish, as previously discussed.
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FIGURE 11.5  Temporal trends of mercury concentrations in muscle tissue in fish from the Great Slave Lake 
watershed in Northwest Territories (arithmetic means; error bars are standard error). Data for lake trout, northern 
pike, and burbot from Great Slave Lake from Evans and Muir (2010 a,b, 2012); data for burbot from Fort Good Hope 
from Stern (2010a); data for walleye from Lockhart et al. (2005) (standard errors not available for walleye).
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Lucotte et al. (unpublished data) found that long-term 
fluctuations of acid deposition did not significantly 
influence Hg levels in these fish. However, the 
warmest years corresponded to the lowest walleye 
Hg concentrations, mainly because the growth rate of 
this species increases with water temperature. It has 
been shown that faster-growing walleye have lower 
Hg concentrations than slower-growing fish at a given 
length (Simoneau et al., 2005; Lavigne et al., 2010).
There are few available long-term datasets for fish in 
southern Canada from areas that have not received 
direct input of anthropogenic Hg. Those available 
tend to have intermittent sampling. For example, no 
significant trends in Hg concentration were found 
from lake trout from Reindeer Lake, Saskatchewan, 
and Cold Lake, Alberta; northern pike and walleye 
from Lake Winnipegosis, Manitoba, and northern pike 
from the South Saskatchewan River, Saskatchewan 
(Figure 11.8). Although a decreasing trend was seen 
in Hg concentrations in northern pike and walleye 
from the South Saskatchewan River, this trend was 
largely driven by high concentrations in the 3 earliest 
years (1969–1971); since that time, concentrations 
have been relatively stable (Figure 11.8).

Although Hg concentrations have declined since 
about 2005 in landlocked char from Resolute, Char, 
and Amituk Lakes on Cornwallis Island and from Lake 
Hazen in Quttinirpaaq National Park on Ellesmere 
Island, there is no reportable significant trend. This 
is possibly because the number of sampling years 
is too limited (Muir, 2011) (Figure 11.7). A similar 
pattern was seen in sea-run char from Pond Inlet 
(Evans and Muir 2010c), but, again, the number of 
sampling years was limited and the trend was not 
statistically significant (Figure 11.7). Significant 
increases in Hg concentrations were found in sea-
run char from Pangnirtung and Cambridge Bay 
from 1990 to 2009, while concentrations declined 
significantly from 1998 to 2009 in the same species 
from Nain, Newfoundland and Labrador (Evans and 
Muir 2010c) (Figure 11.7). These trends are based on 
limited and sporadic data and should be interpreted 
with caution.

Mercury concentrations peaked in the early 1990s in 
pike and walleye that were collected from 90 lakes 
in mid-northern Quebec. These data were collected 
periodically (every 2 to 4 years from 1979 to 2010). 

FIGURE 11.6  Temporal trends of mercury concentrations in muscle tissue of lake trout from Lake Laberge and 
Kusawa Lake, Yukon (arithmetic means; error bars are standard error) (Stern, 2010b, and unpublished data).  
For Kusawa Lake, only trout less than 700 mm in length were included in the analysis.
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FIGURE 11.7  Temporal trends of mercury concentrations in muscle tissue in landlocked char from Amituk, Char, 
Hazen, and Resolute Lakes, Nunavut (top panel, geometric means; Muir 2011), and sea-run char from Cambridge 
Bay, Pangnirtung, Pond Inlet, Nunavut, and Nain, Newfoundland and Labrador (bottom panel, arithmetic means; 
Lockhart et al. 2005, Evans and Muir 2010c) (error bars are standard error).
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FIGURE 11.8  Temporal trends of mercury concentrations (arithmetic means; error bars are standard error) in muscle 
tissue from lake trout from Reindeer Lake, Saskatchewan, and Cold Lake, Alberta (top panel; data from Department 
of Fisheries and Oceans and Canada Food Inspection Agency Database 1970–1998, Evans et al., 2005, unpublished 
data, Environment Canada); northern pike and walleye from South Saskatchewan River, Saskatchewan, with 
second-order polynomial regression lines (middle panel; Wobeser et al., 1970, unpublished data, Saskatchewan 
Environment); northern pike and walleye from Lake Winnipegosis (bottom panel; unpublished data, Department of 
Fisheries and Oceans Inspection Branch and Manitoba Water Stewardship Program).
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colonies of the same species from an area. This 
underscores the difficulty of assessing overall trends 
and the importance of discerning individual ecosystem 
dynamics. In some cases, it can be critical to take 
into account trophic level when interpreting temporal 
trends in Hg concentrations.

Mercury levels in the eggs of thick-billed murres, 
northern fulmars, and black-legged kittiwakes have 
increased at Prince Leopold Island in the high Arctic 
from 1975 to 2008/09 (Braune, 2009; Figure 11.9). 
However, there was no apparent Hg trend at the Coats 
Island murre colony. However, once the data had been 
adjusted for trophic position, the Coats Island colony 
also showed a significant increasing trend in egg Hg 
levels (Braune 2010; Figure 11.10). Between 1980 and 
2002 the diet of thick-billed murres at Coats Island 
had shifted from Arctic cod (and benthic fish species) 
to capelin and sandlance (Gaston et al., 2003). 
This dietary shift may have been due to decreased 
availability of cod, associated with warming ocean 
conditions and longer ice-free periods documented 
for Hudson Bay (Gaston et al., 2003; Davidson et al., 
2008; Gaston et al., 2009). In contrast, there has been 
no overall change in summer ice cover reported at 
Prince Leopold Island (Davidson et al., 2008), and the 
murres at that location have maintained their Arctic 
cod diet (Davidson et al., 2008). This indicates that the 
shift in diet for murres at Coats Island has affected the 
temporal Hg trend for that colony.

11.5 TEMPORAL TRENDS  
IN BIRDS
Peakall et al. (1990) attempted to assess temporal 
trends in contaminants in Canadian peregrine falcon 
eggs by grouping them by general era (groupings 
of 6 to 7 years). Noble and Elliott (1990) went one 
step further when assessing temporal trends in 
contaminants in Canadian raptor eggs by grouping 
them into geographical regions as well as time 
periods. Both attempts resulted in an unclear temporal 
trend in Hg in these birds. Thus, the lack of long-
term Hg datasets for raptors in Canada represents 
a significant data gap. Fish-eating bird species are 
at particular risk from Hg exposure. While there a 
number of long-term datasets for marine fish-eating 
birds, few exist for their freshwater counterparts. 
Elliott et al. (2000) assessed Hg in osprey eggs from 
specific freshwater sites in British Columbia over 
several years, but no clear temporal trends emerged. 
This represents another significant data gap.

Long-term datasets are available for seabirds from 
the high Arctic and Hudson Bay (Braune, 2009), the 
Gulf of St. Lawrence (Champoux et al., 2015), and the 
Atlantic (Burgess et al., 2013). Additional data have 
been collected from the Pacific coast by Environment 
Canada but are not yet available. As with other biota, 
trends differ among areas, species, and even among 

FIGURE 11.9  Temporal trends of mercury concentrations (mean; error bars are standard error) in eggs of thick-billed 
murres, northern fulmars, and black-legged kittiwakes from Prince Leopold Island, Nunavut (Braune, 2009).
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Herring gull eggs from the Atlantic coast showed 
no change in Hg concentration (after concentration 
adjustment) over time in 4 of 5 colonies studied. 
Mercury concentrations in eggs from Gull Island, 
Newfoundland and Labrador, increased from 1977 
to 1992, dropped sharply, and then increased at the 
same rate from 1996 to 2008 (Burgess et al., 2013; 
Figure 11.12). The abrupt drop in concentrations in 
this colony was thought to be the result of a dietary 
shift (not reflected by the d15N data) that may be 
related to major oceanographic changes and their 
effects on forage fish around Newfoundland in the 
early to mid-1990s. Also, the closure of the cod 

Trophic position was not found to be a significant 
factor in the decline in Hg concentrations in northern 
gannet eggs from the Gulf of St. Lawrence (Figure 
11.11). Although carbon stable isotopes in gannet 
eggs decreased significantly alongside a significant 
decrease in egg Hg between 1969 and 2009, the 
relationship became non-significant after correction 
for the Suess effect, which is caused by the increase 
in the emission of carbon dioxide. This indicates that 
changes in diet or trophic level could not explain 
the decrease in measured Hg residues. In addition, 
information on gannet diet shows little change 
(Champoux et al., 2015).

FIGURE 11.10  Unadjusted mean concentrations (error bars are standard error) of mercury in eggs of thick-billed 
murres from Prince Leopold and Coats Islands, Nunavut (top panel), compared with mercury concentrations 
adjusted for trophic position (bottom panel) (Braune, 2010).
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FIGURE 11.11  Temporal trends of mercury concentrations (means; error bars are standard deviation) in eggs of 
northern gannets from the Gulf of St. Lawrence (Champoux et al., 2015).

FIGURE 11.12  Temporal trends of mercury concentrations (means ± standard deviation) in herring gull eggs 
collected in Atlantic Canada. Mercury concentrations from Gull Island (A), Île du Corossol (B), and Manawagonish 
Island (D) are adjusted for dietary shifts using d15N. Concentrations from Kent Island (C) and Sable Island (E) are 
unadjusted. (Burgess et al., 2013)
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11.6 TEMPORAL TRENDS IN 
MAMMALS
No consistent temporal trend was seen in Hg 
concentrations in mammals in Canada (Table 11.1). 
Trends vary widely among and within species, and 
occasionally even within a population between sexes 
or age groups.

11.6.1 Terrestrial Environment

Annual data are available from 1994–2003 for Hg 
concentrations in kidney tissue of moose in Yukon, 
with additional data from 2008 (Gamberg et al., 2005 
and unpublished data). Although a declining trend is 
apparent (Figure 11.13), given the absence of data 
between 2003 and 2008, it is impossible to ascertain 
whether this is actually a decline or part of interannual 
variability, as seen in the Porcupine caribou (Figure 
11.13). Mercury concentrations have been measured 
in a number of barren-ground and woodland caribou 
herds in Canada from 1988 to 2012, and monitoring 
is continuing. Determining temporal trends from this 
information is challenging because the Hg levels in 
these caribou are affected by seasonal collection and 
sex (Gamberg et al., 2005). There is no statistically 
significant overall trend in Hg concentrations from 
kidney tissue in the Porcupine caribou herd, but there 
is discernible temporal variation, which appears 
cyclic (Figure 11.13; Gamberg, 2011 and unpublished 
data). This interannual variation is likely affected by 
atmospheric patterns of deposition of Hg (Dastoor 
and Larocque, 2004) and by local environmental 
conditions affecting Hg concentrations in winter 
forage, in conjunction with forage availability and 
selection. This includes timing of green-up in the 
spring and the subsequent switch to lower-Hg forages 
and could therefore be affected by a changing climate.

Other than these datasets for moose and caribou, 
few datasets for terrestrial mammal in Canada allow 
temporal trend analyses. In particular, no temporal 
trend data exist for fish-eating terrestrial mammals 
(mink and otter), which would be at particular risk 
from Hg exposure. This constitutes a significant  
data gap.

fishery in Newfoundland at that time is thought to 
have an effect on the birds’ diet. The increases in Hg 
concentrations seen after 1996 may be related to 
the shift in diet away from fishery discards toward 
Leach’s storm-petrels, which tend to be higher in Hg 
than herring gulls in Atlantic Canada (Elliott et al., 
1992; Burgess et al., 2013).

The reasons for recent Hg increases in Arctic  
and some Atlantic seabirds, and a decrease in  
Hg in gannets from the Gulf of St. Lawrence, are 
unclear but may involve changes in atmospheric  
Hg deposition associated with anthropogenic and 
natural emissions. As well, environmental and 
biological (e.g., food web) processes, which may also 
be affected by climate change, may be driving these 
temporal trends. Additional study is needed in this 
area to more clearly define drivers of Hg trends within 
these systems.

 P
HO

TO
: B

RA
UN

E



645

Canadian Mercury Science Assessment – Chapter 11

TABLE 11.1  Summary of temporal trends of total mercury concentrations in Canadian mammals

Species Region Sex Tissue Period (na) Trendb Trend  
significancec 

Source

Moose Yukon Males Kidney 1994–2003 (12) ↓ S 1

Caribou Yukon Males Kidney 1993–2012 (19) → NS 2

Porpoise New Brunswick Males Liver 1970–1976 (7) ↑ S 3

Females Liver 1970–1976 (7) ↑ S 3

Beluga whale Arviat Females Muscle 1984–2008 (8) ↓ S 4

Liver 1984–2008 (8) ↑ S 4

Males Muscle 1984–2008 (8) → NS 4

Liver 1984–2008 (8) → NS 4

Sanikiluaq Females Muscle 1994–2008 (8) → NS 4

Liver 1994–2008 (7) → NS 4

Males Muscle 1994–2008 (8) → NS 4

Liver 1994–2008 (8) → NS 4

Western Arctic Both Liver 1981–2002 (7) ↑ S 5

Liver 2003–2010 (8) ↓ NS 5

Muscle 1981–2002 (6) ↑ S 5

Muscle 2003–2010 (8) ↓ S 5

Ringed seal Arviat Both Muscle 2003–2011 (8) → NS 6

Pangnirtung Both Muscle 1999–2011 (5) → NS 6

Resolute Both Muscle 2004–2011 (8) → NS 6

Sachs Harbour Both Muscle 2001–2011 (6) → NS 6

Ulukhaktok Both Muscle 1972–2008 (10) → NS 7

Walrus Igloolik Both Liver 1982–2008 (9) → NS 8

Hall Beach Both Liver 1988–2008 (6) → NS 8

Narwhal Pond Inlet Both Liver 1978–2004 (8) → NS 8

Arctic Bay Both Liver 1983–2004 (5) → NS 8

Polar bear Arctic Canada Both Liver 1982–2008 (3) → NS 9

a n represents number of sample years during time period.
b ↑–increasing trend; ↓–decreasing trend; → – no trend.
c Statistically significant (S) and non-significant (NS) time trends.
References: 1 – Gamberg et al., 2005; 2 – Gamberg, 2011, unpublished data; 3 – Gaskin et al., 1979; 4 – Gaden and Stern, 2010; 5 – Stern and Loseto, 2010; 
6 – Muir et al., 2012; 7 – Gaden et al., 2009; 8 – Stern, 2010c; 9 – Rush et al,.2008
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assessed in the context of animal age structure 
and dietary information inferred from stable carbon 
and nitrogen isotopes in the teeth. The issue of 
preservation of the original Hg concentration in pre-
industrial samples is addressed in detail by Outridge 
et al. (2005) and Dietz et al. (2009). A significant 
increase in Hg content was observed between 
historical and present-day teeth from ringed seals 
in the Amundsen Gulf and from beluga whales in 
the Beaufort Sea and near Somerset Island (Figure 
11.14; Outridge et al., 2002; Outridge et al., 2005, 
2009). In the Beaufort Sea and Amundsen Gulf 
region, Hg levels in marine biota increased after 
the late 19th century, with the most substantial 
increases occurring in the mid-20th century. Beluga 
teeth collected around Somerset Island from the 
late 19th century to 1998 showed Hg increases of 
1.2- to 5.5-fold, but with no change until the 1920s 
to 1940s, indicating that most or all of the increase 
took place after the early 20th century (Outridge et 
al., 2005; Dietz et al., 2009). This historical trend in 
the Canadian Arctic is consistent with other Arctic 
observations from Greenland of the Hg content in 
animal hard tissues ( Dietz et al., 2009).

The Hg content of both pre-industrial and present-
day teeth increased with animal age, reflecting 

11.6.2 Historical Trends in the Marine 
Environment

There has been a several-fold increase in Hg 
emissions to the atmosphere and in fluxes to marine 
and fresh waters due to human activities (Mason 
et al., 1994). Calcified hard tissues, such as teeth, 
can be used to estimate Hg concentrations in Arctic 
biota since the pre-industrial period. Historical 
samples of hard tissues are often well preserved 
in dry, cold climates like those in polar regions and 
are well represented in Arctic archaeological sites 
and museum collections. Teeth of marine mammals 
contain Hg that can be correlated to soft tissues 
including muscle, kidney, liver, and muktuk (whale 
skin and blubber) to indicate Hg levels in an animal 
(Outridge et al., 2000). Thus, analysis of historical and 
modern samples of teeth can be informative about 
the long-term changes in Hg intake and body burdens 
in wildlife.

Mercury content in the teeth of Canadian Arctic 
beluga whales, walruses, and ringed seals has been 
examined from pre-industrial, historical (19th century 
and early- to mid-20th century) and present-day 
populations (Outridge et al., 2002; Outridge et al., 
2005, 2009). Long-term changes in Hg content were 

FIGURE 11.13  Temporal trends of mercury concentrations (arithmetic means; error bars are standard error) in 
kidneys of fall-collected male moose and Porcupine caribou from Yukon (data from Gamberg, 2006, 2009, 2010 and 
unpublished data).
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11.6.3 Current Trends in the Marine 
Environment

11.6.3.1 Trends in Non-Arctic Biota

Temporal trends of Hg concentrations in marine 
biota are complex, sometimes differing between 
sexes, among species, and populations of a species, 
and often inconsistent over time, making long-term 
trends difficult to interpret. For example, beluga 
whales from the western Arctic showed increases in 
Hg concentrations in muscle and hepatic tissue until 
2002, after which concentrations declined (Stern 
and Loseto, 2010). Temporal trends of Hg in beluga 
whales from Hudson Bay, on the other hand, varied 
by sex, location, and tissue (Gaden and Stern, 2010), 
rendering interpretation of those trends significantly 
more challenging. However, these variations in 
trends may serve to discern significant drivers of 
Hg trends in this complex ecosystem. Changes in 
ocean currents are thought to have affected Hg 
concentrations in harbour porpoises off the coast of 
New Brunswick between 1971 and 1977 (Gaskin et 
al., 1979). Mercury concentrations in the livers in this 

greater bioaccumulation in older individuals (Figure 
11.14). Likewise, the greatest differences between 
historical and modern tooth samples from seals and 
beluga whales were observed for older individuals. 
For example, the teeth of modern seals 5 and 25 
years old contained 8.8 and 17.2 times more Hg, 
respectively, than their 14th century counterparts 
(Outridge et al., 2009). Historical Hg trends may also 
be influenced by changes over time in the feeding 
behaviour of seals and beluga whales, as suggested 
by some observed differences in carbon and nitrogen 
stable isotope ratios of teeth (Dietz et al., 2009; 
Outridge et al., 2009). However, even after correcting 
for differences in trophic level of Somerset Island 
beluga whales using nitrogen stable isotopes, the 
Hg content remained higher in modern teeth ( Dietz 
et al., 2009). Walrus from around Igloolik was the 
only Arctic species studied to date that did not show 
greater Hg levels in present-day teeth than in pre-
industrial samples (Outridge et al., 2002). Walruses 
usually feed at a low trophic level (on clams and 
other bivalves) and may be less affected by increases 
in environmental Hg than other marine mammals 
at higher trophic levels, which are more affected by 
biomagnification (Bernhard and Andreae, 1984).

FIGURE 11.14  Tooth mercury concentrations in relation to the age of Beaufort Sea beluga whales harvested in the 
15th to 17th centuries, in 1960 and 1961, and in 1993 in the Mackenzie Delta, with linear regression lines and 95% 
confidence limits (Outridge et al., 2009).
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of the previous year’s environmental conditions on 
prey consumption by ringed seals. However, seal 
δ15N and δ13C ratios were not strongly associated 
with the length of the ice-free season (possibly due to 
differences in turnover times between Hg and stable 
isotope ratios in muscle). Variation in the length of the 
ice-free season may have influenced the seals’ overall 
dietary exposure to Hg by affecting the population of 
Arctic cod, the preferred prey of ringed seals in winter 
(Smith, 1987). Additional field study is necessary to 
confirm the cause of this apparent trend, which may 
be important in the context of climate change.

Changes in ice cover may also explain, at least in part, 
the changes in Hg concentrations in beluga whales 
from Hudson Bay, Nunavut. Mercury concentrations 
in female beluga whales (age-adjusted) from Arviat 
in Hudson Bay increased significantly over time in 
liver tissue but declined significantly in muscle tissue 
(Gaden and Stern, 2010) (Figure 11.17). Mercury 
in liver is largely inorganic and bound to selenium, 
which can render it biologically unavailable following 
demethylation. In contrast, Hg in muscle is largely 
in the form of MeHg and better reflects recent diet 
exposure related to beluga whale size and habitat 
use (Loseto et al., 2008). The increase in Hg in 
beluga whale liver may have resulted partly from 

population declined slightly between 1971 and 1974, 
then increased dramatically to the end of the study 
period in 1977 (Figure 11.15). No trophic changes 
were noted in the porpoises during this time, and 
the changes in Hg concentration were attributed to 
changes in ocean currents. From 1971 to 1974, the 
average ocean temperature increased by 0.5°C yet, by 
1975, the temperature had decreased to a level lower 
than 1970. This shift indicates a significant intrusion 
from the Gulf of Maine of warmer, and apparently 
Hg-poor, water during the early 1970s. By 1975, the 
Scotian current had apparently re-established itself to 
its normal status resulting in increased available Hg to 
that ecosystem.

11.6.3.2 Trends in Arctic Biota

In the Canadian Arctic, changes in ice cover may 
affect Hg concentrations in ringed seals. Mercury 
concentrations in ringed seals from Ulukhaktok, 
Northwest Territories, displayed a relationship with 
the length of the ice-free season in the year before 
sample collection. Mercury concentrations in muscle 
tissue were higher for years with short (~60 days) 
and long (greater than ~140 days) ice-free seasons 
(Figure 11.16; Gaden et al., 2009). The authors 
hypothesized that this Hg trend reflected the influence 

FIGURE 11.15  Temporal trends in mercury concentrations (arithmetic means; error bars are standard error) in livers 
from harbour porpoises from the coast of New Brunswick with second-order polynomial regression lines (data from 
Gaskin et al., 1979).
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FIGURE 11.16  Log-transformed, age-adjusted means (error bars are standard error) of mercury concentrations in 
muscle tissue of adult ringed seals (≥ 7 years, sexes pooled) at Ulukhaktok (Holman) from 1973 to 2007, plotted 
against the length of the ice-free season in the year previous to seal collection (second-order polynomial regression 
line) (Gaden et al., 2009)

FIGURE 11.17  Temporal trends of total mercury concentrations (means; error bars are standard error) in beluga 
whale muscle tissue (top panels) and liver tissue (bottom panels) sampled at Arviat (left-hand panels) and Sanikiluaq 
(right-hand panels) (data from Gaden and Stern, 2010)
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Miyazaki, 2010). The lack of trends in δ15N ratios 
suggest beluga whales in Hudson Bay have not 
switched to prey of a different trophic level (Hobson 
and Welch, 1992). Polar bears in western Hudson 
Bay have similarly shown a negative shift in δ13C 
ratios from 1991 to 2007 (McKinney et al., 2009). The 
declining dietary exposure to Hg in some Hudson Bay 
beluga whales may be affected by a longer ice-free 
season in Hudson Bay (Gagnon and Gough, 2005; Ford 
et al., 2009; Rodrigues, 2009; Hochheim et al., 2010).

In the western Arctic, size-dependent foraging 
preferences were found to affect Hg concentrations 
in beluga whales (Loseto et al., 2008) and may, 
ultimately, help to explain temporal fluctuations in 
Hg concentrations in muscle and liver tissues in 
these animals. Mercury concentrations increased 
significantly in beluga whale muscle and liver tissue 
from 1981 to 2002, when the data were grouped 
for size and age (Stern and Loseto, 2010). After 
2002, levels stabilized or declined in liver tissue (not 
statistically significant) (Figure 11.18) but declined 
significantly in muscle tissue in both the medium and 
large size classes (Figure 11.19). Further investigation 
is needed to discern which factors may be reducing 
recent beluga whale exposure to Hg in the western 
Arctic.

the accumulation of inorganic Hg, which has a slow 
elimination rate in mammalian livers (Friberg et al., 
1979). Within the overall trend, there is evidence 
of a natural breakpoint around 2003, as is seen in 
beluga whales from the western Arctic. Mercury 
concentrations in female beluga whale liver tissue 
appear to increase up to 2003 and then decline 
slightly, whereas Hg concentrations in muscle tissue 
were somewhat stable or declined slightly up to that 
point followed by a much stronger decline. Male 
beluga whales from Arviat showed no overall trend in 
Hg concentrations in either tissue, suggesting there 
may be differences in habitat and prey selection 
between sexes (Loseto et al., 2006; Loseto et al., 
2008). None of the beluga whales from Sanikiluaq 
showed a temporal trend in Hg concentrations in 
either tissue.

Dietary tracers measured in beluga whale liver 
(δ15N and δ13C ratios) generally did not explain 
Hg concentrations in liver or muscle of the Arviat 
and Sanikiluaq beluga whales (Gaden and Stern, 
2010). The observed decrease in muscle-tissue Hg 
concentration and depletion in δ13C ratios in beluga 
from Arviat suggest that these marine mammals 
may have shifted toward a less contaminated, more 
pelagic diet (Cherel and Hobson, 2007; Ohizumi and 

FIGURE 11.18  Temporal trends in mercury concentrations (means; error bars are standard error) in liver tissue from 
beluga whales of 2 age classes (16−35 and 36−55 years old) from the western Arctic (Stern and Loseto, 2010).
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This could be due to low sample sizes and relatively 
high within-year variance. These results are in general 
agreement with results for Hg in muscle tissue in 
ringed seals from Ulukhaktok, where no significant 
trends were observed from 2002 to 2007 (Figure 
11.21; Gaden et al., 2009).

No significant trends in Hg concentration in muscle 
tissue in ringed seals were found in the communities 
of Arviat, Resolute, Sachs Harbour, or Pangnirtung 
between 1999 and 2009 (Figure 11.20; Muir 2010). 
While declines were observed in seals from Arviat and 
Resolute, the trends were not statistically significant. 

FIGURE 11.19  Mercury concentrations in muscle tissue in beluga whales of 2 size classes (380−420 cm and > 420 
cm) from the western Arctic (Stern and Loseto, 2010).

FIGURE 11.20  Temporal trends of mercury concentrations (geometric means; error bars are standard error) in 
muscle tissue from ringed seals from Arviat, Resolute Bay, Sachs Harbour, and Pangnirtung (Muir et al., 2012).
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FIGURE 11.21  Temporal trends of total mercury concentrations in muscle tissue of adult ringed seals (≥ 7 years, 
sexes pooled) at Ulukhaktok (Holman) (Gaden et al., 2009).

FIGURE 11.22  Total mercury concentrations (geometric means; error bars are standard error) in polar bear liver 
tissue from 1982 to 2008 (adapted from Routti et al., 2011 and references therein).
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Case Study 1: Direct Anthropogenic 
Contamination Impacts on the Temporal 
Trends of Mercury Levels in Biota from the 
English-Wabigoon River System

The English-Wabigoon River system, in northwestern 
Ontario, was heavily contaminated in the 1960s with 
Hg from effluent from a chlor-alkali plant. In 1970, 
Hg discharge was reduced by 99% and, by 1975, 
Hg was no longer being used in the plant. Mercury 
contamination in fish is a particularly important 
issue in this region because the Grassy Narrows and 
Wabaseemoong First Nations communities rely on 
subsistence fishing and tourism.

Temporal trends of Hg in fish from this area 
were evaluated by Neff et al. (2012). Mercury 
concentrations in walleye, northern pike, and lake 
whitefish from 4 connected lakes in the region 
declined significantly from 1970 to 2010. After the 
reduction in discharge of Hg, there was an initial 
rapid decline to about 1985. Mercury levels were 
relatively constant over the next decade, followed by 
a slight dip, then a slow increase to a peak around 
2005. Trends from 2005 to 2010 were variable among 
species and lakes.

A significant and positive relationship existed between 
Hg concentrations and fish condition for walleye in 
Clay and Tetu Lakes and for lake whitefish in Clay 
and Ball Lakes. However, Neff et al. (2012) concluded 
that it was unlikely that fish condition influenced 
the temporal patterns seen in Hg concentrations 
in this system in general. Rainbow smelt were 
introduced into this system at some point before 
1989 and may have coincided with a breakpoint in 
the declining Hg trends for the system, particularly 
for the top predators, which include walleye and 
northern pike. However, it is unclear whether these 
events were related. There was no connection 
between the mean annual air temperature or the 
mean annual precipitation and Hg concentrations in 
fish from this system. The direct effect of lake water 
temperature could not be evaluated. The transport of 
contaminated sediments downstream over time may 
also have affected Hg concentration in fish from these 
connected lakes. Differences in trends among lakes 
might be explained by differences in lake morphology, 
physical and chemical properties, water chemistry, 
watershed characteristics, and land use.

Temporal trends for Hg in liver tissue in ringed  
seals are also available; at many Canadian Arctic 
sampling locations livers have been analyzed in  
the past (Wagemann et al., 1996; Fisk et al., 2003) 
and more recent measurements are also available 
(Muir et al., 2008). However, interannual variation in 
Hg concentrations in liver tissue is often very high 
(Muir et al., 2008), and no clear temporal trends  
are apparent.

No temporal trends were observed for Hg 
concentrations in liver tissue from walruses sampled 
between 1982 and 2008 from Hall Beach and Igloolik, 
Nunavut (Stern, 2010c). Similarly, no temporal trends 
were evident for Hg concentrations in liver tissue of 
narwhals near Pond Inlet and Arctic Bay, Nunavut, 
between 1978 and 2004 or in beluga whales from 
Pangnirtung sampled in 2 periods (1991–1997 and 
2005–2008) (Stern, 2010c). In all cases, the number 
of monitoring years was low and sampling infrequent, 
so these datasets may be inadequate to discern cycles 
or trends.

Recent temporal trends of THg levels in polar bears 
appear to differ among populations in the circumpolar 
Arctic. In polar bears from the Beaufort Sea area, a 
slight increase in THg concentrations in liver tissue 
was observed between the 1980s and 2002 (Figure 
11.22; Rush et al., 2008). However, Routti et al. 
(2011) reported that no further changes in THg levels 
were observed from 2002 to 2007/08 (Figure 11.22). 
Rush et al. (2008) suggested that a slight increase 
in THg concentrations occurred in bears from other 
locations of the Canadian Arctic collected between 
the 1980s and 2002, but in several populations, 
Hg concentrations declined again by 2007/08 
(Figure 11.22). With only 2 or 3 data points for each 
subpopulation of bears, it is challenging to ascertain 
whether these are true trends or part of larger 
oscillations in Hg concentrations, as have been seen 
in other biota.
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TEXT BOX FIGURE 1  Dynamic linear model (DLM) plots of ln-transformed mercury concentrations over time for 
walleye, northern pike, and lake whitefish for (a) Clay Lake, (b) Ball Lake (North Basin), (c) Separation Lake, and  
(d) Tetu Lake. DLMs presented in these plots are the best predicted model for each lake-species combination.  
The solid and dashed lines correspond to the median and the 95% posterior predictive intervals, respectively  
(Neff et al., 2012).
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Mercury concentrations in most biota from this system 
generally declined from 1972 until the early 1990s. 
After that time, some biota in the upper Great Lakes 
(Superior and Huron) continued to show declines in 
Hg concentrations (lake trout and walleye, Bhavsar 
et al., 2010; Gewurtz et al., 2007; herring gulls and 
rainbow smelt, Weseloh et al., 2011), presumably in 
response to a reduction in Hg emissions. However, Hg 
concentrations in lake trout and walleye collected by 
Environment Canada and US Environmental Protection 
Agency showed an increase in concentrations over the 
same time period (McGoldrick et al., 2012), while biota 
from the lower Great Lakes (Erie and Ontario) showed 
a levelling out or increase in Hg concentrations 

Case Study 2: Direct Anthropogenic 
Contamination Impacts on the Temporal 
Trends of Mercury Levels in Biota from the 
Great Lakes Region

The Great Lakes ecosystem is the most intensively 
studied system in Canada with respect to Hg 
concentrations in the aquatic environment. This 
massive ecosystem received anthropogenic inputs of 
Hg by both Canada and the United States until 1972, 
when the International Joint Commission created the 
Great Lakes Water Quality Agreement limiting the 
input of Hg (among other contaminants) to the  
lakes system.

TEXT BOX FIGURE 2  Mercury trends in biota in the Great Lakes region (adapted with permission from Bhasvar 
et al., 2010, copyright 2010 American Chemical Society; Weseloh et al., 2011, with kind permission from Springer 
Science+Business Media Environmental Science and Technology; French et al., 2006, copyright 2013/2014 by the 
Association for the Sciences of Limnology and Oceanography, Inc. and including data from Champoux et al., 2006 
and unpublished data; Lebeuf et al., 2010.)
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11.7 CONCLUSIONS, DATA GAPS, 
AND RECOMMENDATIONS

11.7.1 Conclusions

There appear to be no overall consistent trends of 
temporal changes in Hg concentrations in biota 
within Canada, either geographically or by trophic 
position (Figure 11.23). Mercury concentrations are 
increasing in seabirds in the high Arctic but not in 
marine mammals or predatory fish from that region, 
while Hg concentrations are remaining relatively 
constant in all but one colony of seabirds from the 
Atlantic coast. Some predatory freshwater fish in the 
western Arctic are experiencing increasing trends in 
Hg concentrations, while others are not. In Hudson 
Bay, Hg concentrations are increasing in one seabird 
colony, decreasing in females only in one beluga 
population and remaining stable in ringed seals, 
polar bears, and another beluga population. The only 
suggestion of an overall trend is reported in fish on 
an ecozone basis, which found that ecozones with 
declines in Hg concentrations varied in a similar 
fashion, with apparently larger estimated rates of 
decline in ecozones in western and central Canada. 
Mercury concentrations in whitefish declined in most 
ecozones across Canada. Also on a broad scale, in the 
western Arctic, Hg levels in marine biota increased 
after the late 19th century, with the most substantial 
increases occurring in the mid-20th century.

(Champoux et al., 2006 and unpublished data; French 
et al., 2006; Bhavsar et al., 2010; Gewurtz et al., 
2011a; Sadraddini et al., 2011; Weseloh et al., 2011; 
McGoldrick et al., 2012). Some biota from the lower 
Great Lakes area showed no trend at all over time 
(Gewurtz et al., 2011a; Lebeuf et al., 2010).

The introduction of zebra mussels into the Great Lakes 
system before 1988 is thought to have caused a major 
disruption in food webs in these lakes and may have 
led to increased concentrations of Hg in biota (French 
et al., 2006; Bhavsar et al., 2010; Monson et al., 2011; 
Sadraddini et al., 2011; Gewurtz et al., 2011a). The 
interruption in the decline of Hg concentrations is seen 
more drastically in the lower Great Lakes, which have 
a higher concentration of these mussels. Although 
other factors are likely affecting the availability and 
accumulation of Hg in biota, shifting food webs may 
be a primary causal factor, particularly when changes 
in food chain length result in different biomagnification 
pathways.
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which makes trend analysis a challenge. The invasion 
of the zebra mussel in the Great Lakes system may 
have been coincident with a shift in larger climatic 
factors that affected a larger region. Interestingly, both 
the North Atlantic Oscillation and the Arctic Oscillation 
experienced major peaks at this time, indicating such 
a shift.

In the western Arctic, Hg concentrations in caribou, 
moose, freshwater fish, beluga whales, and ringed 
seals showed similar patterns, with lows in 2001/03, 
peaks in 2005/07, dipping again to lows in 2008/09. 
These common changes across different trophic levels 
suggest a shift in broad-scale climatic factors in this 
region. The shifts are reflected in the Pacific Decadal 
Oscillation, which influences the western Arctic. The 
same pattern was also seen in fish from the high 
Arctic and in the Arctic Oscillation.

Notwithstanding the lack of apparent trends of recent 
temporal changes, there are some very interesting 
points to note. The Great Lakes is an ecosystem 
directly contaminated by multiple point sources, and 
was not considered in depth in this chapter, but has 
been studied intensively and shows a shift in Hg 
concentrations in fish and fish-eating birds in the 
early 1990s, particularly in the lower 2 lakes (Erie 
and Ontario). This shift was attributed largely to the 
invasion of zebra mussels and subsequent shifts in 
food webs. However, shifts in Hg concentrations were 
also seen at the same time in fish from Great Slave 
Lake and Quebec, in herring gulls off the coast of 
Newfoundland (attributed to changes in diet due to 
the collapse of the Newfoundland cod fishery) and in 
kittiwakes from the high Arctic. While it is possible 
that other populations experienced similar shifts, 
many time series were started only in the early 1990s 
or were sampled only sporadically during that time, 

FIGURE 11.23  Overall trends (1967–2012) in mercury concentrations in terrestrial mammals, fish, polar bears, 
beluga whales, seals, seabirds, and mussels (as reported by the authors). Note: some populations exhibit changes 
in trends over time; in most cases, these are more recent trends.
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where they may become threatened by Hg toxicity  
or may themselves become a potential hazard to  
food consumers.

11.7.2 Data and Knowledge Gaps

In general, there is a lack of long-term, high-
frequency data that would allow a comprehensive 
view of temporal trends of Hg levels in biota in 
Canada. As well, little information exists on temporal 
trends of Hg in vegetation in Canada. Although strong 
datasets exist for moose and caribou in the western 
Arctic, there is no temporal trend information for 
other terrestrial mammals across the country. This 
is of specific concern for fish-eating mammals such 
as mink and otter that may be at high risk from Hg 
toxicity. Insectivorous birds and mammals are also 
potentially at risk from high Hg concentrations but no 
long-term Hg temporal trend data exist for this group.

Trends in Hg concentrations in freshwater fish are 
well represented across Canada, although the most 
intensively sampled systems are those with known 
Hg-pollution issues or associated with hydroelectric 
power generation. Although there are several long-
term datasets from other lakes and rivers, these 
cannot be considered representative of freshwater 
habitat across Canada. Seabirds are currently being 
monitored in the Arctic, Atlantic, Great Lakes, and 
Pacific (not yet published), but not in the prairie 
region. As well, other fish-eating birds (eagles, osprey, 
and loons) are under-represented across the country.

Marine invertebrates are being monitored in the Gulf 
of St. Lawrence but not in any long-term programs 
in other parts of the country. Lack of monitoring of 
marine fish represents a large data gap in terms 
of temporal trends in Hg. Sea-run char are being 
monitored in several places in the Arctic and Nain, 
Newfoundland and Labrador, but no long-term 
temporal data exist for other marine fish. Marine 
mammals are well represented in the Arctic but not 
from either the Pacific or Atlantic coasts.

Sampling biota for Hg in Canada has often been 
sporadic and opportunistic, largely due to the 
absence of a nation-wide program designating key 

Although it is tempting to attribute changes in Hg 
concentrations in biota to these broad-scale climatic 
factors, a number of populations do not follow these 
patterns. In the Atlantic region, gannets and some 
herring gull colonies experienced no shift in the early 
1990s. In the high Arctic, ringed seals and seabirds 
did not follow the same pattern as landlocked char 
from the area (or each other). Many other abiotic and 
biotic factors may be affecting the Hg concentrations 
in these species.

Availability of Hg to biota may be affected by 
the physical and geographical properties of the 
environment (e.g., forest versus tundra). Atmospheric 
deposition of Hg to a particular area may be 
influenced by the concentration of Hg in the air 
and by changing climatic conditions, including 
temperature, precipitation, winds, and spring thaw. 
Aquatic environments can be affected by water 
chemistry, productivity, and physical properties of the 
water body (e.g., drainage area of a lake). They may 
also be affected by biological factors such as body 
condition and growth rate of individuals, as well as 
changes in trophic structure and invasive species in 
the ecosystem. In some scenarios, combinations of 
these factors result in unique patterns and trends 
of Hg concentrations in biota in that system. In 
these cases, it is critical to evaluate each system 
individually to understand the major drivers of  
Hg concentrations.

Trends of Hg concentrations have generally been 
increasing in some populations and may be cause 
for concern. These populations include seabirds from 
Prince Leopold and Coats Island, burbot from Fort 
Good Hope, and burbot and lake trout from Great 
Slave Lake. Other populations that have previously 
shown decreasing, or generally stable, trends in Hg 
concentrations have exhibited an increasing trend in 
recent years. These populations include Porcupine 
caribou, lake trout from 2 lakes in Yukon, sea-run 
char from Cambridge Bay and Nain, possibly beluga 
from Hudson Bay and the western Arctic, ringed seals 
from Arviat, numerous populations from the Great 
Lakes region, mussels from the Gulf of St. Lawrence, 
and some herring gull colonies from the Atlantic. 
Continuing to monitor these populations is crucial  
to determine whether Hg is approaching a point  
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or become a potential hazard to food consumers. Key 
species chosen for long-term monitoring should have 
the following criteria: (1) be resident across Canada, 
(2) accumulate measurable concentrations of Hg, (3) 
be easily sampled, and (4) have a reasonably stable or 
small home range.

Bearing these considerations in mind, terrestrial 
and aquatic species recommended for long-term Hg 
monitoring in Canada include the following:

• Caribou – an important food source for 
northerners, easily sampled when researchers 
work with hunters. Recommend continuing 
monitoring program under NCP (Yukon and 
Nunavut) and expanding this program to include 
caribou from Northwest Territories and provinces.

• Mink – at particular risk from Hg and easily 
sampled when researchers work with trappers. 
Recommend developing national program to 
collect carcasses from local trappers.

• Little brown bat – could be at risk; important to 
address Hg concentrations in this insectivore 
group. Recommend developing national program 
for blood sampling, possibly building on existing 
mist-netting programs set up for bird-banding.

• Common loon – a piscivorous bird with high  
site fidelity and at particular risk from Hg. 
Recommend developing national program for  
egg and blood collections.

• Seabirds – current indicators of long-term trends 
of Hg in aquatic food webs in the Great Lakes 
and in the Atlantic, Pacific, and Arctic Oceans. 
Recommend continuing existing programs in 
each of these 4 areas and expand to include 
comparable aquatic species in the prairie region.

• Walleye, northern pike, lake trout, Arctic char – 
important commercial, sport, and subsistence 
fish at the top of the aquatic food web, already 
integrated into many monitoring programs. 
Recommend continuing existing long-term 
monitoring programs with current species and 
standardizing collection, analysis, and reporting 
protocols among national, territorial, and  
provincial programs.

biota for long-term monitoring. While some areas 
(e.g., the Great Lakes region) have been intensively 
studied, others have been either largely ignored or 
sampled sporadically. These sporadic and short-
term datasets make it challenging to reliably discern 
temporal trends of Hg in biota. One program that 
has undertaking long-term monitoring is the NCP, 
which began contaminant sampling in the early 
1990s and has more recently designated core wildlife 
populations to be sampled annually. While the NCP is 
limited to the geographical area north of 60°N latitude 
in Canada, it has resulted in some of the strongest 
temporal trend datasets in the country. There are 
no similar comprehensive programs south of 60°N, 
which has resulted in many data and knowledge 
gaps, especially for long-term trends.

Methods of data collection, analysis, and reporting 
affect the interpretation and comparability of results. 
Comparing results and developing time trends from 
reliable annual long-term datasets for similar species 
is complicated by differences in sampling techniques, 
sampling season, reporting methods, and the 
inclusion or exclusion of covariables when analyzing 
the data. Rigét et al. (2011) recognized these issues 
when describing Hg temporal trends across the 
circumpolar Arctic as part of an Arctic Monitoring 
and Assessment Programme exercise. In an attempt 
to analyze the data in a consistent and comparable 
manner, they conducted a meta-analysis of datasets, 
adjusting preliminary data and including covariables 
in a consistent manner. Although this type of analysis 
has been conducted, to some extent for fish across 
Canada (Depew et al., 2013), it would be beneficial to 
explore the data in more depth and conduct the same 
exercise with data from other biota in Canada.

11.7.3 Recommendations for Future 
Monitoring and Research

Monitoring programs must always balance the desire 
for knowledge against the financial cost of obtaining 
the information. In recognition of this balance, it 
is essential to designate key species and areas to 
monitor over the long term in order to adequately 
monitor Hg concentrations in wildlife. This strategy 
will allow for a clearer understanding of the Hg levels 
in biota should they become threatened by Hg toxicity 
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in these monitoring programs. A strong, coordinated, 
national leadership that engages multilevel partners 
from all aspects of wildlife management, research, 
and use will be the key to the success of this 
initiative.
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low compared with those reported for larger, more 
piscivorous species (Baril et al., 1990; Frank et al., 
1975; Morrissey et al., 2005; Rimmer et al., 2005). 
However, the mean concentration (~1 μg g-1 wet 
weight) of Hg in the blood of rusty blackbirds breeding 
in the Acadian forest ecozone (i.e., the Maritime 
provinces of Nova Scotia and New Brunswick plus 
the New England states of Maine, New Hampshire, 
and Vermont) was 3 to 7 times higher than elsewhere 
in North America (Edmonds et al., 2010), which is 
consistent with similar geographical trends for high Hg 
exposure in common loons breeding in the Canadian 
Maritime provinces (see Section 12.3.3 and Chapter 
10). Additional research is needed to investigate 
the possible effects (reproductive and otherwise) of 
such relatively high Hg exposures in non-piscivorous 
species that may also be relatively sensitive to the 
embryotoxic effects of MeHg (Heinz et al., 2009).

In this chapter, we briefly review the toxic effects of 
dietary exposure of wild fish, mammals, and birds 
to MeHg, and compare reported Hg concentrations 
in tissues of various species of fish and wildlife in 
Canada with suggested toxicity thresholds for these 
taxa. We also present the major findings of a Clean 
Air Regulatory Agenda (CARA) research project that 
examined the major environmental and biological 
correlates of Hg in breeding common loons and their 
prey from 4 different study locations across Canada 
and assessed the possible toxicological importance of 
the observed Hg concentrations.

12.2 TOXICOLOGY OF 
METHYLMERCURY IN FISH, 
BIRDS, AND MAMMALS
Although other tissues can be affected, it is generally 
agreed that the main target of overt and subclinical 
MeHg toxicity in individuals is the central and 
peripheral nervous system. This is true for adult, 
juvenile, and developing (embryonic) animals; 
however, the embryo is generally considered to be 
the most vulnerable life stage. In addition, subtle 
endocrine and neurobehavioural impairments in 
breeding adults precede overt neurotoxicity, potentially 
resulting in altered mating (or spawning), nesting, 

12.1 INTRODUCTION
The most important chemical form of mercury (Hg) 
from an environmental toxicology perspective is 
methylmercury (MeHg). Synthesized from divalent 
mercury (Hg2+), mainly by microbes such as sulphate- 
and iron-reducing bacteria, MeHg is biomagnified 
through food chains, efficiently absorbed from the 
vertebrate diet (at almost 100%), distributed into 
many organs of the body including the brain, and 
highly toxic. Research conducted over approximately 
the past 50 years has revealed much about the 
metabolism, food chain transfer, and toxicity of MeHg 
in fish and wildlife (as reviewed by Shore et al., 2011; 
Wiener et al., 2003; Scheuhammer et al., 2007, 
and others). More recently, increasingly subtle but 
important biological effects have been documented 
including behavioural, neurochemical, hormonal, and 
reproductive changes in predatory fish and wildlife 
exposed to environmentally relevant levels of MeHg 
(Sandheinrich and Wiener, 2011; Scheuhammer et 
al., 2012a; Crump and Trudeau, 2009). Potential 
population-level impacts are being assessed for some 
species, such as the common loon (Burgess and 
Meyer, 2008; Evers et al., 2008).

Because of the biomagnification of MeHg, top 
predatory animals, particularly those associated with 
aquatic food chains, are at greatest risk of increased 
dietary exposure to MeHg and adverse Hg-related 
health effects. In Canada, species at greatest risk 
include large predatory fish, such as northern pike, 
lake trout, and walleye; mammalian predators such 
as polar bears, seals, toothed whales, otter, and mink; 
and piscivorous birds, such as loons, bald eagles, 
osprey, and various predatory seabirds. Conversely, 
Hg accumulation in lower trophic level animals (e.g., 
herbivores) and terrestrial predators (e.g., wolves, 
foxes, and terrestrial raptors) is typically below those 
required to cause toxic effects. Although some forest 
passerine species (Jackson et al. 2011; Brasso and 
Cristol 2008; Cristol et al. 2008) and little brown bats 
(Nam et al., 2012) were exposed to elevated dietary 
MeHg at sites near a Hg-contaminated waterway 
in the United States, similar exposure has not been 
observed (nor explicitly studied) in Canada. Mercury 
levels in tissue reported for Canadian passerines, such 
as starlings, robins, Bicknell’s thrush, red-winged 
blackbirds, and American dippers, are generally very 
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12.3 TOXICOLOGICAL 
ASSESSMENT FOR SELECTED 
FISH, MAMMAL, AND BIRD 
SPECIES IN CANADA

12.3.1 Fish

Large, high trophic level predatory fish generally  
contain the highest Hg concentrations. For example, a 
survey of Hg (primarily MeHg) in freshwater fish from 
across northeastern North America reported that mean 
Hg concentrations in fillets of standard-length fish 
from 13 species ranged from a low of 0.19 μg g-1 wet 
weight in a low trophic level species (white sucker) to 
a high of 0.98 μg g-1 wet weight in muskellunge, an 
apex predator (Kamman et al., 2005). Similar trends 
of increasing Hg concentrations in fish at increasing 
trophic positions have also been identified and dis-
cussed specifically for Canadian waters (see Chapter 
13). Thus, for the current toxicological assessment, 
we focused on Hg concentrations in predatory species 
at high trophic levels that are widely distributed and 
relatively common in Canadian lakes and for which 
large datasets on the concentrations of Hg in tissue 
exist (i.e., lake trout, northern pike, and walleye).

Depew et al. (2012) reviewed controlled laboratory 
studies of dietary MeHg exposures in fish, categorized 
adverse effects observed in fish based on their 
ecological relevance, and derived dietary toxicity 
thresholds following the approach of Beckvar et al. 
(2005). Diets containing concentrations of MeHg 
exceeding 2 μg g-1 wet weight were required 
to induce significant mortality in fish (although 
experimental durations may not have been sufficiently 
long to adequately test this in all studies (Depew 
et al., 2012)). Similarly, adverse effects on growth 
or weight gain were not observed until dietary 
concentrations exceeded 2.5 μg g-1 wet weight in 
studies in which these end points were assessed. In 
contrast, impairment of reproductive end points (i.e., 
spawning behaviour and success, gonadal atrophy, 
and reductions in sex steroid concentrations) were 
observed at much lower dietary exposures, between 
0.1 and 0.5 μg g-1 wet weight (Depew et al., 2012).

or parental care (e.g., Crump and Trudeau, 2009; 
Evers et al., 2008; Heath and Frederick, 2005). As a 
result, reproductive impairment from MeHg exposure 
occurs at dietary Hg concentrations that are several 
times lower than required to produce overt MeHg 
intoxication in adults (Sandheinrich and Wiener, 2011; 
Scheuhammer et al., 2012; Shore et al., 2011).

Overt MeHg intoxication in individual animals is 
typically accompanied by structural degeneration 
of the occipital cortex and the cerebellum of the 
brain, as well as degeneration of spinal cord and 
peripheral nerve fibres, leading to ataxia (lack of 
coordination and loss of balance), weakness, tremors 
or convulsions, sensory impairment, and ultimately 
death (Heinz, 1996; Wiener et al., 2003). Although 
reports of overt MeHg poisoning in fish, wild birds, 
and mammals in Canada and elsewhere were more 
common in the past due to Hg contamination of the 
environment by a number of industrial processes 
such as the use of Hg in chlor-alkali production, gold 
mining, pulp and paper manufacturing, and antifungal 
seed dressings used in agriculture (Rattner et al., 
2011), such poisonings are now rare. Currently, fish 
and wildlife are exposed much less often to MeHg 
under acute high dietary exposure scenarios but are 
instead chronically exposed to lower levels of dietary 
MeHg. Nevertheless, tissue Hg concentrations in 
several fish and wildlife species in some environments 
continue to be within an order of magnitude of levels 
associated with overt toxicity (USEPA, 1997; Basu 
et al., 2007a) and may be sufficiently high to cause 
reproductive impairment, behavioural abnormalities, 
or other more subtle biological effects. Of particular 
concern are environments having significant legacy 
Hg contamination from local point-source emissions 
(e.g., old Hg mines, gold mines, smelters, and 
defunct chlor-alkali plants), as well as so-called Hg-
sensitive aquatic systems in which biogeochemical 
parameters facilitate the methylation of Hg2+ mostly 
from atmospheric deposition, leading to relatively high 
dietary MeHg exposure in higher trophic level biota. 
Hydrologic and chemical conditions characteristic 
of Hg-sensitive environments include low alkalinity, 
low pH waters and aquatic systems with extensive 
wetlands that undergo periodic flooding (Wiener et 
al., 2003). For a detailed examination of temporal Hg 
trends in various fish and wildlife, see Chapter 11.



673

Canadian Mercury Science Assessment – Chapter 12

FIGURE 12.1  Mean concentrations of mercury in muscle of selected freshwater fish species from various locations 
(lakes or reservoirs, excluding the Great Lakes) in Canada, grouped by province or territory in a roughly west-to-
east configuration: (top panel) lake trout; (middle panel) northern pike; and (bottom panel) walleye. The data used 
are for sexually mature fish (> 35 cm), for lakes where n ≥ 5 individuals. The shaded area represents the range of 
estimated lowest observed adverse effect levels for fish toxicity as suggested by Sandheinrich and Wiener (2011). 
Green bars indicate contaminated lakes (lakes categorized as likely receiving some level of mercury pollution from 
nearby sources); and red bars indicate reservoirs. Data are from multiple databases used by Depew et al. (2012; see 
Chapter 13). YT=Yukon, AB=Alberta, NWT=Northwest Territories, SK=Saskatchewan, MB=Manitoba, ON=Ontario, 
QC=Quebec.
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Mean Hg concentrations in adult large predatory 
freshwater fish in Canada exceeded the threshold 
range for negative health effects in a substantial 
number of lakes (Figure 12.1). However, the number 
of lakes and reservoirs in western Canada for which 
mean Hg concentrations in fish met or exceeded 
the threshold range for negative health effects was 
relatively low compared with the number in Ontario 
and Quebec. For example, lake trout in 13% of the 
lakes west of Ontario met or exceeded the threshold 
range, whereas the threshold range was exceeded in 
32% of lakes in Ontario and 67% in Quebec. Similarly, 
Sandheinrich et al. (2011) concluded that mean 
Hg concentrations were within or greater than the 
threshold range for negative health effects for walleye 
and northern pike in about 57% and 49% of Ontario’s 
lakes and impoundments, respectively. In addition to 
lake trout, pike, and walleye, the putative LOAEL range 
was met or exceeded in some other fish species, 
such as smallmouth bass, in some Ontario locations 
(Sandheinrich et al., 2011). A similar assessment 
of Hg in fish for the Canadian Arctic (Scheuhammer 
et al., 2012b) concluded that Hg concentrations in 
northern Canadian freshwater fish species seldom 
entered or exceeded the toxic threshold range. 
However, average total mercury (THg) concentrations 
in landlocked char from Amituk Lake on Cornwallis 
Island and lake trout from Cli Lake in the Northwest 
Territories (also depicted as the highest mean value 
for lake trout in the Northwest Territories in Figure 
12.1 (top panel)) clearly exceeded the suggested 
LOAEL range. For a more detailed, spatial risk 
assessment of Hg in fish in Canada, see Chapter 13.

12.3.2 Mammals

Mink and otter, widely distributed across Canada 
(except the High Arctic), are predatory mammalian 
wildlife species associated with freshwater aquatic 
environments. Relatively extensive datasets on Hg 
exposure in these species have been assembled. 
Figure 12.2 shows mean Hg concentrations in livers of 
these 2 species from various locations across Canada, 
showing the approximate threshold level for overt 
MeHg intoxication and death, as well as an estimated 
range for more subtle neurochemical changes that 
may precede overt neurotoxicity. Available evidence 

Unfortunately, field studies of adverse MeHg 
effects in fish generally lack information on MeHg 
concentrations in the diets of the fish being studied. 
However, adverse effects have been observed in wild 
fish that, based on measured Hg concentrations in 
either skeletal muscle or in whole fish, are generally 
consistent with proposed toxicity thresholds for fish 
derived from laboratory studies (Depew et al., 2012). 
According to a recent critical review, a range of 
about 0.5–1.0 μg g-1 wet weight Hg in axial muscle 
may be considered a general threshold range for 
significant health effects in fish including damage 
to cells and tissues and reproductive dysfunction 
(Sandheinrich and Wiener, 2011). Similarly, Dillon 
et al. (2010) presented a dose-response model that 
predicted measurable, albeit low, injury levels in fish 
at whole body concentrations of 0.1–0.2 μg g-1 wet 
weight, which is roughly comparable to a lowest 
observed adverse effect level (LOAEL) of about 0.5 
μg g-1 wet weight Hg in axial muscle (Sandheinrich et 
al., 2012). Figure 12.1 shows current (within the last 
12 years) mean concentrations of Hg in muscle for 3 
high trophic position predatory fish species (sexually 
mature lake trout, northern pike, and walleye) from 
various locations (lakes and reservoirs) across 
Canada, plotted with an estimated fish LOAEL range 
of 0.5–1.0 μg g-1 wet weight. Some of the highest 
average Hg concentrations observed were in walleye 
and pike from reservoirs in northern Quebec (in part 
because several of the Quebec impoundments were 
created recently while impoundments in western 
Canada are older). Occasionally, relatively higher Hg 
concentrations in fish were associated with lakes 
classed as contaminated (receiving contaminant 
inputs from local point sources). For example, lake 
trout from Pinchi Lake in central British Columbia 
had higher Hg concentrations than trout from other 
lakes in British Columbia in general (Figure 12.1 (top 
panel)) and in lakes close to Pinchi Lake in particular, 
probably due, in large part, to Hg contamination 
from an old Hg mine located on the shore of the 
lake (Weech et al., 2004). The highest average Hg 
concentrations were found in pike and walleye (~2.4 
μg g-1 wet weight) from Clay Lake, Ontario, which was 
heavily contaminated with Hg from chlor-alkali plant 
emissions in the 1960s and 1970s. 
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using such a sampling technique. Nevertheless, it is 
unlikely that a significant proportion of Canadian mink 
populations are currently experiencing MeHg exposure 
sufficiently high to be overtly toxic. However, exposure 
may be sufficiently high in some cases to result in 
significant neurochemical changes in the brain such 
as alterations in neuroreceptor densities (Basu et al., 
2008, 2007b). In some locations in eastern Canada 
(Ontario, Quebec, and Nova Scotia), Hg levels tended 
to be higher and within the range for neurochemical 
changes.

indicates that average Hg exposure in otter and 
mink over the most recent few decades has not 
been sufficiently high anywhere in Canada to pose a 
significant risk of overt neurotoxicity and death (Figure 
12.2). However, this conclusion must be made with 
some caution because of the collection technique 
used for individual species (i.e., trapped). Successful 
trapping assumes relatively healthy, ambulatory 
animals, whereas animals that are dead, moribund, 
or suffering the neurological effects of exposure 
to MeHg would probably not be well represented 

FIGURE 12.2  Mean mercury concentrations in livers of river otter (top panel) and mink (bottom panel) from various 
locations across Canada, showing the estimated threshold for clinical methylmercury poisoning and death (line (a); 
Shore et al., 2011) and the estimated range for neurochemical changes (shaded area (b); based on Basu et al., 2007a). 
A factor of 3 (from Klenavic et al., 2008) was used to convert an approximate brain mercury range for neurochemical 
change (5–17 μg g-1 dry weight) into an equivalent liver mercury threshold range estimate (15–51 μg g-1 dry weight)). 
Plotted data are based on Martin et al. (2011), Klenavic et al. (2008), Gamberg et al. (2005), Evans et al. (2000), 
Fortin et al. (2000), Harding et al. (1998), Poole et al. (1998), and Kucera (1983). YT=Yukon, BC=British Columbia, 
NWT=Northwest Territories, MB=Manitoba, ON=Ontario, QC=Quebec, NS=Nova Scotia.
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Scheuhammer et al. (2000). Mean concentrations of 
Hg in the eggs of common loons appear to be higher 
than in the eggs of several other large piscivorous 
species (osprey, bald eagle, and great blue heron; 
Figure 12.3 (top panel)). This may, in part, result from 
the practice of mainly sampling loon eggs that failed 
to hatch. Mercury data for loon eggs are thus not 
based on a random sample of eggs laid but only on 
eggs from abandoned nests or other eggs that did not 
hatch. Currently, average concentrations of Hg in loon 
eggs collected in the Canadian Maritime provinces 
are well within the threshold range for reproductive 
impairment. This finding corroborates research 
documenting high Hg exposure and poor productivity 
in loons breeding in some locations in Atlantic Canada 
(Burgess and Meyer 2008; Burgess and Hobson 2006; 
Burgess et al., 2005).

A similar assessment of Canadian Arctic seabird 
species recently concluded that mean Hg in eggs 
of ivory gulls from Seymour Island was within the 
threshold range for reproductive impairment and 
that mean Hg in eggs of black guillemots from St. 
Helena Island closely approached this threshold range 
(Scheuhammer et al., 2012b).

Concentrations of Hg in eggs of most aquatic bird 
species in Canada tend to be considerably lower than 
in the highest trophic level species such as loons and 
bald eagles. For example, Hg concentrations in herring 
gull eggs from various locations around the Great 
Lakes currently range from approximately 0.06 μg 
g-1 to 0.25 μg g-1 wet weight (Weseloh et al., 2011). 
These concentrations are lower than the estimated 
threshold range for reproductive impairment. Mercury 
in red-necked grebe eggs from lakes in central British 
Columbia was also toxicologically low even from Hg-
contaminated Pinchi Lake (mean egg-Hg ~0.25 μg g-1 
wet weight at Pinchi Lake and lower at other nearby 
lakes) (Weech et al., 2006).

Assessing the risk of reproductive toxicity in common 
loons based on Hg concentrations in the liver rather 
than in eggs reveals that adult loons found dead or 
otherwise collected (shot) for various research projects 
in Canada between 1990 and 2000 frequently had 
mean levels of Hg in the liver within or surpassing the 
proposed threshold range for reproductive impairment, 

A recent assessment of Canadian Arctic marine 
mammals concluded that Hg exposure in certain 
species, particularly harbour seals from western 
Hudson Bay, was sufficiently high to suspect possible 
adverse health effects and recommended additional 
research be carried out (Scheuhammer et al., 2012b). 
Concentrations of MeHg in cerebella of polar bears 
were lower than concentrations observed to be toxic 
in laboratory feeding trials of non-Arctic mammals, 
whereas concentrations in cerebella of beluga whales 
were sufficiently high to potentially cause significant 
neurochemical changes but probably not high enough 
to cause overt MeHg neurotoxicity (Scheuhammer  
et al., 2012b).

12.3.3 Birds

Recently, Shore et al. (2011) updated the earlier 
toxicological assessment of Thompson (1996), 
concluding that Hg concentrations in the range of 
approximately 2–52 μg g-1 wet weight (approximately 
7–180 μg g-1 dry weight) in liver or 0.8–5.1 μg g-1 
wet weight (approximately 3–20 μg g-1 dry weight) 
in the eggs of birds were associated with significant 
reproductive impairment. Injected MeHg may be  
more toxic than maternally deposited MeHg (Heinz  
et al., 2009), which may complicate the interpretation 
of the results from egg injection studies, but fertile 
common loon eggs injected with MeHg demonstrated 
progressively lower hatching success over a range of 
0.5–2.9 μg g-1 wet weight (approximately 2–15 μg g-1 
dry weight; Kenow et al., 2011). Superimposing the 
avian toxic threshold range for Hg in eggs suggested 
by Shore et al. (2011) on Hg concentrations in eggs 
of 4 large avian piscivorous species from various 
locations in Canada over approximately the past 15 
years (Figure 12.3 (top panel)) indicates that, within 
a species, samples from western locations (west of 
Ontario) generally had lower Hg concentrations than 
samples from eastern locations. Similar west-to-
east gradients of increasing Hg exposure have been 
previously reported for common loon eggs (Evers 
et al., 2003; Scheuhammer et al., 2001), adult loon 
livers (Figure 12.3 (bottom panel; Scheuhammer et 
al., 2008), and loon blood (Evers et al., 1998). Current 
(2000–2012) levels of Hg in loon eggs in Canada are 
equal to or higher than 1972–1997 levels reported in 
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resulting Hg2+ associating with Se in a relatively stable 
non-toxic compound is generally considered to be a 
protective mechanism (Ralston et al., 2008; Caurant 
et al., 1996). Nevertheless, frequently elevated liver 
Hg concentrations documented in Canadian loons 
(and also some bald eagles) constitutes a significant 
wildlife health concern (Scheuhammer et al., 2008; 
Weech et al., 2003).

especially in eastern Canadian provinces (Figure 
12.3b). Caution must be exercised, however, when 
using liver THg concentrations to make toxicological 
assessments because in long-lived piscivorous 
species a large proportion of their liver THg is 
frequently stored as inorganic Hg associated with 
selenium (Se) rather than as MeHg (Scheuhammer 
et al., 2008, 1998). Demethylation of MeHg with the 

FIGURE 12.3  (top panel) Mean concentrations of mercury in eggs of 4 piscivorous bird species from across 
Canada, with an estimated threshold range for reproductive impairment (shaded area; Shore et al., 2011). Numbers 
above bars indicate sample sizes. Data are from Champoux et al. (2006b, 2009), Evers et al. (2005), Elliott et al. 
(2000, 1996, 1989), DesGranges et al. (1998), Hughes et al. (1997), and Scheuhammer et al. (unpublished data). 
Loon egg data (Scheuhammer et al., unpublished data) are from 2000–2012 and do not include previously published 
data on mercury in loon eggs in Canada from Scheuhammer et al. (2001). (bottom panel) Mean concentrations 
of total mercury (error bars are standard deviation) in livers of common loons found dead in various locations 
across Canada, showing a general west-to-east trend for increasing mercury exposure, plotted against the avian 
mercury toxicity threshold range (shaded area) suggested by Shore et al. (2011). BC=British Columbia, AB=Alberta, 
SK=Saskatchewan, MB=Manitoba, ON=Ontario, QC=Quebec, NB=New Brunswick, NS=Nova Scotia, PEI=Prince 
Edward Island, NL=Newfoundland and Labrador.
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12.4 CLEAN AIR REGULATORY 
AGENDA WILDLIFE MERCURY 
RESEARCH (2008–2012)
The main objectives of the CARA wildlife Hg research 
project were (1) to determine the environmental 
and biological factors that best explain variability in 
Hg concentrations in small fish and common loons 
across 4 widely separated Canadian study sites and 
(2) to assess Hg concentrations in fish muscle and 
loon blood samples from a toxicological perspective. 
Four general study sites (Figure 12.4) were selected, 
based on known or suspected elevated atmospheric 
inputs of Hg or elevated Hg concentrations previously 
observed in fish and/or loons.

Site 1 was located in central Alberta, where 
atmospheric emissions of Hg from coal-burning power 
plants are known to be especially high (Morrison, 
2011). Site 2 was located in Manitoba/Saskatchewan 
in the vicinity of the base metal smelter at Flin 
Flon, also known to be a major source of Canadian 
atmospheric Hg emissions (Morrison, 2011). Site 3 
was located in southwestern Quebec, an area that 
receives elevated atmospheric acid deposition and 
where breeding loons on some lakes are known to 
have relatively elevated exposure to Hg (Champoux et 
al., 2006a). Site 4 was Kejimkujik National Park, Nova 
Scotia, where the concentration of Hg in the blood of 
breeding common loons is among the highest in North 
America. The loons at this location also demonstrate 
lower-than-average productivity (Burgess and Meyer, 
2008). At each site, 20–30 lakes with breeding 
common loons were identified for sampling. At Sites 
1 and 2, an approximately equal number of reference 
lakes (lakes removed and upwind of the Hg emission 
sources) and affected lakes (close to and generally 
downwind of the emission sources) were chosen. 
There were no local point sources of Hg emissions at 
Sites 3 and 4; thus, no specific reference lakes were 
identified for these sites.

For each lake, surface sediments were sampled, 
freeze-dried, and analyzed for THg (to estimate the 
relative degree of Hg loading to the lake) and Se 
concentrations. Water was sampled and an analysis 
of major water chemistry variables (alkalinity, pH, total 

Since MeHg is primarily a neurotoxicant, knowledge of 
Hg concentrations in brain tissue would be extremely 
useful for making toxicological assessments. 
Unfortunately, few field studies have measured Hg 
concentrations in the brains of piscivorous birds. 
Studies that have reported Hg concentrations in brain 
tissue together with neurochemical variables have 
found that Hg concentrations in brain tissue less than 
about 3–5 μg g-1 dry weight are generally too low 
to be reliably associated with detectable changes 
in neuroreceptor densities or brain enzyme activity 
in herring gulls from the Great Lakes (Rutkiewicz et 
al., 2010) or migrating common loons found dead of 
botulism on the north shore of Lake Erie (Hamilton et 
al., 2011). However, some loons from other Canadian 
locations (Scheuhammer et al., 2008), as well as bald 
eagles from the Great Lakes basin (Rutkiewicz et al., 
2011) and elsewhere in Canada (Scheuhammer et 
al., 2008), can have Hg concentrations in the brain 
sufficiently high (5–34 μg g-1 dry weight) to disrupt 
normal neurochemistry, which may in turn adversely 
affect foraging, mating, nesting, or other essential 
behaviours.
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(Ethier et al., 2008; Power et al., 2002; Weech et al., 
2003, 2004). Common loon chicks and adults were 
captured using the night-lighting technique of Evers 
(1992), and heparinized blood samples were taken to 
analyze THg, and δ15N and d13C. Baseline (primary 
consumer) δ15N was also determined for each lake, 
most commonly small aquatic snails or small clams 
were used for this purpose. However, if these taxa 
were not present, other organisms (caddisflies or bulk 
zooplankton) were used. All raw δ15N  values for fish 
and loons were corrected by subtracting the mean 
baseline δ15N value for the appropriate lake.

Based on Hg concentrations in surface sediments, 
lakes near the Flin Flon smelter (Site 2) clearly had the 
greatest loadings of Hg, some exceeding reference 
lake sediments by more than an order of magnitude 
(Figure 12.5). Surprisingly, Hg concentrations in 
surface sediments from lakes near the large coal-
burning power plants in central Alberta were not 
elevated compared with corresponding reference 
lakes (Site 1). Surface sediments from reference 
lakes in Site 2 and all lakes in Site 1 had relatively 
low concentrations of Hg (generally ≤ 0.1 μg g-1 dry 
weight), whereas lakes in the eastern sites (Site 3 
and 4) often had higher sediment Hg levels (> 0.1 μg 
g-1 dry weight). Several lakes in Site 2 close to the 

phosphorus, sulphate (SO4), and total organic carbon 
(TOC)) was performed. Using a variety of techniques 
(gill nets, minnow traps, and angling), at least 5 
individual small (6–18 cm) yellow perch from each 
lake were sampled. If perch were not present, small 
individuals of the most abundant pelagic fish species 
were substituted. Perch were present in 54 lakes and 
were the most commonly collected species from all 
4 study areas. Other species sampled included brook 
trout (24 lakes), fallfish (10 lakes, only in Quebec), 
northern redbelly dace (9 lakes), spottail shiner 
(7 lakes), and creek chub (7 lakes). The length, weight, 
and age of the fish were determined (for perch only, 
age was determined by counting annuli of cleaned 
scales under magnification). Total Hg concentrations, 
as well as the stable nitrogen (N) isotope (δ15N) and 
stable carbon (C) isotope (δ13C), were measured 
in freeze-dried axial muscle samples from each 
fish, as described in Weech et al. (2004). Important 
information on the trophic level at which fish and 
other organisms feed (Vander Zanden et al., 1997) can 
be provided by δ15N. Information on dietary carbon 
sources (e.g., to differentiate between more littoral 
and more pelagic feeding strategies in freshwater 
fish; France 1995) can be provided by δ13C. Both 
of these parameters can significantly influence 
relative dietary MeHg exposure in free-living animals 

FIGURE 12.4  Locations of Clean Air Regulatory Agenda fish and wildlife mercury study sites. YK=Yukon, 
NT=Northwest Territories, BC=British Columbia, AB=Alberta, SK=Saskatchewan, MB=Manitoba, ON=Ontario, 
QC=Quebec, NB=New Brunswick, NS=Nova Scotia, PEI=Prince Edward Island, NF=Newfoundland and Labrador.
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for the same lakes. Mercury concentrations in perch 
and other small forage fish from the western study 
sites (Sites 1 and 2) were relatively low compared 
with the same fish from eastern sites (Sites 3 and 4). 
The highest Hg levels were observed in fish from lakes 
in Kejimkujik, and mean Hg concentrations in perch 

Flin Flon smelter had sediment Hg concentrations 
that were more than an order of magnitude higher 
(> 2 μg g-1 dry weight) than most of the lakes in all 
sites. Highly elevated Hg concentrations in surface 
sediments of several lakes near Flin Flon did not result 
in correspondingly elevated Hg concentrations in fish 

FIGURE 12.5  Mean surface sediment mercury concentrations for individual lakes from 4 study sites. For Sites 
1 and 2, red circles represent lakes in relatively close proximity to large point sources of industrial atmospheric 
mercury emissions, and black circles represent corresponding reference lakes. There were no local point sources 
of industrial mercury emissions for Sites 3 and 4. All lakes sampled are represented by black circles. AB=Alberta, 
SK=Saskatchewan, MB=Manitoba, QC=Quebec, NS=Nova Scotia. 

FIGURE 12.6  Box plots of mercury concentrations in small fish (mainly yellow perch) from 4 study sites. Red boxes 
indicate lakes in proximity to specific major point sources of atmospheric mercury emissions, as described in 
Section 12.4. The shaded area indicates an estimated threshold range for the occurrence of significant toxic effects 
of mercury in fish based on Sandheinrich and Wiener (2011). This is converted to dry weight concentrations based 
on a conversion factor of 4 (wet weight to dry weight). Abbreviations are the same as in Figure 12.5.
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TABLE 12.1  Results of iterative modelling of mean fish 
mercury versus lake variables

Predictor Variables AICc ∆AICc Weight

pH, alkalinity 5.6 0 0.599

pH 6.1 0.5 0.363

pH, alkalinity, 
sediment Hg

9.2 3.6 0.016

pH, alkalinity, 
sediment Se

9.2 3.6 0.016

AIC = Akaike Information Criterion

Based on the above analysis, a model with 2 predictor 
variables (pH and alkalinity) had a better Akaike 
Information Criterion (AICc; Burnham and Anderson, 
2002) score than any other model and was examined 
further. The analysis was performed for the 45 
lakes for which values for both these variables were 
available. There were highly significant relationships 
(p < 0.01) between fish Hg and both lake pH and lake 
alkalinity.

Given the apparent importance of lake pH as a 
determinant of Hg concentrations in fish, mean Hg 
concentrations in perch, or other species if perch 
were not present, and lake pH were plotted for all 
lakes with pH measurements, including an estimated 

from Kejimkujik were within the threshold toxicity 
range for fish suggested by Sandheinrich and Wiener 
(2011) (Figure 12.6). Cellular changes associated with 
increasing Hg concentrations, including increased 
numbers of macrophage aggregates in liver, have 
been reported in perch from Kejimkujik lakes 
(Batchelar, 2011).

To determine the most important correlates of Hg 
concentrations in fish, Hg concentrations in perch 
were modelled with other measured variables. 
The main objective was to identify the variables 
that best explained the among-lake variability in 
Hg concentrations in fish from all 4 study sites. 
The parameters used to model mean log10 Hg 
concentrations in perch for each lake (using only fish 
6–15 cm in length) were lake pH, lake alkalinity, lake 
SO4, lake TOC, sediment Hg, sediment Se, corrected 
δ15N and fish d13C in fish. The initial set of models 
included all potential parameters and used only 
lakes where all parameters were measured. The total 
weight for each predictor variable was then tabulated 
and variables with the lowest model weight were 
discarded. Eliminating variables with little predictive 
value allowed progressively more lakes to be included 
in the analysis; the analysis was then repeated 
with a progressively larger sample of lakes and a 
progressively smaller list of model variables. Table 
12.1 shows the results of this iterative approach for all 
final models with a weight > 0.01.

FIGURE 12.7  Mean mercury concentrations in lake fish regressed against lake pH for 4 study sites across Canada 
(p < 0.01), including an estimated dietary methylmercury threshold concentration for reproductive impairment in 
common loons (dotted line). Abbreviations are the same as in Figure 12.5.
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For each predictor, the sum of the weight over all 
models is shown in Table 12.3.

TABLE 12.3  Relative importance of modelled variables 
to explain among-lake variability of blood mercury 
concentrations of loon chicks

Predictor Total Weight

pH 1.000

Fish Hg 0.452

d15N 0.031

Sediment Hg 0.027

Alkalinity 0.010

Sediment Se 0.010

Based on results shown in Table 12.3, all variables 
except pH, fish Hg, and loon δ15N were discarded. 
The analysis was rerun for these remaining 3 
variables. The model selection used 64 lakes, and 
results are shown in Table 12.4.

TABLE 12.4  Results of iterative modelling of mean 
loon chick blood mercury versus selected variables 
from Table 12.3 (pH, fish Hg, and fish δ15N)

Predictor Variables AICc ∆AICc Weight

pH, fish Hg 18.2 0 0.904

pH 21.1 2.9 0.050

pH, fish Hg, δ15N 21.2 3.0 0.045

AIC = Akaike Information Criterion

Based on these results, δ15N was discarded; the 
model with 2 parameters (pH and fish Hg) was 
selected as the model that best explained among-
lake variability in loon chick Hg exposure. Given the 
close relationship between fish Hg and lake pH (Figure 
12.7) and knowing that, biologically, loon chicks and 
small yellow perch occupied virtually identical trophic 
positions on lakes where they both occurred (based on 
δ15N measurements; data not shown), it is perhaps 
not surprising that the most important correlates of 
Hg levels in loon chick blood were Hg concentrations 
in fish and lake pH. Toxicologically, only lakes in the 2 
eastern study sites posed a significant health risk for 
common loon chicks (Figure 12.8).

dietary Hg (MeHg) toxicity threshold for common loon 
reproductive impairment (Kenow et al., 2003). This 
analysis indicated that mean Hg concentrations in 
small forage fish in a number of lakes at Quebec and 
Nova Scotia study sites were sufficiently high to have 
adverse effects on breeding loons, whereas none of 
the lakes sampled at the western sites had small fish 
with mean Hg levels exceeding the estimated dietary 
toxicity threshold for loons (Figure 12.7). In almost all 
lakes where Hg concentrations in fish exceeded the 
estimated toxicity threshold, the pH was less than 6.5 
(Figure 12.7).

A similar model-building exercise was performed to 
determine the major correlates of Hg in the blood 
of common loon chicks. Blood Hg level (log10) was 
averaged for all loon chick blood samples within a 
lake and modelled using a variety of lake parameters. 
A set of 9 variables was examined initially: lake pH, 
lake alkalinity, lake SO4, lake TOC, sediment Hg, 
sediment Se, mean fish Hg (log10), corrected loon 
δ15N, and loon δ13C. Only 6–18 cm fish were used 
to determine the Hg concentration, and all averages 
were based on at least 5 individuals per lake. If the 
lake had at least 5 yellow perch then the yellow perch 
average Hg was used; otherwise, the average Hg for 
the most common collected species was used. All 
potential models with 1, 2, or 3 predictor variables 
were examined (129 models). The analysis was based 
on 53 lakes that had all 9 predictor variables. All 
models with weights greater than 0.01 are shown in 
Table 12.2.

TABLE 12.2  Results of iterative modelling of mean 
loon chick blood mercury with selected variables

Predictor Variables AICc ∆AICc Weight

pH 15.8 0 0.506

pH, sediment Hg 16 0.2 0.415

pH, δ15N, fish Hg 19.2 3.4 0.017

pH, sediment Hg 19.3 3.5 0.015

pH, δ15N 19.4 3.6 0.014

pH, fish Hg, sediment 
Hg

19.6 3.8 0.011

AIC = Akaike Information Criterion
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(Kejimkujik) posed a significant risk of reproductive 
impairment to loons, whereas the Hg levels in lakes in 
the 2 western study sites generally did not pose a Hg 
risk to common loons (Figure 12.9).

In addition, Hg concentrations in the blood of adult 
loons and their chicks were highly correlated, and 
the resulting relationship again indicated that several 
lakes in Site 3 (Quebec) and all lakes in Site 4 

FIGURE 12.8  Lake mean mercury concentrations in common loon chick blood regressed against lake mean 
mercury concentrations in axial muscles of small pelagic fish (mostly yellow perch) (p < 0.01). An estimated lowest 
observed adverse effect level (dotted line; based on Kenow et al. (2003), converted to a dry weight concentration) 
for blood mercury in loon chicks is included to indicate lakes where the lowest observed adverse effect level is 
exceeded. Abbreviations are the same as in Figure 12.5.

FIGURE 12.9  Mean blood mercury in breeding adult common loons plotted against that of their chicks on lakes 
from 4 study sites across Canada. Dotted lines are estimated lowest observed adverse effect levels for mercury in 
chick blood (based on Kenow et al., 2003) and in adult loon blood (based on Evers et al., 2008; Scheuhammer et al., 
2007). The shaded area indicates lakes where the lowest observed adverse effect levels are exceeded for both adult 
loons and their chicks. Abbreviations are the same as in Figure 12.5.
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12.5 CONCLUSIONS FROM OTHER 
RECENT WILDLIFE MERCURY 
ASSESSMENTS
A number of assessments completed over the past 
5 years have highlighted the health risks to fish and 
wildlife of exposure to environmentally realistic levels 
of Hg and have presented conclusions that are, on 
the whole, consistent with the findings of the current 
CARA assessment.

12.5.1 The Madison Declaration on 
Mercury Pollution (2007)

The Madison Declaration on Mercury Pollution (2007) 
summarized the scientific and technical conclusions 
of 4 expert panels convened in preparation for the 
Eighth International Conference on Mercury as a 
Global Pollutant, held in Madison, Wisconsin, United 
States, in August 2006. The declaration conveyed the 
panels’ principal findings and their conclusions on key 
policy-relevant questions concerning the following: (1) 
atmospheric sources of Hg; (2) MeHg exposure and 
its effects on humans and wildlife; (3) socioeconomic 
consequences of Hg pollution; and (4) recovery of 
Hg-contaminated fisheries. With respect to the  
effects on fish and wildlife, the expert panel made  
the following conclusions:

The following are the conclusions from the CARA 
wildlife Hg research project:

• Yellow perch (and other species of small pelagic 
fish) from lakes near coal-burning power plants 
in Alberta and near the base metal smelter at 
Flin Flon did not have elevated Hg concentrations 
compared with fish from corresponding reference 
lakes. Mercury concentrations were not sufficiently 
high to affect the health of common loons or other 
piscivorous wildlife.

• Common loon chicks from lakes near coal-burning 
power plants in Alberta and near the base metal 
smelter in Flin Flon did not have Hg exposure (blood 
Hg concentrations) sufficiently high to adversely 
affect their health.

• Total Hg concentrations in surface sediments 
explained very little (< 10%) of the among-lake 
variability in Hg concentrations in fish or loon 
chicks across the 4 study areas. MeHg in sediments 
or in the water column may have been a better 
correlate of Hg in fish and loons, but MeHg was not 
measured in these media, so these variables could 
not be assessed as correlates of Hg in fish or loons.

• Small fish from some lakes in rural southern 
Quebec and in Kejimkujik had Hg concentrations 
sufficiently high to pose a significant health risk to 
common loons (and potentially other piscivorous 
wildlife).

• Lake pH explained most (> 60%) of the among-lake 
variability of Hg concentrations in fish across  
4 study areas.

• Mercury-sensitive lakes (oligotrophic, low alkalinity, 
low pH, with substantial organic carbon content 
from large wetlands) that receive moderate 
atmospheric loadings of Hg may present greater 
Hg toxicity risks to piscivorous wildlife than less 
sensitive lakes (productive, high alkalinity, high pH) 
that receive higher inputs of Hg. The importance 
of lake pH and alkalinity as determinants of Hg 
concentrations in small fish, as well as in common 
loons breeding on such lakes, is corroborated by 
earlier Canadian research (Burgess et al., 2005; 
Burgess and Meyer 2008; Scheuhammer and 
Blancher, 1994) and research from other areas of 
North America (e.g., Greenfield et al., 2001; Wiener 
et al., 2006, 1990).
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been undertaken. Harbour seals from western Hudson 
Bay had highly elevated mean liver Hg concentrations 
along with comparatively high Hg concentrations in 
muscle; thus, studies to investigate possible health 
effects of exposure to MeHg on this subpopulation of 
seals are warranted.

12.5.3 Northern Contaminants Program: 
Canadian Arctic Contaminants Assessment 
Report III

The Canadian Arctic Contaminants Assessment Report 
III (CACAR III) (Northern Contaminants Program, 2012) 
assessed the Canadian data used in the broader 
AMAP Hg assessment in more depth (AMAP, 2012), 
and its conclusions were consistent with those of 
AMAP. With respect to the effects of Hg on Canadian 
Arctic fish and wildlife (Scheuhammer et al., 2012b), 
CACAR III concluded that, although there has been 
relatively little research directed at investigating 
and documenting the biological effects of Hg in 
Arctic biota, there is evidence that Hg exposure is 
sufficient to suspect that some Canadian species have 
experienced adverse effects (in particular, Greenland 
sharks, lake trout, northern pike, and landlocked char 
from a few locations; Arctic terns, black guillemots, 
glaucous gulls, and northern fulmars; and harbour 
seals and polar bears in some locations). The CACAR 
III report also concluded that bioeffects studies should 
be a major focus of future Hg research and monitoring 
efforts in the Canadian Arctic.

12.3.4 Great Lakes Basin Mercury 
Assessment

The assessment of Hg in the Great Lakes basin 
(Evers et al., 2011a), sponsored by the Great Lakes 
Commission and funded by the United States 
Environmental Protection Agency through the Great 
Lakes Air Deposition Program, began in 2008 and 
involved more than 170 scientists and managers 
working to compile and evaluate over 100 000 Hg 
measurements and to include new Hg analyses and 
environmental Hg modelling for the Great Lakes 
basin. The primary results of this initiative have 
been published in a series of more than 30 scientific 

• Both laboratory and field evidence suggest 
that dietary MeHg may be adversely affecting 
reproduction in wild populations of fish in surface 
waters containing food webs with high but 
environmentally realistic concentrations of MeHg.

• Field-based and laboratory studies of piscivorous 
birds have demonstrated significant relationships 
between MeHg exposure and various indicators  
of MeHg toxicity, especially impaired reproduction, 
at environmentally realistic levels of dietary  
MeHg intake.

• Population modelling of common loons indicates 
that reductions in Hg emissions could have 
substantial benefits for some regional common 
loon populations that are currently experiencing 
elevated MeHg exposure (including loon 
populations in Canada’s Kejimkujik National 
Park). Predicted benefits would be achieved 
primarily through improved hatching success 
and development of hatchlings to maturity as Hg 
concentrations in prey fish decline.

12.5.2 Arctic Monitoring and Assessment 
Programme: Mercury in the Arctic 
Assessment Report

The recent Arctic Monitoring and Assessment 
Programme (AMAP) report (AMAP, 2011), written 
by international experts, reviews the state of Hg 
science and monitoring in Arctic regions of the globe. 
A chapter on the bioeffects of Hg in Arctic fish and 
wildlife (Dietz et al., 2011) concluded that a few lakes 
in the Canadian Northwest Territories and Nunavut 
contained fish species with mean Hg concentrations 
that exceeded the threshold for possible toxic 
effects. Arctic marine fish species generally had 
substantially lower Hg concentrations than freshwater 
fish; however, the Greenland shark, a long-lived 
large predatory species, had muscle Hg levels that 
exceeded the LOAEL threshold. Currently observed 
Hg concentrations in eggs of some Canadian Arctic 
seabird species (e.g., Arctic tern and ivory billed gull) 
were sufficiently high to suspect possible reproductive 
impairment resulting from MeHg exposure; however, 
research to test this possibility explicitly has not yet 
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sampling sites had fish with tissue residue values 
of Hg exceeding 0.3 μg g-1 wet weight (whole 
body), levels associated with adverse effects 
on fish reproduction or survival (Sandheinrich 
et al., 2011). For Canadian (Ontario) lakes and 
reservoirs within the basin, the percentages were 
substantially higher (for example, > 30% for 
walleye).

• Breeding male common loons in about 29% of 
the study area and breeding female loons in 
about 12% of the study area had blood Hg levels 
that equalled or exceeded 2 μg ml-1, a value that 
is associated with a 22% decrease or more in 
the number of fledged young produced (Evers et 
al., 2011b, 2011c). Evers et al. (2011b, 2011c) 
reported 7 biological Hg hotspots in the Great 
Lakes basin, including lakes in south-central 
Ontario.

• Injection of MeHg into common loon eggs, 
allowing for possible differences in the toxicity 
of injected versus maternally deposited 
MeHg, revealed that ecologically meaningful 
concentrations (0.5–2.9 μg g-1 wet weight) were 
associated with reduced embryo viability, reduced 
hatching success, and altered hatchling behaviour 
(Kenow et al., 2011).

• Studies of Canadian bald eagles and common 
loons (Scheuhammer et al., 2008) and American 
bald eagles (Rutkiewicz et al., 2011), many 
of which were sampled from the Great Lakes 
basin, revealed significant associations between 
Hg exposure and changes in neurochemical 
biomarkers. However, studies on common 
loons (Hamilton et al., 2011) and herring gulls 
(Rutkiewicz et al., 2010) from the Great Lakes 
basin, which experienced much lower exposures 
to Hg than birds in the aforementioned papers, 
report no significant associations. Together, these 
studies have helped establish a putative threshold 
range for significant Hg-associated neurochemical 
change in the avian brain as approximately 3–5 
μg g-1 dry weight.

papers in Ecotoxicology and Environmental Pollution, 
including key synthesis papers by Evers et al. (2011b) 
and Wiener et al. (2011). There were several major 
conclusions relevant to the health of fish and wildlife 
in Canada:

• Mercury levels in the Great Lakes region 
have largely declined over the last 4 decades, 
concurrent with decreased emissions of Hg to air 
in the region. A study of museum specimens of 
feathers from common terns, great blue herons, 
and herring gulls from Michigan (between 1895 
and 2007) revealed that Hg levels in feathers 
peaked between 1920 and 1949 and that levels 
have decreased since then (Head et al., 2011). 
Currently, mean levels are up to 3 times lower 
than mean peak values for 1920–1949. This 
decrease parallels trends observed on dated 
Great Lakes sediments. In addition, Hg content 
in herring gull eggs sampled between 1974 and 
2009 showed declines at 14 of 15 sites (declines 
of 23–86%) (Weseloh et al., 2011). However, in 
recent years indications of increasing Hg levels 
have been found in some fish and birds from 
certain locations in the basin.

• Concentrations of Hg in fish from the Great 
Lakes proper are generally much lower than 
concentrations in similar species from many 
inland lakes and reservoirs within the Great Lakes 
region (Bhavsar et al., 2011; Sanheinrich et al., 
2011; Zananski et al., 2011).

• Areas of elevated Hg in biota (biological hotspots) 
are found throughout the Great Lakes region 
based on the results of studies on common loons 
and yellow perch (Evers et al., 2011a), mink 
(Martin et al., 2011), and herring gulls (Weseloh 
et al., 2011). Such biological hotspots are likely 
related to landscape and lacustrine factors, such 
as pH, alkalinity, and organic content, as well as 
proximity to legacy and/or contemporary point-
source Hg-emitting industries.

• A screening-level risk assessment using 43 000 
measurements of Hg in 4 species of predatory 
fish in the Great Lakes (walleye, northern pike, 
smallmouth bass, and largemouth bass) from 
over 2 000 locations revealed that 3–18% of the 
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12.6 SUMMARY AND 
CONCLUSIONS
Research has identified a substantial number of 
aquatic environments in Canada where mean tissue 
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ecological risk assessment (SLERA) of Hg risks to 
selected piscivorous fish and wildlife species. This 
chapter follows the general guidelines for ecological 
risk assessment developed by the USEPA (USEPA, 
1998) and the Canadian Council of Ministers of the 
Environment (CCME, 1996). A general overview of this 
process is outlined in Figure 13.1 with emphasis on 
the stages covered in this chapter.

Using the ecological risk assessment process, in this 
chapter we seek to answer the following questions 
with respect to environmental Hg risks in Canada:

(1) To what degree are piscivorous fish and wildlife in 
Canada at risk of harmful effects due to exposure 
to environmental Hg?

(2) Which broad geographical regions of Canada have 
sufficiently high levels of environmental Hg to pose 
a potential risk to piscivorous fish and wildlife?

13.1 INTRODUCTION
The ecological impact of the atmospheric deposition 
of mercury (Hg) has become a major global 
environmental issue over the past several decades 
(Mason et al., 2005) because of the ability of 
atmospheric Hg to travel long distances and, until 
recently, a general lack of regulatory control on Hg use 
and emissions (UNEP, 2013). In the mid-1990s, the US 
Environmental Protection Agency (USEPA) investigated 
the ecological effects of Hg using key wildlife species 
as a basis for potential regulatory activity (USEPA, 
1997). Since then, the quantity and quality of scientific 
information related to the ecological effects of Hg in 
the environment have vastly improved, providing an 
opportunity to refine our understanding of biota that 
may be at risk of exposure to environmental Hg.

The main objective of this chapter is to present 
the results of a national-scale, screening-level 

FIGURE 13.1.  Overview of the Ecological Risk Assessment Framework described in Canadian Council of Ministers 
of the Environment (1996) and US Environmental Protection Agency (1998). Note that this chapter describes the 
steps contained within the thick dashed line.
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environmental Hg exposure (Section 13.2.4); and 
development of the assessment end points selected 
for protection in this risk assessment (Section 
13.2.5). Section 13.3 develops the exposure and 
effects assessment by summarizing the selection of 
screening benchmarks and justification for their use 
in this assessment (Section 13.3.1). The exposure 
portion of this section outlines the approach taken 
to develop a standardized methylmercury (MeHg) 
exposure estimate for selected receptor species. 
This includes the rationale for selecting the chosen 
exposure indicator (Section 13.3.2) and the numerical 
modelling approach used to estimate environmental 
MeHg exposure (Section 13.3.3). The approach 
used to characterize risk to selected receptors in 
order to answer questions (1) and (2) is outlined in 
Section 13.4. The major sources of uncertainty in 
the assumptions and approaches used in the risk 
assessment are discussed in Section 13.5, and the 
main conclusions are summarized in Section 13.6.

Although the general guidance documents cited  
above are used, this chapter differs in some respects 
from other SLERAs. These differences are noted in 
their respective sections and discussed in more  
detail. Additional general differences will be covered  
in Section 13.5, which summarizes and discusses 
major sources of uncertainty throughout this  
risk assessment.

The first question is assessed by developing a 
comprehensive and scientifically valid estimate of 
environmental Hg exposure for the selected ecological 
receptors and comparing it with levels of Hg exposure 
known to elicit adverse effects. The second question 
is then addressed by placing the results from the first 
question into a spatial framework.

The scope of this chapter is limited to Hg that is 
deposited into ecosystems from the atmosphere. The 
origins, magnitude, and extent of these Hg sources are 
discussed in detail in Chapters 2 and 3. This chapter 
does not address Hg or Hg-associated risks from 
emissions from mine tailings or from organic matter 
during the flooding of reservoirs. Also excluded are 
direct effluent discharges to water from chlor-alkali 
and pulp and paper plants. There are a number of 
well-documented case studies from affected systems 
across Canada (e.g., English-Wabigoon River in 
northwestern Ontario, Pinchi Lake in British Columbia, 
and reservoir development for hydroelectric power 
plants in northern Quebec and Manitoba) that found 
extreme levels of Hg contamination in fish and other 
aquatic organisms; these are discussed in Chapter 
8. Lastly, this chapter does not address Hg or Hg-
associated risks in marine ecosystems (e.g., estuaries, 
ocean margins, and coastal areas), although the 
potential for ecological impacts on marine systems 
cannot be dismissed. A more in-depth discussion of 
marine processes and potential effects of Hg can be 
found in Chapter 7.

In order to provide appropriate context for the reader 
and to justify the steps and approaches taken in 
the risk assessment, this chapter draws on and 
summarizes information covered in greater detail in 
other chapters of this science assessment. Section 
13.2 describes steps in the problem formulation 
phase and conceptual model development by 
briefly reviewing the topic of Hg in the environment. 
This includes the physical and chemical forms, 
transformations, and movements between different 
environmental compartments (Section 13.2.1); 
identification of the main pathways by which plants 
and animals are exposed to Hg in the environment 
(Section 13.2.2); an overview of the toxic effects 
of environmental Hg (Section 13.2.3); identification 
of the ecosystems and biota likely to be at risk of  P
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persistent in tissues, leading to biomagnification in 
food webs. Therefore, the rate or efficiency at which 
inorganic Hg is transformed to MeHg is a key control 
of Hg accumulation in biota and, subsequently, any 
ecological impacts.

13.2.2 Exposure Pathways

There are 4 general pathways through which 
plants and animals may be exposed to Hg in the 
environment:

• Direct contact with Hg in soils, sediments, or  
water (i.e., uptake through skin, gills, or roots);

• Ingestion of Hg in soils, sediments, or water  
(i.e., accidental ingestion of soil or ingestion of 
drinking water);

• Inhalation of Hg in the vapour phase into the  
lungs; or

• Consumption of Hg-contaminated prey.

However, not all of these exposure routes are 
of equal importance. They may vary in terms of 
importance depending on the size of the Hg pool, 
the chemical and physical forms available, and the 
receptor in question. In aquatic ecosystems, primary 
producers such as macrophytes, benthic algae, and 
phytoplankton may take up Hg from the water or 
sediments (emergent macrophytes may also take 
up Hg from the atmosphere). Aquatic consumers 
(crustacean zooplankton, invertebrates, and fish) may 
take up Hg through direct contact with water and 
sediments and also through the consumption of plants 
and animals as food. In terrestrial ecosystems, plants 
may acquire Hg from the soil or the atmosphere. 
Terrestrial consumers (herbivores) may take up Hg 
from vegetation that they consume and secondary 
consumers (e.g., carnivores) may be exposed to Hg 
ingested by herbivores.

In aquatic ecosystems, inorganic Hg flushed or 
deposited into lakes can be transformed into MeHg 
by bacteria in the sediments or surrounding wetlands. 
Depending on the physicochemical conditions, 
MeHg generally represents about 1–35% of total 
Hg (THg) dissolved in water (Driscoll et al., 2007). 

13.2 OVERVIEW OF MERCURY 
IN THE ENVIRONMENT AND 
POTENTIAL ECOLOGICAL 
IMPACTS

13.2.1 Mercury Transport and Fate

Mercury in the environment may exist in several 
different physical (gas, liquid, or particulate) and 
chemical (oxidized, reduced, or elemental) forms, 
and the rate and mechanism by which Hg enters 
terrestrial or aquatic ecosystems is governed by 
these characteristics (see Chapter 4). For example, 
elemental Hg (Hg0) vapour has a long residence time 
in the atmosphere and may travel extremely long 
distances. In contrast, divalent Hg (Hg2+) has a far 
greater solubility in water and can be removed from 
the atmosphere relatively quickly through precipitation 
(see Chapter 4).

Mercury undergoes complex biogeochemical cycling 
(which may include re-emission and re-deposition 
elsewhere), and these processes are influenced by 
a number of environmental factors. For example, 
Hg2+ deposited in terrestrial environments can be 
reduced and re-emitted to the atmosphere, or it may 
be temporarily retained in pools of Hg residing in soils 
and/or vegetation before being transported, via runoff 
or subsurface flows, to aquatic environments (see 
Chapter 5). Atmospheric Hg2+ can also be deposited 
directly on the surface waters of lakes and rivers 
where it may remain in the water column, be lost via 
drainage or outflow, revolatilize into the atmosphere, 
settle into the sediments, or be transformed into MeHg 
and taken up by aquatic biota (see Chapter 6).

With respect to this chapter, the transformation of 
inorganic Hg to MeHg is a key step in determining 
the ecological impact of Hg in the environment. This 
transformation is generally mediated by sulphur- 
and iron-reducing bacteria in wetland soils and 
lake sediments and is influenced by environmental 
variables such as pH, temperature, sulphate 
deposition, and the availability of organic carbon 
(see Chapters 5 and 6). Relative to inorganic Hg, 
MeHg is more toxic, prone to bioaccumulation, and 
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13.2.3 Ecotoxicology of Methylmercury

The effects of Hg (as MeHg) at the ecosystem level 
are not well understood at present. Consequently, 
this chapter does not attempt to address ecosystem 
impacts at higher levels, such as plant–animal 
interactions, effects on species diversity, or other 
ecosystem-level processes (i.e., nutrient cycling or 
productivity). Much of the scientific data detailing 
adverse effects of MeHg exposure in fish and wildlife 
are limited to those termed individual effects by 
the USEPA Ecological Risk Assessment Framework 
(USEPA 1998). This simply indicates that adverse 
effects are measured at the individual (i.e., organism 
or sub-organism) level rather than at the population 
level. However, some individual-level effects may be 
expected to have adverse outcomes at the population 
level. For example, impaired immune function in birds 
can affect population dynamics (Møller and Cassey, 
2004), and exposure of fish to synthetic estrogens 
(17α-ethynylestradiol) has been shown to feminize 
males to such an extent that the population in the lake 
studied was nearly extirpated (Kidd et al., 2007).

Methylmercury is considered the most toxic form 
of Hg that biota are exposed to in the environment 
(Weiner et al., 2003). Several comprehensive review 
papers and book chapters cover the range of toxic 
effects of MeHg in fish and wildlife species (e.g., 
Wolfe et al., 1998; Shore et al., 2011; Sandheinrich 
and Wiener 2011; see Chapter 12), so only a brief 
discussion of its relevance to ecological effects is 
offered here.

Since the Hg poisoning events from the 1950s to 
1970s that were linked to industrial discharges of 
Hg (e.g., Minimata, Japan, and English-Wabigoon 
River, Ontario), it has been recognized that MeHg 
is a potent neurotoxin (Clarkson, 1997). Exposure 
of fish and wildlife to high concentrations of MeHg 
associated with these events was characterized by 
overt neurological dysfunction and even death (Wiener 
et al., 2003). At lower levels of exposure, however, 
more subtle neurobehavioural, endocrine, and immune 
system impairments were observed (reviewed in 
Wolfe et al., 1998; Shore et al., 2011; Sandheinrich 
and Wiener, 2011). Although these effects are typically 
individual-level measurement end points, they may 

Methylmercury preferentially bioconcentrates 
in phytoplankton and benthic algae, yielding 
concentrations that are higher by a factor of 104 to 106 
than typically measured in surface waters (Pickhardt 
and Fisher, 2007), although the percentage of MeHg 
may range between 1 and 40% of THg in these 
primary producers (Watras et al., 1998). As these 
primary producers are consumed by organisms higher 
up the food chain (i.e., zooplankton, planktivorous fish, 
and piscivorous fish), MeHg is efficiently assimilated 
and retained in consumers because of very slow 
excretion rates (Watras and Bloom, 1992). The 
percentage of MeHg is estimated to range from  
40 to 80% of THg in zooplankton to more than 90%  
in piscivorous fish (Driscoll et al., 2007).

In terrestrial ecosystems, Hg enters plants primarily 
from the atmosphere via stomatal openings in leaves 
and needles. Even lichen, which has no root system, 
can contain appreciable amounts of Hg derived 
from the atmosphere (see Chapter 10). Mercury 
retained in vegetation can be passed to the soils 
via litterfall, although this is mostly inorganic Hg; 
most studies report that the percentage of MeHg in 
litterfall is generally less than 1% (e.g., Hall and St. 
Louis, 2004). Methylmercury in leaf litter and other 
detritus may be available to invertebrates such as 
snails and insects; these in turn can be consumed by 
predatory invertebrates such as spiders. Increasing 
proportions of MeHg can be found at increasing 
levels of terrestrial food webs in a similar fashion to 
aquatic systems (e.g., Cristol et al., 2008; Rimmer 
et al., 2010), and the percentage of MeHg in some 
insectivorous birds may be 100% of THg (Rimmer et 
al., 2010).

In summary, food chain transfers are the most 
important exposure pathway for most aquatic and 
terrestrial biota. Based on a review of published 
Hg concentrations in terrestrial vegetation, Hg 
accumulation across most herbaceous trees and 
shrubs is low (with lichen being the main exception; 
see Chapter 10). Based on the data available to 
date, Hg (as MeHg) appears to biomagnify and 
bioaccumulate to a greater extent in aquatic 
ecosystems than in terrestrial ecosystems,  
although terrestrial food webs have not been as 
intensively studied.
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of MeHg in their prey. However, it is not possible 
to assess MeHg risks for every potential receptor 
species in Canada. Selection of a few indicator 
species as receptors must balance the need for 
representativeness, suitability, and data availability 
(Suter, 2007). Although there are alternative means by 
which to extrapolate available toxicity data to different 
receptors using uncertainty factors, this approach 
has recently been questioned (Allard et al., 2010). 
In light of accumulating evidence of differences in 
inter-species sensitivity to MeHg exposure (e.g., Heinz 
et al., 2009), such steps will further increase the 
uncertainty in risk estimation.

For the purpose of this SLERA, it is appropriate to 
select receptors from those that forage primarily 
in aquatic ecosystems, recognizing that these may 
not be suitable surrogates for terrestrial receptors 
discussed above. There is a moderate amount of 
toxicity data available in the literature (reviewed in 
Shore et al., 2011) for potential piscivorous mammals 
(e.g., mink and otter), but these species are known 
to travel large distances between foraging locations 
and den sites (Birks and Linn, 1982; Melquist 
and Hornocker, 1983). Such travel introduces 
uncertainty about exposure to MeHg, depending on 
the characteristics of the aquatic ecosystems in their 
home ranges. More detailed justification for receptor 
selection is provided below.

13.2.4.1 Wildlife Receptor: Common Loon

The common loon serves as an ideal avian wildlife 
receptor for MeHg exposure because a large body 
of extensive Hg-related ecotoxicological work on 
the common loon has been published since the 
1990s (e.g., Evers et al., 2008). Common loons are 
also widely distributed across Canada (Evers et al., 
2010), feed preferentially on small fish (10–15 cm) 
from lakes within established breeding territories, 
and generally do not forage outside their breeding 
territories (Barr, 1996). Thus, MeHg exposure can be 
reasonably estimated by evaluating the concentration 
of MeHg in potential prey fish within the breeding 
territory, as evidenced by consistent relationships 
between the concentrations of Hg in the blood and 
prey of common loons in nesting lakes (Meyer et al., 
1998; Evers, 2004, 2008; Burgess and Meyer, 2008). 

have population-level impacts if mate selection or 
parental care of young is affected (e.g., Frederick and 
Jayasena 2011; Evers et al., 2008) or if reproductive 
success is impaired (e.g., Burgess and Meyer, 2008; 
Hammerschmidt et al., 2002) enough to affect 
population dynamics.

13.2.4 Selection of Ecological Receptors

It is clear from previous chapters that MeHg 
bioaccumulates and biomagnifies strongly in aquatic 
food webs, and organisms that ingest biota of aquatic 
origin are likely to be the most at risk for high MeHg 
exposure. Potential receptors, therefore, include top 
trophic level fish species, such as walleye, northern 
pike, lake trout, and burbot; piscivorous mammals, 
such as mink and otter; and piscivorous birds such 
as the great blue heron, bald eagle, osprey, and the 
common loon. In addition, insectivorous birds, such 
as the rusty blackbird that feeds heavily on emergent 
aquatic insects from wetland or bog environments, 
can also ingest and accumulate high levels of MeHg 
from their insect prey (Evers et al., 2005; Edmonds et 
al., 2010). A review of Hg and MeHg levels in these 
types of biota from across Canada generally confirms 
this pattern (see Chapter 10).

In terrestrial ecosystems, the extent of 
bioaccumulation and biomagnification is less clear. 
With the exception of caribou, which may be exposed 
to elevated levels of Hg through the consumption 
of lichen (Gamberg, 2009), there is scant evidence 
of biomagnification in large terrestrial herbivores 
or carnivores (Chapter 10). However, in recent 
studies there is emerging evidence of extensive 
biomagnification in some predatory insects (e.g., 
spiders; Cristol et al., 2008), insectivorous songbirds 
(e.g., Bicknell’s thrush; Rimmer et al., 2010), and 
mammals (e.g., little brown bat; Nam et al., 2012). 
The potential for some of these terrestrial receptors 
to be exposed to high levels of MeHg cannot be ruled 
out. Unfortunately, there has been little investigation of 
such terrestrial receptors within Canada.

There is clearly a potential for exposure of piscivorous 
fish and wildlife and, to some extent, insectivorous 
birds and mammals to potentially dangerous levels 
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to management objectives (Suter, 2007). Therefore, 
assessment end points can often be generic (i.e., 
the viability or survival, growth, and reproduction 
of receptor species). Direct measurement of these 
assessment end points is often difficult, if not 
impossible, and requires a larger volume of data than 
is typically available for a SLERA. Generally, surrogate 
end points (measurement end points) are used 
instead. A measurement end point is defined in USEPA 
(1998) as “a measureable ecological characteristic or 
response to a stressor.” For this SLERA, measurement 
end points for assessing effects are the receptor-
specific screening benchmarks outlined in the  
next section.

13.3 EFFECTS AND EXPOSURE 
ASSESSMENT

13.3.1 Effects Assessment: Screening 
Benchmark Selection and Justification

Screening benchmarks for dietary MeHg exposure for 
fish (Depew et al., 2012a) and breeding adult common 
loons (Depew et al., 2012b) have only recently been 
published. These screening benchmarks (shown in 
Table 13.1) were derived from published laboratory 
and field studies in which ecologically relevant 
adverse effects were associated with dietary MeHg 
exposure. These screening benchmarks incorporate 
the most recent available data and are expressed as a 
concentration of MeHg in the whole body of a typical 
prey fish on a wet weight basis.

Screening benchmarks for adult common loons 
include behavioural alterations, reproductive 
impairment, and reproductive failure (Table 13.1). 
Screening benchmarks could not be derived for adult 
survival or population effects based on available data 
from population censuses or from banding programs. 
The reproductive impairment benchmark for common 
loons is based on a lowest observed adverse effect 
level (LOAEL) associated with a 40–50% reduction 
in productivity and a 50% reduction in egg-hatching 
success. This reproductive failure benchmark is 
based on observed instances of failed reproduction 
in wild loon populations in New England and New 

Juvenile loons were not considered in this SLERA 
because depuration of MeHg into rapidly growing 
feathers has complicated evaluation of toxicological 
data to date (see Kenow et al., 2003).

13.2.4.2 Fish Receptor: Walleye and  
Northern Pike

Piscivorous fish such as walleye and northern pike 
have generally not been considered a classic receptor 
species for MeHg risks but rather are treated as a 
trophic exposure vector, particularly for piscivorous 
wildlife species (e.g., common loons, bald eagles, 
osprey, and otter; Hinck et al., 2009). Consequently, 
there is much less information available about MeHg 
risks to fish than about its risks to piscivorous birds or 
mammals (Scheuhammer et al., 2007). Walleye and 
northern pike were selected as receptors because 
they are considered keystone piscivores in aquatic 
food webs and because they are broadly distributed 
across Canada (Scott and Crossman, 1973). Some 
of the highest measured Hg concentrations in any 
freshwater species in Canada are found in walleye 
and northern pike (Depew et al., 2013a). For this 
SLERA, sexually mature female walleye and northern 
pike at the size of first reproduction were chosen 
as the receptor species, following the rationale of 
Sandheinrich et al. (2011). Because both of these 
species display some sexual dimorphism (females 
are larger than males), selection of males could 
potentially overstate risks if the similar-sized female 
fish were not yet sexually mature. The relevance  
of this distinction will be discussed further in  
Section 13.3.2.

13.2.5 Assessment and Measurement  
End Points

Assessment end points are described in USEPA 
(1998) as “the explicit expression of the ecological 
values to be protected and are driven by information 
on the receiving environment, knowledge of the 
chemical released (including the ecotoxicological 
properties and concentrations that cause adverse 
impacts), and an understanding of the values that 
will drive risk management decisions.” Assessment 
end points are usually determined by a combination 
of ecological relevance, susceptibility, and relevance 
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fur, or muscle; Scheuhammer et al., 2007). However, 
collecting and analyzing tissue samples is laborious 
and costly, and such datasets, while valuable, are 
often limited in spatial and temporal scope with 
limited usefulness for a national-scale assessment.

In contrast to wildlife tissue, there is a significant 
quantity of high-quality data for Hg in tissue (mostly 
axial muscle) in freshwater fish from across Canada 
(Depew et al., 2013a). Although it is possible to use 
direct measurements of Hg in fish muscle in a risk 
assessment (e.g., Sandheinrich et al., 2011), there are, 
nonetheless, some obstacles that must be overcome. 
For example, data available from sites across Canada 
represent multiple types of tissue sampled from fish 
of different sizes and species. These factors (e.g., 
species, tissue, and size) are known to contribute to 
variation in Hg concentrations in fish (Goldstein et al., 
1996), so a direct comparison of Hg concentrations in 
fish at different sites without taking into account these 
confounding factors is not appropriate. Statistical 
models may be used to standardize Hg concentrations 
for a given size of a given species. However, this 
approach may sacrifice spatial and/or temporal 
coverage, depending on the species selected, and 

York. Reproductive impairment of this magnitude is 
estimated to be sufficiently high to adversely affect 
population dynamics (Evers et al., 2004, 2008).

Screening benchmarks for fish include survival, 
growth, behavioural impairment, reproductive 
impairment, and impaired biochemical processes 
and health (Table 13.1). These screening benchmarks 
for fish are considerably more conservative than for 
loons. They are derived from a compilation of data 
from a number of fish species and, with the exception 
of the survival benchmark, are based on no observed 
adverse effect levels (NOAELs). Compiling data from 
different species was necessary because there are a 
limited number of high-quality studies of dietary MeHg 
toxicity in fish (Depew et al., 2012a).

13.3.2 Exposure Assessment

In order to compare Hg risks among different sites or 
regions, a standard or common measure of exposure 
is required. The most direct approach for evaluating 
MeHg exposure in wildlife receptors is to measure 
concentrations in tissues (i.e., blood, brain, liver, eggs, 

TABLE 13.1  Screening benchmarks used for the common loon and piscivorous fish based on estimated mercury 
concentrations in prey categorized by ecological relevance. Benchmark refers to the adverse effect classification 
assessed by the end point; benchmark concentration is the concentration of mercury in prey fish; criterion indicates 
the level of effect used to derive the screening benchmark.

Receptor Benchmark
Screening benchmark 

concentration,
μg g-1 wet weight

Criterion

Common loona Failed productivity 0.4 LOAEL

Impaired productivity 0.18 LOAEL

Impaired behaviour 0.1 LOAEL

Fishb Mortality 2.8 TELc

Impaired growth 1.4 NOAEL

Impaired behaviour 0.5 NOAEL

Impaired health 0.06 NOAEL

Impaired reproduction 0.04 NOAEL

NOAEL=no observed adverse effect level, LOAEL=lowest observed adverse effect level, TEL= threshold effect level
a Adapted from Depew et al. (2012b)
b Adapted from Depew et al. (2012a)
c Calculated as the geometric mean of the 50th percentile of species NOAEL and 15th percentile of the species LOAELs; less conservative than a NOAEL  
(see Beckvar et al., 2005)
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approach maximizes spatial and temporal coverage of 
exposure data while providing a defensible estimate 
of MeHg exposure (Depew et al., 2013b). Although 
this approach oversimplifies the composition of the 
diet of selected receptors, because this assessment 
is nationwide, accounting for regional differences in 
the availability of prey and preference for prey is not 
possible. A conceptual diagram outlining the approach 
in more detail is provided in Figure 13.2 and briefly 
described in Section 13.3.3.

The same dietary exposure indicator, HgPREY, was 
used for all 3 receptors (common loon, walleye, 
and northern pike) and was modelled on the basis 
of a 12 cm whole yellow perch. Yellow perch share 
a similarly broad geographic distribution as the 3 
receptors (Craig, 1987), and small (10–15 cm) yellow 
perch are widely preferred as prey items by common 
loons (Barr, 1996). Although prey preferences are 
much harder to establish for fish, yellow perch are 
considered a favoured prey item, and the 12 cm size 
falls within the range of prey fish consumed by female 
walleye and northern pike that have reached the 
size of sexual maturity (Neilson, 1980; Chapman and 
Mackay, 1990). Lastly, as an abundant forage species, 

cannot account for differences in age and growth rate 
in fish of the same size, both of which are known to 
affect Hg concentrations (e.g., Simoneau et al., 2005). 
Direct measurement of Hg concentrations in small fish 
would be suitable to assess risk to wildlife receptors; 
however, much of the data collected across Canada is 
primarily from larger sport-fish species of recreational, 
commercial, or subsistence importance (e.g., walleye, 
northern pike, lake trout, or whitefish) while small  
fish tissue collections are relatively limited (Depew  
et al., 2013a).

To achieve our objective of providing a standardized 
MeHg exposure indicator, we used a model-based 
approach to estimate Hg concentration (assumed to 
be 100% MeHg) in a small fish, which represents the 
dietary exposure of the selected receptors to MeHg 
(assuming a diet composed of 100% small fish). This 
approach uses the large and valuable volume of data 
on Hg concentration in fish available from federal and 
provincial government datasets, industrial monitoring, 
and academic research programs, recognizing that 
simply comparing concentrations in different sizes 
and species of fish will be of minimal value unless 
concentrations can be appropriately normalized. This 

FIGURE 13.2  Detailed overview of the approach used to estimate a standard dietary exposure indicator of 
methylmercury in selected receptor species. More detailed information may be found in the references cited  
within each box. The National Descriptive Model for Mercury in Fish was developed by the US Geological Survey 
(Wente, 2004).
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Under USEPA (USEPA, 1998) and CCME guidance 
(CCME, 1996), conservative approaches are 
recommended to estimate single point exposures. This 
includes use of the maximum detected concentration 
(if measured data are available) or the upper bound 
of the 95% confidence interval if using a modelled 
estimate. We elected to use the model mean estimate 
rather than the upper bound of the 95% confidence 
interval because of the inherently noisy nature of the 
dataset used to calibrate the model (model root mean 
square error (RMSE) was 0.46). For example, an HgPREY 
estimate of 0.10 μg g-1 wet weight would have a 95% 
confidence interval of 0.04–0.25 μg g-1 wet weight. 
Although this may appear considerable, the model 
error (as RMSE) is comparable to more data-intensive 
predictive models (e.g., Shanley et al., 2012; Knightes 
and Ambrose, 2007) that have more limited spatial 
and temporal scope owing to much more extensive 
data requirements.

13.4 CHARACTERIZATION  
OF RISK
There are a variety of approaches available to 
characterize risk in ecological risk assessments, 
but they vary in terms of the data requirements, 
assumptions, and complexity. Quantitative or 
probabilistic risk assessment can incorporate 
uncertainty associated with effect and exposure 
distributions as well as risk characterization (Warren-
Hicks and Moore, 1998). However, these approaches 
are more complex and require considerably more 
detailed input data. Such datasets are usually 
available only for intensively studied sites (e.g., 
Rumbold, 2005; Duvall and Barron, 2000). Because 
of the geographical scale of assessment and scarcity 
of site-level data, it is not yet feasible to use these 
approaches for a risk assessment such as this at a 
national scale.

Characterization of risk to receptors was 
accomplished using a risk quotient (RQ) approach. 
For each location where an estimate of HgPREY was 
available, and using the screening benchmarks 
provided in Table 13.1, a dimensionless RQ was 
calculated (Equation 13.1). These RQs are calculated 
under the assumption that the exposure of the 

Hg concentrations in small yellow perch are generally 
similar to Hg concentrations in other small forage fish 
that would be consumed by loons, walleye, and pike 
(e.g., Swanson et al., 2003).

13.3.3 Exposure Estimation

First, data on Hg concentrations in fish from across 
Canada were compiled into a single database, the 
Canadian Fish Mercury Database (CFMD; Step 1, 
Figure 13.2; Depew et al., 2013a).

Second, records suitable for calibrating the National 
Descriptive Model for Mercury in Fish (NDMMF), 
developed by the US Geological Survey (USGS; Wente, 
2004), were extracted using specific screening criteria 
to ensure model convergence (Step 2A, Figure 13.2; 
Depew et al., 2013b). Not all data from every sampling 
event in the CFMD could be used to calibrate the 
NDMMF because some events contained records for 
only a single species sample type. For such sampling 
events, if the single species sample type was yellow 
perch, whole fish, or yellow perch fillet, alternative 
approaches were used to estimate HgPREY (Step 2B, 
Figure 13.2). The NDMMF fits a multiple regression 
linear model (one line for each species sample type) 
to observed fish Hg concentrations at each sampling 
event (Step 3, Figure 13.2) and estimates the slope 
(representing species sample type Hg concentration 
versus length) and intercept values (representing 
sampling event Hg concentration baseline).

Third, these slope and intercept values are used to 
predict Hg concentrations for all input data; model 
performance and biases are evaluated using standard 
diagnostic approaches (i.e., cross validation and 
assessment of prediction error) (Step 4, Figure 13.2; 
Depew et al., 2013b). If biases or errors are present, 
the model can be re-calibrated after eliminating 
erroneous data or excluding sites with high prediction 
error (follow dashed line back to Step 2A, Figure 13.2). 
Finally, a single site-specific estimate of HgPREY (Step 
5, Figure 13.2) is produced for each sampling location 
(for the period 1990–2010) by averaging HgPREY values 
if multiple sampling events occurred between 1990 
and 2010. The 1990–2010 time period was chosen 
to satisfy the need to represent conditions in more 
recent years without sacrificing the spatial coverage 
of the data.
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importance of atmospheric deposition and landscape 
processes in influencing the amount of Hg and 
its bioaccumulation, this context may be useful in 
understanding spatial patterns of MeHg exposure 
and potential risk. Nearly half of the sites used in this 
assessment were located in Canada’s most expansive 
ecozone, the Boreal Shield, with the remaining sites 
being unequally distributed among the 14 remaining 
ecozones. Owing to the large size and numbers of 
sites within the Boreal Shield, we created modified 
ecozones by splitting the Boreal Shield into 6 member 
ecoprovinces and the Taiga Shield into western 
and eastern portions separated by Hudson Bay to 
provide a more equitable distribution of sites among 
ecozones/ecoprovinces.

13.4.2 Risk to Ecological Receptors

At 36% of national sites, HgPREY exceeded the 
behavioural impairment benchmark for the common 
loon (Figure 13.3), and exceeded the reproductive 
impairment and reproductive failure benchmarks for 
loons at 10% and < 1% of national sites, respectively 
(Figure 13.3). At no site did HgPREY exceed survival 
or growth benchmarks for fish, and it exceeded the 
behavioural impairment benchmark at only < 0.5% 
of sites (Figure 13.4). In contrast, HgPREY exceeded 
reproductive and biochemical-health impairment 
benchmarks at 82% and 64% of sites, respectively.

When examined in this spatial framework, the 
proportion of sites where HgPREY exceeded screening 
benchmarks for the common loon showed a clear 
increase from west to east. Further, ecozones with 
the greatest proportion of RQs > 1.0 were generally 
localized in eastern Canada, consisting of the 
southern, mid-, and eastern Boreal Shield areas, 
Hudson Plains, eastern Taiga Shield, Atlantic Maritime, 
and Newfoundland ecozones (Figure 13.5). This 
pattern is less clear for fish because sites where 
HgPREY exceeded the reproductive and biochemical-
health impairment benchmarks were not restricted to 
a particular ecozone. However, the ecozones identified 
above as having a greater proportion of sites with RQ 
> 1.0 for common loon benchmarks had from 80 to 
more than 90% of sites exceeding reproductive and 
biochemical-health impairment benchmarks for fish 
(Figure 13.6).

receptors to dietary MeHg is constant and that 
concentrations of Hg represented by HgPREY are 
equivalent to 100% MeHg.

                 HgPREY            (Exposure)
RQ =  _________________________     (13.1)
             Screening benchmark (Effect)

RQs were rounded to one decimal place, following 
USEPA (1998) convention. It should be noted that 
RQs > 1.0 are not necessarily indicative of more 
severe effects or greater risk because they may result 
from varying degrees of uncertainty in the screening 
benchmarks used to calculate RQs. Moreover, 
quantitative interpretation of RQ magnitudes assumes 
a linear relationship between risk and exposure, and 
there is little evidence to support this practice in 
SLERAs. RQs cannot be compared among receptors 
unless the confidence and measurement end points 
are equal. For example, RQs for common loon 
reproductive impairment cannot be compared with 
RQs for fish reproductive impairment because the 
loon RQ is calculated using a LOAEL-based screening 
benchmark derived directly from wild common 
loon data whereas the fish RQ is calculated using a 
NOAEL-based benchmark from a limited number of 
fish species under laboratory settings.

13.4.1 Ecozone Assessment

To address the question of where MeHg exposure 
may be sufficiently high to pose a risk to piscivorous 
fish and wildlife in Canada, RQs were evaluated 
on a regional basis using the terrestrial ecozone 
classification adopted by Environment Canada 
(Ecological Stratification Working Group, 1995). In 
this framework, 15 ecozones represent large sub-
continental regions of generalized ecological similarity 
with respect to regional climate, human activity, 
vegetation, soils, and geological and physiographic 
features (Ecological Stratification Working Group, 
1995). The rationale for this approach follows the 
conceptual model that aquatic ecosystems function 
as integrators of both terrestrial and atmospheric 
processes (see Schindler, 2009) that occur within 
these larger ecozones. This framework has been 
used to examine variations in physical, chemical, 
and biological properties of aquatic ecosystems 
in Canada (e.g., Minns et al., 2008). Given the 
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FIGURE 13.3  Map of freshwater locations within Canada where screening benchmarks for the common loon are 
exceeded. In the legend, screening benchmarks are ranked from highest to lowest and, at those locations where 
screening benchmarks are exceeded, lower benchmarks are also exceeded. Modified ecozone boundaries (shown 
for Canada only) are from Environment Canada (http://sis.agr.gc.ca/cansis/nsdb/ecostrat/index.html).

FIGURE 13.4  Map of freshwater locations within Canada where screening benchmarks for piscivorous fish are 
exceeded. In the legend, screening benchmarks are ranked from highest to lowest and, at those locations where 
screening benchmarks are exceeded, lower benchmarks are also exceeded. Lethal or growth screening benchmarks 
are not exceeded at any of the locations. Modified ecozone boundaries (shown for Canada only) are from 
Environment Canada (http://sis.agr.gc.ca/cansis/nsdb/ecostrat/index.html).
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FIGURE 13.5  Median HgPREY concentrations used to calculate risk quotients for the common loon, grouped by 
ecozone. Boxplots show median (line) and 10th and 90th percentiles (whiskers). Modified ecozones are denoted 
as: Northern Arctic (NA), Southern Arctic (SA), Pacific Maritime (PM), Taiga Cordillera (TC), Boreal Cordillera (BC), 
Montane Cordillera (MC), Taiga Plains (TP), Boreal Plains (BP), Prairies (PR), western Taiga Shield (WTS), western 
Boreal Shield (WBS), Hudson Plains (HP), Lake of the Woods (LW), mid-Boreal Shield (MBS), southern Boreal 
Shield (SBS), Mixedwood Plains (MP), eastern Taiga Shield (ETS), Atlantic Maritime (AM), and Newfoundland 
(NF). Literature-based screening benchmarks are represented by failure of productivity (dark blue line), impaired 
productivity (cyan line), and impaired behaviour (light green line). See Table 13.1 for details.

FIGURE 13.6  Median HgPREY concentrations for each location used to calculate risk quotients for piscivorous fishes, 
grouped by modified ecozone. Boxplots show median (line) and 10th and 90th percentiles (whiskers). Modified 
ecozones denoted as: Northern Arctic (NA), Southern Arctic (SA), Pacific Maritime (PM), Taiga Cordillera (TC), 
Boreal Cordillera (BC), Montane Cordillera (MC), Taiga Plains (TP), Boreal Plains (BP), Prairies (PR), western Taiga 
Shield (WTS), western Boreal Shield (WBS), Hudson Plains (HP), Lake of the Woods (LW), mid-Boreal Shield (MBS), 
southern Boreal Shield (SBS), Mixedwood Plains (MP), eastern Taiga Shield (ETS), Atlantic Maritime (AM), and 
Newfoundland (NF). Literature-based screening benchmarks are represented by behavioural impairment (dark blue), 
health impairment (cyan), and reproductive impairment (light green). See Table 13.1 for details. Benchmarks for 
mortality on growth impairment not shown, as no exceedences were calculated for these end points.
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exceeded at 8 to 43% of sites, while at 3 to 18% of 
sites the whole body tissue residue LOAEL of 0.30 
μg g-1 wet weight was exceeded. Weiner et al. (2012) 
used a similar approach and determined that at 6.5% 
of sites in the Laurentian Great Lakes region the 
whole body tissue residue NOAEL in yellow perch  
was exceeded.

Despite the fact that these assessments cover a 
dramatically different geographical area than in 
this national-level assessment, there are a number 
of points worth mentioning. If a less conservative 
benchmark were used for reproductive impairment 
and biochemical-health impairment in fish (e.g., an 
LOAEL for walleye of 0.14 μg g-1 wet weight, see 
Table 2 in Depew et al. (2012a)), the total number 
of sites with a calculated RQ > 1.0 would have 
fallen somewhere between 10 and 36% of the total 
because this benchmark lies midway between the 
behavioural and reproductive impairment benchmarks 
for the common loon. The contrast between these 
regional risk assessments and the much larger 
percentage of sites with a calculated RQ > 1.0 in 
this national-level risk assessment is striking, but no 
direct comparison can be made because the tissue 
residue benchmark used in the regional studies does 
not distinguish between reproductive, survival, and 
growth-related end points (Beckvar et al., 2005). 
However, because of the limited availability of MeHg 
toxicity data, the benchmark of Beckvar et al. (2005) 
and those used here (e.g., Depew et al., 2013a) are 
largely derived from the same data using different 
measures of exposure. It is important to consider 
that tissue residue approaches are most appropriate 
when the tissue examined is the site of action of 
the chemical and that the external concentration (or 
exposure concentration) is in equilibrium with the 
tissue in question. Given what is known about MeHg 
and its mode of action (i.e., a neurotoxin and possible 
endocrine disruptor) and its tendency to continually 
bioaccumulate, these assumptions are not strongly 
supported. The use of Hg levels in fish tissue to infer 
toxicity may be equally as uncertain as the approach 
used here.

13.4.3 Comparison with Other Studies

Although ecological risk assessments may differ 
significantly in approach, the results of this national-
level, screening-level assessment are consistent with 
results of previous risk assessments that were carried 
out within Canada or included regions of Canada,  
but this assessment extends the coverage to a 
national scale.

The common loon is perhaps the most studied avian 
receptor species with respect to MeHg toxicology 
in Canada. Scheuhammer and Blancher (1994) 
examined Hg concentrations in fish species likely 
to be consumed by loons (50–250 g) and compared 
mean Hg concentrations in each species with a 
reproductive impairment threshold of 0.3 μg g-1 
wet weight in prey fish (originally derived from Barr 
(1986)). Depending on the species of fish examined 
and threshold employed, it was estimated that up to 
30% of lakes in central and northern Ontario would 
have prey fish with sufficiently high Hg to pose a risk 
to loon reproduction. Champoux et al. (2006) reported 
that, in 43% of sampled lakes in Quebec, mean Hg 
concentrations exceeded 0.15 μg g-1 wet weight 
(whole body) in prey fish. More recent assessments 
have been conducted in the Great Lakes region using 
concentrations of Hg in small yellow perch (< 15 cm; 
Wiener et al., 2012) using a similar common indicator 
approach derived from mathematical models of Hg 
concentrations in loon blood and small yellow perch 
(Evers et al., 2011). Both these approaches indicated 
that 3.7 to 9.8% sites within the Great Lakes basin 
have prey fish (mainly yellow perch) with whole 
body Hg concentrations exceeding thresholds for 
reproductive impairment in breeding adult loons. 
These results are in general agreement with the 
results of this assessment for common loons.

In contrast to the more charismatic wildlife species, 
fish have been largely ignored as potential receptors 
for MeHg toxicity until very recently. Using a tissue 
residue threshold approach, Sandheinrich et al. 
(2011) assessed the potential risks of Hg to walleye, 
northern pike, smallmouth bass, and largemouth bass 
at over 2 000 locations in the Great Lakes region. 
Depending on the species examined, the whole body 
tissue residue NOAEL of 0.20 μg g-1 wet weight was 
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history characteristics consistent with widespread 
foraging and highly variable diets. It should be noted 
that the receptors selected were not chosen based 
on their sensitivity (or lack thereof) to MeHg. Based 
on the range of median lethal concentrations (LC50) 
for eggs injected with MeHg reported by Heinz et 
al. (2009) and the LC50 for loon eggs (Kenow et al., 
2011), loons appear to be in the moderate sensitivity 
range for birds. There is insufficient evidence to 
comment on the possibility of sensitivity of fish to 
MeHg, but both walleye and pike have displayed 
some of the highest measured Hg concentrations in 
freshwater fish.

The choice to characterize risk based on dietary 
exposure to MeHg should not under- or overestimate 
risk, in terms of not accounting for alternative 
exposure pathways, because it is widely accepted 
and documented that diet is the primary source 
of MeHg exposure in fish and wildlife (Wiener et 
al., 2003). The choice of dietary exposure in this 
assessment may overestimate risk by assuming 
a monophagus diet of 12 cm yellow perch and 
assuming that HgPREY, which was modelled on the 
basis of THg concentrations in various fish, represents 
100% MeHg. There is uncertainty associated with 
both of these assumptions. In general, fish muscle 
THg (> 90% of the data in the CFMD; Depew et al., 
2013a) is considered to be > 95% MeHg (Bloom, 
1992), and the same appears to be true for small 
yellow perch (Hammerschmidt et al., 1999; Wyn  
et al., 2010).

There are a number of uncertainties surrounding 
the quantity and quality of data used to develop 
the screening benchmarks for fish. Because high-
quality dietary toxicity studies are sparse, a mixed 
species dataset was used. If fish species vary in their 
sensitivity to MeHg (e.g., Lee et al., 2011) merging 
data from different species may add additional 
uncertainty to the derived benchmarks. Given the 
range of measurement end points considered 
(see Table 1 in Depew et al. (2012b)), it is difficult 
to ascertain whether the observed or perceived 
species sensitivity differences are real or simply a 
consequence of highly variable exposure regimes 
(dose, duration, and diet composition) among 
studies. In addition, combining data for freshwater 

13.5 UNCERTAINTY ASSESSMENT
Regardless of the approach and assumptions 
used, every risk assessment is limited by both the 
quantity and quality of data as well as uncertainties 
inherent in the assumptions and steps used during 
risk estimation. This may include assumptions 
about selected end points and receptors, quantity 
and quality of toxicity data used to derive screening 
benchmarks, approaches to characterizing exposure, 
and the representativeness of the available data 
relative to the objectives of potential management 
activity. These sources of uncertainty are discussed 
below, as well as whether the assumptions used are 
likely to over- or underestimate risk.

The selection of appropriate assessment end points 
is a critical step in the initial stages of ecological risk 
assessment. If an assessment end point is overlooked 
or not identified, risk may be underestimated. Within 
this assessment, all available toxicity data were 
considered when selecting surrogate measurement 
end points in order to include all identified adverse 
effects. This choice reflects both the limited nature of 
receptor toxicity data and the limited understanding 
of how individual or organism level effects relate 
to population-level outcomes. Consideration of all 
measurement end points is generally considered to 
be conservative and thus overestimate risk.

Potential receptor organisms represent a variety 
of different species, each with different life-history 
characteristics, feeding and behavioural strategies, 
and, thus, exposure to MeHg. In this assessment, 
receptors were selected based on availability of 
toxicity data (i.e., published dietary screening 
benchmarks) and also because they represent top 
trophic level predators with wide geographical 
distributions. Uncertainty surrounding dietary 
exposure was reduced by choosing receptors that 
exhibit moderate to high degrees of site fidelity such 
that dietary exposures to levels of MeHg far different 
from those estimated are likely to be negligible. Such 
assumptions may not apply equally to all potential 
receptors. On one hand, these assumptions should 
not systematically over- or underestimate risk but, 
on the other hand, use of other receptors would incur 
greater uncertainty, particularly if they have life-
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13.6 SUMMARY AND 
CONCLUSIONS
In this SLERA, potential risks to the common loon 
and piscivorous fish as a result of dietary exposure 
to MeHg were evaluated by comparing a model-
based dietary exposure indicator (HgPREY) to screening 
benchmarks representing either the lowest level 
at which harmful effects have been observed 
(common loon) or are predicted to occur (fish). 
Although calculated RQs exceeding 1.0 were found 
for a number of measurement end points, different 
levels of uncertainty involved at each step in the risk 
assessment process affect the interpretation of RQs to 
different degrees. The following general conclusions 
are offered.

• Calculated RQs > 1.0 indicate potential Hg risk to 
breeding adult common loons at between 10 and 
36% of the national sites examined.

• The screening benchmarks used for the common 
loon (based on LOAELs) were much less 
conservative than typically used in a SLERA. This 
is primarily because the NOAEL for the effects of 
MeHg in common loons has not been adequately 
defined.

• On an ecozone basis, acid-sensitive regions of 
eastern Canada can be characterized as likely 
having a greater proportion of potential loon 
habitats that have prey fish with sufficiently 
high MeHg levels to have adverse effects on 
loon behaviour and possibly productivity. Given 
that approximately 60% of North American 
breeding populations use these forested ecozones 
for raising young (Evers, 2004), further work 
to quantify effects at the population level is 
warranted.

• Calculated RQs > 1.0 indicate potential Hg risk to 
piscivorous fish at between 64 and 82% of sites 
nationally.

• The screening benchmarks used for fish are 
considerably more uncertain than those used for 
common loons. Using a less conservative screening 
benchmark (i.e., LOAEL) reduces the frequency 
of RQs > 1.0 but not necessarily the uncertainty 
surrounding the screening benchmarks. Use of a 

and marine species is often not recommended. With 
respect to MeHg, marine fish are generally thought 
to be exposed to higher levels of selenium, which 
is known to ameliorate MeHg toxicity in mammals 
(Ganther and Sunde, 2007), although, to date, its 
effects in fish have been contradictory (e.g., Dang 
and Wang, 2011; Sørmo et al., 2011). However, the 
majority of the studies reviewed for fish screening 
benchmarks were conducted with some formulation 
of commercial fish feed, many of which are known to 
contain appreciable and variable amounts of selenium 
derived from marine fish used as a protein base (see 
discussion in Depew et al. (2012a)), and there was no 
feasible way to ensure that freshwater species were 
not exposed to selenium in the feed.

The multiple datasets incorporated in the CFMD, 
including those selected for calibration of the 
NDMMF, were not necessarily collected under a 
randomized sampling design because monitoring 
and research objectives may differ greatly between 
academic or industrial research programs and larger 
monitoring efforts conducted by federal and provincial 
governments to establish human health guidelines 
for freshwater fish consumption. Given that the 1 
936 locations in the HgPREY dataset represent only 
a fraction of the total number of lakes in Canada 
(~ 910 400 > 0.1 km2 in size; Minns et al., 2008), 
results from ecozones with only a few sample points 
must be interpreted cautiously. Although some 
residual uncertainty inevitably remains about how 
well the derived HgPREY indicator represents the true 
geographical pattern of MeHg levels in small prey 
fish across Canada (and, therefore, estimated risk to 
piscivorous receptors in any particular ecozone), the 
general west–east gradient in HgPREY is consistent 
with geographic trends observed in Hg concentrations 
measured independently in piscivorous wildlife and 
aquatic invertebrates (see Chapter 10). Although 
far from conclusive, this provides support that the 
assessment presented here defines broad-scale 
patterns in MeHg exposure across Canada  
reasonably well.
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evaluation of these measurement end points in wild 
fish may need more study. Sandheinrich et al. (unpubl. 
data) recently demonstrated that environmental Hg 
exposure can reduce circulating sex steroids in wild 
northern pike in lakes where yellow perch (1 year of 
age) have whole body Hg levels between 0.04 and 
0.19 μg g-1 wet weight, assuming 80% moisture 
content (Weiner et al., 2006). Regardless of the 
approach, studies need to better characterize the diets 
in order to reduce uncertainty around co-exposure to 
synergistic or antagonistic compounds or chemicals 
such as selenium.

Second, the focus should be on assessment end 
points that are relevant to the current understanding 
of the mode of action of MeHg. Recent reviews 
indicate that reproduction is the demographic 
parameter most likely to be affected by dietary 
exposure to levels of MeHg presently found in 
aquatic ecosystems (Scheuhammer et al., 2007; 
Shore et al., 2011; Sandhienrich and Weiner, 2011) 
but assessments of behavioural outcomes will 
have important consequences at the species level. 
Approaches to link or embed these types of end points 
and responses into population models are underway 
for some species (e.g., common loons; Nacci et al., 
2005), but there may be sufficient information already 
available to explore for other potential receptors.

Third, it is clear that some terrestrial wildlife receptors 
are also exposed to comparable levels of MeHg in 
their insect prey (e.g., Cristol et al., 2008; Rimmer 
et al., 2010). However, there is little information 
(exposure or effect-based) available on which to 
evaluate risk in Canada. It is recommended that 
approaches be evaluated to address this deficiency.

less conservative benchmark does not eliminate 
the potential for risk to fish.

• On an ecozone basis, the same general geographic 
pattern of potential Hg risk observed for loons 
appears to hold true for fish.

13.7 DATA GAPS AND RESEARCH 
NEEDS
As mentioned in Section 13.5, the use of conservative 
screening benchmarks is one of the major limitations 
of this assessment. This is particularly relevant for 
the screening benchmarks for piscivorous fish, which 
are comparable to concentrations estimated in many 
natural systems. This point is further illustrated by 
comparing the tissue residue NOAEL of Beckvar et 
al. (2005; 0.20 μg g-1 wet weight) with the mean 
tissue Hg concentration from predatory fish sampled 
across the continental United States (0.29 μg g-1 wet 
weight; Stahl et al., 2009) and northeastern North 
America (0.58–0.94 μg g-1 wet weight, for 8 species; 
Kamman et al., 2005). With this in mind, we have 3 
recommendations for future research.

First, reliance on a few largely outdated toxicity 
studies, particularly for fish, should be reduced. Data 
on the most commonly or frequently exposed species 
(i.e., top trophic level piscivores such as walleye 
and pike) are needed to evaluate both the potential 
for differences in species sensitivity to dietary 
MeHg exposure and the relevance of the screening 
benchmarks used here. Not all of these species will 
be amenable to laboratory experiments; therefore, 
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health outcomes (Inskip and Piotroski, 1985; ATSDR, 
1999; National Research Council, 2000; UNEP, 2002; 
Government of Canada, 2010). Other health effects, 
such as cardiovascular disease and immune system 
dysfunction, may be linked to MeHg exposure (see 
section 14.4). The level and duration of exposure 
to MeHg influences the severity of adverse health 
outcomes.

For the general population, the most significant 
route of exposure to MeHg is consumption of fish 
and seafood (Inskip and Piotroski, 1985; ATSDR, 
1999; National Research Council, 2000; UNEP, 2002; 
Clarkson and Magos, 2006). However, fish also 
provide many health benefits. They are an important 
source of nutrients and support cardiovascular and 
neurological health. For Aboriginal peoples, a diet that 
includes “country food” (i.e. traditionally harvested 
foods), including fish and marine mammals, has 
additional social, cultural, and economic benefits (see 
section 14.5 for further details).

The purpose of this chapter is to describe human Hg 
exposure in Canada. Attention is given to groups that 
may have increased exposure to MeHg through diets 
high in fish and seafood, and to the actions taken to 
reduce exposure to MeHg. To provide context for the 
discussion of human exposure, section 14.4 describes 
the potential impacts of Hg on human health.

14.2 SOURCES OF HUMAN 
EXPOSURE TO AND 
DISTRIBUTION OF MERCURY
Exposure to Hg varies depending on a range of factors 
such as regional, social, and occupational differences. 
Although the average exposure of Canadians is low, 
MeHg remains a potential public health issue for 
populations that rely heavily on the consumption of 
large predatory fish and for potentially susceptible 
groups including developing fetuses, infants, and 
children (Government of Canada, 2010; Health 
Canada, 2010a). Methylmercury is not found in any 
consumer products or health products in Canada; 
hence, potential sources are environmental or dietary. 

14.1 INTRODUCTION
Human health research and biomonitoring in Canada 
has led to a greater understanding of the levels of 
exposure to mercury (Hg) for the Canadian population 
and the potential health effects from Hg exposure. 
This work has also identified Canadian groups that 
may have higher exposure to Hg or may be more 
susceptible to potential health effects from exposure. 
This chapter presents the state of knowledge 
concerning the Hg exposure of Canadians, human 
health effects, and risk management measures.

Mercury exists in 3 chemical forms — elemental, 
inorganic, and organic — and has been shown 
to cycle among these states (ATSDR, 1999; UNEP, 
2002). Once Hg is released into the environment, 
either through natural events or from anthropogenic 
sources, it is highly mobile, moving between the 
earth’s surface and the atmosphere (see Chapters 2 
and 3 for further information on anthropogenic and 
natural sources of Hg, respectively). A significant 
amount of anthropogenically derived Hg deposits in 
Canada originate from foreign sources (Government 
of Canada, 2010) (see Chapters 4 and 9 for further 
information on sources, processes, and pathways). 
In an effort to reduce the environmental burden of 
Hg contamination within Canada, the Government 
of Canada has implemented a variety of regulatory 
and non-regulatory initiatives in collaboration with 
provincial and territorial governments and industry 
(CCME 2005; CCME 2007; Government of Canada, 
2010). As a result, domestic Hg emissions in Canada 
have been reduced by approximately 90% since the 
1970s (ATSDR, 1999; UNEP, 2002; Government of 
Canada, 2010).

The form of Hg with the greatest potential to cause 
human health effects is methylmercury (MeHg), 
which will be the focus of this chapter (Inskip and 
Piotroski, 1985; ATSDR, 1999; National Research 
Council, 2000; UNEP, 2002; Clarkson and Magos, 
2006). Methylmercury is readily absorbed and 
distributed throughout the body and can easily cross 
the blood-brain and placental barriers. The developing 
nervous system is most sensitive to the potentially 
harmful effects of MeHg, which places infants and 
children at an increased risk of developing adverse 
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and a livelihood from guiding for sport fishing. In 
addition, as a result of the James Bay hydroelectric 
development project, vegetation immersed in 
flooded land released Hg into the aquatic ecosystem, 
contaminating waterways (Wheatley and Paradis, 
1995). Identification of high blood concentrations of 
MeHg in the residents of Grassy Narrows, Whitedog, 
and James Bay Cree communities led Health Canada 
to establish a biomonitoring program for Aboriginal 
communities (Wheatley and Paradis, 1995; Wheatley 
et al., 1997).

Available data illustrate that the types of fish most 
commonly consumed by the general Canadian 
population are fresh, frozen, and canned salmon; 
canned tuna; shrimp; cod; sole; haddock; Boston 
bluefish; halibut; clams; and crab (Health Canada, 
2007a). These types of fish contain Hg levels that 
are typically well below the current Canadian total 
Hg (THg) standard for most retail fish of 0.5 mg kg-1 

(Health Canada, 2007b; Health Canada, 2007c). Fish 
that are higher on the food chain, such as shark, 
fresh and frozen tuna, swordfish, marlin, orange 
roughy, and escolar tend to contain higher levels 
of Hg due to environmental bioaccumulation and 
biomagnification of Hg (Health Canada, 2007a). 
These types of fish are subject to a 1.0 mg kg-1 
THg standard as well as a restricted consumption 
advisory (Health Canada, 2007b; Health Canada, 
2007c; Health Canada, 2008).

14.2.2 Alternative Sources of Mercury 
Exposure

While the main source of exposure for the general 
population is MeHg in fish and seafood, forms of Hg 
other than MeHg may also contribute to the overall 
body burden of Hg in humans, although to a much 
lesser extent (Health Canada, 2007a). The surface 
of dental amalgam, the largest single source of 
elemental Hg for average Canadians, can release 
Hg vapour into the mouth. However, Health Canada 
concluded in 1996 that Hg exposure from dental 
amalgam does not pose a health impact for the 
general population (Health Canada, 1996). An analysis 
of national-level data collected through the Canadian 
Health Measures Survey showed that urinary 

Despite historical accumulation of Hg in these 
sources, only a small percentage of Canadians may 
be exposed to levels associated with health effects 
(Government of Canada, 2010).

14.2.1 Dietary Exposure to Methylmercury

Canadians are primarily exposed to MeHg through 
the consumption of certain foods, specifically through 
diets rich in fish and seafood (Health Canada, 2007a; 
Government of Canada, 2010; Health Canada, 2010a), 
from which MeHg is almost completely bioavailable. 
Dietary exposure to MeHg varies significantly among 
individuals and groups based on several factors that 
affect an individual’s total exposure, such as food 
choices (AMAP, 2009).

The amount of Hg in fish is dependent on a 
number of factors, such as atmospheric loading 
rates, ecosystem-specific properties, and food-
web structure (Harris et al., 2007; Selin et al., 
2010). The chemical properties of MeHg allow 
it to become absorbed in the gastrointestinal 
tract and enter fish muscle tissue, subsequently 
leading to bioaccumulation in the fish as it ages. 
Biomagnification of MeHg up the food web leads to 
even higher Hg levels in long-lived predatory fish 
species (Health Canada, 2007a). These effects result 
in variation in the amount of Hg present in different 
fish species. Thus, the choice of fish species to 
consume can affect an individual’s exposure. Other 
factors determining MeHg exposure include the 
frequency of fish consumption, which is influenced 
by the regional distribution of fish species, species 
composition of other country food (such as marine 
mammals), cultural practices, and access to retail fish 
(AMAP, 2009; Donaldson et al., 2010).

One of the first Canadian accounts of dietary 
exposure to higher concentrations of MeHg was from 
the discharge of Hg from a chlor-alkali industrial 
plant into the English-Wabigoon River system in 
northern Ontario from the 1960s to the early 1970s 
(Wheatley et al., 1997). The First Nations communities 
of Grassy Narrows and Whitedog were located 
downstream from the plant. Both communities relied 
heavily on fish from the river system to provide food 
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•	 Thimerosal-free, single-dose vaccines: Thimerosal 
was neither added as a preservative nor used 
during manufacturing of the vaccines.

•	 Vaccines with trace levels of thimerosal (< 1.0 µg/
dose): Thimerosal was used in the manufacturing 
processes but not used as a preservative in the 
vaccine itself.

•	 Vaccines containing thimerosal: Some vaccines 
contain thimerosal as a preservative. These are 
generally multidose vials to which thimerosal has 
been added (2 to 50 µg/0.5 mL dose) to prevent 
contamination with potentially harmful infectious 
agents.

Some religious groups may use Hg for ceremonies 
or rituals, which may lead to increased individual 
exposure (ATSDR, 1999; UNEP, 2002). In addition, 
some skin-lightening creams contain Hg, although 
Hg is prohibited in cosmetics in Canada and is listed 
on Health Canada’s Cosmetic Ingredient Hotlist. 
Some traditional herbal remedies contain Hg, 
although Hg use in natural health products is also 
restricted (Government of Canada, 2010). The Food 
and Drug Regulations also restricts the use of Hg in 
pharmaceuticals unless such use is justified by the 
submission of substantiating evidence.

An individual’s occupation may also lead to an 
increase in Hg exposure. Nevertheless, occupational 
exposures are tightly controlled through the 
introduction of safer material handling, use of 
personal protective equipment, better ventilation, and 
substitution of non-Hg-based technologies (ATSDR, 
1999; UNEP, 2002; CCOHS, 2011).

14.2.3 Disposition of Methylmercury  
in the Body

The dose of Hg taken up in the body is dependent 
upon absorption by, distribution in, and excretion 
from body tissues. Unlike the elemental and 
inorganic forms of Hg, MeHg is almost completely 
absorbed by the gastrointestinal tract upon ingestion 
(Inskip and Piotroski, 1985; ATSDR, 1999; National 
Research Council, 2000; UNEP, 2002; Clarkson 
et al., 2007). Upon absorption, MeHg is readily 
distributed to all tissues, including the brain and 

inorganic Hg concentrations (a commonly accepted 
biomarker used to estimate elemental and inorganic 
Hg exposure) in Canadian populations with and 
without dental amalgam were lower than the urinary 
concentrations known to be associated with risks to 
health (Institute for Water, Soil and Air Hygiene of the 
German Federal Environmental Agency, 1999; Nicolae, 
2010), although results should be interpreted with 
caution due to high sampling variability. In addition, a 
Pollution Prevention Planning Notice has been put into 
place at the national level to reduce environmental 
releases from dental amalgam waste.

Industrial emissions or natural sources can lead to 
exposure to Hg through inhaling mercury vapours 
in ambient air and, to a much lesser extent, through 
drinking water. However, domestic emissions 
have been greatly reduced in Canada through the 
introduction of emission guidelines and Canada-wide 
standards for industries and products (ATSDR, 1999; 
UNEP, 2002; CCME, 2005; Government of Canada, 
2010).

Exposure can also occur when Hg-containing products 
(e.g., lamps, thermometers) are broken and Hg is 
released or spilled at home or in the workplace. 
The disposal of Hg-containing products, such as 
light bulbs and batteries, can lead to releases of Hg 
to the environment. Recently proposed regulations 
aim to reduce these releases to the environment 
(Government of Canada, 2010). 

Thimerosal is an organic Hg-containing compound 
widely used as a preservative in pharmaceutical 
agents and vaccines since the 1930s (Gupta, Barlow 
and Donaldson, 2005; NACI, 2007). Millions of doses 
of many vaccines containing preservatives such as 
thimerosal have been administered since then, and no 
common adverse effects have been observed. Health 
departments worldwide continue to approve vaccines 
and other select products containing Hg-based 
preservatives. Currently in Canada, to meet consumer 
preference, most vaccines for use in humans are 
available in single-use vials not requiring preservative. 
As a result, except for mass immunizations such as 
those against influenza, thimerosal use in vaccines has 
largely been discontinued. Vaccines approved for use in 
Canada fit into the following categories (NACI, 2007):
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14.3 MONITORING MERCURY 
EXPOSURE IN CANADIANS

To track the overall health of Canadians and support 
the development of reference values and support 
policy initiatives, the Canadian government has 
implemented several population-based biomonitoring 
programs. These programs are designed to better 
assess actual exposure to MeHg in groups that 
may have higher exposure to Hg through frequent 
consumption of fish, and for groups more susceptible 
to the effects of MeHg (Government of Canada, 2010). 
Groups with potentially higher exposure include 
First Nations and northern Aboriginal peoples, sport 
fishers, and Asian Canadians; exposure is largely due 
to dietary choices and food availability within these 
communities (ATSDR, 1999; JECFA 2003; Cole et al., 
2004; Government of Canada, 2010). Those inherently 
more sensitive to the health effects associated with 
Hg exposure are developing fetuses and young 
children (ATSDR, 1999; Government of Canada, 2010).

Methylmercury exposure can be estimated by 
measuring concentrations in blood and scalp hair 
(ASTDR, 1999; Clarkson and Magos, 2006; Clarkson 
et al., 2007), while urine concentration is generally 
used as an indicator for inorganic Hg rather than for 
MeHg, as only a portion of MeHg is excreted from 
the kidney after metabolism (ASTDR, 1999). It has 
traditionally been difficult to compare study results 
because of the different biological media used to 
analyze the total body burden of Hg. Each available 
physiological sample type can, however, be useful 
for drawing conclusions regarding overall exposure 
to Hg. Generally, blood and urine Hg concentrations 
are indicative of more recent exposures, while hair 
Hg concentration is better correlated with longer-
term exposures (ATSDR, 1999). Incorporation of Hg 
into hair follicles is proportionate to the bioavailable 
Hg concentration in the blood. However, there is a 
lag period for hair to emerge from the scalp after 
incorporation of Hg into the follicle. A period of 20 
days has been suggested before the concentration of 
Hg in the first centimetre of hair growth reflects the 
blood level (Hislop et al., 1983; National Research 
Council, 2000; Clarkson and Magos, 2006). While 
there is individual variation in hair growth rates,  

across the placenta to the fetus (ATSDR, 1999; 
Clarkson and Magos, 2006; Clarkson et al., 2007). 
Distribution of Hg is generally considered to be 
uniform. However, depending on the tissue, dose, and 
length of exposure, MeHg can be demethylated and 
subsequently converted to inorganic Hg. For example, 
experimental studies have shown that the highest 
level of MeHg is retained in the kidneys following 
chronic exposure, while brain tissues accumulate a 
higher proportion of inorganic Hg. This distribution 
of Hg within the body suggests that, over time, 
MeHg can be converted to inorganic Hg, and that 
the conversion is tissue-specific (ATSDR, 1999; Rice, 
1989a; Rice, 1989b). 

Multiple pathways can lead to fetal and infant 
exposure. In addition to crossing the placental 
barrier, methylmercury is also transferred to infants 
via breast milk. In humans, several reports have 
indicated that Hg concentrations can be up to twice 
as high in cord blood than in maternal blood; the 
infant:mother blood Hg concentration ratio tends 
to be in the range of 1.0–2.0 (Inskip and Piotroski, 
1985; ATSDR, 1999; Butler Walker et al., 2006; 
Sakamoto et al., 2012). 

Methylmercury is primarily excreted from the body 
via feces (Inskip and Piotroski, 1985; ATSDR, 1999; 
Clarkson and Magos, 2006; Clarkson et al., 2007). 
Following oral exposure, less than one-third of THg 
is excreted via the kidneys (ATSDR, 1999). Some 
experimental animal studies have indicated that 
MeHg is secreted in the bile and can be re-absorbed 
in the intestine (ATSDR, 1999). Others have shown 
that MeHg can be re-absorbed from the gall bladder, 
providing further evidence that it is recycled within 
the body. Studies in human volunteers given fish 
containing radiolabelled Hg confirm that Hg is well 
absorbed in the body following ingestion (Miettinen 
et al., 1971). Enterohepatic circulation of MeHg in the 
body may contribute to its biological half-life, which 
ranges from 42 d (in lactating women) to 70 d (in 
non-lactating women) in blood, and to its ability to 
cause adverse health effects (Inskip and Piotroski, 
1985; ATSDR, 1999; National Research Council, 
2000). For THg, a half-life of 57 d has been measured 
after accounting for background levels (Yaginuma-
Sakurai et al., 2012).
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14.3.1 Mercury Guidance Values

Mercury guidance values help to provide a context for 
human health risks associated with MeHg exposure. 
Guidance values are typically set and updated on the 
basis of sufficient scientific evidence.

Both the International Commission on Occupational 
Health and the International Union of Pure and Applied 
Chemistry Commission on Toxicology define as a 
background blood Hg concentration of 2 µg L-1 for 
individuals who do not eat fish (National Research 
Council, 2000). Proposed guidance on follow-up 
actions based on blood and hair Hg concentrations 
for specific populations according to age and gender 
are summarized in Table 14.1 (Health Canada, 1999; 
Legrand et al., 2010). In Canada, Health Canada’s Hg 
guidance value for the general population is 20 µg 
L-1 in blood (Health Canada, 1999). Individuals with 
mercury concentrations below 20 µg L-1 in blood are 
considered within an acceptable range; those with 
concentrations between 20 µg L-1 and 100 µg L-1 
are considered to be at increasing risk; those with 
concentrations exceeding 100 µg L-1 are considered 
to be at risk of health effects (Health Canada, 1999). 
Recently, a harmonized provisional interim Hg blood 
guidance value of 8 µg L-1 has been proposed for 
children (under 18 years of age), pregnant women, 
and women of childbearing age (younger than 50 
years) to protect the neurological development 
of fetuses and young children (Legrand et al. 
2010). According to this proposed guidance value 
framework,, members of these groups with blood Hg 
concentrations between 8 µg L-1 and 40 µg L-1 are 
considered to be at an increased risk, and those with 
concentrations exceeding 40 µg L-1 are considered 
to be at risk of health effects. In this chapter, the 
distribution of sample data must be known in order to 
make a meaningful comparison of population means 
to Hg guidance values. Populations for which these 
data were available have been compared with the 
guidance values in Section 12.3.5.

a common growth rate of 1.1 cm per month is 
assumed for scalp hair (e.g., Boischio and Cernichiari, 
1998; National Research Council, 2000; Legrand 
et al., 2010) based on the median growth rate for 
hair calculated by Cox et al. (1989).  theIndividual 
hair growth rates, age, metabolic rates, genetics, 
and gender contribute to variations of these overall 
estimates (Canuel et al., 2006; Legrand et al., 2010). 
A hair:blood ratio of 250:1 has been internationally 
accepted to compare hair and blood Hg levels at a 
steady state (JECFA, 2003; Legrand et al., 2010), and 
is used in this chapter. Some research suggests this 
ratio may be too low; however, further research and 
discussion is needed for the international research 
community to adopt a higher ratio (Yaginuma-Sakurai 
et al., 2012). 

Biomonitoring data are a useful and relevant 
tool for determining exposure to environmental 
contaminants in Canada. Data collected from the 
general population are used to establish reference 
ranges for concentrations of chemicals in Canadians, 
which allow comparisons with subpopulations. 
Biomonitoring data also establish baseline 
concentrations of chemicals, allowing historical 
tracking of exposure. Furthermore, population-based 
biomonitoring initiatives are used to determine 
strategic public health actions to reduce exposure 
and associated health risks. Continued biomonitoring 
is vital to risk management strategies for MeHg, as it 
supports future research on potential links between 
exposure and health effects. The results of several 
biomonitoring studies for the general population and 
various subgroups are summarized in this section.

While the focus of this chapter is on MeHg, 
biomonitoring studies in this section report THg 
concentrations in tested biological media, unless 
otherwise stated. Studies often measure blood and 
urine Hg concentrations as THg, which comprises all 
forms of Hg present in the sample. The concentration 
of THg in blood is accepted as a reasonable 
biomeasure of MeHg exposure (Health Canada, 
2010a), even in studies that focus on MeHg. Unless 
otherwise stated, mean concentrations reported are 
geometric, since the Hg concentration data often have 
a log-normal distribution.
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data also enable researchers to examine relationships 
between disease risk factors and health status and  
to explore emerging public health issues (Health 
Canada, 2010a).

Mercury was measured in blood and urine samples 
collected in Cycle 1 (2007–2009) of the CHMS. Total 
Hg in blood and inorganic Hg in urine were measured 
in all survey participants aged 6 to 79, while inorganic 
Hg in blood was measured in a subset of survey 
participants aged 6 to 79 (Health Canada, 2010a).  
The blood Hg results, discussed below, provide 
estimates of levels in the general Canadian population.

Results from Cycle 1 of the survey demonstrate 
that, while Hg was detected in most of the Canadian 
population tested, blood concentrations were usually 
below the guidance values for the respective age 
and gender groups. The mean blood concentration 
of Hg for the surveyed population aged 6 to 79 was 
0.69 µg L-1 (Health Canada, 2010a) (Table 14.2). The 
group with the highest concentration of blood Hg was 

14.3.2 National Biomonitoring of Mercury 
in Canada

14.3.2.1 Canadian Health Measures Survey

The Canadian Health Measures Survey (CHMS), 
launched by Health Canada in 2007, collects key 
information concerning the health of Canadians 
from direct physical measurements such as blood 
pressure, height, weight, and physical fitness. 
Information related to nutrition, smoking habits, 
alcohol use, medical history, current health status, 
sexual behaviour, lifestyle and physical activity, 
environmental and housing characteristics, as well as 
demographic and socioeconomic variables, are also 
collected through questionnaires. Blood and urine 
samples are collected and tested for chronic and 
infectious diseases and nutritional and environmental 
markers. The data generated in the biomonitoring 
component are used to create national baseline levels 
on exposure to environmental chemicals. The CHMS 

TABLE 14.1  Canadian Mercury Guidance Values and Recommended Actions

Group and age
Blood value,

mg L-1

Corresponding 
hair value, mg g-1 Recommended action

Pregnant women
Females birth–49
Males ≤18

<8 <2a No follow-up required

Pregnant women
Females birth–49
Males ≤18

8–40 2–10a Repeat hair/blood test in 6 months;  
provide dietary advice

Pregnant women
Females birth–49
Males ≤18

>40 >10a Repeat hair/blood test immediately;  
schedule appointment with public  

health official

Females > 50, Males >18 <20 <6b No follow-up required

Females > 50, Males >18 20–100 6–30b Repeat hair/blood test in 6 months;  
provide dietary advice

Females and males at 
any age

>100 >30b Repeat hair/blood test immediately; schedule 
appointment with public health official; refer 

to physician or medical toxicologist

a Harmonized provisional interim mercury blood guidance value proposed by Legrand et al. (2010); based on hair:blood ratio of 250:1
b Proposed by Health Canada (1999); based on hair:blood ratio of 300:1
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national average for blood Hg concentrations and 
provide a point of comparison for the subpopulation 
studies that follow in subsequent sections of  
this chapter.

men aged 40 to 59, with a mean concentration of 
1.04 µg L-1. The mean blood Hg concentration for all 
males surveyed was 0.68 µg L-1, while the mean for 
all women surveyed was slightly higher at 0.70 µg L-1 

(Health Canada, 2010a). These data represent a 

TABLE 14.2  Summary of Canadian Health Measures Survey Data from Cycle 1 (2007–2009) (Health Canada 2010a)

Blood concentration, THg, µg L-1 (95% CI)

Group 
and age

n
Arithmetic 

mean 
Geometric 

mean 
10th 

percentile
25th 

percentile
50th 

percentile
75th 

percentile
90th 

percentile
95th 

percentile
%<LOD

Total, 
6–79

5 319 1.42 
(1.00–1.84)

0.69 
(0.56–0.86)

0.12 
(<LODa–0.14)

0.33 
(0.26–0.39)

0.81 
(0.64–0.97)

1.61 
(1.17–2.04)

3.07 
(2.21–3.93)

4.70 
(2.61–6.78)

11.6

6–11 910 0.58 
(0.44–0.73)

0.27 
(0.22–0.32)

<LOD <LOD 0.28 
(0.23–0.34)

0.66 
(0.47–0.85)

1.37 
(1.07–1.67)

2.08 
(1.27–2.88)

24.8

12–19 945 0.64 
(0.31–0.97)

0.31 
(0.23–0.40)

<LOD 0.13 
(<LOD–0.18)

0.32 
(0.24–0.41)

0.76 
(0.47–1.06)

1.36 
(0.53–2.20)

2.25 
(0.93–3.56)

20.9

20–39 1 165 1.28 
(0.87–1.69)

0.65 
(0.52–0.82)

0.12 
(<LOD–0.16)

0.30 
(0.24–0.36)

0.77 
(0.62–0.92)

1.49 
(0.93–2.06)

3.10 
(1.97–4.24)

4.89 
(2.45–7.32)

8.76

40–59 1 220 1.88 
(1.28–2.49)

1.02 
(0.81–1.27)

0.27 
(0.19–0.35)

0.56 
(0.42–0.70)

1.11 
(0.86–1.37)

1.93 
(1.50–2.36)

3.59 
(2.31–4.86)

6.39 
(3.03–9.76)

3.52

60–79 1 079 1.55 
(1.05–2.06)

0.87 
(0.66–1.16)

0.17 
(<LOD–0.26)

0.47 
(0.33–0.61)

0.97 
(0.70–1.23)

1.89 
(1.23–2.54)

3.41 
(2.43–4.38)

4.83 
(2.73–6.92)

4.73

Males
Total

2 576 1.50 
(0.99–2.00)

0.68 
(0.55–0.85)

0.10 
(<LOD–0.14)

0.32 
(0.25–0.39)

0.79 
(0.64–0.94)

1.61 
(1.15–2.07)

3.16 
(2.18–4.15)

5.13 
(2.70–7.57)

12.1

Males
6–11

459 0.51 
(0.32–0.71)

0.24 
(0.19–0.31)

<LOD <LOD 0.26 
(0.18–0.33)

0.62 
(0.39–0.84)

1.19 
(0.52–1.86)

2.05 
(0.96–3.13)

26.1

Males
12–19

489 0.65 
(0.15–1.16)

0.29 
(0.20–0.41)

<LOD 0.12 
(<LOD–0.17)

0.28 
(0.17–0.39)

0.64 
(0.19–1.09)

1.48 
(0.41–2.55)

2.29 
(0.54–4.04)

20.7

Males
20–39

514 1.26 
(0.82–1.70)

0.62 
(0.47–0.80)

<LOD 0.27 
(0.19–0.36)

0.73 
(0.56–0.90)

1.51 
(0.72–2.30)

3.18 
(1.71–4.65)

4.61 
(2.60–6.63)

9.34

Males
40–59

577 2.08 
(1.12–3.03)

1.04 
(0.82–1.32)

0.28 
(0.19–0.37)

0.59 
(0.43–0.75)

1.07 
(0.81–1.32)

1.83 
(1.52–2.15)

3.42 
(1.28–5.56)

6.84 
(1.42–12.26)

3.47

Males
60–79

537 1.73 
(1.09–2.37)

0.98 
(0.73–1.31)

0.21 
(0.10–0.31)

0.51 
(0.37–0.66)

1.05 
(0.69–1.40)

2.20 
(1.61–2.79)

3.57 
(1.80–5.34)

5.67 
(1.35–9.99)

4.28

Females
Total

2 743 1.34 
(0.96–1.72)

0.70 
(0.56–0.89)

0.13 
(0.10–0.16)

0.33 
(0.25–0.40)

0.83 
(0.63–1.03)

1.58 
(1.15–2.00)

3.00 
(2.14–3.87)

4.45 
(2.55–6.36)

11.2

Females
6–11

451 0.66 
(0.53–0.79)

0.29 
(0.25–0.35)

<LOD 0.11 
(<LOD–0.15)

0.30 
(0.25–0.34)

0.80 
(0.54–1.05)

1.44 
(1.21–1.67)

2.15 
(1.08–3.23)

23.5

Females
12–19

456 0.63 
(0.46–0.79)

0.33 
(0.26–0.42)

<LOD 0.15 
(<LOD–0.21)

0.36 
(0.27–0.45)

0.83 
(0.60–1.05)

1.19 
(0.43–1.96)

2.23 
(1.32–3.15)

21.1

Females
20–39

651 1.30 
(0.85–1.76)

0.70 
(0.52–0.92)

0.16 
(0.10–0.22)

0.33 
(0.23–0.42)

0.80 
(0.59–1.02)

1.49 
(0.96–2.02)

2.67 
(1.69–3.65)

4.77 
(2.07–7.46)

8.29

Females
40–59

643 1.69 
(1.19–2.20)

0.99 
(0.77–1.28)

0.24 
(0.14–0.34)

0.53 
(0.36–0.69)

1.16 
(0.88–1.44)

2.02 
(1.44–2.60)

3.65 
(2.21–5.10)

5.35 
(2.02–8.67)

3.58

Females
60–79

542 1.39 
(0.99–1.80)

0.79 
(0.59–1.05)

0.13 
(<LOD–0.22)

0.40 
(0.21–0.58)

0.92 
(0.71–1.12)

1.70 
(1.20–2.19)

3.33 
(2.47–4.19)

4.37 
(2.97–5.77)

5.17

a LOD = limit of detection = 0.10 µg L-1
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traditionally harvested country food, while 
providing information that assists individuals 
and communities in making informed 
decisions about food use” (AANDC, 2012)

To date, the NCP has conducted three human 
health assessments as part of the Canadian 
Arctic Contaminants Assessment Reports (CACAR) 
in conjunction with the Arctic Monitoring and 
Assessment Programme (AMAP), a working group of 
the Arctic Council. The first human health assessment, 
CACAR-I, was conducted in 1997 (Gilman et al., 1997) 
and the second, CACAR-II, was completed in 2003 
(Van Oostdam et al., 2003). The latest assessment 
conducted in 2009 (Van Oostdam et al., 2009) extends 
the results of the previous two assessments and 
addresses the changes in human concentrations of 
contaminants in the Arctic.

Obtaining random and representative samples 
from the North can be challenging because of low 
population sizes and the geographical remoteness 
of the communities; as well, researchers try to 
prevent “research fatigue” in small populations under 
surveillance (Odland and Nieboer, 2012). Hence, care 
must be taken when assessing Northern population 
data to ensure they are interpreted in the appropriate 
context. For example, often all expectant mothers from 
a region are invited to volunteer for a study in order to 
achieve appropriate sample sizes.

Northwest Territories 

Between 1994 and 1999, Hg concentrations were 
measured in maternal and umbilical cord blood in 
Inuit, Dene/Métis, and non-Aboriginal participants 
in five regions of the Northwest Territories (NWT): 
Inuvik, Kitikmeot, Mackenzie, Keewatin, and Baffin 
(Butler Walker et al., 2006). The Baffin region, and 
the majority of both Keewatin (now Kivalliq) and 
Kitikmeot regions, are now part of the territory of 
Nunavut, created in 1999. However, as the monitoring 
program was implemented before the division of the 
NWT, they are reported here as data for the NWT. A 
total of 386 maternal blood samples, 407 cord blood 
samples, and 351 cord blood–maternal blood paired 
samples were collected from the 5 regions of the 
NWT. The mean maternal blood Hg concentration 

14.3.3 Population Biomonitoring of 
Mercury in Canada

Some groups, such as Aboriginal peoples, sport 
fishers, and Asian Canadians, are more likely to be 
exposed to MeHg in higher concentrations than the 
general Canadian population because of a diet higher 
in fish and seafood (WHO/UNEP, 2008). The most 
recent biomonitoring data for Canadian population 
groups are presented here (some historical data are 
also presented in Appendix A). Both biomonitoring and 
health effect studies provide a rich source of data in 
humans. However, since study design and subsequent 
treatment of data can differ between biomonitoring 
and health effects studies, data from the latter should 
be interpreted with caution when they are used as a 
measure of exposure.

14.3.3.1 Aboriginal Population of Canada

Aboriginal people face distinct issues regarding 
contamination of their food sources. They have a very 
strong cultural attachment to the consumption of 
certain food items, and harvesting these foods also 
serves as a unifying activity for some communities. 
Locally harvested foods are also economically 
beneficial, as market food is typically expensive in the 
more isolated regions.

14.3.3.1.1 Canadian Arctic

The Northern Contaminants Program (NCP) was 
established in 1991 to address concerns about 
potential human health risks in the Canadian 
Arctic associated with exposure to environmental 
contaminants through the consumption of country 
food. Long-range atmospheric transport and ocean 
currents lead to transport of Hg to areas where there 
may be low to no local or regional mercury sources 
(ATSDR, 1999; UNEP, 2002). The Arctic region has 
historically acted as a sink for pollutants capable of 
travelling long distances, leading to their accumulation 
in the environment and wildlife in this region (AMAP, 
2009; Government of Canada, 2010). The mission of 
the NCP is as follows:

“To work toward reducing and, wherever 
possible, eliminating contaminants in 
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Another survey conducted in Nunavut in 2004 aimed 
to characterize the magnitude of Hg exposure by 
exploring dietary intake and Hg concentrations 
in hair (Solomon, 2005). Data for this study were 
collected using food frequency questionnaires, hair 
samples, and country food samples. The mean hair 
Hg concentration for the general population of Igloolik 
(n = 40) was 6.2 µg g-1, and 2.1 µg g-1 in women of 
childbearing age. In Repulse Bay, the mean hair Hg 
concentration for the general population (n = 52) was 
2.7 µg g-1 and 2.1 µg g-1 for women of childbearing 
age. A correlation was shown between country food 
intake and Hg concentrations in hair samples.

Dietary exposure to Hg in preschool children aged 3 
to 5 years from 16 Nunavut communities representing 
3 regions within Nunavut (Baffin, Kitikmeot, and 
Kivalliq) have also been estimated. Between 2007 
and 2008, hair samples were collected from 388 
children and 97 adults who lived with participating 
children. The mean hair Hg concentration across 
the 3 regions was 0.66 µg g-1. Investigators found 
regional differences in hair Hg concentrations: 
1.14 µg g-1, 0.31 µg g-1, and 0.52 µg g-1 were the 
mean concentrations in Baffin, Kitikmeot, and Kivalliq, 
respectively (Tian et al., 2011).

Northern Quebec (Nunavik Region)

In the Nunavik region of Quebec, a number of 
studies have looked at concentrations of Hg in hair 
and cord blood, as well as in the blood of men, 
pregnant women, and children. In the 2009 CACAR-
III assessment, the NCP summarized mercury 
biomonitoring data from several studies in this region 
since 1992. These include the 1992 Santé Québec 
Health Survey (Santé Québec, 1994), the Cord Blood 
Monitoring Program conducted in the mid-1990s 
(Dewailly et al., 1998; Dallaire et al., 2003), which 
was followed by the Environmental Contaminants 
and Child Development Study (Muckle et al., 2001; 
Dallaire et al., 2003) and by the Nunavik Inuit Health 
Survey in 2004 (Fontaine et al., 2008).

In the 1992 survey, blood samples from 209 adult 
male and 283 female participants were collected and 
analyzed for Hg. Dewailly et al. (2001) found that the 
mean blood Hg concentration for all participants was 

varied among the different ethnic groups. Inuit, Dene/
Métis, and Caucasian mothers had mean blood 
Hg concentrations of 3.51 µg L-1, 1.35 µg L-1, and 
0.87 µg L-1, respectively. The means cord blood Hg 
concentrations were 6.96 µg L-1, 1.62 µg L-1, and 
1.22 µg L-1 for Inuit, Dene/Métis, and Caucasian 
participants, respectively. Analyses of the cord blood–
maternal blood pairs revealed that, on average, cord 
blood mercury concentrations are significantly greater 
than concentrations in maternal blood samples.

From this study, contaminant data were established 
for Inuit, Dene/Métis, and Caucasian pregnant women 
in Inuvik between 1998 and 1999. Baseline blood Hg 
concentrations were 2.1 µg L-1, 1.1 µg L-1, and 0.6 
µg L-1, respectively (Tofflemire, 2000, as reported in 
Donaldson et al., 2010), and 1.2 µg L-1 (n = 94) for all 
mothers reported (Tofflemire, 2000). This was used 
as a baseline for a follow-up study conducted in the 
Inuvik region between 2005 and 2006 to monitor 
blood mercury concentrations in mothers (n = 76). 
Samples were collected in the third trimester or 
immediately after birth from 52 Inuit, 17 Dene/Métis, 
and 7 non-Aboriginal participants. Inuit (1.13 µg L-1) 
and Dene/Métis (0.72 µg L-1) mothers had mean 
mercury blood concentrations approximately 4 
and 3 times higher than non-Aboriginal mothers 
(0.26 µg L-1) (Armstrong et al., 2007).

Nunavut

As noted above, the Baffin region was included in 
the maternal monitoring study in the NWT before 
the creation of Nunavut. From this study (samples 
taken in 1997), the mean blood Hg concentration 
for pregnant Inuit women in the Baffin region was 
found to be 6.72 µg L-1 (n = 31) (Butler Walker et al., 
2006). These data form the baseline maternal blood 
concentration for pregnant women in this region  
of Nunavut.

A subsequent study in 2005 to 2007 acted as a 
follow-up to provide information on changes in 
concentrations in the Baffin region. The follow-up 
study recruited 99 pregnant Inuit women in the Baffin 
region of Nunavut. The mean maternal blood Hg 
concentration was 4.0 µg L-1 (Potyrala, pers. comm., 
as cited in Donaldson et al., 2010).
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In 2004, a broad-scale health survey (Nunavik Inuit 
Health Survey) was conducted in 14 coastal Nunavik 
communities to assess health status and measure 
health indicators among the Inuit population. As part 
of this study, blood Hg concentrations were measured 
for Inuit men (n = 414) and women (n = 503) 
between the ages of 18 and 74. The mean blood Hg 
concentrations were 2 9.18 µg L-1 and 11.5 µg L-1 for 
men and women, respectively. The reported combined 
mean blood Hg concentration of 10.3 µg L-1 was a 
32% decrease from values reported in the 1992 Santé 
Québec Health Survey (Fontaine et al., 2008).

In 2007, the mean blood Hg concentration among 
pregnant Inuit women from Nunavik was 4.0 µg L-1 
(n = 42) (Pereg 2008, pers. comm., as cited in 
Donaldson et al., 2010) which represented a decline 
from earlier studies. In 1992, when pregnant 
women were first studied, mean maternal blood Hg 
concentration of 12 µg L-1 was measured (Santé 
Québec, 1994, as cited in Donaldson et al., 2010). 

A number of studies have also been conducted in 
Nunavik to assess health effects from Hg exposure. 
These studies provide a rich dataset for Hg 
concentrations in blood and are described in some 
detail here. Mercury exposure has been monitored 
in Inuit children to determine whether exposure is a 
potential risk factor in child behavioural development. 
Between 2000 and 2002, blood samples from 
110 Inuit children aged 4 to 6 years old living in 
Nunavik were collected as a follow-up to the Cord 
Blood Monitoring Program (1993–1996; n = 251), 
which aimed to document prenatal exposure to 
environmental contaminants (Dallaire et al., 2003). 
The reported mean blood Hg concentration in these 
4 to 6 year old children from the follow-up study 
was 9.6 µg L-1 (Plusquellec et al., 2010). A large 
proportion of this cohort was followed up in several 
other studies. From 2005 to 2007, Boucher et al. 
investigated neurophysiological effects in children 
(n = 193) aged 9 to 13 years old. The mean Hg blood 
concentration was 4.6 µg L-1 (Boucher et al., 2012). 
In a prospective study conducted between 2006 and 
2010, an investigation into the benefits of a nutrition 

2  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B.

16.0 µg L-1.1 There was no statistically significant 
difference between the mean blood concentration 
for men and for women. Further, both had increasing 
blood Hg concentrations in older age groups. 
When investigating the relationship between Hg 
concentrations and dietary habits, participants from 
Ungava Bay (n = 201), who generally relied more on 
terrestrial game, demonstrated significantly lower 
blood concentrations than participants from Hudson 
Bay (n = 291) who generally ate more fish and 
seafood (11.0 µg L-1 versus 18.7 µg L-1, respectively). 
Non-Inuit participants (n = 34) had a mean blood Hg 
concentration of 3.73 µg L-1(Dewailly et al., 2001).

As part of the Environmental Contaminants and Child 
Development Study, Muckle et al. (2001) recruited 
Inuit mothers (n = 175) and newborns living in 
Nunavik near the Hudson Bay coast between 1995 
and 2000. Interviews were conducted with the 
mothers at 1 and 11 months post partum. Maternal 
hair, blood, and cord blood were collected for 
analysis, with mean Hg concentrations of 3.7 µg g-1, 
10.4 µg L-1, and 18.5 µg L-1, respectively. Mercury 
cord blood concentrations were found to be almost 
twice as high as maternal blood concentrations, in 
line with previous findings that the exposure to the 
developing fetus is higher than the mother’s exposure 
(Muckle et al., 2001).

Dallaire et al. studied time trends in Hg in umbilical 
cord blood in Inuit infants born in Nunavik between 
1994 and 2001. This analysis was based on compiled 
data from both the Cord Blood Monitoring Program 
and the Environmental Contaminants and Child 
Development Study. The investigators concluded that, 
overall, Hg concentrations decreased by more than 
8% per year during the time period (Dallaire et al., 
2003).

Overall, maternal blood Hg concentrations were 
also found to decrease in pregnant Inuit women in 
Nunavik from 1996 to 2004, with mean maternal 
concentrations of 13 µg L-1 in 1996 and 7.6 µg L-1 
in 2004 (Dewailly et al., special analysis, as cited in 
Donaldson et al., 2010).

1  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B.
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Another national initiative, launched in 2008, is 
the First Nations Biomonitoring Initiative (FNBI), a 
partnership between the AFN and FNIHB. The FNBI 
pilot project began in January 2011, and the main 
project continued in the summer and fall of 2011 
in 13 First Nations communities across Canada 
(south of 60°N latitude). The FNBI is a health survey 
designed to establish baseline information on human 
exposure to environmental chemicals, including total 
and inorganic Hg, for First Nations peoples living on 
reserves. It is the first survey of this magnitude to 
cover such a broad range of environmental chemicals 
for First Nations. It will also serve to compare, as 
much as possible, exposure between First Nations and 
the general Canadian population, which is currently 
captured under the Canadian Health Measures Survey. 
The FNBI will generate valuable data - including data 
on mercury exposure - in these communities, which 
will allow the continued exploration of emerging public 
health issues.

Previous studies investigating health outcomes have 
collected samples that were analyzed for mercury. In 
one earlier study, blood and hair Hg concentrations 
were assessed for 791 Cree men and women 
aged 18 years and older recruited from 7 James 
Bay communities in Quebec between 2005 and 
2009 (Valera et al., 2011a). The biomonitoring was 
conducted as part of a study investigating the effect of 
Hg exposure on blood pressure and cardiac autonomic 
activity. Mean blood mercury and hair mercury 
concentrations for the Cree adults were 3.09 µg L-1 
and 0.473 µg g-1, respectively.4

Other studies (albeit of limited sample size) 
examining residents of First Nations communities 
have been published in recent years. Legrand et 
al. (2005) published a report about Hg exposure 
in two communities adjacent to the Bay of Fundy 
from 2001–2002. Participants who were ethnically 
Passamaquoddy and non-Passamaquoddy were 
recruited into the study from the communities 
of St. Andrews/St. Stephen and Grand Manan 
(Passamaquoddy First Nations). A total of 29 men and 
23 women from St. Andrews/St. Stephen and 38 men 
and 54 women from Grand Manan participated in the 

4  Measures in this study are converted from nmol L-1 in 
accordance with guidelines set in Appendix B.

program recently implemented in Nunavik yielded 
blood data among infants between the ages of 11 and 
54 months. The mean Hg blood concentration was 3 
1.8 µg L-1 (n = 129) (Turgeon O’Brien et al., 2012).

14.3.3.1.2 First Nations

In 2008, the First Nations Food, Nutrition and 
Environment Study (FNFNES) began; this is a 10-
year collaborative project between the University of 
Northern British Columbia, the Université de Montréal, 
the Assembly of First Nations (AFN), and the First 
Nations and Inuit Health Branch (FNIHB) of Health 
Canada. The FNFNES is documenting the nutritional 
benefits and environmental contaminants in modern 
diets of First Nations peoples living on reserves,  
and developing a representative picture of total 
Hg body burden. Its objectives are to evaluate 
the relationships between dietary exposure to 
environmental contaminants, diet quality, and 
health indicators, and to examine the feasibility of 
a longitudinal prospective study of trends in dietary 
contaminant exposures.

Data collection was completed in the British Columbia 
and Manitoba regions between 2008 and 2010. The 
analysis for British Columbia was available at the time 
of this publication. Of the 1 103 FNFNES participants 
in British Columbia, hair Hg concentrations were 
analyzed in 487. The mean Hg concentration in 
hair among adult First Nations populations living on 
reserve was 0.36 µg g-1 (based on weighted and age-
sex standardized data). The group with the highest 
exposure to Hg was women older than 51 years of 
age, with a mean 0.55 µg g-1 in hair (corresponding to 
a blood Hg concentration of 2.2 µg L-1). For women of 
childbearing age (19–50 age category), the mean hair 
Hg concentration was 0.28 µg g-1 (Chan et al., 2011). 
The results of the 2008–2009 FNFNES study for Hg in 
hair are presented in Table 14.3. Table 14.4 converts 
the Hg in hair values to blood equivalents using the 
250 conversion factor described in Section 3.1. 

3  Measures in this study are converted from nmol L-1 in 
accordance with guidelines set in Appendix B.
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TABLE 14.3  Mercury hair concentrations in First Nations population older than 19 living on reserves in British 
Columbia, First Nations Food Nutrition and Environment Study (2008–2009).

Blood concentration, THg, µg g-1 (95% CI)

Group and 
age

n
Arithmetic 

mean
Geometric 

mean
50th 

percentile
75th 

percentile
90th 

percentile
95th 

percentile

Total,
19–51+

487 0.59
(0.36–0.82)

0.36
(0.25–0.53)

0.34
(0.15–0.53)

0.75
(0.26–1.23)

0.41
(0.24–0.58)

0.48
(0.32–0.65)

19–30 94 0.34
(0.10–0.58)

0.23
(0.16–0.34)

0.22
(0.13–0.31)

0.30
(0.06–0.55)

0.64
(0.20–1.08)

NR

31–50 240 0.57
(0.39–0.75)

0.37
(0.25–0.55)

0.37
(0.06–0.68)

0.73
(0.35–1.12)

1.20
(0.88–1.52)

1.30
(0.59–2.02)

51+ 153 0.87
(0.20–1.54)

0.55
(0.21–1.47)

0.64
(0.04–1.23)

1.28
(0.26–2.30)

1.98
(0.36–3.60)

NR

Males,
Total

142 0.64
(0.29–1.00)

0.38
(0.22–0.67)

0.38
(0.03–0.72)

0.82
(0.16–1.49)

1.95
(0.58–3.33)

2.06
(0.88–3.24)

Males,
19–30

25 0.23
(0.14–0.31)

0.19
(0.14–0.25)

0.16
(0.05–0.27)

0.27
(0.12–0.42)

0.41
(0.24–0.58)

0.48
(0.32–0.65)

Males,
31–50

62 0.73
(0.50–0.96)

0.50
(0.28–0.88)

0.68
(0.33–1.04)

1.11
(0.67–1.55)

1.26
(0.93–1.59)

1.65
(1.01–2.30)

Males,
51+

55 0.95
(0.12–1.79)

0.55
(0.18–1.63)

0.56
(-0.21–1.33)

1.76
(0.17–3.36)

N/R NR

Females, 
Total

345 0.54
(0.38–0.70)

0.35
(0.25–0.48)

0.32
(0.21–0.43)

0.72
(0.32–1.12)

1.30
(0.95–1.65)

1.54
(1.27–1.81)

Females,
19–30

69 0.46
(0.07–0.85)

0.29
(0.16–0.53)

0.25
(0.08–0.42)

0.44
(0.07–0.80)

N/R NR

Females,
31–50

178 0.40
(0.33–0.48)

0.27
(0.23–0.32)

0.32
(0.30–0.35)

0.45
(0.35–0.54)

0.77
(0.31–1.23)

1.18
(0.70–1.66)

Females,
51+

98 0.79
(0.26–1.31)

0.55
(0.22–1.43)

0.68
(0.05–1.31)

1.24
(0.42–2.07)

1.44
(0.53–2.35)

1.80
(0.67–2.93)

NR = Not reported due to insufficient samples to produce reliable estimates.
Source: Chan et al., 2011
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TABLE 14.4  Mercury blood concentrations in First Nations population older than 19 living on reserves in British 
Columbia, First Nations Food Nutrition and Environment Study (2008–2009)

Blood concentration, THg, µg L-1 (95% CI)

Group and 
agew

n
Arithmetic 

mean
Geometric 

mean
50th 

percentile
75th 

percentile
90th  

percentile
95th 

percentile

Total,
19–51+

487 2.37
(1.44–3.30)

1.46
(0.99–2.14)

1.37
(0.60–2.13)

2.98
(1.05–4.92)

1.63
(0.94–2.32)

1.92
(1.26–2.58)

19–30 94 1.34
(0.38–2.30)

0.92
(0.62–1.37)

0.86
(0.50–1.23)

1.22
(0.23–2.20)

2.56
(0.80–4.33)

NR

31–50 240 2.29
(1.57–3.01)

1.48
(1.01–2.18)

1.48
(0.24–2.71)

2.94
(1.40–4.47)

4.80
(3.51–6.08)

5.21
(2.36–8.07)

51+ 153 3.48
(0.81–6.16)

2.20
(0.82–5.89)

2.54
(0.16–4.93)

5.14
(1.06–9.22)

7.90
(1.42–14.4)

NR

Males,
Total

142 2.57
(1.16–3.98)

1.52
(0.86–2.69)

1.51
(0.13–2.88)

3.30
(0.65–5.94)

7.82
(2.32–13.3)

8.24
(3.52–13.0)

Males,
19–30

25 0.90
(0.58–1.22)

0.75
(0.56–1.01)

0.63
(0.19–1.06)

1.08
(0.48–1.67)

1.63
(0.94–2.32)

1.92
(1.26–2.58)

Males,
31–50

62 2.92
(1.99–3.86)

1.99
(1.13–3.50)

2.73
(1.30–4.17)

4.44
(2.68–6.19)

5.05
(3.74–6.37)

6.60
(4.02–9.19)

Males,
51+

55 3.81
(0.48–7.15)

2.19
(0.74–6.53)

2.25
(0.82–5.32)

7.06
(0.67–13.4)

NR NR

Females, 
Total

345 2.16
(1.50–2.81)

1.39
(1.01–1.91)

1.29
(0.86–1.73)

2.88
(1.30–4.46)

5.19
(3.80–6.58)

6.16
(5.09–7.23)

Females,
19–30 

69 1.84
(0.29–3.38)

1.17
(0.64–2.11)

0.984
(0.30–1.67)

1.75
(0.28–3.21)

NR NR

Females,
31–50

178 1.61
(1.30–1.92)

1.08
(0.92–1.28)

1.29
(1.18–1.40)

1.78
(1.42–2.14)

3.09
(1.26–4.93)

4.70
(2.78–6.62)

Females,
51+

98 3.15
(1.05–5.25)

2.21
(0.86–5.70)

2.71
(0.20–5.22)

4.97
(1.68–8.26)

5.76
(2.11–9.40)

7.20
(2.69–11.7)

NR = Not reported due to insufficient samples to produce reliable estimates.
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higher in the Vietnamese sport fishers (1.23 µg g-1) 
than in the Bangladeshi sport fishers (1.07 µg g-1) 
sampled. Non-Asian sport fishers had a median hair 
Hg concentration of 0.73 µg g-1. Despite the small 
number of survey participants, the authors suggested 
that Hg concentrations in Asian-origin sport fishers 
are slightly elevated when compared with non-Asian 
Montreal-area sport fishers, and that the difference is 
likely the result of distinct dietary patterns (Kosatsky 
et al. 1999).

As part of a research program on contaminant 
exposures among Ontario sport fishers, Cole et al. 
(2004) conducted a study among Ontario anglers 
and sport-fish eaters. As part of this study, shore and 
community recruits were surveyed in 5 Great Lakes 
Areas of Concern (AOC; n = 86) from 1996 to 1999. 
Two broad country-of-origin groups were assembled: 
Euro-Canadians (n = 45) and Asian Canadians 
(n = 41). Asian Canadians consumed a median of 
325 fish meals per year and had a mean total blood 
Hg concentration of 7.9 µg L-1. This is higher than the 
mean blood Hg concentration of the Euro-Canadians 
(2.0 µg L-1), who consumed fewer fish meals per 
year (median of 174). The authors reported that Asian 
Canadian females (n = 27) and males (n = 14) had 
mean Hg concentrations of 9.4 µg L-1 and 7.2 µg L-1, 
respectively, which were higher than those of  
Euro-Canadian females (n = 15) and males (n = 30), 
at 2.2 µg L-1 and 2.0 µg L-1, respectively.

Blood Hg concentrations were analyzed in children 
residing in Vancouver as part of a study that assessed 
Hg exposure among children in population subgroups 
whose traditional diet includes fish (Innis et al., 
2006). An ethnically diverse group of 201 children, 
aged 1.5 to 5 years, were recruited into the study 
in 2003–2004 (56 Caucasian, 68 Chinese, 17 South 
and Southeast Asian, 17 First Nations, 14 Hispanic, 
6 Middle Eastern, 18 of mixed ethnicities, 5 not 
provided). The median blood Hg concentration was 
0.92 µg L-15 for all participants combined. Children of 
Chinese descent had a median blood Hg concentration 
of 2.14 µg L-1, which was significantly higher than 
the median concentration in children of Caucasian 
and all other ethnicities combined (0.18 µg L-1 and 

5  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix A.

study. Hair samples taken in 2002 indicated mean 
mercury concentrations of 0.42 µg g-1 in the group 
from St. Andrews/St. Stephen and 0.70 µg g-1 in the 
group from Grand Manan. There were no significant 
differences between men and women from either 
group. These results show that Hg exposure in these 
First Nations communities is low.

Collectively, available data about Hg exposure 
concentrations in people living in First Nations 
communities south of 60°N latitude suggest that Hg 
exposure is relatively low and is generally lower than 
for Arctic Inuit populations.

14.3.3.2 Asian Canadians

Asian Canadians may have higher-than-average 
exposures to Hg as a result of a diet high in fish and 
seafood, as well as other economic, lifestyle, and 
cultural factors. Fish is an essential component of the 
Asian diet and is eaten daily in many countries. In an 
effort to retain certain cultural aspects of their home 
countries, immigrant communities often continue to 
consume large quantities of fish. As a result, sport 
fishing and sport-fish consumption are common 
practices in Asian cultural communities. Asian 
Canadians live throughout Canada, with a significant 
proportion residing in metropolitan areas including 
Vancouver and Toronto (Lindsay, 2001a; Lindsay, 
2001b). Although fish consumption has nutritional 
benefits, it may also lead to increased exposure to 
MeHg if the fish are taken from high Hg-loading areas 
and are consumed in large quantities.

To assess fish consumption habits among Asian 
Canadian sport fishers, an exploratory assessment 
was conducted in the fall of 1995 of Bangladeshi 
(n = 9) and Vietnamese (n = 9) immigrants who fish 
on the St. Lawrence River in the Montreal region. The 
researchers found that almost all the sport fish caught 
by fishers of Asian origin were consumed and that 
predatory species accounted for approximately 33% 
of their catch. As a secondary part of this exploratory 
assessment, investigators analyzed hair Hg 
concentrations collected from the survey participants. 
Their hair Hg concentrations were compared to 
non-Asian sport fishers from the Montreal area 
(n = 25). The median hair Hg concentration was 
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was 1.5 µg L-1. The authors concluded that, while 
Hg concentrations in this group were higher than in 
other Great Lakes populations, concentrations were 
lower than other Canadian populations that frequently 
consume fish (Cole et al., 2004).

Mercury exposure from fish was assessed in 2003 
for participants from lakeside communities in two 
ecosystems in Quebec: Lac Saint-Pierre, a fluvial 
lake of the St. Lawrence River downstream from 
Montreal, and three Boreal lakes in the Abitibi area. 
A total of 238 adults participated in the study, 121 
from Abitibi and 117 from Lac Saint-Pierre. Both 
hair and blood were assessed for Hg concentrations. 
In Lac Saint-Pierre, the 75th percentile blood Hg 
concentration was 3.30 µg L-1, and hair concentration 
was 1.04 µg g-1. In Abitibi, the 75th percentile 
blood Hg concentration was 8.30 µg L-1, and hair 
concentration was 1.71 µg g-1. There was a positive 
association between the frequency of freshwater fish 
consumption (but not total fish consumption) and 
Hg concentrations. Similarly, estimated Hg intake 
from freshwater catch as well as from total fish 
consumption (including market fish and seafood) was 
positively related to measured Hg concentrations. 
Ultimately, the study concluded that people residing 
in the Abitibi lakes region had higher exposures 
to Hg than those from the Lac Saint-Pierre region 
(Abdelouahab et al., 2008).

In order to address questions about potential seasonal 
fluctuations in Hg exposure of sport fishers, another 
Quebec study assessed seasonal exposure to Hg. 
Thirty-one male Caucasian sport fishers from among 
employees of the James Bay Hydro-Québec electric 
power plant were enrolled in the study. The authors 
reported that mean blood and hair Hg concentrations 
increased significantly during the fishing season 
(June to November). Blood concentrations 
increased to 7.13 µg L-1 from 4.39 µg L-1, and hair 
concentrations increased to 2.8 µg g-1 from 1.4 µg g-1, 
over the fishing season (Bélanger et al., 2008).6

A different group of 23 non-Aboriginal sport 
fishers (4 women and 19 men) from northern 
Quebec participated in a study designed to 

6  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B.

0.70 µg L-1, respectively). The study authors provided 
a comparison with the calculated blood equivalent 
(5.8 mg L-1; see Schober et al., 2003) of the US 
Environmental Protection Agency’s recommended 
reference dose for MeHg of 0.1 mg kg-1 per d (Rice 
et al., 2003). The authors noted that, among 201 
children, 12 had blood Hg concentrations exceeding 
the 5.8 µg L-1 blood equivalent of the recommended 
reference dose. These 12 children were all of Chinese 
descent. The major sources of fish among these 
children were imported rather than local. The authors 
ultimately concluded blood Hg concentrations in 
children may be variable by ethnicity and likely reflect 
dietary differences.

Few biomonitoring studies have been conducted in 
the Asian population group in Canada, but the data 
suggest that Asian Canadians and other Canadian 
ethnic groups or immigrants who consume relatively 
high amounts of fish may have higher-than-average 
exposures to Hg than the general population.  
This suggests a need for further monitoring of  
these populations.

14.3.3.3 Anglers and Sport-Fish Eaters

Fishing is often an important aspect of the lifestyle, 
and fish consumption an important part of the diet, 
for people living in communities near rivers, lakes, 
and oceans. These groups may be more likely to 
have higher Hg exposures as a result. Mercury 
contamination contributes to a large proportion of 
sport-fish consumption advisories, which provide the 
public with information about the amounts of certain 
species of sport fish that are safe to consume.

A study was conducted on licensed Ontario 
anglers and sport-fish eaters in two Lake Ontario 
communities (n = 232) in 1992–1993: Cornwall and 
Mississauga. Investigators found that 176 out of 
232 anglers consumed their catch, with the median 
number of sport-fish meals per year being 34.2 and 
10.9 for Cornwall and Mississauga participants, 
respectively. Mercury was detected in 87% of 
the blood samples of participants, and the mean 
Hg concentration was 2.2 µg L-1 for Cornwall and 
Mississauga sport-fish eaters combined. Mean Hg 
concentration for anglers who did not eat sport fish 
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and the first results were published in 2014 There are 
3 main goals of this study (Health Canada, 2010b):

1. To measure the extent to which pregnant women 
and their babies are exposed to environmental 
chemicals;

2. To assess which pregnancy health risks, are 
associated with exposure to heavy metals (lead, 
mercury, cadmium, arsenic, and manganese); and

3. To measure the levels of environmental chemicals, 
as well as some beneficial nutritional and 
immunological components, in breast milk.

Maternal blood, urine, hair, and breast milk, and the 
baby’s umbilical cord blood and meconium (baby’s 
first stool) were collected and analyzed for a number 
of chemicals, including Hg. The results from this study 
will provide valuable information about fetal and 
infant exposure to Hg.

Before MIREC was launched, other studies conducted 
in Canada have provided insight about earlier 
Hg exposures for pregnant women, women of 
childbearing age, and infants. For example, data on 
Hg concentrations in hair are available for a sample 
of women of reproductive age from Ontario, including 
those of Asian descent. Three groups of women were 
examined from 2006 to 2009: those who called the 
Motherisk Program at The Hospital for Sick Children 
in Toronto for information regarding fish consumption 
during pregnancy (n = 22); Ontario residents of 
Japanese descent with high fish consumption rates 
(n = 23); and Canadian women not seeking advice 
(n = 20). Dietary information was obtained about 
the types of fish consumed and the frequency of 
consumption. Based on this information, monthly 
Hg intakes were calculated. The data presented in 
this study suggest a strong correlation between the 
number of fish servings and hair Hg concentrations, 
and between the amount of Hg consumed and 
hair Hg concentrations. The group of Japanese 
descent reported consuming the highest number 
of fish meals (median frequency 10 meals per 
month), significantly higher than the frequency for 
Motherisk callers (median 2 fish meals per month 
during pregnancy and 4 fish meals per month before 
pregnancy). This information correlated with median 
hair Hg concentrations in the 3 distinct groups of 

estimate daily MeHg exposure using 2 methods. 
The study employed a food questionnaire as well 
as toxicokinetic modelling based on measured Hg 
concentrations. Participants were recruited from 
among employees of the James Bay Hydro-Québec 
electric power plant and provided hair and blood 
samples for analysis. Investigators reported that the 
mean hair Hg concentrations were 1.2, 1.1, 1.3, and 
1.5 µg g-1 for April, May, June, and July, respectively. 
The mean blood Hg concentration was 8.0 µg L-1. 
Overall, the study found that estimation of MeHg 
daily intake based on the food questionnaires was 
higher than that from a toxicokinetic-based modeling 
approach that used the biological data, suggesting 
potential overestimation. Hence, methods should be 
considered carefully when conducting surveys to 
address public health concerns (Noisel et al., 2011).

14.3.3.4 Pregnant Women, Women of 
Childbearing Age, and Infants

Children are at increased risk of adverse health 
effects from some environmental contaminants 
because of several physiological factors. Because of 
their smaller body size, children have a higher dose 
when exposed to the same amount of contaminants 
as adults (ATSDR, 1999). Gestation, infancy, and 
early childhood are critical periods for neurological 
development, which is sensitive to exposure to 
MeHg; thus, fetuses, infants, and young children 
are inherently more susceptible to health effects of 
MeHg than adults. Biomonitoring studies targeting 
pregnant women, women of childbearing age, infants, 
and children all provide a measure of Hg exposure to 
fetuses, infants, and children. Some of these studies 
are discussed in earlier sections of this chapter; 
other Canadian studies concerning these groups are 
discussed here.

The Maternal-Infant Research on Environmental 
Chemicals (MIREC) study is a national multi-year 
research study that has enrolled approximately  
2 000 pregnant women in southern Canada. This 
study will provide baseline information to inform 
health risk assessments. Women were recruited 
during the first trimester of pregnancy and followed 
throughout pregnancy and up to 8 weeks after birth. 
The last infant in the study was born in October 2011, 
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of 99-129 fish meals per year) groups. There were 
only 3 women sampled in the high fish consumption 
group. The authors reported values for each of these 
participants: 5.80 µg L-1, 6.40 µg L-1, and 7.60 µg L-1. 
Mean blood Hg concentration in women from the 
low fish consumption group was 1.36 µg L-1 (n = 
8). For the surrogate men, the mean values for low 
and high consumption groups were 1.09 µg L-1 (n = 
17) and 1.32 µg L-1 (n = 5), respectively. While this 
study reported some biomonitoring data for women, 
the investigators were left with a very small pool of 
women who consumed a high level of fish (n = 3) 
from which to draw conclusions after all selection 
criteria were met. However, the researchers noted that 
few Montreal-area women of childbearing age were 
found to consume local sport fish frequently or for 
extended periods (Nadon et al. 2002).

In another study examining residents near the St. 
Lawrence River system, Hg exposures for pregnant 
women in southwestern Quebec were assessed 
during the 3 trimesters of pregnancy. The study 
examined temporal variations in Hg exposure 
throughout pregnancy, and assessed the relationships 
between maternal blood, cord blood, and maternal 
hair Hg concentrations and fish consumption from 
various sources before and throughout pregnancy. 
Not all women provided blood samples for each 
trimester; thus, sample sizes ranged from 39 to 
147 participants per sampling period; 92 cord blood 
samples were also collected. Blood Hg concentrations 
decreased throughout pregnancy, with mean blood 
Hg concentrations of 0.85, 0.56, and 0.48 µg L-1 
for the first and second trimesters and at delivery, 
respectively. The mean cord blood concentration was 
0.52 µg L-1. Maternal hair and blood concentrations 
were correlated; furthermore, maternal hair 
concentration was highly predictive of the organic 
Hg fraction in cord blood. The study illustrated a 
strong dose-response relationship between maternal 
and newborn Hg exposures and fish consumption 
before and during pregnancy. Market fish were more 
important sources of Hg exposure than fresh fish from 
the St. Lawrence River (Morrissette et al., 2004).

In a broader study examining childhood exposures, 
umbilical cord blood samples were collected from 
1 109 newborns in 10 administrative regions in 
Quebec between June 1993 and January 1995.  

women. Participants of Japanese descent had a 
median hair Hg concentration of 1.7 µg g-1, which 
was significantly higher than the Motherisk callers 
(0.4 µg g-1) and Canadian women not seeking advice 
(0.2 µg g-1) (Schoeman et al., 2010).

In addition, a pilot maternal study in southern Canada 
sampled expectant primiparous women (first-birth 
mothers) were recruited between December 2005 
and August 2007 as part of a trinational biomonitoring 
study conducted by the Commission for Environmental 
Cooperation (CEC). An objective of the study was to 
document exposure to environmental contaminants 
for first-birth mothers in Canada and Mexico, and 
for women of childbearing age in the United States 
(CEC, 2011). A convenience sample of first-birth 
mothers was recruited from 5 centres representing 
the east coast (Halifax), the west coast (Vancouver), 
eastern Canada (Hamilton, mainly industrial workers, 
and Ottawa, primarily white-collar workers), and 
western Canada (Calgary). Mercury was measured 
in 93% of the samples collected, with a mean blood 
concentration of 0.46 µg L-1 (n = 93). The mean Hg 
blood concentration was higher for foreign-born 
mothers (0.88 µg L-1; n = 16) than for Canadian-born 
mothers (0.40 µg L-1; n = 77). Regional differences 
based on Canadian centre were also examined 
for Canadian-born mothers; the highest mean 
concentration was measured in Vancouver (0.92 
µg L-1; n = 13) and the lowest in Ottawa (0.27 µg L-1;  
n = 8). However, the differences in blood concentrations 
according to place of birth or Canadian centre were 
not statistically significant after adjusting the data  
for age and body mass index in each case (Foster  
et al., 2012).

In order to estimate MeHg exposure in women of 
childbearing age who may be more highly exposed 
due to dietary choices, a study conducted from 1995 
to 1996 assessed contaminant exposures of female 
sport fishers who fished in the St. Lawrence River. The 
study also included spouses of childbearing age for 
male sport fishers who consumed similar quantities 
of sport fish. Adult women (n = 11) under the age of 
45 were identified for inclusion in the study, along 
with 22 adult men whose blood values were used as 
surrogate values for their spouses of childbearing age. 
Study participants were divided into low (median of 18 
meals per year) and high fish consumption (median 
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centres, did not find any blood concentrations that 
exceeded the proposed guidance value of 8 µg L-1. 
While this result cannot be generalized to the  
general Canadian population of first-birth mothers, 
the data suggest MeHg exposures are low in this 
population group.

Biomonitoring initiatives conducted in the Canadian 
Arctic have allowed a greater understanding of 
changes in human exposure to MeHg. Results from 
baseline surveys conducted in 1997–1999 have 
been compared with follow-up studies conducted 
in 2005–2007. These studies used a voluntary, 
convenience sampling design, with group sample 
sizes ranging from 6 to 100 pregnant women in the 
various regions. The Baffin region of Nunavut has seen 
a decrease in the percentage of Inuit mothers whose 
blood Hg concentrations exceeded the guidance 
value of 8 µg L-1 (Table 14.6). In 1997, 53.3% of Inuit 
mothers exceeded this guidance value; in 2005–2007, 
this decreased to 20%. A decrease was also observed 
in Inuit mothers from Inuvik. In 1998 and 1999, the 
proportion of these women with Hg concentrations 
exceeding the guidance value was 10%, which 
decreased to 1.9% in 2005 and 2006. None of the 
Dene/Métis and non-Aboriginal mothers residing in 
Inuvik included in the sample exceeded the guidance 
value in either of the surveys conducted (1998–1999 
or 2005–2006).

Only 0–2.1% of sampled mothers from Nunavik, the 
Baffin region of Nunavut, and Inuvik regions exceeded 
the current Health Canada general population 
guidance value of 20 µg L-1 for samples collected from 
2005 to 2007, a steep decline from 0–36% of samples 
exceeding the guidance value from 1992 to 1999.

The mean Hg concentration was 0.966 µg L-1.7 The 
mean concentration of Hg in infants born to mothers 
from coastal regions was 1.6 to 3.0-fold higher than 
those born to mothers living in urban, suburban, and 
rural regions. A statistically significant relationship 
existed between maternal age and cord blood 
concentration, with blood concentrations increasing 
with mother’s age (Rhainds et al., 1999).

14.3.4 Mercury Guidance Value 
Exceedances

In this section, population data from the CHMS, 
CEC, and CANCP studies are compared with the 
Canadian Hg guidance values (see Section 14.3.1). 
Proportions of selected groups from the general 
Canadian population that exceed Hg guidance value 
concentrations are estimated from the CHMS Cycle 1 
data. From these data, it is estimated that only 1.61% 
of Canadian pregnant women, women of childbearing 
age, and children, combined, exceed the proposed 
blood Hg concentration guidance value of 8 µg L-1 
(Table 14.5), while 2.22% of pregnant women and 
women of childbearing age, combined, exceed this 
value (Health Canada, 2011, special analysis). These 
data suggest that only a very small percentage of 
women of childbearing age and children in Canada 
have blood Hg concentrations that may require follow-
up testing, dietary advice, or other further action.
The earlier study conducted by the CEC from 2005 
to 2007, which examined a convenience sample of 
93 primiparous pregnant women from 5 Canadian 

7  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B.

TABLE 14.5  Estimated guidance value exceedances for blood concentrations of total mercury for selected 
Canadian population groups a

Population Proposed  
guidance value

% population exceeding 
guidance value

Females, including pregnant women (age 16–49) 8 µg L-1 2.22

Females, including children and pregnant women (age 
6–49), male children (age <18) 

8 µg L-1 1.61

a Data source: Canadian Health Measures Survey, Cycle 1, Health Canada, special analysis 2011 (Lye et al., 2013)
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While differences in biomonitoring study design and 
sampling methodology mean that study results cannot 
be directly compared, studies of subpopulations 
allow assessment of groups with high exposure and 
susceptible populations (see Appendix C). Mercury 
concentrations presented for some subpopulations 
of individuals may be higher than for the majority 
of Canadians. Higher mercury concentrations in 
subpopulations generally reflect  dietary customs and 
culture involving consumption of fish and country 
food, particularly seafood and marine mammals. 
For example, Inuit sampled in the eastern Canadian 
Arctic have some of the highest concentrations of 

14.3.5 Synthesis: Monitoring Mercury 
Exposure in Canadians

Data presented in this section were collected from 
several recent and ongoing biomonitoring studies 
in Canada. Historical data showing changes in Hg 
concentrations can be found in Appendix A. According 
to estimated blood guidance exceedance data from 
the general Canadian population, generated from 
Cycle 1 of the CHMS, the percentage of pregnant 
women, women of childbearing age, and children 
exceeding the recently proposed guidance value of 
8 µg L-1 is low.

TABLE 14.6  Maternal guidance value exceedances for blood concentrations of total mercury 

Region/ethnicity Sample size Year Mercury (total)

% of samples exceeding
8 μg L-1 a

% of samples exceeding
20 μg L-1 b

Baffin region of Nunavut/Inuit 30 1997 53.3 10.0

100 2005–2007 20.0 2.0

Inuvik/Inuit 30 1998–1999 10.0 3.3

54 2005–2006 1.9 0.0

Inuvik/Dene/Métis 42 1998–1999 0.0 0.0

19 2005–2006 0.0 0.0

Inuvik/Non-Aboriginal 22 1998–1999 0.0 0.0

6 2005–2006 0.0 0.0

Nunavik/Inuit 11 1992 NA 36

25 1996 NA 20

53 1997 NA 19

27 1998 NA 3.7

16 1999 NA 13

29 2000 NA 17

19 2001 NA 26

31 2004 NA 6.5

42 2007 NA 2.1
a Data source: Northern Contaminants Program, Health Canada, special analysis, 2011 (unpublished)

b Data source: Northern Contaminants Program, Donaldson et al. 2010

NA = Not available
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information. Programs monitoring contaminant 
concentrations in the Aboriginal peoples of Canada 
were implemented much earlier, as were programs 
concerning residents living near the St. Lawrence 
River system, the Great Lakes, and James Bay. It 
was recognized that these individuals were typically 
exposed to higher concentrations of Hg relative to the 
general population as a result of diets rich in local and 
country food. It is anticipated that northern studies 
supported by the NCP and First Nations initiatives will 
continue to provide valuable public health information 
about contaminant exposures, including MeHg, in 
Aboriginal communities. Continued monitoring in 
the form of follow-up studies is necessary for all 
groups discussed in this section. This is especially 
important in the Canadian Arctic in order to better 
understand temporal trends in MeHg exposure. 
Combining biomonitoring studies with food frequency 
questionnaires and lifestyle surveys using an 
appropriate study design can provide researchers  
with further information and insight on possible 
sources of exposure.

14.4 HUMAN HEALTH EFFECTS
The purpose of this section is to provide context for 
the human exposure studies previously presented 
(section 14.3). Methylmercury is readily absorbed and 
distributed throughout the body. Finding a measurable 
amount of Hg in blood is an indicator of exposure 
to Hg but does not necessarily mean that adverse 
health effects will occur. The developing nervous 
system is the most sensitive system affected by MeHg 
exposure; hence, infants and children, in whom the 
nervous system is developing, are at an increased 
risk of adverse health outcomes (Inskip and Piotroski, 
1985; ATSDR, 1999; National Research Council, 2000; 
UNEP, 2002; Clarkson and Magos, 2006; Government 
of Canada, 2010). However, the level and duration of 
exposure to MeHg influences the severity of adverse 
health outcomes. The focus of this section is on the 
state of knowledge of health effects related to MeHg 
exposure. While some research exists on human 
health effects of inorganic Hg exposure, it is not 
detailed here. Reviews summarizing the human health 
effects of inorganic mercury exposure are available 
(e.g., JECFA, 2011).

Hg among the populations sampled to date. Higher 
Hg concentrations may also be observed in other 
groups that have a diet rich in fish and seafood, 
including Asian Canadians and sport fishers. Based 
on this review of limited recent population-based 
biomonitoring studies, more research is required in 
this area to ascertain Hg exposure in subpopulations, 
especially groups that rely on fish as a major 
nutritional source. Furthermore, biomonitoring 
activities for these populations will provide useful 
information that will aid in the development of future 
advisories regarding the consumption of sport fish and 
country foods. There are several benefits associated 
with fish consumption, and these benefits may 
outweigh the risks (see section 14.5).

Except in Aboriginal communities, there have been 
few studies conducted to assess Hg exposure 
in susceptible groups. Infants and children less 
than 6 years of age may be more sensitive to Hg 
exposure because of their active neurodevelopmental 
processes. The Cycle 2 of the CHMS, which collected 
data from September 2009 to December 2012, 
aims to address this knowledge gap by including 
participants 3 to 5 years of age for the collection 
of blood and urine samples. In addition, Hg levels 
for pregnant women/fetuses and newborn infants 
will be captured in the results of the MIREC study. 
Exceedance data for studies conducted in Aboriginal 
mothers in Arctic Canada have shown that maternal 
concentrations of Hg have historically declined. Other 
studies have suggested that infants born to mothers 
from coastal regions or near waterways have Hg blood 
concentrations higher than those in children born to 
mothers living in urban, suburban, and rural regions, 
which may reflect regional dietary differences.

It is important that biomonitoring programs continue 
to collect data on different groups to better track 
MeHg exposure for all residents of Canada and to 
support risk management activities for populations 
more highly exposed and for susceptible groups. Data 
are currently being collected to evaluate contaminant 
exposure in Canadians and establish baseline levels 
to aid investigators when evaluating exposure in the 
future. Data from surveys such as the CHMS and 
more research-focused studies, such as the MIREC 
study, will continue to provide valuable monitoring 
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alkylmercury compounds. In 1972, there was a 
second outbreak, specific to MeHg, in which 6 500 
individuals were affected, with 459 reported deaths 
(UNEP, 2002). Individuals were exposed by consuming 
contaminated flour baked into local bread products. 
Unlike the earlier incident in Japan, these exposures 
were of shorter duration, although exposure levels 
were high, with reported median hair concentrations 
of 14.0 µg g-1 (UNEP, 2002). The predominant 
symptom noted in Iraqi adults was paresthesia, which 
occurred approximately 16 to 38 days following 
ingestion of the contaminated food source.

In Canada in 1970, several individuals in the 
northern Ontario Aboriginal communities of 
Whitedog (Wabeseemoong) and Grassy Narrows 
(Asubpeeschoseewagong) were found to have 
high blood Hg concentrations as a result of eating 
contaminated fish (Wheatley and Paradis, 1995). 
Mean concentrations were 77 µg L-1 and 46 µg L-1 in 
Whitedog and Grassy Narrows, respectively (Inskip 
and Piotroski, 1985). Although clinical examinations 
did not reveal harmful neurological effects of Hg 
exposure or a definitive diagnosis, this event led the 
Canadian government to establish biomonitoring 
programs targeted at indigenous peoples who 
continue to follow a traditional lifestyle and could be 
more highly exposed to environmental contaminants, 
including MeHg (Inskip and Piotroski, 1985; Wheatley 
et al., 1997). A follow-up investigation conducted in 
2002 has reported that various subjective neurological 
symptoms persist in residents of Grassy Narrows, 
mainly related to sensory nerve effects of the 
extremities (Harada et al., 2005). Hair Hg analysis was 
conducted on 47 of 57 subjects who were examined 
as part of this study, with hair Hg concentrations 
ranging from 0.11 to 18.1 µg g-1 (mean 2.07 µg g-1). 
While the authors stated that the reported symptoms 
were characteristic of MeHg poisoning, aging and 
existing medical complications may have been 
contributing factors.

The examples given above demonstrate the negative 
effects of exposure to high levels of Hg; however, 
recent studies results are inconsistent regarding 
the effects of moderate MeHg exposure on human 
health. Studies conducted in the last 10 years have 
suggested that such moderate Hg exposure in adults 

14.4.1 Neurotoxic Effects in Adults

The first epidemiological study conducted to assess 
human health effects associated with exposure to 
Hg stemmed from an incident of widespread Hg 
exposure in Minamata Bay, Japan, between 1953 
and 1960. The bay became contaminated with Hg 
from effluents generated by a local chemical plant 
(UNEP 2002). Residents were exposed to high levels 
of MeHg, as shown by hair Hg concentrations ranging 
from 50 to 700 µg g-1, which is higher than observed 
in the general population (UNEP, 2002). Clinical signs 
of Hg neurotoxicity commonly seen in adults were 
paresthesia (a tingling sensation), ataxia, sensory 
disturbances, tremors, hearing impairment, and 
difficulty walking. Gross examination of the brain 
during autopsy revealed severe atrophy in individuals 
exposed to very high levels of MeHg. Health effects 
were also observed to be congenital, as evidenced 
by infants born with a condition clinically similar to 
cerebral palsy to mothers who did not display any 
symptoms of Hg exposure. The symptoms in adults 
and infants were found to be primarily due to the 
consumption of contaminated fish and seafood 
from the bay (UNEP, 2002). Minamata disease was 
recognized in the mid-1950s and refers to the clinical 
signs and symptoms of the central nervous system 
from Hg exposure (UNEP, 2002). Retrospective 
evaluation of data collected from residents with 
Minamata disease demonstrated that certain 
neurological effects were reported in individuals with 
hair Hg concentrations less than 50 µg g-1, the level 
originally considered by the World Health Organization 
as the threshold for detectable effects in adults. 
In particular, perioral sensory loss demonstrated a 
clear dose-response relationship with hair Hg levels 
(Yorifuji et al., 2009). Also, residents in the Minamata 
region during that period were also more likely to 
demonstrate symptoms of intelligence impairment,  
as well as mood and behaviour disorders (Yorifuji  
et al., 2011).

The neurological health outcomes of MeHg exposure 
were confirmed during 2 instances of widespread Hg 
exposure in Iraq. The first outbreak occurred in the 
mid-1950s, when approximately 1 000 people were 
adversely affected after they consumed seed grain 
that had been treated with fungicides containing 
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Amerindian women residing in the Bolivian Amazon. 
Hair mercury concentrations higher than 5 µg g-1 were 
associated with several neurological deficits such as 
paresthesia, static and dynamic imbalance, and poor 
motor coordination (Benefice et al., 2010). Increased 
development of age-related cataracts has also been 
reported for adults over 40 years of age living in the 
Tapajos River Basin in the Brazilian Amazon (Lemire et 
al. 2010). In 2005, Auger et al. reported that there was 
some clinical evidence to suggest that Hg exposure 
may be associated with neurologic abnormalities in 
young Cree adults. However, these results were not 
observed in adults older than 40 years and the authors 
suggested that alcohol use was under-reported in  
this group and may have been a confounder (Auger  
et al., 2005).

Current data are inconclusive regarding the role of Hg 
in neurocognitive disease in the elderly. In the Faroe 
Islands, no association was observed between the 
development of Parkinson’s disease and prenatal Hg 
exposure (Petersen et al., 2008). Furthermore, results 
from the Canadian Study of Health and Aging indicate 
that Hg concentrations were not associated with 
adult-onset dementia. Rather, results seem to indicate 
that exposure in the highest quartile was associated 
with a slightly reduced risk of dementia; however, 
this observation may have been attributable to the 
benefit of higher levels of omega-3 fatty acids from 
diets high in fish, which have been linked to enhanced 
neurological health (Kröger et al., 2009). Experimental 
results in vitro and in animal models have identified 
Hg as a possible risk factor in certain human 
neurodegenerative diseases, in particular Parkinson’s 
and Alzheimer’s disease. Oxidative stress and 
neuroinflammatory processes, which are implicated  
in the development of both diseases, can be induced 
or exacerbated by exposure to Hg (Monnet-Tschudi  
et al., 2006).

Mercury effects and genetics (epigenetics and gene 
polymorphisms) has been proposed as a future 
area of investigation. For example, certain gene 
polymorphisms, combined with low-level Hg exposure, 
have been associated with deficits in cognition and 
motor function in adults (Rooney, 2011).

may cause neurological deficits. Evidence has not 
been conclusive, however, as there are conflicting 
reports. In a study conducted in an adult population 
of men residing in 6 villages along the Cuiabá River 
in Baixada Cuiabana, Brazil, investigators found that 
hair Hg concentrations, which ranged from 0.56 µg g-1 
to 13.6 µg g-1, were associated with detectable 
alterations in tests for fine-motor performance, 
including speed and dexterity. Verbal learning and 
memory were also slightly disrupted, and the severity 
of observed effects increased with increasing levels 
of Hg exposure, although it is unclear whether clinical 
observations were the result of prenatal exposure or 
adult exposure (Yokoo et al., 2003). Further studies 
have reported decreased motor performance and 
visual dysfunction in populations from the Tapajόs 
River Basin area of the Brazilian Amazon, who have 
been chronically exposed to relatively high levels of 
MeHg from a diet rich in fish. Initial biomonitoring 
results in these populations demonstrated hair  
Hg levels in excess of 20 µg g-1 (Berzas Nevado  
et al., 2010).

Results of the Baltimore Memory Study suggested that 
increasing blood Hg concentrations were associated 
with decreased visual memory but increased manual 
dexterity. However, the median blood Hg concentration 
reported in this study was consistent with those found 
in populations that do not have high fish consumption, 
providing evidence that lower Hg exposure levels may 
not result in overall harmful effects in adults (Weil 
et al., 2005). Neuropsychiatric symptoms have been 
loosely associated with Hg exposure in women who 
eat freshwater fish in Quebec, but not in men who do 
so, suggesting that there could be gender differences 
in response to Hg exposure (Philibert et al. 2008).

Other studies have found evidence to support a causal 
link between MeHg exposure and neurocognitive 
deficits in adults. One such report suggested that 
high blood Hg concentrations were associated with 
decreased scores for memory, mental manipulation, 
and orientation. This study examined adults between 
the ages of 36 and 70 who resided near a former 
chlor-alkali facility in China to study the effects of 
chronic Hg exposure on the cognitive abilities of adults 
(Chang et al., 2008). Neurotoxicity in adults exposed 
to Hg has also been shown in a group of adult 
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that Hg levels in fish were similar to those seen in 
North America, providing evidence that the higher Hg 
exposure in this population is due not to increased 
seafood contamination but, rather, to a higher and 
more frequent consumption of fish (Davidson et al., 
1998; ATSDR, 1999). Exposures in the Seychellois are 
more consistent with low-level chronic exposures, 
whereas exposures in the Faroe Islands are more 
acute exposure due to the intermittent consumption  
of marine species that contain higher levels of Hg, 
such as pilot whales (Myers and Davidson, 1998; 
ATSDR, 1999).

The divergent data from these studies may, in part, 
also be explained by differences in biomarkers of 
exposure (maternal hair in the Seychelles Islands 
versus cord blood in the Faroe Islands), in the 
type of neurobehavioural tests, and age of testing 
(Jedrychowski et al., 2006; Mergler et al., 2007). 
Other hypotheses have also been proposed, such 
as the intake of nutrients through the diet that 
may modify Hg metabolism or toxicity (Passos et 
al., 2003). Grandjean and Budtz-Jørgensen (2010) 
also highlighted the impact of total imprecision in 
measurement of each biomarker (30% for cord 
blood and 45% for full-length maternal hair) due to 
biological or preanalytical sources of variation (with 
a laboratory imprecision of no more than 5%). On the 
whole, dose-response modelling using the compiled 
New Zealand, Faroe Islands, and Seychelles Islands 
data suggests that increasing levels of prenatal 
Hg exposure (maternal hair) is associated with 
decrements in child intelligence scores (Cohen et al., 
2005a; Axelrad et al., 2007).

Follow-up studies in the Seychelles Islands cohort 
have continued to report no significant association 
between prenatal MeHg exposure (estimated from 
maternal hair) and neurological deficits in children 
(Myers et al., 2003; van Wijngaarden et al., 2006; 
Davidson et al., 2008a; van Wijngaarden et al., 2009; 
Davidson et al., 2010). A battery of neuropsychological 
tests were administered to children 9 years of age 
enrolled in the SCDS to assess neurocognitive 
function, language, memory, motor, perceptual-motor, 
and behavioural function. While this study reported 
that increased Hg exposure was associated with a 
decrement in motor function in males, investigators 

14.4.2 Neurotoxic Health Effects in 
Children Following Prenatal Exposure

Knowledge about neurological health effects in 
children due to prenatal exposure to MeHg principally 
stems from two epidemiological studies: one 
conducted in the Faroe Islands and the other in the 
Seychelles Islands (Davidson et al., 1998; Grandjean 
et al., 1998; ATSDR, 1999; National Research Council, 
2000; UNEP, 2002). Additional data are also provided 
by a third epidemiological study performed in New 
Zealand (Crump et al., 1998). Nevertheless, as the 
conclusion of this study is highly influenced by the 
results of one child, this cohort is generally considered 
less relevant (JECFA, 2003)

The Faroese are a fishing culture whose primary 
source of MeHg exposure is from the intermittent 
consumption of pilot whale, which is known to have 
higher levels of Hg than smaller marine species 
(ATSDR, 1999). In the late 1990s, reports were 
published on the effects of Hg on children, based on 
a cohort of 1 022 children born between 1986 and 
1987 in the Faroe Islands (Grandjean et al., 1997; 
Grandjean et al., 1998). When the children were 
approximately 7 years old, they underwent a battery 
of neuropsychological tests that emphasized motor 
coordination, perceptual-motor performance, and 
visual acuity. These tests primarily indicated deficits 
in the domains of language, attention, and memory 
attributable to prenatal Hg exposure (Grandjean et al., 
1997;Grandjean et al., 1998; ATSDR, 1999).

In contrast, studies from the Seychelles, whose people 
consume a variety of seafood, did not identify adverse 
health effects associated with MeHg. Results from the 
Seychelles Child Development Study (SCDS) did not 
identify any adverse neurodevelopmental deficits in 
children 5.5 years old associated with prenatal MeHg 
exposure, despite testing for similar clinical outcomes 
in comparable age groups (Davidson et al., 1998; 
ATSDR, 1999).

While both the Seychellois and Faroese consume large 
amounts of fish, the variety of the Seychollois diet may 
explain the difference in health effects observed in 
the two groups (Myers and Davidson, 1998; ATSDR, 
1999). Local fish sampling in the Seychelles indicated 
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neurodevelopmental outcomes and monitored 
maternal nutrition through blood sampling at 28 
weeks’ gestation and 1 day post-delivery. Food 
frequency questionnaires and a 4 day food diary were 
also used to monitor nutritional status in mothers. In 
this cohort, it was reported that the mean maternal 
hair concentration was 5.7 µg g-1 but that maternal 
fish intake, approximately 537 g per week, was not 
significantly correlated with prenatal MeHg exposure 
(Davidson et al., 2008b).

Of the 16 neurodevelopmental end points measured 
at several ages, only 1 test outcome was adversely 
affected by prenatal MeHg exposure. At 30 months 
of age, psychomotor development (measured by 
the psychomotor development index [PDI] of BSID-
II) decreased with increasing levels of MeHg in 
maternal hair (Davidson et al., 2008b). Analysis 
of omega-3 fatty acid levels in the same children 
showed a positive association between increasing fish 
consumption and omega-3 fatty acid concentrations 
and higher PDI scores, which was stronger once 
adjusted for MeHg exposures (Strain et al. 2008).

When considered together, results from these 2 
reports suggest that omega-3 fatty acids play a 
pivotal role in neurodevelopment, which may negate 
the adverse effects of prenatal exposure to MeHg, 
although the balance between nutritional benefits and 
risks of MeHg exposure from fish remains unclear 
(Davidson et al., 2008b; Strain et al., 2008). It has 
since been shown in this cohort that maternal hair 
Hg concentrations remained negatively associated 
with infant neurodevelopment at 9 and 30 months of 
age, whereas omega-3 fatty acids showed a positive 
impact on infant testing results (Stokes-Riner et al., 
2011). Furthermore, an additional model has shown 
that only the omega-3 fatty acid docosahexaenoic 
acid (DHA) is positively correlated with infant 
development but that this relationship is reduced or 
absent at higher MeHg exposures (Lynch et al., 2011). 
These results highlight the nutritional benefits of a diet 
rich in fish and seafood but show that the interaction 
between nutrients and MeHg remains obscured by 
confounding factors, including modelling limitations.

Follow-up studies conducted in the Faroe Islands 
have continued to show adverse neurological health 

observed higher scores in sustained attention. 
These results are consistent with the initial findings 
in this cohort and provide further evidence that 
fish consumption in this population may not pose 
an increased risk of adverse neurodevelopmental 
outcomes (Myers et al., 2003). Data from this 
follow-up were subsequently used to calculate a 
benchmark dose for MeHg (van Wijngaarden et al., 
2006). Investigators used several models across 
26 neurological end points and estimated that the 
calculated benchmark doses were close to the 
maximum exposure concentration observed in this 
population, which could explain the absence of 
neurological symptoms in this cohort (van Wijngaarden 
et al., 2006; van Wijngaarden et al., 2009). In re-
analyzing data from children at 9 years of age, it was 
affirmed that MeHg exposure was not associated 
with neurodeficits (van Wijngaarden et al., 2009). 
At 10.7 years of age, children from the same cohort 
showed slight, although not significant, decrements 
in copying tasks, which further indicates that there 
is no consistent adverse association between MeHg 
exposure and neuropsychological deficits (Davidson 
et al., 2008a). Follow-up studies using scholastic 
achievement as an indicator of neurocognitive 
function were conducted when children enrolled in the 
SCDS were 9 and 17 years old. Scores from nationally 
administered standardized end-of-year examinations 
for primary and secondary curricula were used as 
indicators of scholastic achievement. There was no 
consistent pattern between prenatal MeHg exposures 
and nationally standardized test scores. There was 
some indication that increasing levels of MeHg 
exposure were associated with lower scores in 1 
of 6 exams at 9 years of age, assessing knowledge 
of the French language. Scores from exams at 17 
years of age were not correlated with prenatal MeHg 
exposures (Davidson et al., 2010).

In order to better address the association of maternal 
nutritional status on developmental outcomes 
in the Seychelles Islands, a second cohort was 
recruited in 2001. Investigators enrolled 300 
mothers during their first prenatal visit, and 229 
children completed clinical evaluations at 5, 9, 25, 
and 30 months of age (Davidson et al., 2008b; 
Strain et al., 2008). Investigators used the Bayley 
Scales of Infant Development-II (BSID-II) to evaluate 



744

Canadian Mercury Science Assessment – Chapter 14

in Inuit children tested with auditory stimulation 
(Boucher et al., 2010). Nevertheless, statistical 
analysis of behavioural performance (reaction time, 
rate of false alarm) was not clear. In a follow-up 
study that assessed visual stimulation, Boucher et al. 
(2012) found no effects on behavioural performance 
or parameters associated with inhibition of motor 
response, once other contaminants (lead and PCB-
153) or covariates were included in the statistical 
analysis. Prenatal exposure to Hg has been related 
to suboptimal child development and behaviour 
in Inuit children in Nunavik at 11 years of age in a 
cohort followed from infancy in the Nunavik Child 
Development Study (NRBHSS, 2011). Results from 
this study also suggest that prenatal Hg exposure is  
a risk factor for attention deficit disorder in childhood.

Results observed utilizing Infant Behaviour Rating 
Scales (another name for BSID-II) did not show a clear 
correlation between prenatal MeHg exposure (cord 
blood) and neurocognitive outcomes (Plusquellec 
et al., 2010). Additionally, there were no observed 
deficits in gross motor development attributable to 
MeHg prenatal exposure (cord blood) in Inuit children 
(Després et al., 2005). Although these results do 
not present a clear relationship between prenatal 
MeHg exposures and neurocognitive deficits, they 
do support existing available data that suggest 
that neurotoxic health effects can be variable due 
to several factors, including local dietary customs, 
fish selection, geographical location, and human 
variability. While the Nunavik Child Development 
Study has provided some insight into the longevity 
of effects of prenatal and postnatal MeHg exposure, 
further research will help to determine whether health 
effects from exposure to MeHg are long-lasting. 

Other studies have supported existing evidence 
suggesting that prenatal exposure to MeHg is 
associated with neuropsychological deficits. In a 
Polish study, an inverse association was observed 
between Hg exposure (cord blood concentrations) and 
the mental developmental index and PDI of the BSID-
II in infants at 12 months. These health effects were 
reversed when children were re-analyzed at 24 and 
36 months of age, further suggesting that timing of 
clinical examinations is critical and effects may not be 
permanent (Jedrychowski et al., 2006; Jedrychowski 

outcomes with increasing levels of prenatal MeHg 
exposure. Re-analysis of data generated when 
children were 7 years of age supported findings 
observed in the original report. Children for whom 
the 2 maternal hair samples collected were widely 
divergent were removed from the analysis; however, 
even after these children were excluded, cord blood 
concentrations were still correlated with deficits in 
verbal learning and memory (Grandjean et al., 2003). 
When cohort participants were tested at 14 years 
of age, results were similar to those observed when 
they were 7 years old. Increasing levels of prenatal 
MeHg were significantly associated with deficits in 
motor, attention, and verbal tests, suggesting that 
several neurocognitive domains were affected and 
that deficits may be permanent (Debes et al., 2006). 
A report by Murata et al. (2004) also suggested 
that a delay in brainstem auditory processes was 
associated with increasing prenatal MeHg exposures 
(maternal hair and cord blood) in children at age 14. 
These findings were also consistent with previous 
observations when children in the cohort were 
7 years old, again indicating that adverse health 
outcomes due to high prenatal Hg exposures may be 
permanent (Murata et al., 2004). Evaluation of cardiac 
autonomic activity in Faroese children at 7 and 14 
years of age also suggested that prenatal MeHg 
exposure (cord blood) may be linked to neurotoxicity 
of the brainstem. Increasing MeHg exposure was 
associated with decreasing sympathetic and 
parasympathetic modulation of heart rate variability, 
further suggesting brainstem neurotoxicity (Grandjean 
et al., 2004).

Several studies addressing the neurotoxic health 
effects of prenatal MeHg exposures have also 
been conducted in Arctic Canada; however, results 
from these studies have been variable. Since 
1996, researchers in Nunavik, Quebec, have been 
studying the effects of pre- and postnatal exposure 
to contaminants on infant and child development. 
The cohort of Inuit children have been monitored 
3 times from infancy to 11 years of age. In 2006, 
Saint-Amour and colleagues reported deficits in 
visual processing in 102 Inuit preschool children with 
increasing prenatal MeHg exposures (Saint-Amour 
et al., 2006). Altered attentional mechanisms in 
association with Hg in cord blood have been reported 
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Although exposure to MeHg is thought to occur 
in utero via cord blood, MeHg can also pass into 
breast milk (Grandjean, et al., 1994; Grandjean 
et al., 1996; ATSDR, 1999). Data suggest there is 
less MeHg in breast milk than in blood and that 
MeHg concentrations in breast milk decline over 
time (Sakamoto et al., 2002a; Sakamoto et al., 
2002b). Hence, exposure to MeHg via breast milk is 
significantly lower than exposure during the prenatal 
period. In the Faroe Islands cohort, breast-feeding was 
associated with lower benefits to neurobehavioural 
development than lack of breast-feeding, which is 
in contrast to what has been published about the 
benefits of breast-feeding infants in the general 
population. Results, however, did not indicate the 
presence of any neurocognitive impairments in 
7-year-old children due to breast-feeding (Jensen 
et al., 2005). Similar results have been reported in 
the Brazilian Amazon, where neurodevelopmental 
outcomes at 6 months of age were overcome by 
5 years of age. In this study, neurocognition was 
enhanced by duration of breast-feeding, despite 
high levels of Hg exposure (Marques et al., 2009). 
Collectively, these results indicate that, while there is 
a possibility of MeHg exposure to neonates via breast 
milk, the overall risk of developing adverse health 
effects may be low, which is likely due to the overall 
benefit of breastfeeding infants.

Similar to results for prenatal exposures to MeHg, data 
linking recent postnatal exposures to neurocognitive 
deficits in the SCDS suggest that there are no 
consistent patterns to support a causal relationship. 
Evaluation of postnatal MeHg exposures in Seychellois 
children at 8 years of age suggest that there 
were 4 adverse effects associated with declining 
performance, 3 of which were present in females 
only. In both sexes, postnatal MeHg exposure was 
associated with deficits in sustained attention. In girls, 
MeHg was additionally associated with decreased 
scores for intelligence, motor function, and risk-taking 
tasks, although decrements were not consistent 
across ages and psychological domains (Myers et al., 
2009). When assessing the scholarly abilities of 9- and 
17-year-old children using nationally standardized 
test scores, the only deficit that emerged was a lower 
overall score on the social studies test in children with 
higher recent MeHg exposure. These results suggest 

et al., 2007). Results from a fishing community in 
the Madeira Islands (Portugal), where mean maternal 
hair Hg concentration was 9.64 µg g-1 at the time 
of infant assessment, also suggest that early MeHg 
exposure is associated with subtle sensory alterations 
in both the visual and the auditory systems. However, 
no correlation was seen when testing results were 
compared with child’s hair mercury levels at 7 
years old (Murata et al., 1999). It has been reported 
that in Zhoushan City, China, where exposure to 
Hg is relatively lower than in the Faroe Islands and 
Seychelles Islands, increasing maternal hair (mean 
hair concentrations of 1.25 µg g-1) and cord blood 
Hg concentrations were associated with increased 
risk of neurodevelopmental effects in male, but not 
female, infants (Gao et al., 2007). Llop et al. (2012) 
observed the opposite: a negative association with 
psychomotor development in a Spanish cohort was 
significant only in female infants (mean cord blood 
concentration of 8.4 µg L-1). Data generated from the 
Tohoku Study of Child Development in Japan further 
correlated neuromotor impairments tested at 3 days 
of age with increasing levels of prenatal mercury 
exposure (Suzuki et al., 2010). Mean maternal hair 
Hg concentrations in this cohort (2.2 µg g-1) were 
significantly lower than those reported for Faroese 
(4.3 µg g-1) and Seychellois mothers (6.8 µg g-1). 
Analysis of a cohort born in New York City also 
revealed that Hg levels in cord blood was associated 
with reduced scores in performance, verbal, and 
full intelligence scores in children at 36 months and 
48 months of age (Lederman et al., 2008). These 
results are in agreement with those reported by 
Oken et al. (2008) for another North American cohort 
(in Massachusetts). Children tested at 3 years old 
showed lower scores in cognitive tests at higher 
prenatal Hg exposure (estimated from maternal 
erythrocyte levels sampled in the second trimester).

14.4.3 Neurodevelopment and  
Postnatal Exposure

Although there is a wealth of information linking 
prenatal exposures to neurocognitive impairments in 
children, few studies have addressed the question of 
whether postnatal exposures are able to elicit effects 
similar to prenatal exposures.
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14.4.4 Renal Effects

Little is known about the potential of MeHg to cause 
renal health effects in humans. In 1985, it was 
reported that the number of deaths attributed to 
kidney diseases was higher than expected among 
women who resided in Minamata Bay (Tamashiro  
et al., 1986). These results have not been confirmed 
or refuted in subsequent studies, as this clinical end 
point is rarely analyzed.

Futatsuka et al. (2005) reported a follow-up study on 
the health condition of inhabitants living in a MeHg-
polluted area surrounding Minamata City. Various 
health outcomes and subclinical disorders related 
not only to the central nervous system, but also to 
other systems, were reported. They found that the 
prevalence rate of renal diseases was not significantly 
different in the MeHg-polluted areas and in the  
non-polluted areas. Prevalence rates in this study were  
no higher than those previously reported in Japan.

14.4.5 Cardiovascular Effects

Cardiovascular effects potentially attributed to MeHg 
are now more commonly being reported (Roman et 
al., 2011). Mercury has been identified as enhancing 
lipid peroxidation, which is ultimately linked to the 
development of arteriosclerosis (Grotto et al., 2009; 
Roman et al., 2011). Salonen et al. (1995) reported 
an increase in the prevalence of acute myocardial 
infarction and death from coronary heart disease 
associated with dietary Hg exposure in a cohort 
of 1 833 Finnish men (Salonen et al., 1995). Other 
studies have provided further evidence to support 
a link between MeHg exposure and cardiovascular 
disease. A follow-up report of the Finnish cohort 
reported that high Hg exposure from fish consumption 
increased the risk of coronary events and death from 
coronary heart disease in men. It was further reported 
that high MeHg exposure levels diminished the 
benefits of fish consumption in this group (Virtanen 
et al., 2007). However, a recent study found no 
evidence of associations between Hg exposure (as 
determined by toenail analysis) and clinically relevant 
cardiovascular disease in two large US cohorts 
(Mozaffarian et al., 2011). Murata et al. (2011) also 

that dietary MeHg exposure in these children does 
not affect overall scholastic achievement. However, 
when a subgroup of 215 children who participated in 
the regional Southern and Eastern African Consortium 
for Monitoring Educational Quality examination was 
analyzed, significant adverse associations between 
test scores and recent MeHg exposure levels were 
observed in boys. Authors suggested that recent  
MeHg concentrations in this subgroup were 
considerably higher than in the rest of the cohort 
(Davidson et al., 2010). 

In the Amazon, evidence suggests that postnatal 
exposure to MeHg contributes to neurodevelopmental 
impairments. Grandjean et al. (1999) assessed 
246 children between 7 and 12 years of age living 
in 3 villages along the Tapajos River where there 
was extensive long-term Hg contamination due to 
gold mining activities. Mean Hg concentrations in 
children’s hair across the villages varied from 3.80 
to 25.4 µg g-1. Results from this study indicated that 
hair Hg concentrations were associated with poorer 
performance on tests of motor function, visual-spatial 
abilities, and memory (Grandjean et al., 1999). Similar 
observations were made in 378 Amerindian children 
in French Guiana, where gold mining activity has 
been associated with higher Hg levels in fish. Motor 
function, visual-spatial abilities, and working memory 
were assessed, and hair Hg levels were used as 
indicators of postnatal Hg exposure. The mean Hg 
concentration in children’s hair was 12.7 µg g-1 in the 
most highly exposed village. Hair Hg concentrations 
were negatively associated with motor function and 
visual-spatial abilities in children aged 5 to 12 years, 
and effects were stronger among boys (Cordier  
et al., 2002).

In the Canadian Arctic, postnatal MeHg exposure 
in Inuit children in Nunavik was associated with an 
increase in hand action tremor amplitude (Després 
et al., 2005). It has since been shown that postnatal 
blood MeHg concentrations are not associated with 
adverse neurobehavioural outcomes in Inuit children 
(Plusquellec et al., 2010; Boucher et al., 2012). 

These results further highlight the need to continue 
investigating the effects of postnatal MeHg exposure 
on neurocognitive function.
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2011). A series of studies conducted by Valera and 
colleagues have suggested that other cardiac clinical 
end points may be slightly altered by MeHg exposure, 
although the clinical significance remains unclear, as 
the benefits of fish consumption in this population 
may obscure the clinical effects of MeHg. In a report 
published in 2008, blood Hg concentrations in 
Nunavik Inuit adults older than 40 years (n = 280) 
were examined to assess the association between 
Hg concentrations and blood pressure. The mean Hg 
level in this age group was reported to be 19.6 µg L-1. 

High Hg exposure was found to be associated with a 
decrement in HRV and higher blood pressure (Valera 
et al., 2008). Results were also reported on the 
impact of healthy fats in fish in the same population 
(n = 181). Data from this study suggested an overall 
benefit of fish consumption in this age group due to 
the impact of omega-3 fatty acids on heart rate and 
blood pressure in women (Valera et al., 2011b). The 
same researchers examined Nunavik Inuit adults 
older than 18 years to further study the association 
between Hg exposure and blood pressure. They 
examined 732 individuals, including 319 men and 
413 women. The mean blood Hg concentration for 
adults was 10.1 µg L-1.8. In this study, investigators 
again observed that Hg concentrations were 
associated with increasing blood pressure and 
pulse pressure after adjusting for the benefits of 
fish nutrients (Valera et al., 2009). In a similar study, 
Valera and colleagues assessed the impact of Hg 
exposure on blood pressure and cardiac autonomic 
activity among Cree participants aged 18 and older 
(n = 791) from James Bay communities between 
2005 and 2009. The mean blood Hg concentration 
for adults was 9 3.09 µg L-1. The study concluded 
that Hg exposure appears to affect HRV among Cree 
adults even once potential confounders such as fish 
nutrients and other contaminants present in the 
traditional diet are taken into consideration. However, 
after adjusting for confounders, no relationship was 
found between blood or hair Hg concentrations and 
blood pressure (Valera et al., 2011a).

8  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B. 

9  Measures in this study are converted from nmol L-1 in  
accordance with guidelines set in Appendix B. 

reviewed other epidemiological studies that did not 
correlate Hg exposure with coronary events.

Results from Minamata, Japan, indicate that residents 
had elevated rates of hypertension when compared 
with residents of Ariake, a region not affected by the 
widespread Hg exposure incident in the mid-20th 
century. Interestingly, these investigators identified 
a dose-response relationship between Hg exposure 
levels and prevalence of hypertension. Residents of 
Goshonoura, who were exposed to higher Hg levels 
than the residents of Ariake but lower than those in 
Minamata, had rates of hypertension higher than in 
Ariake but lower than those observed in Minamata 
(Yorifuji et al., 2010). However, there may be other 
influencing factors for hypertension. For example, 
increases in the prevalence of high blood pressure 
have been observed in Aboriginal peoples from 
Nunavik, an Arctic region of Quebec, despite declines 
in blood Hg concentrations since the early 1990s 
(Chateau-Degat et al., 2010).

Results from a small study conducted in the Faroe 
Islands also suggest a link between MeHg exposure 
and cardiovascular disease. Forty-two whaling men 
were clinically assessed for Hg exposure and several 
cardiovascular end points, including heart rate 
variability (HRV), blood pressure, and carotid intima-
media thickness (IMT). Investigators observed that Hg 
exposure was significantly associated with increased 
blood pressure and IMT (Choi et al., 2009). Mercury 
levels have also been correlated with hypertension in 
101 individuals enrolled in a sleep study conducted 
in Wisconsin, United States. Although increasing Hg 
concentrations were not associated with vascular 
reactivity, an increased risk of hypertension was 
observed (Bautista et al., 2009). In the Brazilian 
Amazon, there was a negative association between 
plasma nitrite levels and Hg exposure levels. 
Lowered plasma nitrite levels indicate impaired nitric 
oxide production, which is critical for maintaining 
cardiovascular homeostasis, further suggesting a 
possible mechanism for Hg to lead to cardiovascular 
disease (de Marco et al., 2010).

The effect of Hg on cardiovascular end points remains 
inconclusive. Mortality from coronary heart disease 
has been found to be low (AMAP, 2009; Stow et al., 
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14.4.6 Carcinogenic Effects

The International Agency for Research on Cancer has 
classified MeHg as a Group 2B carcinogen: “possibly 
carcinogenic to humans.” The agency found sufficient 
evidence of carcinogenicity of MeHg in animals 
based on development of renal tumours in mice, 
although the same tumours are not observed in rats. 
It is currently unclear whether these effects are also 
observed in human populations. In evaluating causes 
of death in Minamata, Japan, where levels of Hg 
exposure were very high, excess mortality from liver 
and esophageal cancer was observed (WHO, 2002).

14.4.7 Immune System

Prenatal MeHg exposure is associated with possible 
effects on the immune system (Belles-Isles et al., 
2002; Bilrha et al., 2003). Forty-eight pregnant 
women were recruited from 5 subsistence-fishing 
communities in the mid-north shore of the St. 
Lawrence River. A group of 60 pregnant women 
served as a reference group. There were no 
reported differences in the overall composition of 
the lymphocytic population in cord blood samples; 
however, there was a diminished lymphoproliferative 
response in women from the subsistence-fishing 
group (Belles-Isles et al., 2002). It was also found 
that blood Hg levels were higher in the subsistence-
fishing group and that cytokine excretion from cord 
blood monocytes was decreased (Bilrha et al., 2003); 
however, these results have not been linked to clinical 
dysfunction in children.

A study reporting in 2010 found no association 
between prenatal MeHg exposure and the 
development of asthma or atopic dermatitis in 7-year-
old children (Grandjean et al., 2010a). However, a later 
study conducted in Korea suggested that blood Hg 
concentrations in adults were associated with atopic 
dermatitis (Park and Kim, 2011).

Using data on US women from the National Health and 
Nutrition Examination Survey (NHANES) 2007–2008, 
Gallagher and Meliker (2012) found that total blood 
Hg was associated with thyroglobulin autoantibody 
positivity (TgAb), but not with thyroid peroxidase 

In a cohort of 226 Inuit children from Nunavik followed 
from birth to 11 years of age, Valera et al. (2012) 
report that concentrations of umbilical cord blood Hg, 
an indicator of prenatal exposure, and hair Hg,  
a marker of long-term exposure, at 11 years old were 
not associated with decreased HRV or changes in 
blood pressure after adjusting for covariates. However, 
blood Hg concentrations at 11 years old were 
negatively associated with some parameters related 
to HRV after adjusting for certain covariates, including 
blood selenium, lead, and n-3 polyunsaturated fatty 
acids, but not unmeasured confounders such as 
physical activity or cigarette smoking. There was no 
association observed with any measure of Hg and 
blood pressure. The authors concluded that, while Hg 
exposure during childhood seems to affect HRV in 
these children, there is limited scientific information 
regarding the predictive value and relevance of HRV 
in healthy children as it relates to the risk of chronic 
heart diseases.

A mechanism by which Hg exposure can lead to 
cardiovascular health effects has recently been 
proposed. Mercury may inhibit paraoxonase (PON1) 
activity, which is an important enzyme in protecting 
against coronary heart disease. PON1 activity was 
measured in blood samples collected from a total of 
896 Inuit adults aged 18 to 74 residing in Nunavik. 
Results from this study indicated that PON1 activity 
decreased as blood Hg concentrations increased; 
however, investigators also found that PON1 
activity was positively associated with selenium 
concentrations. These results suggest that Hg may 
inhibit PON1 activity, which may explain why Hg 
exposure has been associated with cardiovascular 
health effects, but that this effect can be modified by 
important nutrients found in fish (Ayotte et al., 2011). 
These data are further supported by existing evidence 
from a study of James Bay sport fishers, which 
reported that strong predictors of cardiovascular risk, 
such as high-density lipoprotein cholesterol, oxidized 
low-density lipoprotein cholesterol and glutathione 
peroxidase, improved during the fishing season 
despite the elevated Hg exposures (Bélanger et al., 
2008). These results suggest that the cardiovascular 
benefits of fish consumption may outweigh the 
effects of elevated Hg, depending on the levels of Hg 
exposure (Bélanger et al., 2008; Ayotte et al., 2011).
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Some investigators have proposed that the molar 
ratio of Hg to selenium plays an important role in 
attenuating the potentially harmful effects of MeHg, 
based on studies conducted in rats (Ralston et al., 
2007; Ralston et al., 2008; Heath et al., 2010). 
Results from these studies indicated that dietary 
selenium had a protective influence on the effects 
of chronic MeHg exposure, and that blood Hg: 
selenium ratios were proportional to the level of 
exposure in laboratory rats (Ralston et al., 2007; 
Ralston et al., 2008). Furthermore, Heath et al. 
(2010) demonstrated that chronic consumption of a 
diet relatively high in selenium ameliorated MeHg-
induced adult-onset neurotoxicity of some end points 
in rats. Although experimental data have suggested 
that the benefits of selenium to counter the effects 
of MeHg are biologically plausible, epidemiological 
studies have generally failed to consistently 
demonstrate such an effect in human populations 
(Saint-Amour et al., 2006; Choi et al., 2008). When 
MeHg-induced neurobehavioural dysfunctions 
observed in the Faroese birth cohorts were assessed 
against varying concentrations of cord blood 
selenium, no clear evidence of a protective effect 
was seen, even when selenium was present at a 
10-fold greater molar excess compared with MeHg 
(Choi et al., 2008). In contrast, results from a small 
study in the Brazilian Amazon suggest that high 
selenium concentrations combined with low MeHg 
concentrations synergistically interact to lower  
the prevalence of age-related cataracts (Lemire  
et al., 2010). 

14.4.10 Synthesis: Human Health Effects

In communities that heavily rely on fish, seafood, and 
marine mammals as a source of nutrients, residents 
are exposed to MeHg, as has been observed in Japan, 
Korea, China, Arctic Canada, the Faroe Islands, and the 
Seychelles Islands (ATSDR, 1999; WHO, 2002; AMAP, 
2009; Mahaffey et al., 2011). It is therefore necessary 
to understand the possible health effects associated 
with MeHg. The developing central nervous system 
is considered the organ system most susceptible 
to MeHg exposure. Therefore, fetuses, infants and 
children have been identified as subgroups that 
may be particularly sensitive to developing clinical 

autoantibody positivity (TPOAb), two prognostic 
indicators for long-term risk of hypothyroidism. 
According to the authors, their results may more 
broadly indicate a relationship between Hg and  
human autoimmunity.

14.4.8 Reproductive and Developmental 
Effects

Current evidence does not support reproductive 
deficiencies as a result of Hg exposure. Two studies 
in men observed that blood MeHg concentrations 
were not associated with sperm quality measures 
(Rignell-Hydbom et al., 2007; Mendiola et al., 
2011). There are limited data regarding human 
developmental outcomes associated with high 
levels of MeHg exposure other than neurological 
development. In the Faroe Islands, increased intake 
of marine fats seemed to prolong gestation. However, 
there was no association with MeHg concentrations 
(Grandjean et al., 2001). There is some evidence to 
suggest that preterm labour may be associated with 
MeHg exposure (Xue et al., 2007). A study conducted 
in France found no consistent association between 
fetal growth and MeHg exposure. However, maternal 
hair Hg concentrations may have been too low to 
result in clinical manifestations (Drouillet-Pinard  
et al., 2010). MeHg exposure does not seem to  
affect the architecture of the developing fetus and  
is not associated with neural tube defects (Brender  
et al., 2006).

14.4.9 Selenium Interactions with 
Mercury

Selenium is a necessary component of glutathione 
peroxidase, which is an important peroxide 
scavenger, thought to be protective against oxidative 
stress generated by MeHg exposure (Nath et al., 
1996). Mercury covalently bonds with selenium, 
with an affinity much higher than that of sulphur; 
consequently, it has been postulated that Hg could 
thus interfere with the synthesis and activity of 
selenium-containing enzymes such as glutathione 
peroxidase (Sugiura et al., 1978; Ralston &  
Raymond, 2010).
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cardiovascular end points. Reported decreases in 
heart rate variability and increases in blood pressure 
were associated with increasing MeHg exposures 
in some cohorts. However, the prevalence of 
cardiovascular disease and death due to coronary 
events has been found to be low in the Inuit 
population (Valera et al., 2008; AMAP, 2009; Valera  
et al., 2009; Stow et al., 2011; Valera et al., 2011a).

14.5 BENEFITS OF FISH 
CONSUMPTION
A number of health benefits are associated with fish 
intake. Fish are a nutritionally dense food item. Some 
nutrients found in fish are thought to have protective 
effects against the adverse health effects of Hg. In 
addition, the overall health and well-being of some 
Canadian communities are intricately tied to the 
consumption of country food such as fish (Gupta et 
al., 2005; Donaldson et al., 2010). Country food items, 
such as local animals and fish, are important social, 
cultural, economic, and spiritual factors for Aboriginal 
communities (Gupta et al., 2005; Lambden et al., 
2007). The nutritional, cultural, social, economic,  
and spiritual benefits of fish consumption are 
described below.

14.5.1 Nutritional Benefits

Several nutritional benefits are associated with a 
diet rich in fish and seafood. In addition to being an 
excellent source of lean protein, fish are perhaps 
the most significant source of naturally occurring 
Vitamin D, which enhances calcium absorption, a 
necessary mineral for overall bone health. Other 
beneficial minerals, such as selenium, iodine, iron, 
and magnesium are also present in fish and may 
confer several overall health benefits attributed to 
fish consumption (Health Canada, 2007a). Perhaps 
the most beneficial aspect of fish consumption is the 
abundance of polyunsaturated fatty acids (PUFAs), 
eicosapentaenoic acid (EPA) and docosahexaenoic 
acid (DHA) in many fish (Cohen et al., 2005a; Cohen 
et al., 2005b; Cohen et al., 2005c). As important 
components of cellular lipid development,  

manifestations from MeHg exposure. Evidence 
has also supported the possibility that MeHg 
exposure may have some adverse effects on the 
adult cardiovascular system; however, the weight 
of evidence from several epidemiological studies is 
equivocal (Murata et al., 2011).

Conclusions from the extensive data and analysis 
of 2 birth cohort studies in the Faroe Islands and 
Seychelles Islands have traditionally been discrepant. 
In the Faroe Islands, prenatal and postnatal MeHg 
exposures have been significantly associated with 
neurological impairments, a finding that is in contrast 
to similar assessments in the Seychellois cohort. The 
cause of this is currently unclear, although the finding 
that the beneficial effects of omega-3 fatty acids may 
affect the determination of adverse health effects in 
the Seychellois cohort may help clarify the discrepant 
effects on neurodevelopment seen between the 
Seychelles and Faroese studies (Davidson et al. 
2008b; Strain et al. 2008). Differences in dietary 
nutrients, other contaminant levels, and genetics 
may have an overall effect on study results (Clarkson 
and Strain, 2003; Davidson et al., 2006; Myers et al., 
2007; Grandjean et al., 2010b). High Hg exposure in 
the Seychellois cohort is thought to be likely related to 
the quantity of fish consumed rather than the species 
of fish (ATSDR, 1999). The Faroese also frequently 
consume fish, but their main source of MeHg 
exposure is through the intermittent consumption of 
whale meat. Like other marine mammals, whale meat 
carries a high level of MeHg, but its consumption is 
occasional, resulting in intermittent instances of high 
exposures (ATSDR, 1999). 

Aboriginal communities in Arctic Canada have also 
been clinically examined for possible neurotoxicity 
due to MeHg exposure. Aboriginal Canadians rely 
heavily on a diet rich in fish and seafood items that 
may potentially expose them to higher levels of 
MeHg. Overall, studies examining health outcomes 
attributable to MeHg exposure have not shown a clear 
association between exposure and adverse clinical 
effects. Some have indicated slight neurological 
impairments for prenatal and postnatal exposures; 
however, these do not seem to be related to clinical 
outcomes. A similar scenario was observed when 
assessing the link between MeHg exposure and 
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Ingestion of MeHg may produce adverse effects on 
these same clinical end points, suggesting that the 
interaction between MeHg risk and fish consumption 
benefits must be adequately balanced to achieve 
optimal health (Mahaffey et al., 2011).

In Inuit adults older than 40 years of age, high fish 
consumption was associated with increased levels of 
PUFAs, which was correlated with a beneficial impact 
on resting heart rate and HRV in women (Valera et 
al., 2011b). Observations, however, did not include 
an overall benefit in Inuit men who participated in the 
study. In contrast, a previous study by Valera et al. 
(2009) reported an increase in pulse pressure among 
Inuit adults after adjusting for PUFAs and selenium 
concentrations.

A 2003 study reported no significant cardiovascular 
benefits associated with sport-fish consumption 
among St. Lawrence River anglers. Participants of 
this study, however, may have had other dietary and 
lifestyle factors that skewed the results, as evidenced 
by high smoking rates and a high rate of obesity in the 
population (Godin et al., 2003).

The results of several studies have suggested that 
the overall health benefits of fish consumption 
might outweigh the relative risks associated with 
exposure to MeHg. Although some studies have 
found no significant interaction between measured 
levels of fatty acids and Hg (Guallar et al., 2002; 
Davidson et al., 2008b; Philibert et al., 2008), others 
have demonstrated that fatty acids may significantly 
decrease the risk of adverse health outcomes in 
the presence of Hg exposure (Rissanen et al., 2000; 
Hallgren et al., 2001; Virtanen et al., 2005).

Increased maternal supplementation of DHA during 
gestation has been linked to increased intelligence 
scores and cognitive function of infants and children 
(Mozaffarian and Rimm, 2006). As part of the SCDS, 
a positive association between PUFA levels and 
neurodevelopment in infants at 9 months of age was 
reported. These effects were no longer observed at 
30 months of age, suggesting that benefits may be 
limited to a particular developmental period (Strain 
et al., 2008). These results are consistent with other 
studies suggesting that fish intake may benefit brain 

the essential fatty acids DHA and EPA have been 
associated with health benefits such as improved 
cardiovascular health, fetal growth, and neurological 
development, as well as with treatment of some 
inflammatory diseases and some mental health 
and behavioural disorders (Toronto Public Health 
2006). Increased intake of fish and fish oils has 
been scientifically shown to be important for overall 
cardiovascular health. Studies show that a modest 
consumption of EPA and DHA (between 250 and 500 
mg d-1) reduces the risk of death due to coronary heart 
disease by 36%. Epidemiological and animal studies 
have documented several cardio- and neuroprotective 
roles of EPA and DHA ingested either as oily fish, such 
as salmon, herring and sardines, or as fish oil as a 
dietary supplement (Mozaffarian and Rimm, 2006). 
Indeed, gestational exposure to PUFAs appears to be 
associated with enhanced neurodevelopment and 
adult exposure with improved cardiovascular health. 
The benefits of fish consumption are not limited to the 
beneficial attributes of PUFAs. Fish proteins have also 
been shown to contribute to diabetes prevention in 
experimental rat studies (Pilon et al., 2011).

The Food and Agricultural Organization and the 
World Health Organization reviewed data and 
scientific literature on the risks and benefits of 
fish consumption, including nutrient and chemical 
contaminant levels (specifically MeHg, dioxins, and 
dioxin-like polychlorinated biphenyls) in a range of 
fish species. The review was used to consider risk-
benefit assessments for specific end points, including 
those for sensitive groups of the population. One of 
the important conclusions from this review was that 
the risk of suboptimal neurodevelopment in offspring 
of women who consumed fish was lower than in 
those whose mothers consumed less fish. This is 
important to consider when evaluating the benefits 
of long-chain n-3 polyunsaturated fatty acids found 
in fish versus the risks of MeHg toxicity among 
women of childbearing age (FAO/WHO, 2011). Further, 
consumption of fish-based omega-3 fatty acids, either 
from fish or from dietary supplements, has been 
associated with positive clinical outcomes. However, 
further research will be needed to determine the 
extent of nutritional benefit of fish oil compared with 
fish (Mozaffarian and Rimm, 2006; McManus et al., 
2011; Patterson et al., 2011; Stern and Korn, 2011). 
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neurodevelopmental benefits of fish consumption 
(FAO/WHO, 2011).

14.5.1.1 Dietary Change

Public health advice can have an impact on the diet 
of Aboriginal communities in Canada (Gupta et al., 
2005; Donaldson et al., 2010). Dietary assessments 
have shown that individuals who have a low country 
food intake consume more sucrose and saturated 
fat, which are not highly nutritional sources of energy 
(Gupta et al., 2005). The dietary shift from nutrient-
rich country food items to energy-dense and nutrient-
poor market foods carry several negative implications 
for the overall health and well-being of Aboriginal 
communities, including risk of obesity and diabetes 
(Sheikh et al., 2011).

An increase in the prevalence of obesity in Canada’s 
northern communities has been documented and 
has been shown to be linked to suboptimal nutrient 
consumption (Kuhnlein et al., 2004). Obesity is closely 
linked to the development of chronic disease, such as 
type 2 diabetes and cardiovascular disease. As well, 
decreased consumption of country food has been 
shown to result in lower intake of nutrients such  
as Vitamins A, D, E, B6, selenium, and others. 

14.5.2 Socio-Cultural Benefits

Aboriginal communities have a holistic view of health 
and well-being. Their way of life has traditionally been 
defined by their relationship with the environment 
(Van Oostdam et al., 2005; Wheatley and Paradis, 
1996; Wheatley et al., 1997). Activities related to the 
consumption of fish and other country food, including 
hunting, harvesting, and processing of food items, still 
play a crucial role in the everyday lives of community 
members. Such activities have been associated with 
several socio-cultural benefits, including a more 
active lifestyle, food diversity, participation in cultural 
activities, and increased food security (Van Oostdam 
et al., 2005).

The social, cultural, and economic benefits of country 
food and fish consumption in Aboriginal communities 
have been well documented. In a study reported 

growth and development even in the presence of 
prenatal exposure to Hg (Budtz-Jørgensen et al., 
2007; Myers et al., 2007; Oken et al., 2007; Oken 
and Bellinger, 2008;). It has been recommended 
that future research focus on the nutritional benefits 
of fish consumption at different life stages, as the 
risks from Hg exposure and nutritional benefits 
from fish change during the lifespan (FAO/WHO, 
2011). Prenatal exposure to MeHg in Inuit infants 
has not been associated with neuromotor deficits. 
Higher concentrations of cord DHA in Inuit infants 
was associated with several positive health effects 
including longer gestational period, better visual 
acuity, and increased performance on cognitive and 
motor development indices (Jacobson et al., 2008). 
Postnatal Hg exposures in the same children were 
linked to hand tremors, suggesting that the benefits 
from fish consumption may be temporary or specific to 
gestational neurodevelopment (Després et al., 2005).

When evaluating risk and benefit of fish consumption, 
several factors influencing human health and well-
being require consideration, such as fish preparation 
method (e.g., deep-fried versus baked) and other 
lifestyle factors such as smoking, which can influence 
cardiac health. There is evidence that MeHg exposure 
may adversely affect cardiac health (Stern and Korn, 
2011); however, it is currently limited. It is therefore 
difficult to conduct a quantitative risk-benefit analysis 
of the benefits of fish consumption compared with 
the risks of MeHg exposure. This also holds true 
for assessing whether the neurocognitive benefits 
associated with increased omega-3 fatty acid intake 
outweigh the potential neurocognitive risks of MeHg 
exposure. Levels of MeHg and of PUFAs in fish vary, 
but existing data provide strong evidence that fish 
that contain low MeHg concentrations and high PUFA 
concentrations provide an overall benefit to human 
health (FAO/WHO, 2011; Stern and Korn, 2011). 
Under most circumstances evaluated, the benefits of 
fish consumption outweigh the risks. Net benefits of 
fish consumption may be maximized by monitoring 
the frequency, amount, and choice of fish species 
consumed to achieve the neurological benefits  
of PUFA intake while reducing MeHg exposure.  
The benefits to neurodevelopment from eating fish 
are reduced by MeHg exposure; therefore, reducing 
MeHg contamination of fish would improve the net 
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Ward, 2010). Response to public health advice can 
assist in risk management of Hg exposure. Public 
health advice to reduce fish consumption of species 
with higher concentrations of Hg has been found 
to reduce Hg intakes, although such advice may 
simultaneously reduce the intake of healthy omega-3 
fatty acids in the diet (Shimshack and Ward, 2010). 
Balanced media communications and public health 
advisories and strategies are important to achieve 
results maximizing benefits to human health, for 
instance by simultaneously highlighting the benefits 
of fish consumption and indicating which fish are 
safer to eat in the risk messages (Greiner et al., 2010; 
Shimshack and Ward, 2010). 

14.6.1 Reducing Risk at the Local Level

Provincial and territorial governments are responsible 
for monitoring contaminant levels in locally caught 
fish and for issuing public health advisories regarding 
the consumption of these fish based on their findings 
(Wood and Trip, 2010). Most provinces and territories 
have established regional consumption advisories, 
which are often published in conjunction with local 
fishing guides.
  
Provincial and territorial governments may 
receive input from Health Canada, but local health 
departments are responsible for developing and 
communicating specific advisories to the affected 
communities (Wood and Trip, 2010). In the Canadian 
Arctic, the bioaccumulation of MeHg in country food 
and the limited affordable and culturally acceptable 
substitutes for country food raise complex issues in 
the public health field.

It is important that public health officials continue 
to update public messages regarding fish and 
seafood consumption as they become aware of new 
developments in research. There are several examples 
of how public messages have evolved over the last 
12 years in the Canadian Arctic. In 1995, the Inuit 
Tapirisat of Canada (now the Inuit Tapiriit Kanatami) 
released the following public message:

…So far as we are aware, the risks to public 
health from continuing to eat beluga and seal 

in 2000, most Inuit respondents (more than 80%) 
indicated that harvesting and consuming country food 
was associated with several factors that promote 
well-being. These activities contribute to physical 
fitness and overall health and provide nutritional 
value, community sharing, cultural benefits, important 
generational ties, survival skills, and environmental 
education (Kuhnlein and Chan, 2000; Van Oostdam et 
al., 2005). Economic factors also play an integral role 
in local food consumption practices, as the cost of 
living in the Arctic is high (Donaldson et al., 2010).

14.5.3 Synthesis: Benefits of Fish 
Consumption

A diet rich in fish and seafood provides several health 
benefits and supports cardiovascular and neurological 
health. For Aboriginal communities, consuming a 
diet rich in country food, including fish and marine 
mammals, has several additional benefits including 
social, cultural, and economic factors. It has become 
increasingly evident that the benefits associated  
with fish consumption should also be considered 
when evaluating the risks of mercury exposure from 
fish consumption.

14.6 STRATEGIES TO REDUCE 
EXPOSURE
Risk communications in the form of health advisories 
to the public on fish and seafood consumption are 
a common strategy to help manage exposure to Hg 
from the diet. Such advisories are often targeted to 
susceptible groups such as women of childbearing 
age, pregnant women, and children, and may provide 
guidance on how much fish, and which species, 
are considered safe to eat. Such messages can 
influence the reduction of human exposure to Hg 
while maintaining the important health benefits of 
omega-3 fatty acids. However, guidance or messages 
from public health agencies or the media concerning 
risks of Hg exposure from consuming large quantities 
and certain species of fish can leave members 
of the public uncertain about the benefits of fish 
consumption (Greiner et al., 2010; Shimshack and 
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pregnant women and their children. The 2004 
Qanuippitaa Survey has shown that country 
food consumption has significantly decreased 
over the last decade. Therefore Nunavimmiut 
must be incited to increase their consumption 
of country food, the only limitation being  
for women of childbearing age who should 
limit their consumption of beluga meat 
(NRBHSS, 2011).

The limitation of consumption of beluga meat for 
pregnant women and women of childbearing age 
followed the release of the Nunavik Child Development 
Study results, which suggested that prenatal 
Hg exposure is a risk factor for attention deficit 
disorder in childhood. The following health advisory 
was provided to pregnant women and women of 
childbearing age in Nunavik:

In Nunavimmiut, the main source of mercury 
exposure is beluga meat. Therefore, until we 
have evidence of a decrease of the mercury 
content in this specific country food, pregnant 
women and those of childbearing age should 
decrease their consumption of beluga meat. 
(NRBHSS, 2011).

As more health effects data become available, the 
relationship between the risks and benefits of fish 
and seafood consumption is becoming more complex. 
However, a clear and accessible message must be 
released to the public that remains scientifically 
sound and accurate. A risk-benefit analysis has not 
been conducted with respect to the Canadian Arctic, 
but lessons learned from other instances may serve 
to guide public health decisions (Van Oostdam et al., 
2005; Van Oostdam et al., 1999).

Studies have evaluated methods of risk 
communications and assessed some of the successes 
and challenges in delivering a clear yet accurate 
message to certain communities. Some studies 
are currently attempting to understand how risk 
communications were delivered in the past and what 
lessons were learned from those events (Donaldson 
et al., 2010). These studies will eventually incorporate 
current risk communications about country food 
consumption in the Arctic. Risk communications in 

blubber are very small and are outweighed 
by the benefits (Usher et al., 1995, as cited in 
Donaldson et al., 2010).

In 2003, new data regarding the Inuit infant cohort 
led to the release of the following message by the 
Nunavik Nutrition and Health Committee (NNHC) 
(Nunavik Nutrition and Health Committee, 2003,  
as cited in Donaldson et al., 2010):

…the study results are interesting and 
very valuable to understanding the 
impact contaminants may be having on 
infant development in Nunavik, but more 
importantly, we must put these results in a 
greater public health context with the other 
things we know influence the health of 
young mothers and their babies. The Public 
Health Department suggests that women of 
childbearing age (13–45) must first ensure 
to eat a variety of nutritious foods in an 
adequate amount. Whenever possible, we 
suggest that women select country foods that 
are rich in fatty acids and less contaminated 
with PCBs (Arctic char, misiraq made from 
seal blubber instead of beluga).

The Committee goes on to state:

The NNHC and the PHD (Public Health 
Director) strongly believe that country food 
is generally the best food for Nunavimmiut. 
Country foods are nutritious, bind 
communities together and reduce the risk 
for several diseases such as heart disease 
and diabetes. So yes, of course, they are still 
safe to eat (Nunavik Nutrition and Health 
Committee, 2003, as cited in Donaldson  
et al., 2010).

The NNHC provided a similar general statement in 
2011 that country food continues to be the best food 
for Nunavimmiut:

The Nunavik Nutrition and Health Committee 
and the Public Health Director of Nunavik 
strongly believe that country food is generally 
the best food for Nunavimmiut, including 
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pregnant and breast-feeding women, and young 
children) was developed using the Food Directorate 
of Health Canada’s tolerable daily intake for MeHg 
(Health Canada, 2007b, 2007c, 2008). Health Canada’s 
Eating Well with Canada’s Food Guide currently 
recommends that Canadians eat at least 2 servings of 
75 g each of fish per week, particularly fish that are 
low in Hg and high in omega-3 fatty acids, such as 
char, herring, mackerel, salmon, sardines, and trout 
(Health Canada, 2007d). Consumption of these fish 
lower in Hg and high in omega-3 fatty acids not only 
provides nutritional benefits, but also ecological and 
economic benefits, since smaller fish lower on the 
food chain are both abundant and affordable (Dewailly 
and Rouja, 2009).
 
Health Canada also works with provincial and 
territorial governments to develop the Guidelines 
for Canadian Drinking Water Quality, which 
establish maximum acceptable concentrations 
for microorganisms and substances in drinking 
water. Provincial and territorial governments use 
the Guidelines for Canadian Drinking Water Quality 
as the basis for establishing their own enforceable 
requirements for drinking water quality. Some 
jurisdictions adopt all or some of the guidelines 
directly in their standards or regulations, while 
others use them as required, to issue site-specific 
operational licences or permits for treatment plants 
(Government of Canada, 2010). The drinking water 
guideline for Hg is 0.001 mg L-1, although levels 
of Hg are generally below this guideline (Health 
Canada 1986; Government of Canada, 2010). The 
Canadian Soil Quality Guidelines for the Protection of 
Environmental and Human Health provide guidelines 
for contaminants in soil (Government of Canada, 
2010). Although there are no current guidelines for 
MeHg in soil, there are guidelines for inorganic Hg in 
soil (Government of Canada, 2010).

Domestic Hg emissions have decreased since the 
1970s because of several regulatory and non-
regulatory initiatives by the Government of Canada 
in collaboration with provincial and territorial 
governments and industry (Government of Canada, 
2010). The use of Hg in consumer paints and other 
surface coatings, applied coatings on toys, and 
cosmetics is prohibited under federal legislation. 

Nunatsiavut, Nunavik, Nunavut, and the Inuvialuit 
Settlement Region of the Northwest Territories have 
been reviewed to identify key factors that can greatly 
impact the delivery of an appropriate message (Furgal, 
pers. comm., as cited in Donaldson et al., 2010).

Review of these specific case studies indicates that 
the most successful risk communication requires 
the involvement of regional experts and the public 
in a formal communication process. For information 
to be properly disseminated across a community, 
community members must be engaged in the risk 
assessment and communication processes from 
the beginning of the risk identification phase. A 
successful process involves explicitly understanding 
local perception and qualitative benefits and risks 
when considering risk optimization strategies and 
developing messages. These studies have identified 
some risk communications challenges, including 
disseminating messages that are customized to 
the appropriate audience, pre-testing messages, 
and formally evaluating the success of risk 
communications. Although these findings are 
still preliminary, they illustrate the importance of 
conducting further research in disseminating public 
messages and creating tailored, regional messages, 
targeted to specific audiences and communities 
(Donaldson et al., 2010).

14.6.2 Reducing Risk at the National Level

In 2010, the Government of Canada published a risk 
management strategy for Hg, which summarized 
actions taken and planned to reduce the risks 
from Hg. In 2007, Health Canada updated its risk 
management strategy for Hg in retail fish in order 
to better protect the health of Canadians and to 
align Canadian regulations for Hg in fish with 
international partners. Total Hg standards were 
established for retail fish and certain large predatory 
fish that have relatively high Hg content but are 
consumed infrequently (see section 14.2.1 for further 
information). Consumption advice for these specific 
types of fish was issued at that time and advice  
for canned albacore tuna was also developed.  
The consumption advice, specifically for susceptible 
population subgroups (women of childbearing age, 
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14.6.4 Synthesis: Strategies to  
Reduce Exposure

Overall, several strategies to reduce the population’s 
exposure to MeHg have been implemented. These 
strategies include public health actions and risk 
communication efforts specifically aimed at 
promoting a nutritious diet while limiting exposure 
(Government of Canada, 2010). The overall success 
of these programs is evidenced by the low MeHg 
exposure in the Canadian general population and 
reduction in exposure in Aboriginal communities over 
time. Messages to Arctic communities have been 
successful in conveying the benefits of country food 
consumption while addressing the risks associated 
with elevated MeHg exposures. Biomonitoring 
programs, such as CHMS, CANCP, MIREC, and FNBI, 
will also provide valuable additional measurements of 
MeHg burdens to track the effectiveness of national 
and international efforts to reduce human exposure  
to mercury.

14.7 CONCLUSIONS AND 
KNOWLEDGE GAPS

14.7.1 Conclusions

Biomonitoring data have been useful and relevant for 
estimating exposure to environmental contaminants 
in Canada. These data are used to establish reference 
ranges for concentrations of chemicals in the general 
Canadian population, which allow for comparisons 
with subpopulations as well as with data from other 
countries. Biomonitoring data also establish baseline 
concentrations of chemicals, allowing for historical 
tracking of human concentrations. Furthermore, 
population-based biomonitoring initiatives are 
used to determine strategic actions at the public 
health levels to reduce exposure and associated 
health risks. Continued biomonitoring is vital to risk 
management strategies for MeHg, as it supports 
future research on potential links between exposure 
and health effects. Key conclusions of the chapter 
are provided below.

Several efforts have also been made to limit Hg 
exposure from the use and disposal of certain other 
products, specifically health products, cosmetics, 
lamps, and dental amalgams. The Canadian Council 
of Ministers of the Environment has established 
Canada-wide standards for base smelting refineries, 
emissions from coal-fired electric power generation 
plants, Hg-containing lamps, and Hg in dental 
amalgam waste (Government of Canada, 2010).  
Refer to Chapter 2 for greater detail on national 
efforts to reduce Hg exposure in Canada.

14.6.3 Reducing Risk at the  
International Level

In recognition of the adverse health and 
environmental effects associated with the transport 
of Hg from foreign sources, the Government of 
Canada has been actively engaged in a number 
of international efforts, including the Great Lakes 
Water Quality Agreement and the CEC’s North 
American Regional Action Plan on Mercury within 
North America. Canada also participates in the 
Arctic Council, an intergovernmental forum among 
Arctic states and communities focused on issues 
of sustainable development and environmental 
protection, which includes the Arctic Monitoring and 
Assessment Programme and the Arctic Contaminants 
Action Program (Government of Canada, 2010).

Canada participates in a number of international 
conventions, partnerships, and protocols related to 
Hg directly or indirectly (e.g., the Basel Convention 
on the Control of Transboundary Movements of 
Hazardous Wastes and their Disposal, the Protocol 
on Heavy Metals to the United Nations Economic 
Commission for Europe’s Convention on Long-Range 
Transboundary Air Pollution, the United Nations 
Environment Programme Global Mercury Programme, 
and 2 Global Mercury Partnerships: Coal Combustion, 
and Mercury Fate and Transport) (Government of 
Canada, 2010). Canada has signed the Minimata 
Convention under the United Nations Environment 
Programme. Chapter 1 details the international 
efforts, conventions, partnerships, and protocols  
that Canada is engaged in to reduce Hg pollution  
and exposure.
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•	 Biomonitoring studies targeting pregnant women, 
women of childbearing age, infants, and children 
all provide a measure of Hg exposure to the fetus 
and children. Neurological development during 
early childhood reflects a critical period that is 
sensitive to MeHg exposure, thus making children 
inherently more susceptible to health effects  
than adults.

14.7.1.2 Human Health Effects

•	 Some health effects, in particular neurological 
impairments, are associated with exposure to high 
levels of MeHg. The developing nervous system is 
considered to be the system the most susceptible 
to the adverse health effects of MeHg, placing the 
developing fetus, infants, and young children at 
higher risk.

•	 Studies conducted in the last 10 years have 
suggested that neurological deficits in adults may 
also be attributable to Hg exposure.

•	 The level and duration of exposure to MeHg 
influences the severity of adverse health outcomes.

•	 Some studies suggest that there may be 
inconsistencies regarding specific effects of MeHg 
exposure on human health. While the evidence 
has not been conclusive, reported association 
differences may stem from variability in dietary 
habits, genetic factors, and the presence of other 
contaminants.

•	 Conclusions from the extensive data and analysis 
of 2 birth cohort studies in the Faroe Islands and 
Seychelles Islands, as well as more recent studies 
from European, North American, and Asian countries, 
still demonstrate some discrepancies when 
assessing neurological and neurodevelopmental 
impairments. The divergent data from these studies 
may, in part, be explained by variations in study 
design and end points evaluated, among other 
potential confounding factors.

•	 Prenatal exposure to Hg has been related to 
suboptimal child development and behaviour in 
Inuit children in Nunavik at 11 years of age in a 
cohort followed from infancy in the Nunavik Child 
Development Study. These studies indicate at least 
some long-standing health effects from prenatal 
exposure to Hg in developing children.

14.7.1.1 Monitoring Mercury Exposure  
in Canadians

•	 Exposure to Hg in individuals varies depending 
on regional, social, and occupational differences. 
Although the average exposure of Canadians 
is low, MeHg remains a potential public health 
issue for populations who rely heavily on the 
consumption of large predatory fish and country 
food, and for potentially susceptible groups, 
including developing fetuses, infants, and children.

•	 Human exposure to MeHg occurs primarily through 
the consumption of specific food items, particularly 
fish and seafood, as MeHg is almost completely 
bioavailable from food sources. Mercury exposure 
from dental amalgams does not pose a health 
impact for the general population.

•	 Several biomonitoring programs are in place 
to monitor exposure to MeHg for the general 
Canadian population, northern communities, and 
First Nations communities, as well as to determine 
prenatal exposure in infants and children. Other 
studies have been conducted evaluating MeHg 
exposure for Asian Canadians and sport fishers.

•	 Blood Hg concentrations indicate that exposure to 
MeHg is low for the general population. According 
to blood guidance exceedance data generated 
from Cycle 1 of the CHMS, the percentage of 
the population exceeding the recently proposed 
guidance value of 8 µg L-1 is low for pregnant 
women, women of childbearing age, and 
children. Higher Hg concentrations found in some 
subpopulations may generally be reflective of 
local dietary customs and the cultural tendency 
to consume fish and country food, particularly 
seafood and marine mammals. For example, Inuit 
sampled in the eastern Canadian Arctic have some 
of the highest concentrations of Hg among the 
populations sampled to date.

•	 Exceedance data suggest that maternal blood Hg 
concentrations in the Canadian Arctic have been 
decreasing in the last several decades, possibly 
due to dietary awareness and change.

•	 Available data about Hg concentrations in people 
living in First Nations communities south of  
60°N latitude suggest that Hg exposure is 
relatively low and is generally lower than for  
Arctic Inuit populations.
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generally states that the benefits of a country food 
diet outweigh the risks, but efforts are needed 
to lower Hg concentrations to avoid facing the 
dilemma of advising people against consuming 
certain traditional foods.

•	 Aboriginal communities have a strong cultural 
attachment to consuming country food items. 
Country foods also have an economic benefit,  
as market food items tend to be expensive in the 
more isolated regions of northern Canada.

14.7.1.4 Strategies to Reduce Exposure

•	 Strategies to reduce exposure include critical 
public health actions and effective risk 
communication efforts specifically aimed at 
establishing a nutritious diet while limiting 
exposure.

•	 Health Canada has established advisories for 
fish consumption for some types of retail fish for 
the general population. Monitoring of retail and 
sport fish for MeHg levels provides information 
necessary to adequately protect public health. 

•	 Messages to Arctic communities have been 
successful in conveying the benefits of country 
food consumption while addressing the risks 
associated with elevated MeHg exposures. Review 
of these specific case studies indicates that the 
most successful risk communication processes 
require the involvement of regional experts and the 
public in a formal communication process.

•	 Efforts to limit Hg exposure have been enhanced 
by domestic and international regulatory initiatives 
that serve to limit anthropogenic Hg emissions.

14.7.2 Knowledge Gaps

The key knowledge gaps identified in sections 14.3, 
14.4, 14.5, and 14.6 are outlined below.

14.7.2.1 Monitoring Mercury Exposure  
in Canadians

•	 Biomonitoring efforts need to continue throughout 
Canada. Although data are currently being 
collected to evaluate contaminant exposure in 

•	 Omega-3 fatty acids play a pivotal role in 
neurodevelopment, which may attenuate or negate 
the adverse effects of prenatal exposure to MeHg. 
However, while the omega-3 fatty acid DHA is 
positively correlated with infant development, this 
relationship is reduced or absent at higher MeHg 
exposures.

•	 Methylmercury exposure may have some adverse 
effects on the adult cardiovascular system, as 
cardiovascular effects attributed to MeHg are 
now more commonly being reported. Although 
the relative risks are low, the overall health 
impact on cardiovascular disease, the most 
frequent worldwide cause of human mortality, are 
considerable. Despite elevated Hg exposures, the 
cardiovascular benefits of fish consumption may 
outweigh the effects of elevated Hg, depending on 
the levels of Hg exposure.

14.7.1.3 Benefits of Fish Consumption

•	 Fish provide an excellent source of healthy fats 
(omega-3 fatty acids), protein, vitamins, and 
minerals. A diet rich in oily fish, such as salmon, 
or dietary supplementation with fish oil has been 
shown to positively benefit cardiovascular and 
neurological health in adults, fetal growth and 
neurodevelopment, as well as with treatment of 
some inflammatory diseases. During gestation, 
omega-3 fatty acids are essential for various 
aspects of neurodevelopment and have been 
found to enhance neurocognitive function.

•	 Several studies have suggested that the overall 
health benefits of fish consumption might 
outweigh the relative risks associated with 
exposure to MeHg. Although some studies 
have found no significant interaction between 
measured levels of fatty acids and Hg, others have 
demonstrated that fatty acids may significantly 
decrease the risk of adverse health outcomes in 
the presence of Hg exposure.

•	 In risk management, the benefits associated with 
fish consumption need to be balanced against the 
potential for exposure to Hg.

•	 There are significant cultural, social, and economic 
benefits of an Arctic diet that includes country 
food. In northern Canada, public health advice 
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14.7.2.2 Human Health Effects

•	 There have been some discrepancies reported 
in results from epidemiologically based studies 
examining health outcomes attributable to MeHg 
exposure (e.g., neurodevelopment, cardiovascular). 
Confounders that may account for discrepancies 
between studies need to be addressed. Such 
confounders include fish consumption patterns 
and differing chemical composition of local food 
sources. Further research is required in this area 
to understand these health effects.

•	 Research investigating the associations 
between Hg and cardiovascular disease has 
been inconclusive. Further research into this 
area may help gain a better understanding of 
this association, given the considerable health 
consequences of the disease.

•	 The Nunavik Child Development Study has 
provided some insight into the long-term effects 
of prenatal and postnatal MeHg exposure on 
cognition and development. Further health effects 
research will help to determine whether health 
effects from exposure to MeHg are persistent. 

•	 A possible role for MeHg in altering immune 
system function could be examined further, as 
research into the relationships between MeHg 
exposure and the development of immunological 
conditions and immune response has been 
inconclusive.

•	 The balance between the nutritional benefits of 
omega-3 fatty acids and risks of MeHg exposure 
from fish remains unclear. Results highlight 
the nutritional benefits of a diet rich in fish and 
seafood, but the interaction between nutrients 
and MeHg remain obscured by confounding 
factors, including modelling limitations. Further 
research could help illustrate the extent to which 
fish nutrients such as omega-3 fatty acids have a 
positive impact against the health effects of MeHg.

•	 Little is known about the potential of MeHg to 
cause renal and carcinogenic health effects in 
humans.

•	 Experimental findings suggest that some 
nutrients, such as selenium, may attenuate Hg 
health effects; however, human-based studies 
have not definitively confirmed these findings. 

Canadians and establish baseline levels, follow-up 
studies will aid investigators in determining trends 
in MeHg exposure, which is especially important 
in the Canadian Arctic and near major waterways 
in southern Canada.

•	 Northern studies supported by the NCP and First 
Nations initiatives will continue to provide valuable 
public health information about contaminant 
concentrations, including MeHg, in Aboriginal 
communities. Continued monitoring in the form 
of follow-up studies is needed for all population 
groups discussed in this chapter. Biomonitoring 
of subpopulations that have a diet rich in fish 
and seafood will provide useful information 
for development of future advisories regarding 
the consumption of fish. This is especially 
important in the Canadian Arctic in order to better 
understand temporal trends in MeHg exposure. 
Combining exposure studies with food frequency 
questionnaires and lifestyle surveys, using an 
appropriate study design, can provide researchers 
with further information and insight on possible 
sources of exposure.

•	 There have been few studies conducted to 
assess Hg exposure in susceptible groups, such 
as infants and children. Although CHMS covers 
a wide age group for biomonitoring purposes, it 
is also important to monitor infants and children 
less than 6 years of age. This group may be more 
sensitive to Hg exposure as a result of active 
neurodevelopmental processes.

•	 Continued biomonitoring of Canadians may allow 
public health officials to implement new risk 
management strategies for MeHg, as it supports 
future research on potential links between 
exposure and health effects. Population-based 
biomonitoring initiatives are used to determine 
strategic public health actions in order to 
reduce exposure and associated health risks. 
Biomonitoring information can also measure the 
effectiveness of national and international efforts 
aimed at reducing MeHg exposure by tracking 
temporal trends in MeHg exposure. This is 
especially important in the Canadian Arctic, which 
acts as a global sink for pollutants such as Hg.
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Hg concentration was used if individuals provided 
multiple samples within the same year (Table 14.9). 
The mean blood Hg concentration was 22.8 µg L-1 
(ranging from 1 to 267 µg L-1), which was more than 
3 times that of First Nations communities living south 
of 60°N. Mean blood Hg concentrations by year are 
listed in Table 14.10. The sample size was 4 275 
individuals, and includes volunteers who participated 
in more than one year. From 1976 to 1988, the mean 
of blood Hg concentration decreased from 23.9 to 
7.8 µg L-1.

By 1999, the Hg biomonitoring program was 
discontinued because average concentrations of 
Hg exposure at the population level were falling far 
below concentrations of concern. As new evidence 
emerged of health effects at lower concentrations, 
the question of the need for continued surveillance 
using biomonitoring techniques re-emerged (National 
Research Council, 2000).

Outside of this biomonitoring program, several 
other studies signalled human Hg levels of concern. 
In 1981, Wheatley and Wheatley published one 
of the first reports linking diet to body burden of 
Hg. The study involved Inuit residents in Sugluk, a 
community in northern Quebec, and stemmed from 
the identification of high blood Hg concentrations 
(above 100 µg L-1) in approximately 17% of these 
residents in 1978, a value much higher than in other 
Inuit communities (Wheatley and Wheatley, 1981). 
Similarly, a study raised concern about Hg exposure 
in another community: in 1976, the average individual 
annual peak MeHg blood level in Grassy Narrows, 
a community in northern Ontario, was 23.8 µg L-1 
(n = 239), although this had decreased to 7.5 µg L-1 
(n = 116) by 1995 (Wheatley et al., 1997).

Wheatley and Paradis published a biomonitoring 
paper on MeHg exposure in First Nations and Inuit 
communities describing regional trends in Hg 
concentrations over 2 decades. Hair, blood, and cord 
blood samples collected from 1971 to 1992 from a 
total of 38 571 individuals in 514 communities across 
northern Canada were analyzed. The mean blood 
Hg concentration across all Arctic participants was 
28.8 µg L-1. Inuit residing in the Northwest Territories 
had a mean blood Hg concentration of 26.8 µg L-1. 

APPENDIX 14.A HISTORICAL 
DATA AND CHANGES IN HUMAN 
EXPOSURE TO MERCURY
In the early 1970s, the Medical Services Branch 
(currently FNIHB) of Health Canada implemented a 
systematic MeHg biomonitoring program for First 
Nations and Inuit peoples (Health Canada, 1999). This 
program was triggered by the detection of high blood 
and hair Hg concentrations among First Nations in the 
provinces of Ontario and Quebec. This biomonitoring 
program, one of the first of its kind worldwide, was 
informed by the emerging health effects seen in 
Minamata Bay and Iraq, demonstrating the need to 
conduct careful monitoring. Early understanding in 
Canada of the relationship between hair and blood Hg 
levels allowed use of a hair monitoring program with 
confident extrapolation to blood levels.

For First Nations communities south of 60°N, 
52 586 hair and blood samples representing 29 914 
volunteers aged 6 to 79 years were analyzed from 
1971 to 1998. These volunteers represented a 
subgroup of the First Nations population that were 
at higher risk of exposure. The mean blood Hg 
concentration was 7.34 µg L-1. The group with 
the highest concentration was men aged 60 to 79, 
with a mean of 13.42 µg L-1 (for overall data, see 
Table 14.7, MeHg in Canadian First Nations and Inuit 
Database, C Tikhonov pers. comm., 2011). Mean blood 
Hg concentrations by year are listed in Table 14.8. 
Analysis was based on 1 sample per individual for 
each year; if individuals provided multiple samples 
within the same year, only the highest concentration 
was reported in that year. Many individuals had their 
blood or hair sampled in more than 1 year; hence, 
the sample size of 40 914 is higher than the 29 914 
volunteers who participated in the 28 years of the 
study. The mean Hg concentrations have decreased 
over a period of 28 years, from 34.7 µg L-1 in 1971 to 
5.13 µg L-1 in 1998 (Figure 14.1).

With respect to First Nations communities living north 
of 60°N, 5,601 samples were analyzed between 
1976 and 1988, representing a total of 3 163 
individuals aged 6 to 79 years. Analysis was based 
on 1 sample per individual per year, and the highest 
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These values were higher than those reported for 
Dene living in the Northwest Territories, who had a 
mean blood Hg concentration of 12.3 µg L-1. Hair, 
blood, and cord blood samples of Yukon First Nations, 
Quebec Cree, and Quebec Inuit were also analyzed. 
Mean blood Hg concentrations for these groups were 
6.7 µg L-1, 29.5 µg L-1, and 42.4 µg L-1, respectively. 
The highest MeHg concentrations were observed in 
Inuit residing in northern Quebec and the Northwest 
Territories (Wheatley and Paradis, 1998).

Changes in MeHg exposure have also been assessed 
in Arctic communities from earlier biomonitoring 
studies. For 142 Inuit residing in Nunavik between 
the years of 1977 and 1982, the mean blood Hg 
concentration was 48.2 µg L-1 (Wheatley and 
Paradis 1996, as reported in AMAP 1998). This 
Hg concentration was strongly associated with 
consumption of fish and marine mammals. In 
Nunavut, a survey of 286 Inuit between 1972 and 
1989 documented a mean blood Hg concentration of 
19.5 µg L-1 (Wheatley and Paradis, 1996, as reported 
in AMAP, 1998).

In the 1990s, the Effects on Aboriginals from the Great 
Lakes Environment (EAGLE) Project collected 392 
hair samples from First Nations living in the vicinity 
of the Great Lakes and measured a mean hair Hg 
concentration of 0.5 µg g-1. This concentration shows 
a decline from the mean Hg hair levels from these 
communities in the 1970s, which was 1.3 µg g-1 
(Davies, 2001).
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TABLE 14.7  First Nations mercury blood concentration data for individuals aged 6–79 years living south of 60°N 
(1971–1998)a

Blood concentration, THg, μg L-1 (95% CI)

Group 
and age

n
Arithmetic 

mean
Geometric 

mean
10th 

percentile
25th 

percentile
50th 

percentile
75th 

percentile
90th 

percentile
95th 

percentile

Total,
6–79 

29 914 14.6 
(14.3–14.8)

7.34 
(7.24–7.43)

1.67 
(1.67–1.67)

3.0 
(3.00–3.00)

6.67 
(6.67–6.67)

16.0 
(16.0–16.3)

34.3 
(34.0–35.0)

52.8 
(51.7–54.0)

6–11 5 062 9.32
(9.18–9.48)

5.36
(5.29–5.42)

1.67
(1.67–1.67)

2.33
(2.33–2.33)

5.0
(5.0–5.33)

10.7
(10.7–11.0)

21.3
(20.7–22.)

32.3
(31.0–34.0)

12–19 5 908 9.44
(9.28–9.59)

5.39
(5.33–5.45)

1.67
(1.67–1.67)

2.33
(2.33–2.33)

5.0
(5.0–5.0)

10.7
(10.6–10.7)

21.3
(20.7–22.0)

37.6
(34.3–41.4)

20–39 11 040 13.2
(13.0–13.5)

7.07
(6.98–7.15)

1.67
(1.67–1.67)

3.28
(3.0–3.33)

6.33
(6.33–6.4)

14.7
(14.3–14.7)

30.3
(30.0–31.0)

51.0
(48.0–55.7)

40–59 5 367 23.1
(22.7–23.5)

11.5
(11.4–11.7)

2.33
(2.0–2.33)

4.67
(4.67–5.0)

11.7
(11.7–11.9)

28.3
(27.7–28.7)

60.0
(56.2–64.8)

80.2
(78.7–85.7)

60–79 2 537 24.6
(24.2–25.0)

12.8
(12.6–13.0)

2.67
(2.67–2.67)

5.33
(5.33–5.67)

13.3
(13.0–13.7)

30.0
(29.3–31.3)

57.8
(56.3–61.0)

87.2
(81.0–92.7)

Males,
Total

13 185 15.7
(15.4–16.0)

7.64
(7.54–7.74)

1.67
(1.67–1.67)

3.0
(3.0–3.1)

7.0
(7.0–7.0)

17.3
(17.0–17.3)

37.3
(36.7–38.0)

57.3
(56.0–59.7)

Males,
6–11 

2 498 9.09
(8.95–9.22)

5.28
(5.22–5.34)

1.67
(1.67–1.67)

2.33
(2.33–2.33)

5.1
(5.0–5.33)

10.7
(10.3–11.0)

21.0
(20.0–22.0)

32.3
(29.3–34.4)

Males,
2–19 

2 415 10.1
(9.95–10.3)

5.51
(5.44–5.57)

1.67
(1.67–1.67)

2.33
(2.33–2.33)

5.0
(5.0–5.1)

11.0
(11.0–11.7)

24.0
(23.0–25.3)

37.4
(35.0–40.7)

Males, 
20–39 

4 493 14.3
(14.1–14.6)

7.32
(7.23–7.41)

1.67
(1.67–1.67)

3.33
(3.0–3.33)

6.67
(6.33–6.67)

15.7
(15.3–16.0)

32.0
(31.3–33.0)

51.0
(49.0–54.3)

Males, 
40–59 

2 500 25.0
(24.5–25.4)

12.3
(12.1–12.5)

2.33
(2.33–2.33)

5.0
(5.0–5.1)

12.7
(12.3–12.7)

30.2
(29.3–31.0)

60.0
(58.0–62.7)

87.3
(82.3–95.0)

Males, 
60–79 

1 279 26.1
(25.7–26.5)

13.4
(13.2–13.6)

2.67
(2.67–2.67)

5.67
(5.67–6.0)

14.0
(14.0–14.3)

32.0
(31.3–33.0)

59.7
(57.0–65.1)

92.1
(89.0–106)

Females, 
Total

16 729 13.6
(13.4–13.9)

7.11
(7.02–7.20)

1.67
(1.67–1.67)

3.0
(3.0–3.0)

6.67
(6.67–6.67)

15.3
(15.0–15.3)

32.3
(32.0–33.0)

49.0
(47.3–50.3)

Females, 
6–11 

2 564 9.56
(9.39–9.73)

5.43
(5.37–5.50)

1.67
(1.67–1.67)

2.33
(2.33–2.33)

5.0
(5.0–5.3)

11.0
(10.7–11.0)

21.6
(21.0–22.7)

32.7
(30.7–35.0)

Females, 
12–19 

3 493 8.97
(8.83–9.11)

5.31
(5.25–5.37)

1.67
(1.67–1.67)

2.33
(2.33–2.40)

5.0
(5.0–5.0)

10.3
(10.0–10.3)

20.0
(19.3–20.3)

29.9
(29.0–31.3)

Females, 
20–39 

6 547 12.4
(12.2–12.7)

6.90
(6.82–6.98)

1.67
(1.67–1.67)

3.2
(3.0–3.33)

6.33
(6.33–6.33)

14.0
(13.7–14.2)

29.0
(28.3–30.0)

42.00
(41.0–43.7)

Females, 
40–59 

2 867 21.5
(21.2–21.9)

10.9
(10.8–11.1)

2.0
(2.0–2.33)

4.6
(4.33–4.67)

11.0
(11.0–11.3)

27.0
(26.7–27.7)

51.3
(50.0–54.0)

74.5
(71.7–79.9)

Females, 
60–79 

1 258 23.0
(22.7–23.4)

12.2
(12.0–12.3)

2.67
(2.33–2.67)

5.33
(5.0–5.33)

12.5
(12.3–13.0)

28.0
(27.3–29.0)

57.0
(54.0–61.0)

79.7
(75.0–89.7)

a Analysis was based on 1 sample per individual per year, and the highest Hg concentration was used if individuals provided multiple samples within the  
same year 
Data source: Methylmercury Levels in Canadian First Nations and Inuit Peoples, Personal Information Bank Number HC PPU 021 (Health Canada 2010c).
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TABLE 14.8  Blood mercury concentrations in First Nations individuals aged 6–79 years living south of 60°N  
(1971–1998), by yeara

THg, μg L-1 (95% CI) THg, μg L-1 (95% CI)

Year n Arithmetic mean Geometric mean Year n Arithmetic mean Geometric mean

1971 201 50.6 
(43.9–57.3)

34.7 
(30.6–39.3)

1985 1 056 12.3 
(11.3–13.3)

7.02 
(6.59–7.47)

1972/1973 5 NR NR 1986 1 337 12.4 
(11.6–13.2)

7.53 
(7.14–7.94)

1974 47 0.15 
(0.06–0.24)

0.08 
(0.06–0.1)

1987 410 14.6
(12.9–16.3)

8.8 
(7.98–9.71)

1975 1 860 37.7 
(35.5–39.8)

19.5 
(18.4–20.6)

1988 2 556 8.33 
(7.95–8.70)

5.4 
(5.21–5.59)

1976 3 637 23.6 
(22.6–24.7)

13.0 
(12.6–13.5)

1989 1 676 6.50 
(5.92–7.08)

3.94 
(3.78–4.11)

1977 5 353 19.1 
(18.4–19.8)

11.0 
(10.7–11.4)

1990 188 7.80 
(6.46–9.14)

4.8 
(4.2–5.48)

1978 6 445 17.1 
(16.5–17.7)

8.85 
(8.61–9.09)

1991 216 7.00 
(6.12–7.88)

4.84 
(4.32–5.42)

1979 7 943 11.0 
(10.6–11.3)

5.58 
(5.44–5.72)

1992 177 11.0 
(8.90–13.1)

5.92 
(5.05–6.94)

1980 1 140 15.5 
(14.5–16.6)

9.89 
(9.36–10.5)

1993 115 11.3 
(9.25–13.3)

7.24 
(6.08–8.64)

1981 1 603 11.2 
(10.6–11.8)

7.56 
(7.24–7.89)

1994 35 11.0 
(7.73–14.21)

7.3 
(5.31–10.0)

1982 2 018 12.1 
(11.4–12.8)

7.55 
(7.24–7.86)

1995 236 5.41 
(4.55–6.27)

3.41 
(3.06–3.81)

1983 757 15.2 
(13.9–16.5)

9.23 
(8.61–9.90)

1996 408 5.18 
(4.46–5.89)

3.02 
(2.77–3.29)

1984 1 446 12.6 
(11.8–13.5)

7.44 
(7.06–7.83)

1997 18 3.24 
(1.83–4.65)

2.49 
(1.84–3.38)

1998 31 10.6 
(5.93–15.22

5.13 
(3.33–7.89)

a Analysis was based on 1 sample per individual per year, and the highest Hg concentration was used if individuals provided multiple samples within the same 
year (n = 40 914)

NR = data not reported as only five volunteers participated in 1972.

Data source: Methylmercury Levels in Canadian First Nations and Inuit Peoples, Personal Information Bank Number HC PPU 021 (Health Canada 2010c).
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FIGURE 14.1  Geometric mean (blue diamonds) and arithmetic mean (red squares) blood total mercury 
concentrations in First Nations individuals aged 6–79 years living south of 60°N (1971–1998), by year (n = 40,914). 
Data from 1971 represented 201 individuals living in 2 highly exposed Quebec First Nations communities. Years 
1972–1973 were excluded due to the small sample size (n = 5). Data from 1974 representing 47 individuals from  
2 non-exposed communities in Quebec and Manitoba were also excluded.
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TABLE 14.9  Blood mercury concentrations in First Nations and Inuit individuals aged 6–79 years living north of 
60°N (1976–1988)a

Blood concentration, THg, μg L-1 (95% CI)

Group 
and age

n Arithmetic 
mean

Geometric 
mean

10th 
percentile

25th 
percentile

50th 
percentile

75th 
percentile

90th 
percentile

95th 
percentile

Total,
6–79 

3 163 32.6 
(31.6–33.6)

22.9 
(22.2–23.6)

6.34 
(6.33–6.67)

12.7 
(12.5–13)

24.7 
(24.3–25)

44.4 
(44–45)

66 
(65–67)

85.6 
(82.7–90.7)

6–11 187 26.3 
(22.2–30.4)

16.9 
(14.7–19.4)

4.33 
(4–5)

8.5 
(8–9.67)

17.3 
(17–19.3)

32.8 
(32.3–35.7)

54.4 
(52.7–62)

72.7 
(64.3–112)

12–19 559 22.1 
(20.2–24.0)

15.1 
(14.1–16.3)

4.67 
(4.33–5.00)

7.69 
(7.4–8)

16 
(15.7–16.1)

26.4 
(26–27.3)

44.7 
(43.3–46)

66.1 
(56–79.3)

20–39 1 434 30.4 
(29.2–31.7)

22.0 
(21.1–23.0)

6.33 
(6.3–6.67)

12.5 
(12.3–13)

24.3 
(23.8–24.7)

41.3 
(41–42.7)

60.5 
(58.7–62.7)

75.3 
(72.3–80)

40–59 691 45.7 
(43.1–48.3)

34.2 
(32.2–36.4)

10.7 
(10.1–11.7)

20.2 
(19.7–20.7)

39 
(37.7–39.7)

60 
(59–61.7)

89.5 
(84–93.3)

114 
(110–127)

60–79 292 36.6 
(33.6–39.7)

28.2 
(25.9–30.8)

10.4 
(10–11.7)

16.6 
(16–17)

29.8 
(28.3–31)

50.1 
(48–53)

73.0 
(66.7–79.7)

89.6 
(82.7–100.7)

Females, 
6–79 

1 862 31.1 
(29.9–32.3)

22.3 
(21.4–23.2)

6.7 
(6.5–7.1)

13 
(12.7–13.3)

23.3 
(23–24)

41.6 
(41–42.3)

63 
(62–64.5)

78.7 
(75.7–82.7)

Females, 
6–11 

95 29.5 
(22.4–36.7)

17.3 
(14.0–21.4)

4.33 
(4–4.8)

9.34 
(8–10.3)

20 
(17–20.3)

32.9 
(32.3–39.3)

65.7 
(61–105)

107 
(98.3–209)

Females, 
12–19 

389 21.8 
(19.7–23.8)

15.4 
(14.1–16.7)

4.77 
(4.33–5)

8.33 
(8–8.67)

16.6 
(16–17.3)

26.3 
(25.7–27.7)

43.9 
(42–45.7)

56.4 
(53.3–72)

Females, 
20–39 

877 29.9 
(28.3–31.4)

22.3 
(21.1–23.5)

7.2 
(6.67–7.33)

13.3 
(13–14)

24 
(23.3–24.3)

40.7 
(40–41.3)

58.2 
(57–60.67)

71.1 
(68.7–78.7)

Females, 
40–59 

346 42.7 
(39.3–46.1)

32.5 
(29.9–35.3)

10.7 
(10–11.7)

19.4 
(18.7–20.3)

35.5 
(34.7–37)

57 
(56.67–59)

77.9 
(73.5–91)

108 
(96.7–122)

Females, 
60–79 

155 36.0 
(32.0–40.0)

28.4 
(25.5–31.8)

11.7 
(10.3–12.7)

16.8 
(16–17.7)

28.3 
(27.7–30)

50.0 
(48.3–53.7)

71.2 
(65.7–82.7)

84.7 
(82.7–105)

Males,
6–79 

1 301 34.9 
(33.2–36.6)

23.7 
(22.5–24.9)

6.1 
(5.8–6.33)

12.3 
(12–13)

27.3 
(26.7–27.7)

47.7 
(47.1–48.8)

72.7 
(70.3–75)

96.7 
(91.7–101)

Males,
6–11 

92 23.0 
(19.2–26.8)

16.4 
(13.7–19.6)

5.36 
(3.7–6.3)

7.92 
(7.33–10.3)

17.2 
(17–18)

32.8 
(31.67–35.67)

47.6 
(46.7–57.7)

58.0 
(55–102)

Males,
12–19 

170 22.9 
(19.1–26.7)

14.6 
(12.7–16.8)

4.67 
(4.33–5)

7 
(6.8–7.4)

14.3 
(14–15.3)

26.9 
(26–28)

47.7 
(45.7–67.3)

97.3 
(69.3–110)

Males,
20–39 

557 31.3 
(29.1–33.6)

21.6 
(20.1–23.3)

5.67 
(5.33–6.3)

11.1 
(10.8–11.7)

24.7 
(24.3–25.7)

43.8 
(42.7–44.7)

63.6 
(62.3–68.3)

81.1 
(75–90.7)

Males,
40–59 

345 48.8 
(44.8–52.7)

36.1 
(33.0–39.4)

11.1 
(10–12.4)

21.7 
(20.3–23.3)

41.7 
(41–43)

62.4 
(61–65)

93.3 
(90.7–105)

126 
(113–135)

Males,
60–79 

137 37.3 
(32.7–42.0)

28 
(24.4–32.1)

8.61 
(7.67–10.8)

16.3 
(15–17)

32.7 
(31–33.3)

50 
(47.3–54.4)

71.5 
(66.7–79.7)

90.9 
(79.7–127)

a Analysis was based on 1 sample per individual per year, and the highest Hg concentration was used if individuals provided multiple samples within the  
same year 

Data source: Methylmercury Levels in Canadian First Nations and Inuit Peoples, Personal Information Bank Number HC PPU 021 (Health Canada 2010c).
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APPENDIX 14.B CONVERSION 
FORMULAS

To convert from nmol L-1 to µmol L-1: 1 000 nmol L-1 
= 1 µmol L-1

Molecular weight (MW) Hg: 200.59 g mol-1

Conversion Factor (CF) = 0.00499 (µg L-1 to µmol L-1)

Example

Data can be converted from nmol L-1 to µg L-1 using 
the formula:

x μg L-1 = x nmol L-1 / 1 000 / conversion factor (CF), 
where CF is equivalent to 1 MW-1

TABLE 14.10  Blood mercury concentrations in First 
Nations and Inuit individuals aged 6–79 years living 
north of 60°N (1976–1988), by year

THg, μg L-1 (95% CI)

Year n
Arithmetic 

mean
Geometric  

mean

1976 295 29.7 
(27.4–32.0)

24.0 
(22.2–25.9)

1977 965 25.3 
(24.0–26.5)

18.5 
(17.65–19.5)

1978 839 50.4 
(48.0–52.9)

38.8 
(36.9–40.9)

1979 803 37.6 
(36.1–39.0)

31.8 
(30.5–33.2)

1980 224 29.8 
(26.9–32.6)

24.0 
(22.0–26.2)

1981 199 12.7
(10.6–14.8)

8.48 
(7.56–9.51)

1982 635 18.0 
(16.7–19.3)

12.4 
(11.6–13.2)

1983 47 21.0 
(16.7–25.3)

15.9 
(12.6–20.0)

1984 123 39.3 
(34.1–44.6)

30.1 
(26.2–34.5)

1985 46 21.7 
(17.4–25.9)

17.0 
(13.7–21.1)

1986 13 14.1 
(8.87–19.3)

11.7 
(8.34–16.4)

1987 69 38.8 
(32.8–44.8)

30.9 
(26.2–36.6)

1988 17 11.5 
(5.11–17.9)

7.82 
(5.22–11.7) 

Data source: Methylmercury Levels in Canadian First Nations and Inuit 
Peoples, Personal Information Bank Number HC PPU 021 (Health Canada 
2010c).
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APPENDIX 14.C SUMMARY OF MERCURY EXPOSURE DATA

Population  
and age

Location
Geometric mean Hg concentration  

(and range, where applicable)
Years of data 

collection
Media Source

General Canadian population

Men and women, 
6–79

Nationally 
representative 
data from 
across Canada

Mean: 0.69 µg L-1 2007–2009 Blood 1

Aboriginal populations of Arctic Canada

Pregnant Inuit 
women

Nunavik 12 µg L-1 1992 Blood 2, 3

Men and women, 
18+

Nunavik Men and women: 16.0 µg L-1a

Ungava Bay: 10.9 µg L-1a

Hudson Bay: 18.6 µg L-1a

Non-Inuit: 3.73 µg L-1a

1992 Blood 3

Pregnant Inuit 
women

Nunavik Maternal blood: 10.4 µg L-1 (2.6–44.2)
Maternal hair: 3.7 µg g-1 (0.3–14.0)
Cord blood: 18.5 µg L-1 (2.8–97.0)

1995–2000 Hair, blood; 
cord blood

4

Pregnant Inuit 
women

Nunavik 13 µg L-1 (4.2–29) 1996 Blood 5

11 µg L-1 (3.8–44) 1997

7.2 µg L-1 (3.2–27) 1998

8.5 µg L-1 (2.6–3) 1999

9.0 µg L-1 (1.8–38) 2000

9.9 µg L-1 (1.6–33) 2001

7.6 µg L-1 (1.2–30) 2004

Men and women, 
18–74

Nunavik men: 9.18 µg L-1a

women: 11.5 µg L-1a

2004 Blood 6

Pregnant Inuit 
women

Nunavik 4.0 µg L-1 2007 Blood 7

Inuit preschool 
children, 4–6 

Nunavik Childhood sample: 9.6 µg L-1 (0.2–38.2)
Cord blood: 22.2 µg L-1 (1.8–104)

2000–2002 Blood;
cord blood

8

Inuit children, 
9–13

Nunavik 4.6 µg L-1 (0.1–34.1) 2005–2007 Blood 9

Inuit infants, 
11–54 months

Nunavik 1.8 µg L-1a (0.04–32.9) 2006–2010 Blood 10

Pregnant women Inuvik, NWT Inuit: 2.1 µg L-1 (0.6–24);
Dene/Métis: 1.1 µg L-1 (0.1–6.0);
Non-Aboriginal: 0.6 µg L-1 (0.1–2.3)

1998–1999 Blood 11

TABLE 14.11 Summary of mercury exposure data for the general Canadian population, more highly exposed 
populations, and susceptible subgroups
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Population  
and age

Location
Geometric mean Hg concentration  

(and range, where applicable)
Years of data 

collection
Media Source

Inuit, Dene/ Métis, 
and non-Native 
pregnant women
  

Inuvik, NWT 1.2 µg L-1 (0.10 - 24.3) 1998–1999 Blood 12

Pregnant women Inuvik, NWT Inuit: 1.13 µg L-1 (0.1–14);
Dene/Métis: 0.72 µg L-1 (0.1–4.4);
Non-Aboriginal: 0.26 µg L-1 (0.1–0.9)
  

2005–2006 Blood 13

Pregnant women Baffin, Nunavut Total mercury: 6.72 µg L-1 (ND–33.9)
Methylmercury: 5.97 µg L-1 (0–29.29)
  

1997 Blood 14

Inuit, Dene/Métis, 
and Caucasian 
pregnant women

Northwest 
Territories; 
Nunavut

Inuit: maternal 3.51 µg L-1 (ND-33.9), cord 
blood 6.96 µg L-1 (0.40-75.82); Dene/Métis: 
maternal 1.35 µg L-1 (ND–6.02), cord blood 
1.62 µg L-1 (ND–8.83)
Caucasian: maternal 0.87 µg L-1 (ND–4.21), 
cord blood 1.22 µg L-1 (ND–12.84)
  

1994–1999 Blood,
cord blood

14

Adults and women 
of childbearing 
age (WCBA)

Igloolik and 
Repulse Bay, 
Nunavut

Igloolik: Adults: 6.2 µg g-1 (0.1–13); WCBA: 
2.1 µg g-1 (0.2–7)
Repulse Bay: Adults: 2.7 µg g-1 (1.0–6.3); 
WCBA: 2.1 µg g-1 (0.5–6.0)
  

2004 Hair 15

Pregnant Inuit 
women
  

Baffin, Nunavut 4.0 µg L-1 (0.52–28 µg/L) 2005–2007 Blood 16

Inuit children, 3–5 
years of age

Baffin, 
Kitikmeot, and 
Kivalliq regions 
of Nunavut

All children: 0.66 µg g-1  
(10th and 95th percentile: 0.09 and 
5.20 µg/g)
Baffin: 1.14 µg g-1

(10th and 95th percentile: 0.16 and 6.33)
Kivalliq: 0.52 µg g-1 
(10th and 95th percentile: 0.08 and 4.47)
Kitikmeot: 0.31 µg g-1

(10th and 95th percentile: 0.07 and 1.63)
  

2007–2008 Hair 17

First Nations

Passamaquoddy 
First Nations 
and non-
Passamaquoddy; 
male and female 
adults
  

Bay of Fundy; 
Grand Manan 
and St. 
Andrews/ St. 
Stephen

St. Andrews: 0.42 µg g-1

Grand Manan: 0.70 µg g-1

2002 Hair 18

Cree adults, > 18 
years of age

James Bay, 
Quebec

Blood: 3.09 µg L-1a

Hair: 0.473 µg g-1a

2005–2009 Blood; hair 19

First Nations men 
and women, 19+ 
years of age, on 
reserve
  

British 
Columbia

Blood: 1.46 µg L-1

Hair: 0.36 µg g-1

2008–2009 Blood; hair 20

TABLE 14.11 Continued
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Population  
and age

Location
Geometric mean Hg concentration  

(and range, where applicable)
Years of data 

collection
Media Source

Asian Canadians

Vietnamese, 
Bangladeshi, and 
non-Asian sport 
fishers 

St. Lawrence 
River, Montreal 
region

Median Vietnamese: 1.23 µg g-1

(90th percentile: 4.62)
Median Bangladeshi: 1.07 µg g-1

(90th percentile: 2.29)
Median Non-Asian sport fishers: 0.73 µg g-1 
(90th percentile: 1.88)
  

1995 Hair 21

Asian and Euro-
Canadian fish 
consumers

Ontario Euro-Canadian consumers: 2.0 µg L-1

(0.4-7.2 )
Asian consumers: 7.9 µg L-1

(1.0-26.0)
  

1996–1999 Blood 22

Caucasian, 
Chinese, and other 
children, 1.5–5 
years of age

Vancouver Median total: 0.92 µg L-1a (0–13.6)
Median Caucasian: 0.18 µg L-1a (0–3.63)
Median Chinese: 2.15 µg L-1a (0.10–13.6)
Median Other: 0.701 µg L-1a (0–2.63)
  

2003–2004 Blood Innis et 
al., 2006

Anglers and sport-fish eaters

Anglers and sport 
fish consumers

Ontario Angler sport-fish non-eaters: 1.5 µg L-1 
(<1.1-5.4)
Angler sport-fish eaters: 2.2 µg L-1

(<1.1-16.3)
  

1992–1993 Blood 22

Adult men and 
women fluvial 
lake fish eaters

Quebec: Lac 
Saint-Pierre 
(LSP) and 
Abitibi region

75th percentile blood:
Abitibi region: 8.30 µg L-1 (0.40–26.9); LSP: 
3.30 µg L-1 (0.20–17.0)
75th percentile hair:
Abitibi: 1.71 µg g-1 (0.026–8.16); LSP: 
1.04 µg g-1 (0.035–5.23)
  

2003 Blood; hair 23

Male Caucasian 
sport fishers 

James Bay, 
Quebec: 
employees of 
Hydro-Québec
  

Blood: 4.39 µg L-1a before season and 
7.13 µg/La after
Hair: 1.4 µg g-1 before and 2.8 µg g-1after

NA Blood; hair 24

Sport fishers, men 
and women 

James Bay, 
Quebec: 
employees of 
Hydro-Québec
  

Blood: 8.0 µg L-1 (0.80-21 µg/g)
Hair: 1.2 µg g-1 (April; 0.20-3.9); 1.1 µg g-1 
(May; 0.20-3.8); 1.3 µg g-1 (June; 0.20-
4.7); 1.5 µg g-1 (July; 0.22-4.6)

Summer (year 
NA)

Blood; hair 25

TABLE 14.11 Continued
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TABLE 14.11 Continued

Population  
and age

Location
Geometric mean Hg concentration  

(and range, where applicable)
Years of data 

collection
Media Source

Pregnant women, women of childbearing age, and infants

Newborns Quebec Overall: 0.966 µg L-1a (0.20–14.3)
Urban: 1.14 µg L-1a

Suburban: 0.72 µg L-1La

Rural: 0.62 µg L-1a

1993–1995 Cord blood 26

Women of 
childbearing age, 
20–45 

St. Lawrence 
River, Montreal 
region

Low fish consumption: 1.36 µg L-1

High fish consumption range: 5.80–
7.60 µg L-1 (n = 3)

1995–1996 Blood 27

Pregnant women St. Lawrence 
River, 
Southwestern 
Quebec

Blood first trimester: 0.85 µg L-1

Blood second trimester: 0.56 µg L- 1  

Blood at delivery: 0.48 µg L-1

Cord blood: 0.52 µg L-1

Not available Blood;
cord blood

28

First-birth 
pregnant women, 
Canadian and 
foreign-born 
Canadians

Halifax, 
Hamilton, 
Ottawa, 
Calgary, and 
Vancouver

Overall: 0.46 µg L-1

Canadian-born: 0.40 µg L-1

Foreign-born: 0.88 µg L-1

2005–2007 Blood 29

Canadian and 
Japanese-
Canadian 
pregnant women; 
Reference group 
of non-pregnant 
women

Ontario Japanese: 1.7 µg g-1

Canadian: 0.4 µg g-1

Reference: 0.2 µg g-1

2006–2009 Hair 30

a Measures in this study are converted from nmol/L or nmol/g in accordance with guidelines set in Appendix B. NA = not applicable; ND = not detected
1-Health Canada, 2010a; 2-Santé Québec, 1994 as cited in Donaldson et al., 2010; 3- Dewailly et al., 2001; 4- Muckle et al., 2001; 5- Dewailly et al., special 
time trends analysis, as reported in Donaldson et al., 2010; 6- Fontaine et al., 2008; 7- Pereg, pers. comm., as cited in Donaldson et al., 2010; 8- Plusquellec 
et al., 2010; 9- Boucher et al., 2012; 10- Turgeon et al., 2012; 11- Tofflemire 2000, as reported in Donaldson et al., 2010; 12- Tofflemire, 2000; 13- Armstrong 
et al., 2007; 14-Butler et al., 2006; 15- Solomon, 2005; 16- Potyrala, pers. comm., as cited in Donaldson et al., 2010; 17-Tian et al., 2011; 18-Legrand et al., 
2005; 19- Valera et al., 2011a; 20-Chan et al., 2011; 21-Kosatsky et al., 1999; 22- Cole et al., 2004; 23-Abdelouahab et al., 2008; 24-Bélanger et al., 2008; 
25-Noisel et al., 2011; 26- Rhainds et al., 1999; 27-Nadon et al., 2002; 28-Morrissette et al., 2004; 29-Foster et al., in press; 30-Schoeman et al., 2010.
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Canada has been successful at conducting research 
and monitoring on the environmental and health 
processes of mercury over the past decades; however, 
many unknowns remain. This scientific assessment 
on Hg in Canada has led to the recognition of 
several detailed priority gaps of knowledge and has 
provided scientific recommendations for focus areas 
and future research. A summary of these gaps and 
recommendations for future research have been 
made. The following section summarizes these issues 
by research topic:

15.2 ANTHROPOGENIC RELEASES 
INTO AIR AND WATER

Gaps:

The knowledge gaps in the 1990–2010 emissions 
inventories are as follows:

• Detailed information on the reported emissions 
to the National Pollutant Release Inventory (NPRI) 
to properly consolidate source estimates and to 
project emissions,

• Information on whether individual emissions 
comply with current regulations,

• Information about Hg levels in primary sources 
(e.g., oil sands, coal),

• Detailed information on Canadian usage of 
Hg-containing products (most of the products 
inventory is based on US estimates of product 
usage),

• Mercury emissions from forest fires, including 
prescribed burning and agricultural burning,

• Emission factors for Canada (few have been 
developed for Canada; most were developed by 
the United States or other countries),

• While emissions from incinerators are well 
understood, emissions from accidental fires at 
landfills and other waste-burning incidents or 
facilities have not been characterized,

15.1 INTRODUCTION
The Canadian Mercury Science Assessment is the first 
comprehensive scientific evaluation and synthesis 
of mercury (Hg) in the Canadian environment. The 
Clean Air Regulatory Agenda (CARA) Mercury Science 
Program was developed in 2007 to establish the 
scientific knowledge base to support regulatory 
decision-making for Hg; this assessment was a key 
outcome of that program.

This assessment report has shown the breadth and 
depth of scientific research that has been undertaken 
in Canada on Hg. Each chapter shows the complex 
processes that Hg goes through in the ecosystem and 
the impacts that Hg can have on the environment. 
Overall findings from this assessment have shown 
that Hg remains a risk to Canadian ecosystems and 
human health. It has been concluded that human 
activities are contributing to the observed Hg 
levels in Canada. While Canada is not the highest 
anthropogenic emitter of Hg to the environment on 
a global scale, our model estimates that 95% of the 
anthropogenic mercury deposited in Canada comes 
from sources outside of the country. It was also 
concluded that atmospheric Hg emissions are linked 
to methylmercury (MgHg) exposure through a series of 
biogeochemical processes in the environment. Further, 
atmospheric emissions of greenhouse gases and acid 
precursors can be linked, under some circumstances, 
to enhancement of MeHg in aquatic ecosystems 
and subsequent accumulation of Hg in biota. Human 
activities such as logging, reservoir impoundment, 
mining activities, and activities causing eutrophication 
can also affect the transport of Hg, increase the 
methylation of Hg, and enhance Hg bioaccumulation 
in biota. Overall, it was recommended that monitoring 
of Hg should continue in Canada and monitoring of 
air levels and atmospheric deposition needs to be 
increased. Further, long-term monitoring of predatory 
fish and birds, as well as some terrestrial and marine 
mammals, needs to be increased. Finally, it was 
recommended that future research efforts for Hg in 
Canada should build on currently successful programs 
and should emphasize the development of nationally 
led integrated programs that address priority gaps  
of knowledge.
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15.3 MERCURY EMISSIONS FROM 
CANADIAN SOILS

Gaps:

• Hg emissions data from natural soils across 
Canada over time to quantify air-surface Hg 
exchange and to set realistic constraints on air-
surface Hg exchange rates in various landscape 
settings with different underlying geology, surface 
cover, and soil chemistry,

• Understanding of abiotic or biotic processes 
driving oxidation and emission of Hg0 from 
surfaces, and

• Emissions data from Arctic terrestrial systems 
to understand Hg biogeochemical cycling in cold 
environments.

Recommendations for future research efforts:

• To scale up site-specific Hg emissions data for soil 
to a national budget for Hg emissions, predictive 
models need to be developed incorporating Hg flux 
data and correlating these data with climatic and 
soil characteristics.

15.4 MERCURY IN STREAM AND 
LAKE SEDIMENTS

Gaps:

The gaps in knowledge to understand source-receptor 
processes of Hg from uplands to streams and lakes 
are as follows:

• Transport of particulate and dissolved Hg 
from uplands to surface waters to establish 
relationships between MeHg and THg quantities 
and flow rates, and

• Effects of Hg emissions-control initiatives,  
land-use changes, vegetation cover, and climate 
conditions on Hg and related Hg transformations 
from uplands to streams.

• Canadian emissions before 1970 for all 
environmental compartments (especially air  
and water),

• Accurate information about chemical species 
composition of emitted Hg, and 

• Seasonal variability of Hg emissions to the air, 
especially for periods of high exposure.

Recommendations for future research efforts:

• A comprehensive evaluation of the emissions 
reported to the NPRI is required. Currently, facilities 
are required to estimate their releases based on 
information that they have available but, if no 
information is available, the source and emissions 
may not be reported.

• Canadian sources beyond those reporting to the 
NPRI need to be characterized.

• Canadian legacy emissions need to be fully 
characterized and added to the emissions 
inventory.

• Uncertainties in Hg emission inventories need to 
be reduced (similar to uncertainties in inventories 
for other air pollutants).

• An additional Hg emissions scenario should 
be developed on the basis of a climate change 
scenario involving increased carbon dioxide 
concentrations (not exceeding 450 mg kg-1).

• Information on Hg releases to water and land  
(e.g., deposition of fly ash from power stations  
and incinerators on landfills) should be collected 
and made available.
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15.6 MERCURY IN AIR

Gaps:

• Comprehensive spatial and long-term 
measurements of atmospheric Hg data (especially 
speciated Hg because existing information and 
trends are very limited) across Canada,

• Understanding of atmospheric Hg species (reactive 
gaseous mercury and total particulate mercury) 
and their reactions on a molecular scale, to 
quantify dry deposition of Hg across Canada and 
to predict future impacts of changes to emissions 
and climate,

• Processes enhanced or driven by changes  
in climate,

• Direct-source attribution studies of areas affected 
by Hg emitters and by resource development  
in Canada,

• Understanding of emission/re-emission of Hg to 
the air from surfaces and the fate of emitted Hg on 
a national scale, and

• Detailed speciation of Hg emissions, kinetic 
information about Hg reactions, and measured  
dry deposition processes.

Recommendations for future research efforts:

• Overall, coordinated Canadian atmospheric 
monitoring and research are needed to determine 
national levels and the influx of Hg from external 
source regions.

• New methods are warranted to increase spatial 
coverage, directly measure dry deposition, and 
assess source regions of Hg and to elucidate  
Hg species in the air.

• Wet deposition in the Arctic needs to be monitored 
because deposition rates are predicted to 
significantly increase in this region.

• Speciated atmospheric Hg observations are 
needed in order to provide a clear picture of local 
and regional cycling of Hg and improve deposition 
calculations in the model.

Recommendations for future research efforts:

• Case studies of watersheds with high Hg levels 
(including past, current, and planned mining 
activities) and tools to support decision-making 
for Hg containment, remediation, and geochemical 
exploration are needed.

• Such efforts should be linked with existing 
databases of fish Hg levels to quantify and map 
the transfer of Hg from uplands to streams/lakes 
and to fish.

15.5 MERCURY IN FOREST SOILS 
AND VEGETATION

Gaps:

• Total mercury in vegetation, soil, and organic 
matter to help estimate site and watershed THg 
sequestration, retention, and release in terms of 
pools, mass balance, and transfer rates, and

• Mercury sources within vegetation and soil 
by origin (i.e., atmospheric, geogenic, or 
anthropogenic).

Recommendations:

• A generic model that can forecast Hg pool and 
transfer changes in soil, vegetation (biomass),  
and watersheds from atmospheric Hg deposition  
is needed.

• Atmospheric Hg deposition needs to be 
biomonitored using trees with long-lasting foliage 
(spruce, fir) and epiphytic lichens (Usnea species); 
accumulations from canopy throughfall need to 
be biomonitored using slow-growing, ubiquitous 
mosses such as Pleurozium species.
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• Further research is needed into the gaps in 
information from certain regions including (but not 
limited to) wetlands in the Hudson Bay and James 
Bay lowlands, in mountains including glaciers, and 
in permafrost regions.

• Isotopic signatures of Hg need to be developed to 
understand its movement though the ecosystem 
and to attribute Hg to its atmospheric, legacy, and 
industrial sources.

15.8 MERCURY IN FRESHWATER 
AQUATIC ECOSYSTEMS

Gaps:

• Measurement of MeHg production and fate in fall, 
winter, and spring seasons,

• Understanding Hg0 oxidation rates and 
mechanisms, and

• Understanding interactions among factors known 
to affect MeHg production (pH, temperature, 
organic matter, etc.); this gap severely limits our 
ability to predict the fate of MeHg in freshwater 
ecosystems under different scenarios (e.g., 
anthropogenic disturbances, climate change).

Recommendations for future research efforts:

• Directed studies of photochemical and biological 
mechanisms of MeHg production/degradation and 
Hg0 oxidation are required.

• The effects of climate change on Hg cycling 
and MeHg production and bioaccumulation in 
freshwater ecosystems need to be understood  
to predict changes in MeHg exposure in humans 
and wildlife.

• Year-round studies of Hg and MeHg processes 
(preferably MeHg mass balance studies) should 
be undertaken in different types of freshwater 
ecosystems.

• Further research into Arctic atmospheric processes 
resulting from rapid climate change is warranted, 
and especially impacts of resource development 
on the Hg cycle in this fragile region.

• Legacy emitter regions (such as Flin Flon, 
Manitoba) need to be further studied. Cumulative 
impacts of current and past industries need to be 
assessed to develop emission-control regulations.

• Flux measurements and processes need to be 
understood to predict Hg from emissions and  
re-emissions in Canada.

• Information on Hg chemical speciation, emissions, 
and reactions need to be incorporated into models 
to improve prediction of the sources, deposition, 
and fate of Hg in Canadian ecosystems.

15.7 MERCURY IN TERRESTRIAL 
UPLAND AND WETLAND 
ENVIRONMENTS

Gaps:

Fate and transport information on terrestrial Hg from 
the following areas in Canada are lacking:

• Wetlands within the Hudson Bay and James Bay 
lowlands,

• Mountainous landscapes including continental 
glaciers,

• Regions with continuous and discontinuous 
permafrost,

• Extensive national soil Hg surveys and catchment 
survey of THg/MeHg export.

Recommendations for future research efforts:

• Soil and catchment monitoring need to be initiated 
across Canada.
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15.10 INFLUENCES OF 
ANTHROPOGENIC ACTIVITIES  
ON MERCURY

Gaps:

• The influences of changes in climate (temperature, 
precipitation) on Hg in the environment, and

• The combined effects of eutrophication and 
changes in composition of aquatic species on Hg 
bioaccumulation in top predator fish species.

Recommendations for future research efforts:

• Planning for human activities that change 
landscapes needs to consider impacts of Hg on 
aquatic ecosystems. For example, forested riparian 
buffer zones should be established and maintained 
in as wide an area as possible around water 
bodies; selective logging should be preferred to 
clear cutting; and reservoirs should be deep rather 
than broad, with a low ratio of flooded area to 
water surface.

• Measures to control acid precursor emissions to 
the atmosphere need to be developed.

• Measures to control the eutrophication of aquatic 
systems should be reinforced, in order to keep Hg 
methylation rates as low as possible.

15.9 MERCURY IN MARINE 
ENVIRONMENTS

Gaps:

• Information on the processes of MeHg production 
and measurements of MeHg concentrations in 
seawater and sediments in Canada’s marine 
environments, and

• Information on Hg for several large marine 
regions, including the east coast of Nova Scotia 
and Newfoundland and Labrador, as well as the 
northern coast of British Columbia.

Recommendations for future research efforts:

• Further research and monitoring are needed to 
characterize the movement and fate of Hg in 
marine environments, specifically the impacts 
of human activities on MeHg bioaccumulation in 
marine fish and wildlife.

• In order to improve our understanding of and 
capacity to mitigate risks to humans and biota 
from Hg in marine environments, future research 
should focus on:

- The complex processes of MeHg production  
in the water column and in sediments,

- The dominant habitats that supply MeHg to 
food webs and factors that control how MeHg 
enters food webs, and

- The impacts of environmental change (such 
as loss of sea ice in the Arctic) and human 
activity (such as eutrophication and coastal 
development) on the fate of Hg in marine 
ecosystems.
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15.12 GEOGRAPHIC AND 
TEMPORAL VARIATION OF 
MERCURY IN TERRESTRIAL  
AND AQUATIC BIOTA

Gaps:

• Integration of datasets from all compartments for 
spatial analysis and modelling for Canada,

• Long-term, high-frequency data on Hg levels in 
biota in Canada in general,

• Methods to analyze national Hg data for biota in  
a consistent and comparable manner,

• Data on Hg levels in lower trophic level organisms 
and insectivores and on the dynamics of Hg 
movement from air to lichens to caribou,

• Understanding of the factors promoting the entry 
of MeHg into aquatic food webs,

• Ecologically focused Hg monitoring in marine 
fish, marine mammals (outside the Arctic), marine 
invertebrates (outside of the Gulf of St. Lawrence), 
birds in the prairie region, and fish-eating birds 
(e.g., eagles, osprey, and loons),

• Impacts of climate change and human activity 
on future Hg dynamics and spatial Hg patterns in 
Canadian fish and wildlife, and

• Temporal trends in Hg in vegetation and  
terrestrial mammals (with the exception of  
moose and caribou).

Recommendations for future research efforts:

• A nation-wide coordinated program designating 
key biota for long-term monitoring (similar to 
a directed program such as CANCP) must be 
undertaken so that species at risk can be identified 
and the effectiveness of regulatory actions can  
be assessed.

• To monitor Hg in fish and wildlife using consistent 
methods, coordination among federal, provincial, 
territorial, and Aboriginal government agencies, 
universities, and non-governmental organizations 
throughout Canada is required.

15.11 MODELLING THE 
RESPONSE OF MERCURY LEVELS 
IN FISH TO EMISSION CHANGES

Gaps:

• Data and understanding of mercury in terrestrial 
systems to model Hg processes for predicting  
the response of fish Hg concentrations to changes 
in emissions,

• Consideration of changes other than those due  
to Hg emission controls (e.g., climate change,  
land use changes) in ecosystem modelling, and

• The ability to scale up from predictions for 
individual watersheds to regional- and national-
scale predictions.

Recommendations for future research efforts:

• Monitoring programs for a range of ecosystem 
types and regions are needed to understand the 
different responses of Hg cycling to emission 
reductions across Canada.

• Long-term monitoring programs are needed to 
measure Hg data as well as a variety of physical 
and biochemical variables with an emphasis on 
catchments in terrestrial ecosystems.

• Further development of the model is needed to 
adequately represent the role of terrestrial systems 
in transporting mercury to the aquatic bodies.

• Further development of the model is needed 
to achieve a fully interactive multimedia 
biogeochemical model for examining the impacts 
of environmental changes such as climate change 
on mercury cycling.

• The model should be applied to a comprehensive 
range of ecosystem types including Arctic and 
marine ecosystems to build a national picture  
of the benefits of emissions controls for  
decision-making.

• The model should be applied to quantify the 
impacts of environmental changes (such as 
changes in climate, land use and other air  
pollutant emissions) on mercury levels in  
Canadian ecosystems.
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15.14 HUMAN HEALTH AND 
MERCURY

Gaps:

• Studies to assess Hg exposure in infants and 
children less than 6 years of age, particularly for 
First Nations infants and children where no data 
currently exists,

• Research on the relationship between MeHg 
exposure and cardiovascular disease, and 
the potential of MeHg to cause renal disease, 
immunologic and carcinogenic effects, and

• Understanding the balance between the benefits  
of nutrients such as omega-3 fatty acids and risks 
of MeHg exposure from fish.

Recommendations for future research efforts:

• Continued biomonitoring of Canadians for MeHg 
exposure is recommended, including follow-up 
studies to monitor trends, which are especially 
important in the Canadian Arctic and near major 
waterways in southern Canada.

• Strengthen Hg surveillance on reserves to 
identify sub-groups of First Nation populations 
with high level of Hg exposure, whose existence 
as evidenced from the high level of variability 
observed in Hg biomonitoring.

• The role of selenium and other nutrients as 
potential modifiers of health effects from MeHg 
needs further research, as studies in humans  
have not definitively confirmed the ability of  
these nutrients to attenuate health effects  
caused by MeHg.

• The nutritional benefits of fish consumption at 
different life stages, such as during pregnancy  
and childhood development need to be studied  
for susceptible populations in Canada.

• The risks of Hg exposure and the nutritional 
and socioeconomic benefits of fish and 
traditional wildlife food consumption should be 
communicated to communities and susceptible 
groups through regionally or culturally specific 
public messages.

• To balance financial constraints and the need 
for relevant information, the key biota should 
(1) be resident across Canada, (2) accumulate 
measurable concentrations of Hg, (3) be easily 
sampled, and (4) have a reasonably stable or  
small home range.

• Based on these criteria, the recommended key 
biota to monitor are caribou, mink, otters, common 
loons, little brown bats, insectivores, lake trout, 
walleye, northern pike, yellow perch, Arctic char, 
marine fish, seabirds, seals, beluga whales,  
polar bears, and mussels.

15.13 HEALTH EFFECTS AND 
RISKS OF MERCURY FOR FISH 
AND WILDLIFE

Gaps:

• Research to investigate and document the 
biological effects of Hg in biota in Hg-sensitive 
environments in Canada, and 

• Screening benchmarks used for fish in this study 
are conservative and constitute an important 
limitation of this assessment.

Recommendations for future research efforts:

• Biological effects studies should be a major  
focus of future Hg research and monitoring  
efforts across Canada, especially in areas of 
vulnerable biota.

• Future assessments should rely less on a few, 
largely outdated toxicity studies for fish.

• Assessment end points such as reproduction and 
behavioural outcomes in wild fish species should 
be used in future studies.

• Exposure of insectivores to Hg through insect  
prey (and the effects of this exposure) needs to  
be investigated.




